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Abstract 19 

Understanding the change in chemical composition of crop residues during their 20 

decomposition is crucial to elucidate the mechanisms underlying the effects of residue 21 

retention on soil carbon (C) sequestration and nutrient cycling. Here a field experiment was 22 

carried out to investigate the decomposition process of maize, soybean, and wheat residues in 23 

a cultivated Mollisol in northeast China over a year. Using a litterbag method, we monitored 24 

the dynamics of residue mass loss, concentration of C and nitrogen (N), and C/N ratio, and 25 

evaluated the decomposition rates of residues and C functional groups. Chemical 26 

compositions of the crop residues were determined by solid-state 13C-nuclear magnetic 27 

resonance spectroscopy, and the cellulose crystallinity, lignin concentration, and syringyl to 28 

guaiacyl (S/G) ratio of lignin were estimated. After one year of incubation in field conditions, 29 

mass loss was 57% for soybean residues, significantly greater than 52% for maize and 45% 30 

for wheat. The decomposition rate of residues significantly decreased from 0.223‒0.379 31 

month−1 during the first month to 0.054‒0.076 month−1 over the whole period. The proportion 32 

of decomposed C ranged at 57‒63% among different residues, and had a positive relationship 33 

with the mass loss of O-alkyl C, di-O-alkyl C, and carbonyl C. The decomposition rates of 34 

these three C functional groups were greater in soybean than those in maize and wheat 35 

residues, which was also the case for lignin S/G ratio, possibly accounting for the higher 36 

decomposition extent of soybean residues. As decomposition progressed, the C chemistry of 37 

maize, soybean, and wheat residues exhibited an increasing divergence, which was mainly 38 

related to relative decreases in O-alkyl C and di-O-alkyl C contents, and relative increases in 39 



3 
 

phenolic C and aromatic C contents in the residues. Net N release was observed for all 40 

residues after one-year decomposition, and was significantly related to the mass loss of alkyl 41 

C, O-alkyl C, and aromatic C. Overall, our study provides insight into chemical changes of 42 

crop residues over the degradation processes in the field, and highlights the significant effects 43 

of organic C chemistry on residue decomposition. 44 

 45 

Key words: Crop residues; Litterbag; C decomposition; N release; Solid-state 13C-NMR 46 

 47 

1. Introduction 48 

The global soil organic carbon (SOC) storage is estimated at 1502 Pg in the upper meter 49 

of soil, more than 10% of which is stored in croplands (Jobbágy and Jackson, 2000). 50 

Enhancing SOC sequestration in agricultural systems has been regarded as a cost-effective 51 

and environmentally friendly strategy for ensuring food security and offsetting anthropogenic 52 

carbon dioxide emission (Lal, 2004). Among the numerous recommended management 53 

practices for sequestering C in cropping systems, residue retention has attracted great 54 

attention (Freibauer et al., 2004). It is estimated that every year 3.8 billion tons of crop 55 

residues are produced globally (Thangarajan et al., 2013), and a total potential of 0.6‒1.2 Pg 56 

C can be sequestered by returning crop residues to soils (Lal, 2009). 57 

Based on a meta-analysis of a global dataset from 176 studies, Liu et al. (2014) indicated 58 

that crop residue incorporation significantly increased SOC concentration by 12.8% on 59 

average, in soils with initial SOC concentration of 2‒35 g kg−1. Likewise, Zhao et al. (2015) 60 
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conducted a meta-analysis and found that SOC concentration could be increased by 0.81 g 61 

kg−1 at 0‒30 cm depth with crop retention in China. However, as shown in the above two 62 

studies, there were large differences in the magnitude and even the direction of the responses 63 

of SOC contents to residue retention. For example, Poeplau et al. (2015) reported that the 64 

effects on improving SOC content were negligible with aboveground residue amendment of 65 

barley, wheat, and oat in six Swedish long-term experiments. Reicosky et al. (2002) also 66 

found no increase in SOC stocks after long-term returning of maize residues. Decreases in 67 

SOC content after residue application have also been observed in previous studies in China 68 

(e.g. Wang et al., 2011). 69 

The responses of SOC dynamics to crop residue input can be regulated by many factors, 70 

such as moisture, temperature, and soil properties, of which the type of crop residues is an 71 

important determinant (Bradford et al., 2016). Many studies have proposed that different 72 

organic materials with various chemical compositions may show different behaviors during 73 

decomposition in the same soils (Jensen et al., 2005; Powers et al., 2009; Bonanomi et al., 74 

2011). It is likely that crop residues with large amounts of easily degradable C can increase 75 

microbial activity, leading to enhanced SOC decomposition and thus counteracting the 76 

positive effects of crop residues on SOC content (Guenet et al., 2010). Therefore, it is critical 77 

to gain insight into the chemical compositions of different types of crop residues to clarify 78 

their distinct impacts on soil C cycling. 79 

Cellulose, hemicellulose, and lignin are three major biopolymers in crop residues 80 

(Valášková et al., 2007). These chemical compositions are traditionally analyzed by 81 
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extraction methods, which are useful but time-consuming (Kelleher et al., 2006). Over the 82 

past decades, non-destructive solid-state 13C crosspolarization magic angle spinning (CPMAS) 83 

nuclear magnetic resonance (NMR) spectroscopy has been frequently used to characterize the 84 

molecular compositions of organic matter (Baumann et al., 2009; Bonanomi et al., 2013). 85 

O-alkyl C and di-O-alkyl C (60‒110 ppm), assigned to the monomeric units of cellulose and 86 

hemicellulose (De Marco et al., 2012), are preferentially consumed by r-strategists as C and 87 

energy resources (Clemente et al., 2013). Moreover, the resonances at 84 and 89 ppm were 88 

indicated to relate with the C-4 in the amorphous and crystalline cellulose, respectively 89 

(Martinez et al., 1999; Wikberg and Maunu, 2004). Davis et al. (1994a, b) reported that white 90 

rot fungi showed preference for the breakdown of amorphous cellulose, attributing to the 91 

easier penetration into amorphous over crystalline structure. In the cell walls of higher plants, 92 

lignin is chemically linked to cellulose and hemicellulose, encrusting carbohydrates from 93 

microbial degradation and providing resistance to environmental stress (Thevenot et al., 2010). 94 

In this case, lignin removal or modification is a prerequisite for the decomposition of 95 

lignin-shielded polysaccharides (Klotzbücher et al., 2013). As a complex macromolecular, 96 

lignin consists of vanillyl, syringyl, and cinnamyl monomers, each showing different 97 

methoxylation of the aromatic ring and each having distinct availability to microbes (White et 98 

al., 2016). Hence, investigating C substrate interactions and controlling components should 99 

illuminate the decomposition process of different crop residues. 100 

Apart from the benefits of enhancing soil C level, applied residues can also be an 101 

important source of nutrient supply to crop growth. Nitrogen (N) in crop residues was 102 
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estimated at 46.3 Tg, equivalent to 56.3% of fertilizer N consumption across the world in 103 

2001 (Lal, 2009). Thus, recycling N resources in crop residues to agricultural soils could 104 

partially substitute for energy-intensive and resource-reliant inorganic fertilizers (Abera et al., 105 

2012). Factors driving organic material decomposition are also suggested to have impacts on 106 

N release (Varela et al., 2014). The C/N ratio of residues is commonly acknowledged as a 107 

main factor affecting microbial mineralization of N in crop residues (Vigil and Kissel, 1991; 108 

Tian et al., 1992). Trinsoutrot et al. (2000a) indicated that net N mineralization could occur 109 

when the C/N ratio of the decomposing residues was less than 24. Nonetheless, Parton et al. 110 

(2007) observed net N release when litter mass loss arrived at 60% and the average C/N ratio 111 

was lower than 40 in a 10-year field decomposition experiment. These inconsistent findings 112 

about C/N threshold for net N mineralization could be attributed to the differences in 113 

experimental conditions and duration, and also to the residue C and N characteristics (Abiven 114 

et al., 2005; Jensen et al., 2005; Gillis and Price, 2016). Trinsoutrot et al. (2000b) reported 115 

that the quantity of N released from roots, stems, and pod walls of Brassica napus L. were 116 

closely related to the initial N content. However, other researchers suggested that N 117 

mineralization was primarily dependent on the quality of organic C compounds (Piñeiro et al., 118 

2006; Corre et al., 2007). There were close interactions between C and N compounds, for 119 

example, recalcitrant lignin can shield N from mineralization due to chemical binding or 120 

physical isolation (Boerjan et al., 2003; Talbot et al., 2012), and polyphenol-bound protein 121 

thus may result in N immobilization (Gentile et al., 2008). Consistently, Eldridge et al. (2017) 122 

found that the mineralized N from organic wastes was negatively related to the content of 123 
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aromatic and phenolic C. Therefore, C chemical compositions of the crop residues should be 124 

incorporated into N-management strategies on farmlands under residue retention. 125 

The cultivated Mollisol in northeast China, with an area of 14.7 million hectare (Liu et al., 126 

2012), is generally considered as inherently fertile, and plays a significant role in national 127 

grain production. However, an overall loss of 22.3% in SOC concentration has occurred in 128 

this region over the past three decades, mainly attributed to high erosion and low input of 129 

organic materials (Yan et al., 2011). In this case, returning crop residues to soil is 130 

recommended to mitigate SOC loss and recover soil fertility (Liu et al., 2014). In the study 131 

region, maize, soybean, and wheat are three staple crops (Qiao et al., 2014). Different types of 132 

residues may have different decomposition patterns and rates due to their various chemical 133 

compositions, which need to be understood to provide scientific supports for crop residue 134 

management in this region. In the present study, we evaluated the decomposition of these crop 135 

residues in a year-long litterbag experiment, and determined the chemical composition of 136 

organic C in the crop residues with the solid-state 13C-NMR technique. The main objectives 137 

of this study were to: (1) quantify the decay rate of maize, soybean, and wheat residues, (2) 138 

identify the critical C functional groups responsible for the decomposition differences both 139 

among residue types and at different decay stages, and (3) analyze N dynamics and its 140 

interactions with C decomposition during residue decay process. 141 

 142 

2. Materials and methods 143 

2.1. Study site 144 
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The study was carried out in a rainfed cropland in Hailun National Agro-ecological 145 

Experimental Station, Heilongjiang Province, China (47°26'N, 126°38'E). The region has a 146 

temperate continental monsoon climate. The mean annual air temperature is 1.9 °C and the 147 

mean annual precipitation is 560 mm from 1953 to 2013, based on the data of the National 148 

Meteorological Information Center (http://cdc.nmic.cn/home.do). Air and soil (10 cm depth) 149 

temperature and precipitation during the study period (from 21 May 2013 to 21 May 2014) 150 

were obtained from a meteorological station nearby. The soil is a Typic Hapludolls (US soil 151 

taxonomy) derived from loamy loess with 8% sand, 72% silt, and 20% clay at the surface 152 

depth (0‒20 cm). The soil pH was 6.0. The soil had 28.3 g kg−1 total organic C, 2.1 g kg−1 153 

total N, 3.2 mg N kg−1 ammonium (NH4
+), and 8.7 mg N kg−1 nitrate (NO3

−) prior to the 154 

establishment of our experiment. 155 

 156 

2.2. Experimental design 157 

In the study area, field is cultivated with a single crop per year and the main crops are 158 

maize (Zea mays L.), soybean (Glycine max L.), and wheat (Triticum aestivum L.), which are 159 

planted in spring and harvested in autumn. After harvest, the aboveground biomass (including 160 

stems and leaves) of three crops were dried at 60 °C for 48 h, cut into 2-cm length, and 161 

individually mixed for homogenization. Crop residue decay was studied with the standardized 162 

litterbag method (Aerts, 1997). Every type of residue (40 g on oven-dried basis) was 163 

separately filled into each litterbag. The litterbags were 0.15 m × 0.20 m with 0.25-mm mesh 164 

nylon netting, and the bag edges were sealed with a fishing line and linked to a marker. On 21 165 
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May 2013, a total of 48 litterbags (3 residue types × 4 replicates × 4 sampling times) were 166 

randomly and horizontally buried at the 10-cm depth in soil, and the marker was left on the 167 

soil surface to assist sampling. The distance between the litterbags was ~20 cm. The bags 168 

were retrieved on 21 June 2013 (1 month), 21 August 2013 (3 months), 21 October 2013 (5 169 

months), and 21 May 2014 (12 months). At every recovery, the adhering soil particles were 170 

carefully brushed off from the litterbags, and the inside residues were taken out and gently 171 

shaken over a 1-mm sieve to eliminate the interfusion of soil. The cleaned residues were dried 172 

at 60 °C for 48 h and weighed for the remaining mass. Subsamples of the dried residues were 173 

ground through a 0.15-μm sieve for C and N content and 13C-NMR analysis. 174 

 175 

2.3. Analyses of soil and crop residue samples 176 

Soil particle size was measured on a laser particle size analyzer (LS13320, Beckman 177 

Coulter, Brea, USA). Soil moisture content was determined with a time domain reflectometry 178 

probe during the non-frozen period in the study plot, and was expressed as water-filled pore 179 

space (WFPS) calculated with soil bulk density (1.0 g cm−3). Soil pH value was measured in a 180 

1:2.5 soil to water ratio. The C and N concentrations of soil and residues were determined by 181 

combustion oxidation on a CN analyzer (Vario Max CN, Elementar, Hanau, Germany). The 182 

soil NH4
+ and NO3

− concentration were analyzed using continuous-flow autoanalyzer (San++, 183 

Breda, the Netherlands) after extraction with 2 M potassium chloride. 184 

Chemical composition of the residues was determined with solid-state 13C-NMR 185 

spectroscopy under the same condition, allowing a quantitative comparison among residue 186 
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types (Bonanomi et al., 2011). The cross polarization magic angle spinning technique was 187 

employed on a Bruker Avance III 400 spectrometer (Bruker BioSpin Corporation, 188 

Switzerland) operating at a 13C resonance frequency of 100.6 MHz. Subsamples were 189 

weighed into a 4-mm zircon oxide rotor with Kel-F end caps and spun at 14 kHz. NMR 190 

spectra were obtained with 2 s of recycle delay, 1.5 ms of contact time, 10 ms of acquisition 191 

time, and 1000 scans. Carbon chemical shifts were referenced to the methylene signal (29.5 192 

ppm) of solid adamantane as an external standard. 193 

The 13C-NMR spectra were processed with MestReNova version 8 (Mestrelabs Research, 194 

Santiago de Compostela, Spain). Each 13C-NMR spectrum was segmented into seven 195 

chemical shift regions: 0–45, 45–60, 60–93, 93–110, 110–142, 142–160, and 160–190 ppm, 196 

assigned to seven C functional groups, namely, alkyl C, methoxyl C, O-alkyl C, di-O-alkyl C, 197 

aromatic C, phenolic C, and carbonyl C, respectively (Table 1). Although the signals for 198 

methoxyl C and N-alkyl C were overlapped in the 45–60 ppm region, we labelled them as the 199 

methoxyl C on account of the progressive increase during the decay process (Xu et al., 2017a). 200 

The O-alkyl C/alkyl C ratio and aromaticity ((110–160 ppm) / (0–160 ppm) × 100) were 201 

calculated and regarded as robust indicators of residue decomposition degree (Dias et al., 202 

2013). Lignin concentration was estimated using the model of Haw et al. (1984). The syringyl 203 

to guaiacyl (S/G) ratio was calculated as the signal ratio of 153 ppm to 147 ppm, and the 204 

crystallinity of cellulose was evaluated by the signal ratio of 89 ppm to 84 ppm (Albrecht et 205 

al., 2008). 206 

 207 
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2.4. Data and statistical analysis 208 

The remaining C of crop residues in the litterbag after a certain decomposition time was 209 

calculated as the remaining mass of residue multiplied by its C concentration. The remaining 210 

mass of seven C functional groups was estimated as the remaining C multiplied by the 211 

relative abundance of C functional groups from the 13C-NMR data (Ono et al., 2013). The 212 

mass losses of residues, total C, and seven C functional groups over time could be described 213 

by an exponential decay model (Rodríguez Pleguezuelo et al., 2009): 214 

Mt = M0 × e−kt                                                                                            (1) 215 

where M0 is the initial mass of residues, total C, and seven C functional groups at time 0; Mt is 216 

the remaining mass of residues, total C, and seven C functional groups at time t; and t (month) 217 

is the decomposition time from residue burial to sampling time. According to equation (1), the 218 

decomposition rate (k, month−1) was calculated as follows: 219 

k = −1/t × ln (Mt / M0)                                                       (2) 220 

The proportion (P, %) of decomposed C was calculated as: 221 

P = (1 − RM × RC / IM × IC) × 100                                            (3) 222 

where RM and IM is the remaining and initial residue mass, respectively; RC and IC is the C 223 

concentration in remaining and initial residues, respectively. Similarly, the proportion of 224 

released N was calculated. 225 

The remaining mass and decomposition rate of residues, the remaining C and N, C/N ratio, 226 

and C chemical compositions of residues were analyzed by two-way analysis of variance 227 

(ANOVA) to determine the effects of residue type and decomposition time and their 228 
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interaction. Non-metric multidimensional scaling (NMDS) analysis was performed to 229 

describe the effects of residue types and decomposition time on C composition changes 230 

during the residue decay process. Pearson analysis was conducted to examine for the 231 

correlation between the C chemical compositions with the variation along NMDS axis 1 and 2, 232 

and with the decomposition rate of residues. Linear regression models were fitted to describe 233 

the relationships between the proportion of decomposed C or released N and the mass loss of 234 

seven C functional groups. The normality and homogeneity of variance of data were tested 235 

using the Kolmogorov-Smirnov test and Levene statistic, respectively. All statistical analyses 236 

were conducted with SPSS (SPSS Inc., Chicago, IL, USA) and Origin Pro 8.5 (OriginLab, 237 

USA) with significant differences accepted at P ≤ 0.05, with the exception that the NMDS 238 

analysis was performed with the vegan package of R version 3.1.0 (R Foundation for 239 

Statistical Computing, Vienna, Austria). 240 

 241 

3. Results 242 

3.1. Environmental conditions 243 

The mean daily air temperature during the experiment was 3 °C. The highest air 244 

temperature was 26 °C observed on 24 June 2013 and the lowest was −30 °C on 12 January 245 

2014 (Fig. 1). Soil temperature varied from −4 °C to 24 °C, and coincided with changes in air 246 

temperature except the frozen period when soil temperature was substantially higher than air 247 

temperature due to insulation of the snow cover. The annual precipitation was 888 mm, 81% 248 

of which fell from June to August in summer 2013. Snow began to accumulate on 9 249 
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November 2013, and completely melted on 16 March 2014. The soil moisture content ranged 250 

between 33% and 92% WFPS during the experimental period. Increased WFPS was generally 251 

observed after rainfall, particularly after the rainstorm event (daily rainfall was 178 mm) on 252 

30 July 2013, which made soil nearly saturated for about one month. 253 

 254 

3.2. Remaining mass, C, and N, and the C/N ratio 255 

The remaining mass of maize and soybean residues sharply decreased to 52% and 45%, 256 

respectively, of the initial mass during the first 3 months of decomposition, and leveled off for 257 

the rest of the experimental period (Fig. 2a). The fast decomposition phase of wheat residues 258 

extended over 5 months, reducing to 47% of its initial mass. Generally, soybean had 259 

significantly (P < 0.05) lower remaining mass than maize and wheat during the experimental 260 

period. After a year-long decomposition, the proportion of the remaining mass was 43%, 48%, 261 

and 55%, respectively, for soybean, maize, and wheat residues. Residue type and 262 

decomposition time had a significant (P < 0.001) interaction on remaining mass (Fig. 2a). The 263 

decomposition rates of residues significantly (P < 0.001) varied among decomposition time, 264 

decreasing from 0.223‒0.379 month−1 during the first month to 0.054‒0.076 month−1 within 265 

12 months, except that of wheat keeping relatively steady within 3 months compared with 5 266 

months (Table 2). Residue type also significantly (P < 0.001) affected the decomposition rate. 267 

Generally, soybean had significantly (P < 0.05) larger decomposition rate than maize and 268 

wheat (except within 5 months) during the decay process. 269 

The remaining C in residues showed a similar changing pattern as the remaining mass 270 
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(Fig. 2b). There were significant effects (P < 0.001) of residue type, decomposition time, and 271 

their interaction on remaining C. At the end of experiment, the soybean residues retained 37% 272 

of the initial C, followed by maize (40%) and wheat (43%) residues. The remaining N in 273 

soybean and maize residues decreased quickly during the first 3 months of decomposition, 274 

followed by a slight increase after 5 months and then a decrease after 12 months (Fig. 2c). 275 

However, wheat residues exhibited a decrease in remaining N during the first 5 months, and 276 

then a slight increase. After 12 months, the remaining N was 69%, 73%, and 78%, 277 

respectively, in maize, soybean, and wheat residues, indicating a net N release for all crop 278 

residues. The C/N ratio significantly (P < 0.001) decreased from 41‒57 to 23‒32 across all 279 

residue types over the first 5 months, but did not change significantly thereafter until the end 280 

of experiment (Fig. 2d). 281 

 282 

3.3. Changes in chemical composition of the decomposing residues 283 

The relative abundance of seven C functional groups varied significantly (P < 0.001; Fig. 284 

3) among residue types and decomposition time. In the original residues, O-alkyl C, with 285 

relative abundance of 57‒59%, dominated the 13C-NMR spectra, followed by di-O-alkyl C 286 

(Fig. 3a and b). During the decomposition period, the relative abundance of these two types of 287 

C significantly (P < 0.01) decreased to 48‒52% and to 11‒12%, respectively, but other C 288 

types gradually increased. The O-alkyl C/alkyl C ratio gradually decreased from 8.8‒11.6 to 289 

6.0‒8.5 (Table 3). The crystallinity of cellulose had a significant (P < 0.05) initial increase 290 

followed by a decrease. Meanwhile, the aromaticity and lignin concentration increased, from 291 
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9.3‒9.9% to 14.0‒17.7% and from 11.1‒11.8% to 17.0‒22.0%, respectively. The S/G ratio 292 

slightly decreased from 1.5‒1.9 to 1.3‒1.5. Overall, the chemical differences among different 293 

residue types increased with the decomposition time (Fig. 3c). The variation along NMDS1 294 

was significantly (P < 0.001) negatively correlated with O-alkyl C and di-O-alkyl C, and 295 

positively related to alkyl C, methoxyl C, aromatic C, and phenolic C (Fig. 3d). The k value 296 

differed among seven C functional groups, decreasing in the following order: O-alkyl C > 297 

di-O-alkyl C > carbonyl C > alkyl C > methoxyl C > aromatic C > phenolic C. The 298 

decomposition rates of O-alkyl C, di-O-alkyl C, and carbonyl C were significantly (P < 0.001) 299 

larger in soybean than in maize and wheat. 300 

 301 

3.4. Relationships between residue decomposition and chemical composition 302 

The decomposition rate of residues correlated positively with C, C/N ratio, O-alkyl C, 303 

O-alkyl C/alkyl C ratio, cellulose crystallinity, and S/G ratio, and negatively with N, alkyl C, 304 

aromatic C, phenolic C, carbonyl C, aromaticity, and lignin (P < 0.05; Table 4). The 305 

proportion of decomposed C was significantly related to the mass loss of O-alkyl C (P = 0.02), 306 

di-O-alkyl C (P = 0.02), and carbonyl C (P = 0.004) (Fig. 5a‒c). Significant relationships 307 

were also observed between the proportion of released N and the mass loss of alkyl C (P = 308 

0.02), O-alkyl C (P = 0.05), and aromatic C (P = 0.04) (Fig. 5d‒f). 309 

 310 

4. Discussion 311 

4.1. Crop residue decomposition as affected by climate conditions 312 
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The annual mass loss of crop residues observed in our study were lower than those (71.2‒313 

77.0%, 77.1‒85.5%, and 63.0‒72.1% for maize, soybean, and wheat residues, respectively) 314 

measured in previous litterbag studies (Ghidey et al., 1985; Powell et al., 2009; Wang et al., 315 

2012; Grandy et al., 2013; Wotherspoon et al., 2014). Climate conditions, mainly temperature 316 

and precipitation, are regarded as primary factors regulating the decomposition of organic 317 

materials among various sites (Bradford et al., 2016). At our study site, the mean air 318 

temperature was 3 °C during the experimental period (Fig. 1), which was substantially lower 319 

than 6‒15.3 °C in those studies mentioned above. In warmer environments, the critical value 320 

of activation energy for microbial decomposition is more likely to be exceeded (Dungait et al., 321 

2012). Therefore, the lower temperature, as compared to previous studies, might be an 322 

explanation for the lower mass loss of residues in our study. The annual precipitation was 888 323 

mm in our study, which fell in the middle of the range (615‒1185 mm) in the above 324 

comparative studies. However, during the present experiment, a summer rainstorm resulted in 325 

the soil moisture content > 90% WFPS, and this waterlogging condition continued almost 326 

throughout August in 2013 (Fig. 1). Anaerobic conditions might rapidly develop in the 327 

waterlogged soil, since the rate of oxygen diffusion through water is 10,000-fold lower than 328 

that in gas (Hamonts et al., 2013). In a previous study, we found that high moisture at WFPS > 329 

60% could decrease microbial biomass and heterotrophic activity in the studied soil (Chen et 330 

al., 2017). As a consequence, the excessively wet condition induced by heavy rainstorm in 331 

this study might be another contributor for the observed lower mass loss of residues. 332 

 333 
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4.2. Impacts of residue type and chemical composition on decomposition 334 

We found that soybean residues had 9.9‒26.0% more mass loss compared with maize and 335 

wheat residues over the experimental period (Fig. 2a). This finding was consistent with 336 

previous studies that showed mass loss was greater in soybean residues, followed by maize 337 

and wheat residues (Ghidey et al., 1985; Havis and Alberts, 1993; Grandy et al., 2013). The 338 

initial residue C/N ratio was 57 for soybean, which was similar to maize and higher than 339 

wheat (Fig. 2d). Generally, crop residues with higher C/N ratios were supposed to decompose 340 

more slowly than those with lower C/N ratios (Melillo et al., 1989; Heal et al., 1997; Johnson 341 

et al., 2007). However, the C/N ratio of litters was a useful indicator of substrate 342 

decomposability in N-poor rather than N-rich soils (Bonanomi et al., 2016). This indicator 343 

sometimes fails to describe the decomposition of organic substances, due to the simplistic use 344 

of total organic C and N without consideration of the chemical compositions of organic pools 345 

(Powers et al., 2009; Bonanomi et al., 2013). Indeed, we found that different C functional 346 

groups in residues had different decomposition rates, all showing clear distinction from that of 347 

the total organic C (Fig. 4). 348 

The proportion of decomposed C in residues was significantly related with the mass loss 349 

of O-alkyl C, di-O-alkyl C, and carbonyl C (Fig. 5). The O-alkyl C and di-O-alkyl C, mainly 350 

associated with cellulose and hemicellulose (De Marco et al., 2012), was more decomposed in 351 

soybean than in maize and wheat residues (Fig. 4). These polysaccharides generally cross-link 352 

with lignin in plant cell walls, and thus the structure of lignin could determine the chemical 353 

protection and microbial availability of these labile C substrates (White et al., 2016). The 354 
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methoxyl substituent of syringyl (S) units in lignin is linked to the C5 of the aromatic ring, 355 

preventing the polymerization with another aromatic unit (Albrecht et al., 2008). Therefore, 356 

the syringyl units in lignin are formed with labile β-O-4 linkages which could be degraded 357 

quickly, but the lignin guaiacyl (G) units can polymerize to generate recalcitrant condensed 358 

aryl-aryl linkages (Bahri et al., 2006; Talbot et al., 2012). In this study, the soybean residues 359 

had relatively higher S/G ratio than the maize and wheat residues (Table 3). Therefore, the 360 

larger decomposition rates of O-alkyl C and di-O-alkyl C in the soybean residues might be 361 

due to the weaker protection of lignin. On the other hand, carbonyl C is acknowledged as 362 

critical biochemical constitution of the amide structures in proteins (Wang et al., 2004). 363 

Baumann et al. (2011) suggested that decomposition of wheat residues had a positive 364 

relationship with carbonyl C, a C functional group beneficial for microbial protein synthesis 365 

and proliferation. We found that the decomposition rate of carbonyl C was largest for the 366 

soybean residues in comparison with maize and wheat residues (Fig. 4). It is likely that higher 367 

availability of proteins in soybean residues facilitated microbial decomposition (Osaki et al., 368 

1991). 369 

As decomposition progressed, a wider disparity was observed in the organic C chemistry 370 

among the three types of crop residues (Fig. 3c). In contrast, Wallenstein et al. (2013) 371 

reported that litter chemistry converged during decomposition, due to the accumulation of 372 

microbial product that was similar among microbial species and dominant in the remaining 373 

mass. However, if the litters have contrasted initial content in chemically recalcitrant 374 

compounds, a chemical divergence would occur during decomposition, due to the difference 375 
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of accumulated litter-originated recalcitrant compounds while the labile C is consumed by 376 

microorganisms (Wickings et al., 2012). Consistently, we found that residue chemical 377 

divergence had significant correlations with the relative decrease in labile O-alkyl C and 378 

di-O-alkyl C, and the relative increase in recalcitrant aromatic C, phenolic C, and methoxyl C 379 

(Fig. 3d). For example, the aromatic C was similar in initial crop residues, ranging at 5.8–380 

6.2%, and increased to 8.5–10.4% at the end of experiment, exhibiting a larger variation. 381 

Therefore, the increase of chemical divergence among crop residues in our study might result 382 

from the differences in the concentration and composition of recalcitrant C compounds 383 

(Parsons et al., 2014). In addition, the appearance of chemical convergence or divergence was 384 

suggested to be dependent on the undergoing decay stage (Wallenstein et al., 2013). In our 385 

study, the C chemical divergence was observed during one year, and long-term studies are 386 

needed to confirm these findings. 387 

 388 

4.3. Temporal pattern of residue decomposition and related determinants 389 

The decomposition rate of residues significantly decreased from 0.223‒0.379 month−1 390 

during the first month to 0.054‒0.076 month−1 over a year of decomposition (Table 2). We 391 

found that the decomposition rate of residues had a close correlation with the change of 392 

O-alkyl C (Table 4). In crop residues, O-alkyl C is usually a major constituent of the most 393 

abundant compound cellulose, and preferentially consumed by microorganisms to gain energy 394 

(Xu et al., 2017b). Interestingly, the cellulose crystallinity, expressed by the ratio of 395 

crystalline to amorphous cellulose (Albrecht et al., 2008), exhibited a significant increase 396 



20 
 

during the first 3 months of decomposition (Table 3). Park et al. (2010) pointed out that 397 

decomposition of cellulose was affected by its crystallinity, and amorphous cellulose was 398 

supposed to be digested more easily by enzymes than crystalline cellulose. Hence, high 399 

content of cellulose especially those with amorphous structure were responsible for initial 400 

large decomposition rate of residues. Meanwhile, in the presence of abundant available C 401 

substrates, the aromatic polymer lignin could be co-metabolized by white-rot fungi 402 

(Rutigliano et al., 1996; Klotzbücher et al., 2013). There was a positive correlation between 403 

the decomposition rate of residues and S/G ratio of lignin (Table 4). The syringyl (S) units in 404 

lignin were suggested to be preferentially degraded over guaiacyl (G) units as discussed 405 

above. Thus, high S/G ratio of lignin could also partly contribute to high decomposition rate 406 

of residues during initial stages. 407 

As residue decomposition progressed, the lignin concentration and aromaticity of residues 408 

gradually increased (Table 3), which in turn negatively affected the decomposition of residues 409 

(Table 4). In accordance with our findings, Berg and Matzner (1997) indicated a critical role 410 

of lignin in controlling decomposition rates after 30‒40% of the litter mass was lost. As a 411 

three-dimensional macromolecule, lignin had inherently low reactivity and required high 412 

activation energy to be decomposed (Kögel-Knabner, 2002; Davidson and Janssens, 2006). 413 

However, during the late decomposition period from 21 October 2012 to 21 May 2013, soil 414 

temperature dropped below 0 °C (Fig. 1). Microorganisms in frozen soils had to synthesize 415 

molecular chaperones, such as proteins and trehalose, to survive at low temperature (Schimel 416 

and Mikan, 2005). Considering the limited labile C resources in the residues at this time (Fig. 417 
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3a and b) and cold temperature stress on microbial physiology, there were little possibilities to 418 

meet the energy demands of lignin degradation during the late decomposition stage. 419 

In the present study, the initial C/N ratios of residues were 41‒57, and N release from 420 

residue pool occurred over the entire decomposition duration, particularly at the initial stage 421 

(Fig. 2). It is traditionally acknowledged that microbial N immobilization is predominant over 422 

N mineralization when C/N ratio of the organic materials is above the theoretical value of 423 

approximately 25 (Trinsoutrot et al., 2000a). However, in line with our findings, Moore et al. 424 

(2006) also indicated that net N release started even when the average C/N ratio of litters was 425 

about 55 (a range of 37‒71) in the decomposing litters of Canadian upland forests. Piñeiro et 426 

al. (2006) proposed that an overall C/N ratio could not indicate net N mineralization or 427 

immobilization, because different fractions in organic matter had different C/N ratios. 428 

The chemical composition may play an important role in regulating N transformations 429 

during organic matter decomposition (Corre et al., 2007; Eldridge et al., 2017). Over a year of 430 

decomposition, the released N increased linearly with the increasing mass loss of O-alkyl C, 431 

alkyl C, and aromatic C (Fig. 5). Alkyl C is usually found in lipids, cutin, and suberin 432 

(Bonanomi et al., 2013), and aromatic C is a main unit of tannin and lignin (Lorenz et al., 433 

2000). It is likely that microorganisms mined N from recalcitrant compounds at the expense 434 

of labile C, as they may have limited access to N nutrient in the soil environment outside the 435 

litterbags (Craine et al., 2007). On the other hand, alkyl C and aromatic C also constitute 436 

relatively high-quality (high susceptibility to microbial degradation) substrates, such as 437 

aromatic amino acids (Erhagen et al., 2013). In such case, alkyl C and aromatic C could 438 
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represent the organic N origin, and thus were responsible for net N release in decomposing 439 

residues (Rowell et al., 2001). 440 

 441 

4.4. Implications for SOC sequestration and N fertilizer management 442 

The cultivated Mollisol of northeast China has suffered from SOC loss over the past 443 

several decades, partly due to the removal of crop residues after harvest (Yan et al., 2011). 444 

Qiao et al. (2014) reported that the annual residue biomass was 6.45, 2.36, and 2.66 Mg ha−1 445 

for maize, soybean, and wheat, respectively, at the same study site of this study. Based on the 446 

data of C decomposition rate in our one-year litterbag experiment, full residue retention for 447 

maize, soybean, and wheat was estimated to contribute 1.10, 0.37, and 0.48 Mg C ha−1, 448 

respectively, to SOC stock during the first year after application (Fig. 6). In a 8-year field trial 449 

in northeast China, You et al. (2017) found that the annual SOC sequestration induced by 450 

maize and soybean residue retention was 0.80 Mg C ha−1. As Chen et al. (2017) measured 451 

in-situ, the studied soil lost 1.88 Mg C ha−1 year−1 through microbial respiration from a field 452 

under conventional management without crop residue retention. Therefore, residue retention 453 

is likely to make a significant contribution to the mitigation of SOC loss, offsetting 19.5–58.5% 454 

of SOC loss in the first year after application. However, to balance or increase SOC stock, 455 

more input of organic materials such as organic manures is required (Xu et al., 2017a). The 456 

annual N release from the crop residue decomposition was estimated at 5−16 kg N ha−1 during 457 

the first year following residue retention (Fig. 6). This suggested that applied residues might 458 

be a potentially available N source for plant growth in the studied cropland, although this 459 
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represents only a minor contributor to annual crop N uptake amount. 460 

However, cautions should be taken when extrapolating our findings, considering the 461 

possible artifacts associated with the litterbag approach. For example, the microclimate 462 

conditions and microbial community structure may be different in litterbag and soil, and 463 

litterbag approach may favor N mineralization over immobilization since it limits the contact 464 

between crop residues and soil mineral N. High uncertainty may exist in our calculation of 465 

SOC sequestration contribution and N release amount from crop residue decomposition, as 466 

they may decline in the subsequent years and also differ from the direct measurement of soil 467 

C or N stock changes (Mosier et al., 2005). This calculation may also overestimate the C 468 

sequestration induced by residues since it does not take into account the acceleration of 469 

microbial mineralization of pre-existent soil C, i.e., priming effect (Fontaine et al, 2011). In 470 

addition, our results are obtained from a single soil-climate system. It is very likely that there 471 

are complex interactions between residue chemistry, climate, soil properties, management 472 

practices, and soil fauna and microbial communities, which may collectively exert significant 473 

impacts on the decomposition of residues. Therefore, experiments across different sites and 474 

years are needed to further examine the decomposition of crop residues in the field and 475 

evaluate their effects on soil C sequestration and N supply. 476 

 477 

5. Conclusions 478 

Our results emphasized the need to consider organic carbon chemistry of different types 479 

of residues when investigating their decomposition process. In the first year after residue 480 
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retention, mass loss was highest for the soybean residues, followed by maize and wheat 481 

residues. The proportion of decomposed C had close positive relationships with the mass loss 482 

of O-alkyl C, di-O-alkyl C, and carbonyl C, the decomposition rates of which were larger in 483 

soybean than maize and wheat residues. Moreover, the soybean residues had larger 484 

syringyl/guaiacyl ratio in lignin, indicating higher availability to microorganisms. The 485 

decomposition rate of residues decreased from 0.223‒0.379 month−1 within the first month to 486 

0.054‒0.076 month−1 over the entire 12 months, with increasing aromaticity and lignin 487 

concentration in the residues. As decomposition progressed, divergence in the C chemistry 488 

was observed among the different types of residues. N release occurred throughout the 489 

decomposition period, which was related to the mass loss of alkyl C, O-alkyl C, and aromatic 490 

C. The fate of this released N is unknown since it might be transferred in mineral N pool, 491 

microbial biomass, in soil organic matter or be lost by leaching and denitrification. Soil C 492 

accumulation of 0.37‒1.10 Mg C ha−1 year−1 could be achieved with full retention of the crop 493 

residues. Therefore, continuous residue retention could help to partly but not completely 494 

mitigate soil C loss and recover soil fertility in the cultivated Mollisol of northeast China. 495 

Further studies on retention of crop residues on farmlands, especially long term experiments 496 

at larger scales, are recommended to extend our findings. Research focusing on the 497 

interactions between C compounds, environmental conditions, and the functional microbial 498 

communities is required to improve understanding of the process and regulating factors of 499 

crop residue decomposition. 500 

 501 
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Table 1 Signal assignment in the solid-state 13C-NMR spectra for crop residues (based on 781 

Kögel-Knabner , (1997), ; Wang et al. (, 2004),; Baumann et al. (, 2009) and; De Marco et al. 782 

(, 2012). 783 

Chemical shift region C functional group Major compounds represented 

(ppm) 

  0–45 Alkyl C Lipid, cutin, and suberin 

45–60 Methoxyl C Lignin substituent 

60–93 O-alkyl C Cellulose and hemicellulose 

93–110 Di-O-alkyl C Cellulose and hemicellulose 

110–142 Aromatic C Polyphenol, lignin, and tannin 

142–160 Phenolic C Polyphenol, lignin, and tannin 

160–190 Carbonyl C Carboxylic acid, amide, and organic acid 

C, carbon; 13C-NMR, 13C-nuclear magnetic resonance.784 
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Table 2 Residue decomposition rate (k, month−1) after 1, 3, 5, and 12 months of 785 

decomposition, and results of ANOVA statistics testing the main effects and interactions of 786 

residue type and decomposition time. 787 

Residue type 
Decomposition time (months) 

1  3  5  12  

Maize 0.253bA (0.018) 0.218bB (0.001) 0.145bC (0.007) 0.066bD (0.001) 

Soybean 0.379aA (0.017) 0.269aB (0.006) 0.164aC (0.003) 0.076aD (0.002) 

Wheat 0.223bA (0.012) 0.137cB (0.009) 0.150abB (0.003) 0.054cC (0.001) 

ANOVA analysis 

Source of variation d.f. F value P value 

Residue type 2 84.09 <0.001 

Decomposition time 3 325.44 <0.001 

Residue type × Decomposition time 6 20.12 <0.001 

Decomposition rate values are means with standard errors (n = 4). Lower case letters refer to 788 

vertical (residue type) comparisons. Upper case letters refer to horizontal (decomposition time) 789 

comparisons. Significant differences are accepted at P < 0.05. 790 
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Table 3 Changes in the calculated indexes from 13C-NMR data of residues after 0, 1, 3, 5, and 12 months of decomposition. 791 

Decomposition time Residue type O-alkyl C/alkyl C Crystallinity of cellulose Aromaticity Lignin S/G 
(months)    (%) (%)  
0 Maize 10.4aAB (0.1) 0.53bC (0.00) 9.4aD (0.2) 11.2aD (0.2) 1.50aAB (0.16) 

 
Soybean 11.6aA (2.3) 0.66aB (0.01) 9.3aD (1.1) 11.1aC (1.4) 1.90aA (0.10) 

 
Wheat 8.8aA (0.0) 0.48cB (0.01) 9.9aD (0.1) 11.8aD (0.2) 1.63aA (0.12) 

1 Maize 11.0aA (0.4) 0.59bA (0.01) 12.9aB (0.3) 15.6aB (0.3) 1.61aA (0.10) 

 
Soybean 9.0bB (0.4) 0.69aAB (0.02) 12.7aC (0.3) 15.4aB (0.4) 1.79aA (0.11) 

 
Wheat 7.6cB (0.2) 0.49cB (0.02) 12.1aC (0.2) 14.6aC (0.3) 1.61aA (0.05) 

3 Maize 10.0aB (0.2) 0.56bBC (0.01) 11.5bC (0.1) 13.9bC (0.1) 1.62aA (0.09) 

 
Soybean 10.5aAB (0.5) 0.71aA (0.01) 15.4aB (0.1) 18.9aA (0.2) 1.66aAB (0.04) 

 
Wheat 8.6bA (0.2) 0.57bA (0.02) 15.3aA (0.4) 18.7aA (0.5) 1.66aA (0.08) 

5 Maize 8.2aC (0.2) 0.54bC (0.01) 13.9bA (0.4) 16.9bA (0.5) 1.48aAB (0.04) 

 
Soybean 7.0bC (0.2) 0.66aB (0.01) 17.9aA (0.2) 22.3aA (0.3) 1.63aAB (0.06) 

 
Wheat 6.6bC (0.3) 0.51bB (0.01) 13.8bB (0.5) 16.9bB (0.7) 1.62aA (0.06) 

12 Maize 8.5aC (0.2) 0.58bAB (0.01) 14.0cA (0.2) 17.0cA (0.3) 1.26bB (0.02) 

 
Soybean 7.0bC (0.3) 0.69aAB (0.03) 17.7aA (0.4) 22.0aA (0.5) 1.51aB (0.08) 

 
Wheat 6.0cC (0.2) 0.50cB (0.01) 15.5bA (0.2) 19.1bA (0.2) 1.48aA (0.06) 

Values are means with standard errors (n = 4) in parentheses. Lower case letters refer to vertical comparisons between different residue types. 792 

Upper case letters refer to vertical comparisons between different decomposition time. Significant differences are accepted at P < 0.05. 793 

C, carbon; 13C-NMR, 13C nuclear magnetic resonance; S, syringyl units of lignin; G, guaiacyl units of lignin. 794 
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Table 4 Pearson correlations between the residue decomposition rate and the chemical 795 

characteristics of residues over one-year decomposition. 796 

Parameters Correlation coefficient P value 

C 0.63 <0.001 

N −0.57 <0.001 

C/N 0.71 <0.001 

Alkyl C −0.54 <0.001 

Methoxyl C −0.22 0.130 

O-alkyl C 0.67 <0.001 

Di-O-alkyl C 0.28 0.051 

Aromatic C −0.48 <0.001 

Phenolic C −0.36 0.011 

Carbonyl C −0.46 0.001 

O-alkyl C/alkyl C 0.60 <0.001 

Crystallinity of cellulose 0.36 0.012 

Aromaticity −0.46 <0.001 

Lignin −0.46 <0.001 

S/G 0.54 <0.001 

C, carbon; N, nitrogen; S, syringyl units of lignin; G, guaiacyl units of lignin. 797 
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Figure legends 798 

Fig. 1. Air temperature (AT), soil temperature (ST) at 10 cm depth, precipitation, soil 799 

water-filled pore space (WFPS), and depth of snow cover in the field from 21 May 2013 to 21 800 

May 2014. Shade alongside the temperature line represents the highest and lowest values of 801 

daily air and soil temperature range. 802 

 803 

Fig. 2. Dynamics of remaining (a) mass, (b) carbon (C), (c) nitrogen (N), and (d) the C/N 804 

ratio of residues in litterbags at different decomposition time. Vertical bars are standard errors 805 

(n = 4). Results of ANOVA statistics testing the main effects and interaction of residue type 806 

and decomposition time are presented with F-values (*P < 0.05, **P < 0.01, ***P < 0.001). 807 

 808 

Fig. 3. The carbon (C)-13 nuclear magnetic resonance signal intensity of seven C functional 809 

groups: (a) alkyl C and O-alkyl C, and (b) methoxyl C, di-O-alkyl C, aromatic C, phenolic C, 810 

and carbonyl C of residues at different decomposition time. Vertical bars are standard errors 811 

(n = 4). Results of ANOVA statistics testing the main effects of residue type and 812 

decomposition time are presented with F-values (*P < 0.05, **P < 0.01, ***P < 0.001). (c) 813 

Non-multidimensional scaling (NMDS) analysis of the changes in residue chemistry 814 

throughout the decomposition period. Different colors represent different decomposition time. 815 

Different shapes indicate different residue types (square: maize; triangle: soybean; circle: 816 

wheat). (d) Correlations between C functional groups of residues and the loading scores 817 

alongside NMDS1 and NMDS2 axis. Significant correlations are shown in bold. 818 
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 819 

Fig. 4. Decomposition rate (k, month−1) of total organic C and seven C functional groups in 820 

residues over a year decomposition. Vertical bars are standard errors (n = 4). Significant 821 

differences between residues at P < 0.05 are indicated by different lowercase letters. 822 

 823 

Fig. 5. Relationships between the proportion of decomposed carbon (C) and (a) mass loss of 824 

O-alkyl C, (b) mass loss of di-O-alkyl C, or (c) mass loss of carbonyl C, and between the 825 

proportion of released nitrogen (N) and (d) mass loss of alkyl C, (e) mass loss of O-alkyl C, or 826 

(f) mass loss of aromatic C during the experimental period. Dash-dot lines indicate the bounds 827 

of the 95% confidence intervals for the regression equations. 828 

 829 

Fig. 6. Annual (a) soil organic carbon (SOC) sequestration and (b) nitrogen (N) supply by 830 

returning maize, soybean, or wheat residues to soil with full amount. Vertical bars are the 831 

standard errors (n = 4). Significant differences between residues at P < 0.05 are indicated by 832 

different lowercase letters. It should be noted that this is a litterbag study so N supply and 833 

SOC sequestration is probably much different from those obtained under direct soil-residue 834 

contact. 835 
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