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Abstract 

To maximise opportunities for coastal land with waterfrontage, property developers 

have claimed natural wetlands (saltmarsh, mangroves) for construction of artificial 

urban waterway developments in many places.  These created habitats differ from 

nearby shallow estuarine habitats; they lack the macrophytes common in natural 

estuaries, they receive untreated urban stormwater runoff, and typically comprise a 

highly ramified network of narrow and deep channels.  Few studies of these habitats 

exist and there is no clear understanding of their ecological value and role as coastal 

fish habitat.  Managers are therefore faced with the challenge of managing existing 

systems, and of selecting coastal wetland habitats for protection from new waterway 

developments.   

   

Artificial urban waterways are an obvious feature of the coastal landscape in southeast 

Queensland, Australia.  Because of the extensive network of these systems, many 

suffer hydraulic problems, and in response, legislation forced property developers to 

shift waterway design to estuarine lakes with restricted tidal exchange.  This hydraulic 

restriction seemed to solve increases to the tidal compartment imposed with further 

artificial urban housing waterway developments, however, no consideration has been 

given to connectivity with downstream waterways for fish.  My research demonstrates 

that these lakes, like open flow through canals, support many of the same fish species 

of economic importance that occur in natural wetlands and that there is no apparent 

trapping of fish in lakes.  Salinity is lower in lakes because of their tidal restrictions, 

and while this is only weakly correlated with fish abundance, even in massive lake 

developments (280 ha surface area), it is the environmental factor that best explains 

fish assemblages.  Recruitment of young fish is also influenced by lake design, with 

their arrival in lakes slightly delayed behind that in open canals.     

 

Few studies have tested whether the ecological processes supporting fisheries 

production in artificial urban waterways are different to those in natural habitat.  I used 

stomach content analysis and stable isotopes (carbon and nitrogen) of snub-nosed 

garfish (Arrhamphus sclerolepis) to examine their nutrition in artificial and natural 

wetlands.  A. sclerolepis in natural wetlands have enriched carbon isotope values (-

13.9‰) because they consume large amounts of seagrass during the day and night, and 
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at night also ingest small quantities of crustacean prey.  A. sclerolepis in artificial 

urban waterways have depleted values (-19.1‰) because they consume macroalgae 

during the night, and switch in the day to terrestrial insects washed from gardens lining 

the waterways.  This means that fish show remarkable plasticity in the new wetland 

habitat, retaining the same feeding strategy from natural wetlands of bulk herbivory 

with the inclusion of smaller amounts of animal prey.  It also suggests minimal 

exchange of fish populations between natural and artificial habitats over the period of 

weeks to months,  Mathematical modelling of the carbon and nitrogen isotope 

signatures of A. sclerolepis and all feasible source mixtures confirmed that this diet 

switching is part of a feeding strategy requiring multiple food sources in each habitat. 

 

Previous research in Moreton Bay has been unable to resolve the relative contribution 

of enriched carbon sources (seagrass and saltmarsh grass) that support production from 

those that make a contribution simply because they have a similar carbon value to 

another.  By collecting mud crabs (Scylla serrata) at different distances from seagrass 

(0–21 km) and saltmarsh (0–27 km) habitats, I showed that the carbon isotope values 

of S. serrata collected near to seagrass (within 1 km) were much closer to seagrass 

values and became more depleted with distance, whereas distance from saltmarsh 

made no difference to carbon values.  Isotope values of S. serrata in artificial urban 

waterways were not influenced by proximity to seagrass or saltmarsh grass, but there 

was a hint that values were more enriched within the first few hundred metres of canal 

openings, again demonstrating an importance of seagrass over saltmarsh grass in 

supporting animal nutrition.  Beyond canal openings, S. serrata carbon values were 

depleted and within the range typical of fauna in artificial urban waterways.     

  

Contaminants in the sediments and water column of a range of natural and artificial 

urban waterways in Moreton Bay were found to be low.  Importantly, this translates to 

low health risks for humans consuming fish.  There were, however, some anomalies at 

individual sites.  Copper exceeded national guideline levels in the sediment and water 

column of most wetland habitats examined, particularly in marinas.  This was reflected 

in fish tissue, with the highest concentrations of Cu recorded in the gills of all fish 

within this habitat.  There were spikes in sediment metal and pesticide concentrations 

in individual artificial urban waterways, and while safe to eat, fish too, had trace 

amounts of the same pesticides in these systems.  The most likely reason for this result 
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is due of increased residence time in artificial urban waterways compared to open, well 

flushed, natural parts of Moreton Bay.  This provides evidence that some artificial 

urban waterways are susceptible to pollution and serves as an early warning for 

managers to examine the sources responsible for this pollution.  The cumulative effect 

of such pollution accumulation in fish in artificial urban waterways should not be 

underestimated.    

 

Artificial urban waterways in southeast Queensland support a wide variety of fishes, 

including many estuarine species of economic importance from natural wetlands.  

Where they are dug from terrestrial habitat, the result is likely to be an overall 

extension to available fish habitat.  While these systems lack the autotrophs that 

support production in natural parts of Moreton Bay, fish have adapted to the newly 

created habitat, and utilise local food sources to meet dietary requirements.  With the 

exception of dead-end systems, and those that receive high loads of pollution from 

urban areas, metal and pesticide concentrations are low and fish are safe to eat.  My 

results advance the field substantially within southeast Queensland and Australia, but I 

suggest that further studies could provide a more robust basis for managers and policy 

development.  It is important, given the widespread occurrence of artificial urban 

waterways, that similar studies are completed elsewhere to determine whether the 

patterns here can be generalised. 
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Chapter 1. Introduction 

 

1.1 General introduction 

The human population is increasing at an unprecedented rate.  This increase is rapidly 

altering the human-nature relationship and has significant environmental 

consequences, such as shortages of clean freshwater, degradation and loss of 

terrestrial and aquatic ecosystems, spread of noxious species, and the possibility of 

significant changes in climate (IGBP 2001).  Among the many contributing human 

perturbations affecting natural systems, urban development is by far the largest 

contributing factor to this alteration, and is probably far more lasting than natural 

processes (e.g. floods that transport sediments; McKinney 2002).  The extent to which 

urban development influences or dominates environmental processes or function is 

now an intrinsic feature of our current era, coined the ‘anthropocene’ (IGBP 2001).  

Managers in the anthropocene are confronted with the challenge of providing 

sustainable solutions that achieve opportunities for growth, at the same time as trying 

to also protect and conserve natural habitat.  The real challenge for managers is 

making informed decisions with limited understanding of the consequences of past, 

present and future populations (Chovanec 1994, Kennish 2002).   

 

Estuaries lie at the interface between the ocean, rivers, atmosphere and land, and 

represent a convergence of habitat types which are rich with marine and freshwater 

flora and fauna (Edgar 2001).  At the same time, with more than half of the world’s 

human population living on or near to estuaries, they are also subjected to many 

global changes (e.g. sea level rise, pollution) and are in various stages of degradation 

because of high rates of anthropogenic activities (Kennish et al. 2008).  In many 

places, metropolitan centres have encroached massively into natural coastal wetland 

habitats, causing them to become fragmented or completely lost (Kennish 2002, 

Crossland et al. 2005).  For example, wetland loss through urbanisation in San 

Francisco Bay has been estimated at 95% or 200 000 ha (Josselyn 1983), 70% in 

lower Great Lakes region (Mitsch & Gosselink 2007), 80% in Tees Estuary, northeast 

England (Davidson et al. 1991), 60% or 25 000 000 ha in China (Lu 1995), and 90% 

or 300 000 ha in New Zealand (Mitsch & Gooselink 2007).  Managers are concerned 

with the effects of this burgeoning development on coastal wetlands and, also, the 
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ability of them to continue providing services essential to humans (Crossland et al. 

2005, Engelman et al. 2008).  

 

Large scale urban development in the coastal zone has resulted in the addition of 

many new habitat opportunities for wildlife.  These created habitats often have 

different physical properties to the antecedent natural habitats that they replace, 

because they often serve an engineering purpose, such as preventing erosion or 

providing hard structures in a predominantly soft environment.  The effect that these 

novel habitats have on coastal ecosystems has been the subject of ecological research 

for several decades (e.g. Obara 1995, Chapman & Bulleri 2003).  There has been a lot 

of research into how well newly-built habitats maintain the distribution and 

abundance patterns of animals similar to that of natural habitats (Chovanec 1994, 

Glasby & Connell 1999, Hodgkison et al. 2007).  This research has shown that the 

addition of urban habitats to coastal landscapes either increases opportunities for 

wildlife, with an overall increase in the diversity and abundance  (e.g. Wolter 2001, 

Traut & Hostetler 2004, Clynick et al. 2008), or results in a total loss of wildlife (e.g. 

Rooker et al. 1997, Savard et al. 2000, McKinney 2002).  Compared to terrestrial 

systems there have been relatively few studies on urban habitats in estuaries.  This 

thesis aims to provide managers with information about the ecological processes and 

contamination of fish, and in one chapter also crabs, in artificial urban waterways in 

the coastal zone. 

  

1.2 Artificial urban waterways 

1.1.1 Defined and described  

Humans have altered natural waterway systems for many reasons and have been 

doing it throughout history (e.g. agricultural river diversions in early Babylon, 

navigable waterways in the Germany lowlands, Panama Canal which joins the Pacific 

and Atlantic oceans, and more recently, Three Gorges Dam on the Yangtzy River in 

China).  All of these modifications result in an altered waterway system.  Westman 

(1975) defined artificial waterways to include the following: residential canal 

developments, dry land marinas connected to tidal waters including those connected 

via a lock and weir system, drainage lines between low lying areas and navigation 

channels for boats, ships and barges.  In this thesis, I focus on a subset of Westman’s 
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definition, in particular urban residential waterway habitats built for the purpose of 

increasing useable waterfront property development (Fig 1.1). 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 1.1.  Sovereign Island artificial canal estate, Gold Coast, Queensland, 

Australia (approximately 650 waterfront home sites with individual properties 

valued at between AUD $0.7 - 2.9M; Gold Coast City Council unpublished data). 

 

Artificial urban waterways are typically constructed in low-lying coastal areas prone 

to flooding.  This land is considered to be useless in terms of providing agricultural 

opportunities.  The land is therefore inexpensive for property developers to purchase, 

which reduces development costs, thereby maximising profits.  These urban waterway 

housing developments would also be vulnerable to sea-level rise, similar to low-lying 

natural wetland areas along the coastal fringe (e.g. Scavia et al. 2002).   

 

Several construction processes are used to alter (i.e. land claim) wetland areas and 

make them suitable for waterfront real estate.  The first involves using a cutter and 

suction dredge to shift wetland material to build up adjacent areas to form dry 

residential blocks.  Alternatively, dry excavation techniques have also been used 

which involve constructing a temporary earthen bund around the wetland, draining the 

wetland and excavating wetland material to either side of the construction area to 

form the dry residential blocks (Tularam & Dobos 2005).  Either way, these 

construction processes result in an extension of the amount of waterfront residential 
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land, and conveniently provide deep, narrow, water channel access for boats moored 

adjacent to home sites.  Limited data are available on the actual or potential loss of 

natural primary or secondary production following reclamation.  The only account I 

could find is a single urban development in Moreton Bay (Raby Bay canal estate; 

27°31'17.21"S, 153°16'46.92"E), Australia, which reportedly replaced approximately 

50 ha of seagrass habitat (Neil 1998).     

 

Early studies indicated that artificial urban waterways offered little fisheries value in 

the coastal zone (Lindall et al. 1973, Westman 1975).  The reasons for this were 

because:  

1) poor excavation practices during construction result in them becoming 

much deeper (e.g. 28 m, Swan Lake, Australia 28
o
5'19.62″S, 

153
o
25'49.38″E, SKM (1998)), forming a sill between the new waterway 

and adjacent natural estuary, Maxted et al. (1997);  

2) the earthworks during construction in some places disturb and oxidize 

coastal soils forming sulfuric acid which can kill fish (e.g. Australia, 

Tularam & Dobos (2005)); 

3) their construction results in the loss or fragmentation of natural wetland 

habitats (Maxted et al. 1997, Neil 1998); 

4) they are polluted habitats because they receive high loads of untreated and 

unprocessed urban stormwater runoff from surrounding residential areas 

(Burton et al. 2005);  

5) habitat opportunities for fauna are limited because the waterways have a 

homogeneous/smooth shoreline that consists of sandy beaches or 

rock/concrete walls, and a sand/mud benthic substratum that lacks the 

conspicuous macrophytes of natural vegetated estuaries (Maxted et al. 

1997); and  

6) they are highly ramified systems with poor water circulation and water 

quality, particularly in low-flow, dead-end areas (Westman 1975, 

Krucynski 1999).   

 

Public awareness of these environmental problems has forced managers to consider 

the full implications of these created urban waterways and their ecological value to 

coastal fisheries (Kruczynski 1999, Glynn 2007).   
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A significant tidal problem faces artificial urban waterways arising from the 

connection of more and more sections to the end of existing systems.  Increasing the 

tidal compartment of artificial urban waterways and adjoining estuaries can lead to 

large tidal velocities in the lower reaches.  These high tidal velocities have been 

known to cause erosion or undercut revetment walls resulting in damage to residential 

properties and infrastructure (Johnson & Williams 1989).  In many coastal places this 

development has proliferated, almost ad hoc, by connecting more and more artificial 

urban waterways to existing systems without regard to this hydraulic effect.  In some 

cases, the consequences have resulted in a loss of the utility of the system.  For 

example, on the Mooloolah River, Queensland, Australia, threats to navigation and 

public safety were deemed too great because of increased tidal velocities caused by 

continual extensions (Johnson & Williams 1989).   

 

To overcome this hydraulic problem, property developers in southeast Queensland, 

began altering the design of artificial urban waterways by including tidal control 

devices (e.g. locks, weirs, gates, pipes; Johnson & Williams 1989).  Rather than 

making open canal estates, they made artificial lake developments, which are 

separated from the downstream waterway via tidal control devices.  Making artificial 

lakes with tidal barriers allowed developments to occur further landward with 

minimal consequences for the downstream tidal prism.  This design change is 

considered successful from a hydraulic view point, but no consideration has been 

given to the corresponding ecological consequences of reducing this connectivity with 

the downstream waterway (Zigic et al. 2005).  

 

1.1.2 Global extent of artificial urban waterways 

The construction of artificial urban waterways has the potential to extend massively 

the amount of coastal wetland habitat available to fish.  In some places the extent of 

these created habitats has been quantified (e.g. Florida Keys, USA, has 175 km linear 

habitat (Mactec 2003), and Venice, Italy, has 40 km of linear habitat (Dabala et al. 

2005)).  Artificial urban waterways have also been built in other coastal areas.  For 

example, they have been constructed in Texas and Maryland, USA (Trent et al. 1972, 

Maxted et al. 1997), South Africa (Baird et al. 1981) and Australia (Morton 1989, 

Lincoln Smith et al. 1995), but their extent there has not been measured. 
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To establish the global extent of artificial urban waterways, I used Google Earth, 

accessed August 2007, to:  

1) record the location of each system;  

2) determine their length and surface area; and  

3) compare the extent of canals to lakes.   

 

The total linear extent (km) was measured using the scale ruler function in Google 

Earth, while area was determined by calculating the average width (km) of each 

system (3 different widths were chosen, one in the distal 1/3, one in the mid 1/3 and 

one proximate to the confluence with the downstream waterway, and multiplied by 

the linear length).   

 

I could not visit each system identified using Google Earth to confirm whether it was 

an artificial urban waterway or a natural estuary that has experienced foreshore urban 

modifications.  To this end, I established a set of definitions to assist data collection 

on Google Earth.  I used the following criteria: 

1) a canal estate is an artificial urban waterway if more than 50% of its edge 

appears straight or unnaturally smooth; 

2) canal estates are defined as being residential if more than 50% of their 

linear length is being utilised for residential living; 

3) a waterway is categorised as a lake rather than a canal if the average width 

of the waterway is > 100 m; and 

4) only artificial urban waterways within 3 km of the coastline (including the 

boundary of estuarine inlets) were included, since these are most likely to 

be filled with estuarine water.   

 

Where an artificial urban waterway was identified, the position was recorded along 

with the measurements outlined above.  The dates of aerial images used in Google 

Earth ranged from 2002 to 2007.   Artificial urban waterways appearing as marinas 

were excluded in this measurement because they did not fit the criteria listed above. 

 

There are more than 4 100 km of artificial urban waterways globally.  North America 

has the greatest extent, representing 70% of global length and 60% of global surface 

area (Fig 1.2, Table 1.1).   
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Figure 1.2.  Global extent of artificial urban waterways (canals and lakes combined).  Colour gradient represents total linear distance 

(km) of artificial urban waterways, within the broad region.  Lightest blue (< 20 km linear distance) increasing through to red (> 350 

km linear distance). 
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Table 1.1.  Global summary of artificial urban waterways by continent. 

 

Within North America, most artificial urban waterways are in Florida, with 1 915 km 

(65%) length and 96 km
2 

(58%) area.  Florida contributes 45% of the global length 

and 35% of the global surface area of artificial urban waterways.  Outside North 

America, Europe has about 10% of the global length and 5% of global surface area.  

In Europe, 75% of the length is found in the Netherlands, with Italy having the next 

largest amount with 10% of the overall length.  Asia contributes 7% to the global 

length and 13% of surface area; many of these artificial systems occur in the United 

Arab Emirates.    

 

The global extent of artificial lakes (length and area) is far smaller than artificial 

canals, about 3% and 10% of the total linear length and surface area, respectively.  

The greatest number of artificial lakes occurs in Oceania and, not surprisingly, the 

greatest linear extent of artificial lakes also occurs in Oceania (80% global length and 

50% global surface area).  Within Australia, more than 99% of the total length 

(116 km) and 97% of the total surface area (14 km
2
) of artificial lakes occur on the 

Gold Coast, in southeast Queensland.    

 

1.1.3 Artificial urban waterways in Australia 

The first artificial urban waterway development in Australia was Florida Gardens 

estate, a residential development of 900 allotments constructed in 1956 on the Gold 

Coast, Queensland (Johnson & Williams 1989).  This canal development provided a 

large number of waterfront residential properties with direct boating access to the 

adjacent coastal bay area (Johnson & Williams 1989).  Because this residential 

 
Canal  Lakes  Total 

Continent Length 
(km) 

Area  
(km

2
) 

 
Length 
(km) 

Area  
(km

2
) 

Number 
of lakes 

 
Length 
(km) 

Area  
(km

2
) 

  Africa 23 1  0 0 0  23 1 

  Asia 285 33  15 10 8  300 43 

  Oceania 264 21  117 14 57  381 35 

  Europe 398 17  6 1 7  404 18 

  N America 2 949 166  11 5 19  2 960 171 

  S America 37 13  1 0 3  38 13 

Total 3 956 251  150 30 94  4 106 281 
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development was considered to be a success by property developers and engineers, 

artificial urban waterways proliferated rapidly thereafter and by 1987 there were over 

200 completed major artificial urban waterways across Australia, most occurring on 

the Gold Coast (Nuttall 1987).  Artificial urban waterways now exist in all states of 

Australia except Tasmania (Fig. 1.3), though a canal development has been proposed 

for that state and has led to the formation of a community lobby group protesting 

against the development (see www.saveraphsbay.org). 

 

  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 1.3.  Total linear distance (km) of artificial urban waterways (canals and 

lakes combined) by state in Australia.   

 

 

The Gold Coast is well known for its extent of artificial urban waterways.  Many 

systems were constructed in natural wetland areas, though in more recent years, they 

have typically been dug from adjacent terrestrial land in an attempt to reduce further 

urbanisation of natural wetland habitat (Zigic et al. 2005).  The extent has escalated to 

the point that there are now more than 240 km of artificial urban waterways in the 

Gold Coast, with about 80% joined to the Nerang River estuary (see Fig. 2.1).  With 

the addition of all these artificial urban waterways, the Nerang River estuary now has 
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the greatest linear extent of any estuary in Australia, albeit in a highly ramified 

arrangement and with a smaller surface area than some natural estuaries (Table 1.2). 

 

Table 1.2.  Length and water surface area of selected estuaries in Australia 

(source Ozestuaries database: http://www.ozestuaries.org/frame1.html).  (
b
) 

Google Earth calculation. 

 

 

Estuary State Length (km) Water surface area (km
2
) 

Victoria River NT 129 637 

Ord River WA 119 1 084 

Norman River  QLD 102 53 

Fitzroy River QLD 77 59 

Clarence River NSW 59 107 

Brisbane River QLD 45 20 

Nerang River QLD 20 (natural) 

133 (artificial) 
b
 

Total – 153 

11 

  13
 b
 

24 

 

1.2 Fish in estuaries  

1.2.1 Fish distributions in estuaries 

Fish form a major and highly visible component of the nektonic community of 

estuaries (Kennish 1990).  Compared to sessile organisms, fish are far better suited to 

deal with the vagaries encountered in estuaries; when conditions deteriorate fish can 

potentially swim away from the affected area.  Physicochemical factors influencing 

the distribution of estuarine fish include: salinity (e.g. Loneragan et al. 1987, 

Thiel et al. 1995, Marshall & Elliott 1998, Sheaves 1998, Pombo et al. 2005, Harrison 

& Whitfield 2006, Greenwood 2007), temperature (e.g. Marshall & Elliott 1998, 

Pombo et al. 2005, Harrison & Whitfield 2006), turbidity (e.g. Blaber & Blaber 1980, 

Cyrus & Blaber 1992) and dissolved oxygen concentrations (e.g. Araujo et al. 2000).  

The structure of estuarine fish communities is also sensitive to biological factors such 

as the abundance of food, reproduction, and interspecific interactions (Kennish 1990, 

Levin et al. 1997).  The relative importance of each of these factors in determining the 

structure of estuarine fish communities seems to vary from estuary to estuary.  

Because only the most basic mechanistic ecological models appear to be applicable 

across estuaries, for example, absence of dissolved oxygen in waterways equates to 
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an absence of aquatic life, a better understanding of specific ecological mechanisms 

within each specific estuary is needed to assist managers challenged with the task of 

protecting and enhancing fish populations.  

 

Most ecological research in artificial urban waterways has centred on inter-habitat 

differences in fauna assemblages between natural and artificial urban waterways (e.g. 

Lindall et al. 1973, Lindall & Trent 1975, Baird et al. 1981, Cosser 1989, Morton 

1989, 1992, Maxted et al. 1997).  These comparisons have been used as an indirect 

means of assessing whether ecological processes differ between both habitats.  

Comparisons of fish faunas shows that artificial urban waterways support a small 

subset of species found over adjacent natural wetland habitat, suggesting perhaps that 

the result of the new habitat is an overall net loss of productive wetland habitat (Trent 

et al. 1972, Weinstein et al. 1977).  In comparison, other studies have shown that 

assemblages are more similar to those of unvegetated channels of estuaries and, 

therefore, the net result is more of an extension to the amount of available unvegetated 

coastal habitat (e.g. Baird et al. 1981, Morton 1989, 1992).  Lincoln Smith et al. 

(1995) provided evidence in New South Wales, Australia, that significant variability 

in fish assemblages exist within a single system.  In that study, Lincoln Smith et al. 

(1995) found this variation occurred at a small scale, between flow-through and dead-

end areas.  Based on these findings, Lincoln Smith et al. (1995) argued that early 

investigations of fish assemblages might not have adequately considered the context 

in which samples were collected, and that data might therefore be open to alternative 

interpretations.   

 

Water quality within artificial urban waterways is often different to that of adjacent 

natural estuaries.  Artificial urban waterways receive urban stormwater runoff and this 

inflow is usually untreated and consists of a mixture of pollutants (Burton et al. 2005).  

Trent et al. (1972) investigated water quality in artificial urban waterways, marsh and 

bay habitats in Galveston Bay, Texas, USA, and found that dissolved oxygen was 

critically low in artificial urban waterways (0.2 mg/L) compared to marsh and bay 

habitats (> 6.0 mg/L).  Maxted et al. (1997) reported a similar pattern for artificial 

urban waterways in Delaware, USA, particularly in dead-end sections where flow was 

low.  The same pattern of critically low dissolved oxygen concentrations in dead-end 

canals compared to open sections has been shown on the Gold Coast, Australia 
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(Cosser 1989).  In that study, Cosser (1989) also reported a significantly lower 

diversity and abundance of macroinvertebrates in dead-end areas than in well 

oxygenated areas of open canal sections.  Whether these abiotic/biotic factors in some 

way contribute to the variability described by Lincoln Smith et al. (1995) has not been 

considered in any studies.  If an objective of management is to maximise fish 

abundance and diversity in artificial urban waterways, then understanding these 

driving forces is essential.  This information would then assist managers and 

engineers in designing new systems, or in modifying existing systems, where 

mechanisms could be retrofitted to improve environmental conditions to more closely 

match those of natural wetlands. 

 

1.2.2 Fish trophodynamics in estuaries 

Understanding estuarine food web processes helps to evaluate the conservation value 

of different wetland habitats.  In the past few decades, empirical evidence has become 

critical for managers who are being increasingly challenged to select which coastal 

wetland habitats to preserve over those that can be modified (Crossland et al. 2005, 

Orth et al. 2006).  

 

Studies examining dietary composition of consumers in estuaries have usually relied 

on visual observations in the field, laboratory experiments (Micheli 1993, Ashton 

2002) or gut content analysis (Connolly 1995, Sheaves & Molony 2000, Cocheret de 

la Morinière et al. 2003).  These studies provide opportunities to understand habitat 

resources used by fish (Platell et al. 2006), but provide only a snapshot of prey items 

consumed, which can vary over many spatial and temporal scales (e.g. Hyndes et al. 

1997).  Stomach content analysis reflects only food ingested in the last meal and not 

necessarily that which is assimilated, and for high order consumers, this technique is 

unable to assist with determining ultimate autotrophic sources of production 

(Michener & Schell 1994, Fry 2006).  

 

The use of stable isotope techniques is recognised as a useful tool to identify and trace 

energy sources in coastal systems (e.g. Peterson & Fry 1987, Loneragan et al. 1997, 

Paterson & Whitfield 1997, Vizzini & Mazzola 2002, Guest et al. 2006, Abrantes & 

Sheaves 2008).  By measuring the natural isotopic ratios (
13

C/
12

C and 
15

N/
14

N, 

expressed as δ
13

C and δ
15

N ‰ respectively) of producers and of the consumer of 



 

 13 

interest, trophic linkages can be determined in the study estuary (Fry 2006).  A major 

advantage of stable isotope studies over past dietary methods is that trophic linkages 

can be determined in consumers, including high order consumers, and also in 

situations where consumers are spatially segregated from sources.  For example, 

seagrass detritus has been shown to underpin food webs near to meadows (Connolly 

et al. 2005a, 2005b, Hyndes & Lavery 2005), and many kilometres away (Thresher et 

al. 1992).  Of the two isotopic elements typically examined (carbon and nitrogen), 

carbon is more useful for tracing the source material in food webs because it exhibits 

only slight (< 1‰) fractionation between consumers and their food items (Peterson & 

Fry 1987).  Fractionation occurs as a result of slight discrimination against the heavy 

or light isotope during chemical reactions associated with metabolic processes or 

differential diffusion of isotopes during uptake (Peterson & Fry 1987).   

 

Artificial urban waterways lack those macrophytes found in natural estuarine areas 

(Maxted et al. 1997).  In situ production that can potentially support fish is restricted 

to algal sources such as macroalgae, microphytobenthos (MPB) and phytoplankton 

and possibly terrestrial plants.  Given the mobility of organic matter in estuaries 

(Odum 1984), food webs in artificial urban waterways might conceivably also be 

supported by allochthonous inputs of macrophytes from natural wetland habitats (e.g. 

mangrove or seagrass).  Whereas previous studies have focused on presence/absence 

comparisons of assemblages of fish between natural and artificial urban waterways, 

determining the trophic processes using stable isotopes would offer greater insights 

into the ecological mechanisms operating in these urban waterways.   

 

The first investigation into fish food web processes in artificial urban waterways 

occurred several decades ago, on Marco Island, Florida (Kinch 1979).  Using stomach 

content analysis, the author found a strong similarity in the trophic habits of fish 

(ontogenetic feeding shifts) from artificial urban waterways and published data for the 

same fish species collected from nearby natural wetland areas.  While this study 

provided early insights into food webs operating in artificial urban waterways, it did 

not determine basal energy and nutrient source/s.   

 

In artificial urban waterways on the Gold Coast, Australia, Morton (1989) suggested 

that fish must rely on in-situ production (i.e. plankton, macroalgae) because the 
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assemblage was dominated by planktivore/microcarnivore species.  This model was 

not tested until Connolly (2003) used carbon stable isotopes to investigate food web 

processes in many of the same artificial urban waterways investigated by Morton 

(1989, 1992).  Connolly (2003) found that the snub-nosed garfish 

(Arrhamphus sclerolepis; Hemiramphidae) in artificial urban waterways had 

completely different autotrophic sources to conspecifics collected from natural 

waterways.  Yellowfin bream (Acanthopagrus australis) and whiting (Sillago ciliata), 

however, had only small differences in δ
13

C signatures between natural and artificial 

urban waterways.  The results for A. australis and S. ciliata indicate that the trophic 

pathway for these fish is probably similar in both habitats.  The large isotope 

difference for A. sclerolepis indicates that at least some fish species in artificial urban 

waterways rely on different autotrophs from that of natural habitats.  While Connolly 

(2003) provided the first insights into the trophodynamics of fish in artificial urban 

waterways, the uptake route of carbon (i.e. direct consumption of autotrophic sources, 

or trophic intermediates) and whether the trophic strategy is the same in natural and 

artificial urban waterways is unknown. 

 

1.2.3 Fish pollution in estuaries 

Another factor affecting global fish stocks is pollution from urban regions (Lawrence 

& Elliott 2003).  In response to high rates of anthropogenic activities (i.e. industry, 

mining, shipping/ports, urban development), estuaries are becoming chronically 

contaminated in many places (Heath 1995, Blaber 1997, Kennish 2002).  Fish in 

estuaries require a good standard of water and sediment quality and the presence of a 

single or a mixture of toxic pollutants affects these organisms in different ways (e.g. 

physiology, pathology, genetic, behaviour; Marchand et al. 2002).  Since fish can 

accumulate pollutants available in the water column or in sediments in the tissues of 

their body, they have been a useful early warning of environmental problems in 

estuaries.  They are also highly targeted by recreational and commercial operations 

compared to other marine organisms, making them a suitable test organism in coastal 

pollution studies (Elliott et al. 1988, Whitfield & Harrison 2008).   

 

The extent of enrichment of pollutants in fish and, therefore, the uptake route can be 

determined by examining metal concentrations in different organs (Kraal et al. 1995).  

Because estuarine fish have different feeding modes, habitat preferences and lifecycle 
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stages, the relative importance between pathways of pollutant uptake often remains 

uncertain (Dallinger et al. 1987).  The uptake pathway of pollutants in fish occurs 

either indirectly via consumption of contaminated prey or ingested sediment, or 

directly via waterborne routes of exposure (Bervoets et al. 2001).  A high contribution 

of waterborne metals is typically reflected in high concentrations in the gills of fish, 

whereas accumulation of diet-bound metals shows up as high concentrations in the 

liver of fish (Bervoets et al. 2001).  In addition to chemical analysis of water and 

sediment, many pollution studies in estuaries now include analyses of concentrations 

in the gill and liver tissue of fish to determine the relative impacts of anthropogenic 

activities and their fate on coastal fisheries (Al-Yousuf et al. 2000, Kirby et al. 2001, 

Alquezar et al. 2006).    

 

Like natural estuaries, artificial urban waterways receive a mix of untreated and 

unprocessed pollutants from urban runoff (Maxted et al. 1997, Kruczynski 1999, 

Waltham 2002, Burton et al. 2005).  These urban waterways would seem to have a 

greater potential for accumulation of contaminants, particularly in dead-end areas with 

limited tidal exchange and in artificial tidal lake systems, compared to open and well 

flushed estuaries.  Accumulation of pollutants in the sediment of artificial urban 

waterways in Delaware and Maryland, USA, has been documented by Maxted et al. 

(1997).  In that study, the authors reported significantly higher concentrations of 

contaminants, particularly of copper (Cu), lead (Pb), zinc (Zn) and some pesticides 

(e.g. DDT, dieldrin), in the sediments of artificial urban waterways than in adjacent 

open coastal bays.  A similar pattern has been shown in artificial urban waterways 

elsewhere.  In a study of open flow-through artificial urban waterways on the Gold 

Coast, Australia, Burton et al. (2005) reported enriched Cu, Pb and Zn sediment 

concentrations, and in the case of Cu and Pb, concentrations failed national 

guidelines.   

 

While it seems that artificial urban waterways are more susceptible to contamination 

than natural estuaries, I have not been able to find any study that has investigated 

whether fish in urban waterways are more contaminated than individuals of the same 

species found in natural estuaries.  If fish are, in fact, more contaminated in urban 

waterways, then these habitats are not such a useful alternative to coastal habitat, and 

the premium prices paid by residents is simply for the view.  Further, there has been 
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no investigation into whether the design change from open canals to tidal restricted 

urban lakes increases contamination of fish. 

   

1.3 Overall rational of the thesis 

To effectively conserve and protect biodiversity of wildlife communities requires 

sound scientific understanding of ecological processes and responses to disturbances 

(Savard et al. 2000).  There is an important need for more research to clearly 

determine how well urban habitats mimic natural systems.  In the few studies to date, 

urban habitats such as wharfs, pontoons, marinas and breakwater walls have been 

shown to support many of the same local fish species found over nearby natural 

habitats (e.g. Bohnsack & Sutherland 1985).  However, other studies report the 

opposite pattern, suggesting that these new habitats are not an effective substitute for 

the natural habitat replaced, and that urbanisation leads to overall habitat loss (Clynick 

et al. 2008).    

 

There are few scientific data on ecological processes in artificial urban waterways.  

Government agencies in North America have recognised this and, in response, have 

recently begun preparing water quality protection programs in an attempt to reverse 

the trend of environmental degradation caused by construction of artificial urban 

waterways.  For example, a protection program has been prepared in Florida Keys, 

and a major management recommendation is to implement best land management 

practices for all new residential areas, but to also retrofit similar practices to existing 

urban areas.  This will assist in reducing pollutant loads reaching nearby urban 

waterways and, ultimately, the coastal zone more broadly (Mactec 2003).   

 

In Australia, the construction of artificial urban waterways is banned in the state of 

NSW because of the environmental concerns government authorities have about this 

form of urban development (Lincoln Smith et al. 1995).  However, at the same time, 

construction is increasing in other Australian states (e.g. Western Australia; Glynn 

2007).  Further artificial urban waterways are also planned on the Gold Coast under 

development approvals from as long as 20 years ago (Gold Coast City Council 

unpublished data), and more could potentially be approved under existing Queensland 

state legislation (i.e. Coastal Protection and Management Act 2003).  Under this 

legislation, approval for the construction of artificial urban waterways (canals or 
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lakes) is generally not supported, but approval can be granted subject to adequate 

demonstration that the new development will not impact significantly on the adjacent 

receiving waterway.  It is not clear what scientific data is necessary in order to 

demonstrate whether a new waterway would extend available habitat, however, 

managers seem content with the provision of similar water quality conditions to the 

downstream waterway (Johnson & Williams 1989).  

 

It is intended that this thesis will provide coastal managers with new ecological 

information about artificial urban waterways, and in particular, build on existing 

knowledge that is drawn largely from research published 30 years ago in North 

America.  I have focused my research on the City of the Gold Coast, in southeast 

Queensland, partly because of the extent of urban waterways there, but also because 

of the strong interest by the local government in further scientific data to assist with 

the management of the existing network of systems. 

 

1.4 Structure of the thesis 

The expansion of artificial canal estates increases the tidal prism and erosion of 

downstream residential properties.  The shift in the design of artificial urban waterway 

construction from canal estates to artificial tidal lakes with limited/reduced tidal 

exchange was investigated in Chapter 2 to test the model that the design change from 

canals to lakes results in different fish assemblages, for example, through restricted 

access by fish to these newly created urban waterways.  Chapter 3 examined whether 

the spatial arrangement of fish in an extensive tidal artificial lake system can be 

defined by local environmental factors.  Chapter 4 used a combination of stable 

isotopes and stomach content analysis to examine whether the trophic strategy of 

garfish (Arrhamphus sclerolepis) in artificial urban waterways is to rely on 

autotrophic sources different to that in natural wetlands.  Chapter 5 employed carbon 

stable isotopes to determine the importance of distance to autotrophic sources in the 

nutrition of mud crabs (Scylla serrata) in natural waterways, and whether this pattern 

is similar in artificial urban waterways.  Chapter 6 examined the contamination and 

uptake pathways of metals in fish with different feeding strategies in natural and 

artificial urban waterways.  Chapter 7 summarises the main findings of the thesis, 

placing them in a broader comparative framework and discusses the theoretical and 

management implications of the findings.   
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These chapters are intended to provide a logical progression of experiments towards 

an overall conclusion, but there is also an intention to publish each chapter.  Chapter 2 

and 4 are published, and are presented here with only minor alterations for 

consistency of style in the thesis.  Note, however, that to avoid substantial changes to 

the text where a chapter has been published, section headings remain as published and 

therefore vary from those used in other chapters of this thesis.  The co-author on both 

publications is my supervisor, who provided scientific advice and editorial guidance. 

 

Chapters already published are: 

 Chapter 2.  Waltham NJ, Connolly RM (2007) Artificial waterway design 

affects fish assemblages in urban estuaries.  J Fish Biol 71:1613-1629 

 Chapter 4.  Waltham NJ, Connolly RM (2006) Trophic strategies of 

garfish, Arrhamphus sclerolepis, in natural coastal wetlands and artificial 

urban waterways.  Mar Biol 148:1134-1141 
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Chapter 2.  Artificial waterway design affects fish assemblages in urban estuaries 

 

2.0 Abstract 

Fish were collected from residential canal estates leading directly off natural estuaries 

and artificial lakes with control tidal exchange in southeast Queensland, Australia, to 

test the model that the difference in artificial urban waterway design affects fish 

assemblages.  A total of 17 779 fish representing 52 species was caught, including 23 

species of economic importance (45% of the catch).  Total fish abundance and species 

richness differed little among sites within or between the two artificial urban 

waterways (canals and lakes) in either season sampled (winter, spring).  Multivariate 

analysis showed, however, that assemblages differed among sites within the same 

artificial urban waterway.  The differences were best explained by the distance sites 

were from open water, while salinity, water temperature and dissolved oxygen 

explained little of the variability.  Most species were found in canals and lakes, but 

there were enough differences in composition between the habitats to detect a 

difference in both seasons (significant ANOSIM tests).  Salinity was lower in lakes 

because of the tidal restrictions, and while this was only weakly correlated with 

differences in fish assemblages, it had the most explanatory power of any 

environmental variable.  New recruits arrived later in lakes than canals, perhaps 

because of the barriers to tidal flow.  A survey the following year showed that 

differences among individual lakes were consistent through time, offering insights 

into the influence of different tidal barriers on fish assemblages.  The design change 

from canals to lakes has a minor influence on fish assemblages and alters the timing 

of recruitment.  
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2.1 Introduction 

Increasing human population is placing pressure on coastal fish habitat in many places 

around the world (Cohen et al. 1997).  Among the many anthropogenic perturbations 

affecting estuarine environments (e.g. overfishing, freshwater diversion, 

sedimentation, dredging), the most tangible is the uncontrolled expansion of 

residential development in coastal areas (Kennish 2002).  In particular, property 

developers are excavating or claiming areas of natural wetland habitat to extend the 

limited areas of usable waterfront land by constructing artificial urban waterway 

developments (Baird et al. 1981, Lincoln Smith et al. 1995, Maxted et al. 1997).  An 

obvious consequence of these created urban waterways is the fragmentation or loss of 

coastal wetland habitats (Lee et al. 2006).  This raises concerns about the ecological 

value of these constructed waterways and their role as fish habitat in the coastal zone 

(Rozas 1992, Connolly 2003).   

 

Artificial urban waterways differ from the shallow estuarine habitats they replace.  

Water quality is generally poorer in artificial urban waterways because of their greater 

depth, and because they usually receive untreated urban stormwater runoff and have 

limited water circulation (Maxted et al. 1997, Waltham 2002).  They also lack the 

conspicuous macrophytes of natural vegetated wetlands.  Artificial urban waterways 

are considered to offer some habitat value for local fisheries by extending the amount 

of available estuarine habitat (Baird et al. 1981, Morton 1992).  This extent is 

becoming increasingly evident in situations where they are created in terrestrial rather 

than aquatic environments (Zigic et al. 2005).  A survey of a canal system in southeast 

Queensland shortly after it was constructed showed that the suite of fish in canals was 

similar to that of the unvegetated channel in a natural estuary (Morton 1989).  

However, in spite of the extent of artificial urban waterway systems in certain 

locations, differences in fish assemblages between natural and artificial estuarine 

habitats have rarely been assessed, and the usefulness of artificial urban waterways 

cannot be stated with any confidence.       

 

In many places, these created urban waterways can provide an order of magnitude 

extension to the amount of coastal wetland habitats available to fish.  Australia has the 

greatest expanse of residential canal estates in the world, with around 440 km of linear 

urban waterways.  By comparison, Florida Keys residential estates provide 175 km of 
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linear habitat (Mactec 2003).  Residential canals have also been built in other states of 

the USA (e.g. California, Texas), but the linear extent is smaller there, typically less 

than 15 km, as it is in other places such as South Africa (Baird et al. 1981), United 

Arab Emirates (Chapter 1), and even Venice (40 km linear habitat; Dabala et al. 

2005).  In Australia, the Gold Coast in southeast Queensland has the most canals.  For 

example, canal estates have increased the linear extent of the Nerang River estuary 

from an original 20 km to over 150 km (Chapter 1).  

 

In Queensland in recent years it has been recognised that canal estates have caused 

hydraulic problems.  The expansion of the Nerang River estuary, for example, has 

increased the tidal prism, causing erosion to downstream residential properties (Zigic 

et al. 2005).  In order to circumvent similar hydraulic problems on other waterways in 

southeast Queensland where waterfront developments are planned, property 

developers have been forced by legislation to instead build lake developments with a 

tidal barrier (e.g. locks, weirs, gates, pipes; Environmental Protection Agency 2005).  

The design change to artificial lakes allows further property developments while only 

marginally increasing the tidal prism of local waterways (Zigic et al. 2005).  The 

quality of these lakes as fish habitat might be affected by restrictions on fish access 

due to tidal barriers, or other hydrological differences such as the greater depth of 

lakes.  Fish assemblages in the lakes have not previously been studied, so to date no 

comparison with canal fish assemblages has been possible.  

 

The construction of barriers can prevent fish movement between different habitats in 

fresh (Morita & Yamamoto 2002) and estuarine waters (Rozas 1992).  In coastal areas 

the type of fish barrier design is important (Cattrijsse et al. 2002).  This has been 

shown in Louisiana, USA, where permanently open or partially open channels dug for 

oil and gas pipes allow fish access to adjacent marsh habitats, while closed channels 

totally restrict fish movement (Neill & Turner 1987).  Another implication is that 

water quality in upstream reaches can be adversely affected by reduced tidal 

exchange.  Pollard and Hannan (1994) examined estuarine fish assemblages upstream 

and downstream of flood mitigation barriers in the Clarence River, Australia.  They 

found that fish assemblages above the gates were dominated by freshwater species, 

because of lower salinity, compared to typical estuarine assemblages below the gates.  

In this example, Pollard and Hannan (1994) recommended structural modifications to 
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barriers to improve water quality in the upper estuary and enable greater access to the 

previously unavailable estuarine fish habitat.  Similar efforts to reconnect these 

modified wetlands to the coastal zone have occurred in USA (Burdick et al. 1997, 

Haltiner et al. 1997) and Europe (Wolter & Arlinghaus 2003). 

 

In the current study, fish were collected from the two artificial estuarine habitats, 

canals and lakes, to test the model that the design change from canals to lakes results 

in different fish assemblages, for example through restricted access.  In the following 

year, fish were collected from several of the same artificial lakes to investigate 

whether patterns in fish assemblages were consistent from year to year.  Ultimately 

the study is intended to provide coastal managers with information to assist in the 

management and planning of developments in coastal urban waterways. 

 

2.2 Methods 

2.2.1 Sites and sample collection  

Fish were collected during the day in austral winter (July) and spring (October), 2001, 

from five canals and five lakes, each with 4 replicate sites, in southeast Queensland, 

Australia (Fig. 2.1).  Each location (canal or lake) was a different distance from the 

open waters of Moreton Bay (from 0.7 to 18.0 km, measured using GIS-based 

software on digital maps, and taken as the shortest route by water between each 

location and the open waters of the bay).  Canals and lakes have a homogeneous 

shoreline and benthic substratum of sand/mud and they are deeper (7–8 m) than 

adjacent natural estuaries (1–3 m), though lakes are far deeper (7–28 m) and wider 

(60–700 m) than canals (30–150 m) because of flood water storage requirements 

(Waltham 2002).  The lakes had different mechanisms for reducing tidal exchange 

(concrete pipes of about 1 m diameter, shallow concrete sills, and modification of soft 

sediment entrance width and depth).  In a second study in 2002, fish were collected 

from three of the five lakes, again in July and October.  These three lakes are part of 

the Burleigh Lakes system, the largest and most extensive artificial lake system in 

southeast Queensland (280 ha of open water).  Fish were collected at all sites over 

unvegetated, soft-sediment edges of artificial urban waterways using a large (70 m x 

4 m, 18 mm stretch mesh) and small (2 m x 1 m, 1 mm stretch mesh) seine net; 

catches from the two nets were pooled to make the sample.  Fish were identified, 

counted and a random selection (up to 20 individuals) of each species was measured 
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 A 

to the nearest mm (TL).  Salinity, temperature and dissolved oxygen were measured at 

each site with a calibrated water quality multiprobe, 1 m below the surface (edge areas 

are generally well mixed compared to deeper areas of artificial urban waterways 

which are stratified; Morton 1992).    

 

 

 

 

 

 

 

 

 

 

 

 

  

  

 

 

 

 

 

 

 

   

Figure 2.1. Southern Moreton Bay showing extent of artificial urban waterways 

(black) and natural estuaries (white). Canals ( ); P Paradise Point, H Hollywell, 

R Runaway Bay, S Sorrento Waters, M Mermaid Waters. Lakes ( ); V 

Sovereign Waters, L Lake Intrepid, A Miami Lake, B Heron Lake, W Swan 

Lake.   

 
 

 

 

2
7

o
9

3
`S

 

2 km 

  (B) (A) 

V 

R 

 M 

S 

P 

B 

 W 

    Seaway 

Nerang 
River 

 20 km 

2 km 

(A) 

153
o
42`E 

H 

Moreton  
Bay 

(B) 

 L 

  
(B) 



 

 24 

 

2.2.2 Data analysis 

Abundances (all species combined, and species for which > 20 individuals were 

caught) and species richness were analysed using a nested ANOVA to test for 

differences between habitats, and among locations within habitats, in each season.  

Data were tested for homogeneity of variance and normality prior to analysis and 

transformed using log10x where necessary.  Non-metric multidimensional scaling 

(NMDS) was used to ordinate groups from biotic similarity matrices using the Bray-

Curtis index, on both raw and presence/absence (p/a) data.  Differences in fish 

assemblages: 1) among locations in canals and lakes separately; 2) between the two 

habitats; and 3) between years in Burleigh Lakes system, across the two seasons in 

each case, were tested for significance using a two-factor analysis of similarities 

(ANOSIM; Clarke 1993).  When significant differences were detected, the R-statistic 

was used to determine the extent of the difference, and Similarity Percentages 

(SIMPER) elucidated which species contributed most to the difference (based on 

having a high mean/SD ratio; Clarke 1993).  BIOENV was used to assess 

relationships for single or combinations of environmental factors (the three 

physicochemical factors plus distance to open water) with the composition of the fish 

assemblage, using the weighted Spearman coefficient (ρw) recommended by Clarke 

and Ainsworth (1993).  Length frequency distributions for the common (present at > 5 

sites), economically important species in canals and lakes were compared using 

Kolmogorov-Smirnov tests.  

 

2.3 Results 

2.3.1 Environmental conditions 

Water was warmer in spring than winter, but was similar in canals and lakes (Table 

2.1).  Canals had higher salinity than lakes, with a difference of 11 and 7 in winter and 

spring, respectively.  Dissolved oxygen concentrations were higher in winter than 

spring for both habitats, and canals had consistently lower concentrations than lakes.  
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Table 2.1. Water quality conditions (mean with +SE in parenthesis) in canals and 

lakes in 2001 during winter and spring (N = 20).  Values within rows having 

different letters are significantly different according to Tukey’s post hoc test 

(P < 0.05). 

 

 

2.3.2 Species composition  

In the first study, 17 779 fish representing 52 species were caught (Table 2.2).  

Twenty-three of the species are of economic importance in the region, representing 

about 45% of the total catch.  The most abundant species were 

Herklotsichthys castelnaui, Gobiopterus semivestitus, Gerres subfasciatus and 

Ambassis jacksoniensis with respective contributions of 15.4, 13.4, 11.7 and 11.4%. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Variable 

Winter  Spring 

 Canal Lake   Canal Lake 

 Temperature (
o
C)  18.3 (0.4)

b
 18.7 (0.2)

b
   22.2 (0.2)

a
 23.5 (0.2)

a
 

 Salinity  30.1 (0.6)
a
 19.6 (1.2)

c
   29.9 (0.6)

a
 22.3 (0.9)

b
 

 Dissolved oxygen (mg/L)    7.3 (0.2)
b
   8.1 (0.2)

a
     6.9 (0.2)

c
   7.5 (0.2)

b
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Table 2.2. Relative abundance (%) of the common fish species, total abundance 

and species richness in canals and lakes caught during winter and spring in 2001.  

Numbers in parentheses are +SE.  (-) no catch; (*)
 
economically important 

species; (na) no common name. 

 

 

  Canal Lake 

Family/ species name Common name Winter Spring Winter   Spring 

AMBASSIDAE      

Ambassis jacksoniensis  Port Jackson glassfish 18 28 2 1 

Ambassis marianus  Yellow perchlet  2 3 3 2 

CARANGIDAE      

Scomberoides lysan * Queenfish  < 1 < 1 1 - 

CLUPEIDAE      

Herklotsichthys castelnaui * Southern herring  24 8 1 25 

Nematalosa erebi * Bony bream  2 < 1 10 1 

ELEOTRIDAE      

Philypnodon grandiceps  Flat headed gudgeon  < 1 < 1 3 5 

GERREIDAE      

Gerres subfasciatus * Common silver belly  18 24 4 2 

GOBIIDAE      

Favonigobius exquisitus  Exquisite sand-goby  3 5 20 28 

Favonigobius lateralis  Long finned goby  5 - 2 - 

Gobiopterus semivestitus  Glass goby  16 7 8 20 

Redigobius macrostoma  Large mouth goby  < 1 - 5 1 

HEMIRAMPHIDAE      

Arrhamphus sclerolepis * Snub nosed garfish  2 < 1 < 1 < 1 

PSEUDOMUGILIDAE      

Pseudomugil signifer  Pacific blue eye  < 1 - 14 3 

MUGILIDAE      

Liza argentea * Tiger mullet  1 7 4 1 

Mugil cephalus * Sea mullet  2 3 6 2 

Myxus elongatus * Sand mullet  < 1 1 < 1 - 

Valamugil georgii * Fantail mullet  1 < 1 < 1 < 1 

PLATYCEPHALIDAE      

Platycephalus fuscus * Dusky flathead  < 1 < 1 < 1 < 1 

SCATOPHAGIDAE      

Selenotoca multifasciata  Striped butterfish  < 1 1 < 1 < 1 

SILLAGINIDAE      

Sillago ciliata * Summer whiting < 1 3 < 1 2 

Sillago maculata * Trumpeter whiting  < 1 1 < 1 - 

SPARIDAE      

Acanthopagrus australis * Yellowfin bream  2 5 6 2 

Rhabdosargus sarba * Tarwhine  < 1 < 1 1 < 1 

TETRAODONTIDAE      

Tetractenos hamiltoni  Common toadfish  < 1 1 < 1 < 1 

      

 Total number of fish    5 651 3 314      4 598 4 216 

 Total number of fish species         43     38           35     33 

 Average total abundance 278 (31) 209 (50)  205 (47) 164 (22) 

 Average species richness 10 (< 1)    9 (1)   10 (< 1)    7 (1) 
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2.3.2 Comparison of fish assemblages among locations within habitats  

Fish assemblages differed among canals, with a consistent pattern across seasons 

(same pattern for raw data and p/a, only p/a shown: ANOSIM, season, global 

R = 0.07, P = 0.231, location, R = 0.46, P < 0.029; Fig. 2.1a).  Pairwise comparisons 

showed Mermaid and Sorrento to be well separated from other canals (ANOSIM, 

P < 0.015 in all cases), with Runaway Bay, Hollywell and Paradise Point supporting 

similar fish assemblages (all P > 0.057).  Ambassis jacksoniensis was a good 

separator of canals with higher abundance in Mermaid than all other canals 

(SIMPER).  Distance from open water was the best predictor of differences among 

canals, with slighter fewer species and total abundance of fish in canals furthest from 

open water compared to those located adjacent to open water (ρw = 0.52). 

 

Fish assemblages also differed among lakes, with a consistent pattern across seasons 

(same patterns for raw and p/a data, only p/a shown: ANOSIM, season, global 

R = 0.06, P = 0.298, location, R = 0.58, P < 0.022; Fig. 2.2b).  Pairwise comparisons 

showed Sovereign Waters and Swan Lake to be well separated from other lakes and 

each other (ANOSIM, P < 0.043 in all cases).  Assemblages in Heron Lake were also 

significantly different from those of other lakes, but were closer to Lake Intrepid and 

Miami Lake, two lakes with similar assemblages (P > 0.086), while Heron Lake was 

intermediate among lakes (ANOSIM, P < 0.030 in all cases).   

 

Gobiopterus semivestitus was a good separator of lakes with higher abundance in all 

lakes except Sovereign and Swan Lake (SIMPER).  Distance from open water was the 

best predictor of differences among lakes, with slightly fewer species and total 

abundance of fish in lakes furthest from open water compared to those located 

adjacent to open water (ρw = 0.49).  

 

2.3.3 Comparison of fish assemblages and fish sizes between habitats  

There was a consistent difference in fish assemblages between canals and lakes across 

seasons (similar pattern for raw and p/a data, only p/a shown: ANOSIM, seasons, 

global R = 0.01, P = 0.377, habitat, R = 0.47, P = 0.043; Fig. 2.2c).  The difference 

between habitats was attributable to greater abundances of Gerres subfasciatus and 

Myxus elongatus in canals, and greater abundances of Redigobius macrostoma and 

Nematalosa erebi in lakes (SIMPER; Fig. 2.3).  Differences among locations was best 
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explained by salinity (ρw = 0.69), and given that salinity was usually lower in lakes, 

this also underlies the difference between habitats.  

 

Overall, fish abundances and species richness did not vary strongly between habitats, 

but locations within habitats sometimes varied significantly.  In winter, total 

abundance and species richness did not differ significantly between habitats or among 

locations within habitats (total abundance nested ANOVA: habitat, F1, 8 = 1.39, 

P = 0.272, location (within habitat) F8, 30 = 0.71, P = 0.687; species richness: habitat 

F1, 8 = 0.81, P = 0.396, location (within habitat) F8, 30 = 1.87, P = 0.103).  In spring, 

total abundance and species richness differed among locations but not between 

habitats (total abundance nested ANOVA: habitat F1, 8 = 0.11, P = 0.742, location 

(within habitat) F8, 30 = 12, P = 0.001; species richness: habitat F1, 8 = 2.91, P = 0.127, 

location (within habitat) F8, 30 = 3.89, P = 0.003).  Differences in total abundances and 

species richness among locations within habitats in spring were due to an overall 

lower catch (abundance and richness) in Sovereign Waters than other lakes.  This 

resulted in the obvious separation of this location on the ordination plot (Fig. 2.2c).  

Univariate differences were not significant in winter, and although Sovereign Waters 

was separate again on the ordination plot, it was closer to other locations than in 

spring.    
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Figure 2.2.  Two dimensional MDS ordination plot based on presence/absence 

data in 2001 for canals, lakes and combined habitats.  Seasons combined in all 

plots, labels are same as shown in Figure 2.1.  Diameter of circle is proportional 

to distance from open water in canal and lake MDS with smallest circle = 0.7 km, 

largest = 18 km; for combined habitat MDS diameter of circle is salinity with 

smallest circle = 10, largest = 33.   
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Figure 2.3.  Mean densities (+SE) of key species in 2001 in canals and lakes.  

Seasons are presented separately to illustrate the consistent difference between 

habitats.  N = 5 locations for each habitat. 
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The sizes of fish varied between habitats in many instances (Table 2.3).  In winter, 

there was a lower proportion of small individuals (new recruits) in lakes than canals 

for several species, resulting in a larger average size in lakes (Gerres subfasciatus, 

Herklotsichthys castelnaui, Rhabdosargus sarba, Liza argentea and 

Nematalosa erebi).  By spring, the smallest cohorts absent in winter were evident in 

lakes, and several species were therefore larger on average in canals 

(Acanthopagrus australis, Sillago ciliata, H. castelnaui, L. argentea and N. erebi).  

The later recruitment of the smallest cohort is shown for L. argentea (Fig. 2.4).  

 

 

Table 2.3.  Results of Kolmogorov-Smirnov tests comparing the length 

distributions between canals and lakes in 2001 of the most common economically 

important species.  Letters in parenthesis indicate the artificial urban waterway 

with longer fish. 
 
(-) too few fish, (ns) not significant, (*) < 0.05, (***) < 0.001. 

 
 

Species Winter Spring 

  Acanthopagrus australis ns *** (C) 

  Sillago ciliata ns * (C) 

  Mugil cephalus ns *** (L) 

  Gerres subfasciatus *** (L) *** (L) 

  Herklotsichthys castelnaui *** (L) *** (C) 

  Arrhamphus sclerolepis ns         - 

  Sillago maculata ns         - 

  Rhabdosargus sarba *** (L)         - 

  Liza argentea * (L) * (C) 

  Nematalosa erebi * (L) * (C) 
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Figure 2.4.  Length frequency distributions for Liza argentea, one of the species 

showing differences between habitats, in 2001. 

 

2.3.4 Inter-annual patterns in fish assemblages in Burleigh Lakes system  

In the Burleigh Lakes system, there was no significant multivariate difference 

between seasons, but there was a clear difference between years (2-way ANOSIM, 

season, global R = 0.06, P = 0.273, year, R = 0.46, P = 0.038; Fig. 2.5).  The 

separation of years was due to a higher catch rate of Philypnodon grandiceps in 2001, 

while Pandaka lidwilli was more prevalent in 2002 (Fig. 2.6).  Salinity best explained 

patterns among locations (ρw = 0.28), and given that salinity was higher in 2002 

(range 21–31) across locations than 2001 (10–24), this also explains differences 

between years. 

 

 

  80 

  60 

  40 

  20 

    0 

  80 

  60 

  40 

  20 

    0 
   4     8     12  16     20   24    28     32 

  Winter 

Total length (cm) 

R
e

la
ti
v
e
 f
re

q
u

e
n
c
y
 (

%
) 

  Spring 

 Canal 

 Lake 



 

 33 

      

 

 

 

 

 

 

 

 

 

Figure 2.5.  Two dimensional MDS ordination plot based on presence/absence 

data for Burleigh Lakes system in 2001 (01) and 2002 (02).  Seasons are 

combined within years. Diameter of circle is proportional to salinity with 

smallest circle = 11, largest = 33.  
 
 
 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 2.6.  Mean densities (+SE) of key species in Burleigh Lakes system.  
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2.4 Discussion 

2.4.1 Fish assemblages in artificial urban waterways 

Artificial canals and lakes both supported a wide variety of fishes, including many 

estuarine species of economic importance that also occur within natural wetlands in 

the region.  Although differences in the fish assemblages of artificial and natural 

systems have not been quantified, the obvious difference is that artificial urban 

waterways lack those species that are specific to certain natural, vegetated habitats.  

For example, several species of pipefish (Syngnathidae) are common in seagrass 

meadows of Moreton Bay adjacent to the artificial urban waterways studied here 

(Johnson 1999, Takahashi et al. 2003), yet none has been recorded in the artificial 

urban waterways.  This supports the conclusion of several studies that artificial urban 

waterways probably contribute to fisheries production in much the same way as 

unvegetated areas of natural estuarine reaches (e.g. Trent et al. 1972, Weinstein et al. 

1977, Baird et al. 1981, Morton 1989).  Where artificial urban waterways have 

replaced shallow, vegetated wetlands, the outcome is more likely to be one of a net 

loss in fisheries production (Maxted et al. 1997).  Early developments in southeast 

Queensland were constructed from such shallow wetlands.  In southeast Queensland 

this practice is no longer condoned, however, and artificial urban waterways are now, 

in the main, required to be constructed from terrestrial habitat.  Estuarine systems 

created in this fashion presumably provide an extension to the amount of unvegetated 

estuarine habitat for fish. 

 

2.4.2 Variability within the same artificial urban waterway type 

Clear differences occurred in fish assemblages among different locations within the 

same artificial urban waterway type.  Patterns in differences among locations were 

best explained by the distance from open water.  Canals and lakes located similar 

distances from the open waters of Moreton Bay grouped together on ordination plots 

because they had a similar suite and total abundance of fish, while systems located 

much further or closer to open water supported different assemblages.  Variability 

among fish assemblages at different sites within an artificial urban waterway type has 

been shown previously.  In the study of a single artificial canal system in New South 

Wales, Australia, fish assemblages varied among sites, and in that study, too, the 

differences were considered to be related to the distance from open water (Lincoln 

Smith et al. 1995).  This apparent effect of distance from open waters on fish 
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assemblages has implications for fish utilisation.  Evidence from natural estuaries 

shows that with increasing distance from open coastal waters, the contribution of 

marine fishes to the assemblage is minimal, instead it is dominated by a few, typically 

freshwater, fish species (West & King 1996, Wagner 1999).  A similar trend is 

evident in lakes and canals in the present study, and will probably become more 

pronounced because of the trend in southeast Queensland to connect new systems to 

the furthest reaches of existing networks (Zigic et al. 2005).  

 

Several water quality variables have been shown to influence fish distributions in 

estuaries, with the most commonly reported being water temperature, salinity and 

dissolved oxygen (e.g. Blaber & Blaber 1980, Loneragan et al. 1987, Marshall & 

Elliott 1998, Whitfield 1999, Martino & Able 2003, Barletta et al. 2005).  In this 

study, water quality variables explained little of the variability among locations within 

lakes and canals.  This is in itself an interesting finding, given that water quality in 

artificial urban waterways is highly variable (Maxted et al. 1997, Kruczynski 1999).  

Locations in the current study were placed haphazardly within the overall extent of 

available habitat, and locations such as dead-end areas that have reduced water 

exchange and therefore likely to have the poorest water quality were not well 

represented.  Future focus on the differences among locations within canal and lake 

systems is warranted, and it is recommend that locations with poor water quality and 

circulation be specifically included. 

 

2.4.3 Implications of design change on artificial urban waterways 

While the design change from canals to lakes has resolved the hydraulic concerns 

associated with extending these created waterways (Zigic et al. 2005), it would seem 

also to have resulted in a change in the fish assemblages populating these urban 

waterways.  While many of the fish species present in canals were also found in lakes, 

some fish species were present in one habitat and not the other.  Whilst it is possible 

that the pattern of fish assemblages is independent of connection because, for 

example, fish spawn in lakes, it seems more likely that this pattern is a response to the 

limited tidal exchange of lakes, which causes salinity in lakes to be more strongly 

affected than canals.  Although many estuarine fishes are able to tolerate the full 

salinity range of an estuary, only a small subset of these species can tolerate extended 

periods of very high or low salinity (Kennish 1990).  In the local context, for example, 
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Nematalosa erebi is found mostly over backwaters of coastal floodplains with low 

salinity (Allen et al. 2003).  It is not surprising, therefore, that this species occurred 

predominantly in lakes in the current study, and contributed strongly to the difference 

in assemblages between canals and lakes.  Certain estuarine fishes are also known to 

occur in ponded rather than flowing waters (Strydom et al. 2003), and a difference in 

current might directly affect fish assemblages in the two habitats.  One aspect of the 

fish assemblage requiring further research is the differential distribution of 

piscivorous fishes between canals and lakes, particularly given that the gear used here 

would not effectively include this component of the assemblage.  

  

Despite the restricted tidal exchange between lakes and downstream reaches of the 

estuary, during prolonged periods of low freshwater runoff from rainfall, lakes can 

experience higher salinities more similar to canals (Waltham 2002).  Salinity in 

Burleigh Lakes was higher in 2002 than in 2001, and while many of the fish species 

were present in both years under the different salinity regimes, some species were 

absent in 2002, leading to a detectable separation of years in ordination plots.  This 

supports the understanding that subtle differences occur among assemblages in these 

artificial urban waterways.  The majority of fishes are able to tolerate the range of 

salinity conditions encountered in these urban waterways.  A few species are sensitive 

to prolonged periods of either high or low salinities, however, and it is the presence 

and absence of these species that drives differences in assemblages.  The salinity of 

waterways with urbanised catchments potentially changes rapidly after rainfall (Walsh 

2004), a factor no doubt underlying the rapid salinity changes in lakes previously 

measured in southeast Queensland (Waltham 2002).  Rapid salinity changes following 

high freshwater input have been shown to cause sudden reductions in the diversity and 

abundance of fish in the Swan River estuary, Western Australia, followed by the slow 

return of many fish species as salinity again increased during dry periods 

(Kanandjembo et al. 2001).  Further research is required to determine whether this 

same pattern occurs in urban lakes following heavy rainfall events, in particular 

focusing on whether fish are absent because of migration or mortality.  

 

Sovereign Waters Lake was an exception to the overall pattern because it consistently 

supported fewer fish than any other lake or canal system.  Tidal flow to Sovereign 

Waters Lake is particularly restricted, occurring via a single, relatively small concrete 
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pipe (1 m diameter).  While this tidal control device achieves the intended hydraulic 

outcome (Development Consulting 1999), it might be having a greater effect on fish 

passage than the barriers used in other artificial lakes studied here.  After many years 

of tidal modifications in coastal wetlands areas of the USA, attempts have been made 

to restore these once natural wetlands by partially or completely removing tidal 

barriers (Burdick et al. 1997, Callaway & Zedler 2004).  This process of habitat 

restoration has been shown to improve the tidal exchange and subsequently water 

quality in upstream areas, and it has also given estuarine fish greater access to 

previously unavailable habitats.  The extent of tidal restriction, and therefore also of 

fish access, should be taken into consideration in the design of artificial urban 

waterways, with a view to maximising the utilisation of artificial urban waterways by 

fish. 

 

Perhaps the most significant influence of the design change is the apparent delay in 

the arrival of new recruits for several key species.  Each lake examined here has a 

different mechanism for controlling tidal exchange but, compared to canals, all 

showed a consistent pattern of delayed arrival of new recruits.  This bottleneck effect 

on fish movement has been shown in the inland channels of Europe where flow 

restriction devices have held back the arrival of fish species migrating to upstream 

habitats (Wolter & Arlinghaus 2003).  This study was not specifically designed to 

determine whether the timing of recruitment was influenced by the tidal barrier itself 

or a greater distance for new recruits to traverse before reaching lakes.  The former is 

more likely, however, given that recruits were just as scarce in Sovereign Waters Lake 

as in other lakes, even though Sovereign Waters Lake is immediately adjacent to the 

open waters of Moreton Bay.  The delayed recruitment evident in lakes is not 

necessarily detrimental to the utilisation of these artificial systems as fish habitat, but 

presumably leads to a different temporal pattern in the interaction between fish stocks 

of artificial and natural estuarine waters than exists for canals.  

 

2.5 Conclusion 

The construction of artificial urban waterways in southeast Queensland has provided 

new and altered habitats for many local fish species.  The change from canal systems 

to lake developments with tidal control devices results in minor changes to fish 

assemblages, and perhaps more importantly appears to alter the timing of recruitment 
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of fish to lakes by delaying arrival.  Salinity tends to be lower in lakes than canals, 

and possibly fluctuates more rapidly in response to rainfall runoff, apparently 

influencing a small subset of species in the waterways.  Overall, lakes, like canals, are 

used by a wide variety of fishes, including many species of economic importance.  

With planning regulations requiring that they be constructed from terrestrial rather 

than aquatic environments, the outcome is a massive extension in the amount of 

estuarine habitat available to fish. 
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Chapter 3.  Environmental factors and fish distributions in estuaries: salinity is 

important in artificial urban waterways too 

 

3.0 Abstract 

In response to increasing demand for residential real estate with water frontage, 

artificial urban lakes are progressively expanding in number and size, and now form 

extensive estuarine systems along the coast of many countries.  Fish were sampled 

from 30 sites to determine whether environmental factors (water temperature, salinity, 

dissolved oxygen, turbidity) and abundance of epibenthic invertebrates influenced 

their spatial distribution in a major urban lake system in southeast Queensland, 

Australia.  A total of 10 686 fish representing 33 species was caught, including 14 

species of economic importance (35% of the total catch).  Few relationships were 

found between the distribution of individual species and environmental factors, but 

multivariate analysis showed that while most fish species were present across all 

lakes, there was enough difference in assemblage composition to detect differences 

among lakes (significant ANOSIM tests) in both seasons (winter, spring).  A salinity 

gradient exists across the system, with higher salinity in lakes closest to the estuarine 

entrance, and while it was only weakly correlated with gradients in fish assemblages, 

it had the most explanatory power of any environmental factors measured.  As in 

natural estuaries, salinity is the main driver of fish distributions in this artificial 

system.  However, because the salinity gradient was weaker, equivalent only to the 

range typically found in lower to middle reaches of natural estuaries at a similar 

latitude, the strength of the influence on fish distributions was also relatively weak.  
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3.1 Introduction 

In response to an increasing desire for coastal land with waterfrontage, property 

developers are excavating or claiming natural wetland or terrestrial habitat to 

construct artificial urban waterway developments.  Artificial urban waterways have 

massively extended the amount of coastal wetland habitat available to fishes in many 

places (e.g. South Africa, Baird et al. 1981; USA, Maxted et al. 1997; Europe, Dabala 

et al. 2005).  In Australia, for example, canal construction has proliferated since the 

first canal in 1956 (Johnson & Williams 1989), with more and more waterway 

developments joining directly to natural estuaries or to the end of existing artificial 

urban waterways.  While artificial urban waterways on the Nerang River estuary have 

increased the linear length from an original 20 km to over 150 km (Chapter 1), this 

extension has caused hydraulic problems and erosion to downstream residential 

properties (Johnson & Williams 1989).  To reduce this problem, waterway property 

developers are tending to build lake developments, separated from the downstream 

waterway via tidal restriction devices (e.g. locks, weirs, gates, pipes; Environmental 

Protection Agency 2005).  The shift in design to lakes has allowed further property 

developments to occur landward of tidal barriers, with minimal consequences on the 

tidal prism of the downstream waterway (Zigic et al. 2005).  Such lakes now cover 

approximately 1 430 ha in Australia, and are also a widespread feature elsewhere 

(Asia/Middle east 950 ha, North America 460 ha, Europe 138 ha; Chapter 1).  

 

Environmental conditions in artificial urban waterways differ to that of natural 

estuaries.  They lack the macrophytes found in natural vegetated wetlands (Maxted et 

al. 1997, Connolly 2003) and benthic macroinvertebrate assemblages are also 

impoverished relative to adjacent natural wetlands (Maxted et al. 1997).  Water 

quality is much poorer in artificial urban waterways because of greater depth, reduced 

circulation and high input loads of stormwater from the surrounding landscape 

(Maxted et al. 1997, Waltham 2002).  These poor conditions seem to be most evident 

in artificial lakes because of tidal restrictions imposed in their design compared to 

open flowing canal systems (Waltham 2002).  While the shift in design from open 

canals to artificial lakes has been viewed by coastal managers as a hydraulic success 

(Zigic et al. 2005), it has led to lakes supporting different fish assemblages to canals 

(Chapter 2).  In this previous work, however, the lakes surveyed were small (< 5 ha), 

well mixed systems that lacked distinct environmental gradients.   
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To facilitate the protection of fish stocks, coastal managers need to understand which 

factor(s) play a role and to what extent they are relevant in defining the distribution of 

fish assemblages in estuaries (Elliott et al. 1988, Whitfield & Elliott 2002, Sheaves et 

al. 2007a).  Many factors influence the distribution of fish within estuarine systems 

(Martino & Able 2003).  Much research effort has focused on determining which 

environmental factors are most important in structuring the composition of fish 

assemblages, with water temperature, turbidity, salinity and dissolved oxygen the 

most commonly reported (e.g. Blaber & Blaber 1980, Whitfield 1996, Pombo et al. 

2005, Greenwood 2007), though biotic factors, especially abundance of epibenthic 

invertebrates, can also influence fish distribution (Blaber 1997, Levin et al. 1997, 

Whitfield & Harrison 2008). 

  

This study examines whether the distribution of fish in a large, tidal artificial lake 

system in Australia can be defined by local environmental factor(s).  I predicted that 

either a single environmental factor or a combination of factors may be important in 

explaining fish distribution.  I consider this to be the first step in providing coastal 

managers with information to assist with managing proposed extensions to existing 

artificial urban waterways.   

 

3.2 Methods 

3.2.1. Sites and sample collection 

The Burleigh Lakes system has progressively expanded in size over the past 30 years 

with the addition of more lakes joined to the end (end lakes) of this system (Fig. 3.1).  

This system now consists of 8 interconnecting lakes (separated via shallow, narrow 

openings) and is the largest (280 ha of open water) and most extensive artificial urban 

waterway system in Australia (Chapter 1).  A bidirectional tidal weir separates the 

system from canal access to the Nerang River estuary, and controls the exchange of 

seawater (8 hr/day: 4 hr flow in and 4hr flow out; Zigic et al. 2005).  The Burleigh 

Lakes system has a homogeneous shoreline, with a sand/mud substratum devoid of 

macrophytes.  Lakes have maximum depths ranging from 7 to 28 m and maximum 

widths from 100 to 700 m. 
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Figure 3.1.  Map showing the extent of artificial () and natural waterways () 

of the Nerang River estuary.  Sampling sites in the (A) Burleigh Lakes system: O, 

Lake Orr; V, Silvabank Lake; H, Lake Heron; M, Miami Lake; P, Pelican Lake; 

B, Burleigh Lake; S, Swan Lake and C, Burleigh Cove.  (B) Cross-sectional view 

of the bidirectional weir (closed and open) separating Burleigh Lakes system 

from canal access to the Nerang River estuary (modified from Zigic et al. 2005). 
 

 

Fish were collected during the day in the austral winter (July) and spring (October) of 

2002, at 30 haphazardly chosen sites across the lake system.  Each site was located at 

a different distance from the weir access from natural estuarine waters, measured 

using GIS software and taken as the shortest route by water.  The intention in this 

study was to examine fish abundance with environmental conditions at sites located at 

different distances from the weir (regression model), including dead end lakes which 

are thought to experience poor water quality conditions because of reduced flushing 

(Chapter 2).  Each site was also a replicate sample of each lake, and I was thereby 

able to analyse (categorical) the data for comparisons among lakes (numbers of 

replicate samples were not balanced across lakes; see Table 3.1).  Fish were collected 

at all sites over unvegetated, soft-sediment lake edges using a large (70 m x 4 m, 18 

mm stretch mesh) and small (2 m x 1 m, 1 mm stretch mesh) seine net; catches from 
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the two nets were pooled to make each sample.  Fish were identified and counted in 

the field.  Fish data at nine of the lake sample replicates from within Heron, Miami 

and Swan Lakes were reported previously as part of a separate study comparing 

temporal differences among lakes (Chapter 2), but are included again here to make a 

comprehensive dataset to test my regression model.  Salinity, temperature, and 

dissolved oxygen were measured at each site, 1 m below the surface (edge areas are 

well mixed compared to deeper areas of artificial urban waterways; Morton 1989).  

Turbidity was measured at all sites, though was not included in the data analysis 

because the range was narrow (2-25 NTU).  As a measure of prey abundance, 

epibenthic invertebrates, consisting mostly of copepod and amphipods, were collected 

from replicate 625 cm
2
 plots in 40 cm water depth using a 125 μm mesh net following 

Connolly (1995).  Samples were preserved in 10% ethanol and stained with rose 

bengal to expedite animal counting in the laboratory.   

 

3.2.2. Data analysis 

Non-metric multidimensional scaling (NMDS) was used to ordinate lakes (Lake Orr 

and Silvabank Lake were removed from analysis because of too few data points) from 

biotic similarity matrices using the Bray-Curtis index, on raw and presence/absence 

(p/a) data.  Differences in fish assemblages: 1) among lakes in each season; and 2) 

between seasons was tested for significance using a two factor analysis of similarities 

(ANOSIM; Clarke 1993).  When significant differences were detected, the R-statistic 

was used to determine the extent of the difference and Similarity Percentages 

(SIMPER) identified which species contributed most to the difference (i.e. high 

mean/sd ratio; Clarke 1993).  BIOENV was used to assess relationships for single or 

combinations of environmental factors with the fish composition using the weighted 

Spearman coefficient (ρw) (Clarke & Ainsworth 1993).  Fish counts (for species 

observed at > 5 sites), total abundance and species richness were log10 (x+1) 

transformed because examination of raw fish data and environmental factors using 

scatter plots revealed an over emphasis in the distribution of counts at some sites and 

not others.  Following transformation, scatter plots of residuals against predicted 

values revealed no clear relationship, consistent with the assumption of linearity.  

Also, the normal plot of regression standardised residuals for fish counts indicated a 

relatively normal distribution, indicating that this transformation was a suitable model 

for this dataset.  Seasons were analysed separately.  Distance from open water was 
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excluded from analysis because it was collinear with salinity (winter R
2
 = 0.73, 

P = 0.001; spring R
2
 = 0.53, P = 0.006).   

 

3.3 Results 

3.3.1. Environmental factors 

A salinity gradient existed during both seasons between the tidal weir where salinity 

was highest and the furthest point in the lakes where salinity was lowest, though the 

gradient was greater in winter (Table 3.1).  During both seasons, water temperature 

and dissolved oxygen levels were similar among lakes, but total epibenthic 

invertebrate counts varied among lakes and between seasons.   

 

3.3.2. Fish species composition  

In all, 10 686 fish were caught, about half in each season, comprising 33 species from 

19 families (Table 3.2).  Fourteen of these species are economically important in the 

region, representing 35% of the total catch.  The five species contributing > 5% of 

total combined catch by number were, Favonigobius exquisitus (22%), 

Gobiopterus semivestitus (17%), Herklotsichthys castelnaui (14%), 

Ambassis jacksoniensis (11%) and Pandaka lidwilli (9%).  The family Gobiidae 

dominated the catch, accounting for 73% and 38% of individuals caught in winter and 

spring respectively.  Overall, fish abundances and species richness were slightly 

higher in end lakes than lakes closest to the weir. 
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Table 3.1.  Summary of environmental factors, total species and total abundance for each lake in winter and spring (mean, +SE).  N is 

sample size.  Invertebrate counts are individuals per 625 cm
2
 of substrate.  (-) no sample collected. 

 

 

 

 
       Lake         

Season/variable O        H V M P           B            C S 

Winter 
    Temperature (

o
C) 

(n = 1) 
16 

 
(0) 

(n = 4) 
17  (0.4) 

 
-  

(n = 5) 
17  

 
(0.2) 

(n = 4) 
16  

 
(0.3) 

(n = 6) 
17  (0.1) 

(n = 3) 
16  (0.1) 

(n = 5) 
16  (0.2) 

    Salinity 33 (0) 32  (0.5) -  31  (0.2) 30  (0.1) 29  (0.1) 29  (0.3) 28  (0.1) 

    DO (mg/L) 7 (0) 9  (0.4) -  7   (0.5) 8  (0.4) 8  (0.5) 7  (0.1) 8  (0.2) 

    Invertebrates 2438 (0) 1196  (397) -  1540  (616) 1938  (306) 3623  (922) 575  (225) 2341  (630) 

    Total fish species 6 (0) 5  (2) -  7  (<1) 8  (<1) 8  (<1) 8  (2) 10  (<1) 
 Total fish abundance 164 (0) 294 (155) -  107 (48) 178  (42) 228  (79) 201  (85) 161  (72) 

Spring 
    Temperature (

o
C) 

(n= 1) 
23 

 
(0) 

(n = 4) 
25  (1.3) 

(n = 2) 
25  (0.1) 

(n = 4) 
23  

 
(0.4) 

(n = 4) 
25  

 
(0.8) 

(n = 6) 
25  (0.1) 

(n = 5) 
24  (0.2) 

(n = 4) 
24  (0.6) 

    Salinity 27 (0) 26  (0.3) 26  (0.5) 26  (0.4) 24  (0.1) 24  (0.4) 24  (0.5) 21  (0.2) 

    DO (mg/L) 6 (0) 6  (1.2) 6  (0.1) 6  (0.3) 6  (1.0) 5.6  (2.8) 5.3  (0.8) 5.8  (0.6) 

    Invertebrates 3481 (0) 1954  (838) 1708  (917) 1060  (343) 1292  (192) 1802  (404) 3099  (988) 1087  (296) 

   Total fish species 5 (0) 6  (<1) 8  (1) 7  (<1) 9  (1) 9  (<1) 10  (1) 11  (<1) 
   Total fish abundance 16 (0) 202  (107) 189  (33) 182  (76) 171  (132) 256  (14) 274  (12) 178  (14) 
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Table 3.2.  Relative abundance (%) of the common fish species, total abundance and 

species richness.  Numbers in parentheses are +SE.  (-) no catch; (*) denotes 

economically important species; (na) no common name. 

 

 

Family/species Common Name Winter Spring 

  AMBASSIDAE 
    Ambassis jacksoniensis 
    Ambassis marianus 

 
Port Jackson Glassfish 
Ramsay’s Glassfish 

 
     5 
  < 1 

 
 18 
< 1 

  CARANGIDAE 
    Scomberoides lysan* 

 
Queenfish 

 
  < 1 

 
< 1 

  CLUPEIDAE 
    Herklotsichthys castelnaui* 
    Nematalosa erebi* 

 
Southern Herring 
Bony Bream 

 
     3 
     1 

 
25 
  3 

  ELEOTRIDIDAE 
    Philypnodon grandiceps 
    Hypseleotris compressus 

 
Flat-Headed Gudgeon 
Firetail Gudgeon 

 
  < 1 
     - 

 
< 1 
< 1 

  ELOPIDAE 
   Elopes australis 

 
Giant Herring 

 
     - 

 
< 1 

  GERREIDAE 
    Gerres subfasciatus* 

 
Silver Belly 

 
     3 

 
   5 

  GOBIIDAE 
   Favonigobius exquisitus 
    Gobiopterus semivestitus 
    Redigobius macrostoma  
    Arenigobius bifrenatus               
    Pandaka lidwilli 
    Parkraemeria ornata 

 
Exquisite Sand Goby 
Glass Goby 
Blue Spot Goby 
Bridled Goby 
na 
na 

 
   29 
   25 
   10 
     - 
     6 
  < 1 

 
 14 
   7 
   4 
< 1 
 10 
   1 

HEMIRAMPHIDAE 
   Arrhamphus sclerolepis* 
   Hyporhamphus australis* 

 
Snub-Nosed Garfish 
Eastern Garfish 

 
     1 
  < 1 

 
< 1 
< 1 

MELANOTAENIIDAE 
   Pseudomugil signifer 

 
Pacific Blue-Eye 

 
     2 

 
   1 

MONODACTYLIDAE 
   Monodactylus argenteus 

 
Butter-Bream 

 
     - 

 
< 1 

MUGILIDAE 
   Mugil cephalus* 
   Liza argentea* 
   Mugil georgii* 

 
Sea Mullet 
Tiger Mullet 
Fantail Mullet 

 
     5 
  < 1 
     - 

 
   5 
   1 
< 1 

PLATYCEPHALIDAE 
   Platycephalus fuscus* 

 
Northern Dusky Flathead 

 
     - 

 
< 1 

PLOTOSIDAE 
   Euristhmus lepturus 

 
Longtailed Catfish Eel 

 
     - 

 
< 1 

SCATOPHAGIDAE 
   Selenotoca multifasciata 

 
Striped Butterfish 

 
  < 1 

 
< 1 

SILLAGINIDAE 
   Sillago ciliata* 
   Sillago maculata* 

 
Sand Whiting 
Winter Whiting 

 
  < 1 
  < 1 

 
< 1 
   - 

SPARIDAE 
   Acanthopagrus australis* 
   Rhabdosargus sarba* 

 
Yellowfin Bream 
Tarwhine 

 
     4 
  < 1 

 
   2 
< 1 

SPHYRAENIDAE 
   Sphyraena obtusata 

 
Striped Sea Pike 

 
     - 

 
< 1 

SYNGNATHIDAE 
   Hippichthys penicillus 

 
Beady Pipefish 

 
     - 

 
< 1 

TETRAODONTIDAE 
   Marilyna pleurosticta 
  Tetractenos hamiltoni 

 
Banded Toadfish 
Common Toadfish 

 
  <1 
    - 

 
< 1 
< 1 

    

 Total number of fish       5455          5231 

 Total number of fish species    25  32 

 Average total fish abundance   181 (32)     120 (24) 

 Average fish species richness       7 (<1)         9 (<1) 
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3.3.3. Patterns in fish assemblages among lakes and between seasons  

Overall, while there was no significant multivariate difference in fish assemblage between 

seasons, there was a clear difference among individual lakes (two way ANOSIM: season, 

global R = 0.15, P = 0.039; lake, R = 0.51, P = 0.011).  In the winter survey, pairwise 

comparisons revealed the significant separation of lakes into 3 groups: (1) Heron and Miami; 

(2) Pelican and Burleigh; and (3) Swan and Burleigh Cove (ANOSIM, P < 0.022 in all cases).  

Favonigobius exquisitus, Gobiopterus semivestitus and Redigobius macrostoma were the main 

species separating lake groups, with a higher or lower total abundance present in one lake 

group compared to other lake groups (SIMPER, Fig. 3.3).  Salinity was the best predictor of 

differences among lakes, with slightly more species and a higher total abundance of fish in 

lakes furthest from the weir where salinity is lower (ρw = 0.28). 

 

In the spring survey, pairwise comparisons revealed the significant separation of lakes into 4 

groups: 1) Heron and Miami; 2) Pelican; 3) Burleigh; and; 4) Swan and Burleigh Cove 

(ANOSIM, P < 0.043 in each case).  Favonigobius exquisitus, Herklotsichthys castelnaui and 

Ambassis marianus were the main species separating lake groups (SIMPER, Fig. 3.3).  

Salinity was the best predictor of differences among lakes, with slightly more species and total 

abundance of fish in lakes furthest from the weir where salinity was lower (ρw = 0.18). 
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Figure 3.2.  Two-dimensional MDS ordination plots based on presence/absence data for 

winter and spring survey.  Diameter of circle is proportional to salinity; smallest 

circle = 21, largest = 33.  Site abbreviations same as in Figure 3.1. 
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Figure 3.3.  Mean (+SE) density of key species contributing to separation of lake groups 

in winter (Group 1 H and M, Group 2 P and B, Group 3 S and C) and spring (Group 1 

H and M, Group 2 P, Group 3 B, Group 4 C and S).  Site abbreviations same as Figure 

3.1. 
 

3.3.4. Univariate relationships between fish and environmental factors 

Few relationships existed between fish counts and environmental factors, and where 

significant relationships were detected, they were weak.  In winter, a greater total abundance 

of Favonigobius exquisitus was found at sites with higher temperature (R
2
 = 0.15, P = 0.039).  

In spring, a greater total abundance of Herklotsichthys castelnaui and Nematalosa erebi was 

found at sites with lower salinity (R
2
 = 0.31, P = 0.001; R

2
 = 0.37, P = 0.001 respectively), 

while a greater total abundance of Gerres subfasciatus was found at sites with higher 

temperature (R
2
 = 0.22, P = 0.009).  
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3.4 Discussion 

The Burleigh Lakes system, despite being at the end of a highly ramified artificial urban 

waterway system, supports a wide variety of fishes including many local estuarine species of 

economic importance that also occur in natural wetlands.  An interesting aspect of the fish 

assemblage was a lack of primary freshwater fish species and invasive estuarine/marine fish 

species in Burleigh Lakes, a pattern consistent with findings in urban residential housing 

waterways elsewhere (Morton 1989, 1992; Lincoln Smith et al. 1995; Chapter 2).  Many of 

the fish species were widespread across the system, including dead end areas, though a few 

species were found in some lakes and not others, causing a distinct grouping of lakes into two 

classes, those close to the weir versus all the remaining lakes.  Such variability among sites 

within a single artificial lake system has been reported previously.  Fish assemblages varied 

among sites in a canal system in New South Wales, Australia, with the differences related to 

distance from the open waters of the adjacent natural waterway (Lincoln Smith et al. 1995).  

The position of other artificial lakes in southeast Queensland relative to the natural open 

waters of Moreton Bay has been shown previously to affect fish assemblages (Chapter 2).  

This effect is of particular importance given that the trend in southeast Queensland has been to 

construct new artificial urban waterways at the end of existing systems (Johnson & Williams 

1989), a pattern likely to affect some fish species.    

 

Among the suite of environmental factors that influence the distribution of fish in estuaries, 

salinity is the most important determinant and its role in structuring fish assemblages in 

natural estuaries has been well demonstrated (e.g. Whitfield et al. 1981, Whitfield & Harrison 

2003, Barletta et al. 2005).  Many estuarine fishes are able to osmoregulate salt concentrations 

in their blood and can tolerate the full salinity range of an estuary for short periods, but a 

subset of these species are able to tolerate extended periods of very high or low salinity 

(Kennish 1990, Whitfield 1996).  For example, fishes in the Humber Estuary, UK, were 

separated according to the salinity gradient evident from the estuary mouth, where marine 

species were common to the upper reaches where freshwater species were observed (Marshall 

& Elliott 1998).  In the Mullica River, New Jersey, USA, Martino and Able (2003) found 

major differences in the structure of fish assemblages in response to the salinity gradient along 

the estuary.  The influence of salinity on estuarine fish assemblages has also been shown in 
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Western Australia (Loneragan et al. 1987, Potter & Hyndes 1999).  Elsewhere in Australia, at 

a similar latitude to the present study, West and King (1996) found major differences in fish 

assemblages between the brackish upper reaches and the marine-dominated mouth of the 

Clarence Estuary, New South Wales.  In all these studies, the strong association with salinity 

was assisted by the fact that these authors surveyed large estuaries, covering the full salinity 

gradient between oceanic and tidal freshwater limits.  Previous research in urban lakes in 

southeast Queensland has revealed that water quality conditions (i.e. DO, temperature, 

salinity) explain little of the variability in fish assemblages, but these artificial systems were 

small (typically < 5 ha) and well mixed, and therefore lack a distinct salinity gradient (Chapter 

2).  The Burleigh Lakes system is far more extensive (50 times larger than other urban lakes in 

southeast Queensland), though the salinity range is also small, which means I could detect 

only a weak effect of salinity, as for the most part each fish species was widespread across the 

system, as supported by few significant regressions for fish counts, even in tidally restricted 

dead end areas that are considered to have poor water quality (Cosser 1989, Lemckert 2006).  

This fact does not mean that water quality is unimportant in determining fish distribution in 

spatially restricted systems.  For the total fish assemblage, there is evidence that some fish 

species contribute to the multivariate differences because they are sensitive to even subtle 

changes in conditions.  In a local context, Nematalosa erebi is found mostly over backwaters 

of coastal floodplains where salinity is low (Allen et al. 2003), so it is not surprising that this 

species contributed strongly to the separation of lakes in both seasons.  N. erebi also 

contributed to multivariate differences between estuarine and freshwater wetland pools in 

northern Queensland, Australia (Sheaves et al. 2007b).  

 

In estuaries, freshwater runoff can rapidly change salinity over an entire system, affecting the 

diversity and abundance of fish.  In the Patos and Obidos Lagoon estuaries, on the coast of 

Brazil, salinity is high during low rainfall conditions; consequently the fish assemblage is 

dominated by estuarine resident species (Garcia et al. 2003, Gordo & Cabral 2001).  

Following major rainfall, salinity drops throughout the lagoons, and fish assemblages become 

dominated by a suite of freshwater species.  In response to marine water intrusion following 

dry conditions, salinity gradually increases and the fish assemblages return to the pre-rainfall 

composition.  Mass mortalities of fish have been recorded in Lake St Lucia, South Africa, in 
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response to periods of extreme low and high salinity that follow rainfall or extended dry 

conditions, which coincide with lake mouth closures (Whitfield 1995).  As well as directly 

influencing fish distribution and abundance, variations in salinity can also indirectly influence 

fish assemblages through modifications to food availability, or affects to the physiology of 

individual species (Whitfield et al. 2006).  Modifying the coastal landscape from natural 

vegetation to consist mostly of impervious surfaces dramatically increases the delivery of 

freshwater runoff to local waterways during rainfall (Walsh 2004).  Salinity has been shown to 

fluctuate in the Burleigh Lakes system and in other urban lakes in southeast Queensland in 

response to rainfall (Waltham 2002).  It is possible that the same response in the composition 

of fish assemblages in relation to rainfall occurs in the Burleigh Lakes system.  Under this 

scenario, after a period of low rainfall, estuarine fish species would be well spread across the 

lakes because of high salinity, and freshwater species would be forced to end reaches where 

salinity is lowest.  Following rainfall, salinity would be suppressed in the lakes and freshwater 

fishes would become more prominent towards the lake opening, while estuarine species would 

be less abundant, reflecting migration from the system or mortality.  Further research 

examining the response of fish assemblages to the full range of potential salinities is 

warranted.  Similar isohaline-based management strategies have been applied in estuaries 

elsewhere in an attempt to increase biodiversity by establishing and regulating freshwater flow 

(Kimmerer 2002).  If an objective of management is to maxmise fish abundance and diversity 

in these constructed waterways, than maybe a much wider range of salinity (marine to 

freshwater), typical of the entire range of natural estuaries, should be maintained in these 

urban habitats.  Rather than building larger systems, mechanisms of increasing freshwater 

input to end lakes should be considered in the design process to increase the overall salinity 

gradient of these systems. 

 

Water temperature, dissolved oxygen, and epibenthic invertebrate counts provided little 

additional explanation of the structure of fish assemblages in Burleigh Lakes.  In estuaries, 

these other factors have been shown to influence the structure of fish, either individual fish 

species, or the entire assemblage of fish.  For Burleigh Lakes, this possibly reflects the fact 

that each factor was relatively consistent across this lake system.  The most interesting result 

here is that this combination of environmental factors, including salinity, did not account for 
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much of the observed variation in fish distribution.  Thiel et al. (1995) found a similar result in 

the Elbe Estuary, northern Germany.  In that study, the authors determined that while salinity, 

temperature and dissolved oxygen concentrations were important in influencing fish, so too 

were organic load, heavy metal and organochlorine levels in the water column.  Evidence of 

pollutant contamination in canals is available (e.g. Burton et al. 2005, Chapter 6), but not so 

for tidally restricted urban lakes (first account in Chapter 6).  This information might assist 

with determining whether there exists a more specific set of environmental drivers of fish 

patterns, or that this artificial urban waterway simply functions as a single, well mixed, 

system. 

 

3.5 Conclusion 

There is increasing evidence that artificial lake systems provide an alternative wetland habitat 

for a wide variety of estuarine fish species.  Although the Burleigh Lakes system is quite long 

itself (10 km), it is only part of the overall Nerang River estuary, which has longer natural, 

and much longer canal, sections.  The salinity gradient of the Burleigh Lakes system is 

essentially equivalent to the lower to mid reaches of the estuary, and therefore a subsection of 

the full salinity gradient typically studied by other authors in natural estuaries.  However, as in 

many natural estuaries, salinity, not temperature, dissolved oxygen, or the abundance of 

epibenthic invertebrates, is the main factor responsible for explaining fish distributions in 

these artificial lakes.  While spatial differences were detected among lakes consistently from 

season to season, it is only a few fish species driving the pattern because they are sensitive to 

changing environmental conditions, particularly salinity.  Overall, despite being the largest 

artificial lake system in the region, and Australia, it appears to function as a single coastal 

wetland habitat.    
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Chapter 4.  Trophic strategies of garfish, Arrhamphus sclerolepis, in natural coastal 

wetlands and artificial urban waterways 

 

4.0 Abstract 

I used carbon stable isotope and stomach content analyses to test whether snub-nosed garfish, 

Arrhamphus sclerolepis (Hemiramphidae), in the extensive artificial urban waterways of 

southeast Queensland, Australia, rely on autotrophic sources different to those in natural 

wetlands.  Carbon isotope values of A. sclerolepis were similar to those in previous 

investigations, with enriched values in natural habitat (mean = -13.9‰, +SE = 0.6) and depleted 

values (-19.1‰, 0.1) in artificial urban waterways.  A. sclerolepis in natural habitat consumed 

large amounts of seagrass during the day and night and at night also ingested small quantities of 

crustacean prey.  In artificial urban waterways, A. sclerolepis consumed macroalgae during the 

night, and switched to invertebrates (terrestrial ants) in the day.  Values of δ
15

N in all the fish 

were 3 to 8‰ more enriched than sources.  Mathematical modelling of feasible source mixtures 

showed that in natural habitat the bulk of the dietary carbon is obtained from seagrass, but the 

nitrogen is obtained from animal prey.  In artificial urban waterways, carbon is obtained from a 

mixture of macroalgae and animals.  I could not determine the nitrogen sources in artificial 

urban waterways of A. sclerolepis since, even after accounting for trophic fractionation of 
15

N, 

the values were outside the range of potential sources.  If the types of animals ingested vary 

over time, perhaps one or more types of animal important in the provision of nitrogen was not 

sampled during the study.  This study demonstrates that not only does A. sclerolepis occur in 

both artificial and natural habitats, but it uses the same strategy of bulk herbivory with the 

inclusion of smaller amounts of animal prey.  This understanding of how ecological processes 

support fisheries production in artificial urban waterways improves the overall understanding of 

the effects of urbanisation on coastal food webs. 
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4.1 Introduction 

Coastal wetland habitats are being fragmented or lost around the world because of 

urbanisation (Cohen et al. 1997).  In many places, natural vegetated wetlands are being 

replaced by artificial urban waterways lacking macrophytes (Maxted et al. 1997).  Fish in 

estuaries are part of food webs ultimately supported by energy (carbon) from conspicuous 

macrophytes in natural wetlands such as seagrass (Connolly et al. 2005a) or saltmarsh 

(Wainright et al. 2000).  In artificial urban waterways, in situ autotrophs supporting 

production are presumably restricted to algal sources such as macroalgae, microphytobenthos 

(MBP) and phytoplankton and possibly terrestrial plants (especially grasses).  Given the 

mobility of organic matter in estuaries (Odum 1984), food webs in artificial urban waterways 

might conceivably also be driven by allochthonous inputs of macrophytes from adjacent 

natural wetlands.   

 

An early study found that prey items in the stomachs of fish were similar in artificial canals 

and adjacent wetlands in Florida (Kinch 1979), however, the autotrophic sources at the base of 

the food webs were not examined.  More recent evidence based on carbon isotope analysis has 

shown that at least some fishes have different trophic pathways in natural and artificial urban 

waterways.  Connolly (2003) demonstrated that in southeast Queensland, an economically 

important species, snub-nosed garfish (Arrhamphus sclerolepis), had enriched carbon isotope 

values, consistent with seagrass, in natural habitat and depleted carbon isotope values, 

consistent with macroalgae, in artificial urban waterways.  Given that fish isotope values can 

change over time (e.g. Vizzini & Mazzola 2002), the first aim was to determine whether the 

differences in carbon isotope values of A. sclerolepis found by Connolly (2003) in 1 year in 

natural and artificial urban waterways remained evident the following year.  I would take 

consistency in carbon isotope values over time as evidence that food web processes are 

consistent from year to year for this species.  The second aim was to test which of several 

plausible models explain trophic pathways for A. sclerolepis in natural and artificial estuarine 

waterways.   

 

Species of Hemiramphidae are reported to be at least partly herbivorous (Carseldine & 

Tibbetts 2005).  Where diel analysis of stomach contents has been done on confamilial 
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species, a tendency to switch from plant material in the day to animal prey at night has been 

found (Robertson & Klumpp 1983).  It is unknown whether Arrhamphus sclerolepis displays 

this dietary switching between day and night, or over longer periods during ontogenetic 

development (Tibbetts 1991).  In natural habitat, there are two main potential trophic 

pathways for A. sclerolepis: 1) direct consumption of seagrass, including any epiphytic algae 

(enriched carbon isotope values); or 2) consumption of animal prey that, ultimately, also rely 

on seagrass or attached epiphytic algae (Fig. 4.1).  In artificial urban waterways, A. sclerolepis 

obtains its nutrition either from: 1) direct consumption of in situ algae (depleted carbon 

isotope values); 2) consumption of an animal intermediary that utilises in situ algae; or 3) 

consumption of an animal intermediary that utilises detrital macrophyte material transported 

on currents from adjacent natural habitat (Fig. 4.1).  In the latter scenario, macrophyte detritus 

supporting the animal intermediary must be from a mixture of enriched and depleted sources 

from adjacent natural habitat, resulting in A. sclerolepis having a carbon isotope value in the 

middle of this source range (Connolly 2003).    

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 4.1.  Trophic models for Arrhamphus sclerolepis in natural and artificial urban 

waterways: 1) direct consumption of autotroph; 2) direct consumption of an animal 

intermediary that utilises autotroph; and 3) consumption of animal intermediary that 

utilises detrital macrophytes (having both enriched and depleted 
13

C values) 

transported from adjacent natural wetlands.   
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4.2 Methods 

4.2.1 Sample collection 

Autotrophs and Arrhamphus sclerolepis were collected in natural wetlands over 

Zostera muelleri (formerly Z. capricorni until 2004; Waycott et al. 2004) meadows and 

artificial urban waterways (canal estates) in austral winter (August) 2003.  Locations were 

similar to those used the previous year by Connolly (2003) at 153
o
42’E, 27

o
93’S.  

A. sclerolepis were collected from 4 sites in each habitat between 14:00 and 17:00, and 23:00 

and 03:00, over a 10 day period.  Sites and time of day to be sampled on each occasion were 

allocated randomly.  Day and night sampling was independent through time (i.e. no sites were 

sampled during both day and night over a single 24 hour period).  

 

4.2.2 Stable isotope analysis 

The dominant autotrophs were collected at all sites.  In natural wetlands this included 

mangroves (Avicennia marina), seagrass (Zostera muelleri), saltmarsh succulents 

(Suaeda australis) and saltmarsh grass (Sporobolus virginicus).  Local macroalgae sources 

(Rhizoclonium sp., Cladophora sp., Enteromorpha sp. and Spirogyra sp.), pooled as 

Chlorophyta, were collected at all sites in both habitats.  Terrestrial grass (Poaceace) was 

collected at artificial urban waterway sites.  Microphytobenthos (MPB) was collected at all 

sites by centrifuging superficial sediments with colloidal silica (Connolly et al. 2005a) to 

obtain clean samples of microalgae, predominantly diatoms. 

 

Arrhamphus sclerolepis were 13–22 cm TL.  There were 4 sites per habitat and 3 fish were 

selected at each sampling time.  Fish from day and night were pooled for isotope analysis 

since isotope ratios do not vary over such short periods (Peterson & Fry 1987).  Fish muscle 

tissue and autotroph samples were dried, ground and analysed on an Isoprime isotope ratio 

mass spectrometer.  The ratios of 
13

C/
12

C and 
15

N/
14

N were expressed as the relative 

difference (‰) between the sample and recognised international standards.  Analytical 

precision was determined from duplicate samples as being 0.5‰. 
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4.2.3 Stomach content analysis 

Dietary items from the foregut of Arrhamphus sclerolepis were sorted taxonomically and 

dried to constant weight in an oven.  For each dietary item, frequency of occurrence (FoC%) 

and the total volume contribution (Vol%) were calculated.  The relative contribution of each 

prey item to the total number of prey was not considered here given the large contribution of 

plant material.   

 

An additional 66 Arrhamphus sclerolepis collected across all sites and times of the day were 

measured to give length (L) in mm and dry weight (W) in mg.  The regression relationship 

was W = 0.096 L – 0.722; R
2
 = 0.98.  An objective measure of stomach fullness was 

calculated by dividing the total dried weight of material in the stomach by the total dried 

weight of A. sclerolepis determined from the length-weight regression.   

 

4.2.4 Data analysis 

Differences in fish isotope values between and within habitats were analysed using a nested 

ANOVA.  All data were tested for homogeneity of variances and normality prior to analysis 

and transformed using log10x where necessary.   

 

The stomach fullness index was analysed using an ANOVA with two fixed factors (habitat 

and time of day, each with two levels), an interaction term and a sites factor nested within the 

interaction.  Data were arcsine transformed to satisfy the assumption of homogeneity of 

variances. 

 

No seagrass was found in the stomachs of Arrhamphus sclerolepis in artificial urban 

waterways, so ANOVA was used to test for differences in amounts of seagrass ingested at 

different times of day only in natural habitat.  A. sclerolepis in natural habitat had so little 

macroalgae that ANOVA was used to test only for differences between macroalgae ingested at 

different times of day in the artificial urban waterways.  Data were arcsine transformed where 

necessary.  Animals dominated stomach contents of A. sclerolepis from artificial urban 

waterways, although only in the day, but were found in only small amounts in natural wetland 
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and only at night; data did not meet the assumptions of ANOVA, but since the pattern was 

obvious no test was done.   

 

4.2.5 Isotope mixing model 

A two-source mixing model (Phillips & Greg 2001) was used to estimate source contributions 

to the nutrition of Arrhamphus sclerolepis in both habitats.  In the model, sources for the 

mixture (A. sclerolepis) were the dominant food items in the stomach of fish: seagrass and 

amphipods in natural wetlands, and macroalgae and ants in artificial urban waterways.  

Amphipods and ants were collected from the wild, once I had determined the important 

dietary items for A. sclerolepis.  Amphipods were collected at 3 natural wetland sites over 

seagrass.  The dominant ant species (Paratrechina muinutula, Pheidole megacephala, 

Camponotus sp. 1, Camponotus sp. 2 and Rhytidoponera metallica) in the stomachs of fish 

were collected from terrestrial grasslands adjacent to artificial urban waterways.  Invertebrate 

material was rinsed in 10% (vol) HCl to remove exoskeletons before carbon, but not nitrogen, 

isotope analysis, since acid washing can inadvertently alter δ
15

N values (Bunn et al. 1995).  

Carbon and nitrogen sources for A. sclerolepis in natural and artificial urban waterways were 

analysed separately.  To account for fractionation in the isotope model, we subtracted 3‰ 

from the nitrogen isotope values of A. sclerolepis for both natural and artificial urban 

waterways (Peterson & Fry 1987), and made no adjustment for carbon isotope fractionation.   

 

4.3 Results 

4.3.1 Stable isotope analysis 

δ
13

C values of autotrophs could be separated into 3 groups: 1) enriched sources of seagrass, 

saltmarsh grass and terrestrial grass; 2) sources with intermediate values, consisting of MPB 

and macroalgae; and 3) depleted sources of saltmarsh succulents and mangroves.  Terrestrial 

grass had the most depleted δ
15

N (at < 3‰) and MPB in artificial urban waterways had the 

most enriched δ
15

N value (6‰) (Fig. 4.2).  

 

δ
13

C and δ
15

N values of Arrhamphus sclerolepis were similar to Connolly’s (2003), within 

2.5‰ for carbon and 1‰ for nitrogen.  Neither δ
13

C nor δ
15

N values differed among sites for 

either habitat, but both elements differed between habitats.  In natural habitat, A. sclerolepis 
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had significantly more enriched δ
13

C values (mean = -13.9‰, +SE = 0.6) than in artificial 

urban waterways (-19.1‰, 0.1) (ANOVA: main factor (habitat) F1, 6 = 967, P = 0.001, nested 

factor (site) F6, 40 = 0.08, P = 0.998), whereas δ
15

N values were significantly more enriched in 

artificial urban waterways (10.4‰, 0.3) than natural habitat (8.8‰, 0.2) (ANOVA: main 

factor (habitat) F1, 6 = 28, P = 0.002, nested (sites) F6, 40 = 1.51, P = 0.199).  δ
15

N values for 

A. sclerolepis in both habitats were more enriched than for all the autotrophs, typically by 3–

8‰ (Fig. 4.2). 

 

Amphipods had δ
13

C values more depleted (mean = -17.6‰, +SE = 0.8), but δ
15

N values 

more enriched (6.7‰, 0.3) than seagrass.  Ant δ
13

C values were more depleted (-16.6‰, 1.3) 

and δ
15

N values more enriched (6.0‰, 0.4) than terrestrial grass values (Fig. 4.2). 

 

 

 

 

 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

Figure 4.2.  δ
13

C and δ
15

N values for fish (triangles), autotrophs (squares) and animal 

sources (diamonds) in natural waterways (open symbols) and artificial urban waterways 

(filled symbols).  All values are means (+SE), although some SE values are too small to 

show.  Alg algae, MPB microphytobenthos, TG terrestrial grass, MAN mangroves, SG 

seagrass, SMG saltmarsh grass, SMS saltmarsh succulents, Amph amphipods, Ant 

terrestrial ants. 
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4.3.2 Stomach content analysis 

The stomachs of 119 Arrhamphus sclerolepis were examined: 63 from natural habitat (32 day, 

31 night) and 56 (29 and 27) from artificial urban waterways.  More food was found in the 

stomachs of A. sclerolepis during the day than at night regardless of habitat (ANOVA: main 

factor (time), F1, 12 = 19, P < 0.001; Fig. 4.3).  A small number of A. sclerolepis had empty 

stomachs and were removed from all analyses (Table 4.1).   

 

The percentage volume of seagrass consumed by Arrhamphus sclerolepis in natural habitat 

varied significantly between day and night, though the difference was not consistent among 

sites (ANOVA: interaction (time x site), F3, 55 = 5, P = 0.003).  At some sites, A. sclerolepis 

consumed seagrass during the day and night, while other sites switched at least partly at night 

from seagrass to animal material, predominately crustaceans.  A very small amount of algae 

was also found during the day and night (Fig. 4.4). 

 

The consumption of macroalgae by Arrhamphus sclerolepis in artificial urban waterways 

varied significantly between day and night, though this difference was not consistent among 

sites (ANOVA: interaction (time x site), F3, 49 = 3, P = 0.042).  A. sclerolepis clearly switched 

diet to animal material (Hymenoptera: terrestrial ants) during the day, though a small quantity 

of macroalgae was still present in the stomachs of fish during the day (Fig. 4.4).  

 

 

 

 

 

 

 

 

 

 

 

 



 

 
 
 

62 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 4.3.  Mean (+SE) stomach fullness index for Arrhamphus sclerolepis in natural 

and artificial urban waterways during day and night.  Fish with empty stomachs are not 

included in the analysis.  
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Table 4.1.  Frequency of occurrence (FoC%) and mass volume percentage (Vol%) for 

food types in the stomach of Arrhamphus sclerolepis in natural and artificial urban 

waterways during the day and night.  Numbers in parentheses indicate the total number 

of fish caught and the number with empty stomachs respectively for day and night in 

both habitats.  (+) present, but less than 1% volume; (-) not present. 

 
 

 

 

 

 

 

 

 

 

 

 

Natural  Artificial 

 Day (32, 1) Night (31, 3)  Day (29, 3) Night (27, 5) 

Food type 

FoC 

(%) 

Vol 

(%) 

FoC 

(%) 

Vol 

(%) 

 FoC 

(%) 

Vol 

(%) 

FoC 

(%) 

Vol 

(%) 

Plant          

   Chlorophyta 10 + 13 5  22 11 68 74 

   Halophila ovalis 19 4 4 +  - - - - 

       Zostera muelleri 100 95 100 91  - - - - 

   Unidentified - - - -  37 10 21 17 

Animal          

   Crustacea          

       Amphipoda - - 17 +  - - 9 + 

       Copepoda - - 4 +  - - - - 

       Gastropoda - - - -  4 + - - 

               Unidentified 3 + 9 2  - - - - 

   Insecta          

       Coleoptera 7 + 8 +  18 2 11 1 

       Hymenoptera - - - -  87 76 16 7 
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Figure 4.4.  Mean percentage contribution (+SE) by weight of seagrass, algae and animal 

material in Arrhamphus sclerolepis for natural and artificial urban waterways during 

day and night.  Results do not total 100% in some cases because unidentified plant 

material was not included. 
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3.3.3 Dietary contribution of major prey types 

Seagrass provides the bulk (mean = 93%, +SE = 22) of the dietary carbon for 

Arrhamphus sclerolepis in natural wetlands, with amphipods providing the remaining carbon 

(7%, 22).  For nitrogen, seagrass contributed very little (3%, 19), with most nitrogen provided 

by amphipods (97%, 19).  In artificial urban waterways, a mixture of macroalgae and ants 

contributes to the dietary carbon (53%, 18 and 47%, 18 respectively).  However, no 

combination of macroalgae or ants could explain the δ
15

N values of A. sclerolepis since, even 

after correcting for fractionation, A. sclerolepis values lay outside the range for potential 

sources. 

 

4.4 Discussion 

4.4.1 Fish isotope values 

Carbon isotope values of Arrhamphus sclerolepis were similar to those reported by Connolly 

(2003) from the same waterways a year earlier.  More attention has previously been given to 

spatial (Schlacher & Wooldridge 1996, Jennings et al. 1997, Melville & Connolly 2003) than 

temporal variation in isotope values, but carbon isotope values of fish are known to vary in 

response to dietary shifts and varying environmental conditions (Gaston et al. 2004).  The 

similarity in carbon isotope values of A. sclerolepis in the same season from year to year is 

surprising, and points to remarkably consistent food web processes.  As well as reflecting 

different autotrophic sources, the consistent difference in carbon isotope values also 

demonstrates a low level of mixing of fish between habitats, over a period of weeks to months 

(Hesslein et al. 1993).  

 

4.4.2 Diet in natural wetland habitat  

Arrhamphus sclerolepis had enriched δ
13

C values in natural wetlands because it consumes 

large amounts of seagrass material during the day and night, as previously noted from natural 

habitats elsewhere in southeast Queensland (Blaber & Blaber 1980).  A. sclerolepis lacks a gut 

microbial flora capable of digesting seagrass, relying instead on mechanical maceration and 

mucus-facilitated uptake to extract cell nutrients (Tibbetts 1997).  At night, A. sclerolepis 

continued feeding on seagrass but also ingested crustacean prey.  Although the amount of food 

ingested at night is lower, this diel shift has important nutritional ramifications.  Seagrass 
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provides the bulk of the dietary carbon, and animals provide the bulk of the nutrient 

requirements.  Even though only some A. sclerolepis had animal material in their stomach, all 

fish showed a similar enrichment in δ
15

N of about 6‰ from seagrass.  This enrichment 

presumably results from trophic fractionation of 
15

N over two trophic levels.  A likely 

explanation is that, although on any one night an individual fish may or may not have ingested 

animals, over a period of weeks all A. sclerolepis would have ingested animals, as reflected in 

the consistently enriched 
15

N values.  The potential importance of algae epiphytic on 

seagrass, which often has a carbon signature more similar to seagrass than other algae 

(Winning et al. 1999, Guest et al. 2004a), requires further investigation.   

 

4.4.3 Diet in artificial urban waterways 

Before this study, the depleted 
13

C values of Arrhamphus sclerolepis in artificial urban 

waterways had been interpreted as evidence that the ultimate autotrophic source was either in 

situ algae or allochthonous inputs of a mixture of enriched and depleted macrophyte material 

from adjacent natural habitat (Connolly 2003).  The combination of isotope and stomach 

content analyses used here demonstrates that A. sclerolepis obtains its energy primarily from 

in situ algae.  I could detect no trophic role for detrital macrophyte material from adjacent 

natural wetlands.  This is an important finding since it implies that the extensive network of 

canals in southeast Queensland, with over 150 km linear extent in the Nerang River estuary 

alone (Chapter 1), produces enough algae to support this fisheries species.  Macroalgae 

appeared more prominently than MPB in fish stomachs, although this finding must be treated 

cautiously given the difficulty in identifying single-celled algae in fish stomachs.  Carbon 

isotope values of fish did not match algae exactly, and the two-source mixing model results 

indicate that some carbon is obtained from a more enriched source, probably animals. 

 

As in natural habitat, Arrhamphus sclerolepis in artificial urban waterways showed a diel shift 

in diet to include animals.  In artificial urban waterways, however, the animals were terrestrial 

ants, and they were consumed during the day rather than the night.  The inclusion of animal 

material could not explain nitrogen sources, since under typical adjustments for fractionation 

of 
15

N per trophic level, no combination of algae and/or ants could explain the 
15

N values of 

fish.  Another possibility is that an unusually large fractionation shift from ants to fish in 
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excess of 5‰ occurs.  While such large fractionation rates have been recorded, they are rare 

(McCutchan et al. 2003).  I suspect that, as in the natural habitat, animal prey is important, but 

the types of animals ingested, and therefore probably the 
15

N values, vary over time.  In 

support of this is the fact that the ants found in the stomachs of A. sclerolepis were winged and 

are therefore breeding ants.  Although different species of ants breed at different times of year 

at this latitude (Shattuck 1999), few, if any, breed during winter, and at this time A. sclerolepis 

would switch to different prey types.  The variability in the type of animal ingested could have 

seasonal predictability or be merely a reflection of ever changing local animal sources.  I 

expect that, at times, crustaceans such as amphipods would be eaten in artificial waterways.  

Only further stomach content analysis at different times of the year could confirm this.  Any 

further study in artificial waterways should also determine whether the ingestion of animals 

always occurs during the day, because this is a different pattern to that observed in natural 

wetlands and in the confamilial Hyporhamphus melanochir (Robertson & Klumpp 1983). 

 

4.4.4 Dietary carbon and nitrogen sources 

Diet switching is sometimes described as a behaviour to augment the diet during seasonal 

changes in prey availability (Rose & Polis 1998, Szepanski et al. 1999).  In some situations, 

however, diet switching can be a response to dietary requirements not provided by a single 

food source.  For example, the regent honeyeater (Xanthomyza phrygia) has a diet of plant 

nectar, but supplements part of its diet with insect material to obtain dietary protein not 

provided by the nectar alone (Oliver 1998).  This phenomenon is also suspected in fishes.  

Several littoral fishes in the Mediterranean formerly considered to be herbivorous had higher 

δ
15

N values than expected for a purely herbivorous diet, indicating a dietary supplement of 

high-protein animal material (Pinnegar & Polunin 2000).  Diet switching has also been found 

in other species in the family Hemiramphidae (Robertson & Klumpp 1983, Carseldine & 

Tibbetts 2005).  For example, seagrass provides the bulk of the energy for 

Hyporhamphus melanochir but, given the low N:C ratio of seagrass, small quantities of 

crustaceans are consumed at night to obtain the necessary dietary protein (Klumpp & Nichols 

1983).  The inclusion of a small amount of animal material in the diet of 

Arrhamphus sclerolepis in both natural and artificial urban waterways would seem to indicate 

that this specialised feeding strategy is retained in the newly created urban habitat. 
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Chapter 5. Carbon isotopes of mud crabs: spatial analysis reveals the importance of 

seagrass organic matter to food webs beyond its borders  

 

5.0 Abstract 

Carbon stable isotopes were used to resolve the relative contributions of two similarly 

enriched autotrophs to the nutrition of mud crabs (Scylla serrata) in natural wetland and 

artificial urban habitats in Moreton Bay, Australia.  Carbon isotope variability within each site 

was not influenced by size or sex of animals, so individuals were pooled within sites.  There 

was a greater range in isotope signatures for S. serrata among sites in natural habitat (mean -

14 to -25‰) than artificial urban waterways (mean -17 to -22‰).  Sites in natural and 

artificial urban waterways were positioned to represent different spatial distances from 

saltmarsh (0 to 27 km) and seagrass (0 to 21 km).  Proximity to seagrass best explained the 

variation in S. serrata isotope values (R
2 

= 0.87, P = 0.001).  No additional explanatory power 

was provided by distance from saltmarsh grass or mangrove forests.  S. serrata closest to 

seagrass patches (within tens of metres) assimilated carbon from enriched sources (median 

contribution 72%), almost certainly via organic matter from seagrass meadows.  The obvious 

effect of seagrass organic material on S. serrata isotope values lessened with increasing 

distance.  At 5 km from seagrass, contributions from enriched sources were reduced (median 

50%), while depleted sources (median 9%) and MPB (median 15%) increased.  Further from 

seagrass (21 km), enriched sources and MPB provided little carbon (median 28% and 14%, 

respectively) while depleted sources provided the bulk of carbon (median 57%).  Isotope 

values of S. serrata in artificial urban waterways were not influenced by proximity to 

seagrass, saltmarsh grass or mangrove forests, but there was some suggestion of enriched 

values in S. serrata near artificial urban waterway entrances, especially in systems nearest to 

seagrass (median 28%), again demonstrating the importance of seagrass rather than saltmarsh 

grass (or mangroves) in the bay.  This study shows that seagrass and/or epiphytic algae are 

important to fisheries production, not just in the immediate vicinity, but also for species some 

distance (kms) away.  The need to conserve and protect seagrass meadows from high rates of 

anthropogenic development in the coastal zone is reinforced.   
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5.1 Introduction  

Evidence linking autotrophs to animal productivity has become central to ecological process 

studies (Polis et al. 2004).  In terrestrial systems, this understanding is evident as animals have 

been shown to obtain nutrition from autotrophs alongside them (Polis et al. 1997).  In aquatic 

systems this process becomes more complex, with animals either obtaining nutrition from 

local sources (Guest et al. 2006), or the animals being spatially separated by large distances 

from the sources supporting them (e.g. Marguillier et al. 1997, Carr et al. 2003).  With an 

increasing global human population, coastal wetland habitats have been fragmented or 

replaced completely by expanding urban activities (Kennish 2002, Crossland et al. 2005, Orth 

et al. 2006, Sheaves et al. 2007a).  An understanding of estuarine food web processes provides 

empirical evidence with which to evaluate the conservation value of different wetland 

habitats.  This information is critical for managers who are challenged with choosing which 

coastal wetland habitats to preserve. 

 

Stable isotope analysis effectively traces the transfer of energy and nutrients from autotrophs 

to consumers (as used in Chapter 4).  It works by relying on autotrophs having distinct ratios 

of rare-to-common isotopes, which can be compared to ratios in consumer tissues, 

demonstrating the nutritional importance of a single or combination of sources.  Stable isotope 

analysis of carbon also has an advantage over other food web techniques (e.g. gut content 

analysis) because there is very little change (fractionation) in δ
13

C isotope signatures of 

consumers over successive steps in the food chain (McCutchan et al. 2003).  Therefore, even 

higher order consumers reflect the original autotrophic source supporting the food web.  All 

animals ultimately rely on autotrophic sources, however, determining the unique solution 

among numerous sources available in estuaries (6 in this study) is difficult (Phillips & Gregg 

2001).  To overcome this problem, Phillips and Gregg (2003) developed the IsoSource model 

to calculate feasible combinations of autotrophs that result in an estimated consumer signature 

that is close to the observed signature.  This technique has been a powerful addition to the tool 

kit, allowing identification of the distribution of all possible solutions to stable isotope 

problems (Benstead et al. 2006).  
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Moreton Bay on the east coast of Australia is a shallow, coastal embayment, covering 

approximately 1 500 km
2
 (Dennison & Abal 1999).  Population increases in the region have 

been estimated at 3% per year; approximately 75 km
2
 of bush land and agricultural land have 

been converted to housing estates annually (HWP 2007).  Natural wetland habitats fringing 

the bay have also been affected by this high rate of anthropogenic development.  Between 

1955 and 1998, the loss of natural habitat has been estimated at 1 800 ha of mangroves and 

3 700 ha of saltmarsh habitat (Sinclair Knight Mertz 2000).  While Moreton Bay supports a 

variety of commercial and recreational fish species, the trophic consequences of habitat loss 

have only recently been examined.  Melville and Connolly (2005) collected a comprehensive 

suite of finfish to examine the basal autotrophic sources supporting productivity across 

Moreton Bay.  In that study, the authors reported that for most fish species examined, the top 

three autotrophs were seagrass, epiphytic algae and saltmarsh grass, with a combined median 

carbon contribution of 60 to 90%.  In a separate study in Moreton Bay, Hindell et al. (2004) 

examined the food web supporting two economically important crustacean species, the sand 

crab (Portunus pelagicus) and mud crab (Scylla serrata), and they, too, found that enriched 

sources such as seagrass, epiphytic algae and saltmarsh grass made the greatest contributions.  

While it seems producers with enriched sources are more important for production in Moreton 

Bay, there is no compelling evidence for relative contributions among these sources with 

enriched carbon isotope signatures. 

 

Artificial urban waterways massively extend the amount of available coastal habitat, and this 

has led to concerns about their ecological function and role as fish habitat (Morton 1989).  

Comparisons in the distribution and abundance patterns of animals between natural and 

artificial urban waterways have been used as an indirect means of assessing whether 

ecological processes differ between natural and artificial urban waterways (Baird et al. 1981, 

Morton 1989).  While these comparisons have shown that an almost complete overlap exists 

in the suite of fish species present in artificial and natural waterways, they have neither 

elucidated the underlying ecological role of artificial urban waterways, nor whether the 

processes differ from natural habitats, particularly given that artificial urban waterways lack 

the conspicuous macrophytes of naturally vegetated habitats (Maxted et al. 1997).  While an 

early food web study in Florida concluded that food webs supporting production were similar 



 

 
 
 

71 

in natural and artificial urban waterways (Kinch 1979), more recent evidence using carbon 

isotope analysis revealed that some fish species rely on completely different autotrophs in 

artificial urban waterways than in adjacent natural wetlands (Connolly 2003, Chapter 4).   

 

The mud crab (Scylla serrata) occurs throughout the Indo-West Pacific region from the east 

coast of South Africa to northern Australia and across the western Pacific to Hawaii (Kailola 

et al. 1993).  It is an economically important species that inhabits tidal reaches of rivers, mud 

flats and mangrove areas (Burggren & McMahon 1988, Ryan 2003).  Tagging studies indicate 

adults move little (< 1 km) within and between wetland habitats (Hyland et al. 1984).  

S. serrata is known to feed on a range of bivalve and gastropod molluscs, small crabs and 

polychaete worms (Hill 1976).  I used S. serrata as the test organism in this study to separate 

feasible contributions between the two dominant enriched autotrophic sources, seagrass and 

saltmarsh grass, supporting production in Moreton Bay.  I collected S. serrata from sites 

strategically positioned to represent different distances from the three main vegetated habitats: 

seagrass, saltmarsh and mangroves.  I predicted that isotope values of S. serrata would vary 

because they assimilate carbon from different, nearby, local sources.  

 

5.2 Methods 

5.2.1 Sample collection and processing 

Adult mud crabs (> 95 mm carapace width) were collected at 24 sites (14 natural and 10 

artificial) in austral spring (November) 2004 in southern Moreton Bay, Queensland, Australia 

(153˚42′E, 27˚93′S).  Three individual crabs were collected at each site for carbon isotope 

analysis, except at 9 sites where only a single individual could be caught, despite repeated 

attempts.  Each site was positioned using coastal wetland maps sourced from the Queensland 

Herbarium and local reports (Sinclair Knight Mertz 2000), to represent different spatial 

distances from seagrass (predominantly Zostera muelleri), saltmarsh grass 

(Sporobolus virginicus), and mangroves (predominantly Avicennia marina).  At all sites, 

distance (km) was measured as the direct route, via water, to the nearest habitat patch.   

  

As a proxy for carbon assimilation in the whole animal, cheliped muscle tissue was used for 

isotope analysis.  Within sites, carbon isotope variability was not influenced by sex (paired t-
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test, P = 0.124; N = 7 sites, 3 natural, 4 artificial urban waterways) or size (canal site 5, Table 

5.1, R
2
 = 0.12, P = 0.363, N = 6 individuals (3 males, 3 females), 97 mm to 160 mm carapace 

width) of S. serrata.  Muscle tissue was dried to constant weight (60
o
C), ground to a fine 

powder and analysed on an Isoprime Isotope Ratio Mass Spectrometer.  The ratios of 
13

C/
12

C 

for S. serrata were calculated as the relative per mil (‰) difference between the sample and 

the recognised international standard (Pee Dee belemnite limestone carbonate) and expressed 

as 
13

C.  Analytical precision was within 0.2‰.  

 

Table 5.1.  Distance of sites from the three key habitats, and carbon isotope values of 

Scylla serrata at each site.  Isotope values are means (+SE, omitted (-) where N = 1).  

Distance to open water is shown as a negative distance for sites located in artificial urban 

waterways.   

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

5.2.2 Data analysis of distances from autotrophs in natural and artificial urban waterways 

The main objective was to test for a relationship between δ
13

C values of Scylla serrata and 

distance from vegetated habitats.  A multiple stepwise regression was used initially to 

examine variability of log10x transformed 
13

C values of S. serrata among sites, using distance 

Habitat/Site 

 
Distance from habitat (m) 

δ
13

C (‰) Seagrass Saltmarsh Mangrove Open water 

Natural 1 -17.3 - 30 3 000 100        - 
 2 -17.8  (0.7) 150 1 500 200        - 
 3 -16.6 - 100 3 500 20        - 
 4 -14.9 - 1 4 800 100        - 
 5 -22.9  (0.1) 15 200 9 200 8 600        - 
 6 -22.3  (0.3) 12 200 6 100 3 700        - 
 7 -15.9  (0.4) 2 800 80        - 
 8 -24.9  (0.2) 21 000 27 000 500        - 
 9 -23.9  (0.4) 13 400 19 500 500        - 
 10 -20.4  (1.7) 5 200 50 20        - 
 11 -19.9  (0.7) 3 300 10 50        - 
 12 -17.4 - 600 2 600 2 400        - 
 13 -16.2  (0.1) 5 12 600 50        - 
 14 -17.1  (1.1) 10 10 800 30        - 

Artificial 1 -19.5  (0.5) 11 300 17 000 15 000 -9 600 
 2 -21.7  (0.9) 17 600 23 200 23 100 -15 900 
 3 -20.8  (0.8) 9 500 1 600 400 -200 
 4 -20.7 - 6 000 9 000 9 200 -500 
 5 -20.3  (0.3) 4 800 300 300 -300 
 6 -21.5  (0.3) 8 300 900 400 -400 
 7 -18.4 - 400 1 800 500 -100 
 8 -20.1 - 800 2 200 2 000 -500 
 9 -17.6 - 300 1 600 500 -50 
 10 -22.0 - 3 300 4 900 4 400 -3 000 
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from seagrass, saltmarsh grass and mangroves as the predictor variables.  A linear regression 

model was appropriate for this dataset; R square was not improved sufficiently enough with 

exponential or power non-linear models.  Following transformation, scatter plots of residuals 

against predicted values revealed no clear relationship, consistent with the assumption of 

linearity.  Also, the normal plot of regression standardised residuals for 
13

C values of 

S. serrata indicated a relatively normal distribution, therefore indicating that this 

transformation was a suitable model for this dataset.  An analysis of covariance (ANCOVA) 

was used to examine whether the slopes of relationships between seagrass distances and 

S. serrata 
13

C values were similar for natural and artificial urban waterways, where treatment 

was habitat (natural and artificial) and the covariate was distance from habitat.  S. serrata 

isotope signatures were log10x transformed to satisfy habitat homogeneity of variances and 

linearity. 

 

5.2.3 Modelling feasible source mixtures to explain crab nutrition 

Mean δ
13

C values of the dominant autotrophs in Moreton Bay were determined by pooling 

published literature (Fig. 5.1).  Mean Scylla serrata δ
13

C values collected at sites in this study 

and the mean autotroph values calculated from the literature were used in the IsoSource model 

of Phillips and Gregg (2003) to calculate feasible combinations of autotrophs that could 

explain S. serrata signatures.  This method examines all possible combinations of the potential 

contribution (0 to 100%) of each autotroph in small incremental adjustments (here 1%).  

Combinations of sources that resulted in estimated S. serrata δ
13

C values within 0.1‰ of the 

observed value were considered feasible solutions.  IsoSource reports results as the 

distribution of feasible solutions for each autotroph.  The breadth of distributions for different 

autotrophs can prevent rigorous conclusions about the relative contribution.  I therefore pooled 

autotrophs with similar isotope values (Phillips et al. 2005) to provide greater resolution of 

contributions from three groups of autotrophs (enriched: seagrass, epiphytes, saltmarsh grass; 

depleted: mangrove, saltmarsh succulents; intermediate: microphytobenthos). 

 

 

 

 



 

 
 
 

74 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 5.1.  Diagram of shallow intertidal habitats in Moreton Bay with δ
13

C values of 

dominant autotrophs (shown as bands centred on the mean, width representing the 

+SE).  Sourced from Melville & Connolly 2003, Guest & Connolly 2004, Guest et al. 

2004a, b and Chapter 4.  MPB: microphytobenthos. 

 

 

For modelling of feasible mixtures, δ
13

C of consumers must be corrected for fractionation 

(Peterson & Fry 1987).  Fractionation for δ
13

C is typically assumed to be < 1‰ per trophic 

level (McCutchan et al. 2003).  Previous modelling has shown that, where autotrophs are well 

separated, variations in consumer δ
13

C values of 1‰ have little effect on reported distributions 

or the rank order of autotroph contribution (Connolly et al. 2005a).  This previous work used 

finfish, not crustaceans, however, so I re-ran the model using adjusted δ
13

C values (mean 

Scylla serrata value + 1‰), to test the sensitivity of the model to fractionation shifts for 

S. serrata.  These variations had little effect on the reported distribution and the rank order of 

autotroph contributions, so therefore no adjustment was made for fractionation in the results 

reported here.  
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5.3 Results 

5.3.1 Crab carbon isotope values 

Mean 
13

C values for Scylla serrata among sites in natural habitat varied enormously (-14.9 to 

-24.9‰), but varied less at artificial sites (-17.6 to -22.0‰; Table 5.1). Variation within sites 

was minor, with individual crab values at any one site typically falling within a range of 2‰. 

   

5.3.2 Proximity of autotrophs and feasible source mixtures in natural wetlands 

In natural habitat the proximity of seagrass meadows had the strongest explanatory power for 

13
C variability (R

2 
= 0.87, P = 0.001, 

13
C  = -0.429 * distance (km) – 16.9), with no 

additional power provided by proximity of saltmarsh grass (R
2
 = 0.30, P = 0.111; Fig. 5.2).  

Scylla serrata 
13

C values were highly enriched at sites near seagrass, and became more 

depleted, particularly over the first few kilometres, with increasing distance from seagrass.  

This pattern was not found for saltmarsh grass, with 
13

C values of S. serrata caught close to 

saltmarsh grass intermediate between seagrass/saltmarsh grass and mangrove 
13

C values.  

There was no relationship with mangrove proximity (Fig. 5.2, R
2
 = 0.19, P = 0.144). 

 

The range of feasible contributions for each autotroph was very broad for Scylla serrata and 

the breadth of distributions changed among each site examined, limiting the conclusions that 

could be made directly from the model results (Table 5.2).  Pooling the results defined more 

sharply the contributions, although lost any distinction between seagrass and saltmarsh grass.  

IsoSource modelling of the site closest to seagrass, where S. serrata were most enriched 

(Table 5.1; site 4), showed that 70 to 97% of their carbon was derived from enriched sources, 

with depleted sources (0 to 19%) and MPB (0 to 24%; Fig. 5.3a) providing the remaining 

carbon.  The source of this enriched carbon is organic matter from seagrass meadows 

(seagrass itself and/or epiphyte algae), and not saltmarsh grass, given the proximity to 

seagrass meadows at this site.  At 5.2 km from seagrass (Fig. 5.3b, site 10 in Table 5.1), 

S. serrata 
13

C values were more depleted, and thus modelling showed reduced importance of 

enriched sources (29 to 64%), and increased contributions from MPB (0 to 64%) or depleted 

sources (6 to 48%).  At the site furthest from seagrass (Fig. 5.3c, site 8 in Table 5.1), enriched 

sources (5 to 27%) and MPB (0 to 45%) had a small contribution with the majority of carbon 

from depleted sources (50 to 79%).    
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Figure 5.2.  Natural sites. Variation in δ
13

C values of Scylla serrata with distance from 

seagrass, saltmarsh grass, and mangroves.  Values at each point are the site average.  

Insets illustrate expansion of distance from seagrass over smaller distances (600 m and 

40 m, respectively).  Letters on seagrass plot show the sites used in modelling results in 

Figure 5.3. 
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Figure 5.3.  Pooled IsoSource modelling results.  Combined contributions from three 

autotroph groups to Scylla serrata nutrition for the three sites (A, B and C) shown in 

seagrass distance plot (Figure 5.2). 
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Table 5.2.  IsoSource modelling results.  Distributions of feasible contributions for each 

autotroph to Scylla serrata nutrition based on the 3 sites in natural habitat shown on 

Figure 5.2, and the 2 sites in artificial urban waterways shown on Figure 5.4.  Values are 

medians, with ranges in parenthesis: 1 and 99 percentiles.  MPB microphytobenthos, 

SMG saltmarsh grass, SMS saltmarsh succulent, MAN mangroves, SG seagrass, EPI 

epiphytic algae. 

 

 

 

 

 

 

 

 

 

 

5.3.3 Proximity of autotrophs and feasible source mixtures in artificial wetlands 

In artificial urban waterways, isotope values of Scylla serrata remained in a narrow range 

(about 4‰), and were not significantly related to distance from any of the vegetated habitats 

(seagrass R
2
 = 0.32, P = 0.101; saltmarsh R

2
 = 0.11, P = 0.392; mangroves R

2
 = 0.13, 

P = 0.373).  However, S. serrata at the two sites closest to seagrass had highly enriched 

signatures (Fig. 5.4).     

 

The range of feasible contributions for autotrophs was very broad, limiting the conclusions 

that could be made directly from the modelling (Table 5.2).  At the site closest to seagrass 

(Table 5.1; site 9), enriched autotroph sources contributed 60 to 95% of the carbon for 

Scylla serrata (Fig. 5.4).  At the furthest site (Table 5.1; site 2), enriched autotroph sources 

were smaller (29 to 56%), while MPB contribution increased (0 to 62%), so to contribution 

from depleted sources (6 to 58%).   

 

 

 

 

Habitat/site 

Autotroph contribution (%) 

EPI SG MAN MPB SMG SMS 

Natural A 11 (0-48) 50 (8-74)  3 (0-15)   5 (0-24) 19 (0-80)   3 (0-15) 

 B 15 (0-56) 13 (0-40) 14 (0-42) 10 (0-64) 14 (0-48) 14 (0-41) 

 C   6 (0-24)   4 (0-16) 33 (0-73) 11 (0-45)  5 (0-20) 35 (0-72) 

Artificial A 16 (0-69) 28 (0-60)   7 (0-26)   8 (0-32) 24 (0-69)   6 (0-25) 

 B 14 (0-50) 11 (0-30) 17 (0-51) 17 (0-62) 12 (0-39) 17 (0-49) 
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Figure 5.4.  Artificial sites.  Variation in δ
13

C values of Scylla serrata with distance from 

seagrass, saltmarsh grass, and mangroves.  Values at each point are the site average. 

Letters on seagrass plot show the sites used in modelling results in Table 5.2.  Inset 

shows pooled IsoSource contributions of the 3 autotroph groups. 
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5.3.4 Relationship with seagrass distance at natural and artificial sites 

Seagrass proximity had a stronger influence on Scylla serrata isotope values in natural than 

artificial urban waterways.  This showed as a difference in slope between natural and artificial 

regression relationships of S. serrata isotope values against seagrass distance (ANCOVA: 

interaction, F1, 20 = 10, P = 0.005).  However, this might simply be an artefact of the lack of 

data within 1 km of seagrass in artificial urban waterways (natural seagrass panel has 8 sites; 

Fig. 5.2, while there were 3 sites in artificial urban waterways seagrass panel; Fig. 5.4). 

 

5.4 Discussion 

5.4.1 Crab carbon isotope values  

The range of carbon isotope values of Scylla serrata in Moreton Bay (-14 to -25‰) is wider 

than that reported for finfish over the same spatial scale (-16 to -19‰, Melville & Connolly 

2005).  Factors affecting isotope values of marine fauna, other than different local basal 

sources available among sites (e.g. Deegan & Garritt 1997), have included size and sex 

(Hobson et al. 1997, Pinnegar & Polunin 1999, Gaston & Suthers 2004), but none of these 

was particularly important here.  It is also possible that physiological processes, like 

fractionation, influenced this among-site range.  Fractionation rates are known to vary 

depending on consumer size, growth rate and food quality (Adams & Sterner 2000, Vander 

Zanden & Rasmussen 2001), and any of these might contribute to differential fractionation 

rates among sites.  However, large fractionation shifts are rare for carbon (McCutchan et al. 

2003).  Therefore, the among-site variability in S. serrata carbon isotope values more likely 

reflects the availability of different local basal sources.  Importantly, for the purposes of this 

study, it also demonstrates a low level of dispersal of S. serrata among sites within or between 

habitats, particularly given that it can take many weeks to months for the turnover of carbon 

signatures in the tissue of animals (Hesslein et al 1993).  I believe this demonstrates that the 

choice of organism is well suited for testing my model. 

 

5.4.2 Carbon sources for crabs at natural sites 

Scylla serrata had an interesting pattern of carbon assimilation across Moreton Bay.  

Individuals near seagrass meadows have highly enriched isotope values.  This is not the case 

when near saltmarsh, the other main habitat potentially supplying enriched-isotope organic 
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matter.  I therefore infer that organic matter from seagrass meadows provides a great deal of 

the carbon to S. serrata within several kilometres of a meadow.  The very enriched isotope 

values of S. serrata immediately adjacent to seagrass (100 m) demonstrate that their carbon 

comes largely from seagrass meadows.  For S. serrata a few hundred metres to five kilometres 

from seagrass, seagrass appears to also provide half or more of their carbon.  Further from 

seagrass, S. serrata have more depleted values, which are distributed over a narrow range, and 

therefore appear to draw their carbon from a background pool of organic matter, which is a 

mix of enriched (seagrass and perhaps also saltmarsh grass) and depleted (mangrove or 

terrestrial organic matter) sources.  Microalgal contributions are indeterminate and my data 

can neither rule in or out its importance. 

 

Many studies have shown that animals living within seagrass meadows rely on organic matter 

produced there (Lepoint et al. 2000, Moncreiff & Sullivan 2001, Lugendo et al. 2006, Vonk 

et al. 2008).  There is evidence in this study that organic matter from seagrass is more 

important to food webs than within seagrass patches alone (i.e. physical location).  Seagrass 

meadows can produce far more energy than that which is used by consumers inside the 

meadow (Duarte & Cebrián 1996, Kennedy et al. 2004).  This excess production is potentially 

available for use in food webs in adjacent habitats (e.g. Robertson & Lenanton 1984, Thresher 

et al. 1992, Connolly & Melville 2005, Connolly et al. 2005a, Hyndes & Lavery 2005, 

Crawley et al. 2009).  While this study demonstrates the importance of seagrass material to 

Scylla serrata, the underlying trophic processes of this contribution, for example, whether 

energy is transferred via particulate or dissolved organic matter (Twilley 1988) or a series of 

trophic interactions (Kneib 2000), cannot be resolved from this data set.  Given that S. serrata 

is an omnivorous scavenger (Hill 1976), it is more likely that the transfer occurs via 

intermediates.    

 

Feasibility modelling of source mixtures was not able to distinguish between seagrass or its 

epiphytic algae, which have similar carbon isotope signatures (e.g. Loneragan et al. 1997, 

Guest et al. 2004a, Chapter 4); it is therefore possible that Scylla serrata assimilates carbon 

from epiphytic algae and not from seagrass itself.  The relative contribution of seagrass and 

epiphytic algae to estuarine food webs has long been debated (Kitting et al. 1984, Boon et al. 
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1997, Vizzini et al. 2002).  Seagrass has a low N:C ratio (Klumpp & Nichols 1983) and is far 

less nutritious than other aquatic primary producers, including epiphytic algae (Klumpp et al. 

1989).  Studies that have attempted to separate contributions of seagrass and epiphytic algae 

have either been inconclusive because the isotopic ratios could not be differentiated 

(Loneragan et al. 1997, Boon et al. 1997, Chapter 4), or have shown that the contribution of 

epiphytes far exceeds that of seagrass (Moncreiff & Sullivan 2001).  Improving the resolution 

of feasible contribution of epiphytes and seagrass is an area of further research and techniques 

showing promise include manipulative enrichment experiments (Winning et al. 1999, 

Mutchler et al. 2004) and the use of sulphur isotopes (Fry et al. 2002, Connolly et al. 2004).  

Regardless of whether seagrass or epiphytes are nutritionally more important to consumers, 

my results still reinforce the need to conserve and protect seagrass meadows from adverse 

anthropogenic influences in Moreton Bay.   

 

Unlike in North American marshes (Peterson & Howarth 1987, Currin et al. 1995), detritus 

from saltmarsh in Australian waters has little food web impact beyond its borders.  Australian 

marshes are located high in the intertidal zone and are inundated only infrequently (Connolly 

1999, Hollingsworth & Connolly 2006), potentially limiting detrital export.  Although 

saltmarsh grass is likely to be highly productive, the total aerial cover of saltmarsh in the study 

area (7 km
2
) is only 17% of that of seagrass (Sinclair Knight Mertz 2000).   

 

Scylla serrata carbon values were more depleted with increasing distance from seagrass; 

modelling supported this finding and showed a steep decay in seagrass contribution and an 

increase in depleted source contribution.  This is an important pattern because it shows that 

autotrophs with depleted carbon signatures are important to fisheries production in parts of 

Moreton Bay.  It is difficult to separately assess contributions of mangrove carbon to 

S. serrata from that of saltmarsh succulents and MPB, though both the latter two sources have 

been shown previously to contribute little to food webs in Moreton Bay (Melville & Connolly 

2005).  While early studies argued that the high productivity of mangroves was strong 

evidence for bulk contribution to food webs outside forest areas (e.g. Rodelli et al. 1984), the 

balance of recent evidence has shown that the use of mangrove carbon is restricted to an area 

in or near to mangrove forests (e.g. Lee 1995, Loneragan et al. 1997, Bouillon et al. 2002, 
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2004, 2008).  In this study, carbon signatures of S. serrata immediately adjacent to mangroves 

(5 to 500 m) are substantially less negative when mangroves are also bordered by seagrass 

(see Table 5.1), suggesting that the seaward transfer of mangrove organic carbon is also minor 

in Moreton Bay.  The modelling here and in the previous studies in the bay indicates that the 

contribution of mangrove derived carbon supporting estuarine food webs in general could 

commonly be up to 30%, and may even be as high as 70% at certain sites, but in all cases the 

contribution could also be zero (Melville & Connolly 2005).  I cannot confirm the true extent 

of mangrove contributions because other similarly depleted carbon sources that confound 

interpretations.  Truly terrestrial vegetation also has similar carbon values to mangroves (Boon 

& Bunn 1994) and its contribution to coastal productivity has received attention elsewhere 

(e.g. Fry & Sherr 1984, Deegan & Garritt 1997, Li & Lee, 1998, Bouillon et al. 2004, Wissel 

& Fry 2005, Abrantes & Sheaves 2008).  With an increase in catchment organic loads 

inevitable in southeast Queensland as the extent of urban development expands (HWP 2007), 

it would be worth investigating the mixture of depleted aquatic and terrestrial sources through 

the use of chemical tracers (e.g. Dittmar et al. 2001).  

 

5.4.3 Trophodynamics in artificial urban waterways 

Carbon isotope values of Scylla serrata in artificial urban waterways were generally similar to 

those at natural sites far from seagrass.  This resulted in a lack of significant relationships 

between S. serrata carbon values and proximity to any wetland habitat.  This probably reflects 

in part the lack of vegetated habitats in artificial urban waterways.  I was unable to have the 

close proximities to habitats that turned out to be important for natural sites because I could 

not include artificial urban waterways close to seagrass within the study design.  Even in 

artificial urban waterways, there was a hint that organic matter from seagrass meadows might 

be important, since S. serrata from the two sites nearest to seagrass did in fact have enriched 

values (see Table 5.1).  With excess seagrass production available in natural habitat, it is 

possible that some of this allochthonous matter is transported into artificial urban waterways.  

However, it seems that the trophic contribution of this material to S. serrata in artificial urban 

waterways is confined to within the first few hundred metres of these waterways, probably 

because of their narrow openings and restricted tidal exchange with adjacent waterways (Zigic 

et al. 2005).     
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Terrestrial grass also has an enriched carbon signature similar to seagrass (see Chapter 4).  

While terrestrial sources, including grass, would be washed into these systems during rainfall, 

the chance that its contribution is spatially confined to the vicinity of the openings of these 

artificial urban waterways seems unlikely, particularly given that this autotroph is found 

fringing artificial urban waterways across the region (Connolly 2003, Chapter 4).  In a study 

of the diet of garfish Arrhamphus sclerolepis (omnivore) in artificial urban waterways 

(Chapter 4), there was no evidence in the stomach of fish, day or night, to suggest a trophic 

importance of terrestrial grass. 

 

Beyond the openings of artificial urban waterways, Scylla serrata carbon values were more 

depleted and within the narrow range more typical of fauna in artificial urban waterways of 

the region (Connolly 2003, Chapter 4).  Autotrophic production in artificial urban waterways 

in southeast Queensland is restricted to macroalgae, MPB, phytoplankton and terrestrial plants 

(Connolly 2003, Chapter 4).  It is difficult to separately assess contribution among these 

isotopically similar sources and further work is necessary to resolve their trophic role.  This 

additional research should also examine the extent to which wind or rainfall contributes to 

transfer of terrestrial plant material to artificial urban waterways.  In considering the 

management of artificial urban waterways, the results here and in previous research (Connolly 

2003, Chapter 4) illustrate that enough energy is available, either from autochthonous or 

allochthonous sources, to support the suite of fish and invertebrate species occurring in these 

created wetland habitats.   

 

5.5 Conclusion 

This study demonstrates the importance of organic material from seagrass meadows as the 

base for nutrition of a fisheries species in Moreton Bay.  Spatial analysis showed a strong 

pattern between seagrass proximity and Scylla serrata carbon isotope values, whereas no 

relationship existed for saltmarsh grass or for mangroves.  Organic material derived from 

seagrass and/or epiphytic algae is important to fisheries production not only in the immediate 

vicinity of seagrass patches, but also up to several kilometres around the patch, possibly even 

at some sites in artificial urban waterways.  This study reinforces the need to conserve and 

protect seagrass meadows from adverse anthropogenic influences in Moreton Bay.  
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Chapter 6.  Accumulation of contaminants in the water, sediment and fish from natural 

and urban estuarine wetland habitats 

 

6.0 Abstract 

Heavy metals and pesticides were measured in the tissue (muscle, gills and liver) of three 

species of fish with different feeding strategies (partly herbivore Arrhamphus sclerolepis, 

carnivore Acanthopagrus australis, detritivore Mugil cephalus) in Moreton Bay, Australia, to 

test the model that fish accumulate different amounts of pollutants from wetland habitats 

affected by different rates of anthropogenic activities (i.e. marinas, artificial canal estates, 

artificial tidal urban lakes, estuary and natural vegetated parts of the bay).  With the exception 

of Cu, metal concentrations in water (measured using diffuse gradients in thin films; DGTs) 

and sediment complied with relevant Australian guidelines and were similar in all wetland 

habitats examined.  For Cu, concentrations were above guidelines for both sediment and water 

in marinas, presumably due to vessel-related activities undertaken within these facilities.  This 

was reflected in higher concentrations of Cu in the gills of fish from marinas compared to fish 

from other wetlands, regardless of fish feeding strategy.  Interestingly, Cu concentrations were 

higher in herbivores and detritivores than in carnivores, reflecting either differences in their 

ability to regulate and reduce accumulation or their trophic strategies.  Metal and pesticide 

concentrations in the edible muscle tissue of all fish complied with the Australian Food 

Standard Code recommended limits for human consumption, indicating that fish are safe to 

eat.  The generally low sediment and water column contamination over wetland habitats in the 

bay translates to a low health risk for humans consuming fish.  There is evidence of spikes in 

sediment metal and pesticide concentrations in some individual artificial urban waterways, 

which highlights that certain areas of the bay are affected by anthropogenic activities.  The 

challenge for managers is to ensure the same level of human health protection in the bay 

whilst accommodating future population and urban development.  



 

 
 
 

86 

6.1 Introduction 

The coastal zone supports a large part of global biological productivity yet, at the same time, 

this region is becoming increasingly modified in response to high rates of anthropogenic 

activity such as residential development, industry, mining, shipping/ports, golf courses and 

shopping centres (Lawrence & Elliott 2003, Kennish et al. 2008).  This mix of land uses can 

generate a range of pollutants which are transported following rainfall runoff, usually 

untreated and unprocessed, to local rivers and estuaries (Clark 1997, Crossland et al. 2005).  

In many places the coastal zone has become a major discharge point and depositional area of 

waste from services essential to humans (LOICZ 2002).  Managers are now faced with solving 

the juxtaposition of anthropogenic needs with ecosystem conservation (Dennison 2008).   

 

Understanding the ramifications of contamination in coastal ecosystems is complex because of 

the range and extent of anthropogenic activities now undertaken (Crossland et al. 2005).  

Routine estuary monitoring programs are commonly used but are rarely able to measure 

disturbance because they focus on water and sediment quality as surrogates for ecosystem 

health (Leamon et al. 2000, Bervoets & Blust 2003).  To determine whether poor water and 

sediment quality equates to reduced ecosystem health and function a more comprehensive 

suite of measurements is needed (Whitfield & Elliott 2002).  Programs that integrate 

biological measurements with water and sediment surveys are not only useful for 

demonstrating responses (e.g. accumulation of contaminants) by local fauna to a range of 

abiotic environmental conditions, but also raise public awareness and encourage pollutant 

assessments and management intervention (e.g. Al-Yousuf et al. 2000, HWP 2007). 

 

In applications where the fate and magnitude of contamination is of concern, fish are the 

preferred choice of indicator because of the following attributes: 1) they are abundant, easy to 

identify and process; 2) a range of trophic feeding modes can be investigated in a single 

survey; 3) some species are sedentary and provide a direct and continuing biological response 

to local contamination; 4) they have a high public awareness as they are economically and 

recreationally targeted; and 5) their loss can be equated to societal costs (Whitfield & Elliott 

2002). 
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While the construction of artificial urban waterways has massively extended opportunities for 

residential waterfront real estate, at the same time there is evidence that this extension 

increases the amount of available wetland habitat for fish (e.g. South Africa; Baird et al. 1981, 

Australia; Morton 1989, USA; Maxted et al. 1997, Europe; Dabala et al. 2005).  In Australia, 

construction of artificial urban waterways proliferated following the first canal estate in 1956 

(Johnson & Williams 1989), with more and more urban waterway developments joining 

directly to natural estuaries or to the end of existing systems (e.g. Nerang River, Queensland, 

Chapter 3).  This massive extension in the extent of natural estuaries has increased the tidal 

prism in local estuaries, causing erosion to downstream residential properties.  In an attempt to 

resolve this problem, government legislation has forced waterway property developers to 

change the design of artificial urban waterways from canals to lakes, which are separated from 

the downstream waterway via tidal devices (e.g. locks, weirs, gates and pipes; Environmental 

Protection Agency 2005).  This shift in design has allowed further artificial urban waterway 

development while only marginally increasing the tidal prism (Zigic et al. 2005).   

 

Artificial urban waterways differ from adjoining natural estuarine habitats.  They have 

distinctly poorer water and sediment quality because they: 1) receive high loads of untreated 

urban stormwater runoff; 2) have limited tidal exchange and are highly ramified; and 3) are 

considerably deeper than local estuaries (Cosser 1989, Burton et al. 2005, Lemckert 2006).  

While these investigations focused on open canals, there is no evidence demonstrating 

whether the design change to urban tidal lakes increases the contamination of water, sediment 

or fish.     

 

In this study I measured the accumulation of contaminants in fish tissue (muscle, gill and 

liver) to determine whether concentrations vary among a range of different natural and 

artificial urban waterway habitats in Moreton Bay, Australia.  I predict that pollutant (metals 

and pesticides) concentrations in the tissue of fish will differ among habitats because fish are 

exposed to different amounts from different anthropogenic activities; concentrations will be 

higher in fish in habitats exposed to greater rates of pollution than in habitats with lower rates.  

Pollution concentrations were also measured in sediment and water samples in each habitat to 

check for levels of contamination and possible links with fish contaminants.  



 

 
 
 

88 

6.2 Methods 

6.2.1 Survey design and field sampling  

Fish were collected over 3 weeks in austral autumn (April) in 2007 from five different wetland 

habitats in southern Moreton Bay: 1) estuaries; 2) open natural vegetated parts of the bay 

(hereafter referred to as natural habitat); 3) artificial urban canals (canals); 4) artificial urban 

lakes (lakes); and 5) marina facilities (Fig 6.1).  The estuaries and natural habitat sites receive 

pollutant loads from urban and industrial areas, but are well flushed and are considered to be 

in a more natural condition (HWP 2007).  Both artificial urban waterways receive untreated 

runoff, mostly from urban development but also some industrial areas, are highly ramified and 

less well flushed than adjacent estuaries and natural habitat (Zigic et al. 2005).  Local marina 

facilities receive high loads of contaminants from vessel hard stands, repainting and 

maintenance outlets (Burton et al. 2005).  Each wetland habitat had four replicate sites, except 

marinas, which had three (N = 19 sites); all sites were chosen haphazardly, and interspersed, 

over the study area.  Total rainfall over the 4 weeks prior to, and during sampling, was 45 mm 

(Bureau of Meteorology, Queensland, Gold Coast Seaway station 040764).   

 

The fish species chosen are widespread and represent different trophic levels within the 

overall fish assemblage of southern Moreton Bay; carnivorous yellowfin bream, 

Acanthopagrus australis (Kailola et al. 1993), detritivorous sea mullet, Mugil cephalus 

(Kailola et al. 1993), and the partly herbivorous snub nosed garfish, Arrhamphus sclerolepis 

(Chapter 4).  While fish are mobile, there is local evidence from stable isotope studies (as used 

in Chapter 4 and 5), that most fish species demonstrate high site fidelity over periods of 

several weeks (Schlacher et al. 2005).  Up to 5 individuals of each species were collected from 

each site using a seine net (70 m x 4 m, 18 mm).  Fish were placed on ice and returned to the 

laboratory for dissecting various tissues (liver, gill and muscle; the skin was removed from 

muscle tissue because it contains lipids which can overestimate results; SFEI 1999, Yilmaz 

2003).  There was no effect of length on metal concentrations with any tissue type, so no 

adjustment was made; size ranges for A. australis (R
2
 < 0.28, P > 0.056), M. cephalus 

(R
2
 < 0.32, P > 0.118) and A. sclerolepis (R

2
 < 0.26, P > 0.063) were 15–24, 17–34, and 12–

21 cm TL, respectively.    
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Figure 6.1.  Southern Moreton Bay showing extent of artificial urban waterways (■) and 

natural waterways (□).   artificial canal (T Tallebudgera Canal, S Sunshine Canal, C 

Council Canal, R Runaway Bay Canal),  estuary (U Currumbin Creek Estuary, T 

Tallebudgera Creek Estuary, N Nerang River Estuary, C Coomera River Estuary),  

natural (W Wave Break Island, B Brown Island, C Coomera River, J Jumpinpin),  

marina (S Southport Marina, R Runaway Marina, C Coomera Marina),  artificial lake 

(C Cyclades Lake, P Pine Lake, B Burleigh Lake, R Rudd Lake). 

 

 

Three sediment grabs were taken at each site (within 100m of each other), and were 

homogenised in a stainless steel bowl using a stainless steel scoop.  Sub-samples of sediment 

grabs were placed into polyethylene bags and returned to the laboratory for analysis.  All fish 

tissue and sediment samples were dried in an oven (60
o
C) for 24 to 36 h to constant weight.  

The dried tissue and sediment were ground with a clean mortar and pestle.  Three 200 μg 

replicate aliquots of dried sediment and fish tissue were placed into 30 mL plastic digestion 

reflux tubes.  2.0 mL of concentrated HNO3 (65%) (Suprapur, Merck) followed by 0.5 mL of 

concentrated (30%) H2O2 (Suprapur, Merck) was added to each digestion tube within a 

laminar flow cupboard.  Samples were microwave digested on medium/low for 22 min and 
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diluted 1:30 prior to analysis by inductively coupled plasma mass spectrometry (ICP-MS, 

Agilent 7500 Series).  A certified reference material (CRM, PACS-2 from the institute for 

National Measurement Standards National Research Council of Canada) was also digested 

and measured.  Digestion recovery of CRM was slightly variable among sediment metals 

because of incomplete digestion (Table 6.1).  This is not uncommon in metal-sediment studies 

due to the elution process to adsorb metals attached to sediment particles (Hassan et al. 2007, 

Bettiol et al. 2008).  This is because the certified concentrations are measured using total 

metal measurements with strong acid digests that dissolve most of the minerals present, while 

the digest used in this study, and many others, use a weaker digestion to measure a more 

reactive fraction of sediment metals.  This means that the concentrations measured on the 

CRM will be underestimated for metals that make up the lattice mineral structure (Fe and Al) 

of sediment, but should be underestimated to a much lesser extent for metals that interact 

primarily with the surface of mineral particles and their various coatings.  Sixteen pesticides 

(organochlorine and organophosphorus) and mercury concentrations were examined in the 

edible muscle tissue of up to 3 individual fish of each species from each site, at the Pathology 

and Scientific Services laboratory, Queensland Health, Australia.  Samples were solvent 

extracted with 10% acetone in hexane.  Organic extracts were evaporated and cleaned up on 

5% deactivated florisil.  The final extract was prepared in hexane solution.  All analysis was 

by gas chromatography with dual electron capture detection (GC/ECD).  Confirmation of peak 

identity was performed by gas chromatography with mass spectrometry detection.  Limit of 

detection was 0.005 mg/kg fresh weight of sample for pesticides and 0.01mg/kg for mercury. 
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Table 6.1.  Recoveries of heavy metals studied from freeze dried sediment and muscle tissue measured by ICP-MS.  RSD, 

relative standard deviation.  (-) not examined. 

 

Heavy Metal 

Sediment      Fish Tissue 

CRM conc.  

(mg/kg dry weight) 

Recovery  

(%) 

RSD  

(%) 

     CRM conc.  

     (μg/g dry weight) 

Recovery  

(%) 

RSD  

(%) 

Aluminum (Al) 9 700.0 68.1 0.04               99.8 74.5 14.5 

Arsenic (As) 18.2 69.5 0.04               11.5 86.8   7.6 

Cadmium (Cd)   5.4 255.1 0.03 0.8         102.2   5.9 

Chromium (Cr) 37.0 40.1 0.03 0.6         119.4 31.4 

Cobalt (Co)   6.9 60.0 0.03 0.5           84.6   5.4 

Copper (Cu)                    257.1 82.9 0.02 3.6           95.8   9.6 

Iron (Fe)               23 011.0 56.3 0.04             185.8         108.6   4.4 

Lead (Pb)                    181.7 
99.2 

0.06 1.2           97.8   4.9 

Manganese (Mn)                    183.8 
41.7 

0.03  34.5         104.8   5.3 

Nickel (Ni) 25.1 
63.5 

0.03 1.1         115.1   5.1 

Selenium (Se) - 
- 

- 1.8         101.7 14.7 

Zinc (Zn)                    313.9 
86.2 

0.02               22.2           89.2   8.6 
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6.2.2 Preparation and measurement of DGT devices 

Previous metal uptake studies have collected water samples randomly over the survey 

period and while these measurements provide information of the spatial variability, they 

offer limited temporal understanding of the exposure experienced by organisms.  The use of 

diffusive gradients in thin films (DGTs) integrates divalent metals over time (Zhang & 

Davison 1995).  Polyacrylamide hydrogel sheets containing Chelex 100 resin (BioRad) (the 

binding layer) were prepared as described by Dunn et al. (2003).  Discs of 2.5 cm diameter 

diffusive and binding layers were cut from the respective sheets and incorporated into DGT 

probes along with 0.45 mm cellulose nitrate membrane as a protective cover (Dunn et al. 

2003).  DGT probes were deployed in triplicate at each site, several days prior to fish 

sampling, attached to the inside of a submersible plastic container, which was suspended 

from a buoy at about 1 m depth.  At each site, the apparatus was tethered to the sea floor 

with a concrete block with sufficient rope to allow for tidal height variation and boat wash.  

The exact deployment time and water temperature was recorded at each site for use in the 

DGT equation.  After 72 h, water temperature was again measured, and the DGT probes 

were retrieved, rinsed with water (Milli Q) and placed into sealed plastic bags.  Upon return 

to the laboratory, the probes, including blanks (approximately 10% of the total number), 

were disassembled and the binding layer placed in a microcentrifuge tube. 

 

The binding layers were eluted in 1 mL of 1 M HNO3 for 24 h and then removed from the 

eluent solution, followed by a three or four fold dilution of the eluent (with water).  The 

eluent solutions were analysed by inductively coupled plasma mass spectrometry (ICP-MS, 

Perkin Elmer SCIEX ELAN
®
 6100) at ALS Environmental (Brisbane).  Recoveries of 

multi-element spiked samples were > 90%.  All analyses with relative standard deviations 

> 10% of the three replicate measurements were repeated.  The mass of accumulated metals 

was measured and the average of the three probes from each site was used to calculate the 

DGT reactive metal concentration using the DGT equation (DiGiano et al. 1988, Davison 

& Zhang 1994, Davison et al. 2000).  Not all metal elements examined in the DGT probes 

were also determined for sediment (missing elements included Al, As, and Se) due to 

laboratory analytical limitations (these elements require a different binding layer).     
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6.2.3 Data analysis 

Differences in metal concentrations for fish tissue, sediment and water among habitats, 

species, and tissue type were analysed using ANOVA.  Data were tested for homogeneity 

of variance and normality, to satisfy the assumptions of ANOVA, and were log10x 

transformed as necessary.  Where significant differences were found, Tukey’s multiple 

comparison was used to examine differences among habitat.  Correlations between metal 

concentrations in water and sediment with each fish tissue type, for each species, were 

examined to determine pathway uptake, however, after adjustment for Type 1 error, no 

significant corrections were found and results are not therefore reported further here.  No 

analysis of fish and sediment pesticide differences among habitats could be performed 

because of a high number of sample zeros because pesticides could not be detected.  

 

Non-metric multidimensional scaling (NMDS) was used to ordinate metal concentrations 

using the Euclidian distance transformation.  Differences in metal concentrations in water, 

sediment and each individual fish tissue type (for each species separately) among habitats 

were tested for significance using analysis of similarities (ANOSIM; Clarke 1993).  When 

significant differences were detected, the R-statistic was used to determine the extent of the 

difference, and similarity percentages (SIMPER) elucidated which metal contributed most 

to the difference (based on high mean:SD ratio; Clarke 1993).     

 

6.3 Results 

6.3.1 Environmental contaminant concentrations 

Water quality concentrations mostly complied with the ANZECC/ARMCANZ (2000) 

guidelines for the 95% level of aquatic ecosystem protection (Table 6.2).  The exception 

was Cu concentrations, which exceeded the 95% trigger value at marinas, estuaries and 

natural habitats.  Zn also failed the 95% trigger value in all habitats except natural, though 

these results should be viewed with caution given that the detection limit in the analysis 

was higher than that recorded in each habitat except canals.  There were no significant 

multivariate differences in water metal concentrations among habitats (ANOSIM, global 

R = 0.07, P = 0.258, Stress = 0.02), nor for individual metal elements among habitats (1-

way ANOVA, P > 0.117; except Zn, though results should be viewed with caution).   
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Table 6.2.  Metal concentrations (mean, +SE; μg/L) measured in the water column using DGT in each wetland habitat.  

Concentrations in bold exceed 95% trigger values in ANZECC/ARMCANZ guidelines (2000).  Values within rows having 

different superscript lower case letters are significantly different according to Tukey’s post hoc test (P < 0.01). * Cr VI.  LOD; 

Limit of detection (3 x SD of blanks). 
 

 

Metal Marina Estuary Canal Lake Natural ANZECC/ARMCANZ LOD 

Cd 0.017
 
  (0.005) 0.012 (0.003) 0.023  (0.01) 0.024  (0.01) 0.009  (0.001) 5.5 0.004 

Co 0.078
 
 (0.03) 0.101 (0.02) 0.074  (0.01) 0.087  (0.02) 0.085  (0.02) 1.0 0.004 

Cr 1.1
 
  (0.41) 1.1 (0.48) 0.5  (0.18) 0.7  (0.06) 0.6  (0.12) 4.4* 0.4 

Cu 2.3
 
  (0.82) 1.4  (0.29) 0.8  (0.39) 0.9  (0.31) 1.4  (0.53) 1.3 0.1 

Fe 7.4
 
  (0.55) 7.2 (0.78) 8.6  (1.92) 6.3  (1.01) 10.0  (0.86) - 2.3 

Mn 6.7  (2.25) 9.4 (2.60) 7.8  (1.81) 21.9  (16.86) 4.1  (0.79) - 0.06 

Ni 0.5
 
  (0.12) 0.3 (0.13) 0.4  (0.07) 0.5  (0.05) 0.4  (0.06) 70 0.05 

Pb 0.019 (0.009)     0.017 (0.005)    0.020 (0.008)    0.037 (0.01) 0.022  (0.005) 4.4 0.009 

Zn 23.7
a
  (7.17) 20.1

a
  (5.91) 27.0

a
  (9.51) 22.6

a
  (7.36) 10.9

 b
  (1.77) 15 23.1 
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Sediment metal concentrations generally complied with the lower trigger values in the 

ANZECC/ARMCANZ (2000) sediment guidelines (Table 6.3).  Lead sediment 

concentrations were significantly higher in both artificial urban waterways (1-way 

ANOVA, P = 0.021) with concentrations in several individual systems exceeding the lower 

trigger values (Fig. 6.2).  Sediment Cu concentrations were significantly higher in marinas 

than all other habitats, and were intermediate in both artificial urban waterways (1-way 

ANOVA; P = 0.010).  Zinc concentrations were significantly higher in marinas and both 

artificial urban waterways than in natural habitats, with estuaries intermediate.  DDE, 

dieldrin and bifenthrin were detected in the sediments of canals and lakes only, but 

remained below lower guideline values.  There were no significant multivariate differences 

in sediment metal concentrations among habitats (ANOSIM, global R = 0.13, P = 0.912, 

Stress = 0.01).   

 

6.3.2 Contaminant concentrations in fish tissue 

Overall, metal concentrations were similar among the fish species and habitats, with only 

minor differences detected among habitats.  Copper in gills was the only metal and tissue 

combination that varied consistently among habitats (nested ANOVA: main factor 

(habitat), F4, 24 = 13, P = 0.001, main factor (fish) F2, 199 = 6, P = 0.003, nested (sites) 

F21, 199 = 0.04, P = 0.431; Fig. 6.3).  For all species, except Acanthopagrus australis, for 

which there was some overlap between marinas and canals, highest Cu concentrations 

occurred in fish from marinas.  Copper concentrations in the gills of Mugil cephalus and 

Arrhamphus sclerolepis were higher than in the gills of A. australis.  Overall, there was no 

significant multivariate difference among habitats or among sites within the same habitat 

for each fish tissue/species combination (two-way ANOSIM: habitat, R < 0.39, P > 0.080; 

sites, R < 0.26, P > 0.151, Stress < 0.05).   
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Table 6.3.  Contaminant concentrations (mean, +SE) and lower trigger values according to ANZECC/ARMCANZ (2000) 

(metals: mg/kg dry weight; pesticide: μg/kg dry weight) in total sediment for each wetland habitat.  Values within rows having 

different superscript letters are significantly different according to Tukey’s post hoc test (P < 0.01).  ND; not detected. 

 

 

 

 

 

Metal Marina Estuary Canal Lake Natural Trigger values 

Al 3169.0 (725) 2376.0 (908) 3651.0    (1026) 4070.0 (1145) 2437.0   (861) - 

As 2.1 (0.44) 1.9 (0.28) 3.5 (0.21) 2.6 (0.32) 2.4 (0.25) 20 

Cd 0.1 (0.01) 0.1 (0.02) 0.1 (0.03) 0.1 (0.02) 0.1 (0.01) 1.5 

Co 3.9 (1.24) 2.9 (1.12) 2.6 (0.44) 2.3 (0.57) 3.3 (0.83) - 

Cr 10.0 (2.79) 4.8 (1.81) 8.1 (2.11) 6.7 (1.71) 6.2 (2.01) 80 

Cu 31.5
a
  (16.87) 7.1

c
 (0.91) 12.2

b
 (2.26) 10.6

b
 (2.05) 5.8

c
 (0.29) 65 

Fe 9167.0     (2346) 6984.0 (2552) 10756.0 (2675) 8319.0 (2160) 6252.0 (1993) - 

Mn 87.0 (31.61) 67.8 (31.2) 62.0 (17.42) 71.2 (21.41) 82.6 (19.02) - 

Ni 3.3 (0.65) 1.6 (0.51) 2.1 (0.44) 1.7 (0.28) 2.6 (0.71) 210 

Pb 14.9
b
 (6.95) 8.6

b
 (3.44) 48.4

a
 (18.81) 39.8

a
 (13.70) 5.0

b
 (2.12) 50 

Se 1.4 (0.23) 1.6 (0.33) 1.5 (0.21) 1.5 (0.32) 1.6 (0.25) - 

Zn 71.5
a
 (15.37) 47.5

b
 (9.84) 105.1

a
 (24.47) 76.9

a
 (23.87) 32.3

c
 (6.35) 200 

Pesticides            

DDE ND  ND  0.008 (0) 0.005 (0) ND  2.2 

Dieldrin ND  ND  0.007 (0) ND  ND  0.02 

Bifenthrin ND  ND  0.015 (0) 0.009 (0) ND  - 
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Figure 6.2. Lead (mg/kg) and pesticide (μg/kg) concentrations in the sediment of single 

canal and lake systems in Moreton Bay.  Results shown are for a composite sample 

from three sediment grabs collected in each system.  ANZECC/ARMCANZ (2000) 

lower trigger value for DDE, dieldrin and bifenthrin not shown as concentrations 

comply with the guidelines.  For canals, dead end and open labels refer to flow 

characteristics of each system, while large (~ 280 ha) and small (~ 20 ha) area refers to 

the size of the catchment area draining to each lake system.  Labels are same as in 

Figure 6.1. 
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Figure 6.3.  Copper concentrations in gill tissue of fish in each habitat (mean, +SE).  N 

natural, E estuary, L lake, C canal, M marina.  Values for each species with different 

lower case letters differ significantly between habitats according to Tukey’s post hoc 

test (P < 0.01).  N in habitat, for each species, ranges between 8 and 20.    

 

 

Arsenic was the only metal that was consistently above the Australian Food Standard Code 

(2007) recommended limit for human consumption (Table 6.4) in the muscle tissue of all 

fish species, and in all habitats.  All other metals complied with the guidelines for human 

health protection.  The pesticide Dieldrin was detected in the tissue of 

Acanthopagrus australis and Mugil cephalus, but complied with the guidelines for safe 

consumption in all cases (Table 6.4). 
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Table 6.4.  Contaminant concentrations (mean, +SE; mg/kg dry weight) in edible muscle tissue for each fish species in each 

wetland habitat in Moreton Bay.  Results only reported here for those elements where a guideline exists in the Australian Food 

Standard Code (2007).  Guidelines for copper and pesticide contaminants are from ANZFA 1999 (guidelines are wet weight, 

results in this study are dry weight and have been corrected by multiplying by 4.5; Kirby et al. 2001).  ND; not detected.  N is 

same as Figure 6.3. 

Species Habitat 

Metals Pesticide 

As Cd Cu Hg Pb Zn Dieldrin 

   

 

 

Acanthopagrus 

australis 

   Natural 4.8 (0.44) 0.02 (0.01) 4.9 (0.21) 0.13 (0.028) 0.05 (0.01) 18.9 (1.35) ND  

   Marina 4.2 (0.39) 0.03 (0.01) 3.6 (0.09) 0.13 (0.018) 0.04 (0.03) 21.1 (1.24) ND  

   Estuary 4.6 (0.34) 0.04 (0.01) 5.9 (0.37) 0.07 (0.012) 0.09 (0.004) 22.2 (2.13) ND   

   Canal 5.4 (0.78) 0.03 (0.01) 3.2 (0.05) 0.08 (0.011) 0.07 (0.003) 15.8 (0.53) 0.005 (0) 

   Lake 9.6 (2.91) 0.05 (0.01) 3.6 (0.09) 0.17 (0.021) 0.06 (0.01) 18.2 (0.95) 0.01 (0.003) 

 

 

 Mugil cephalus 

   Natural 2.5 (0.15) 0.02 (0.001) 4.9 (0.14) 0.01 (0.003) 0.06 (0.01) 20.5 (2.24) ND  

   Marina 3.5 (0.62) 0.02 (0.004) 5.4 (0.19) 0.01 (0) 0.07 (0.01) 28.7 (2.56) ND  

   Estuary 2.7 (0.28) 0.26 (0.21) 5.9 (0.18) 0.02 (0.003) 0.09 (0.02) 24.9 (2.97) 0.01 (0) 

   Canal 3.3 (0.26) 0.1 (0.08) 2.1 (0.99) 0.02 (0.004) 0.08 (0.01) 27.8 (5.44) 0.01 (0.001) 

   Lake 2.3 (0.33) 0.01 (0.03) 7.2 (0.64) 0.01 (0.001) 0.05 (0.004) 23.9 (1.66) ND  

Arrhamphus 

sclerolepis 

   Natural 5.6 (1.11) 0.04 (0.01) 2.1 (0.74) 0.01 (0) 0.05 (0.01) 23.1 (1.31) ND  

   Marina 3.6 (0.53) 0.21 (0.19) 3.6 (0.14) 0.02 (0.002) 0.05 (0.04) 34.7 (5.36) ND  

   Estuary 3.6 (0.32) 0.03 (0.01) 2.7 (0.03) 0.02 (0.002) 0.08 (0.01) 30.0 (2.19) ND  

   Canal 4.7 (0.48) 0.04 (0.01) 3.2 (0.03) 0.06 (0.035) 0.09 (0.01) 39.8 (1.89) ND  

   Lake 4.8 (0.63) 0.04 (0.01) 2.7 (0.07) 0.02 (0.015) 0.04 (0.01) 21.2 (0.96) ND  

Australian Food Standard Code 
(2007) 

      2.0      2.0       10        0.5      0.5     200         0.1 
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6.4 Discussion 

6.4.1 Surficial sediment and water quality in southern Moreton Bay  

Water and sediment metal concentrations complied with relevant Australian guidelines 

for aquatic ecosystem protection in all wetland habitats.  This pattern is consistent with 

the results of sediment studies in other regions of Moreton Bay (e.g. Preda & Cox 2002, 

Burton et al. 2005, Cox & Preda 2005), and suggests an overall low level of 

contamination for the extent of land use activities in the bay catchments.  Some water 

and sediment site anomalies have been detected.  The most regularly reported is high Cu 

concentrations near marina facilities (Preda & Cox 2002, Dunn et al. 2003, Burton et al. 

2005); this was detected in this study, although, this study also provides evidence of 

more widespread Cu contamination, with concentrations exceeding guideline levels in 

the waters of most habitats, despite relatively low rainfall over the preceding weeks.  

Sources of Cu in coastal waters are varied and include vehicle roadway runoff (Drapper 

et al. 2000), discharge from smelting and industrial facilities (Jones et al. 2000, Fatoki 

& Mathabath 2001), antifouling paints on vessels in marinas (Bird et al. 1996, Turner et 

al. 1997, Matthiessen et al. 1999), and sewage treatment plants (Matthiessen et al. 

1999).  Recent research in Moreton Bay has also shown that leaching from antifouling 

paints on vessel hauls within and around popular anchorages is another major source of 

Cu contamination (Warnken et al. 2004, Leon & Warnken 2008).  It is not clear from 

my data or from previous studies whether a single or a combination of anthropogenic 

sources contribute to high Cu concentrations in Moreton Bay. 

 

Sediments in both artificial urban habitats had higher concentrations of several pesticide 

and metals than those of the other habitats examined, with some metals even more 

enriched than in marinas.  This pattern is a distinguishing feature of artificial urban 

waterway developments.  For example, in Delaware and Maryland, USA, Maxted et al. 

(1997) reported significantly higher sediment-bound metal and pesticide concentrations 

in canal estates compared to nearby open natural bay areas.  In canal estates adjacent to 

the Port Jackson estuary in New South Wales, Australia, Birch and Taylor (1999) found 

elevated metal concentrations in sediments with a strong declining gradient with 

distance away from their opening into the main natural estuary.  In a more local context, 

and in several of the same canal estates examined here, Burton et al. (2005) reported 

enriched sediment pollutant concentrations compared to nearby natural habitat.  This 

feature of artificial urban waterways is probably because they are longer and more 
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highly ramified systems, which reduces the tidal prism leading to longer residence time 

and accumulation of organic carbon content and fine sediments compared to well 

flushed adjacent estuaries and natural open bay waters (Maxted et al. 1997, Burton et al. 

2005).  The engineering of artificial urban waterways in this fashion would seem to also 

explain the detection of some sediment-bound pesticides in some artificial urban 

waterways, and not others, even several decades after deregistration of these pollutants 

in Australia (Connell et al. 2002).   

 

The design change to lakes has been viewed as an engineering success (Zigic et al. 

2005), and this study provides the first evidence that the altered design has not increased 

the likelihood of further contamination, with both habitats grouped together in the water 

and sediment ordination plots.  This conclusion must be viewed with some caution, 

however, because the full extent of lake designs was not considered.  Rather, lakes 

examined were chosen haphazardly within the overall extent of the southern bay.  What 

is particularly evident is that some artificial systems seem to be more susceptible to 

contamination than others.  This was most evident in dead-end areas where water 

exchange is low or for systems receiving stormwater runoff from large urban catchment 

areas.  In these systems, some sediment-bound metals were elevated above the lower 

trigger value and therefore pose toxicological risk to estuarine fauna 

(ANZECC/ARMCANZ 2000), though this was not shown here.  Based on these 

findings, it is possible that artificial urban waterways engineered with dead ends or 

those which receive stormwater runoff from large urban areas could, in fact, be viewed 

as being useful in the protection of natural coastal wetlands, as they are particularly 

effective in the sequestration of anthropogenic pollutants.     

 

6.4.2 Contaminants in fish in southern Moreton Bay 

In general, over the range of natural and artificial urban wetland habitats in southern 

Moreton Bay fish accumulated similar amounts of metals.  Copper was the exception 

with highest concentrations occurring in the gills of fish within marinas.  The gills of 

fish contain many filaments, which assist with increasing the surface area of contact 

with the water column.  Blood circulates within and among these filament branches and 

is separated from the water by a thin epithelium, which assists with the diffusion of 

oxygen and carbon dioxide (Evans 1987).  It is through this diffusion that aqueous 

metals can be absorbed and redistributed to other organs via blood circulation.  
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Manipulative experiments have demonstrated that pollutants accumulate in gills and at 

much higher concentrations when fish are exposed to spiked water rather than when 

exposed to clean water but fed spiked food (Kraal et al. 1995).  Accumulation of Cu in 

fish gills in marinas reflects the availability of this metal in the water column, but also 

bound up in the sediment.  If the Cu uptake is a function of long-term fish exposure to 

different Cu concentrations, then the results imply a high degree of residency by all 

three fish species, or that gill tissue takes on the characteristics of environmental Cu 

concentrations within a very short time following exposure to new concentrations.  It 

was interesting that differences in metal tissue concentrations among fish of different 

feeding types were not pronounced, though there was evidence that Cu, again, was 

higher in the gills of herbivorous and detritivorous species than in the carnivorous 

species.  This difference among species probably reflects their ability to regulate and 

reduce metals, or feeding strategies contributing to increased exposure to pollutants.  

Examining which of these accumulation pathways contributes to this pattern could be 

investigated with the use of chemical tracers (e.g. Xu & Wang 2002).  Accumulation of 

Cu has been shown to occur in epibenthic organisms located within marinas, and this 

not only contributes to pathology in organisms (e.g. reduced gonad development; Regoli 

et al. 2001), but also accumulation in high order organisms consuming them, such as 

fish (Berto et al. 2007).  This study provides evidence for managers to consider banning 

Cu anti-fouling paints on vessels. 

 

There was no evidence that the edible muscle tissue in fish exceeded the Australian 

Food Standards Code for safe human consumption in any wetland habitat.  Studies 

investigating metals accumulation in the muscle tissue of other marine animals in 

Moreton Bay have reported similar conclusions (e.g. Gordon et al. 1998, Mortimer 

2000, Matthews et al. 2008).  In this study, fish had As concentrations above the 

maximum permitted concentration for human health.  This maximum permissible 

concentration is based on inorganic As, which typically represents only a small 

proportion of the total As found in marine fauna (Edmonds & Francesconi 1993).  

While I cannot confirm whether concentrations in fact satisfy the Australian Food 

Standards Code, the concentrations reported in fish here are generally low in 

comparison to fish in coastal areas elsewhere that have been exposed to greater As 

loading (e.g. Lihir gold mine, Papa New Guinea; Brewer et al. 2007).  If As 

concentrations in fish do exceed the guidelines then this is of widespread concern to 
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managers as concentrations are high in all habitats and species examined.  A detailed 

study of the speciation and bioavailability of As in fish and other marine life (e.g. turtles 

and crustaceans) is needed to determine the extent of any threat to human health.  For 

pesticides, concentrations in all fish complied with guidelines in the Australian Food 

Standards Code, although trace amounts of pesticides were detected in fish in wetland 

habitats where pesticides were also detected in sediments.  This illustrates that at least 

some bay habitats are affected by anthropogenic activities.    

 

6.4.3 Biomonitoring in ecosystem assessment and protection 

Metal and pesticide guidelines for water and sediment quality have been established and 

entrenched in environmental legislation and government planning codes in many places.  

Trigger values have been established for contaminants in water and sediment in 

Australia and New Zealand to help managers achieve a prescribed level of ecosystem 

protection; here I have used the 95% level of ecosystem protection guideline, which 

assumes that 95% of species will be protected under the corresponding set of trigger 

values.  The inclusion of biomonitors in this study, as a component of ecosystem 

monitoring and assessment, provided insights into biological responses associated with 

achieving 95% level of ecosystem protection, which would not be determined with 

water or sediment samples only.  Under this level of ecosystem protection, fish across 

the range of natural and urban wetland habitat areas surveyed in this study are safe for 

human consumption.  This also includes the level of Cu contamination in fish, despite 

being elevated in the water and sediments of the bay.   

 

Exposure and accumulation of contaminants can cause changes in the histological 

structure and functional efficiency of fish (Couch & Fournie 1993).  The liver and gills 

are susceptible to this damage particularly when exposed to excessive rates of pollution.  

For example, the liver is the main organ for metal homeostasis in animals whereby it 

reduces metal toxicity and cellular damage; exposure to excessive pollution will lead to 

a decrease in liver function and therefore resistance to disease and infection (Heath 

1995).  This phenomenon has been widely shown in fish.  For example, Moiseenko and 

Kudryavtseva (2001) found a higher prevalence of liver diseases in fish in areas with 

elevated water metal concentrations in the Kola Region, Russia.  A high occurrence of 

liver pathology was also found in winter flounder (Pleuronectes americanus) in Boston 

Harbour, USA, near major sewage outfall (Johnson et al. 1993); though this prevalence 
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reduced rapidly following major plant upgrades (Moore et al. 1996).  At a similar 

latitude to the present study, Schlacher et al. (2007) provided the first peer reviewed 

study of fish pathology in southeast Queensland.  Those authors found a higher 

prevalence of pathology in fish from a sewage-impacted estuary than an adjacent 

estuary that did not receive direct input from sewage treatment plants.  The results from 

Schlacher et al. (2007) are important because they imply that while a high level of 

ecosystem protection, in terms of water and sediment quality, is achieved, and 

Australian Food Standards Code are complied with, as shown here and previously by 

Mortimer and Cox (1999), the health of fauna can still be impaired in Moreton Bay.  

Despite an apparent focus on fish health in coastal areas exposed to high rates of 

anthropogenic discharge, further research is necessary in areas receiving small, yet 

presumably still persistent, amounts of pollution.   

 

6.5 Conclusions  

This study demonstrated low contamination in most wetland habitats in Moreton Bay, 

albeit with evidence of localised problems from point sources.  There appears to be only 

limited contamination of fish tissues from current pollutant loads discharging to the bay, 

and the accumulation of pollutants does not appear to differ between fish with different 

feeding strategies.  The most obvious concern for such contamination is in marinas, 

where the associated maintenance and repair works undertaken on vessels not only 

contributes high loads of Cu to nearby waterways, but also has further biological 

implications, with fish accumulating much higher concentrations of Cu than in any 

other wetland habitat.  Fish comply with the safe consumption guidelines, however, the 

consequences of future land use changes and population growth contributing to a 

reduction in fish health requires further consideration by managers.        
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Chapter 7.  General conclusions 

In this chapter, I review the conclusions of the thesis and discuss opportunities for 

further research.  I also highlight the need to expand this research to include artificial 

urban waterways elsewhere in an attempt to provide a more comprehensive 

understanding of their function and role as major wetland habitat in the coastal zone.    

 

7.1 Summary of findings 

This thesis investigated a series of separate studies that collectively focus on 

understanding the environmental factors influencing fish community structure, trophic 

ecology supporting fish and crabs, and accumulation of pollutants in fish from artificial 

urban waterways.  I focused my research in southeast Queensland, in part because of the 

extent of urban waterways within this coastal region, but also because of the strong 

interest by government managers for scientific data to assist managing new and existing 

systems. 

 

Chapters 2 and 3 together extend the understanding of fish assemblages in artificial 

urban waterways.  Chapter 2 showed for the first time that the design change from open 

canal estates to tidally restricted lakes has minimal influences on fish diversity and 

abundance, even despite clear differences in salinity between systems presumably in 

response to tidal restrictions.  The design of lakes may also alter the timing of fish 

recruitment, with arrival slightly behind that of canals, again because of tidal barriers.  

Chapter 3 built on the findings in Chapter 2, and revealed that the salinity gradient 

within the largest urban lake system is weak and is really only equivalent to that in 

middle reaches of natural estuaries.  The influence of this salinity gradient on the fish 

assemblage was weak too, but the correlation was far greater than with any other abiotic 

or biotic variable measured.      

 

Chapters 4 and 5 examined the trophodynamics of estuarine fauna common to both 

artificial and natural wetlands.  Chapter 4 combined stomach content with stable isotope 

analysis to show fish in artificial urban waterways have remarkable plasticity, retaining 

the same feeding strategy from natural habitat.  In natural habitat, the garfish 

Arrhamphus sclerolepis consumes large amounts of seagrass during the day and night, 

but at night substitutes some seagrass with small quantities of crustacean prey.  In 

artificial urban waterways, it retains the same diet of bulk herbivory, consuming locally 
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available sources of macroalgae during the night and switching to invertebrates 

(terrestrial ants) in the day.  Mathematical modelling of the carbon and nitrogen isotope 

signatures of A. sclerolepis and all feasible source mixtures confirms that this diet 

switching is part of an important dietary response not provided by a single food source 

in either habitat. 

 

While previous research has shown major contributions from autotrophs with enriched 

carbon signatures to support fish nutrition in Moreton Bay, it has not been able to 

adequately distinguish among sources that are important from those which appear to 

make a contribution simply because they have a similar carbon value to another source 

(e.g. Hindell et al. 2004, Melville & Connolly 2005).  In Chapter 5, I used spatial 

analysis to separate the contributions of the two dominant enriched autotrophs in the 

bay, saltmarsh grass and seagrass, by collecting mud crabs (Scylla serrata) at different 

distances from seagrass (0–21 km) and saltmarsh (0–27 km) habitats.  Carbon isotope 

values of S. serrata collected near to seagrass (within 1 km) were much closer to 

seagrass values and became more depleted with distance, whereas distance from 

saltmarsh made no difference to S. serrata values.  Isotope values of S. serrata in 

artificial urban waterways were, however, not influenced by proximity to seagrass or 

saltmarsh grass.  There was a hint that S. serrata have enriched values within the first 

few hundred metres of canal openings, and this again demonstrates the importance of 

seagrass and not saltmarsh grass.  Beyond canal openings, S. serrata values were 

depleted and in the range of fauna in artificial urban waterways in the region (Chapter 

4).     

 

In my final study (Chapter 6), I examined heavy metal and pesticide concentrations in 

the water column, sediment and in the tissue of different fish species collected from 

different natural and urban wetland habitats within Moreton Bay.  Under current rates of 

anthropogenic activities in the bay, both water column and sediment concentrations are 

low and this translates to low concentrations in fish tissue, with all fish species safe for 

human consumption.  There were site anomalies.  In particular, I found Cu 

concentrations exceeded relevant national guidelines in the sediment and water column 

in all marinas, and this was reflected with highest concentrations in the gills of fish.  

There was evidence that some artificial urban waterways are more susceptible to 

sediment metal and pesticide accumulation. 
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7.2 Discussion and recommendations for further research 

7.2.1 Fish distribution in artificial urban waterways  

My results are consistent with evidence elsewhere that a wide variety of fishes occur in 

artificial urban waterways including many estuarine species of economic importance 

from natural wetlands.  In fact in southeast Queensland they seem to contribute to 

fisheries production in much the same way as unvegetated areas of natural estuarine 

areas (Morton 1989).  While early developments were constructed from shallow natural 

wetlands in southeast Queensland, this practice is no longer condoned under current 

state legislation.  To overcome this constraint, property developers began several 

decades ago constructing canals, in the main, from terrestrial habitat (Zigic et al. 2005).  

Despite destroying or fragmenting natural terrestrial habitat, from a production 

perspective, systems created in this fashion probably provide an order of magnitude 

extension to available coastal wetland habitat for fish.  

 

This study provides the first evidence that among the range of physical and biological 

factors known to influence fish community structure in natural estuaries, salinity, too, is 

important in artificial urban waterways.  While the affect is weak it had the greatest 

explanatory power among all factors measured.  A limitation of this study was that I 

only surveyed fish assemblages under two different salinity regimes, and additional 

research investigating responses over different regimes, particularly rainfall events that 

typically occur during summer, is necessary.  This information could then be used to set 

design objectives that achieve necessary water quality to maximise species abundance 

and diversity.  Another limitation of this study was a lack of comparative fish 

assemblage data (using the same sampling gear) from adjacent non-urban waterway 

environments.  Morton (1989, 1992) has previously compared fish assemblages 

between local artificial urban waterways and unvegetated river channels, but no such 

survey has compared them to vegetated parts of the bay (e.g. seagrass, saltmarsh, 

mangroves).  Such a survey would presumably have inherent logistical problems, 

namely, sampling gear used in artificial urban waterways would probably be not 

similarly efficient in all wetland habitats, for example, in mangrove forests gear would 

quickly become tangled on pneumatophores.     

 

Systems in southeast Queensland generally have sandy beaches that are intermediately 

separated by jetties and have a benthic substratum of sand and mud (personal 
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observations).  Morton (1989, 1992) believes that it is this featureless characteristic that 

contributes to overall reduced fish assemblages compared to those of seagrass or 

mangrove wetlands.  In an attempt to enhance fish stocks in artificial urban waterways, 

recent research, in several of the same systems examined in this thesis, investigated the 

model that installing artificial reefs onto bare, soft sediment sites, increases habitat and 

resource opportunities, and this in turn contributes to overall fish productivity (Brickhill 

2008).  In that study, the author presented data to show that following reef deployment, 

fish stocks increased at sites with artificial reefs present, while not depleting stocks 

around jetties, or control non reef sites, which continued to record an absence of fish.  

Inclusion of artificial reefs into existing or newly built systems would lead to 

enhancement of these seemingly featureless coastal wetlands (Brickhill 2008).  An 

increase in habitat complexity is also likely to contribute to greater fish abundance and 

species richness beyond that determined along the sandy margins examined here.  This 

is a major new piece of scientific information and managers should consider the 

feasibility of more widespread application of artificial reefs in not only existing but all 

new waterway developments.    

 

The construction of artificial urban lakes does not appear to restrict fish access with 

many of the same fish species found in both canals and lakes.  Reconnecting wetland 

habitats in coastal areas has received much research attention over the last few decades, 

following past land use activities that have restricted fish access to upper intertidal areas 

of estuarine wetlands.  A major outcome of this research has been to provide data in 

support of the implementation of restoration works to restore tidal exchange and allow 

fish movement (Reed & Rozas 1995, Sultana & Thompson 1997, Poulakis et al. 2002, 

Wolter & Arlinghaus 2003, Callaway & Zedler 2004, Kroon & Ansell 2006).  A range 

of tidal control devices has been used in the artificial lakes of southeast Queensland, but 

the optimal design for fish passage has not been determined.  For example, Sovereign 

Waters Lake was the only system examined which opened directly to Moreton Bay, 

most other lake systems are connected to end reaches of estuaries or canal systems, yet 

this does not appear to have influenced the low number of lacustrine estuarine species 

entering this system, compared to other systems more distal from the open bay.  In this 

thesis, I have showed that the timing of fish recruitment is not influenced by any one 

lake or tidal control device design among those examined.  Importantly, the late arrival 
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of fish recruits is probably not that detrimental to the utilisation of artificial lakes as fish 

habitat, but it does lead to temporal differences in fish composition and should be 

considered in future surveys.  It is not known from this thesis whether tidal control 

devices restrict the return migration of sub-adult and adult marine spawning fish from 

the sea.    

 

Another aspect of the fish assemblage requiring further research is the differential 

distribution of piscivorous fish between artificial urban waterways and natural habitat.  

This aspect was not examined here given that the sampling gear used would not 

effectively target this component of the assemblage.  A survey of piscivorous fish, in 

different seasons (e.g. summer, winter), should incorporate a range of multimesh gill 

nets selective for a much wider range of sizes and species of fish, it should consider 

examining deeper areas and also diel patterns in species distribution and abundance.  

Such a survey would provide insights into whether artificial urban waterways offer 

refuge value to fish species that are particularly vulnerable to piscivorous predation.  A 

survey of fish larval occupation, in different seasons, in artificial urban waterways 

would also assist with providing greater understanding of the ecology and suitability of 

created waterways as fish nursery habitat.  

 

7.2.2 Fish trophodynamics in artificial urban waterways 

I have provided evidence to demonstrate that fish show remarkable adaptability to new 

habitat settings.  Not only was I able to demonstrate that the carbon isotope signatures 

in garfish Arrhamphus sclerolepis were distinctly different between natural and 

artificial urban waterways, which seems to be consistent from year to year (Connolly 

2003), but by including stomach content analysis, I demonstrated that in urban 

waterways this species utilises local food sources, but still retains its same specialised 

feeding strategy from natural wetlands.  The choice of test fish species here, a species 

low on the food chain, was central to investigating this research question.  Whether the 

same underlying trophodynamics occurs for higher order species is an area for future 

research and could be combined with surveys recommended in 7.2.1.   

 

It seems that autotrophic production in artificial urban waterways in southeast 

Queensland is restricted to algal sources (macroalgae, MPB and phytoplankton), 

although I have provided evidence of in-welling of organic material from seagrass 
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within the first few hundred metres of canal openings (Chapter 5).  Beyond openings, 

carbon isotope signatures in fauna (fish and crabs) are depleted and within a far more 

narrow range than fish in natural areas of Moreton Bay (e.g. Connolly 2003, Hindell et 

al. 2004, Melville & Connolly 2005, Chapter 4).     

 

Determining the unique solution among local sources in artificial urban waterways 

would be difficult owing to similar carbon signatures among available sources 

(Connolly 2003, Chapter 4).  Improving the resolution of feasible source contribution to 

estuarine food webs has been an important area of research in response to situations 

where distinction among sources with similar isotopic signatures has not been possible 

(e.g. Loneragan et al. 1997, Vizzini et al. 2002).  Further work using techniques such as 

enrichment experiments (e.g. Winning et al. 1999, Middelburg et al. 2000, Mutchler et 

al. 2004), or sulphur isotopes (e.g. Fry et al. 2002, Connolly et al. 2004) is necessary to 

resolve this conundrum in artificial urban waterways.  The role of allochthonous sources 

from catchment areas, for example, and contribution of terrestrial vegetation, has been 

investigated in estuaries elsewhere (Boon & Bunn 1994, Deegan & Garritt 1997, Wissel 

& Fry 2005, Abrantes & Sheaves 2008).  It is possible that autochthonous and 

allochthonous terrestrial sources, or both, support nutrition of fauna in artificial urban 

waterways.  Whether enough energy is available to support the suite of fish species 

occurring in these systems is an important next step of research.  A re-examination of 

the data in Chapter 4 (Figure 4.3) shows that Arrhamphus sclerolepis in natural habitat 

consume more food during both day and night compared to fish in artificial urban 

waterways (ANOVA: main factor (time), F1,91 = 32, P = 0.001, main factor (habitat), F1, 

91 = 7.02, P = 0.009).  This may indicate that while fish utilise local available sources in 

artificial urban waterways, overall the amount of food is limiting when compared to 

natural areas.  In light of this new observation, whether increased fish production could 

in fact be supported with addition of artificial reefs (e.g. Brickhill 2008) requires further 

consideration before widespread application.   

 

7.2.3 Fish pollution in artificial urban waterways 

From the research here and that previously (reviewed in Chapter 6), Moreton Bay is not 

overly polluted in terms of metals and pesticides under current rates of anthropogenic 

activities.  There is also no evidence that the edible muscle tissue in fish from any 

natural or urban wetland habitat exceeds guidelines for human consumption.   
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The most significant concern is with elevated Cu above water and sediment guidelines, 

and the fact that this is widespread which means that either multiple sources exist, or it 

is a single primary source that is simply widespread in the bay, such as boats.  The 

detection of pesticides in fish tissue is of concern too, and although concentrations 

comply with the guidelines for human consumption, this is flagged because these fish 

were collected at sites where I was also able to detect pesticides in sediments, 

demonstrating uptake by local fauna.   

 

Accumulation of contaminants is an inherent feature of artificial urban waterways (e.g. 

Maxted et al. 1997, Birch & Taylor 1999, Mactec 2003).  While I suggested that this 

characteristic serves well in the protection of natural coastal wetlands (Chapter 6), in the 

long term, systems will continue accumulating pollutants when really it is important to 

reduce pollution so they increase the extent of unpolluted coastal wetland habitat.   

 

The sea mullet (Mugil cephalus) was chosen for analysis in the pollutant study because 

it is a common species throughout Moreton Bay, and because of its benthic feeding 

strategy.  This same fish species has been investigated in other pollution investigations, 

and this presents the opportunity to compare the results of this study in Moreton Bay to 

those from elsewhere.  Table 7.1 provides a summary of the study details within each 

investigation.  I have only presented data for metal and tissue types common with my 

thesis (Table 7.2 to Table 7.4).  Some studies reported metal concentrations as wet 

weight, but I have converted to dry weight, similar to this study, following Kirby et al. 

(2001). 
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Table 7.1.  Trace metal studies in Mugil cephalus.  (na) not available, (N) number of fish. 
 

Study 
reference         Location Habitat description N Citation 

1 a) Lake Macquarie 

b) Clyde River, Australia 

a) Urban development, lead-zinc smelter, fertilizer plant,  steel foundry, and sewage treatment plant 

b) Urban development 

15 

38 

Kirby et al. (2001) 

2 Cockburn Sound, Australia Urban residential, industry development 57 Plaskett & Potter (1977) 

3 NE Mediterranean Sea, Turkey na 20 Canli & Atil (2003) 

4 Iskenderun Bay, Turkey a) Iron/steel works, oil pipelines, urban, agricultural and industry runoff, untreated domestic sewage 

b) Natural wetland habitat, unpolluted 

15 

15 

Yilmaz (2005) 

5 Tuzla Lagoon, Turkey Iron/steel works, oil pipelines, urban, agricultural and industry runoff, untreated domestic sewage 25 Dural et al. (2007) 

6 Camlik Lagoon, Turkey Agricultural, industry (iron/steel, LPG, oil transfer docks) runoff, urban runoff   44 Dural et al. (2006) 

7 Karatas Coast, Turkey Untreated industrial, agricultural, domestic sewage 10 Cogun et al. (2006) 

8 Erran River, Taiwan Scrap metal industry runoff 6 Chen et al. (2004) 

9 Lake Qarun, Egypt Agricultural and sewage runoff, brine water effluent 100 Authman & Abbas (2007) 

10 Visakhapatnam Harbour, India a) Petroleum, fertiliser, lead/zinc smelter effluent, domestic sewage 

b) Natural wetland habitat, unpolluted 

36 

10 

Sultana & Rao (1998) 

11 Rio de la Plata, Argentina Major urban/industry discharge 10 Colombo et al. (2000) 

12 Mai Po Nature Reserve, Hong Kong Industrial/urban runoff, shrimp farms na Cheng & Wong (2006) 

13 Derwent Estuary, Australia Metallurgical operations, domestic sewage 38 Estace (1974) 

14 Chi-ku, Taiwan Major steel, petroleum effluent 3 Chen (2002) 

15 Swan-Avon Estuary, Australia Urban and industrial runoff 163 Marks et al. (1980) 

16 Middle SE Coast, Tunisia Industrial runoff na Hamza-Chaffi & Abed (1996) 

17 North Altantic Ocean, USA Inshore fish health survey 11 Windom et al. (1973) 

This study Canals (C)  16  

 Lakes (L)  16  

 Estuaries (E)  12  

 Marinas (M)  12  

 Natural (N)  10  
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Liver and gill tissue metal concentrations in Mugil cephalus in Moreton Bay are 

comparable to studies elsewhere.  Liver tissue concentrations for Pb and Zn are low in 

Moreton Bay, Cd concentrations are within the range measured elsewhere, while Cu 

concentrations are higher than other studies, though the range of concentrations reported 

elsewhere is large, so it is difficult to conclude whether Cu liver concentrations are 

generally high in Moreton Bay (Table 7.2).  In the gill tissue, Moreton Bay fish had far 

lower Cd and Pb concentrations, while Zn and Cu concentrations are more within the 

range of reported concentrations (Table 7.3).  In fact, Cu concentrations in the gills of 

fish from marinas are higher than several polluted regions elsewhere, and the results are 

nearly the highest recorded among these studies.   

 

For muscle tissue, Moreton Bay fish have far lower Pb tissue concentrations, while Cd, 

Cu and Zn concentrations were in the range of results from elsewhere, though some 

locations were an order of magnitude higher than Moreton Bay, for example, Cockburn 

Sound, Australia (study 2), Iskenderun Bay, Turkey (study 4), and Rio de la Plata, 

Argentina (study 11) (Table 7.4).  Of most interest is that Cd, Cu and Zn muscle tissue 

concentrations in muscle tissue of fish from other studies comply with the Australian 

Food Standard Code (2007) for consumption, while for Pb all locations failed the 

guidelines.   
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Table 7.2.  Contaminant concentrations (mean, +SE) in liver tissue of 

Mugil cephalus.  Study references are same as Table 7.1.  (-) no sample. 

 

 

Table 7.3.  Contaminant concentrations (mean, +SE) in gill tissue of 

Mugil cephalus.  Study references are same as Table 7.1.  (-) no sample.   

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Study 
Reference 

Concentration (ug/g dry mass) 

Lead Cadmium Copper Zinc 

1a - 0.39 (0.04) 646 (135.00) 230 (27.00) 

  b - 2.3 (0.27) 337 (67.00) 255 (21.00) 

3 12.6 (5.80) 1.6 (0.91) 202.8 (265.80) 110.3 (34.58) 

5 3.1 (4.68) 0.02 (0.02) 12.0 (0.52) 26.7 (4.35) 

6 - 0.9 (0.03) - 70.3 (4.93) 

7 12.1 (1.91) 6.2 (1.21) 79.1 (2.95) 71.5 (3.83) 

8 - 0.2 391.0 388.0 

9 - - 8.1 (0.38) 6.8 (0.25) 

10a 11.9 (3.75) 2.2 (0.35) 25.2 (5.13) 157.3 (15.8) 

    b 1.6 (0.89) 0.6 (0.38) 2.9 (0.86) 108.9 (16.10) 

14 <0.35 0.35 (0.05) 131.5 (23.71) 234 (16.12) 

This study     

C 1.1 (0.13) 1.1 (0.13) 381.6 (67.30) 11.5 (1.76) 

L 1.8 (0.46) 1.8 (0.46) 304.6 (35.50) 11.9 (1.32) 

E 1.3 (0.37) 1.3 (0.36) 253.7 (29.71) 14.9 (2.13) 

M 1.7 (0.32) 1.7 (0.32) 304.7 (33.83) 13.6 (1.53) 

N 0.5 (0.05) 0.5 (0.05) 153.8 (48.51) 9.1 (1.01) 

Study 
reference 

Concentration (ug/g dry mass) 

Lead Cadmium Copper Zinc 

3 8.9(3.07) 2.1(0.44) 13.5(7.34) 71.2(14.24) 

5 2.7(1.14) 0.04(0.05) 4.1(0.09) 24.1(3.62) 

6 - 0.5(0.003) - 113.2(14.62) 

7 19.3(1.85) 3.1(0.83) 11.4(1.76) 54.6(2.78) 

9 - - 6.1(0.35) 5.0(0.32) 

10a 16.9(1.32) 2.2(0.25) 6.9(1.18) 119.8(12.41) 

    b 9.4(1.86) 0.5(0.21) 1.9(0.56) 73.5(12.18) 

This study      

C 3.7(0.79) 0.04(0.01) 5.1(1.47) 58.9(2.36) 

L 4.1(0.42) 0.06(0.01) 4.1(0.63) 57.2(2.83) 

E 3.8(0.68) 0.08(0.01) 3.9(0.36) 60.2(4.13) 

M 2.9(0.39) 0.12(0.03) 8.1(1.55) 73.4(2.91) 

N 0.9(0.28) 0.06(0.01) 3.4(0.23) 52.3(2.94) 
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Table 7.4.  Contaminant concentrations (mean, +SE) in muscle tissue of 

Mugil cephalus.  Study references are same as Table 7.1.  (-) no sample.   

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Overall, while metal concentrations in gills and liver of Mugil cephalus in Moreton Bay 

are within the range for fish collected in heavily polluted coastal areas elsewhere, this is 

probably more a reflection of the functionality of these organs, being in direct contact 

with water contaminants, and a storage organ that assists with the break-down of 

pollutants (Heath 1995).  Of most importance to managers was that M. cephalus in 

Moreton Bay had muscle metal concentrations within the range for fish collected from 

polluted harbours and ports elsewhere; Pb was the exception which was far lower in 

Moreton Bay fish.  This is an important result because M. cephalus in the bay were 

found to be safe to eat, and it seems that M. cephalus in more heavily polluted locations 

are safe to eat, too, by the Australian Food Standard Code.  This pattern would seem to 

Study 
reference 

Concentration (ug/g dry mass) 

Lead Cadmium Copper Zinc 

1 - <0.001 0.7(0.20) 9.7(0.3) 

2 9.5(0.11) 1.0(0.02) 8.5(0.23) 111.5(2.46) 

3 5.3(2.33) 0.7(0.08) 4.4(1.67) 37.4(6.88) 

4a 32.0(2.82) - 7.0(0.80) 236.5(18.77) 

   b 18.0(1.79) - 1.3(0.22) 108.0(10.63) 

5 1.1(0.9) 0.09(0.05) 0.5(0.01) 8.3(2.18) 

6 - 0.06(0.02) - 101.1(18.91) 

7 6.0(0.97) 1.3(0.72) 9.0(0.98) 21.5(2.84) 

8 - 0.06 0.75 11.2 

9 - - 2.0(0.11) 1.8(0.1) 

10a 3.1(0.71) 0.5(0.19) 1.9(0.74) 24.4(2.82) 

    b 1.2(0.64) 0.16(0.09) 0.5(0.21) 6.6(1.73) 

11 - - 15.5 72.5 

12 - 0.01 1.7 18.2 

13 - <0.25 4.1 66.5 

14 - - 1.8(0.04) 11.6(0.13) 

15 1.9 0.2 1.5 17.4 

16 - 0.35 23.9 225.0 

17 - <1.0 1.9 17.0 

This study     

C 0.08(0.02) 0.1(0.08) 2.1(0.99) 27.8(5.43) 

L 0.08(0.01) 0.01(0.03) 1.6(0.64) 23.9(1.66) 

E 0.07(0.01) 0.26(0.21) 1.3(0.18) 24.9(2.97) 

M 0.06(0.01) 0.02(0.01) 1.2(0.19) 28.7(2.56) 

N 0.06(0.01) 0.02(0.01) 1.1(0.14) 20.5(2.24) 
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indicate that this species is probably more transit than expected, moving among polluted 

and non polluted areas, and therefore it is not exposed to pollutants consistently over 

many weeks and months, which would be necessary to accumulate much greater 

concentrations (Heath 1995).  There were some coastal locations that had considerably 

higher muscle metal concentrations compared to Moreton Bay M. cephalus, and this 

still suggests that the bay’s habitats, including local hot spots, are relatively 

uninfluenced by urbanisation compared to some locations elsewhere. 

 

7.3 Need for management guidelines 

It has been several decades since Westman (1975) provided the first publication 

describing the environmental and public health risks associated with poorly designed 

and constructed residential urban waterways.  In the same year, Lindall & Trent (1975) 

published a set of design guidelines recommending the location and construction of 

urban waterways.  These recommendations do not appear to have been adequately 

considered by managers or developers because these same recommendations continue to 

be made in the literature (e.g. Maxted et al. 1997, Lemckert 2006).   

 

While artificial urban waterways seem set to continue providing lucrative opportunities 

for property developers, construction of many more systems is expected in many coastal 

places (e.g. Dubai, United Arab Emirates; Tasmania, Australia).  In that light, there is a 

need for managers and engineers to work together to consider the evidence provided 

from early research, along with that from more recent scientific publications.  It is 

stressed here that any new waterway development should not solely focus on 

maximising economic outcomes, but should also give full consideration to achieving 

positive environmental outcomes (Westman 1975, Nuttall 1987).   

  

In Australia, there is no clear legislative position with respect to the design and 

construction preference for artificial urban waterways, with a total ban in some states 

(e.g. NSW, Lincoln Smith et al. 1995), and not others (e.g. Western Australia, Glynn 

2007).  Under current legislation in Queensland, the construction of artificial urban 

waterways (canals or lakes) is not condoned, with approvals granted subject to adequate 

demonstration that the new development will not impact “significantly” on the receiving 

waterway.  In this legislation, the definition of “significant” is not clear, and seems to 

focus solely on the provisions of water quality comparable with the downstream 



 

 
 
 

 

117 

waterway, and not on providing additional habitat for estuarine fauna.  Given the 

number and extent of existing artificial urban waterways (Fig 1.2.), it is important that 

managers focus research on understanding processes operating in these existing 

systems.  Hundreds of kilometres of artificial urban waterways exist in southeast 

Queensland and through a coordinated process of scientific research, with input from 

managers, local residents and hydraulic engineers, a works program aimed at restoration 

and modification would see them become even more productive wetland habitats than 

they are presently.   

 

North American government agencies have recognised the importance of understanding 

existing artificial urban waterways.  In Monroe County (Florida, USA), a recent study 

provided a series of management recommendations to clean up the quality of these 

coastal wetlands.  For example, a recommendation has been to implement a program to 

remove excessive nutrients from canal waters by installing simple devices such as 

AquaMats, which resemble aquatic grass in appearance, to provide a medium for 

growth of aquatic algae.  The algae on the mats work by extracting nutrients from the 

water column and over time are removed, disposed and replaced with a new mat 

(Mactec 2003).  To improve water circulation, specialised aeration devices have been 

recommended in an attempt to increase both the transfer of oxygen to the water column 

as well as the horizontal movement of water within and out of canal systems (Mactec 

2003).  A third major recommendation is to install devices to treat stormwater runoff 

from surrounding urban areas.  These devices are deemed to be expensive and require 

extensive maintenance, but overall are necessary to assist with removing land based 

nutrients and pollutants before reaching canal waters (Mactec 2003).    

 

Overall, the trials outlined here and in recent research (e.g. Brickhill 2008) are 

important in the overall context of understanding how systems function and provide 

new and alternative habitat for fish.  There needs to be greater synthesis of information, 

particularly with new advancements in research and development, so that up to date 

information is available for managers.     

       

7.4 Final conclusion  

This thesis has incorporated discrete studies to examine patterns of fish variability, 

trophic ecology and accumulation of pollution in artificial urban waterways.  
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Importantly, I have focused this research within a single spatial area, and over a 

relatively short timeframe, in an attempt to provide managers with information to assist 

with assessing proposed new waterway developments, but also those existing extensive 

systems in this region.   

  

In light of the findings here, there is a clear need for further studies in artificial urban 

waterways of southeast Queensland and also elsewhere.  The information provided in 

this thesis has advanced the field substantially, given that it was hitherto a rather 

scattered collection of separate works around the globe, and any clear understanding of 

the ecological processes and role of these systems as fish habitat has been difficult to 

establish.  It is now important, given their widespread occurrence as a major new 

wetland habitat, to roll out studies elsewhere to determine whether the patterns in 

southeast Queensland are more general.   

 

This thesis provides new and additional information on the implications of urbanisation 

on coastal aquatic ecosystems.  In joining this information with that available for 

terrestrial systems, managers are able to make more informed planning and management 

decisions, which not only achieves outcomes focused on providing additional living 

space and infrastructure, but also wildlife protection and conservation.  There exists a 

real opportunity for environmental managers to achieve outcomes where new and 

existing created urban waterways provide an extension to the amount of estuarine 

habitat available to fish.   
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