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Chapter 1: Introduction 

1.1     GENERAL INTRODUCTION 

The environmental quality of coastal aquatic ecosystems is an issue of 

growing international attention. The coastal areas of the world are often 

those parts of the continents that support the greatest populations of people. 

This is especially true for Australia, with the vast majority of the population 

living in the coastal zone, and a high proportion of Australia’s industrial 

activities occurring there. An almost inevitable consequence of heavily 

populated, industrialised cities is the generation of waste, which (through 

poor management practices in the past) has contributed to the 

contamination of our coastal waterways. 

Contaminants in aquatic systems often have a strong tendency to associate 

with particulate material suspended in the water-column (Honeyman and 

Santschi, 1988; Salbu and Steinnes, 1995; Warren and Haack, 2001). Under 

apropriate hydrological conditions, this particulate matter can accumulate 

on the bed of coastal waterways, thereby representing a contaminant sink. 

The benthic sediments in such systems contain contaminants at 

concentrations that often exceed those of the overlying water column by 

several orders of magnitude (Bryan and Langston, 1992). With such high 

concentrations, the potential mobility and availability of sediment 

contaminants assumes considerable importance to the environmental 

quality of aquatic ecosystems (De Pinto et al., 1994; Forstner and 

Wittmann, 1979). 

Sediments can function not only as a reservoir for contaminants but also a 

source of contaminants to the overlying water column and to aquatic 

organisms (Blasco et al., 2000; Chapman et al., 1998; Gambrell et al., 
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1991; Harbison, 1986). Locations with significant degrees of sediment 

contamination can be without sensitive benthic species and, in some cases, 

all species. Sediment contamination can also exert chronic effects on the 

health of organisms and can provide a source of contaminants to the aquatic 

food-chain (Ingersoll et al., 1994; Stab et al., 1996). Bioaccumulation of 

contaminants within aquatic organisms is an important human health and 

wildlife concern because both people and wildlife consume finfish and 

shellfish (Henny et al., 1994).  

The contamination of sediments by trace metals (the term applied to a large 

group of metals whose typical concentrations in the environment do not 

normally exceed 1000 mg/kg) is of particular importance because of their 

widespread use and their non-degradable nature (Calmano et al., 1988). The 

trace metals of greatest environmental concern are those that are both of 

industrial and toxicological importance, such as Cd, Cr, Cu, Ni, Pb, Sn and 

Zn (Salbu and Steinnes, 1995). Trace metals are ubiquitous in the 

environment, and can enter aquatic systems through natural processes as 

well as anthropogenic loadings (Drever, 1997). In contrast, tributyltin 

(TBT) is synthetic and therefore is not naturally present in the environment. 

Tributyltin has been widely employed as an antifouling agent, and has been 

described as the most toxic substance deliberately introduced into aquatic 

systems (Goldberg, 1986). 

The importance of sediments in terms of the total load of trace metals and 

TBT in aquatic systems has been recently recognised in the Australian and 

New Zealand Guidelines for Fresh and Marine Waters 

(ANZECC/ARMCANZ, 2000). These guidelines advocate a knowledge-

based approach in assessing the state of sediment contamination, with 

strong emphasis placed on understanding the geochemical processes 

occurring within the sediment system. As such, renewed interest has been 

placed on the geochemical processes controlling trace metal and TBT 

behaviour in benthic sediments. 
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The aim of this thesis was to examine selected factors that may influence 

the distribution and partitioning behaviour of trace metals and TBT in 

benthic, estuarine sediments. The purpose of this chapter is to provide a 

general introduction to trace metal and TBT contamination of sediments, to 

present a brief review of relevant literature, and to provide an overview of 

the objectives and structure of this thesis. 

1.2     OVERVIEW OF TRACE METAL BEHAVIOUR IN BENTHIC 

SEDIMENTS 

1.2.1      Sources 

Trace metals can enter coastal and estuarine waters via riverine input, non-

point source runoff from land and direct point source discharges. Most 

rivers make a major contribution to trace metal loadings in estuarine and 

coastal waterways. A large quantity of trace metals in river water originates 

from weathering of rocks and leaching of soils. For this reason, the trace 

metal loading depends largely on the natural occurrence of metals and ore 

bearing deposits in the catchment area. Where the river passes through 

industrial, agricultural or urbanised areas, stormwater runoff contributes to 

the dissolved or suspended metal burden within the river. 

In heavily urbanised areas, stormwater runoff (generally regarded as a 

diffuse source) can make a significant contribution for a wide range of 

metals (Birch et al., 1996; Birch and Taylor, 1999; Makepeace et al., 1995; 

Townsend, 1993). According to Makepeace et al. (1995), trace metals of 

greatest concern in urban stormwater runoff are Pb, Cu, Zn, Cd, As and Be. 

The principal diffuse urban sources are emissions from motor vehicles and 

metal release from weathering of surface materials. 

Of the motor vehicle sources, important individual contributions of these 

metals to the stormwater load arise from wear of tyres and brake linings, 

corrosion of metallic products, wear of moving parts in engines, and 

emissions from gasoline-powered vehicles. Brake linings contain relatively 
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high concentrations of Cu (52100 – 119000 mg/kg), Zn (7200 – 28800 

mg/kg) and Pb (9050 – 18700 mg/kg). Zinc is also derived from tyre rubber 

and engine oil, which contain ∼10000 mg/kg and 800 – 1400 mg/kg, 

respectively (Dannecker et al., 1990). Lead has dominated motor vehicle 

metal emissions because of its common use as a gasoline additive, 

tetraethyl-Pb. A correlation usually exists between trace metals in 

stormwater runoff and the intensity of vehicular traffic (Dannecker et al., 

1990). 

Stormwater runoff from agricultural areas can be enriched with trace metals 

through the agricultural use of pesticides, fertilisers or waste products, such 

as soil amendments. Metal containing pesticides (such as Zn salts, Cu and 

Pb arsenates, and organo-metallic compounds) are used to control pests in 

horticultural and vegetable crops, and in turf cultivation. Major nutrient 

fertilisers often contain appreciable quantities of trace metals as impurities 

derived from the raw materials. For example, phosphatic fertilisers in 

Australia contain 18 – 91 mg/kg Cd, which reflects the range in rock 

phosphates of 1 – 90 mg/kg (Tiller, 1989). Agricultural re-use of urban and 

farm wastes, such as pig and poultry waste slurries and sewage sludge, can 

also cause appreciable enrichment of agricultural soil with a range of 

metals. Under certain situations these metals may enter waterways via 

leaching and surface runoff.  

Trace metals are employed during the manufacturing of a wide variety of 

products. The most important activites are metal processing and finishing 

industries, such as coating, smelting and refining of non-ferrous metals, and 

iron/steel manufacturing. However, a number of other industries also use 

metals in their processes. These include paint/ink production, leather 

tanning/finishing, timber preservation, battery manufacturing and petroleum 

refining.  

Regulatory efforts to restrict the discharge of metal-bearing effluents have 

lead to declines in industrial loadings of trace metals in natural waterways. 

However, there are many examples of areas where sediments remain 
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contaminated as a result of past industrial discharges. For example, 

sediments in the Humber Estuary, England remains contaminated with trace 

metals as a result of Fe smelting that dates back to Roman times (Lee and 

Cundy, 2001). Likewise, trace metal contributions from past mining 

activities have resulted in severe sediment contamination, with levels of 

contamination similar to those found in the mine tailings themselves 

(Henny et al., 1994; Teasdale et al., 2003). It has been estimated that, in the 

United States of America alone, more than 18000 kilometres of rivers and 

45000 hectares of lakes have been adversely affected by abandoned coal 

and metal mines (USEPA, 1997). 

1.2.2      Sediment contamination 

Trace metals can enter aquatic systems either dissolved, sorbed to inorganic 

and/or organic colloids, or associated with suspended sediments. Whereas 

dissolved forms are highly mobile, trace metals sorbed to suspended 

sediments settle to the bottom of waterways, and represent a repository for 

trace metals (Bricker and Jones, 1995; De Pinto et al., 1994). This 

accumulation in benthic sediments can lead to substantial sediment 

contamination. Sediments may be regarded as contaminated when 

sedimentary reservoirs of pollution exist in high enough concentrations to 

exceed regulatory guidelines (e.g. ANZECC/ARCANZ, 2000) and are 

sufficiently available to affect human and/or ecosystem health.  

The concentrations of trace metals present in bottom sediments typically 

exceed the concentrations in the overlying water by between three and five 

orders or magnitude (Bryan and Langston, 1992). In such situations, the 

contaminated sediments can represent a significant, long-term source of 

trace metals to the overlying water column and the aquatic ecosystem. The 

sediment particles themselves can also represent a bioavailable source of 

trace metals, thereby causing direct toxicity to benthic biota or providing a 

pathway for trace metal entry into aquatic food-chains.  
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Sediments are heterogeneous assemblages of mineral and organic 

components and therefore exhibit a wide degree of variability in terms of 

composition and physico-chemical properties (Berner, 1981). Trace metals 

may be distributed within a range of geochemical solid phases, as well as 

being dissolved in the associated sediment pore-waters (Hong et al., 1995). 

Consideration of the partitioning of trace metals between pore-water and 

the various solid-phases in natural sediments provides a far more realistic 

and accurate description of environmental risk compared to total metal 

concentrations (Burton, 1991; Allen et al., 1993; Ankley et al., 1996; Berry 

et al., 1996). Trace metal distribution amongst the various sediment phases 

is controlled by a range of sorption-desorption reactions, which include 

precipitation-dissolution of mineral species and adsorption-desorption on 

mineral and organic surfaces (Alloway, 1995; Chapman et al., 1998; Di 

Toro et al., 1991; Tessier et al., 1994). 

1.2.3      Precipitation-dissolution reactions 

Precipitation is the accumulation of at least two or more constituent ions 

into an organised solid matrix, and is regarded by Lindsay (1979) as the 

most important process controlling trace metal solubility in soils and 

sediments. Dissolution can be defined as the detachment of constituent ions 

from the surface of a mineral and the subsequent transport to the bulk 

solution, and is an important mechanism controlling trace metal release 

from sediments. 

The simplest precipitation-dissolution reaction in sediments reflects the 

relationship between the concentrations of ions in a solution and the 

solubility of a pure mineral phase containing those ions (Langmuir, 1997). 

The stoichiometric reaction between a metal cation, M
m+

, and an anion, A
a-

 

is depicted in the following equation: 

M
a
A

m
  ↔  aM

m+
 + mA

a-
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The solubility product (Ksp) of the solid phase (M
a
A

m
) describes the above 

process at equilibrium: 
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where parentheses denote activities. Under standard state conditions, the 

activity of the solid phase is defined as being equal to one thus the above 

equation can be simplified to: 

Ksp  =  (M
m+

)
a
(A

a-
)
m
 

At equilibrium, Ksp is therefore equal to the product of the activities of the 

constituent ions (IAP). For non-equilibrium conditions the state of the bulk 

solution with respect to the solid phase can then be defined as: 

IAP  >  Ksp  (supersaturated), or 

IAP  <  Ksp  (undersaturated) 

Precipitation is thermodynamically favoured in solutions which are 

oversaturated with respect to a given solid phase, whereas dissolution is 

favoured in undersaturated solutions. The solution is said to be saturated 

when IAP is equal to Ksp. 

An indirect measure of the possible presence of a given solid phase is 

available by comparison of IAP (calculated by analysis of sediment pore-

water) with the Ksp of the corresponding solid. For example, Huerta-Diaz et 

al. (1998) compared pore-water concentration profiles with calculated IAP 

values for a range of sedimentary minerals and found that below the oxic-

anoxic interface the IAP of Fe, Co, Ni and Zn sulfides equalled the Ksp 

values of their sulfide precipitates. This suggested that precipitation-

dissolution reactions involving sulfide minerals controlled pore-water trace 

metal concentrations in the anoxic, sulfidic sediments examined by Huerta-

Diaz et al. (1998). The observation that sulfide minerals are oversaturated 
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has been often reported for anoxic sediments (Lee et al., 2000; Ngiam and 

Lim, 2001).  

Failure to observe the equality IAP = Ksp in data from sediment pore-water 

can be attributed to one or more of the following reasons: 

1. The precipitation-dissolution reaction has not yet attained 

equilibrium; 

2. The hypothetical solid phase is not present in the sediment;  

3. The composition of the pore-water is in equilibrium with a solid 

phase containing the same components as the hypothetical solid, but 

it has either a different crystalline structure or the hypothetical solid 

is not the standard state assumed in the original calculation of Ksp; 

and 

4. The presence of dissolved ligands, for which thermodynamic data is 

not available, alters trace metal solubility (Tessier et al., 1985). 

There is considerable evidence for coprecipitation of trace metals with 

alumino-silicate minerals, hydrous Al, Fe and Mn oxides, carbonates and 

sulfides in sediments (Arakaki and Morse, 1993; Framson and Leckie, 

1978; Laxen, 1983; Morse and Arakaki, 1993). Coprecipitation can be 

regarded as the isomorphic substitution of one ion for another of 

comparable radius as the sediment mineral precipitates. The isomorphous 

replacement of a foreign constituent ion into the crystal lattice causes the 

unit activity of the solid phase to differ from unity. The solid phase 

resulting from the isomorphous replacement is termed a solid solution. 

For a binary solid solution (B1-xCxA), the overall dissolution reaction can be 

written as: 

B1-xCxA  ↔  (1 – x)B
+
 + xC

+
 + A

-
 



 20 

where two different monovalent cations (B
+
 and C

+
) share a common 

monovalent anion (A
-
). The solid solution series in this example is 

composed of a continuum ranging from BA to CA, with intermediate forms 

of B1-xCxA.  

The solid solution IAP can be defined as: 

IAPss  =  (C
+
)
x
(B

+
)
1-x

(A
-
) 

If it is assumed that dissolution is congruent, each solid phase (which is part 

of the solid solution) will maintain its own IAP in solution: 

IAPi  =  gixiKsp 

where gi is the activity coefficient of solid i in the solid solution, xi is the 

mole fraction of solid i, and Ksp is the solubility product of the pure mineral 

phase. In this situation the effective solubility of each constituent cation is 

much lower than would be the case if the formation of a mixed solid did not 

occur. This is because the solubility product (Ksp
BA

) of one pure phase (for 

example BA) in the solid solution is: 

(B
+
)(A

-
)  =  xKsp

BA
 (BA,s) 

where (BA,s) represents the activity of BA in the solid solution; and x is 

obtained from the solid solution chemical formula and ranges from 0 to 1. 

The solubility of cation B
+
 is therefore much less in the solid solution (B1-

xCxA) than in the pure mineral (BA).  

Regardless of whether precipitation-dissolution of trace metals in sediment 

systems involves a pure phase or a solid solution, adsorption mechanisms 

are believed to play an integral role in the process. Viewed schematically 

this can be represented as: 

Surface sites + reactants  →  surface species, followed by 

Surface species  →  constituent ion(aq), [dissolution] or 
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Surface species  →  nuclei formation  [precipitation] 

The reactants in the above equation may include H
+
, OH

-
 or other ligands 

(such as simple organic molecules formed during fermentation) involved in 

dissolution reactions. Conversely, they may involve trace metals during 

nuclei formation, which subsequently lead to heterogeneous precipitation. 

Given the interdependence of precipitation-dissolution and adsorption of 

trace metals in sediment-water systems, it is empirically difficult to 

differentiate between the two sorption mechanisms.  

Precipitation-dissolution reactions involving sulfide minerals are 

considered to be of principal importance in controlling trace metal 

solubility in anoxic sediments, due to the very low Ksp for most metal 

sulfides (Ankley et al., 1991; Ankley et al., 1993; Carlson et al., 1991; 

Davies-Colley et al., 1985). However, IAP < Ksp pore-water relationships 

for metals other than Fe and Mn in oxic sediments suggest that precipitation 

of pure minerals does not usually control solubility (Tessier et al., 1996). In 

oxic pore-water, rather than controlling trace metal solubility directly, 

precipitation-dissolution reactions regulate the presence or absence of 

important mineral phases, such as Fe-oxides (Burdige, 1993; Clark et al., 

1998; Cooper and Morse, 1998). These minerals provide reactive surfaces 

that influence trace metal distribution via adsorption reactions. 

1.2.4      Adsorption-desorption reactions 

Adsorption and desorption are two-dimensional processes, involving the 

accumulation of a substance at an interface between the aqueous and solid 

phase. Upon reacting with a mineral or organic surface, trace metals may 

form either an inner- or outer-sphere complex (Buffle, 1988). The 

formation of an inner-sphere complex is termed chemisorption, whilst 

cation exchange results in the formation of an outer-sphere complex.   

Sediment particles often possess electrostatic charge, which may be 

permanent or variable in nature. Permanent charge principally arises as a 
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result of isomorphous substitution of Al
3+

 for Si
4+

 and Mg
2+

 for Al
3+

 in 

tetrahedral and octahedral layers respectively, of 2:1 layer alumino-silicate 

minerals. Variable charge properties are due to deprotonation of surface 

groups on Al, Fe and Mn oxyhydroxides, exposed edge sites on 1:1 

alumino-silicates such as kaolinite, as well as organic matter. As a 

consequence of this deprotonation process, the net surface charge often 

ranges from positive at low pH values to negative at higher pH values. The 

dominance of positive or negative surface charge is largely controlled by 

the point of zero charge of sediment materials in combination with the 

pore-water pH. Since estuarine and marine waters typically exhibit pH 7 to 

8, many surfaces will carry a net negative charge. This results in cations in 

solution being adsorbed, via electrostatic forces, to the negatively charged 

sediment surfaces. 

Ion exchange simply involves the replacement of an equivalent amount of 

one ion with another ion, with no change in surface charge or in the pH of 

the solution: 

Cu
2+

  +  Na
+
-exchange site  ↔  Cu

2+
-exchange site  +  2Na

+
 

The process involves the formation of outer-sphere complexes, with higher 

valence and smaller hydrated cations exhibiting greater selectivity for 

negatively charged surface sites (McBride, 1989). This is attributed to the 

importance of diffusion in electrostatic surface interactions, with small, 

highly charged cations maximising the electric potential of the charged 

surface. As a consequence, the affinity sequence of metals for negatively 

charged surface sites is consistent with the ionic potential (Z
2
/r; where Z is 

valence and r is ionic radius) of metal ions.  

In sorption experiments involving model phases and relatively simple 

electrolyte solutions, exchange reactions have been shown to be important 

in the retention of divalent metals. In natural sediment-water systems, trace 

metals such as Cu
2+

, Pb
2+

 and Zn
2+

 must compete with the major cations for 

exchange sites (Cowan et al., 1991). Given the relative abundance of major 
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cations in natural waters (especially seawater), electrostatic reactions of 

trace metals with cation exchange sites is not expected to be a major 

process controlling metal sorption.  

In estuarine sediment-water systems, adsorption may be largely due to 

chemisorption, a process whereby trace metals form partly covalent bonds 

with surface ligands. Chemisorption occurs via the formation of an inner-

sphere complex and consequently a given metal may be preferentially 

adsorbed over other cations. 

The chemisorption sites on mineral surfaces in sediment-water systems are 

provided primarily by Fe, Al and Mn oxides under oxic conditions, and Fe 

sulfides under anoxic conditions (Jean and Bancroft, 1986; Lion et al., 

1982; McBride, 1989; Tessier et al., 1985; Tessier et al., 1996). Generally 

chemisorption to a mineral surface under oxic conditions is thought to 

proceed by the metal ion reacting with an unsatisfied negative charge on an 

OH
-
 or H2O ligand bound to a surface metal (Benjamin and Leckie, 1981; 

McBride, 1989): 

>Mmin-OH]
-1/2

 + Msol(H2O)6
n+

  →  >Mmin-O-Msol(H2O)5]
(n – 3/2)

 + H3O
+
  

where Mmin and Msol represent the metal in the mineral structure and the 

trace metal in solution, respectively; and n represents valency. Highly stable 

bidentate and polydentate chelates and inner-sphere complexes also form 

between trace metals and organic functional groups (e.g. carboxyl, 

phenolic, carbonyl, amine and sulfhydryl groups) (Davis, 1984; Ghosh and 

Banerjee, 1997; Hering and Morel, 1988; Nissenbaum and Swaine, 1976). 

The reversibility of sorption processes is a critical issue when attempting to 

evaluate the potential adverse effects of trace metal contaminated 

sediments. An abundance of evidence indicates that chemisorption of trace 

metals is not fully reversible (Clark and McBride, 1984; Hayes and Leckie, 

1986). It is unclear, however, whether this apparent irreversibility is due to 

genuine irreversible chemical reactions or simply attributable to very slow 

desorption rates (Scheidegger and Sparks, 1996). Work by Hayes and 
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Leckie (1986) indicates that the adsorption reaction is relatively fast and 

diffusion controlled, whereas desorption is much slower and controlled by 

the activation energy required to break the surface bond. In addition, 

heterogeneous precipitation and the formation of solid solutions cannot 

generally be ruled out in adsorption experiments, suggesting that non-

reversibility cannot be entirely attributed to slow desorption processes. 

1.2.5      Quantifying trace metal partitioning in sediments 

The heterogeneity of natural sediments causes trace metal availability to be 

affected by a multiple array of partitioning processes, binding phases and 

physico-chemical conditions. This heterogeneity also results in total metal 

content in a given sediment sample providing a relative poor indication of 

geochemical behaviour and environmental risk. More appropriate 

assessment of environmental risk requires identification of the fraction of a 

trace metal that is, or may become, available to benthic organisms or to 

transport/transformation processes (ANZECC/ARMCANZ, 2000; 

Campbell and Tessier, 1991; La Force et al., 1999). This relies on an 

understanding of metal partitioning behaviour as influenced by sediment 

properties (i.e. the abundance of binding phases) and changes in 

environmental conditions such as pH, salinity and redox potential (Calmano 

et al., 1992; Calmano et al., 1993; Clark et al., 1998; Fernandes, 1997).  

In anoxic sediments, trace metal interactions with reactive sulfide species 

may lead to precipitation of homogenous metal sulfide minerals. 

Precipitation of a solid-solution, whereby trace metals and Fe form a mixed 

sulfide mineral, may also be an important partitioning process under anoxic 

conditions. In oxic sediments, the most important binding phases for trace 

metals are thought to be organic matter and hydrous Fe oxides (Chapman et 

al., 1998). Metals may be retained by these phases via specific adsorption 

(chemisorption), or may be electrostatically attracted to negatively charged 

surfaces and be sorbed as outer-sphere complexes. Coprecipitation of trace 

metals with Fe/Mn oxides and carbonate minerals may also be important.  
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The majority of research on trace metal partitioning in sediments has, for 

the last decade, focussed on the role of reactive sulfide species (Cooper and 

Morse, 1998; Morse and Luther, 1999; Simpson et al., 2000a; Simpson et 

al., 2000b). As described above, precipitation of sulfide minerals is an 

important process regulating metal solubility in anoxic sediments. Sulfide 

minerals of several trace metals are very poorly soluble, and thereby 

maintain relatively low pore-water metal concentrations. Thus, trace metal 

solubility in sediments with a reactive sulfide concentration in excess of the 

molar trace metal concentration is expected to be very low (Chapman et al., 

1998). As a consequence of the low solubility of metal sulfide minerals, 

measurement of abundance of reactive sulfide species compared to reactive 

trace metal abundance has been adopted as a risk assessment approach for 

sediment quality assessment (Ankley et al., 1996; ANZECC/ARMCANZ, 

2000; see Appendix D for an example of, and problems associated with, 

this approach). 

The measurement of reactive sulfide abundance to assess trace metal 

availability is only applicable for anoxic sediments where sulfide is present. 

Whilst clayey sediments usually become anoxic within a few millimetres 

below the sediment-water interface, oxygen penetration can extend to much 

greater depths in more porous, sandy sediments. In such sediments, trace 

metal availability is controlled by sorption to organic matter and Fe-oxides, 

rather than by interactions with reactive sulfide species (Chapman et al., 

1998). Metal sorption to these phases is relatively complex compared to 

homogeneous precipitation of sulfide minerals, which is controlled by the 

particular Ksp value of the metal sulfide mineral. Ankley et al. (1996) 

identified the quantitative assessment of the importance of phases other 

than reactive sulfide species as an area requiring research. Thus, there is a 

need for research into trace metal partitioning in relatively sandy, non-

sulfidic sediments. 

Sequential chemical extraction procedures (e.g. Tessier et al., 1979) have 

been employed to characterise trace metal partitioning to individual binding 
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phases in sediments (Beckett, 1989; Gleyzes et al., 2002; Tessier and 

Cambell, 1987; Thoming and Calmano et al., 1998). These procedures 

generally involve three to eight extractants being used in a sequence in 

which the least aggressive and most phase specific are employed earlier in 

the sequence, following by progressively more aggressive and less selective 

extractants. The results of the procedure are typically presented in terms of 

the proportion of total metal recovered with each extractant, or associated 

with a particular geochemical fraction that is selectively dissolved by each 

extractant.  

Given the heterogeneity of natural sediments, chemical extraction 

techniques are not entirely selective towards an individual geochemical 

phase. Nirel and Morel (1990) criticised the use of sequential extractions 

due to this operationally-defined nature and to the issue of metal 

readsorption between extractions. It should be noted, however, that single 

extractions, using for example 1 M HCl (as recommended by 

ANZECC/ARCANZ, 2000) to extract an “available” trace metal fraction, 

also suffer from these potential problems. By extracting sediment phases 

under a sequence of chemical treatments (such as acidification, reduction, 

or oxidation), potential metal mobility can be predicted using sequential 

extraction procedures. Thus, sequential extractions are pragmatic tools that 

can explore metal geochemistry in sediments, even though the extractant 

regimes are not always entirely selective.  

1.3     OVERVIEW OF TRIBUTYLTIN BEHAVIOUR IN BENTHIC 

SEDIMENTS 

1.3.1      Introduction  

Tributyltin (TBT) is a synthetic organo-metallic moiety, composed of three 

n-butyl chains attached to a central Sn atom (in the Sn(IV) oxidation state) 

via C-Sn covalent bonds. Tributyltin has been mostly employed as a 

pesticide in marine paints, retarding the growth of fouling organisms on 
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hulls of water vessels. It is also used as a preservative for timber, textiles, 

paper and leather (Fent, 1996). 

Goldberg (1986) described TBT as the most toxic substance ever 

deliberately introduced into natural aquatic systems. It causes chronic 

adverse effects (such as imposex in gastrods) at 1 – 2 ng/L and acute 

poisoning of fish, zooplankton and molluscs at 0.04 – 16 µg/L (Fent, 1996; 

Stewart et al., 1992). During the 1980’s, aqueous TBT concentrations in 

enclosed water-bodies, such as harbours, marinas and bays, were typically 

in the range 0.1 to 1.0 µg/L as Sn (Adelman et al., 1990; WHO, 1990). In 

Arcachon Bay, France, TBT exceeded 0.1 µg/L as Sn from 1977 to 1981 

and caused severe economic losses to the local oyster industry (Ruiz et al., 

1996). 

The use of TBT-containing antifouling paints on small (< 25 m) leisure 

craft is now controlled or banned in many countries. As a consequence, 

TBT concentrations in surface waters have declined significantly (Fent, 

1996; Valkirs, 1991). Despite this decline in surface water concentrations, 

sediment concentrations have shown only modest declines (De Mora and 

Pelletier, 1997). Work by Krone et al. (1996) demonstrated that TBT 

concentrations in sediment over time appear to be relatively constant. 

Several studies from around the world have found that TBT is still present 

in sediments at concentrations in the mg/kg range (Hoch, 2001). For 

example, Haynes and Loong (2002) found TBT at 7500 to 340000 µg/kg 

(as Sn) in sediments from a ship-grounding site on the Great Barrier Reef. 

Understanding TBT behaviour at highly contaminated sites is an important 

part of the risk assessment process (Huggett et al., 1992). Predictions of 

TBT distribution in aquatic systems can be estimated based on an 

understanding of its solid/solution partitioning and degradation behaviour 

(Batley, 1996).  
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1.3.2      Partitioning Behaviour 

When present in the aqueous phase, TBT may exist as a cation (TBT
+
) or 

may form neutral ion-pairs such as TBT-OH
0
 or TBT-Cl

0
 (Arnold et al., 

1997; Laughlin et al., 1986). The physicochemical properties of TBT 

species confer sorptive characteristics that share similarity with the 

behaviour of cationic trace metals as well as non-polar organic compounds. 

The cationic species (TBT
+
) may be attracted to negatively charged mineral 

and organic surfaces, and be retained in the diffuse layer of cations 

surrounding the negatively charged surface. Adsorption of TBT may also 

occur via specific interactions between the Sn atom and surface ligands on 

sediment minerals and polar functional groups on organic matter. Also, 

TBT may passively absorb into non-polar regions of organic matter via 

hydrophobic partitioning. The tendency for hydrophobic partitioning is 

reflected by an octanol-water partition coefficient of approximately 5000 to 

7000 in seawater (Laughlin et al., 1986).  

The partitioning of TBT between sediment pore-water (CA) and the solid-

phase (CS) has been described by the distribution coefficient (KD): 

A

S
D

C

C
K =  

For hydrophobic compounds, partitioning behaviour is primarily 

determined by the sediment organic matter content and can be quantified by 

the organic carbon normalised distribution coefficient (DOC): 

OC

D
OC

f

K
D =  

where KD is the distribution coefficient (L/kg) and fOC is the fractional 

organic carbon content. Despite TBT’s potentially hydrophobic nature, 

early work by Unger et al. (1988) found that there was a poor correlation 

between sediment organic matter content and TBT sorptive capacity. These 

researchers, therefore, recommended that a generic DOC value not be used 



 29 

to predict TBT partitioning in sediments. Subsequent work by Dowson et 

al. (1993a) showed that TBT sorption was strongly influenced by the 

sediment organic matter content, with KD values ranging from 400 to 4900 

L/kg for partitioning as examined in laboratory sorption experiments. This 

was supported by Langston and Pope (1995) who found that TBT sorption 

in 16 sediment samples was related to organic matter content. However, 

these workers noted that correlation does not mean causation as sediment 

organic matter content was also correlated with texture and Fe-oxide 

content. 

The role of organic matter was evaluated under controlled conditions by 

Meador et al. (1997), who created a range of synthetic sediments with 

constant mineralogical characteristics but with varying organic matter 

content. Subsequent measurements of TBT partitioning between pore-water 

and the sediment solid-phase showed that the sediment organic matter 

content did indeed control TBT partitioning behaviour (Meador et al., 

1997). These researchers found that DOC values ranged from about 12600 to 

158000 L/kg.  

Weston et al. (1996) used an average DOC value of 25100 L/kg (from 

Meador et al., 1997) in combination with TBT toxicity data for free-

swimming organisms to estimate sediment TBT concentrations that could 

be used to identify sites within Puget Sound, Washington, requiring 

remediation. The work by Weston et al. (1996) was based on the concept of 

pore-water TBT being the bioavailable fraction, which was controlled by 

equilibrium partitioning to sediment organic matter. The screening values 

presented by Weston (1996) were subsequently adopted as Australian 

interim sediment quality guidelines (ANZECC/ARMCANZ, 2000). Thus, 

current Australian sediment quality guidelines for TBT are largely based on 

the average DOC for a range of synthetic sediments as reported by Meador et 

al. (1997).  

In addition to the importance of sediment organic matter content, several 

earlier studies found that salinity also strongly affects TBT behaviour 
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(Langston and Pope, 1995; Randall and Weber, 1986; Unger et al., 1988). 

Randall and Weber (1986) conducted a series of sorption experiments using 

hydrous Fe oxide in the presence of fulvic acid. They found that increasing 

the Fe-oxide concentration from 10 to 1000 mg/L increased the KD value 

from 21000 to 35000 L/kg at 35 psu and from 1500 to 13000 L/kg at 5 psu. 

Whilst Randall and Weber (1986) found that TBT sorption increased with 

increasing salinity, Unger et al. (1988) observed a clear decline in TBT 

sorption with increasing salinity. In contrast, Langston and Pope (1995) 

found that sorption was minimised at intermediate (15 psu) salinity.  

A number of relatively recent studies have examined the effect of pH and 

salinity on TBT partitioning to well-defined mineral surfaces (e.g. Behra et 

al., 2003; Bueno et al., 1998; Hoch, 2004; Weidenhaupt et al., 1997). These 

studies have shown that TBT sorption to mineral surfaces (quartz, kaolinite, 

montmorillonite and illite) is maximised at about pH 6, decreases with 

increasing salinity, and exhibits KD values < 50 L/kg. These KD values are 

relatively low compared to values reported for natural sediments (usually 

10
2
 to 10

5
 L/kg), which lead Berg et al. (2001) to hypothesize that organic 

matter was the most important sorbent in natural sediments containing 

greater than 0.5 % organic carbon. This was supported by Hoch and 

Schwesig (2004), who found that the KD value for TBT sorption increased 

from 51 up to 2700 L/kg with the addition of up to 5 % organic matter to 

kaolinite.  

The moderately high octanol-water partition coefficient of TBT suggests 

that sorption to natural organic matter may involve hydrophobic interaction 

with non-polar regions. Indeed, work by Meador et al. (1997) focused on 

quantifying TBT sorption to organic matter with the assumption that 

sorption occurs via hydrophobic partitioning. However, more recent work 

by Arnold et al. (1998) and O’Loughlin et al. (2000) has shown that TBT 

sorption to humic acid occurs via complexation rather than hydrophobic 

partitioning. Work by Berg et al. (2001) suggests that both complexation by 

polar groups and hydrophobic partitioning into non-polar regions of organic 
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matter are likely to be important in natural sediments. These researchers 

found that sorption of a range of organotin compounds to solid-phase 

organic matter followed the corresponding trends in octanol-water partition 

coefficients. However, the relative differences in DOC could not be 

described by hydrophobicity alone, indicating that a significant degree of 

sorption was due to complexation by polar ligands. 

In general, systematic investigations of TBT partitioning under the range of 

conditions existing in natural sediments are few, and consequently the 

present understanding of TBT partitioning in sediment is limited. Measured 

KD values for natural sediments vary widely, but are generally within the 

range of 10
2
 to 10

5
 L/kg. Most studies published within the last 5 years 

have examined sorption to well-defined sorbents (mainly alumino-silicate 

clay minerals, quartz and humic acid). Relatively recent work by Hoch and 

colleagues (Hoch and Weerasooriya, In Press; Hoch and Bandara, 2005; 

Hoch and Weerasooriya, 2005; Hoch, 2004; Hoch and Schwesig, 2004; 

Hoch et al., 2002) has indicated that sorption to pure mineral surfaces is 

strongly related to aqueous TBT speciation. Likewise, Arnold et al. (1998) 

and O’Loughlin et al. (2000) have shown that interactions with humic acid 

are dependent on the abundance of the TBT
+
 species.  

Studies examining TBT partitioning in natural sediments, to date, have 

generally focussed on quantifying DOC values and have not considered 

aqueous TBT speciation. The relationship between aqueous TBT speciation 

and partitioning behaviour has been examined in pure systems (involving 

alumino-silicate minerals), but has received little attention in natural 

sediments.  

1.3.3      Degradation 

In addition to TBT adsorption to mineral and organic surfaces, the 

degradation rates and pathways of TBT are of considerable importance to 

fate and distribution. The primary degradation mechanism of TBT in the 
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environment can be considered as a  mineralisation with progressive loss of 

butyl groups (denoted as Bu)(Hoch, 2001): 

Bu3Sn
+
  →  Bu2Sn

2+
  →  BuSn

3+
  →  Sn

4+ 

In coastal sediment-water systems, TBT degradation results in the 

formation of dibutyltin (DBT), monobutyltin (MBT) and inorganic Sn 

(Dowson et al., 1992; Page et al., 1996; Venkatesan et al., 1998). The 

degradation products, DBT, MBT and inorganic Sn are far less toxic than 

TBT (Fent, 1996). Therefore, TBT degradation is an important process that 

may contribute to sediment remediation. 

Photolysis by sunlight appears to be the fastest route of TBT degradation in 

aquatic systems (Clark et al., 1988). Only the near UV spectrum (300 – 350 

nm) has been shown to cause direct photolysis of TBT, DBT or MBT. 

Given the low transmittance of UV light in natural waters, photolytic 

degradation is expected to only occur in the upper few centimetres of the 

water column. Clark et al. (1988) reported a half life of 89 days in the 

surface water of aquatic systems. Photolysis will be unlikely to occur in 

benthic sediments, hence the degradation rate of TBT is substantially 

slower within sediments in comparison to the water column.  

Evidence for slow degradation, in the order of years, is available from the 

persistence of TBT in sediment cores, and the distribution of the ratios of 

TBT and its degradation products in surficial sediments. Several researchers 

examining depositional profiles via the collection of undisturbed sediment 

cores, have reported half-lives for TBT in the range of 1.3 to 8.7 years 

(Kilby and Batley, 1992; Dowson et al., 1993b; de Mora et al., 1995; 

Sarradin et al., 1995; Stewart and Thompson, 1997). For example, de Mora 

et al. (1995) examined the distribution of TBT and its products in sediment-

water systems associated with boating activities near Auckland, New 

Zealand and found that TBT followed first order degradation kinetics with a 

half-life of 1.3 to 4.4 years. Similarly, Kilby and Batley (1992) observed a 

half-life for TBT of approximately 3.8 years in sediments from eastern 
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Australia, and Dowson et al. (1993b) found that the degradation rate varied 

from a half-life of 0.9 to 5.2 years at sites in the United Kingdom. Stewart 

and Thompson (1997) collected sediment cores from harbours and marinas 

in British Columbia, Canada, and reported a half-life for first-order TBT 

degradation of approximately 8.7 years. Similar degradation rates for DBT 

and MBT have been reported, with Sarradin et al. (1995) calculating first-

order half-lifes of 1.9 and 1.1 years, respectively, in sediments collected 

from a marina. 

Determination of degradation rates via examination of sediment profiles is 

dependent on having an undisturbed sediment core with a known deposition 

rate, and the assumption that TBT fluxes to the sediments were constant 

throughout deposition of the profile with the only loss mechanism being in-

situ degradation. In particular, the calculations ignore partitioning of TBT 

between pore-water and solid particles within the sediment profile. This 

partitioning behaviour may considerably alter observed degradation, as 

pore-water TBT is likely to be more available to degradation processes 

compared to solid-phase TBT. 

There is general consensus that TBT degradation in natural sediment-water 

systems is mediated by micro-organisms. Barnes et al. (1973) showed that 

the bacteria Pseudomonas aeruginosa, Pseudomonas putida and 

Alcaligenes faecalis facilitated butyl-Sn degradation under appropriate 

temperature and nutrient conditions. Reader and Pelletier (1992) also 

reported that the microalgal species Skeletonem costatum is capable of 

degrading TBT at temperatures as low as 4
o
C.  

Whilst the majority of studies examining TBT degradation in sediments 

have reported half-lives of the order of years, Stang et al. (1992) found 

evidence for rapid, non-biological degradation of TBT compounds in 

sediment-water systems. By adding aqueous TBT to sterilised sediments, 

Stang et al. (1992) showed that degradation of TBT occurred in two phases, 

with rapid degradation (23 to 94 %) in two days, followed by slower 

degradation rates during the next 5 to 7 days. The degradation mechanisms 
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were not investigated, however Stang et al. (1992) attributed the difference 

in their calculated degradation rate and those of other studies to the 

presence of paint-chips in the sediment-core approach. By including 

sediments that contained paint-chips, it was shown that the half-life for 

TBT degradation was of the order of several months. This suggests that the 

presence of anti-fouling paint chips in natural sediments may substantially 

reduce the rate of TBT degradation, presumably by inhibiting microbial 

access to the TBT molecule. In such situations, measured degradation rates 

are likely to be limited by diffusion from a solid phase (e.g. paint chip or 

particle surface), rather than actual cleavage of the butyl group from the 

parent species. In this regard, TBT degradation rates may be considered to 

be a function of desorption rates. 

It is clear that the present state of knowledge on TBT, DBT and MBT 

degradation is incomplete. Reported TBT half-lifes in bottom sediments 

range from days to decades. Whilst pore-water TBT is likely to be more 

accessible for microbial degradation than solid-phase species, the 

partitioning behaviour has generally been ignored in studies examining 

TBT degradation. It is likely that an improved understanding of TBT 

partitioning between pore-water and the solid-phase in benthic sediments 

will help to explain the variation in reported TBT degradation rates. 

1.4     SUMMARY AND THESIS OBJECTIVES 

Trace metals and TBT accumulate in benthic sediments and may represent a 

risk to environmental quality. Proper assessment of sediment quality, 

therefore, plays a key role in developing sound management strategies for 

aquatic systems. An understanding of the geochemical processes occurring 

within the sediment system is essential for valid assessment of the state of 

sediment contamination. There is general consensus that total contaminant 

concentrations often provide a poor indication of environmental risk. The 

principal limitation to employing factors other than total trace metal and 

TBT concentrations in the assessment of sediment quality is a lack of 

information on partitioning behaviour. The overall aim of this thesis is to 
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examine selected factors that may influence the distribution and partitioning 

of trace metals and TBT in benthic, estuarine sediments.  

The Southport Broadwater is a semi-enclosed estuarine body of water 

located in south-east Queensland, Australia. This area lies at the northern 

end of the Gold Coast city and receives trace metal and TBT inputs from a 

range of sources. Preliminary work by Phillips (2003) has shown that 

benthic sediments associated with commercial marina activities within the 

Southport Broadwater exhibit trace metal and TBT concentrations that are 

of environmental concern. As described above, the majority of research into 

trace metal partitioning in sediments has focussed on muddy, sulfidic 

systems. However, sediments within the Southport Broadwater are 

relatively sandy and therefore present an opportunity to investigate 

processes influencing trace metal and TBT behaviour sediments where non-

sulfide phases are the main sorbents.  

The specific objectives of this thesis are to: 

1. Characterise and assess the extent and degree of trace metal 

contamination in sediments of the Southport Broadwater using a 

range of approaches; 

2. Quantify important aspects of trace metal and TBT partitioning 

behaviour in intact sediment cores collected from the Southport 

Broadwater; and 

3. Examine the role of selected factors in regulating trace metal and 

TBT partitioning in estuarine sediments using controlled 

laboratory-based experiments. 

1.5     THESIS OVERVIEW 

The thesis objectives are addressed with the use of observational, field 

studies set in the Southport Broadwater and experimental, laboratory 

studies examining important factors under controlled conditions. The main 
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body of this thesis (Chapters 2 to 7) is presented as six chapters that are 

slightly modified versions of manuscripts published (or currently under 

review) in peer-reviewed journals. Each chapter is presented essentially as a 

discrete manuscript, and thus presents a review of the relevant literature and 

a description of methods. Consequently, there is some repetition in 

Chapters 2 to 7 in terms of background and methods. An overview of the 

structure of this thesis is presented below: 

- Chapter 1 presents a general introduction to trace metal and TBT 

contamination of sediments, and provides a brief review of relevant 

literature. 

- Chapter 2 describes an assessment of the distribution and 

enrichment of trace metals in benthic sediments of the Southport 

Broadwater. This chapter serves the purpose of identifying sites with 

elevated trace metal concentrations (including Sn, which suggests 

TBT contamination), which are then examined further in chapters 3 

and 4. 

- Chapter 3 describes the in-situ geochemical partitioning of Cu, Pb 

and Zn in benthic sediments from sites identified in chapter 2.  

- Chapter 4 describes the in-situ partitioning of TBT, DBT and MBT 

in a benthic sediment profile at a site identified in chapter 2. 

- Chapter 5 presents an examination of selected aspects of trace metal 

partitioning in sediments under controlled laboratory conditions.  

- Chapter 6 presents an examination of TBT sorption-desorption with 

sediments under controlled laboratory conditions.  

- Chapter 7 describes laboratory-based research exploring possible 

aging effects on TBT partitioning in sediments.  
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- The main conclusions arising from the work presented in Chapters 2 

to 7, as well as suggestions for future work are presented in Chapter 

8. 

This thesis also contains a number of Appendices, which present additional 

information that was not relevant for the main body of the thesis. Appendix 

A “Trace metals and nutrients in bottom sediments of the Southport 

Broadwater, Australia” is a journal article published in Marine Pollution 

Bulletin that presents data on the distribution of nitrogen and phosphorus 

species (in addition to trace metals) in sediments of the Southport 

Broadwater, Australia. This article also presents the raw trace metal data 

discussed in Chapter 2. Appendix B presents selected properties of the three 

sediment profiles examined in chapter 3. Appendix C presents data related 

to analysis of tributyltin. Appendix D “Reactive sulfide relationships with 

trace metal extractability in sediments from southern Moreton Bay, 

Australia” is another article published in Marine Pollution Bulletin that 

describes some important aspects in the relationship between reactive 

sulfide species and trace metal extractability in sediments.  
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Chapter 2: Identification of contaminant 

enrichment in estuarine sediments: 

Southport Broadwater, Australia 

Selected aspects of the work presented in this chapter have been published 

as: 

Burton, E. D., Phillips, I. R. and Hawker, D. W. (In Press) Trace metal 

distribution and enrichment in benthic, estuarine sediments: Southport 

Broadwater, Australia. Environmental Geochemistry and Health 



 53 

2.1     ABSTRACT 

The distribution and enrichment of selected trace metals (Cd, Cr, Cu,  Ni, 

Pb, Sn, Zn) in benthic sediments of the Southport Broadwater, a semi-

enclosed coastal body of water adjacent to the Gold Coast city, south-

eastern Queensland, Australia, was studied with the objective of assessing 

the extent and degree of sediment contamination. Sediment samples from 

the 0 – 10 cm and 10 – 20 cm depth intervals of 32 sites within the 

Southport Broadwater and surrounding residential canals were analysed for 

particle size distribution, pH, organic C and “near-total” major (Al, Ca, Fe, 

Mn) and trace (Cd, Cr, Cu, Ni, Pb, Sn, Zn) metal contents. Sediment 

contamination for each trace metal was assessed by (1) comparison with 

Australian sediment quality guidelines, (2) calculation of the index of 

geoaccumulation based on regional background values, and (3) 

geochemical normalisation against Al (i.e. the abundance of alumino-

silicate clay minerals). Based on this approach, the results indicate that 

submerged sediments in the study area are not presently enriched with Cd, 

Cr or Ni, with the spatial distribution of these metals being very well 

explained by the abundance of alumino-silicate clay minerals. However, 

several sites were strongly enriched with Cu, Pb, Sn and Zn, arising from 

sources related to either urban runoff or vessel maintenance activities. The 

study indicates that several varying approaches are needed for a satisfactory 

assessment of contaminant enrichment in estuarine sediments. 
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2.2     INTRODUCTION 

The development of industrial and urban centres around coastal waterways 

often causes substantial changes in water quality as a result of 

anthropogenic inputs of potentially toxic trace metals (Forstner and 

Wittman, 1979; Furness and Rainbow, 1990; Salomons and Forstner, 

1984). In estuarine systems, trace metals are rapidly removed from the 

water column as a result of sorption to suspended particles, followed by 

subsequent sedimentation (Comber et al., 1996; Honeyman and Santschi, 

1988; Mwanuzi and de Smedt, 1999). The benthic sediments in such 

systems are therefore recognised as an important pollutant sink for aqueous 

contaminants (Jain and Ram, 1997; Paalman et al., 1994). However, trace 

metals are not necessary fixed permanently to sediments, rather they may be 

remobilised into the water column via chemical, physical and biological 

processes (Linge and Oldham, 2002; Riedel et al., 1997; Saulnier and 

Mucci, 2000; Wen and Allen, 1999). Increasing interest has been shown in 

recent years in the behaviour of trace metals in sediments due to the 

potential for serious environmental problems, such as reduced biodiversity, 

development of poor water-quality and bioaccumulation of metals by 

benthic organisms (ANZECC/ARCANZ, 2000; USEPA, 1997). 

In addition to anthropogenic inputs to benthic sediments, trace metals also 

occur in sediments as a consequence of natural weathering processes 

(Aloupi and Angelidis, 2001; Carral et al., 1995; De Paula and Mozeto, 

2001). Anthropogenic impacts on sediment quality, therefore, are usually 

superimposed on heterogeneous patterns in the distribution and abundance 

of sedimentary trace metals that are related to naturally variable physical 

and chemical gradients (Danielsson, 2000; Karageorgis et al., 1998). The 

distribution of trace metals in urbanised areas is also characterised by “hot-

spots” of accumulation occurring around major sources of pollutants or in 

depositional environments, where fine sediment particles and organic 

matter accumulate (Rhoads and Cahill, 1999; Rubio et al., 2000; Simeonov 
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et al., 2000). Identification of such “hot-spots” is often a first step in the 

assessment of the environmental risk related to sediment quality. 

The Southport Broadwater is a semi-enclosed coastal body of water situated 

at the northern extreme of the Gold Coast City in south-east Queensland, 

Australia. The southern and western shores of the Southport Broadwater are 

heavily urbanised, with a large marina complex existing in the south. Trace 

metals may enter this system from sources related to urbanisation (such as 

runoff from roadways, residential and commercial areas, and construction 

sites), nautical activities (marinas and shipyards), waste disposal, and 

municipal and industrial discharges. The environmental quality of the 

Southport Broadwater is vital for future sustainable development in the 

rapidly expanding Gold Coast region. Detailed study is therefore required to 

understand the environmental changes, to examine appropriate strategies 

for sensible and responsible development and to help maintain a sustainable 

environment. 

The primary objectives of this study are to (1) characterise the spatial 

distribution of selected trace metals in sediments of the study area, and (2) 

assess the extent and degree of sediment contamination using a range of 

approaches. A secondary purpose is to identify contaminated sites within 

the study area requiring further, more detailed examination. 

2.3     STUDY AREA 

The study area is situated on the eastern Australian coastline between 

approximately 27.800° S to 27.980° S and 153.400° E to 153.420° E, and 

comprises the Southport Broadwater and surrounding residential canals 

(Figure 2.1). The Southport Broadwater is a semi-enclosed coastal body of 

water extending from the mouth of the Nerang River in the south to the 

mouth of Coomera River in the north. The study area is separated from the 

South Pacific Ocean by the Southport Spit and the southern tip of South 

Stradbroke Island, and has a single inlet opening to the Ocean  at the Gold 

Coast Seaway.  
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The study area is shallow (generally < 6 m), elongate and parallel to the 

coast, with a mean tidal range of 1.5 m (Moss and Cox, 1999). As a result 

of the relatively shallow depth, tidal flows through the Seaway range from 

10x10
6
 to 40x10

6
 L (Moss and Cox, 1999). Freshwater inputs to the 

Southport Broadwater, from the Nerang and Coomera Rivers, are of lesser 

magnitude than tidal inputs except following periods of heavy rain (Moss 

and Cox, 1999).  

The Southport Broadwater lies at the northern end of the Gold Coast city 

(population approximately 400 000), with its western and southern shores 

being heavily urbanised. A large complex of marinas exist at the southern 

end of the study area, with extensive development of residential canals and 

marinas also occurring along the western shore of the Southport 

Broadwater. The principal non-urbanised regions of the study area are 

located adjacent to South Stradbroke Island and the northern section of the 

Southport Spit. Extensive mangrove and sea-grass areas occur to the north 

of the Seaway, but these are very limited in the south. 
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Figure 2.1.  Study area and sampling locations 
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2.4     METHODS 

2.4.1      Sample Collection and Handling 

Sediment cores were collected with the use of a push-tube coring device 

(length = 40 cm; i.d. = 50 mm) as described by Doyle et al. (1995). This 

type of sediment sampling device has been widely employed in sediment 

studies, and found to be useful in the collection of relatively undisturbed 

sediment profiles from both muddy and sandy substrates.  

Triplicate cores were collected from 32 sample sites located within the 

study area (Figure 2.1). Sample sites were selected in order to reflect 

differing potential trace metal sources, anticipated degrees of 

contamination, and spatial coverage of the study area. The southern 

Southport Broadwater was given greater sampling attention in comparison 

to the northern end of the study area due to the larger extent of urbanisation 

within the Nerang River catchment when compared to that of the Coomera 

River. Each core was sectioned in the field into 0 to 10 cm and 10 to 20 cm 

depth intervals. Surface (0 – 10 cm) and sub-surface (10 – 20 cm) sediment 

samples were collected in order to assist in the potential identification of 

sites where relatively “clean” sediment may be covering contaminated 

sediment, or vice-versa. The triplicate samples from each respective depth 

interval were then thoroughly homogenised by mixing with a plastic 

spatula, and stored on ice until arrival at the laboratory.  

2.4.2      Analytical Techniques 

The pH of the sediment samples was recorded (within 24 hours of sample 

collection) with a Beckman Φ50 meter and electrode, by inserting the 

electrode directly into the sediment sample and waiting until a stable value 

was attained. A subsample (approximately 200 g) of each sediment sample 

was then oven-dried at 105
o
C for 24 hr for determination of gravimetric 

water content (Percival and Lindsay, 1997). Separate subsamples of the 

saturated sediment samples were wet sieved through a 63 µm stainless steel 
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sieve, in order to determine “% mud” on a mass basis (Loring and Rantala, 

1992). A further separate subsample of the saturated sediments was used 

for determination of total organic C, according to the rapid dichromate 

oxidation technique described by Nelson and Sommers (1996). 

A sample (approx. 1 g) of the oven-dried sediment was digested with 

HNO3-HCl-H2O2 according to USEPA method 3050B (USEPA, 1986). 

This method is “a very strong acid digestion that will dissolve almost all 

elements that could become ‘environmentally available’” (USEPA, 1986). 

It can not, however, be regarded as a total digestion technique for most 

sediment samples, as the procedure does not digest crystalline silicate 

minerals. As a quality assurance measure, a certified reference sediment 

(PACS-2 from the Institute for National Measurement Standards, National 

Research Council of Canada) was digested. Digestion of 6 replicates 

indicated good precision but incomplete digestion, as is expected without 

the use of HF (Table 2.1). Nevertheless, USEPA method 3050B is a 

standardised and frequently employed technique for determination of “near-

total” metal content in sediments.  

As a further quality assurance measure, each sediment sample was 

subjected to duplicate digestions in order to verify the repeatability of the 

method. In addition, 10 method blanks were performed in order to check for 

the presence of contamination during the digestions and analysis. The 

method blanks indicated that the method was free from contamination 

during the digestion process as the concentrations of all metals examined 

were below the respective method detection limits (MDL). 
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Table 2.1. Recoveries obtained for 6 replicates of the standard reference material PACS-2 of the National Research Council of Canada, under 

the digestion conditions employed in this study (mean ±±±± 95% confidence interval). 

 Measured Certified 
Recovery  

(%) 

Al (%) 4.30 ± 0.13 6.62 ± 0.13 64 

Fe (%) 3.48 ± 0.16 4.09 ± 0.06 85 

Ca (%) 1.5 ± 0.14 1.96 ± 0.18 76 

Mn (mg/kg) 372 ± 13 440 ± 19 84 

Zn (mg/kg) 316 ± 11 364 ± 23 86 

Cu (mg/kg) 267 ± 8 310 ± 12 86 

Pb (mg/kg) 155 ± 6 183 ± 8 84 

Ni (mg/kg) 32.6 ± 2.7 39.5 ± 2.3 82 

Cd (mg/kg) 1.9 ± 0.2 2.11 ± 0.15 90 

Sn (mg/kg) 17.1 ± 1.6 19.8 ± 2.5 86 

Cr (mg/kg) 64.9 ± 4.6 90.7 ± 4.6 71 
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Analysis of Al, Ca, Cd, Cr, Cu, Fe, Mn, Ni and Zn was performed with the 

use of a Varian SpectraAA 20-Plus flame atomic absorption spectrometry 

(AAS) with an air/acetylene flame for all of the above elements except Al 

(for which a nitrous oxide/acetylene flame was employed). Analysis of Sn 

was achieved with the use of a Varian SpectraAA 30/40 Zeeman graphite 

furnace AAS. In order to optimise the ashing temperature (700 °C) during 

Sn analysis, a 5 µL solution of 100 mg/L palladium was premixed with 10 

µL of sample prior to injection into the graphite tube. The temperature 

program employed for Sn analysis is described fully in Rothery (1986).  

Calibration for AAS analysis was achieved with prepared external 

standards via the standard curve approach. Full calibration was performed 

after every set of ten samples, with resloping of the calibration curve 

performed after every set of five samples. The method detection limit for 

metal analysis was defined as 3 times the standard deviation of 10 replicate 

blank measurements. 

2.5     RESULTS AND DISCUSSION 

2.5.1      Sediment Properties 

According to Dyer’s (1973) geomorphic classification of estuarine systems, 

the Southport Broadwater may be regarded as a typical bar-built estuary, 

formed when offshore barrier sand islands build above sea level and form a 

chain between headlands broken by one or more inlets. As a result, the Spit 

and South Stradbroke Island comprise deep sand accumulations derived 

from long-shore ocean currents. Land adjacent to the western shores of the 

Southport Broadwater is also predominately composed of silicious beach 

sands. For this reason, a large proportion of sediments in the Southport 

Broadwater are dominantly coarse quartz sands, as is reflected in the low 

“% Mud” values for sites in the central Southport Broadwater (Figure 2.2). 

High “% Mud” values presented in Figure 2.2 indicate depositional areas 

where fine particulates, derived mainly from fluvial sources and local 
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runoff have accumulated. In particular, it is evident that the residential 

canal sites exhibit relatively finer sediment textures than do sites within the 

Southport Broadwater itself. The susceptibility of residential canals to 

accumulate fine sediments is widely recognised (Lindall and Trent, 1975; 

Nuttal and Richardson, 1987). This relationship with particle size 

distribution and position within the canal system results largely from the 

inverse relationship between tidal velocity and sedimentation. With 

increasing distance from source water (i.e. the Southport Broadwater) there 

is a concomitant reduction in the tidal prism and consequently tidal 

flushing. Sedimentation is therefore highest at a distance from source water 

where the tidal flushing is lowest. The tidal prism at dead end locations 

within residential canals, such as sites 1, 3, 5 and 9, would be effectively 

zero and, as such, sedimentation would be maximised.  

 

Figure 2.2.  Spatial distribution of fine sediment particles (mud) and organic C in 
sediments of the Southport Broadwater and surrounds. 
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Cosser (1989) found elevated sedimentation rates and organic C contents 

(4.6 – 14 % based on loss-on-ignition) at dead-end sites in residential canals 

in the Gold Coast suburb of Broadbeach. The present work also found 

moderately high organic C contents (up to 3.6 %) in sediments of 

residential canals in the study area. It should be noted that the slightly 

higher organic C contents reported by Cosser (1989) are probably 

attributable to methodological artefacts associated with the calculation of 

organic C based on loss of mass on ignition (i.e. loss on ignition of material 

other than organic C, such as carbonate minerals). 

Berner (1981) recorded hundreds of pH measurements in estuarine and 

marine sediments and never encountered pH values outside of range pH 6 

to pH 8. Similarly, pH measurements made in the present study exhibit 

relatively low variability with all values falling between pH 6.8 and pH 8.2. 

Furthermore, 90 % of samples exhibited pH values in the range pH 7.1 to 

pH 8.0, thus reflecting the strongly buffered nature of pH values in 

sediments. 

2.5.2      Spatial Distribution of Metals 

Work by de Mora et al. (1995), showing consistently elevated trace metal 

concentrations near slipways, washdown yards and dry dock facilities, 

indicates that boat hull cleaning operations can represent a major source of 

sediment contamination. In particular, organotin compounds, derived from 

the widespread use of anti-fouling paints on surfaces subject to “fouling” by 

marine organisms, has lead to extensive sediment contamination and 

adverse ecosystem effects (Goldberg, 1986; Bryan and Langston, 1992; De 

Mora and Pelletier, 1997; Pelletier and Normandeau, 1997; Deely, 1993). 

For example, in Suva Harbour, Fiji, the water-blasting of vessels has caused 

severe contamination of nearshore sediments, with Stewart and de Mora 

(1992) reporting sedimentary tributyltin (TBT) at concentrations up to 38 

mg/kg as Sn.  
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The release of Sn, derived from antifouling paints, into the Southport 

Broadwater is reflected in the analytical results for sample stations 20 (up to 

7.14 mg/kg Sn) and 31 (up to 29.89 mg/kg Sn). These particular sample 

stations are located within the marina complex at the southern end of the 

study area (Figure 2.3), and were adjacent to dry dock facilities. 

Comparable results were reported by Tomlinson and Phillips (2001), who 

found Sn at concentrations ranging from 5 – 315 mg/kg in surficial 

sediments collected from nearby sites (also within the marina complex in 

the southern Southport Broadwater), and by Gibbs (1993) who reported 1.9 

– 19.2 mg/kg Sn in Townsville Harbour, north Queensland. All remaining 

sample stations within the study area exhibited “near total” Sn 

concentrations that were less than 1 mg/kg. 

The use of organo-Sn compounds in anti-fouling paints is now banned by 

legislation in many countries, with biocidal paints now based largely on Cu 

and Zn (Huggett et al., 1992). As a consequence of the present use of Cu 

and Zn in such paints, relatively elevated concentrations of these metals 

were also recorded at sample stations 20 and 31 (Figure 2.4). For Cu, this 

ranged up to 2990 mg/kg, whilst Zn concentrations were as high as 595 

mg/kg. A comparison with median background values for Queensland 

estuarine sediments of 5 – 23 mg/kg Cu and 37 – 110 mg/kg Zn as 

presented by Moss and Costanzo (1998), suggest that sediment at sites 20 

and 31 are enriched with Cu and Zn. Additionally, Cu concentrations of 

70.8 and 61.7 mg/kg for the 0 – 10 and 10 – 20 cm depth intervals 

respectively were also found for site 25. This particular sample station was 

located adjacent to the washdown area of a commercial marina, suggesting 

that the elevated Cu levels may be due to inputs arising from boat 

repainting. Copper and Zn levels did not differ significantly between the 0 

to 10 cm and 10 to 20 cm depth intervals, which may reflect high levels of 

sediment resuspension in the commercial marina surrounding sites 20 and 

31. 
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Figure 2.3. Distribution of Sn in surficial sediments (0 – 10 cm and 10 – 20 cm depth 
intervals) of the Southport Broadwater and surrounds. 
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Figure 2.4. Distribution of Cu and Zn in surficial sediments (0 – 10 cm and 10 – 20 cm 
depth intervals) of the Southport Broadwater and surrounds. 
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Sedimentary Pb concentrations were also elevated at sites 20 and 31, 

presumably as a consequence of inputs arising via the repainting of boat 

hulls (Figure 2.5). In the 0 – 10 cm depth interval of site 31, for example, 

Pb was present at a concentration of 166 mg/kg which greatly exceeds the 

median background value for Queensland estuarine sediments of 5 – 13 

mg/kg (Moss and Costanzo, 1998). Inputs of Pb arising from boat 

repainting have been previously reported by Gibbs (1993) who found Pb in 

Townsville harbour, north Queensland at 40.1 – 811.4 mg/kg. It should be 

noted, however, that urban sources may also have contributed to enrichment 

of Pb at sites 20 and 31. 

Urban stormwater runoff, generally regarded as a diffuse source, can 

represent a significant contribution of a wide range of metals in heavily 

urbanised areas (Townsend, 1993; Makepeace et al., 1995; Birch et al., 

1996; Birch and Taylor, 1999).  According to Makepeace et al. (1995), 

trace metals of greatest concern in urban stormwater runoff are Pb, Cu, Zn, 

Cr and Cd. Important individual inputs of these metals to the stormwater 

load include wear of tyres and brake linings, corrosion of metallic products, 

wear of moving parts in engines, emissions from petrol-powered vehicles, 

and road surface material. Given the importance of automobile related 

sources, a correlation usually exists between trace metals in stormwater 

runoff and the intensity of vehicular traffic (Dannecker et al., 1990). 

Given the metal load in urban stormwater runoff, the association of urban 

sources and metal enrichment of sediments is well documented (USEPA, 

1997; Schueler, 1994). For example, Liebens (2001) reported that urban 

land use was strongly related to trace metal enrichment in sediments of 

road-side stormwater detention ponds. Liebens (2001) found that “traffic 

related metals (Cu, Pb, Zn)” in road-side pond sediments were present at 

concentrations up to 54 mg/kg Cu, 776 mg/kg Pb and 621 mg/kg Zn. The 

elevated Cu, Pb and Zn concentrations in the residential canals of the study 

area, as presented in Figures 2.4 and 2.5, are therefore attributed to inputs 

of metals from urban stormwater runoff. 
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Figure 2.5. Distribution of Pb in surficial sediments (0 – 10 cm and 10 – 20 cm depth 
intervals) of the Southport Broadwater and surrounds. 
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In addition to anthropogenic metal inputs from urban sources, tidal 

dispersal of fine sediment (for which trace metals have a high affinity) is a 

critical determinant of sediment contamination. Within the residential 

canals of the western Southport Broadwater, tidal flushing and pollutant 

dispersal can be expected to be weak, thus favouring trapping of 

contaminants within the canal systems. This is reflected in Figure 5, 

showing relatively high Pb concentrations (up to 99.5 mg/kg) in these 

canals, particularly at sample sites 1 and 5. These sites are both located at 

dead-end points in their respective canal systems, and receive stormwater 

runoff from highly urbanised catchments. 

Trace metal concentrations were generally fairly consistent between the 0 to 

10 cm and 10 to 20 cm depth intervals at a given sampling location. This 

suggests that trace metal inputs to the study area may have been relatively 

uniform over the depositional time period of the surface 20 cm layer of 

sediment. Alternatively, sediment mixing processes, such as bioturbation 

and resupension, may be responsible for the relatively uniform trace metal 

concentrations between the two depth intervals examined in this study. 

2.5.3      Comparison with Sediment Quality Guidelines 

ANZECC/ARMCANZ (2000) provide recommended sediment quality 

criteria for trace metals in the form of a low and high interim sediment 

quality guideline (ISQG) (Table 2.2). These published criteria correspond to 

the “ no observable effects” range - low and - median as presented by Long 

et al. (1995), and represent a statistical probability (10% or 50%) when 

tested against only one or two species (principally amphipods). As a 

consequence, there is considerable uncertainty with regard to the 

conservativeness of the guidelines.  

Comparison of the results of the present study with the 

ANZECC/ARMCANZ (2000) guidelines indicates that the sedimentary 

concentrations of Cd, Cr and Ni generally meet the low ISQG (Table 2.2). 

This comparison suggests that, in sediments of the study area, Cd, Cr and 
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Ni are highly unlikely to lead to adverse ecosystem effects. In contrast, 

several sites exhibit Pb concentrations exceeding the low ISQG value of 50 

mg/kg, probably as a consequence of the predominance of urban 

stormwater inputs in the study area. The widespread enrichment of 

sedimentary Pb in the study area is comparable with other urban-coastal 

settings. For example, Pb ranges between undetectable concentrations in the 

central Southport Broadwater to 166 mg/kg at sample site 31, which 

compares with 35 – 135 mg/kg in a Tolo Harbour (Hong Kong) (Owen and 

Sandhu, 2000), and 40.1 – 811.4 mg/kg in Townsville Harbour (north 

Queensland)(Gibbs, 1993).  

Although several of the sample sites exhibited Cu and Zn levels exceeding 

the median background values for Queensland estuarine sediments, site 31 

was the only sample location to exhibit concentrations of both these metals 

that exceeded the high ISQG. This suggests that metal contamination of 

sediments in the vicinity of site 31 may exert a substantial adverse impact 

on benthic biota and the associated aquatic ecosystem. 



 71 

 

Table 2.2 Major and trace metal concentrations (mg/kg) reported in this study, and as presented in the literature. 

  Al Ca Cd Cr Cu Fe Mn Ni Pb Sn Zn 

Mean 4070 3930 0.1 5.5 91.7 6260 26.5 4.4 27.7 1.57 42.5 

Median 2630 2630 <0.1 2.9 3.0 3130 17.6 3.7 17.0 0.13 17.4 

Maximum 19340 27330 0.8 34.2 2990 36980 149.6 23.5 166.0 29.89 595.8 

Southport 

Broadwater 

(this study) 

Minimum 246.0 0.80 <0.1 <0.1 <0.1 613.0 4.0 <0.1 <0.2 <0.05 1.4 

Low - - 1.5 80 65 - - 21 50 - 200 ANZECC / 

ARMCANZ 

Guidelines High - - 10 370 270 - - 52 220 - 410 

Reference 

median range 

(RMR) 

- - 
0.5 – 
1.5 

30 - 95 5 - 23 - - 5 - 23 5 - 13 - 37 - 110 

QLD estuarine 

sediments; < 

63 µm 

fraction (Moss 

and Costanzo, 

1998) 
RMR median - - 0.5 60 17 - - 10 5 - 65 
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Based on comparison with the ANZECC/ARMCANZ (2000) sediment 

quality guidelines, it can be concluded that Cu, Pb and Zn may represent a 

risk to the environmental quality of the surrounding aquatic systems. The 

ANZECC/ARMCANZ (2000) sediment quality guidelines do not present 

ISQG values for total Sn, rather the guidelines provide values for tributyl-

Sn. Total Sn was present at sites 20 (6.29 – 7.14 mg/kg Sn) and 31 (27.65 – 

29.89 mg/kg Sn) at concentrations which greatly exceeded all other sites (< 

1 mg/kg Sn). This indicates that further research is therefore required to 

understand the distribution of organo-Sn species at site 20 and 31, 

particularly given the relatively toxic nature of tributyltin  

2.5.4      Enrichment Indices 

Whilst sediment quality guidelines provide values that allow for 

quantification of sediment contamination, further comparisons are required 

to make an overall assessment of the degree of metal contamination in 

estuarine sediments. This is largely a consequence of the presence of an 

unknown background metal concentration in the sediment. Expressing 

metal concentrations as a geoaccumulation index (Igeo) relative to 

reference sites or pre-industrial sediments from the study area represents an 

approach that can overcome this problem.  

The index of geoaccumulation was originally defined by Muller (1979) as: 

n

n

B

C
Igeo

•
=

5.1
log 2  

where Cn denotes the measured sedimentary concentration for metal n, Bn 

represents the background value for the metal n and the factor 1.5 is used in 

order to account for possible variations of the background data due to 

lithological variations.  

Although, Igeo was originally devised for use with the global standard shale 

values as backgound metal levels, Rubio et al. (2000) have shown that the 
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use of regional background values yields more appropriate results. In this 

study, Igeo has been calculated using background values for median metal 

concentrations in Queensland estuarine sediments as presented by Moss and 

Costanzo (1998). The Igeo has not been calculated for Sn, as regional 

background values are not available. It should be noted that the values 

reported by Moss and Costanzo (1998) are based on the < 63 µm fraction, 

whereas the results reported in this study are for the whole sediment.  

The index of geoaccumulation consists of seven grades or classes, with 

Igeo of 6 indicating almost a 100-fold enrichment above background 

values. Figure 2.6 indicates that > 95 % of samples for the metals Cd, Cr 

and Ni, and > 90 % for Zn can be regarded as “unpolluted”. In contrast, 

only 83 % of samples for Cu are not enriched in comparison to the regional 

background value. The Igeo indicates that a substantial proportion (65 %) 

of samples exhibit sedimentary Pb concentrations that are greater than 

“unpolluted” levels. Expressing Igeo on the basis of the < 63 µm size 

fraction (assuming trace metals are entirely associated with fine particles), 

resulted in an increase in the proportion of samples that were classified as at 

least moderately polluted (i.e. Igeo > 0). This increase ranged from 9 to 14 

% for Zn, 15 to 24 % for Cu, 63 to 69 % for Pb and 6 to 14 % for Ni. The 

proportion of samples with Igeo > 0 did not increase for Cd after the 

abundance of  < 63 µm particles was taken into account. 
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Figure 2.6. Percentage of samples in Muller’s (1979) Igeo classes for each metal using background values for trace metals in Queensland estuarine 
sediments as presented by Moss and Costanzo (1998). 
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In general, the comparisons with the ANZECC/ARCANZ (2000) sediment 

quality guidelines made above agree with the inferences based on Igeo, and 

suggest that Cu and Pb behaviour at selected sites in the study area should 

be given further attention. 

2.5.5      Metal Distribution as Related to Natural Sediment Properties 

The spatial distribution of trace meal concentrations in sediments of the 

study area is likely to be, at least partly, related to natural sediment 

properties. It is well established that particle size and organic matter content 

are important controlling factors governing the abundance of trace metals. 

Fine textured sediments tend to have relatively high metal contents, in part 

due to the high specific surface area of the smaller particles. 

The natural occurrence of metals in the environment further complicates 

assessments of potentially contaminated sediments because concentrations 

in excess of relevant guideline values do not automatically infer 

anthropogenic enrichment. Several researchers have used a variety of 

normalisation techniques in attempts to account for natural mineralogical 

variations and to provide baseline relationships with which to assess trace 

metal contamination (Tam and Yao, 1998; Tuit et al., 2000). The most 

frequently employed normalisers include particle size, total organic C, and 

reference elements such Al, Fe, Cs, Rb and Li (Loring and Rantala, 1992). 

Some researchers circumvent the measurement of total metal and 

normalisation of concentrations as ratios to an element, by separating the 

finer particles for analysis. For example, the data presented by Moss and 

Costanzo (1998) for the levels of trace metals in Queensland rivers, 

estuaries and coastal waters are based on analysis of the < 63 µm fraction, 

rather than whole sediment samples. There is, however, no general 

consensus on procedures for separating finer particles (Forstner and 

Wittman, 1981; USEPA, 2001), and such procedures increase sample 

preparation time and the potential for contamination of the sample. 
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The use of reference elements as conservative tracers of natural metal-

bearing phases in fine textured sediment fractions requires several 

assumptions (Loring and Rantala, 1992): 

(1) The selected reference element must be linearly related to 

naturally occurring concentrations of the metal of interest; 

(2) The concentration of the selected element should have negligible 

anthropogenic inputs in comparison to background sedimentary 

concentrations; and 

(3) The reference element should not be substantially subject to 

geochemical processes such as reduction/oxidation, 

adsorption/desorption, and other diagenic processes that may alter 

sediment concentrations. 

Normalisation to Fe has been employed previously as a particle size proxy 

by several researchers (Tkalin et al., 1996; Tam and Yao, 1998; Macias-

Zamora et al., 1999). Iron is not a matrix element in most sediments, rather 

its oxyhydroxide minerals are associated with surfaces of alumino-silicates. 

In this regard, Fe geochemistry is similar to that of anthropogenically 

enriched metals, and therefore often correlates with the concentrations of 

other metals. A potential difficulty with using Fe is that, under certain 

circumstances this element can be mobile during diagenesis (Thamdrup et 

al., 1994). Furthermore, some urbanised estuarine areas may be 

anthropogenically enriched with Fe, which would violate the assumption 

that reference element concentrations should not be anthropogenically 

altered. 

Aluminium is a conservative element and is a major constituent of alumino-

silicate minerals, and has been used successfully as a reference element to 

assess trace metal enrichment by several workers (Carral et al., 1995; Tuit 

et al., 2000; Morrison et al., 2001). In addition, anthropogenic inputs are 

typically negligible in comparison to its natural abundance in sediments. 

Figure 2.7 shows that “near-total” Al is strongly related (r
2
 = 0.84) to the 
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abundance of fine particles (i.e. % Mud), which supports the use of Al as a 

reference element. Results from the present study show that Al is also 

significantly correlated with the trace metals of interest, and is more 

strongly related to the selected trace metals than both organic C and particle 

size (expressed as % mud)(Table 2.3). Furthermore, Al is more appropriate 

than simply using “% Mud” or analysing the < 63 µm size fraction, as 

natural trace metal levels in sediments are determined not only by texture, 

but fundamentally by the composition of minerals and secondary 

compounds. For these reasons, Al is used as a reference element in this 

study. 

Figure 2.8 illustrates that in general the distribution and abundance of most 

of the metals studied can be largely explained by their relationship with 

“near total” Al concentration. In particular, the observed variation in 

sedimentary Cr (r
2
 = 0.89), Fe (r

2
 = 0.88), Mn (r

2
 = 0.84), and Ni (r

2
 = 0.75) 

are very well explained by the concentration of Al. Similarly, the 

concentrations of Sn and Zn are also well explained by Al if samples from 

sites 20 and 31 for Sn, and site 31 for Zn are excluded from the regression 

analysis. This indicates that at these “hot-spot” sites, Sn and Zn 

concentrations are predominantly a function of anthropogenic sources, 

rather than sediment mineralogy. Similarly, the variability of Cu and Pb 

levels seems to be largely related to contaminant sources rather than 

mineralogy, as their respective distributions are poorly explained by the 

abundance of Al (Cu r
2
 = 0.34; Pb r

2
 = 0.25). 
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Figure 2.7. Relationship between the abundance of < 63 µµµµm particles and Al in 
surficial sediments of the Southport Broadwater and surrounds. 

 

Table 2.3. Comparison of Pearson’s correlation coefficient between potential 
reference normalisers and major and trace metals, and sediment properties (outliers 

removed). 

 n Al 
Organic 

C 
Fe % Mud 

Al 64 - 0.748 0.940 0.852 

Organic C 64 0.748 - 0.755 0.788 

Fe 64 0.940 0.755 - 0.902 

% Mud 64 0.852 0.788 0.902 - 

Ca 64 -0.332 -0.423 -0.287 -0.346 

Mn 64 0.916 0.653 0.971 0.851 

Zn 62 0.892 0.825 0.895 0.814 

Cu 62 0.611 0.500 0.524 0.518 

Pb 64 0.502 0.586 0.522 0.469 

Ni 64 0.868 0.736 0.919 0.775 

Cd 64 0.785 0.510 0.770 0.605 

Sn 64 0.719 0.740 0.744 0.724 

Cr 58 0.942 0.823 0.954 0.858 
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Figure 2.8. Relationship between Al (used here as a proxy for alumino-silicate clay 
minerals) and other metals in surficial sediments of the Southport Broadwater and 
surrounds. The linear relationship presented for Al versus Cu, Sn and Zn does not 

include the labelled outliers. Values for the coefficient of determination are presented 
in the text. 
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2.6     CONCLUSIONS 

The Southport Broadwater and surrounding residential canals does not 

appear to be enriched with Cd, Cr, or Ni, with the distribution of these 

metals being well explained by natural gradients in the abundance of 

alumino-silicate minerals. In contrast several of the sample sites exhibited 

Cu, Pb, Sn and Zn levels that may be of environmental concern.  

The elevated Cu, Pb and Zn levels observed in the residential canals are 

related to poor sediment flushing conditions, enclosed nature of the canal 

systems, and the accumulation of fine, organic rich sediments derived from 

urban stormwater runoff. Relatively high concentrations of Cu, Pb, Sn and 

Zn at marina sites in the southern Southport Broadwater are attributed to 

inputs from dry-dock facilities. Future research in this thesis focuses on 

locations in the residential canals and marina complex where elevated metal 

concentrations have been shown to exist. 

Although, “near total” trace metal concentrations in sediments provide a 

somewhat convenient measure of metal contamination, many studies have 

indicated that such measures do not predict the influence of such 

contaminants to the surrounding ecosystem. Quantifying the geochemical 

speciation of metals associated with sediments is an important step in 

predicting the mobility, bioavailability and toxicity of metals. In particular, 

elevated Sn levels associated with marina activities may reflect inputs of 

highly toxic TBT. In order to assess the long-term environmental impacts of 

contaminated sediments, it is therefore necessary to identify and quantify 

the geochemical forms and potential mobility of trace metals and TBT. This 

is addressed in Chapter 3 for the trace metals, Cu, Pb and Zn, and in 

Chapter 4 for TBT. 
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Chapter 3: In-Situ Partitioning of 

Copper, Lead and Zinc in Estuarine 

Sediments 

Selected aspects of the work presented in this chapter have been published 

as: 

Burton, E. D., Phillips, I. R. and Hawker, D. W. (2005) Geochemical 

Partitioning of Copper, Lead and Zinc in Benthic, Estuarine Sediment 

Profiles. Journal of Environmental Quality 34: 263 – 274. 
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3.1     ABSTRACT 

The geochemical partitioning of copper (Cu), lead (Pb) and zinc (Zn) was 

examined in benthic sediment profiles (0 – 20cm depth interval) composed 

of relatively coarse (65 to 90 % sand sized particles), non-cohesive, sub-

oxic material (Eh +120 to +260 mV). Total Cu, Pb and Zn concentrations 

ranged from 8.3 to 194 mg/kg, 16.3 to 74.8 mg/kg and 30.1 to 220 mg/kg 

respectively, and were related to vertical trends in sediment texture. The 

observed distribution coefficients describing solid-solution partitioning 

were in the range of 10
2
 to 10

4
 L/kg. The geochemical partitioning of solid-

phase Cu, Pb and Zn between six operationally-defined fractions was 

examined with a sequential extraction scheme. The association of Cu, Pb 

and Zn with amorphous oxides, crystalline oxides and organic matter was 

linearly dependent on the abundance of each respective phase. For retention 

by amorphous oxide minerals, the observed stoichiometry ranged from 5.2 

to 23.7 mgCu/gFe oxide as Fe for Cu, 12.8 to 21.5 mgPb/gFe oxide as Fe for Pb, and 

23.1 to 85.7 mgZn/gFe oxide as Fe for Zn. Corresponding values for association 

with crystalline oxides were an order of magnitude less than those for 

amorphous oxides, indicating a lesser affinity of trace metals for crystalline 

oxides. The stoichiometric relationships describing association with organic 

matter ranged from 17.6 to 54.0 mgCu/gorg C for Cu, 6.1 to 9.6 mgPb/gorg C for 

Pb and 6.4 to 16.4 mgZn/gorg C for Zn. The results from this study provide an 

insight into processes controlling trace metal partitioning in coarse-

textured, suboxic, estuarine sediments. 
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3.2     INTRODUCTION 

Municipal and industrial discharges, urban stormwater runoff and 

agricultural drainage can result in trace metals, nutrients, pesticides and 

organic wastes being transported into coastal waterways. In estuarine 

systems, contaminants are often rapidly removed from the water column via 

sorption processes. Given that trace metals are not subject to degradation 

processes, they tend to accumulate in benthic sediments (Bryan and 

Langston, 1992). However, trace metals are not necessarily fixed 

permanently to sediments, rather they may be remobilised via chemical, 

physical and biological processes (Salomons et al., 1987).  

It is becoming increasingly accepted that total trace metal concentrations in 

sediment may give insufficient information on mobility and availability, 

and therefore not allow a full assessment of the environmental impacts of 

metal-enriched sites (ANZECC/ARMCANZ, 2000). Knowledge of 

contaminant partitioning between sediment and pore-water, and exchange 

at the sediment-water interface allows a more complete description of 

environmental risk (Ryssen et al., 1999). Such partitioning is strongly 

influenced by association with various geochemical fractions (e.g. 

carbonate minerals, organic matter, sulfides or Fe oxides) and 

environmental processes acting upon the sediment (e.g. bioturbation, 

resuspension, burial, pH/Eh changes). 

Sequential extractions involve the selective extraction of trace metals from 

operationally defined sediment solid fractions (Tessier et al., 1979; Gleyzes 

et al., 2002). A sediment sample is subjected to a series of increasingly 

aggressive, phase specific reagents under certain conditions. Sequential 

extraction techniques are not without limitations and have been criticised 

by Nirel and Morel (1990). Of particular importance in this regard is the 

potential for reagents to be non-phase specific and for metal ions 

solubilized by a reagent to readsorb onto a different sediment phase. 
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Nevertheless, sequential extractions may still provide useful information on 

trace metal mobility and reactivity in a particular environmental context.  

Sequential extraction techniques have been applied to study the 

geochemical partitioning of trace metals in contaminated soils (Hickey and 

Kittrick, 1984; Basta and Gradwhol, 2000), riverine sediments (Pardo et al., 

1990; Jain, 2004) and estuarine sediments (Jones and Turki, 1997; Morillo 

et al., 2004). Geochemical partitioning results have also been used as an aid 

in predicting potential contaminant mobility and bioavailability (Phillips 

and Chapple, 1995; Kabala and Singh, 2001; Pueyo et al., 2003). It is clear 

that such information aids our understanding of trace metal behaviour in the 

environment, and is therefore of widespread interest. 

This study quantifies the solid/solution partitioning and geochemical 

fractionation of Cu, Pb and Zn in three benthic sediment profiles from 

south-east Queensland, Australia. The objective was to gain insight into the 

processes controlling trace metal partitioning in benthic sediments. 

3.3     METHODS 

3.3.1      Study area 

The general environmental setting comprises the Gold Coast Broadwater 

and surrounding residential canals, and is situated between approximately 

27° 48’00” S to 27° 58’ 48”S and 153° 24’ 00” E to 153° 25’ 12”E in 

south-east Queensland, Australia. The Broadwater is a shallow (< 6 m), 

semi-enclosed, coastal body of water, extending from the mouth of the 

Coomera River in the north to the mouth of the Nerang River in the South, 

with a mean tidal range of 1.5 m. As a result of the relatively shallow depth, 

tidal flows through the Seaway (the Broadwater’s single inlet to the Pacific 

Ocean) range from 10 to 40 ML (Moss and Cox, 1999). Freshwater inputs 

are of a far lesser magnitude than tidal inputs except following periods of 

heavy rain. Consequently, water in the Broadwater is oxic and typically of 
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marine quality, with occasional dilution with freshwater during periods of 

flood in the Coomera and Nerang Rivers.  

The study area can be regarded as a typical bar-built estuary, formed when 

off-shore barrier sand islands build above sea-level and form a chain 

between headlands broken by one or more inlets. As a result, the majority 

of the study area comprises deep, silicious sand accumulations derived from 

long-shore ocean currents. Land adjacent to the western shores of the 

Broadwater is also predominantly composed of silicious beach sands.  

Previous work has identified locations in this area where total sediment Cu, 

Pb and Zn concentrations exceed natural background levels as well as 

Australian sediment quality guideline trigger values (Chapter 2). This study 

characterises the geochemical partitioning of Cu, Pb and Zn in benthic 

sediment profiles at three previously identified sites of trace metal 

enrichment (termed PP, RB and SP; Figure 3.1). Sites PP and RB are 

located in residential canals and receive trace metals mainly from urban 

stormwater runoff. Site SP is located within a commercial marina and 

receives metal inputs from boat maintenance activities, the use of anti-

fouling paints and urban stormwater runoff. 
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Figure 3.1.  Location of sample sites where sediment profiles PP, RB and SP were 
collected. 
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3.3.2      Sampling and sample preparation 

Sediment cores were collected with a push-tube coring device (i.d. = 100 

mm), similar to that described by Doyle et al. (1995). This type of sampling 

device allows the collection of relatively undisturbed sediment profiles 

from both muddy and sandy substrates. Triplicate cores were collected from 

each of the three study sites. The cores were sealed at the bottom with a 

rubber bung, filled with water from the study site and sealed at the top with 

a layer of plastic. The cores were transported upright, in the dark, and on ice 

to the laboratory within 5 hours of collection. They were stored at 4°C until 

sectioned, within 24 hours, into 2 cm depth intervals to a total depth of 20 

cm. The triplicate depth segments were then homogenised under a flow of 

N2, and stored frozen under N2 until analysis. 

3.3.3      Sediment characterisation 

The pH and Eh of the saturated sediment samples was recorded with a 

Beckman Φ50 meter and appropriate electrode. The syringe technique 

described by Percival and Lindsay (1997) was used for the simultaneous 

determination of water content, bulk density and porosity. Subsamples of 

sediment were wet sieved through a 63 µm stainless steel sieve, in order to 

determine “% mud” on a mass basis (Loring and Rantala, 1992). A further 

separate subsample of the saturated sediments was used for determination 

of total organic C, according to the rapid dichromate oxidation technique 

described by Nelson and Sommers (1996). Amorphous and crystalline Fe 

oxyhydroxide mineral content was determined by analysis of Fe extracted 

in steps 3 and 4, respectively, of the geochemical fractionation technique 

described below. Oven dry samples (105°C, 24 hours) were digested with 

HNO3-H2O2-HCl according to USEPA method 3050B (USEPA, 1986) and 

analysed for total Cu, Pb and Zn concentrations.  

Sediment pore-water was extracted by centrifugation under N2 at 4000 g for 

30 minutes. Following centrifugation, pore-water was removed with a 
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syringe, filtered (0.45 µm), and acidified to pH < 2 with HNO3. It should be 

recognised that all pore-water collection and processing methods have been 

shown to alter pore-water chemistry (Schults et al., 1992; Bufflap and 

Allen, 1995; Sarda and Burton, 1995). However, in a comparison of 

methods for collecting pore-water, Schults et al. (1992) found that “the 

centrifuge method is the most accurate and precise for most chemicals”. 

The benthic profiles sampled in the present study were relatively sandy, 

only moderately reducing (see Results and Discussion section), and 

exhibited no qualitative evidence for significant sediment sulfide 

concentrations (e.g. H2S odour, black Fe(II) regions). Preliminary analysis 

of acid-volatile sulfide (AVS), performed as described by Simpson (2001), 

for the Site SP sediment profile revealed < 2 µmol/g AVS. Consequently, 

no further measurements of reduced S species were made during this study. 

3.3.4      Geochemical fractionation 

The technique developed by Tessier et al. (1979) is one of the most 

frequently employed sequential extraction schemes, and forms the basis for 

the metal fractionation scheme employed in this study (Table 3.1). To 

obtain a greater understanding of potential trace metal mobility, the original 

single extraction targeting Fe/Mn oxides as described by Tessier et al. 

(1979) was replaced with two separate extractions (Amacher, 1996). 

Amorphous Fe/Mn oxides were extracted with an acidic (pH 2) 

hydroxylamine hydrochloride solution. This was complemented by 

dissolution of crystalline Fe/Mn oxides with a more aggressive ammonium 

oxalate extraction. 
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Table 3.1 Sequential extraction procedure employed for the geochemical 
fractionation of Cu, Pb and Zn in benthic sediment. The procedure was applied to 

about 1 g (oven dry wt.) of fresh, wet sediment. 

Step Operationally 
defined 
fraction 

Reagents Vol. 
(mL) 

Temp. 

(°°°°C) 

Extraction 
Time 

1 “Exchangeable” unbuffered 1 M MgCl2 20 22 ± 5 Shaking for 

30 min. 

 

2 “Carbonates” 1 M NaOAc, adjusted to 

pH 5 with HOAc 

20 22 ± 5 Shaking for 6 

hr. 

 

3 “Amorphous 

oxides” 

0.25 M NH2OH.HCl, in 

0.25 M HCl 

40 50 ± 5 Extract for 

30 min 

(occasional 
manual 
shaking) 

 

4 “Crystalline 
oxides” 

0.2 M (NH4)2C2O4.H2O, 
0.25 M H2C2O4.H2O, 0.1 
M ascorbic acid 

40 100 
(boiling 
water 
bath) 

Extract for 
30 min 
(occasional 
manual 
shaking) 

 

0.02 M HNO3  

 

pH 2 (adjusted with 
HNO3), 30% H2O2 (v/v) 

 

6 

 

10 

 

 

85 ± 5 

2 hrs 
(occasional 
manual 
shaking) 

 

pH 2 (adjusted with 

HNO3) 30% H2O2 (v/v) 

 

6 85 ± 5 

 

3 hrs 

(occasional 

manual 
shaking) 

 

5 “Organic” 

3.2 M NH4OAc in 20% 
HNO3 (v/v) 

10 22 ± 5 Shaking for 
30 min 

 

6 “Residual” HNO3, H2O2, HCl (USEPA method 3050B; USEPA, 1986) 
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All extractions, except the final digestion, were conducted in 50 mL 

polypropylene centrifuge vials in order to minimise losses of solid material. 

Between each successive extraction, separation was achieved by 

centrifuging at 3000 g for 5 minutes. The supernatant was then removed 

with a pipette, filtered through a 0.45 µm filter, and stored for analysis. The 

residue was washed with 10 mL of 1 M MgCl2, centrifuged and the 

supernatant discarded. As a quality assurance measure, each sediment 

sample was subdivided and subjected to triplicate sequential extractions as 

well as total digestions in order to verify the repeatability of the method.  

3.3.5      Analysis 

Analysis of Cu, Fe, Pb and Zn was performed using a Varian SpectraAA 

20-Plus flame atomic absorption spectrometer (AAS) with an air/acetylene 

flame. Calibration for AAS analysis was achieved with prepared external 

standards via the standard curve approach. For metal analysis in each step 

of the sequential extraction, analytical standards were prepared in the 

corresponding extractant in order to minimise matrix effects. Standards for 

pore-water analysis were prepared in major-ion artificial seawater. Full 

calibration was performed after every set of ten samples, with resloping of 

the calibration curve performed after every set of five samples. The method 

detection limit (MDL) for metal analysis was defined as 3 times the 

standard deviation of 10 replicate blank measurements. Typical MDL’s 

were approximately 0.02 mg/L for Cu, 0.04 mg/L for Pb and 0.01 mg/L for 

Zn in artificial seawater. 

3.4     RESULTS AND DISCUSSION 

3.4.1      Sediment characteristics 

In general, the three profiles were composed of relatively coarse, non-

cohesive, dark brown material with no clear redox interface within the 

surficial 20 cm depth interval. Particle sizes in all profiles were relatively 

coarse, ranging from 12.6 to 35.2 % mud (< 63 µm) at site PP, 22.8 to 37.2 



 100 

% at site RB, and 10.8 to 27.1 % at site SP. The relative abundance of sand 

sized particles is expected, given that sediment accumulation in the general 

study area is due to the deposition of silicious sand derived from long-shore 

ocean currents.  

The organic C content at sites PP and RB was relatively high, ranging from 

1.6 to 5.8 % and 2.4 to 5.8 %, respectively. Organic C content was lower at 

site SP, with 3.3 % in the 0 to 2 cm depth interval, decreasing to 0.8 % 

lower in the profile. A notable feature of profiles PP and RB from the 

residential canals was the presence of coarse, recalcitrant organic material, 

derived from stormwater inputs of native vegetation.  

The pore-water pH was relatively constant for all profiles (pH 7.0 to 8.1). 

This is consistent with Berner (1981), who recorded hundreds of pH 

measurements in estuarine and marine sediments and never found pH 

values outside the range of pH 6 to 8. This pH range is also consistent with 

previous work in the study area (Chapter 2). 

Redox conditions can influence trace metal behaviour in benthic sediments 

either directly or indirectly through a change in the oxidation state of a 

ligand capable of complexing the metal. Changes in redox conditions can 

also cause the decomposition of mineral species (e.g. amorphous Fe-

oxyhydroxides or Fe-sulfides) that may sorb trace metals. The measured Eh 

values were similar for all three profiles, ranging from + 260 to + 120 mV 

at site PP, + 250 to + 130 mV at site RB, and + 240 to + 150 mV at site PP. 

According to Sposito (1989), Eh values in the range + 120 to + 414 mV 

indicate suboxic, moderately reducing conditions.  

Under the observed Eh conditions, the sediment redox status is primarily 

controlled by Mn and Fe redox reactions (Sposito, 1989). These elements 

exist as stable oxyhydroxide minerals in oxic sediment. However, at Eh less 

than approximately + 250 mV and + 100 mV reductive dissolution of Mn 

and Fe oxyhydroxide minerals, respectively, begins to occur (Patrick and 

Jugsujinda, 1992). At Eh values less than approximately –120 mV the 
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sediment is considered anoxic, and reduction of SO4
2-

 to H2S occurs 

(Bartlett, 1999). Given the measured Eh range (+120 to + 260 mV), sulfide 

accumulation is unlikely in the sediments examined in this study (see 

Appendix D for data relating Eh and reactive sulfide concentrations in 

sediments). This is supported by a lack of qualitative evidence for 

significant sediment sulfide concentrations, such as H2S odour and black 

Fe(II) regions.  

The sediment texture, organic C content, water content and porosity were 

significantly inter-related (P < 0.05) as assessed by correlation between 

properties. Correlation between several sediment properties probably 

reflects the importance of particulate deposition and sediment mixing rather 

than diagenetic processes (which are largely controlled by a redox gradient).  

3.4.2      Solid/pore-water partitioning of Cu, Pb and Zn 

The ranges observed in the present study for total metal concentrations are 

comparable to those observed previously at sites RB, PP, SP and nearby 

sites (Chapter 2). Total Cu concentrations ranged from 8.5 to 31.9 mg/kg at 

site PP, 8.3 to 35.8 mg/kg at site RB and 82.5 to 194 mg/kg at site SP 

(Figure 3.2). Background Cu concentrations in Queensland estuarine 

sediments (based on < 63 µm size fraction) are 5 to 23 mg/kg (Moss and 

Costanzo, 1998). The trigger level for sediment contamination as presented 

in the interim Australian sediment quality guidelines is 65 mg/kg Cu 

(ANZECC/ARMCANZ, 2000). The range of total concentrations indicates 

that Cu at sites PP and RB are only slightly above the background levels but 

are below the interim value presented by ANZECC/ARMCANZ (2000). 

Total Cu at the marina site SP greatly exceeds both the background values 

and the sediment quality guidelines. Highly elevated Cu concentrations at 

site SP can be attributed to inputs of Cu derived from activities performed 

within the commercial marina surrounding this site. Copper is employed as 

an active ingredient in anti-fouling paints for recreational and commercial 

vessels moored and maintained at site SP.  
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Figure 3.2. Total, pore-water (< 0.45 µµµµm) and observed distribution coefficient (KD, 

obs) values describing the solid/pore-water partitioning of Cu, Pb and Zn in benthic 

profiles from site PP (οοοο), site RB (∆∆∆∆) and site SP (□). 
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Total Pb concentrations were relatively similar for all three profiles, ranging 

from 16.3 to 62.1 mg/kg at site PP, 24.2 to 74.8 mg/kg at site RB and 24.5 

to 57.4 mg/kg at site SP (Figure 3.2). All total Pb concentrations were 

greater than the background Pb concentrations for sediments in Queensland 

estuaries (5 to 13 mg/kg; Moss and Costanzo, 1998). The sediment quality 

trigger value (50 mg/kg) is also exceeded in several depth intervals at all 

three sites. The elevated Pb concentrations are probably largely a 

consequence of Pb inputs from urban runoff (e.g. traffic-related sources). 

Total Zn concentrations ranged from 36.9 to 127 mg/kg for site PP, 30.1 to 

89.3 mg/kg for site RB, and 103 to 220 mg/kg for site SP (Figure 3.2). The 

values for site PP and RB are fairly consistent with background values for 

Queensland estuaries (37 to 110 mg/kg) and meet the sediment quality 

guideline of 200 mg/kg. The background range and sediment quality 

guideline is exceeded in some depth intervals at the marina site SP. This 

may be attributed to past inputs of Zn from vessel maintenance activities, as 

well as runoff from local metal-based manufacturing industries (such as 

galvanizing works, vehicle repair yards and paint/ink manufacturing). 

It is important to note that the background Cu, Pb and Zn concentrations 

quoted above reflect Cu, Pb and Zn concentrations in the < 63 µm size 

fraction of Queensland estuarine sediments (Moss and Costanzo, 1998). In 

contrast, the total values in this study are based on the whole sediment with 

only very coarse (> 2 mm) detritus removed. It is generally accepted that 

contaminants are likely to be almost entirely associated with particle sizes < 

63 µm (i.e. silt and clay sized particles, collectively defined as mud by 

Loring and Rantala, 1992) and that sand sized particles act to dilute metal 

contamination in sediments. In the three profiles examined in the present 

study, the < 63 µm size fraction generally comprises < 30 % of each profile. 

If the total Cu, Pb and Zn concentrations were corrected for the abundance 

of < 63 µm particles, then a relatively large proportion of depth intervals do 

indeed exceed the background values. This supports the assertion that 



 104 

sediment texture should be considered when assessing metal enrichment in 

sediments (Loring and Rantala, 1992). 

In the present study total Cu, Pb and Zn concentrations at each site were 

strongly related to sediment texture (r
2
 ranged from 0.83 to 0.95), as 

characterised by “% mud” (Figure 3.3). This suggests that the vertical 

profiles for total Cu, Pb and Zn shown in Figure 3.2 are largely a 

consequence of vertical trends in sediment texture. 

The interim Australian sediment quality guidelines provide a tiered, 

decision tree approach to sediment quality assessment 

(ANZECC/ARMCANZ, 2000). This approach takes into account the site-

specific nature of contaminant availability in sediments. The first step in the 

assessment process is comparison of total metal concentrations with the 

trigger value. Given that this trigger value is exceeded in some of the depth 

intervals examined in the present study, then other factors (e.g. pore-water 

concentrations, and availability as determined by partial or selective 

extraction), which may modify metal availability, should be considered.  
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Figure 3.3.  Dependence of total Cu, Pb and Zn on sediment texture at site PP (οοοο), site 

RB (∆∆∆∆) and site SP (□). The solid, long-dash and short dash lines are regression fits 
through the origin from site SP, RB and PP, respectively. 

 



 106 

Pore-water Cu concentrations ranged from 70 to 80 µg/L at canal sites PP 

and RB and up to 280 µg/L at the marina site SP (Figure 3.2). Pore-water 

Pb ranged from 400 to 600 µg/L at site PP and RB, and from undetectable 

to 400 µg/L for site SP (Figure 3.2).  Pore-water Zn was generally < 200 

µg/L, but with peak concentrations up to 800 µg/L in the 12 to 16 cm depth 

intervals at all three sites (Figure 3.2). These values are comparable with 

pore-water Cu (100 to 200 µg/L) and Zn (∼100 µg/L) in estuarine sediments 

as reported by Sullivan and Taylor (2003). The observed pore-water Cu, Pb 

and Zn concentrations are relatively high in comparison to the Australian 

marine water quality guideline trigger values for protection of 80 % of 

species (Cu 8 µg/L, Pb 12 µg/L and Zn 43 µg/L; ANZECC/ARMCANZ, 

2000).  

A common approach to derivation of sediment quality guidelines is to 

assume that the primary exposure route for benthic organisms is via pore-

water. In this approach sediment quality is assessed by comparing water 

quality guidelines, developed from toxicity testing of free-swimming 

organisms, against measured pore-water concentrations. It is clear that the 

measured pore-water Cu, Pb and Zn concentrations exceed the water quality 

guidelines for several depth intervals, thus suggesting that the sediment 

may represent a risk to benthic biota.  

In strongly anoxic sediments (Eh < - 120 mV), the production of sulfide via 

bacterial sulfate reduction would be expected to buffer pore-water metal 

concentrations to very low levels via precipitation-dissolution of 

monosulfide minerals. For example, Simpson et al. (2002) report low pore-

water concentrations of Cu, Pb and Zn (< 2.5 µg/L) for fine-textured, 

sulfidic sediment. Several researchers have also shown that the ratio of 

acid-volatile sulfide (AVS) to simultaneously extracted metals (SEM) 

largely dictates metal bioavailability and thus toxicity in anoxic sediment 

(Di Toro et al., 1990; Di Toro et al., 1992; Berry et al., 1996). The profiles 

examined in the present study exhibit Eh values well above the value where 
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sulfate reduction has been observed. As such, pore-water sulfide or AVS is 

unlikely to be an important binding phase for trace metals in the sediments 

discussed in this study. 

In sediments that do not contain significant pore-water sulfide or AVS, 

hydroxide or carbonate minerals may govern the maximum pore-water Cu, 

Pb and Zn concentrations. By assuming equilibrium conditions, it is 

possible to calculate the aqueous concentration of Cu, Pb and Zn in 

equilibrium with possible minerals derived from these metals and species 

such as hydroxide and carbonate that are present in oxic seawater. Possible 

minerals for Cu, Pb and Zn in a seawater matrix at pH 7 include the 

carbonates: Cu2(OH)2CO3 (malachite), Pb(OH)2:PbCO3 (hydrocerussite) 

and ZnCO3:H2O; and the hydroxides: Cu(OH)2, Pb(OH)2 and Zn(OH)2. The 

solubility in seawater of Cu, Pb and Zn in equilibrium with these carbonate 

and hydroxide minerals was modelled with the PHREEQC code (Parkhurst, 

1995) employing the MINTEQA2 database (Allison et al., 1992). The 

calculated aqueous equilibrium concentrations were 0.15 and 0.52 mg/L 

Cu, 1.23 and 0.09 mg/L Pb, and 13.8 and 33.2 mg/L Zn for the above 

carbonate and hydroxide minerals, respectively. In general, the measured 

pore-water Cu and Pb concentrations shown in Figure 3.2 are relatively 

consistent with mineral solubilities calculated by PHREEQC. This 

comparison provides tentative evidence that precipitation-dissolution 

reactions may be limiting the maximum pore-water Cu and Pb 

concentrations. It should be noted that further work is required to verify the 

notion that hydroxy-carbonate minerals are controlling Cu and Pb solubility 

in the profiles examined in the present study. The measured pore-water Zn 

concentrations were well below the calculated solubility reported above. 

This indicates that adsorption reactions are likely to be important for Zn 

behaviour in the observed sediment profiles. 

The partitioning of trace metals between solid and aqueous phases is often 

quantified by a distribution coefficient (KD). An estimate of the KD value 

can be made by: 
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KD, obs = CT/CPW 

where CT and CPW denote the total and pore-water metals concentrations, 

respectively; and KD, obs is an observed distribution coefficient. The KD, obs 

values for Cu, Pb and Zn partitioning in the present study range from 10
2
 to 

10
4
 L/kg (Figure 3.2). These values are within the range of KD reported in 

previous work on trace metal partitioning in sediments (Hassan et al., 

1996).  

The KD, obs values for some depth intervals for this study are, however, 

relatively low for pH 7 – 8 conditions. The presence of fine inorganic 

colloids (e.g. Fe and Mn oxyhydroxides) that pass through a 0.45 µm filter 

and dissolved organic material have been shown to substantially enhance 

dissolved metal concentrations via complexation reactions (Elderfield, 

1981). The relatively low KD, obs values for some depth intervals may reflect 

reduced sorption due to complexed pore-water metals. However, future 

aqueous speciation work is required to verify the relative importance of 

pore-water metal complexation. 

3.4.3      Geochemical fractionation 

Metal recovery for the sequential extraction technique 

The metal recovery of the sequential extraction analysis was assessed by 

comparison of the sum of fractions with total metal digestion 

concentrations for each sediment sample (Figure 3.4). This comparison 

reveals an excellent agreement between the total (as determined with the 

use of USEPA method 3050B; USEPA, 1986) and the sum of fractions for 

Cu, Pb and Zn sequential extraction analysis throughout the benthic 

profiles. This outcome suggests that the sequential extraction analysis 

allows a quantitative recovery of total Cu, Pb and Zn. At worst, then, the 

sequential extraction data simply reflect ease of extractability (which may 

be related to potential mobility and bioavailability), and at best provide a 

valuable insight into the geochemical mode of trace metal retention. 
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Figure  3.4. Comparison of Cu, Pb and Zn concentrations determined by total digest 
with that determined by the sum of the 6 sequentially extracted fractions. The dashed 

line represents a 1:1 relationship. 



 110 

“Exchangeable” fraction 

Undetectable or negligible amounts of Cu, Pb and Zn were extracted with 1 

M MgCl2 from all depth intervals of the profiles examined in this study. 

One (1) M MgCl2 extracts metals sorbed via outer-sphere, electrostatic 

interactions with negatively charged organic and inorganic colloids, as well 

as those weakly sorbed via specific adsorption and precipitation reactions 

(Tessier et al., 1979). This metal fraction is termed “exchangeable” because 

these sorbed metals readily exchange with other cations. Trace metals 

retained in soils and sediments via electrostatic attraction to negatively 

charged surfaces must compete with major cations for outer-sphere sorption 

sites. Given the relative abundance of Ca
2+

, Mg
2+

, Na
+
 and K

+ 
in seawater, 

it is not surprising that negligible proportions of Cu, Pb and Zn were found 

to be associated with the “exchangeable” fraction.  

Fujiyoshi et al. (1996) also found that Zn sorbed on marine sediment was 

not extractable with 1 M CH3COONH4, implying that sorption did not 

occur via a non-specific, outer-sphere, electrostatic mechanism. This 

contrasts with results for metal fractionation in freshwater sediments, where 

previous work has found that “exchangeable” metals are often not 

negligible (Jain, 2004). This reflects the importance of the ionic strength of 

the aqueous matrix, which in some freshwater systems allows aqueous trace 

metals to occupy cation exchange sites. Emmerson et al. (2001) have 

shown that metals sorbed to soil are released from exchange sites (via 

displacement by major seawater cations) when soil is mixed with seawater. 

This is consistent with work by Calmano et al. (1992), who showed that 

increased salinity enhanced desorption of trace metals from sediments. The 

present results are therefore consistent with previous work in sediment-

seawater systems indicating that non-specific sorption to negatively charged 

colloid surfaces is of little importance to trace metal retention in saline 

environments. 
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 “Carbonate” fraction 

 Trace metals recovered with the use of 1 M NaOAc adjusted to pH 5 are 

associated with the operationally-defined “carbonate” fraction (i.e. 

associated with carbonate minerals). However, Gleyzes et al. (2002) 

caution that metals extracted from soils or sediments with 1 M NaOAc 

adjusted to pH 5 may have also been specifically sorbed to low energy sites 

on the surfaces of clay minerals, organic matter and oxide minerals, as well 

as co-precipitated with carbonate minerals. Therefore, it is acknowledged 

that metals associated with the operationally-defined “carbonate” fraction 

may also be weakly sorbed to other non-carbonate phases.  

It is clear that metals recovered within the “carbonate” fraction, whether 

truly associated with carbonates or not, are not strongly bound to the 

sediment solids. Metals associated with this fraction are likely to be 

released to the sediment pore-water if acidic conditions (pH < 5) were to 

develop in the field.  

Turner and Olsen (2000) determined extractability of trace metals in 

contaminated estuarine sediments by chemical and enzymatic extractions. 

Of the chemical reagents that they examined, acetic acid best represented 

the fraction that was likely to be bioavailable to sediment ingesting biota. 

These researchers defined bioavailability based on pepsin extractability, 

which provides an indication of metal extraction by digestive fluids within 

the gut of sediment-ingesting biota. Trace metals extractable with 1 M 

NaOAc adjusted to pH 5 (with acetic acid) are therefore likely to be 

bioavailable to sediment ingesting, benthic organisms (Tessier and 

Campbell, 1987).  

In general, the “carbonate” fraction was of negligible importance to Cu 

retention (< 4 %; Figure 3.5), and of low to moderate importance to Pb (0 to 

62 %; Figure 3.6) and Zn (1 to 34 %; Figure 3.7) retention in the 3 profiles 

examined in this study. Whilst there was considerable variation between 

sites and depth intervals in terms of trace metal association with carbonate 
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minerals, the results reflect the overall trend of association with the 

“carbonate” phase as: 

Pb ≈ Zn >> Cu 

This trend between metals is consistent with work by Lopez-Sanchez et al. 

(1996), who studied metal partitioning in benthic sediments off the Spanish 

coast and found very little Cu in association with the “carbonate” fraction. 
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Figure 3.5.  Association of Cu with operationally defined geochemical fractions in 
sediment cores from sites PP, RB and SP. The error bars represent 1 standard 

deviation (n = 3) of the Cu concentration for the sum of the 6 fractions. 
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Figure 3.6.  Association of Pb with operationally defined geochemical fractions in 
sediment cores from sites PP, RB and SP. The error bars represent  1 standard 

deviation (n = 3) of the Pb concentration for the sum of the 6 fractions. 
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Figure 3.7.  Association of Zn with operationally defined geochemical fractions in 
sediment cores from sites PP, RB and SP. The error bars represent  1 standard 

deviation (n = 3) of the Zn concentration for the sum of the 6 fractions. 
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“Amorphous oxide” and “Crystalline oxide” fractions 

Oxyhydroxide (oxide) minerals, along with organic matter, have long been 

recognised as the predominant metal sorbents in aquatic systems. In 

comparison to carbonate minerals, amorphous oxide minerals have 

relatively large surface areas (oxides up to 300 m
2
/g, organic matter up to 

1900 m
2
/g, and carbonates usually < 1 m

2
/g) and surface site density that is 

3 to 4 orders of magnitude greater (Forstner and Wittmann, 1979; Benjamin 

and Leckie, 1981; Bilinski et al., 1991). 

The geochemical fractionation results from the present study are consistent 

with the high affinity of trace metals for amorphous oxide minerals. 

Association with amorphous oxide minerals (defined by extraction with 

0.25 M NH2OH.HCl, 0.25 M HCl [pH 2] for 30 minutes at 50°C) was 

highly important to Cu (Figure 3.5), Pb (Figure 3.6) and Zn (Figure 3.7) 

retention in all three profiles. Retention by amorphous oxide minerals 

followed the same general trend between individual trace metals as for 

carbonate minerals, with 8 to 58 % of Cu, 22 to 80 % of Pb and 32 to 89 % 

of Zn associated with amorphous oxides. 

In contrast to amorphous minerals, only 3 to 11 % of Cu, 0 to 31 % of Pb, 

and 3 to 15 % of Zn were associated with the operationally-defined 

“crystalline oxide” fraction. This probably reflects the much greater surface 

area of amorphous minerals in comparison to more crystalline material 

(Kampf et al., 2000). 

The observed trends in the association of Cu, Pb and Zn with amorphous 

and crystalline oxide minerals were moderately well explained by the 

abundance of amorphous and crystalline Fe oxides, respectively. The linear 

regression (through the origin) parameters describing these relationships are 

presented in Table 3.2, and provide information that aids in the explanation 

of the observed fractionation trends. In particular, the gradient of the 

regression lines (expressed as mgCu,Pb,Zn/gFe oxide as Fe) represents the 

stoichiometry of Cu, Pb and Zn interaction with the amorphous and 
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crystalline oxide fractions. This relationship provides a quantitative 

indication of the affinity of a given metal for the “amorphous oxide” or 

“crystalline oxide” fractions. For retention by amorphous oxide minerals, 

the observed stoichiometry ranged from 5.2 to 23.7 mgCu/gFe oxide as Fe for 

Cu, 12.8 to 21.5 mgPb/gFe oxide as Fe for Pb, and 23.1 to 85.7 mgZn/gFe oxide as Fe 

for Zn (Table 2). The corresponding values for retention by crystalline Fe 

oxides were in general an order of magnitude less than for amorphous 

minerals, ranging from 0.51 to 0.84 mgCu/gFe oxide as Fe for Cu, 0.49 to 1.06 

mgPb/gFe oxide as Fe for Pb, and 1.61 to 1.87 mgZn/gFe oxide as Fe for Zn. These 

data indicate that the lesser importance of the crystalline oxide fraction in 

comparison to the amorphous oxide fraction for Cu, Pb and Zn retention is 

not due to a lesser abundance of crystalline Fe oxides. Rather, the results 

indicate that the amorphous oxide minerals have a much greater 

stoichiometric affinity for Cu, Pb and Zn than do crystalline oxide minerals. 

In terms of the affinity of different metals for both amorphous and 

crystalline oxides (based on the stoichiometric affinity), the results indicate: 

Zn > Pb > Cu 

This is consistent with previous work showing that Zn is commonly found 

to exist in contaminated soils and sediments mainly in association with 

Fe/Mn oxides (Lopez-Sanchez et al., 1996). This may be at least partly 

attributable to the ability of Zn to substitute for Fe in the structure of oxide 

minerals (Stumm and Morgan, 1996).  
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Table 3.2. Stoichiometric relationship between amorphous Fe oxide content, crystalline Fe oxide content and organic C content (i.e. geochemical 
fraction abundance), and associated Cu, Pb and Zn as described by linear regression through the origin. 

“Amorphous Fe oxide – 
bound” 

“Crystalline Fe oxide – 
bound” 

“Organic matter – 
bound” 

 
regression 
gradient 

(mgCu,Pb,Zn/
goxide as Fe) 

r
2
 

regression 
gradient 

(mgCu,Pb,Zn/
goxide as Fe) 

r
2
 

regression 
gradient 

(mgCu,Pb,Zn/
gorg C) 

r
2
 

Cu    site PP 5.23 0.85 0.84 0.81 17.6 0.69 

site RB 5.81 0.95 0.51 0.83 14.7 0.93 

site SP 

 

23.7 0.94 0.59 0.95 54.0 0.68 

Pb    site PP 17.3 0.87 0.98 0.52 6.1 0.67 

site RB 21.5 0.90 1.06 0.93 8.1 0.90 

site SP 

 

12.8 0.95 0.49 0.40 9.6 0.85 

Zn    site PP 45.8 0.85 3.42 0.92 14.5 0.72 

site RB 23.1 0.98 1.61 0.97 6.4 0.94 

site SP 85.7 0.97 1.87 0.96 16.4 0.73 
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Metals associated with oxide minerals are likely to be released if these 

minerals were to dissolve. Reductive dissolution of the oxide mineral 

occurs at Eh less than approx. + 250 mV for Mn oxides and + 100 mV Fe 

oxides (Patrick and Jugsujinda, 1992). Given that measured Eh values 

ranged from + 120 to + 260 mV in the sediments examined in this study, it 

is clear that relatively small changes in Eh towards reducing conditions will 

cause reduction of Fe and Mn species. This will cause dissolution of Fe and 

Mn oxide minerals, thereby allowing release of associated Cu, Pb and Zn.  

“Organic” fraction 

The H2O2 extractable fraction is assumed to reflect trace metals strongly 

bound to sediment organic material. The results indicate that the organic 

fraction was very important for Cu retention, with 13 to 69 % associated 

with this fraction (Figure 3.5). In contrast, relatively low proportions of Pb 

(0.4 to 24 %; Figure 3.6) and Zn (2 to 13 %; Figure 3.7) were associated 

with organic matter in the profiles examined in this study. As with the 

oxide mineral fractions, the trends in association with the organic fraction 

were explained moderately well by the abundance of organic matter (Table 

3.2). The stoichiometric relationships describing trace metal retention by 

organic matter ranged from 17.6 to 54.0 mgCu/gorg C for Cu, 6.1 to 9.6 

mgPb/gorg C for Pb and 6.4 to 16.4 mgZn/gorg C for Zn. The affinity for 

retention by organic matter, based on these stoichiometric relationships 

(Table 3.2) as well as the proportions of total Cu associated with the 

“organic – bound” fraction (Figures 3.5, 3.6 and 3.7), followed the order: 

Cu >> Zn > Pb 

The tendency of Cu to be associated with the “oxidisable” fraction (which 

implies association with organic matter in the sediments examined in this 

study) has been reported in several previous studies (Pardo et al., 1990; 

Lopez-Sanchez et al., 1996; Galan et al., 2003). This is attributed to the 

greater stability of organo-Cu complexes when compared to Pb and Zn 

(Stumm and Morgan, 1996). 



 120 

“Residual” fraction  

The residual fraction represents metals occluded within the crystal structure 

of recalcitrant minerals. This fraction is not available to biological or 

diagenetic processes except over very long time-scales (Tessier et al., 

1979). It has been suggested that this fraction is most important for non-

contaminated sediments. In the present study, moderate proportions of Cu 

(10 to 35 %; Figure 3.5), low to moderate proportions of Pb (0 to 20 %; 

Figure 3.6), and low proportions of Zn (2 to 8 %; Figure 3.7) were 

associated with the residual fraction. In uncontaminated settings, the 

residual fraction is usually the most important geochemical phase for trace 

metal retention. The association between trace metals and the residual 

fraction of uncontaminated soils is so strong that metal association with 

non-residual fractions have been used as an indicator of anthropogenic 

enrichment (Arakel and Hongjun, 1992; Sutherland et al., 2000). The minor 

importance of the residual fraction in the present study supports work 

described in Chapter 2 which found that sediment from the sites examined 

in the present study were enriched with Cu, Pb and Zn in comparison to 

background levels and geochemical normalisation against Al.  

General geochemical fractionation trends 

Overall, the order of importance of the individual geochemical fractions 

was: 

Cu: Amorph. oxides ≈ organic matter > residual > cryst. Oxides >> carbonates > 

exchangeable 

Pb: Amorph. oxides > organic matter ≈ residual > cryst. Oxides > carbonates >> 

exchangeable 

Zn: Amorph. oxides >> carbonate > cryst. Oxides  ≈ residual > organic matter > 

exchangeable 

These findings suggest that the order of potential metal mobility in the 

examined sediment profiles was: 
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Zn > Pb > Cu 

This sequence is the reverse of the trend in hydrolysis constants for these 

metals, which are 10
-7.8

, 10
-8.0

 and 10
-9.0

 for Cu, Pb and Zn, respectively 

(Basta and Tabatabai, 1992). McBride (1989) has shown that chemisorption 

of trace metals to mineral and organic surfaces is related to the hydrolysis 

of metal cations in solution. Sorption studies also typically show that metal 

sorption affinity is strongly related to hydrolysis (Stumm and Morgan, 

1996). The estimated solubilities of Cu and Pb hydroxide minerals, as 

presented above, also reflect the importance of hydrolysis as an influence 

on metal behaviour in aquatic systems. Overall, the trend in potential 

mobility of Cu, Pb and Zn based on geochemical fractionation is in 

accordance with that expected on the basis of hydrolysis trends reported 

previously (McBride, 1989; Stumm and Morgan, 1996). 

3.5     CONCLUSIONS 

The observed correlation between total Cu, Pb and Zn concentrations and 

vertical profile trends in sediment texture suggests that the observed 

profiles of total Cu, Pb and Zn may largely reflect the deposition of metals 

bound to particulate material and subsequent sediment mixing processes. 

This is in contrast with to post-depositional cycling, which is often 

observed in benthic profiles where there is a strong redox gradient. 

The association of Cu, Pb and Zn with the operationally-defined amorphous 

oxide, crystalline oxide and organic fractions was linearly dependent on the 

abundance of each respective geochemical phase. The linear nature of this 

relationship suggests that the binding capacity of these phases for Cu, Pb 

and Zn was not exceeded. By quantifying this relationship it was possible to 

assess the stoichiometric affinity of each metal for a given fraction. This 

approach is useful because (1) it helps to explain the observed trends in the 

geochemical fractionation, and (2) it allows the differences between metal 

affinities for a given fraction to be quantified.  
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Subsequent work in this thesis will focus on quantifying metal partitioning 

in oxic, estuarine sediments under controlled, laboratory conditions 

(Chapter 5). It is anticipated that such work will assist in our understanding 

of the partitioning behaviour of trace metals in field situations.  
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Chapter 4: In-situ partitioning of 

tributyltin and its degradation products 

in estuarine sediments 

Selected aspects of the work presented in this chapter have been published 

as: 

Burton, E. D., Phillips, I. R. and Hawker, D. W. (2005) In-situ partitioning 

of butyltin species in estuarine sediments. Chemosphere 59: 585 - 592 
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4.1     ABSTRACT 

The in-situ solid/pore-water partitioning of tributyltin (TBT), dibutyltin 

(DBT) and monobutyltin (MBT) was determined for an estuarine sediment 

profile collected from a commercial marina. Total butyltin levels were 220 

to 8750 µg/kg for TBT, 150 to 5450 µg/kg for DBT and 130 to 4250 µg/kg 

for MBT. Pore-water butyltin concentrations ranged from 0.05 to 2.35 µg/L 

for TBT, 0.07 to 3.25 µg/L for DBT, and 0.05 to 0.53 µg/L for MBT. The 

partitioning of butyltin compounds between the sediment solid-phase and 

pore-water was described by an organic carbon normalised distribution ratio 

(DOC). The observed DOC values were similar for TBT, DBT and MBT, and 

were 10
5
 to 10

6
 L/kg. Values for the Butyltin Degradation Index (BDI) were 

larger than 1 at depths greater than 10 cm below the sediment/water-column 

interface. This indicates that substantial TBT degradation has occurred in 

the sediments, and suggests that natural attenuation may be a viable 

sediment remediation strategy. 
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4.2     INTRODUCTION 

Organotin compounds, including tributyltin (TBT), have been used as 

biocides in marine antifouling paints on commercial and military vessels, as 

well as small recreational watercraft (Hoch, 2001). This has lead to the 

release of TBT into aquatic systems from relatively diffuse sources (such as 

painted surfaces on recreational watercraft) and from intense point-sources 

(such as shipyards and hardstand areas within commercial harbours and 

marinas). 

The ecotoxicological effects of TBT in aquatic systems have been well 

documented, and include gastropod imposex, oyster malformation and 

mussel larvae mortality at very low concentrations (i.e. the low ng/L range) 

(Smith, 1996; Sole et al., 1998). Consequently, the use of TBT as a biocide 

in antifouling paints is being phased out, following a recommendation by 

the International Maritime Organisation (IMO, 2001). These restrictions 

have lead to declines in TBT concentrations in the water-column (Hoch, 

2001). Nevertheless, TBT concentrations in benthic sediments remain high 

in many areas. In commercial port, harbour and marina sediments, TBT has 

been detected at concentrations well into the mg/kg range (Stewart and de 

Mora, 1992; Diez et al., 2002).  

Tributyltin partitioning to sediment solid-phases and its degradation to less 

toxic species such as monobutyltin (MBT) and dibutyltin (DBT) are 

important fate processes at sites with relatively high sediment TBT levels 

(Batley, 1996; Fent, 1996; Hoch, 2001). However, despite the relatively 

large number of studies describing the spatial distribution of total sediment 

TBT, DBT and MBT (Ko et al., 1995; De Mora and Phillips, 1997; Saint-

Louise et al., 1997; Diez et al., 2002), relatively few studies have quantified 

the in-situ solid/pore-water partitioning behaviour. As a consequence, our 

understanding of TBT partitioning behaviour and our ability to predict TBT 

fate is relatively limited. 
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The objective of this study was to examine the in-situ solid/pore-water 

partitioning of TBT and its degradation products, DBT and MBT, in a 

heavily contaminated sediment profile collected from a commercial marina 

(this site was identified in Chapter 2). It is anticipated that quantification of 

partitioning and degradation behaviour will facilitate more accurate 

predictions of butyltin fate, which may aid in the selection of appropriate 

sediment remediation strategies. 

4.3     METHODS 

4.3.1      Sampling and sample preparation 

Triplicate sediment cores were collected from a commercial marina located 

in south-east Queensland, Australia (27.974°S, 153.404°E; shown as site 

SP in Figure 3.1, Chapter 3) with the use of a push-tube coring device 

(Doyle et al., 1995). The samples were collected from within a commercial 

marina, where previous work has revealed elevated total Sn levels (Chapter 

2) and very high sedimentary TBT concentrations (e.g. up to 60200 µg/kg 

TBT as Sn; Phillips, 2003). The cores were sealed at the bottom with a 

rubber bung, filled with water from the study site and sealed at the top with 

plastic. The cores were transported upright, in the dark, and on ice to the 

laboratory within 5 hours of collection. All cores were stored at 4°C until 

sectioned into 2 cm depth intervals to a total depth of 20 cm. The triplicate 

depth segments were then homogenised under a flow of N2, and stored 

frozen, under N2 until analysis. All sectioning and sediment preparation 

was completed within 24 hours of collection. 

Sediment pore-water was separated by centrifugation under N2 at 4000 g for 

30 minutes. Following centrifugation, pore-water was removed with a 

syringe, filtered (0.45 µm), and stored frozen in 50 mL volumetric flasks. 

These flasks were used as derivatisation/extraction reactors in the butyltin 

analysis described below. The volume of pore-water (approx. 30 to 50 mL) 

was determined by weighing the flasks (assuming a seawater density of 

1.02 g/mL).  
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4.3.2      Sediment Characterisation 

The pH and redox potential (Eh) of the saturated sediment samples was 

recorded with a Beckman Φ50 meter and appropriate electrode. The syringe 

technique described by Percival and Lindsay (1997) was used for the 

simultaneous determination of water content, bulk density and porosity. 

Subsamples of sediment were wet sieved through a 63 µm stainless steel 

sieve, in order to determine “% mud” on a mass basis (Loring and Rantala, 

1992). A further separate subsample of the saturated sediments was used 

for determination of total organic carbon, according to the rapid dichromate 

oxidation technique described by Nelson and Sommers (1996). 

4.3.3      Butyltin Analysis 

Extraction of sediment-bound TBT was performed in accordance with the 

method developed by Carlier-Pinasseau et al. (1997a; 1997b). A mass of 4 

g (dry wt. equivalent) was introduced into a 50 mL pyrex vial along with 20 

mL of glacial acetic acid. The tubes were shaken for 4 hrs, then the 

suspension centrifuged at 4000 g for 15 min. An aliquot of the supernatant 

(2 mL) was then withdrawn and added to a 50 mL volumetric flask, along 

with 5 mL of acetic acid/acetate buffer solution (5 M, pH 5). The contents 

of the flasks were then made up to 50 mL with deionised water. This 

solution was then derivatised, extracted and analysed by GC-MS-SIM, as 

described below for water samples. The reliability of the extraction method 

for total TBT, DBT and MBT compounds was verified with the use of the 

certified reference sediment PACS-2 from the National Research Council 

of Canada. The recovery of TBT and DBT were within the 95 % confidence 

interval of the certified value. The recovery of MBT was 78 ± 9 % of the 

certified value of 450 ± 50 µg/kg. 

TBT (and its degradation products DBT and MBT) in pore-water samples 

and sediment extracts were quantified by gas chromatography – mass 

spectrometry (GC-MS) subsequent to derivatisation using NaBEt4 and 

extraction with hexane as described by Arnold et al. (1998a). Tripropyltin 
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chloride (TPT) was used as an internal standard, and was added to 

derivatisation/extraction reactors (i.e. the 50 mL volumetric flasks used to 

store the pore-water and sediment extracts) at a concentration of 2 µg/L. 

For pore-water samples, the pH was adjusted to pH 5.0 by adding 1 mL of 

acetic acid/acetate buffer solution (5 M, pH 5) and the flask was shaken 

briefly. A volume of 150 µL of freshly prepared 1.5 % (w/v) NaBEt4 

aqueous solution was added and the flask again shaken briefly. The 

ethylated butyltins were then extracted into 0.5 mL of hexane by shaking 

for 2 hrs. The supernatant hexane phase was removed and analysed by GC-

MS. For some of the pore-water samples, a stable hexane-water emulsion 

formed. This was dispersed  by adding a drop of H2SO4. 

Analysis of organotin species was performed using an electron impact GC-

MS (Agilent 6890 Series GC System and Agilent 5973 Mass Selective 

Detector) in the selected ion monitoring mode (SIM) fitted with a DB-5 

capillary column (30 m x 250 µm internal diameter and 0.25 µm film 

thickness). Eight mass to charge ratios were monitored (233, 235, 247, 249, 

261, 263, 289, 291; dwell time = 100 msec) for ethylated MBT, DBT, TBT 

and TPT. The ion energy of the MS was 70 eV, the ion source temperature 

was 240°C and the interface was maintained at 280°C. The GC temperature 

program was as follows: 70°C (1 min), increased to 280°C at 10°C/min, 

then held at 280°C for 2 min. Samples (2 µL) were injected with a 30:1 

split ratio, and an injection temperature of 250°C. Peaks in the 

chromatograms were assigned to individual organotin species on the basis 

of retention times (MBT 7.72 min, TPT 8.63 min, DBT 9.89 min, TBT 

11.78 min), with quantification by integration of peak area. A typical ion 

chromatogram and calibration curve for butyltin analysis is presented in 

Appendix C. In the present paper, all organotin concentrations are reported 

as Sn. Sediment solid-phase butyltin concentrations are reported on a dry 

weight basis. 
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4.4     RESULTS AND DISCUSSION 

4.4.1      Sediment properties 

The sediment samples collected from all depth intervals examined in this 

study were relatively sandy, ranging from only 10.8 to 27.1% mud-sized 

material (i.e. < 63 µm) (Table 4.1). The pH (7.6 to 8.1) and Eh (+150 to 

+240 mV) values were relatively uniform throughout the 0 to 20 cm depth 

range examined, and reflect sub-oxic, moderately reducing redox conditions  

and pH values typical for marine sediment (Berner, 1981). The organic 

carbon content was relatively uniform throughout the profile being 

generally in the range of 0.8 to 1.7 %, except in the 0 to 2 cm depth interval 

where it was 3.3 % organic carbon.  
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Table 4.1. Selected properties of the sediment profile examined in this study. 

Depth 

Interval 
(cm) 

pH 

Redox 
Potential 

(mV) 

Mud Content 

(% < 63 µµµµm, 
w/w) 

Water 
Content 
(%, w/w) 

Organic 
carbon 
Content 

(%) 

0 – 2 7.6 240 27.1 29.5 3.3 

2 – 4 7.7 170 25.3 28.6 1.5 

4 – 6 7.8 150 18.7 28.1 1.3 

6 – 8 7.8 220 17.2 24.7 1.4 

8 – 10 7.9 200 13.5 23.8 1.7 

10 – 12 8.0 180 13.1 22.1 1.2 

12 – 14 8.0 210 16.8 22.4 0.8 

14 – 16 8.0 230 10.8 21.2 1.2 

16 – 18 8.1 190 14.7 20.6 1.2 

18 – 20 7.9 230 18.5 20.7 1.4 
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4.4.2      Total TBT, DBT and MBT 

Total TBT concentrations ranged from 220 µg/kg to 8750 µg/kg (Figure 

4.1). The Australian sediment quality guidelines for TBT are 5 µg/kg and 

70 µg/kg for low and high trigger values, respectively 

(ANZECC/ARMCANZ, 2000). The high trigger value is exceeded by a 

factor ranging from 3 to 125, indicating that the sediments may pose a 

threat to benthic biota.  

Relatively high TBT concentrations, comparable with those reported in this 

study, have been reported in several studies examining sediments from 

commercial harbours and marinas. For example, Dowson et al. (1993a) 

examined butyltin distribution in eight contaminated sediment cores from 

the United Kingdom and found concentrations up to approximately 6000 

µg/kg. Stewart and De Mora (1992) reported TBT levels up to 38000 µg/kg 

in Suva Harbour, Fiji. Diez et al. (2002) report TBT concentrations up to 

18700 µg/kg for Spanish harbours and marinas.  
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Figure 4.1. Pore-water and total TBT, DBT and MBT concentrations in the 
estuarine sediment profile examined in this study. 
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In the sediment profile examined in this study, total DBT and MBT ranged 

from 150 to 5450 µg/kg and 130 to 4250µg/kg, respectively (Figure 4.1). 

These MBT and DBT concentrations are consistent with the ranges 

observed in previous studies on sediments in commercial harbours and 

marinas. Diez et al. (2002) surveyed organotin compounds in sediments 

from the Western Mediterranean and found MBT in harbour sediments 

ranging from 86 to 1674 µg/kg and DBT ranging from 59 to 6860 µg/kg. 

Similarly, Amouroux et al. (2000) found MBT up to 4025 µg/kg and DBT 

up to 3980 µg/kg in sediments from Arcachon harbour in France.  

A noteworthy feature of the profile trends in total butyltin levels is the 

relatively low total TBT, DBT and MBT concentrations in the 0 to 6 cm 

depth interval (Figure 4.1). These relatively low levels (in comparison to 

higher concentrations at greater depth within the profile) may reflect 

reduced inputs of TBT to the sediment profile in recent years due to 

reduced use of TBT. Alternatively, low total TBT, DBT and MBT levels in 

surface sediments may be due to diffusional fluxes (i.e. losses from surface 

sediments) of butyltin species into the overlying water-column. 

4.4.3      Solid/pore-water partitioning 

Whilst numerous studies involve surveys of total sedimentary butyltin 

levels (Ko et al., 1995; De Mora and Phillips, 1997; Saint-Louise et al., 

1997; Diez et al., 2002), relatively few have examined pore-water butyltin 

concentrations. This is somewhat surprising as it is generally accepted that 

solid/pore-water partitioning behaviour is very important in regard to the 

toxicity and fate of contaminants in sediments. In the present study, pore-

water TBT ranged from 0.05 to 2.35 µg/L, DBT from 0.07 to 3.25 µg/L and 

MBT from 0.05 to 0.53 µg/L (Figure 4.1). The Australian marine water 

quality guideline trigger value for protection of 80 % of species (based on 

acute toxicity) is 0.05 µg/L TBT (ANZECC/ARMCANZ, 2000). It is 

important to note that this guideline trigger value may not protect key 

species from chronic effects. For example, gastropod imposex and oyster 
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malformation have been documented at TBT concentrations as low as a few 

ng/L (Fent, 1996). Clearly, the relatively high pore-water TBT 

concentrations observed in the sediment profile described in this study are 

likely to pose both an acute and chronic threat to sensitive benthic 

organisms.  

The vertical trends in pore-water butyltin species indicate increasing TBT, 

DBT and MBT concentrations with depth in the 0 to 6 cm depth interval 

(Figure 4.1). This trend indicates that relatively high pore-water butyltin 

concentrations (in comparison to lower butyltin levels which are likely to 

exist in the overlying water) have lead to the development of a 

concentration gradient within the 0 to 6 cm depth interval. This suggests 

that diffusional transport of TBT, DBT and MBT in the 0 to 6 cm depth 

interval may be contributing to butyltin release from the sediment-water 

interface. This is consistent with Stang and Seligman (1987) who 

performed in-situ mesocosm studies examining the sediment/water-column 

interface in Pearl Harbour, Hawaii, and observed diffusion-induced release 

of TBT to the overlying water-column. 

By considering the total and pore-water butyltin concentrations it is 

possible to quantify the solid/pore-water partitioning behaviour by: 

P

S
ObsD

C

C
K =.,  

where KD, Obs.  [L/kgdry] is an observed distribution coefficient describing 

the relationship between sorbed (CS; mg/kgdry) and pore-water (CP; mg/L) 

concentrations. In the present study, log KD, Obs values ranged from 1.99 to 

3.69 for TBT, 1.46 to 3.37 for DBT and 1.60 to 4.00 for MBT (Figure 4.2). 

This is comparable to work by Dowson et al. (1993b), who found that log 

KD, Obs. values for TBT, DBT and MBT partitioning in surface sediments 

ranged from 2.03 to 4.66. Berg et al. (2001) examined butyltin partitioning 

in a harbour sediment from a lake in Switzerland and report observed log 

KD, Obs of 4.13, 4.05 and 3.89 L/kg for TBT, DBT and MBT respectively. 
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Figure 4.2. Observed KD and DOC values for the solid/pore-water partitioning of 
TBT, DBT and MBT in the estuarine sediment profile examined in this study. 
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Berg et al. (2001) make the assertion that for sediments containing more 

than 0.5 % organic carbon, the retention of organotin species to mineral 

surfaces should be negligible as compared to sorption to organic matter. It 

is therefore appropriate to normalise the KD, Obs values against the organic 

carbon content within the sediment profiles of this work according to: 

OC

ObsD

OC
f

K
D

.,
=  

where fOC is the fractional sediment organic C content and DOC [L/kg] is the 

organic carbon normalised distribution ratio. The log DOC values for the 

present study were in the range 3.88 to 5.61 for TBT, 2.94 to 5.29 for DBT, 

and 3.08 to 5.93 for MBT (Figure 4.2). These values compare relatively 

well with Berg et al. (2001) who report log Doc values for TBT, DBT and 

MBT in a harbour sediment as 5.46, 5.37 and 5.11, respectively.  

The observed DOC values from the present study are relatively variable, 

ranging over 3 orders of magnitude. This high degree of variability in the 

observed DOC values may indicate that non-equilibrium, rather than 

equilibrium conditions, may be prevalent. Non-equilibrium solid/pore-

water partitioning caused by upward diffusion of butyltins from the > 6 cm 

depths towards the sediment-water interface may be especially important in 

the profile examined in this study. The relatively low total TBT, DBT and 

MBT levels in pore-water near the sediment-water interface, along with the 

increasing pore-water butyltin concentrations with increasing depth in the 0 

to 6 cm depth interval (Figure 4.1) suggest that the butyltins may be 

diffusing upwards from greater depth within the profile. In this scenario, the 

relatively low butyltin concentrations observed in pore-water in the 0 to 6 

cm depth interval may be attributed to diffusive losses of dissolved 

butyltins to the overlying water-column. If we assume that the observed 

DOC values reflect non-equilibrium conditions associated with this diffusive 

transport in the 0 to 6 cm depth interval, then the log DOC values for depths 
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greater than 6 cm below the sediment/water-column interface are indeed 

relatively uniform and range from approx. 5.0 to 6.0 (Figure 4.2). 

It is important to note that the DOC values reported here are simply 

empirical observations of in-situ partitioning and thus imply no particular 

sorption mechanism. For hydrophobic compounds (where hydrophobic 

partitioning to sediment organic matter is the main sorption mechanism), 

the measured DOC values can often be predicted based on established 

empirical octanol-water partition coefficient versus DOC relationships 

(Chiou et al., 1998; Sabljic et al., 1995). For butyltin compounds the 

situation is more complex, because they may exist as both cations (e.g. 

TBT
+
) and neutral species (e.g. TBTOH

0
 and TBTCl

0
) under estuarine 

conditions (Arnold et al., 1997; Chapter 6 in this thesis). According to Berg 

et al. (2001) the overall DOC value for any organotin compound is a 

function of the DOC values for individual species, which for TBT in 

seawater would be expressed by: 

 
0

0

0

0

TBTCl

OCTBTCl

TBTOH

OCTBTOH

TBT

OCTBTOC DDDD •+•+•=
+

+ ααα  

where α denotes the activity of the species shown in subscript, and the DOC 

superscript denotes the DOC for the TBT
+
, TBTOH

0
 or TBTCl

0
 species. 

Appropriate data is presently available to allow calculation of the α terms 

for TBT in this equation (Arnold et al., 1997). However, there is no data 

presently available that allows calculation of the DOC values for TBT of the 

individual charged and neutral species. There is also considerable 

uncertainty with regard to the importance of sorption of cationic butyltin 

species versus neutral species. Work by Arnold et al. (1998b) suggests that 

overall retention of butyltin compounds by humic acid was dominated by 

sorption of the cationic species. In this case, the above equation would 

simplify to: 

+

+ •=
TBT

OCTBTOC DD α  
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The results from the present study tentatively indicate that the log DOC
TBT+

 

value, and corresponding values for DBT and MBT, may be 5 to 6.  

4.4.4      TBT degradation 

The degradation of TBT in aquatic systems is thought to occur via step-

wise debutylation (Hoch, 2001): 

TBT → DBT → MBT → inorganic Sn 

There are no known local sources of DBT and MBT, other than degradation 

of TBT. The results therefore indicate that the degradation process has lead 

to total TBT levels ranging from 27 to 79 % of total butyltin levels (Figure 

4.3). This demonstrates that TBT degradation is important to TBT fate.  

The quantitative importance of TBT degradation can be assessed via 

calculation of a degradation index (Diez et al., 2002). The butyltin 

degradation index (BDI) is calculated by: 

][

][][

TBT

DBTMBT
BDI

+
=  

where [MBT], [DBT] and [TBT] refer to their total sediment 

concentrations. The calculated BDI values range from 0.27 to 2.72 (Figure 

4.3). 
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Figure 4.3. Relative abundance of TBT, DBT and MBT species as a function of 
depth in the estuarine sediment profile examined in this study 

.
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If the 2 to 6 cm depth intervals are ignored, the BDI values exhibited a 

consistent increase from 0.27 in the 0 to 2 cm depth interval to 2.09 in the 

18 to 20 cm depth interval (Figure 4.3). This suggests that the observed 

sediment profile may reflect a chronological depositional sequence with 

greatest TBT degradation evident in sediments of older age (i.e. deeper 

within the sediment profile). However, this is a tentative assessment 

because (1) it ignores the anomalous BDI values for the 2 to 6 cm depth 

interval, and (2) the differing desorption characteristics of TBT, DBT and 

MBT could also lead to similar profile trends given diffusional losses of 

butyltin from the sediment-water interface. 

Diez et al. (2002) have interpreted BDI < 1 as indicative of “recent” TBT 

contamination. However, unless quantitative information on the site-

specific rates of TBT degradation is available, it is impossible to determine 

exactly how “recent” the TBT contamination actually is. Nevertheless, the 

BDI values observed in the present study were > 1 for all depths except the 

0 to 2 cm and 6 to 10 cm depth intervals. The BDI was lowest at the 

sediment surface (0.27), thereby suggesting that the sediment may have 

received relatively recent TBT inputs. Relatively high (> 2) BDI values for 

the 2 to 6 cm depth intervals may simply reflect varying extents of 

degradation associated with the lower total TBT concentrations in the 0 to 6 

cm depth interval. 

Published studies examining butyltin degradation in sediment-water 

systems have most commonly involved analysis of intact sediment cores (as 

performed in this study), followed by regression modelling of the reduced 

abundance of TBT with increased depth (which is assumed to be entirely 

attributable to loss of TBT due to degradation). This approach is dependent 

on (1) accurate aging of the sediment profile, (2) reliable estimates of 

sedimentation rates, (3) an absence of vertical sediment mixing, and (4) 

negligible transport of pore-water butyltins within the profile. Although 

employing several questionable assumptions, such studies have indicated 

that TBT in sediment profiles has a half-life in the range of 1.3 to 8.7 years 
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(De Mora et al., 1995; Stewart and Thompson, 1997). The degradation half-

life corresponds to a BDI value of 1, indicating that “recent” TBT 

contamination is likely to refer to TBT inputs within the previous 1.3 to 8.7 

years. The BDI value of 0.27 in the 0 to 2 cm depth interval therefore 

indicates relatively recent inputs of TBT to the system. 

Comparison of the abundance of TBT and its degradation products, DBT 

and MBT, indicates that degradation can lead to reduced TBT levels. The 

degradation products, DBT and MBT are far less toxic, both from an acute 

and chronic exposure perspective, than is TBT (Fent, 1996). Degradation of 

TBT can therefore be viewed as a form of contaminated sediment 

remediation involving natural attenuation processes. For natural attenuation 

of TBT contaminated sediment to be a viable remediation strategy, 

continuing inputs of TBT must be reduced to a rate less than the 

degradation rate. Additionally, diffusional release of butyltin species across 

the sediment-water interface must be minimised through capping of 

contaminated sediment with “clean” material with strong TBT sorption 

properties. 

4.5     CONCLUSIONS 

The sediment profile examined in the present study was heavily 

contaminated with TBT, DBT and MBT. The magnitude of this 

contamination was consistent with sediment contamination observed in 

commercial harbours and marinas worldwide. The partitioning of butyltins 

into pore-water was described by an organic carbon normalised distribution 

ratio. These log DOC values were in order of 10
5
 to 10

6
 L/kg, and are 

relatively consistent with previous observations. There is considerable 

uncertainty with regard to estimation of the DOC value based on organic 

matter properties and pore-water composition. Future partitioning studies 

performed under controlled laboratory conditions are required to quantify 

the importance of individual butyltin sorption-desorption mechanisms. This 

is addressed in Chapters 6 and 7.  
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The degradation products, DBT and MBT, are less toxic than TBT. As 

such, in-situ degradation of TBT represents a major mechanism of 

contaminated sediment remediation via natural attenuation. The sediment 

profile examined in this study exhibited substantial DBT and MBT 

concentrations which indicate that natural attenuation is contributing to 

sediment remediation. The degradation of TBT was increasingly evident 

below the 10 cm sediment depth, where BDI values increased to 2.53 

(indicating that DBT + MBT was 2.53 times more abundant than the more 

toxic TBT). Whilst natural attenuation of TBT contamination with depth 

was evident in the sediment profile, the BDI value of 0.27 in the surface 0 

to 2 cm depth interval suggest that the sediment may have received 

relatively recent inputs of TBT. Natural attenuation may represent an 

effective management technique for TBT contaminated sediments. 
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Chapter 5: Factors controlling the 

geochemical partitioning of trace metals 

in estuarine sediments 

Selected aspects of the work presented in this chapter have been published 

as: 

Burton, E. D., Phillips, I. R. and Hawker, D. W. (Under Review). Factors 

controlling the geochemical partitioning of trace metals in estuarine 

sediments. Soil & Sediment Contamination 
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5.1     ABSTRACT 

The geochemical partitioning of trace metals in sediments is of great 

importance in risk assessment and remedial investigation. Selected factors 

that may control the partitioning behaviour of Cu, Pb and Zn in non-

sulfidic, estuarine sediments were examined with the use of combined 

sorption curve – sequential extraction analysis. This allowed determination 

of sorption parameters for Cu, Pb and Zn partitioning to individual 

geochemical fractions. Partitioning behaviour in sulfidic sediments was also 

determined by sequentially extracting Cu, Pb and Zn from synthetic sulfide 

minerals, and from natural sediment and pure quartz sand after spiking with 

acid-volatile sulfide (AVS). Trace metal sorption to the “carbonate” 

fraction (pH 5, NaOAc extraction) increased with metal loading due to 

saturation of sorption sites associated with the “Fe-oxide” (NH2OH.HCl 

extraction) and “organic” (H2O2 extraction) fractions in non-sulfidic 

sediments. Freundlich parameters describing sorption to the “Fe-oxide” and 

“organic” fractions were controlled by the sediment Fe-oxide and organic 

carbon content, respectively. Sequential extraction of Cu from pure CuS, 

AVS-spiked sediment and AVS-spiked quartz sand showed that AVS-

bound Cu was quantitatively recovered in association with the “organic” 

fraction. However, some AVS-bound Pb and Zn were recovered by the 

NH2OH.HCl step (which has been previously interpreted as “Fe-oxide” 

bound metals) in the sequential extraction procedure used in this study. 

This indicates that the sequential extraction of Pb and Zn in sulfidic 

sediments may lead to AVS-bound metals being mistaken as Fe-oxide 

bound species. Caution should therefore be exercised when interpreting 

sequential extraction results for Pb and Zn in anoxic sediments.  
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5.2     INTRODUCTION 

Trace metals, such as copper (Cu), lead (Pb) and zinc (Zn), are released into 

the environment from a wide range of sources and tend to accumulate in 

benthic sediments. Sediments are often considered as a sink for metal 

contaminants in aquatic systems. However, it is now recognised that 

contaminated sediments are also capable of acting as a trace metal source to 

the overlying water-column and to benthic biota (Chapman et al., 1998). 

Assessment of the environmental risk posed by contaminated sediments 

requires knowledge of trace metal partitioning between sediment pore-

water and various solid-phases (Ankley et al., 1996; Di Toro et al., 1991).  

Sediments are heterogeneous assemblages of various sorbent phases (such 

as organic matter as well as oxide, sulfide, carbonate and alumino-silicate 

minerals), whose relative abundance is controlled by pH, redox conditions 

and the depositional environment. Thus, the sediment matrix provides a 

variety of coexisting phases to which trace metals may sorb. The role of 

reactive sulfide species (e.g. FeS, ZnS; operationally defined as acid-

volatile sulfide; AVS) as a sorbent for trace metals in sediments has been 

studied intensively (Simpson et al., 2000a; Berry et al., 1996; Di Toro et 

al., 1991). However, in oxic/suboxic sediments (e.g. the sediment profiles 

described in Chapter 3), AVS is thermodynamically unstable and therefore 

plays little or no role in controlling trace metal partitioning, which may 

instead be governed by interactions with Fe-oxides and organic matter 

(Chapman et al., 1998). A major limitation to predicting metal partitioning 

behaviour in sediments is a lack of information on the sorptive properties of 

Fe-oxides and organic phases with regard to trace metals (Ankley et al., 

1996; Shea et al., 1988). 

Sorption curves, describing partitioning between pore-water and the solid-

phase, have been frequently used to quantify trace metal sorption to soils 

(Burton et al., 2003a; Phillips, 1999; McLaren et al., 1983), yet have not 

been widely used for benthic sediments. Mahony et al. (1996) quantified 
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sorption parameters describing Cu, Cd and Pb partitioning in benthic 

sediments. These researchers assumed that sediment organic matter was the 

main sorbent, and that all sorbed metal fractions therefore exhibited the 

same level of availability. However, this assumption is likely to be 

erroneous as trace metals may be sorbed by several phases with differing 

degrees of reactivity.  

Sequential extraction procedures, which employ a series of reagents to 

selectively extract metals associated with operationally-defined fractions, 

are a popular method for characterising the solid-phase partitioning of trace 

metals in soils and sediments (Morillo et al., 2004; Al-Chalabi and Hawker, 

1996; Phillips and Chapple, 1995). Salim et al. (1996) showed that it was 

possible to quantify the sorptive properties of individual geochemical 

fractions in a clay landfill liner by combining sorption curve 

characterisation with sequential extraction analysis. This general empirical 

approach has been subsequently applied to describe metal partitioning in 

soils (Howard and Sledzinski, 1996; Veeresh et al., 2003; Burton et al., 

2003b), suspended sediments (Turner et al., 2004) and aquatic surface 

coatings (Dong et al., 2003; Dong et al., 2000; Nelson et al., 1999). 

However, to our knowledge, this approach has not been previously used to 

describe trace metal partitioning in benthic sediments. 

Furthermore, despite the popular use of sequential extractions and the 

known importance of AVS as a trace metal binding phase under anoxic 

conditions, few studies have examined the effect of sedimentary AVS on 

sequential extraction results. Often, the H2O2 step of the commonly 

employed Tessier et al. (1979) sequential extraction procedure is reported 

to extract metals associated with “organic matter and/or sulfides” (Clark et 

al., 2000). However, it is uncertain whether AVS-bound trace metals are 

actually recovered in this H2O2 extraction. This uncertainty in the 

extractability of AVS-bound metals is a potential limitation to the 

application of combined sorption curve – sequential extraction analysis for 

describing trace metal partitioning in benthic sediments. 
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South-east Queensland is experiencing rapid population growth, and thus 

increasing inputs of trace metals to benthic sediments is likely due to urban 

and industrial sources. The research described in Chapter 3 employed 

sequential extraction analysis to quantify the in-situ partitioning of Cu, Pb 

and Zn in benthic sediments from this region, and found that metal 

retention by “Fe-oxide” and “organic” fractions was linearly dependent on 

the abundance of these sorbent phases. However, studies of in-situ 

partitioning (e.g. Chapter 3 for Cu, Pb and Zn; Chapter 4 for butyltin 

species) provide observational data only, and do not allow manipulation of 

important factors controlling the observed trends. Laboratory-based 

experimentation employing metal additions to a range of relatively pristine 

sediments, and to pure phases (such as quartz sand and AVS) allows a more 

systematic investigation of factors controlling the geochemical partitioning 

of trace metals. In particular, the effect of increased trace metal loadings on 

partitioning can be studied more readily using laboratory experiments, 

rather than observations of in-situ behaviour. Additional information on 

factors controlling trace metal sorption via precipitation reactions (as 

opposed to adsorption) can also be obtained more readily from experiments 

involving relatively inert quartz sand, when compared to partitioning in 

heterogeneous natural sediments.  

This Chapter examines the effect of trace metal loading, and sediment 

properties such as Fe-oxide, organic carbon and AVS content on the 

geochemical partitioning and extractability of Cu, Pb and Zn in metal-

spiked sediments using controlled laboratory experiments. The effect of 

selected factors controlling the partitioning behaviour of TBT is examined 

in Chapters 6 and 7. 

5.3     METHODS 

5.3.1      Sediment Sampling and Analysis 

Surface sediment samples (0 – 2 cm) were collected (using a plastic 

spatula) at low tide from 5 estuarine sites located in southern Moreton Bay, 
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south-east Queensland, Australia. The sampling sites were located just to 

the north of the Southport Broadwater, so as not to be affected by trace 

metal loadings from urban runoff. The sediment samples examined in this 

study were selected because they exhibited a comparatively broad range of 

general sediment properties (e.g. texture, organic carbon content, redox 

potential) and were relatively pristine with regard to trace metal 

contamination (see Results and Discussion section). Approximately 10 kg 

of surface sediment were collected from each site with the use of a clean 

plastic spatula. Samples were transported to the laboratory in 10 L plastic 

drums, and were processed within 4 hours of sample collection. 

Samples were passed through a 2 mm plastic sieve and homogenised by 

mixing with a plastic spatula. The pH measurements were made using a 

combination probe calibrated against pH 4 and pH 7 buffers. Redox 

measurements were made using a combination redox probe and reported 

versus the standard hydrogen electrode. Quinhydrone was used, according 

to the method of Patrick et al. (1996), to assess the performance of the Eh 

probe. These pH/Eh measurements were performed by inserting the probes 

into the sediment until a stable value was attained. The sediment AVS 

concentration was determined according to the method of Simpson (2001), 

which involves the direct reaction of Cline’s reagent with small amounts of 

sediment, followed by colorimetric determination of reactive sulfide. The 

pH, Eh and AVS concentration were determined within 8 hours of sample 

collection.  

The moisture content of the sediment samples was determined after drying 

at 105°C. Organic carbon content was determined by the rapid dichromate 

oxidation method (Nelson and Sommers, 1996). The < 63 µm size fraction 

was determined by sieving (Loring and Rantala, 1992). Total trace metal 

content was determined on ashed (450°C) sediment samples by digestion 

with HNO3-H2O2-HCl in accordance with USEPA method 3050B (USEPA, 

1986). Triplicate total metal analysis of a certified reference sediment 

(PACS-2 from the Institute for National Measurement Standards, National 
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Research Council of Canada) was employed as a quality assurance measure. 

The measured metal concentrations (mean ± standard deviation of triplicate 

analyses), with certified metal concentrations presented in parentheses, 

were 274 ± 18 mg/kg (310 ± 12 mg/kg) for Cu, 195 ± 5 mg/kg (183 ± 8 

mg/kg) for Pb and 326 ± 25 mg/kg (364 ± 23 mg/kg) for Zn.  

5.3.2      Partitioning experiments 

Sediment samples were sterilised by adding 100 mg of NaN3 to 300 g (wet 

wt.) of sediment (Wolf and Skipper, 1994). The samples were 

simultaneously spiked with Cu, Pb and Zn at the mass ratio of 1:1:2, 

respectively. This ratio was employed with the aim of being representative 

of observed metal ratios at field sites of sediment contamination in south-

east Queensland (Chapter 2 and 3; Clark et al., 2000; Clark et al., 1998; 

Arakel and Hongjun, 1992). Sediment spiking was performed by adding 60 

mL of a solution containing Cu, Pb and Zn to 300 g (wet wt.) of sediment, 

in accordance with recommendations by Simpson et al. (2004a). Loadings 

ranged from 150 to 1500 mg/kg (wet wt.) for Cu and Pb, and 300 to 3000 

mg/kg (wet wt) for Zn. On a sediment dry weight basis, the spiking 

procedure created artificially contaminated sediment containing 205 to 

3850 mg/kg Cu, 205 to 3850 mg/kg Pb and 410 to 7690 mg/kg Zn. These 

Cu, Pb and Zn levels encompass the range observed for moderately to 

heavily contaminated in-situ sediments described in Chapters 2 and 3 in this 

thesis and in previous work (Phillips, 2003; O’Day et al., 2000), and are 

consistent with previous studies examining trace metal behaviour in spiked 

sediments (Simpson et al., 2004a; Mahony et al., 1996; Di Toro et al., 

1992).  

The pH of the spiked sediment was adjusted to 7.5 ± 0.5 with the use of 

dilute NaOH. Pure quartz sand (purchased from River Sands Pty Ltd, 

Brisbane, Australia; water content adjusted to 25 % with artificial seawater) 

was also spiked with Cu, Pb and Zn and the pH adjusted to 7.5 ± 0.5 as 

described for the natural sediment samples. Quartz sand was used because 
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it is essentially inert in terms of trace metal adsorption, and thus allows an 

assessment of the extractability of Cu, Pb and Zn precipitates. The spiked 

sediment and pure quartz sand was homogenised by thorough mixing with a 

plastic spatula, and placed into 50 mL polypropylene centrifuge vials. Care 

was taken to ensure that the sediment completely filled the vials, with no 

bubbles or headspace when the tubes were capped. The spiked natural 

sediments and pure quartz sand were aged in the 50 mL vials at ambient 

temperature (17 – 25 °C) for 4 weeks.  

Additional experiments examining the effect of metal–sediment contact 

time and sediment AVS content were also performed with one selected 

sediment sample (hereafter denoted as sediment 4). This particular 

sediment was used because it exhibited general properties that 

approximated the average for the five sediment samples examined in the 

previously described experiment (see Results and Discussion). The effect of 

aging was examined by allowing sediment 4, spiked with 1000 mg/kg (wet 

wt.) Cu, 1000 mg/kg (wet wt.) Pb and 2000 mg/kg (wet wt.) Zn to age for 

3, 7, 14, 21, 28, 42, 56 and 70 days.  

To investigate the effect of AVS on trace metal partitioning, sulfide (800 

mM Na2S solution) was added at various concentrations (0, 20, 40, 60, 80 

and 100 µmol/g wet wt.) to sediment 4 and to pure quartz sand following 

spiking (as described above) with 1500 mg/kg (wet wt.) Cu, 1500 mg/kg 

(wet wt.) Pb and 3000 mg/kg (wet wt.) Zn. The sediment pH was then 

adjusted to pH 7.5 ± 0.5 with dilute HCl or NaOH. The metal- and AVS-

spiked sediment and quartz sand were allowed to age for 4 weeks. The 

addition of a sulfide solution to natural sediment in order to simulate 

natural AVS accumulation has been previously employed by Simpson et al. 

(2004b). 

Pore-water was extracted from the sediment samples by centrifuging the 

vials at 3000 rpm for 10 minutes. The displaced pore-water was removed 

using an acid-washed syringe, filtered (0.45 µm) and acidified to pH < 2 
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with HNO3. Pore-water was removed within 30 seconds of sample 

exposure to the atmosphere in order to minimise oxidation-induced changes 

in pore-water composition (Simpson and Batley, 2003). The pH and redox 

potential of the sediment sample was then measured, and the sample stored 

frozen under N2 until Cu, Pb and Zn fractionation analysis. 

5.3.3      Geochemical fractionation 

The technique developed by Tessier et al. (1979) forms the basis for the 

metal fractionation scheme employed in this study (Table 5.1). Previous 

work presented in Chapter 3 has shown that the original 1 M MgCl2 

extraction step (targeting the “exchangeable” fraction) extracts negligible 

proportions of trace metals from oxic to suboxic estuarine sediments, due to 

competition from the very high concentrations of background cations in 

seawater. Therefore, the 1 M MgCl2 extraction step from Tessier et al.’s 

(1979) original sequential extraction scheme was omitted, leaving 

fractionation into “carbonate”, “Fe-oxide” and “organic” fractions. 

The sequential extraction procedure was applied to approximately 1 g (oven 

dry wt. equivalent) of wet sediment sample (after pore-water removal). All 

extractions were conducted in 50 mL polypropylene centrifuge vials in 

order to minimise losses of solid material. Between each successive 

extraction, separation was achieved by centrifuging at 3000 g for 5 minutes. 

The supernatant was then removed with a pipette and stored for analysis. 

The residue was weighed (to determine the volume of entrained solution), 

washed with 10 mL of 1 M MgCl2, centrifuged and the supernatant 

discarded. As a quality assurance measure, sequential extraction analysis 

was performed in duplicate. 

Recovery with the sequential extraction procedure, in terms of the metal 

extracted from the three fractions expressed as a percentage of the spiked 

metal, was 77.6 to 104.5 % for Cu, 85.9 to 106.2 % for Pb and 86.3 to 

105.1 % for Zn. This indicates that the 3-step sequential extraction scheme 

provided a quantitative recovery of spiked Cu, Pb and Zn. Thus, the 
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digestion of sediment remaining after sequential extraction of metals 

associated with the “carbonate”, “Fe-oxide” and “organic” fractions, was 

not performed. 

 

 

Table 5.1 Sequential extraction procedure employed for the geochemical 
fractionation of Cu, Pb and Zn in sediment. 

Step Operationally 
defined 
fraction 

Reagents Vol. 
(mL) 

Temp. 

(°°°°C) 

Extraction 
Time 

1 “Carbonates” 1 M NaOAc, adjusted to 

pH 5 with HOAc 

20 22 ± 5 Shaking for 6 

hr. 

 

2 “Fe - oxides” 0.04 M NH2OH.HCl, in 
25 % HOAc 

40 90 ± 5 Extract for 6 
min 
(occasional 
manual 
shaking) 

 

0.02 M HNO3  

 

pH 2 (adjusted with 
HNO3), 30% H2O2 (v/v) 

 

6 

 

10 

 

 

85 ± 5 

2 hrs 
(occasional 
manual 
shaking) 

 

pH 2 (adjusted with 
HNO3) 30% H2O2 (v/v) 

 

6 85 ± 5 

 

3 hrs 
(occasional 
manual 
shaking) 

 

3 “Organic” 

3.2 M NH4OAc in 20% 
HNO3 (v/v) 

10 22 ± 5 Shaking for 
30 min 
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5.3.4      Synthetic Metal Sulfides 

Synthetic Cu, Pb and Zn sulfide minerals were prepared as described by 

Simpson et al. (2000b). This procedure involved spiking a Na2S solution 

under an inert atmosphere (high-purity, N2) into 50 mL polypropylene vials 

containing the respective metal chloride solution (5 mg as the metal in 

deoxygenated Milli-Q water). A 1:1 metal to sulfide molar ratio was 

employed. The metal sulfide phases were stored under N2 for 4 weeks 

before use. 

5.3.5      General Methods and Reagents 

All laboratory glass- and plastic ware was cleaned by soaking in 2 % (v/v) 

HNO3 for > 48 hours followed by rinsing with deionised water (Milli-Q). 

Milli-Q deionised water was used to prepare all solutions. All chemicals 

were analytical reagent grade or equivalent analytical purity. Artificial 

seawater was prepared as described by Eckberg and Hill (1996). Metal 

concentrations were measured by atomic absorption spectrometry (Varian 

SpectrAA 20-Plus) using external standards (prepared in the same matrix as 

the sample) via the standard curve approach. Calibration was performed 

after every tenth sample. 

Unless stated otherwise, metal concentrations are presented on a sediment 

dry weight basis. 

5.4     RESULTS AND DISCUSSION 

5.4.1      Sediment Properties 

The sediment samples ranged from relatively muddy (81.6 % < 63 µm for 

sediment 1) to relatively sandy (4.4 % < 63 µm for sediment 3) with 

sediment pH ranging from pH 6.95 to 7.32 and redox potential from + 5 to 

+ 240 mV (Table 5.2). The redox potentials of the samples indicate sub-

oxic conditions, but are too high for significant sulfate reduction (Bartlett, 
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1999). The lowest Eh value was observed for sediment 1 (+ 5 mV), which 

was also the only sample to contain a detectable AVS concentration (2.7 ± 

1.0 µmol/g; Table 5.2). Assuming a 1:1 metal to sulfide stoichiometry (and 

preferential binding of Cu over added Pb and Zn; Simpson et al., 2000a), 

this AVS concentration is capable of binding approx. 171 ± 63.5 mg/kg of 

added Cu. However, Simpson (2001) reports that in sediments where AVS 

concentrations are less than 2 µmol/g, the sulfide phases are likely to be 

coated with Fe-oxides minerals thereby reducing their ability to bind trace 

metals.  

The background trace metal levels ranged from 1.8 to 19.3 mg/kg for Cu, 

2.6 to 23.3 mg/kg for Pb and 4.6 to 45.4 mg/kg for Zn (Table 5.2). These 

metal concentrations are consistent with background levels reported in 

previous studies examining sediments from eastern Australia (Chapter 2; 

Appendix D; Moss and Costanzo, 1998). The background metal 

concentrations provide a relatively minor contribution to total metal loading 

in this study (0.7 to 7 % for Cu, 0.8 to 8 % for Pb and 0.7 to 7 % for Zn). 

Therefore, these low background trace metal concentrations were assumed 

to exert a negligible effect on the partitioning behaviour of added Cu, Pb 

and Zn. This assumption is supported by the good recoveries (77.6 to 106.2 

%) observed for the sequential extraction of spiked trace metals and 

previous work by Salim et al. (1996), Howard and Sledzinski et al, (1996) 

and Burton et al. (2003b). 
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Table 5.2.  Selected properties of unspiked sediment samples examined in this study. 

Sample 1 2 3 4 5 

pH 7.10 6.95 7.03 7.32 7.24 

Eh (mV) + 5 + 45 + 210 + 145 +240 

Water content (%, w/w) 61 31 27 30 34 

< 63 µm (%, w/w) 81.6 22.6 4.4 35.8 10.9 

organic C (%, w/w) 3.08 ± 0.14 0.52 ± 0.08 0.16 ± 0.05 0.75 ± 0.15 0.46 ± 0.09 

AVS (µmol/g) 2.7 ± 1 < 0.5 < 0.5 < 0.5 < 0.5 

Fe-oxide
A
 (g/kg as Fe) 8.8 ± 0.3  2.2 ± 0.3 0.78 ± 0.15 6.1 ± 0.2 3.5 ± 0.3 

Total Cu (mg/kg) 19.3 ± 2.1 5.1 ± 2.3 1.8 ± 1.4 6.5 ± 2.4 15.7 ± 4.3 

Total Pb (mg/kg) 23.3 ± 3.3 6.3 ± 2.4 2.6 ± 1.2 10.9 ± 2.9 17.6 ± 3.8 

Total Zn (mg/kg) 45.4 ± 6.7 10.7 ± 3.2 4.6 ± 2.2 21.1 ± 3.7 27.2 ± 2.1 

A
Fe recovered during the “Fe-oxide” step of the sequential extraction procedure described in Table 5.1. 
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5.4.2      Effect of contact time on partitioning 

Relatively constant pore-water metal concentrations were attained in 

approximately 10 days for Pb and Zn, and 30 days for Cu following spiking 

sediment 4 with 1430 mg/kg Cu, 1430 mg/kg Pb and 2860 mg/kg Zn 

(Figure 5.1). These data compare favourably with Simpson et al. (2004a) 

who found that metals spiked into oxic/sub-oxic sediment appeared to 

achieve near steady-state conditions within 10 – 15 days for Cu and 20 – 40 

days for Zn.  

A relatively large proportion (about 50 %) of sorbed Cu was associated 

with the “carbonate” fraction after 3 days aging. During the 30 days 

following spiking, there was a gradual redistribution of this sorbed Cu from 

the “carbonate” fraction to the “organic” fraction (Figure 5.1). Lead and Zn 

also exhibited redistribution from the “carbonate” to “organic” fractions.  

The redistribution of sorbed metals due to aging is consistent with Lu et al. 

(In Press). These researchers found that that sorbed Cu, Pb and Zn slowly 

redistributed from the “exchangeable” fraction (1 M MgCl2 extractable) to 

the “organic” fraction (H2O2 extractable) over an 8 week period. The results 

of the present study are also consistent with Fendorf et al. (2004) who 

found decreases in exchangeable (MgSO4 extractable) As, Cr and Pb in 

spiked soil that had been aged for 60 days. Lu et al. (In Press) attribute 

relatively slow solid-phase redistribution, as observed in the present study, 

to diffusion of trace metals to interior sorption sites in organic and mineral 

substrates.  
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Figure 5.1.  Changes in pore-water concentrations and solid-phase fractionation 
(“carbonate” bound; “Fe oxide” bound; “organic” bound) with time in sediment 4 
spiked with Cu (1430 mg/kg), Pb (1430 mg/kg) and Zn (2860 mg/kg). Data points 

represent the mean ±±±± standard deviation of duplicate experiments. The dashed lines 
show the general trend of the data. 
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The results from the present study indicate that it is essential to allow an 

adequate aging period following trace metal spiking to sediments. Invalid 

conclusions may be derived in studies of partitioning behaviour (or 

sediment toxicity testing) if the relatively slow solid-phase redistribution of 

spiked metals is ignored. A sediment-metal aging period of 28 days was 

employed in the subsequent experiments described in this study, in order to 

allow for these redistribution processes.  

5.4.3      Effect of metal additions on general sediment properties 

Increasing levels of Cu, Pb and Zn additions to the 5 sediments examined 

here had negligible effect on sediment pH, except for a decrease of 

approximately 1 pH unit in association with the highest level of metal 

addition (Figure 5.2). Simpson et al. (2000a) also found decreasing 

sediment pH with increasing trace metal additions up to 4000 mg/kg. This 

decrease in pH may be attributed to (1) hydrolysis of added metals, (2) 

competitive displacement of protons from organic and mineral sorption 

sites during metal sorption, and (3) oxidative hydrolysis of displaced Fe
2+

.  
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Figure 5.2. Effect of Cu, Pb and Zn addition (mass ratio 1:1:2) on sediment pH and 
Eh after aging for 4 weeks. 
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Metal spiking also caused an increase in redox potential in comparison to 

redox values observed for the un-spiked sediment (Figure 5.2). Simpson et 

al. (2000a) also reports that metal additions disrupt sediment redox 

conditions, via complexation of dissolved sulfide and interference with 

iron-sediment-water interactions. Given the negligible (or very low) AVS 

concentrations in the sediments examined in this study, complexation of 

reactive sulfide by added Cu, Pb and Zn is unlikely to have contributed to 

increased Eh. Therefore, the main process responsible for increased Eh with 

increasing metal load is probably the oxidative hydrolysis of displaced Fe
2+

 

producing amorphous Fe(OH)3. Using thermodynamic constants found in 

Langmuir (1997), the stability fields for amorphous Fe(OH)3 and Fe
2+

 were 

calculated and are presented in Figure 5.3. This indicates that the majority 

of data points for metal-spiked sediment in this work exhibited Eh and pH 

values that were within the stability field of amorphous Fe(OH)3, or very 

close to the Fe(OH)3 / Fe
2+

 boundary.  

Reduction of SO4
-2

 in anoxic sediments may lead to the formation of 

amorphous FeS: 

Fe
2+

 + SO4
2-

 + 8H
+
 + 8e

-
 → FeS + 4H2O 

The stability field for amorphous FeS shows that this phase is not 

thermodynamically stable under the pH/Eh conditions observed in the 

present study (Figure 5.3). This is consistent with the observation that 

levels of AVS (i.e. mostly amorphous FeS) were undetectable or negligible 

in the five sediments examined here. 
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Figure 5.3.  Eh-pH diagram for the Fe-O2-S-H2O system at 25°°°°C, showing Eh-pH 
results (for all sediments employed in this study) following metal-spiking and aging 

for 4 weeks.  The symbol size represents the pore-water Fe concentration, and varies 
linearly from the 57 mg/L (largest symbol) to 0.32 mg/L (smallest symbol). The 

theoretical stability fields for amorphous Fe(OH)3, Fe
2+

 and amorphous FeS were 
calculated from data presented in Langmuir (1997). 

 

5.4.4      Solid/pore-water partitioning 

The relationship between pore-water (CA) and total sorbed (CS) trace metal 

concentrations was statistically fit to the Linear, Freundlich and Langmuir 

equations. The Freundlich equation generally provided the best fit (as 

described by r
2
 values) to the trace metal partitioning results. This equation 

was therefore employed in the present study, with the solid/pore-water 

partitioning data fit to the Freundlich equation: 

n

AFS CKC =  

where KF [L/kg] is a measure of the relative sorption intensity, and n is an 

empirical parameter. However, the highest level of metal addition was not 

used for fitting to this equation because of the decreased sediment pH 

values observed (Figure 5.2). The Freundlich equation provided a good fit 

(r
2
 > 0.85) to the Cu, Pb and Zn partitioning data for sediments 1, 4 and 5 
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(Table 5.3). However, for sediments 2 and 3 this equation generally 

provided fits that did not adequately describe the partitioning behaviour.  

The KF values for sorption to the bulk sediment were strongly correlated (r 

= 0.99) with the sediment organic carbon content for Cu, moderately 

correlated (r = 0.68) for Pb, but not significantly (P > 0.05) correlated for 

Zn. These results suggest that organic matter may be the principal sorbent 

for Cu and a moderately important sorbent for Pb, but relatively 

unimportant for Zn sorption.  

The magnitude of the bulk sediment KF values indicates that Pb was 

generally sorbed to a greater extent than both Cu and Zn (Table 5.3). 

Whether Cu or Zn was preferentially sorbed (as described by the KF values) 

was dependent on the organic carbon content of the particular sediment 

sample. For example, the KF value for Cu sorption (1570 L/kg) was greater 

than that for Zn (578 L/kg) in sediment 1, which was relatively abundant in 

organic matter (3.08 % organic carbon). In contrast, for sediment 5 

(containing only 0.46 % organic carbon) the KF value for Zn sorption (1079 

L/kg) exceeded the corresponding value for Cu sorption (1.17 L/kg). These 

comparisons suggest that Cu sorption may be controlled by the sediment 

organic carbon content, and indicate that Cu is likely to be sorbed 

preferentially over Zn in sediments rich in organic matter. In other work, 

Fontes and Gomes (2003) found that removal of soil organic matter caused 

a substantial reduction in the preferential sorption of Cu over Zn.  
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Table 5.3.  Freundlich sorption parameters for Cu, Pb and Zn partitioning to the 
bulk sediment and to three operationally-defined fractions. 

 
Copper Lead Zinc 

 KF 

(L/kg) n r
2 

KF 

(L/kg) n r
2 

KF 

(L/kg) n r
2 

 
Sediment 1 

Bulk 1570 0.44 0.85 2760 0.30 0.99 578 0.73 0.97 

“Carbonate” 206 1.20 0.68 1940 0.45 0.99 283 0.86 0.98 

“Fe-oxide” 24.6 0.59 0.79 353 0.17 0.84 142 0.47 0.97 

“Organic” 1310 0.39 0.85 414 0.068 0.53 104 0.68 0.77 

 
Sediment 2 

Bulk * * * 746 0.56 0.88 49.3 1.18 0.66 
“Carbonate” * * * 541 0.67 0.87 39.5 1.17 0.69 
“Fe-oxide” * * * 69.6 0.35 0.88 8.33 0.91 0.67 
“Organic” * * * 131 0.20 0.53 * * * 

 
Sediment 3 

Bulk * * * 126 1.85 0.59 * * * 
“Carbonate” * * * 95.8 1.88 0.62 * * * 
“Fe-oxide” * * * 9.02 1.64 0.74 * * * 
“Organic” * * * 16.3 1.99 0.390 * * * 

 
Sediment 4 

Bulk 405 0.47 0.99 1330 0.49 0.99 454 0.98 0.92 
“Carbonate” 57.7 0.88 0.95 973 0.53 0.99 295 1.01 0.92 
“Fe-oxide” 6.7 0.83 0.94 136 0.30 0.91 83.2 0.61 0.96 
“Organic” 321 0.38 0.99 222 0.46 0.97 51.6 1.24 0.80 

 
Sediment 5 

Bulk 1.17 4.45 0.91 2500 0.63 0.96 1079 0.84 0.99 

“Carbonate” 0.021 5.13 0.90 1630 0.73 0.96 626 0.99 0.98 

“Fe-oxide” 0.125 3.66 0.94 496 0.58 0.94 245 0.530 0.98 
“Organic” 0.529 2.38 0.89 544 0.63 0.96 140 0.91 0.96 

*Not significant (P > 0.05). 
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The higher KF values for Pb sorption compared to Cu and Zn are consistent 

with the trend in the magnitude of the Misono softness parameter, which 

follows the order Pb > Cu > Zn (Sposito, 1989). McBride (1989) notes, that 

for chemisorption of trace metals in soils, the preferential sorption of a 

given metal to a given sorbent can be largely explained by the hard-soft 

Lewis acid-base concept. According to this concept, hard Lewis acids tend 

to form mostly ionic complexes with ligands that are hard bases. 

Conversely, soft Lewis acids form mostly covalent complexes with ligands 

that are soft bases. The Lewis bases present on mineral surfaces in oxic 

sediments are generally limited to –OH groups, which are considered to be 

hard bases. In contrast, the functional groups in sediment organic matter 

include carboxyls, phenols, amines and sulfur containing groups, which are 

soft bases. Given that Cu is relatively soft compared to Zn, preferential 

sorption of Cu in sediments rich in organic matter (which contain abundant 

relatively soft bases) is to be expected based on the hard-soft Lewis acid-

base concept. 

Trace metal sorption in sediments can involve 2-dimensional adsorption 

processes or 3-dimension precipitation processes. The importance of 

precipitation in controlling pore-water trace metal concentrations was 

assessed with the use of the geochemical modelling program PHREEQC 

(Parkhurst, 1995). The calculated solubility of hydroxide and carbonate 

minerals of Pb (i.e. Pb(OH)2 and Pb3(CO3)2(OH)2) and Zn (i.e. Zn(OH)2 

and ZnCO3.H2O) in a seawater matrix generally indicated that observed 

pore-water Pb and Zn concentrations represent under-saturation with 

respect to these mineral phases (Figure 5.4). This suggests that interactions 

with mineral and organic surface sites, rather than homogeneous 

precipitation, dominated Pb and Zn sorption under the conditions employed 

in this study. 



 176 

 

0.01

0.1

1

10

100

1000
C

u
 (

m
g

/L
)

0.01

0.1

1

10

100

P
b

 (
m

g
/L

)

Sediment 1

Sediment 2

Sediment 3

Sediment 4

Sediment 5

6 6.5 7 7.5 8 8.5

Porewater pH

0.1

1

10

100

1000

10000

Z
n

 (
m

g
/L

)

 

Figure 5.4. Pore-water Cu, Pb and Zn as a function of sediment pH. The solid lines 
represent the modelled solubility of simple hydroxide minerals (Cu(OH)2, Pb(OH)2 
and Zn(OH)2), whilst the dashed line represents the solubility of carbonate minerals 

(Cu2(OH)2CO3, Pb2(OH)2 CO3 and ZnCO3.H2O) that may potentially control 
maximum equilibrium pore-water trace metals in the present study. 
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However, pore-water Cu concentrations at higher levels of Cu spiking 

exceeded the calculated solubility of Cu(OH)2 and Cu2(OH)2CO3 for 

sediments 2, 3, 4 and 5 (Figure 5.4). This indicates that, at the higher levels 

of Cu spiking, a significant proportion of sorbed Cu was probably present 

as these (or similar) Cu minerals. The observation that pore-water Cu 

concentrations exceeded the theoretical, equilibrium solubility of these 

potential solid-phases (rather than the ion activity product equalling the 

solubility product) may be attributed to (1) the requirement for a high 

degree of super-saturation prior to nucleation, (2) slow precipitation 

kinetics, (3) the initial formation of a metastable, less crystalline species 

more soluble than the crystalline mineral phase, and (4) complexation of 

pore-water Cu by ligands not considered in the solubility calculations 

(Stumm and Morgan, 1996). In particular, previous studies have shown that 

Cu
2+

 forms strong complexes with dissolved organic matter (Elderfield, 

1981; van den Berg et al., 1987; Gardner and Ravenscroft, 1991).  

5.4.5      Sorption by individual fractions 

The sequential extraction results indicate that the geochemical fractionation 

of Cu (Figure 5.5), Pb (Figure 5.6) and Zn (Figure 5.7) was significantly 

influenced by the total concentration of these metals. For Cu and Pb, the 

importance of the “carbonate” fraction generally increased with the level of 

metal loading, at the expense of the “organic” fraction. This result is 

consistent with Salim et al. (1996) and Howard and Sledzinski (1996) who 

found that the importance of the “carbonate” fraction increased with 

increases in the total trace metal concentration in metal-spiked soil. Salim 

et al. (1996) used very high trace metal loadings (up to 220 000 mg/kg) and 

attributed this result to saturation of adsorption sites on Fe-oxides and 

organic matter. This allowed development of relatively high pore-water 

trace metal concentrations and subsequent precipitation of these trace 

metals as carbonate minerals. The results from the present study are also 

comparable with Fan et al. (2002) who found that the “carbonate” fraction 
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became increasingly important as the total metal content in field-

contaminated sediments increased. 

Sorption of Cu, Pb and Zn in the pure quartz / artifical seawater system 

examined in this study can be assumed to involve precipitation only. This is 

because the relatively inert quartz surface contains a negligible density of 

reactive –OH ligands that may form inner-sphere complexes with the added 

Cu, Pb and Zn. Geochemical modelling using PHREEQC indicated that the 

maximum amounts of Cu, Pb and Zn hydroxy-carbonate minerals that 

could form in the quartz system after metal spiking and pH adjustment 

would be fully extracted by pH 5, 1 M NaOAc, which operationally defines 

the “carbonate” fraction. The sequential extraction results confirmed these 

calculations, as complete recovery of all sorbed Cu, Pb and Zn by 

extraction with pH 5, NaOAc (i.e. the “carbonate” fraction) was observed in 

the metal-spiked quartz system. This indicates that the “carbonate” fraction 

includes Cu, Pb and Zn hydroxy-carbonate precipitates as well as weakly 

adsorbed species. 
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Figure 5.5.  Effect of amount of added Cu (sediment dry wt.) on solid-phase 

fractionation in five sediment samples aged for 4 weeks. Data points are the mean ±±±± 
standard deviation of duplicate experiments. 
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Figure 5.6.  Effect of amount of added Pb (sediment dry wt.) on solid-phase 

fractionation in five sediment samples aged for 4 weeks. Data points are the mean ±±±± 
standard deviation of duplicate experiments. 
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Figure 5.7.  Effect of amount of added Zn (sediment dry wt.) on solid-phase 

fractionation in five sediment samples aged for 4 weeks. Data points are the mean ±±±± 
standard deviation of duplicate experiments. 
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The Freundlich equation was employed to describe Cu, Pb and Zn 

association with the “carbonate”, “Fe-oxide” and “organic” fractions. The 

KF values indicate that the importance of the “carbonate” fraction followed 

the order Pb > Zn > Cu (Table 5.3). This result is comparable with the 

results presented in Chapter 3, which found that Pb and Zn were associated 

with the “carbonate” fraction to a greater degree than Cu for in-situ 

sediment profiles. However, the “carbonate” fraction was generally 

responsible for a far greater proportion of Cu, Pb and Zn sorption in the 

present study than is typically reported in studies of in-situ partitioning. For 

example, < 4 % of Cu, < 62 % of Pb, and < 34 % of Zn was associated with 

the “carbonate” fraction in field-contaminated sediment as reported in 

Chapter 3. In the study described in the present chapter, the “carbonate” 

fraction contributed between approximately 5 to 80 % for Cu, 40 to 90 % 

for Pb, and 35 to 80 % for Zn sorption. Given that Figure 5.1 shows that 

solid-phase redistribution of added trace metals should reach an “apparent” 

equilibrium after 28 days aging, the discrepancy between the in-situ 

observations presented in Chapter 3 compared to the present Chapter is 

unlikely to be due to slow, aging effects. The relatively strong Cu, Pb and 

Zn association with the “carbonate” fraction in the present study may 

simply reflect the fact that trace metals in in-situ sediments are subject to 

loss processes, such as desorption and either redistribution or subsequent 

diffusive transport to the overlying water. This would lead to depletion of 

the readily available “carbonate” fraction, and relative enrichment in the 

less available “Fe-oxide” and “organic” fractions. 

The KF values indicated greater affinity of Pb and Zn for sorption to the 

“Fe-oxide” fraction as compared to Cu sorption to this fraction (Table 5.3). 

This is in accord with the results presented in Chapter 3, which found that 

in-situ affinity for association with Fe-oxides in undisturbed sediment 

profiles followed the order Zn > Pb > Cu. For Cu sorption to the “Fe-oxide” 

fraction, the KF values were strongly correlated (r = 0.97) to the sediment 

Fe-oxide content. The relationship was not as strong for Pb and Zn 

sorption, as the “Fe-oxide” fraction in sediment 5 exhibited the greatest KF 
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value for Pb (496 L/kg) and Zn (245 L/kg) sorption (Table 5.3), despite this 

sediment having a lower Fe-oxide content (when expressed on a whole-

sediment dry weight basis) than both sediment 1 and 4 (Table 5.2). 

Sediment 5 exhibited the highest Eh (+240 mV) and lowest pore-water Fe 

concentrations of the five samples examined in this study, and was a 

distinct red/orange colour (whereas the other sediments were brown). When 

expressed on the basis of the abundance < 63 µm particles, sediment 5 

exhibited an Fe-oxide content (32.1 g/kg<63µm) that was approximately 2 to 

3 times larger than that of the other sediment samples. This suggests that 

the relatively high KF values for sediment 5 may be due to mineralogical 

differences in solid-phase Fe species compared to sediments 1, 2, 3 and 4. If 

the KF value for sediment 5 is not included in the statistical analysis, there 

is a very strong correlation between the KF values for sorption to the “Fe-

oxide” fraction and the abundance of this fraction (expressed on a whole-

sediment basis) for both Pb (r = 0.95) and Zn (r = 0.99).  

Previously, organic matter was identified as a principal sorbent for Cu and 

to a lesser extent Pb and Zn on the basis of correlation between the bulk 

sediment KF value and sediment organic carbon content. It is not surprising, 

therefore, that Cu sorption to the “organic” fraction, as quantified by the KF 

value, was strongly correlated (r = 0.99) with the sediment organic carbon 

content. In contrast, there was only a moderate correlation for Pb (r = 0.44), 

whilst Zn sorption to the “organic” fraction was not significantly correlated 

(P < 0.05) with the sediment organic carbon content. An organic carbon 

normalised distribution coefficient (DOC), describing sorption to the 

“organic” fraction can be calculated as: 

OC

F
OC

f

K
D =  

where fOC is the fractional organic carbon content. The calculated DOC 

values ranged from 115 to 50900 L/kg for Cu, 10200 to 118000 L/kg for Pb 

and 3370 to 30400 L/kg for Zn. The values become relatively uniform 
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(varying by less than a factor of 3) if anomalous DOC values for sediment 5 

are not considered.  

The DOC values (excluding sediment 5) observed for Cu in the present study 

(42800 to 50900 L/kg) compare well with previous work examining Cu 

sorption to pure organic substrates. For example, McLaren et al. (1983) 

reported distribution coefficients (i.e. CS divided by CA) for Cu sorption of 

19000 L/kg for peat, 51600 L/kg for NaOH extracted humic acid, and 

38300 L/kg for pyrophosphate-extracted humic acid. The DOC values 

observed in the present study are, however, considerably lower than the 

value of 2500000 L/kg reported by Mahony et al. (1996) for Cu sorption to 

several sediment samples at pH 7. Mahony et al. (1996) assumed that 

organic matter was the only sorbent for Cu and measured pore-water Cu
2+

 

with an ion selective electrode. The lower DOC values for Cu sorption in 

this study compared to those reported by Mahony et al. (1996) can be 

attributed to (1) defining sorption to organic matter by sequential extraction 

analysis compared to assuming that all sorption involves organic matter, 

and (2) using analysis of total aqueous Cu to calculate KF compared to 

using the free Cu
2+

 species. 

There are few reports of DOC values for  Pb and Zn sorption in sediments. 

Mahony et al. (1996) reports a DOC value for Pb sorption at pH 7 of 

2500000 L/kg and a corresponding value of 250000 L/kg for Cd sorption. 

The DOC values observed in this study (excluding sediment 5) were 10200 

to 29600 L/kg for Pb and 3370 – 6880 L/kg for Zn, which are again 

considerably less than the DOC values from Mahony et al. (1996). As 

discussed above, this disparity is probably attributable to methodological 

differences between the present study and Mahony et al. (1996). 

Davis et al. (1998) discussed the “component additivity” approach to 

predict sorption by assembling adsorption data from pure mineral or 

organic phases. Oakley et al. (1981) studied Cu and Cd partitioning in 

prepared mixtures of bentonite clay, Fe- and Mn-oxides, and humic acid. 

These workers found that partitioning could be predicted based on sorption 
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parameters determined in experiments involving a single sorbent and 

assuming that, in the mixed systems, the sorptive behaviour was additive. 

The results from the present study support the component additivity 

approach, as the sum of KF values describing sorption to the three, 

operationally-defined fractions compared very well with the corresponding 

KF values for sorption to the bulk sediment as a whole (Figure 5.8). 
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Figure 5.8.  Comparison of KF values determined for the bulk sediment with the sum 
of KF values for the “carbonate”, “Fe-oxide” and “organic” fractions. The dashed 

line represents the 1:1 line.  

 

5.4.6      Effect of AVS on partitioning 

The sequential extraction results described above (and in Chapter 3) 

provide information on trace metal partitioning in sub-oxic sediments, 

where Fe-oxides and organic matter are thought to be the main sorbent 

phases (Chapman et al., 1998). In anoxic sediments, reduction of SO4
2-

 can 

lead to accumulation of AVS, which is known to be an important trace 

metal sorbent (Di Toro et al., 1991). It is generally assumed that trace metal 

sulfide species (i.e. AVS-bound metals) are recovered during the H2O2 

oxidation step (which operationally defines the “organic” or “organic and/or 

sulfides” fraction) of the Tessier et al. (1979) extraction protocol (Clark et 

al., 2000; Clark et al., 1998). However, this assumption has not been 
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confirmed and the extractability of AVS-bound Cu, Pb and Zn during 

sequential extraction procedures has received little attention.  

Synthetic CuS, PbS and ZnS mineral samples were subjected to the 

sequential extraction scheme described above in order to examine their 

relative extractability. Undetectable amounts of Cu, Pb and Zn were 

extracted from their respective sulfide minerals by pH 5, NaOAc (i.e. the 

“carbonate” fraction). For ZnS and PbS, 12.6 ± 4.2 % and 7.3 ± 3.0 % 

respectively were extracted with 0.04 M NH2OH.HCl in 25 % HOAc (i.e. 

the “Fe-oxide” fraction). The remainder of PbS and ZnS, and 100 % of CuS 

was extracted by the H2O2 extraction step (i.e. the “organic” fraction).  

These results for synthetic CuS, PbS and ZnS phases compare relatively 

well with Batley (1987), who examined the extractability of synthetic 

sulfide precipitates spiked into two natural sediment samples. Batley (1987) 

used a two-step sequential extraction procedure involving NH2OH.HCl 

(overnight shaking) followed by treatment with H2O2. He found that a 

relatively large proportion of spiked Pb (81 to 93 %) and Zn (39 to 71 %), 

compared to only 18 to 25 % of CuS, was extracted from sediment by 

overnight shaking with pH 2, NH2OH.HCl.  

The sediment samples examined in this study initially contained 

undetectable or negligible AVS contents (Table 5.2). However, AVS 

accumulation may occur in these samples if exposed to sufficiently 

reducing conditions as a result of burial by fresh sediment. This burial 

process may occur naturally, or by capping contaminated sediment with 

clean material as a remediation strategy (Simpson et al., 2002). In the 

present study, sulfide was added at various concentrations to sediment 4 

and to pure quartz sand (following spiking with 2140 mg/kg Cu, 2140 

mg/kg Pb, and 4290 mg/kg Zn) to represent natural AVS accumulation.  

Since CuS (pKsp = 36.1) has a lower solubility product compared to PbS 

(pKsp = 27.5) and ZnS (pKsp = 24.7) (Stumm and Morgan, 1996), the 

preference for sorption by precipitation as sulfide minerals (i.e. binding to 
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AVS) should follow the order CuS > PbS > ZnS at equilibrium. The pore-

water Cu concentration in the AVS spiked natural sediment and quartz sand 

decreased substantially once the molar ratio of AVS to Cu exceeded 1 

(Figure 5.9). This is consistent with the precipitation of CuS, which is 

expected to sequester aqueous Cu
2+

. Pore-water Pb concentrations generally 

exceeded 1 mg/L until the amount of available AVS (i.e. AVS remaining 

after considering preferential CuS formation) exceeded the molar amount of 

added Pb reflecting precipitation of PbS (Figure 5.9). Pore-water Zn 

concentrations also followed this trend, with low levels observed once the 

available molar AVS concentration exceeded the concentration of added Zn 

(Figure 5.9). Overall, these observations are consistent with previous 

studies (Simpson et al., 2000a; Di Toro et al., 1992) showing relatively low 

pore-water trace metal concentrations when a molar excess of AVS is 

present.  
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Figure 5.9. Effect of added AVS on Cu, Pb and Zn partitioning in sediment 4 (solid 

line, οοοο) and quartz sand (dashed line, □) spiked on a wet weight wt. basis with 1500 
mg/kg Cu, 1500 mg/kg Pb and 3000 mg/kg Zn and aged for 4 weeks. The vertical solid 
line represents the molar level of AVS addition that is theoretically capable of sorbing 
all of the added trace metals, after considering the preferential precipitation of CuS > 

PbS > ZnS. 
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The addition of a molar excess of AVS to Cu-spiked sediment and quartz 

sand resulted in an almost quantitative extraction in the “organic” fraction 

(Figure 5.9). The same result was observed with pure CuS, and 

demonstrates that AVS-bound Cu can be effectively extracted using the 

H2O2 step of the Tessier et al. (1979) extraction. This supports the use of 

the term “organic matter and/or sulfides” for the H2O2 extraction step when 

examining Cu partitioning in sulfidic sediment. 

For Pb and Zn, addition of AVS to metal-spiked pure quartz and natural 

sediment substantially reduced the proportion of these metals extracted by 

pH 5, NaOAc (i.e. “carbonate” bound)(Figure 5.9). This reduced 

extractability was most pronounced when AVS exceeded the amount (in 

moles) of added Pb and Zn, due to precipitation of PbS and ZnS. Unlike 

Cu, a substantial proportion of AVS-bound Pb and Zn was apparently 

extracted in association with the “Fe-oxide” fraction (i.e. NH2OH.HCl 

extractable)(Figure 5.9). This result is consistent with recent work by 

Peltier et al. (2005), who characterised Zn partitioning in contaminated 

sediments with the use of X-ray absorption spectroscopy and sequential 

extraction analysis. These researchers found that oxidative dissolution of 

ZnS during the NH2OH.HCl step (“Fe-oxide” fraction) of the Tessier et al. 

(1979) sequential extraction procedure may lead to overestimation of Zn 

associated with Fe-oxides.  

Our observation that a substantial proportion of PbS and ZnS was extracted 

by the NH2OH.HCl step of the sequential extraction is also somewhat 

similar to those of Rapin et al. (1986). These researchers found that AVS 

levels were unchanged during extraction with 1 M MgCl2 (“exchangeable” 

fraction) followed by pH 5, NaOAc (“carbonate” fraction), but were 

reduced by > 95 % on subsequent extraction with NH2OH.HCl (“Fe-oxide” 

fraction). Ngiam and Lim (2001) hypothesized that AVS (i.e. FeS) 

dissolution during NH2OH.HCl extraction may occur via: 

FeS + 8Fe
3+

 + 4H2O  →  9Fe
2+

 + SO4
2-

 + 8H
+
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In this reaction, the Fe
3+

 is the product of ferric oxide dissolution or 

oxidation of pore-water Fe
2+

 and acts as an electron acceptor oxidising S 

from the –2 to +6 oxidation state. A similar dissolution mechanism may 

also occur for AVS-bound Pb and Zn. The sequential extraction results 

show greater NH2OH.HCl extractability of Pb and Zn in AVS-spiked 

natural sediment compared to that of the synthetic sulfide minerals and the 

AVS-spiked quartz sand. Ferric iron was absent in the latter systems, but 

would have been present in the natural sediment. This suggests that Fe
3+

 

enhances oxidative dissolution of AVS-bound Pb and Zn during the 

NH2OH.HCl extraction of Fe-oxides via (using ZnS as an example): 

ZnS + 8Fe
3+

 + 4H2O  →  Zn
2+

 + SO4
2-

 + 8Fe
2+

 + 8H
+
 

The sequential extraction results show that CuS is far less available than 

PbS and ZnS. Cooper and Morse (1998) examined the extractability of pure 

metal sulfide minerals in 1 M HCl and found that the recovery was 12 % for 

CuS, whilst PbS and ZnS were completely extracted. According to Morse 

and Luther (1999), when solutions containing dissolved salts of Cu are 

mixed with dissolved sulfide salts (as performed in the present study) an 

amorphous precipitate forms that upon aging converts to the mineral 

covellite (CuS). Covellite (unlike PbS or ZnS) has both S
2-

 and S2
2-

 ions 

present, which contributes to its relative stability compared to PbS and ZnS 

(Patrick et al., 1997). In addition, Cu
2+

 is subject to marked Jahn-Teller 

distortion (4 short and 2 long bonds in octrahedral coordination), due its d
9
 

electron configuration. The Jahn-Teller effect confers enhanced stability for 

CuS (covellite) when compared to PbS and ZnS, which exist in a more 

symmetrical octahedral coordination environment (Morse and Luther, 

1999). Overall, these factors mean that AVS-bound Cu will be strongly 

retained in sulfidic sediments, whereas AVS-bound Pb and Zn will be more 

available.  
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5.5     CONCLUSIONS 

Sorption of Cu, Pb and Zn by the “Fe-oxide” and “organic” fractions in the 

oxic/suboxic sediments of interest was controlled by the abundance of these 

important sorbents. Sorption to the “carbonate” fraction became 

increasingly important as the sorption capacity of Fe-oxides and organic 

matter was approached at higher trace metal loadings. The results suggest 

that it may be possible (with a larger number of sediment samples) to derive 

generic parameters to predict sorption to the “Fe-oxide” and “organic” 

fractions. This would require application of combined sorption curve - 

sequential extraction analysis to a large number of oxic to anoxic sediments 

with contrasting properties. This study also shows that, with AVS-spiked 

sediments, the trace metal – AVS ratio exerts a substantial control on metal 

partitioning behaviour. However, we conclude that it is presently not 

possible, using the Tessier et al. (1979) sequential extraction procedure, to 

assign AVS-bound Pb and Zn to any single operationally-defined fraction. 

Therefore, caution should be exercised when interpreting sequential 

extraction results for sulfidic sediments. 
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Chapter 6: Factors controlling the 

partitioning of tributyltin in estuarine 

sediments 

Selected aspects of the work presented in this chapter have been published 

as: 

Burton, E. D., Phillips, I. R. and Hawker, D. W. (2004) Sorption and 

desorption behaviour of tributyltin with natural sediments. Environmental 

Science and Technology 38: 6694 - 6700. 
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6.1     ABSTRACT 

Tributyltin (TBT) sorption to four natural sediment samples in artificial 

seawater was examined under a range of modified pH and salinity 

conditions. Three of the sediment samples were relatively pristine with 

regard to TBT contamination, but the fourth was a TBT-contaminated 

sediment from a commercial marina. Sorption of TBT was described well 

by linear sorption isotherms, with distribution coefficients ranging from 6.1 

to 5210 L/kg depending on pH and salinity. Sediment organic C content 

and particle size distribution were important determinants of sorption 

behaviour. The presence of resident TBT in the contaminated marina 

sediment caused a substantial reduction in further TBT sorption. Desorption 

of TBT from the marina sediment was described by relatively large 

observed distribution coefficients ranging from 5100 to 9400 L/kg, 

suggesting that aging effects may reduce sorption reversibility. Increased 

artificial seawater salinity generally reduced TBT sorption at pH 4 and pH 

6, but enhanced TBT sorption at pH 8. Regardless of salinity, maximum 

sorption of TBT was observed at pH 6, which is attributed to an optimal 

balance between abundance of the cationic TBT
+
 species and deprotonated 

surface ligands. Consideration of aqueous TBT speciation along with 

octanol-water partitioning behaviour suggest that hydrophobic partitioning 

of TBTCl
0
 to non-polar organic matter was important for pH < 6, whilst 

partitioning of TBTOH
0
 was important at higher pH. 
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6.2     INTRODUCTION 

Organotin compounds have been introduced into the natural environment as 

a consequence of their widespread use as biocides. Tributyltin (TBT) has 

been employed widely as an antifouling agent on watercraft, and is the most 

common organotin compound in aquatic systems (Huggett et al., 1992; 

Hoch, 2001). Laboratory and field studies suggest that adverse biological 

effects occur at concentrations in the low parts per trillion range (Maguire, 

1987; USEPA, 1997; ANZECC/ARMCANZ, 2000), with TBT cited as the 

most toxic substance ever deliberately introduced to natural waters 

(Goldberg, 1986).  

Although its use on recreational watercraft is now regulated in most 

countries, TBT is still employed on larger commercial vessels and is 

released to natural waters during vessel maintenance activities. This use on 

larger vessels is being phased out, however, following a recommendation 

by the International Maritime Organisation (Internation Maritime 

Organisation, 2001). Nevertheless, TBT is still present in many water 

bodies at concentrations that are of environmental concern. Given its highly 

toxic nature, systematic research into the geochemical behaviour of TBT in 

natural waters is of widespread interest. 

A relatively large number of studies have involved surveys of TBT 

distribution in the water column (Harino et al., 1998; Michel and Averty, 

1999), sediments (Ko et al., 1995; De Mora and Phillips, 1997; Diez et al., 

2002) and biota (Traas et al., 1996; Cielsielski et al., 2004). Given its 

strong affinity for suspended particulates and sediments, benthic sediments 

are regarded as the major sink for TBT in the environment (Clark et al., 

1988; Batley, 1996; Hoch, 2001). However, relatively few investigations 

have examined the solid/pore-water partitioning behaviour of TBT in 

coastal, estuarine or freshwater sediment-water systems.  

Studies concerning sorption of TBT have involved a range of sorbents such 

as natural sediments (Unger et al., 1988; Langston and Pope, 1995; Ma et 



 203 

al., 2000; Hoch et al., 2002), quartz sand (Bueno et al., 1998), clay minerals 

(Weidenhaupt et al., 1997; Hoch, 2004), oxide minerals (Randall and 

Weber, 1986), organic matter (Poershmann et al., 1997; Arnold et al., 

1998a) and municipal waste compost (Vassallo and Vella, 2002). Values of 

the distribution coefficient (KD) have generally been found to vary from 

approximately 10
2
 to 10

5
 L kg

-1
 with average values being of the order of 

10
3
 L kg

-1
.  However, partitioning behaviour reported in the literature is 

often conflicting, indicating that such behaviour may vary according to 

TBT speciation, sediment properties and environmental conditions. For 

example, it has been shown in different investigations that increased 

salinity can both reduce and enhance TBT sorption (Unger et al., 1988; 

Langston and Pope, 1995; Hoch, 2004; Harris and Cleary, 1987). If 

accurate models and predictions of TBT fate are to be devised, it is clear 

that an accurate understanding of partitioning under a range of natural 

conditions must be developed. 

This chapter describes research examining the effect of different parameters 

such as TBT concentration, sediment properties, pH and salinity on solid-

solution partitioning of TBT to four natural sediments with contrasting 

properties. The objective was to understand the main sorption mechanisms 

influencing the retention of TBT to natural sediment under estuarine 

conditions. This information will provide greater understanding of TBT 

behaviour in sediment – pore water systems, which should facilitate more 

accurate assessments of ecological risk and thus identification of 

appropriate management strategies. 

6.3     METHODS 

6.3.1      Sorbent material 

Four (4) natural sediment samples (designated MM, FS, CS and SP) with 

contrasting physical and chemical properties were collected from southern 

Moreton Bay, south-east Queensland, Australia. Samples MM, FS and CS 

were collected from locations just to the north of the Southport Broadwater, 
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expected to be relatively pristine with regard to organotin contamination. 

These samples were collected from the exposed, 0 – 5 cm depth interval of 

a (MM) mangrove forest, (FS) mud-flat, and (CS) sand-bank at low tide. 

Sample SP was collected from the 0 – 10 cm depth interval (with the use of 

a push-tube coring device described by Doyle et al., 1995) of a commercial 

marina (Site SP shown in Figure 3.1, Chapter 3), which undertakes vessel 

maintenance activities. The sediment sample was transported to the 

laboratory in the dark and on ice in a clean glass jar. The sediment sample 

was stored at 4°C until used. Previous sediment quality studies at the 

marina site indicate considerable TBT contamination (up to 60.2 mg/kg as 

Sn) of the benthic sediments (Phillips, 2003). 

The pH of the saturated sediment samples was recorded immediately upon 

arrival in the laboratory (within 5 hrs of sample collection) with a Beckman 

φ50 meter and electrode. The gravimetric water content was determined by 

oven drying at 105 °C for 24 hr (Percival and Lindsay, 1997). Particle size 

distribution was determined with the hydrometer method described by Gee 

and Bauder (1986). The cation exchange capacity and organic C content 

were determined as described in Rayment and Higginson (1992). 

Triplicate analysis of sediment-bound TBT in sample SP (collected from a 

commercial marina) was performed in accordance with the method 

developed by Carlier-Pinasseau et al. (1997a, 1997b). A mass of 4 g (dry 

wt. equivalent) was introduced into a 50 mL pyrex vial along with 20 mL of 

glacial acetic acid. The tubes were shaken for 4 hrs and the suspension 

centrifuged at 4000 g for 15 min. An aliquot of the supernatant (2 mL) was 

then withdrawn and added to a 50 mL volumetric flask, along with 5 mL of 

acetic acid/acetate buffer solution (5 M, pH 5). This solution was then 

derivatised, extracted and analysed by GC-MS-SIM, as described below for 

water samples. 
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6.3.2      Reagents 

The compounds tributyltin chloride (>97 %), dibutyltin dichloride (97 %), 

butyltin trichloride (95 %) and tripropyltin chloride (>98 %) were obtained 

from Aldrich (Steinheim, Germany). Sodium tetraethylborate (NaBEt4) was 

obtained from Strem (Newburyport, USA). All other reagents and solvents 

were analytical reagent grade or better. 

6.3.3      Sorption experiments 

The standard batch technique was used to study the equilibrium partitioning 

of TBT between the aqueous and solid phase in artificial seawater/sediment 

suspensions. Four (4) grams, on a dry weight basis, of sediment were 

suspended in 40 mL of artificial seawater in screw-cap pyrex vessels. The 

under-surface of each screw-cap was lined with aluminium foil in order to 

prevent sorption to the plastic cap. Equilibration between aqueous and 

sorbed TBT was ensured by shaking at approximately 20 °C for 24 hrs. 

Preliminary equilibrium time experiments showed that the rapid phase of 

sorption was complete within 2 to 3 hours. 

Artificial seawater was prepared as described by Eckberg and Hill (1996). 

Salinities of 5 psu (practical salinity units) and 30 psu were prepared by 

appropriate dilution. During the sorption experiments, the suspension pH 

was maintained at pH 4, pH 6 or pH 8 with the use of potassium hydrogen 

phthalate (pH 4 and pH 6) or TRIS (pH 8) buffer (0.05 M). Hoch et al. 

(2002) found no difference between TBT partitioning when pH was 

maintained via the use of these buffers or through frequent pH adjustment 

with HCl or NaOH. In the present experiment, the use of buffers (especially 

for the pH 4 and pH 6 treatments) was essential in order to maintain the 

desired pH throughout the experiment. The pH values employed in this 

study were selected in order to reflect pH 6 to 8 conditions typically 

observed in estuarine sediment, as well as more acidic conditions (pH 4) 

that may occur less frequently due to acidic discharges. 
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Samples were spiked with 20 to 200 µL of a 100 mg/L TBT (in methanol) 

stock solution to achieve initial aqueous concentrations of 50, 100, 150, 

200, 300, 400 and 500 µg/L. For sample SP (the contaminated marina 

sediment), the sediment was also equilibrated in triplicate with TBT-free 

artificial seawater in order to examine TBT desorption. The initial aqueous 

TBT concentrations employed in the present study are comparable with 

those used by Hoch (2004) and Hoch and Schwesig (2004). These relatively 

high aqueous TBT concentrations were employed in order to reflect solid-

phase TBT levels in heavily contaminated sediments. Work by Bueno et al. 

(1998) has shown that low methanol concentrations (<0.01 %) have no 

detectable effect on TBT sorption. 

After equilibration, the suspensions were centrifuged at 4000 g for 20 min 

and the supernatants analysed for TBT, dibutyltin (DBT) and monobutyltin 

(MBT). Sorptive losses to the flask wall were less than 5 %, thus sorbed 

TBT was determined by the difference between initial and equilibrium 

aqueous TBT concentrations. For the pristine sediment samples MM, FS 

and CS, negligible concentrations of DBT and MBT were detected in the 

equilibrium solutions, thereby indicating that TBT degradation was of 

negligible importance under the experimental conditions. The equilibrium 

solution for the contaminated marina sample SP contained detectable 

concentrations of DBT and MBT, which is thought to represent DBT and 

MBT desorption from the sediment sample rather than degradation of 

added TBT. 

All laboratory glassware used in the present study was washed with 

detergent, rinsed several times with tap-water, soaked overnight in 1 % HCl 

in 70 % ethanol, and then rinsed several times with deionised water. Blanks 

did not exhibit any contamination. 

6.3.4      Analytical procedure 

TBT (and its degradation products DBT and MBT)) were quantified by gas 

chromatography – mass spectrometry (GC-MS) subsequent to derivatisation 
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using NaBEt4 and extraction with hexane as described by Arnold et al. 

(1998b). Briefly, TBT ethylation/extraction involved adding a 25 mL 

aliquot of the equilibrium solution from the sorption/desorption experiment 

to a 50 mL volumetric flask. Tripropyltin chloride (TPT) was used as an 

internal standard, and was added to the sample at a concentration of 4 µg/L. 

The pH was adjusted to pH 5.0 by adding 1 mL of acetic acid/acetate buffer 

solution (5 M, pH 5) and the flask was shaken briefly. A volume of 150 µL 

of freshly prepared 1.5 % (w/v) NaBEt4 aqueous solution was added and 

the flask again shaken briefly. The ethylated butyltins were then extracted 

into 0.5 mL of hexane, by shaking for 2 hrs. The supernatant hexane phase 

was removed and analysed directly by GC-MS. 

Analysis of organotin species was performed using an electron impact GC-

MS (Agilent 6890 Series GC System and Agilent 5973 Mass Selective 

Detector) fitted with a DB-5 capillary column (30 m x 250 µm x 0.25 µm) 

in the selected ion monitoring mode (SIM). Eight mass to charge ratios 

were monitored (233, 235, 247, 249, 261, 263, 289, 291; dwell time = 100 

msec) for ethylated MBT, DBT, TBT and TPT. The ion energy of the MS 

was 70 eV, the ion source temperature was 240°C and the interface was 

maintained at 280°C. The GC temperature program was as follows: 70°C (1 

min), increased to 280°C at 10°C/min, then held at 280°C for 2 min. 

Samples (2 µL) were injected with a 30:1 split ratio, and an injection 

temperature of 250°C. Peaks in the chromatograms were assigned to 

individual organotin species on the basis of retention times (MBT 7.72 min, 

TPT 8.63 min, DBT 9.89 min, TBT 11.78 min), with quantification by 

integration of peak area. A typical ion chromatogram and calibration curve 

for TBT is presented in Appendix C. 

Since no certified aqueous reference material for TBT is presently 

available, the precision of the data was determined with several samples 

containing aqueous TBT concentrations ranging from 0.1 µg/L to 600 µg/L. 

The mean recovery was 99.9% with a relative standard deviation of 11.3%. 

In the present paper, all organotin concentrations are reported as Sn. 
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6.4     RESULTS AND DISCUSSION 

6.4.1      Effect of Sediment Properties 

Analysis of the sediment samples indicates that all samples contained a 

relatively large proportion of sand sized particles (70 to 98 % w/w) and 

very low proportions of clay sized particles (< 4 % w/w) (Table 6.1). The 

moderately low cation exchange capacities (CEC’s) of the four sediment 

samples (Table 6.1) are attributable to their relatively coarse texture. The 

trend in CEC between sediment samples is consistent with the organic C 

contents, thereby suggesting that organic matter is the main contributor to 

CEC in these samples. 
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Table 6.1. Selected properties of the natural sediment samples examined in this study. 

Particle Size Analysis 

(%) 

Sediment 

Sample 

pH Water 

Content 

(g/g) 

Org. C 

(%) 

CEC 

(cmolC/kg) 

Sand Silt Clay 

MM 7.5 0.51 4.8 15.2 70 26 4 

FS 7.5 0.28 2.6 7.9 85 13 2 

CS 8.0 0.22 0.2 0.30 98 2 0 

SP 7.5 0.31 2.2 8.7 87 12 1 
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The sorption isotherms describing equilibrium partitioning are 

approximately linear within the concentration range employed (Figure 6.1). 

The solid/pore-water partitioning was therefore adequately (r
2
 > 0.85) 

described by a linear distribution coefficient (KD): 

KD = CS/CA 

where CS (µg/kg) and CA (µg/L) denote the sorbed and aqueous equilibrium 

concentrations, respectively. Linear isotherms for TBT sorption to well-

defined sorbents and natural sediments have been previously reported by 

Hoch and Schwesig (2004), Hoch (2004), Hoch et al. (2002) and Ma et al. 

(2000). Curvilinear sorption isotherms, indicating reduced sorption affinity 

with increased aqueous concentrations have also been reported by several 

authors (Bueno et al., 1998; Weidenhaupt et al., 1997; Dowson et al., 

1993). Such curvilinear isotherms indicate that at low concentrations the 

sorbate occupies high affinity sorption sites. Increased amounts of sorption 

lead to saturation of these high-affinity sites followed by sorption to sites 

with lesser binding energy. There is general consensus, however, that at low 

aqueous concentrations (i.e. at sorbed concentrations that do not saturate 

high-affinity sites) sorption of most contaminants is linearly dependent on 

the aqueous concentration. 

The extent of sorption of TBT varied considerably among the sediment 

types used in the present study and also with pH and salinity of the aqueous 

phase (Figure 6.1). In general TBT sorption to the four contrasting sediment 

samples followed the order: MM (172 to 5210 L/kg) > FS (66 to 1220 L/kg) 

> SP (21 to 65 L/kg) > CS (6.1 to 24.7 L/kg) (Table 6.2). The organic 

carbon normalised distribution ratios (log DOC) were comparable to the log 

DOC values for in-situ partitioning reported in Chapter 4 (3.88 to 5.61), and 

ranged from 3.55 to 5.04 for MM, 3.41 to 4.67 for FS, 3.48 to 4.09 for CS, 

and 2.97 to 3.47 for SP.  

Although there was a large degree of variability in the DOC values, the KD 

values from the present study did indeed follow the order of organic C 
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contents in the sediment samples. This is consistent with previous work by 

Langston and Pope (1995) and Hoch and Schwesig (2004) showing that 

organic C content is an important determinant of TBT partitioning in 

natural sediments. Berg et al. (2001) hypothesize that, for natural sediments 

containing greater than 0.5 % organic C, sorption to mineral phases should 

be negligible in comparison to sorption to organic matter. However, given 

that sample CS contains only 0.2 % organic C, this would mean that 

sorption to mineral surfaces should be relatively important for this sediment 

sample. 



 212 

 

 

Table 6.2. Distribution coefficients (KD, L/kg) for TBT sorption to four natural sediment samples under various artificial seawater salinity and pH 
conditions. 

Sample MM Sample FS Sample CS Sample SP  

KD r
2
 KD r

2
 KD r

2
 KD r

2
 

pH 4 172 0.964 66.4 0.985 10.5 0.978 30.3 0.867 

pH 6 5210 0.968 900 0.988 18.7 0.989 39.0 0.877 

30psu 

pH 8 4590 0.988 854 0.996 6.3 0.968 27.0 0.878 

pH 4 3080 0.970 82.8 0.975 18.0 0.975 50.2 0.919 

pH 6 4760 0.936 1217 0.992 24.7 0.982 65.4 0.915 

5psu 

pH 8 239 0.938 156 0.990 6.1 0.973 20.8 0.980 
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Figure 6.1. Sorption of TBT to four sediment samples in artificial seawater with 30 

psu and 5 psu salinity, at pH 4 (■), pH 6 (+) and pH 8 (ΟΟΟΟ). The solid, long- and short-
dash lines are regression fits to the pH 8, pH 6 and pH 4 data, respectively. 
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Langston and Pope (1995) found that TBT partitioning was also related to 

particle size distribution. Sandy sediments, such as sample CS, are 

generally low in organic C and low in Fe- and Mn-oxide coatings on grains 

of sand. The relatively low number of binding sites on sample CS (due to 

its coarse texture and low organic C content), in comparison to the other 3 

sediment samples examined, has clearly contributed to its lesser KD values. 

The KD values observed for TBT sorption to sample CS (6.1 to 24.7 L/kg, 

Table 6.2) compare relatively well with that of Hoch and Schwesig (2004), 

who reported a KD value of 25 L/kg for TBT sorption onto quartz sand at 

pH 6. 

In terms of organic C content and particle size distribution, sediment 

samples FS and SP are relatively similar and therefore would be expected to 

exhibit fairly similar affinity for TBT sorption. However, they differ in 

exposure history, with sample SP originating from a commercial marina. 

The results indicate that sample FS has a much greater ability to sorb added 

TBT as compared to the contaminated marina sample SP. This can be 

attributed to the presence of resident TBT in sample SP at 5.6 ± 1.3 mg/kg 

(and DBT 3.7 ± 1.5 mg/kg and MBT 1.1 ± 0.7 mg/kg). Previous work has 

indicated that benthic sediments within the marina have received 

considerable inputs of TBT in the past due to its use as an antifouling agent 

on watercraft, and the relatively high mg/kg butyltin concentrations 

observed here are consistent with those found by Phillips (2003) and those 

presented in Chapter 4. These high values for sediment-bound butyltins 

mean that a large number of TBT sorption sites in sample SP are likely to 

have been occupied prior to addition of fresh TBT during the present 

sorption experiment. Therefore, measured KD values also are affected by 

the TBT content of the sediment sample under investigation, as the present 

results suggest that freshly added TBT must compete with resident TBT for 

sorption sites. 

Equilibration of the contaminated sediment sample SP with TBT-free 

artificial seawater under the pH, salinity and solid/solution ratio conditions 
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employed in this study resulted in aqueous TBT concentrations ranging 

from 0.59 ± 0.19 to 1.09 ± 0.22 µg/L (Table 6.3). By considering the total 

sediment-bound TBT and the desorbed concentrations (which ranged from 

5.9 ± 1.9 to 10.9 ± 2.2 µg/kg), it is possible to calculate a KD value based 

on desorption. These KD values ranged from 5100 L/kg at pH 4 and 5 psu to 

9400 L/kg at pH 6 and 5 psu salinity (Table 6.3). In comparison, the values 

for TBT sorption ranged between 20.8 and 65.4 L/kg depending on salinity 

and pH (Table 6.2). Previous work has indicated that freshly sorbed TBT 

does not exhibit desorption hysteresis (i.e. the sorption and desorption 

isotherms are the same; Hoch et al., 2002). The observed hysteresis with 

the contaminated sediment sample SP may therefore indicate that (1) aging 

effects have reduced the resident TBT availability, and/or (2) a significant 

proportion of TBT exists as paint chips whereby solid and aqueous forms 

are not in equilibrium. However, to date there have been no laboratory 

studies that have examined changes in TBT availability due to aging 

effects. 

 

Table 6.3.  Desorption of TBT from a field-contaminated, marina sediment (by 
shaking sample SP for 24 hrs at a solid to solution ratio of 1:10) as a function of 
artificial seawater salinity and pH. The estimated KD value for desorption was 

calculated given the aqueous concentration, the desorbed concentration and the 
initial sediment-bound TBT concentration of 5.6 mg/kg. 

  Aqueous 

TBT 

(µµµµg/L) 

Desorbed 

TBT 

(µµµµg/kg) 

Estimated KD 

for desorption 

(L/kg) 

pH 4 1.09 ± 0.22 10.9 ± 2.2 5100 

pH 6 0.59 ± 0.19 5.9 ± 1.9 9400 

30psu 

pH 8 0.94 ± 0.12 9.4 ± 1.2 6000 

pH 4 1.01 ± 0.23 10.1 ± 2.3 5500 

pH 6 0.69 ± 0.28 6.9 ± 2.8 8100 

5psu 

pH 8 0.85 ± 0.16 8.5 ± 1.6 6600 
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6.4.2      Effect of salinity 

Salinity is of major importance in determining the geochemical behaviour 

of contaminants in estuarine systems. The most common observation in 

studies making use of pure sorbents is that TBT sorption decreases with 

increasing ionic strength (Hoch, 2004). This is often interpreted as 

competition between the TBT
+
 cation and other aqueous cations. However, 

Langston and Pope (1995) observed first a decrease in TBT sorption to 

natural sediments in progressing from low to intermediate salinities but the 

reverse effect under higher salinity conditions. Bueno et al. (1998) suggest 

that at high salinities, the formation of the neutral TBTCl
0
 species may lead 

to different sorption mechanisms consistent with the behaviour of 

hydrophobic compounds. 

Work by Weidenhaupt et al. (1997) examining TBT sorption to kaolinite at 

pH 4 and 0.001 M ionic strength indicates that under their experimental 

conditions sorption was consistent with an outer sphere, cation exchange 

mechanism (i.e. electrostatic interaction with negative surface charge). 

These researchers found that TBT sorption in the presence of different 

background cations decreased in the sequence Na
+
 > K

+
 ≈ Rb

+
 > Cs

+
. This 

sequence corresponds to the Hofmeister series, which accounts for the 

affinity of ions to non-specific, cation exchange sorption sites on most clays 

and oxide surfaces. 

In contrast to the results of Weidenhaupt et al. (1997), Bueno et al. (1998) 

found no difference in TBT sorption to quartz sand at pH 8 and 0.1 M ionic 

strength when Na, K, Rb or Cs were used as background cations. It is 

important to note that Bueno et al. (1998) employed an initial aqueous TBT 

concentration that was 5 orders of magnitude lower than that of the 

background alkali metal cation. This suggests that TBT sorption via cation 

exchange is not important in solutions with relatively high ionic strength 

(e.g. seawater), as the background cations out-compete the less abundant 

TBT
+
 cations. 
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In this work, at pH 4 and pH 6, TBT exhibited a lesser affinity for sorption 

at 30 psu than 5 psu (Table 6.2). This is consistent with the sorption 

behaviour of cationic metals to estuarine sediments. However at pH 8, this 

trend was reversed with greater KD values at 30 psu as compared to 5 psu 

(Table 6.2), which is consistent with sorption of hydrophobic compounds, 

such as PAH’s. This differing salinity effect at different pH conditions 

suggests that contrasting mechanisms may be responsible for sorption at pH 

4 and pH 6 as compared to pH 8. It is clear, therefore, that the effect of 

salinity on TBT sorption to natural sediments is dependent on pH. It is 

possible that this pH dependency may partly explain the inconsistencies and 

disagreement in the literature (Unger et al., 1988; Langston and Pope, 1995; 

Hoch, 2004) concerning salinity effects on TBT partitioning.  

6.4.3      Effect of pH 

TBT sorption/desorption with the sediment samples employed in this study 

was strongly pH dependent (Figure 6.1). The maximum KD values for TBT 

sorption were observed at pH 6 (Table 6.2). Desorption of TBT from the 

contaminated sediment sample SP also followed this general trend (Table 

6.3), although the differences between pH treatments were not statistically 

significant (P > 0.05). This may be attributable to greater analytical 

uncertainty associated with relatively low aqueous TBT concentrations. The 

observed pH-dependent behaviour is consistent with previous 

investigations into TBT sorption to natural sediments, quartz sand and clay 

minerals (Hoch et al., 2002; Bueno et al., 1998; Hoch, 2004; Hoch and 

Schwesig, 2004). It is also somewhat consistent with the sorption of other 

organic ions (such as the herbicides, diquat and paraquat), whereby 

maximum sorption occurs near the pH value numerically equal to the pKa 

of the organic acid (i.e. the “pKa rule” described in McBride, 1994). 

An important process influencing TBT sorption/desorption is hydrolysis of 

TBT
+
 according to (Arnold et al., 1997): 

TBT
+ 

 + H2O  ↔  TBTOH
0
 + H

+ 
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At equilibrium, this reaction is described by a mixed acidity constant (K’a), 

which can be calculated by: 

n

TBTOH

c

TBT
aa

f

f
K

TBT

HTBTOH
K

0][

}]{[ 0
' +

==
+

+

 

where the square brackets denote molar concentration, Ka is the mixed 

acidity constant at infinite dilution, {H
+
} is the activity of the proton, and f 

denotes the activity coefficient in aqueous solution. According to Arnold et 

al. (1997), the pKa value is 6.25. For charged species i (i.e. TBT
+
), the 

activity coefficient in aqueous solution (f) can be estimated with the use of 

the Davies equation: 
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where c

if is the activity coefficient of the charged species i, zi is its charge, 

and I is the ionic strength. For the uncharged TBTOH
0
 species, the effect of 

a given salt on the activity coefficient in water ( n

if ) can be calculated by: 

][10 saltKn

i

S

f =  

where K
S
 is the Setchenow constant for a given electrolyte, and [salt] is the 

total molar concentration of that electrolyte.  

Given the abundance of Cl
-
 in seawater, the following reaction may also be 

important to aqueous TBT speciation: 

TBT
+ 

 + Cl
-
  ↔  TBTCl

0 

which is described by the equilibrium constant (K’Cl): 

n
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where the activity coefficients in aqueous solution (f) for Cl
-
 and TBTCl

0
 

can be calculated as described above for charged and uncharged species, 

respectively. The parameter KCl is the equilibrium constant at infinite 

dilution, with log KCl equalling 0.60 according to Arnold et al. (1997). By 

assuming that seawater can be approximated as a NaCl solution (with a K
S
 

value of 0.61; Arnold et al., 1997), the K’a and K’Cl at a given ionic strength 

(I), corresponding to the 5 psu or 30 psu salinity employed in this study, can 

be calculated. The fractions (αTBT+, αTBTOH,αTBTX) of the aqueous TBT
+
, 

TBTOH
0
 and TBTCl

0
 species at a given pH can then be calculated by: 

]['101

1
' −−

−

+
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pKpHTBT a
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The TBT speciation plots presented in Figure 6.2a and Figure 6.2b indicate 

that at pH < 6, the TBT
+
 cation comprises approximately 36 % and 68 % of 

total TBT for 30 psu and 5 psu salinity, respectively. At pH 8, the TBT
+
 

cation comprises less than 2 % of total TBT. It should be noted that the 

speciation model presented in Figure 6.2 is a simplification of reality, and 

assumes that the TBT
+
, TBTCl

0
, and TBTOH

0
 species are the most 

important aqueous species (Arnold et al., 1997).  
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Figure 6.2. Aqueous speciation of TBT as a function of artificial seawater pH in (a) 5 
psu and (b) 30 psu salinity, and (c) log KOW of TBT at both 30 psu and 5 psu salinity. 

Speciation calculations were performed with the use of equilibrium constants 
reported by Arnold et al. (1997) and assumed that seawater could be approximated as 

a NaCl solution. 
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Berg et al. (2001) found that organotin sorption (at pH 7.3) in the presence 

of sedimentary organic matter was reversible and postulated that sorption 

occurred via the formation of inner-sphere complexes between the Sn atom 

and carboxylate and phenolate ligands. They suggest that sorption 

reversibility can be explained by imagining that, in aqueous solution, the 

polar organic ligands are more easily accessible as compared to the more 

hydrophobic compartments. Weidenhaupt et al. (1997) modelled TBT 

sorption to clay minerals by assuming formation of surface complexes 

between TBT
+
 and deprotonated surface hydroxyl groups or neutral surface 

species and neglecting the possible role of neutral TBTOH
0
 species, 

according to: 

≡S-OH
-
 + TBT

+
 ↔ ≡S-OHTBT 

If sorption of TBT to natural sediments does occur predominantly via this 

reaction (where S includes organic surfaces) then maximum sorption 

around pH 6 is to be expected. This is because (1) at higher pH values the 

cationic TBT
+
 becomes increasing less abundant (Figure 6.2a and 6.2b), 

and (2) as pH increases so too does the abundance of deprotonated surface 

ligands. Although the cationic TBT
+
 species is relatively abundant at pH 4, 

the abundance of deprotonated surface ligands is less than at pH 6. 

Therefore, at pH values near pH 6 there exists an optimal balance between 

abundance of TBT
+
 cations and the number of deprotonated surface 

ligands. 

In addition to the cationic TBT
+
 species, Figure 6.2a and Figure 6.2b 

indicate that the contribution from neutral TBTOH
0
 and TBTCl

0
 may also 

be important determinants of TBT sorption behaviour. According to Arnold 

et al. (1997), these neutral aqueous species are relatively hydrophobic, with 

octanol-water partition coefficients (KOW) in infinitely dilute solutions of 

10
4.09

 and 10
4.76

, respectively. In solutions of defined composition, the 

conditional KOW (denoted as K’OW) can be calculated by: 
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][log'log saltKKK
S

OWOW +=  

As discussed above, seawater can be approximately as a NaCl solution. 

Therefore the K’OW values for TBTOH
0
 and TBTCl

0
 can be calculated 

using the molar concentration of NaCl (denoted as [salt]) and the 

corresponding K
S
 value of 0.61 (Arnold et al., 1997). By considering these 

K’OW values, along with the abundance of the TBTOH
0
 and TBTCl

0
 species 

in artificial seawater, it is possible to estimate the overall hydrophobicity 

(expressed as KOW) of dissolved TBT as a function of pH for artificial 

seawater at 30 psu and 5 psu salinity (Figure 6.2c): 

)()(
'' 00

TBTCl

OWTBTCl

TBTOH

OWTBTOHOW KKK αα +=  

where K’OW
(TBTOH)

 and K’OW
(TBTOH)

 are the condition octanol-water partition 

coefficients for the aqueous TBTOH
0
 and TBTCl

0
 species, respectively 

A relatively consistent hydrophobicity (KOW values of 10
4.09

 to 10
4.57

 at 30 

psu and 10
4.09

 to 10
4.26

 at 5 psu) is calculated for the pH/salinity range 

employed in the present study (Figure 6.2c). This suggests that absorption 

of neutral TBT species (i.e. TBTOH
0
 and TBTCl

0
) to non-polar organic 

matter is of similar importance in all pH treatments. Whilst relationships 

for estimating the organic matter distribution coefficient (DOC) as a function 

of KOW are available for a range of non-polar sorbates, no such relationship 

has previously been developed for organotin species. As such, it is not 

presently possible to make a quantitative estimate of the importance to 

overall TBT sorption of hydrophobic partitioning of neutral TBT species 

into sediment organic matter. 

6.4.4      A conceptual model of pH and salinity effects 

The mechanism of sorption via complexation of the TBT
+
 cation with OH 

and O ligands at organic and mineral surfaces is consistent with the present 

results for sorption at pH 6 and pH 4. As expected for sorption involving 

the cationic TBT
+
 species, lesser KD values were found for 30 psu 
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compared to 5 psu artificial seawater at pH 4 and pH 6 (Table 6.2). This 

behaviour can be attributed to the lesser abundance of the TBT
+
 species in 

artificial seawater with 30 psu compared with 5 psu salinity (Figure 6.2a 

and 6.2b). Calculation of aqueous TBT speciation indicates that this is a 

result of the increased importance of the TBTCl
0
 species with increased 

salinity. Reduced TBT
+
 sorption with increased salinity at pH 4 and pH 6 

may also be due to increased competition for surface functional groups by 

major seawater cations (Ca
2+

, Mg
2+

, Na
+
 and K

+
). 

The present results also suggest that sorption via complexation of TBT
+
 by 

surface ligands may be of reduced importance at pH > 6 for natural 

sediments. In the present study, at pH 8 observed KD values for TBT 

sorption at 5 psu were less than the corresponding values at 30 psu salinity 

(Table 6.2). This is consistent with a “salting-out” phenomena, typical of 

hydrophobic compounds (i.e due to the greater ionic strength of 30 psu 

artificial seawater compared to the 5 psu matrix). Non-polar species are 

known to sorb predominantly via hydrophobic partitioning to organic 

matter. At pH 8 (which is typical of full marine conditions), aqueous TBT 

occurs almost exclusively as the neutral TBTOH
0
 species (Figure 6.2a and 

6.2b). As such, the primary sorption mechanism at pH 8 is likely to be 

hydrophobic partitioning to organic matter. This is consistent with 

Poerschman et al. (1997), who studied sorption of 6 organotin compounds 

to particulate organic matter at pH 7.5 (in order to rule out the presence of 

organotin cations) and found increasing sorption with increased degree of 

alkylation (i.e. increased hydrophobicity). 

Under estuarine salinity conditions above pH 6 (i.e approximately the pKa 

for TBTOH
0
 formation) hydrophobic partitioning of the neutral TBTOH

0
 

species to non-polar organic matter may be the predominant sorption 

mechanism. Under more acidic conditions, the cationic TBT
+
 species may 

be sorbed via formation of inner-sphere complexes with surface ligands. 

The speciation results presented in Figure 6.2a and Figure 6.2b along with 

the KOW behaviour shown in Figure 6.2c indicate that hydrophobic 
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partitioning of the neutral TBTCl
0
 to organic matter is also important under 

acidic conditions (i.e. pH < 6). 

Overall, the results from the present study can be combined with 

information on TBT speciation and hydrophobicity to generate a conceptual 

model of TBT sorption behaviour (Figure 6.3). Under acidic conditions, 

TBT is sorbed by both complexation of TBT
+
 with deprotonated surface 

ligands as well as hydrophobic partitioning of TBTCl
0
 into non-polar 

organic matter. Under less acidic conditions, sorption can be attributed to 

hydrophobic partitioning of TBTOH
0
 into non-polar organic matter. The 

abundance of the cationic TBT
+
 species is very low at higher pH (Figure 

6.2a and 6.2b), and the importance of hydrophobic partitioning as a sorption 

mechanism (estimated by KOW) is relatively constant as a function of pH 

(Figure 6.2c). Maximum TBT sorption around pH 6 is therefore 

predominantly a consequence of the sorption of cationic TBT
+
 (which 

depends on the abundance of TBT
+
 as well as deprotonated surface 

ligands). 

The results show that TBT sorption/desorption with natural sediment in 

artificial seawater can be strongly influenced by changes in pH and salinity. 

The observed behaviour can be rationalised by considering the contrasting 

sorptive behaviour of the neutral (TBTOH
0
, TBTCl

0
) and cationic (TBT

+
) 

species at given pH/salinity conditions. The observed sorption results and 

calculated TBT speciation partly explain why observed partition 

coefficients may vary in different studies by several orders of magnitude. 
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Figure 6.3. Conceptual representation of the pH-dependency for sorption of the 
cationic TBT

+
 species via complexation by deprotonated surface ligands. 
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Chapter 7: The effect of aging on 

tributyltin partitioning in estuarine 

sediments 

Selected aspects of the work presented in this chapter have been published 

as: 

Burton, E. D., Phillips, I. R. and Hawker, D. W. (In Press). Tributyltin 

partitioning in sediments: Effect of aging. Chemosphere 
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7.1     ABSTRACT 

The effect of aging on the solid/pore-water partitioning and desorption 

behaviour of tributyltin in sediments has been examined for the first time. 

Three sediment samples with contrasting physical and chemical properties 

were spiked with 10 mg/kg TBT and aged under sterile conditions for 

periods of time ranging from 1 to 84 days. The magnitude of aging effects 

was dependent on the sediment organic carbon content. Aging had a 

negligible effect on partitioning and desorption behaviour in a sandy sample 

with very low organic carbon content (0.2 % w/w). In contrast, for samples 

with larger amounts of organic carbon (2.6 and 4.8 % w/w), the effect of 

aging on the solid/pore-water partitioning behaviour was significant. For 

these samples, the apparent distribution coefficients (KD) obtained from 

sequential two hour desorption experiments exhibited a two-fold increase 

between spiked sediments subjected to aging for 1 day and 84 days. The 

effect of aging was consistent with hydrophobic partitioning of neutral 

TBTOH
0
 into poorly accessible compartments within sediment organic 

matter. This study demonstrates that aging effects may be an important 

aspect of TBT fate in contaminated sediments. 
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7.2     INTRODUCTION 

Tributyltin (TBT) has been employed as an antifouling agent on water 

vessels due to its high degree of toxicity towards marine invertebrates. This 

toxicity also makes TBT an ecological risk to nontarget organisms, and has 

lead the International Maritime Organisation (IMO) to implement 

regulations to phase out the use of TBT in antifouling paints by 2008 (IMO, 

2001). Despite reductions in the amount of TBT introduced to the aquatic 

environment from antifouling paints, TBT concentrations in benthic 

sediments remain high in many areas. For example, TBT concentrations as 

high as 8750 µg/kg were reported in Chapter 4 for sediment collected from 

a commercial marina. Contaminated sediments may act as a source of TBT 

to the overlying waters and may exert a direct adverse effect on benthic 

organisms, even if further inputs of TBT from antifouling paints are halted. 

Tributyltin sorption to sediment particles and degradation to less toxic 

dibutyltin (DBT) and monobutyltin (MBT) are recognised as important 

processes influencing the ecotoxicological risk posed by TBT-contaminated 

sediments (Batley, 1996). In Australia, interim sediment quality guidelines 

for TBT are based on the assumption of equilibrium partitioning between 

solid and aqueous phase species (ANZECC/ARMCANZ, 2000). However, 

ANZECC/ARMCANZ (2000) acknowledge that there is still a large degree 

of uncertainty with regard to TBT partitioning in sediments, and future 

research is required to develop a thorough understanding of TBT 

partitioning behaviour.  

Laboratory-based studies examining TBT sorption/desorption in aquatic 

systems have generally employed “equilibration” times of less than 24 

hours, with some studies extending “equilibration” times to a few days. 

Unger et al. (1988) reported that “equilibrium” was attained within minutes 

to a few hours. Langston and Pope (1995) found that the majority of TBT 

sorption occurred rapidly (i.e. within 10 minutes), and consequently 

employed a contact time of 24 hours to “ensure equilibrium”. Hoch and 
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Schwesig (2004), Hoch (2004), Behra et al. (2003) and the study presented 

in Chapter 6 also employed a contact time of 24 hours. To the authors’ 

knowledge, of all published studies examining TBT sorption, Berg et al. 

(2001) have employed the longest TBT-sediment contact time (72 hours).  

Despite the dominance of relatively short contact times employed in TBT 

partitioning studies, it has been noted that contaminant sorption to 

sediments may proceed at relatively slow rates for long periods of time after 

an initial rapid phase (Pignatello and Xing, 1996; Alexander, 2000; Reid et 

al., 2000). This slow sorption process has been reported for several organic 

compounds and is termed “aging” (Hatzinger and Alexander, 1995). At 

present, no published studies have provided direct evidence for an aging 

effect during TBT sorption to sediments. However, partitioning results from 

some studies have provided indirect evidence supporting the hypothesis that 

aging effects may be important for TBT fate. For example, Unger et al. 

(1988) found exceptionally high distribution coefficients (KD) from in-situ 

partitioning between sediment and pore-water at some field sites of TBT 

contamination in comparison to KD values obtained from short-term 

laboratory sorption experiments. Similarly, the work reported in this thesis 

describes relatively high KD values for TBT desorption from an “aged”, 

field-contaminated sediment in comparison to KD values for short-term 

TBT sorption to sediments with similar properties (Chapter 6). Unger et al. 

(1988) has suggested that the presence of TBT bound within discrete paint-

chips may be responsible for such observations. However, Pignatello and 

Xing (1996) attribute similar results from comparisons of KD values 

(between aged samples and freshly contaminated samples) to various 

possible “aging” processes. 

Potential TBT aging effects are important when one considers that sediment 

quality guidelines applied to field sites (where TBT/sediment contact times 

may be years to decades) have been developed based on short-term 

partitioning behaviour (ANZECC/ARMCANZ, 2000; Weston, 1996). 

Alexander et al. (2000) points out that the bioavailability of “aged” 
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contaminants from field sites is often overestimated based on partitioning 

results from short-term studies. This overestimation may lead to perceived 

requirements for sediment remediation in areas that pose little ecological 

risk, and thereby divert funds from remediation projects where the risk is 

greater.  

The objective of this study, therefore, was to investigate the effect of aging 

on TBT partitioning in sediments. This work, as far as we are aware, is the 

first to examine long-term changes to solid/pore-water partitioning and 

desorption behaviour of TBT under abiotic conditions. As described above, 

this information is potentially important when assessing TBT fate and 

associated ecological risk in sediments. 

7.3     METHODS 

7.3.1      Sediment collection and characterisation 

Three (3) natural sediment samples (designated MM, FS and CS, as in 

Chapter 6) with contrasting physical and chemical properties were collected 

from southern Moreton Bay, south-east Queensland, Australia. Previous 

work presented in Chapter 6 has shown sediment from these locations to be 

pristine with regard to organotin contamination. The samples were 

collected from the exposed, 0 – 5 cm depth interval of a (MM) mangrove 

forest, (FS) mud-flat, and (CS) sand-bank at low tide. They were then 

transported to the laboratory in the dark and on ice in clean glass jars, and 

stored wet at 4°C until use.  

The pH of the saturated sediment samples was recorded immediately upon 

arrival in the laboratory (within 5 hrs of sample collection) with a Beckman 

φ50 meter and electrode. The gravimetric water content was determined by 

oven drying at 105 °C for 24 hr (Percival and Lindsay, 1997). Particle size 

distribution was determined with the hydrometer method described by Gee 

and Bauder (1986). The cation exchange capacity and organic C content 

were determined as described in Rayment and Higginson (1992). 
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7.3.2      Partitioning Experiments 

In order to prevent biodegradation of TBT, the sediment samples were first 

treated with NaN3 (200 mg/kg; Wolf and Skipper, 1994). Subsequently, the 

sediment samples were spiked with 10 mg/kg TBT (dry wt.) by adding 10 

mL of a 1000 mg/L TBT in MeOH solution to 1 kg (dry wt.) of sediment. 

This concentration is comparable with TBT concentrations observed in 

heavily contaminated sediments from harbours and marinas (see Chapter 4; 

Diez et al., 2002; Dowson et al., 1993; Stewart and De Mora, 1992). The 

TBT-spiked sediment was thoroughly homogenised with the use of a 

stainless steel spatula, and aliquots were transferred to acid-washed glass 

jars (approximately 60 cm
3
 volume), which acted as reaction chambers. The 

jars were completely filled with spiked-sediment in order to minimise 

headspace that might have facilitated TBT volatilisation. They were sealed 

with an aluminium foil lined lid, and were stored in the dark at 20 ± 3 °C. 

At various periods of time ranging from 1 to 84 days, reaction chambers 

were sacrificed and processed. For each contact time, pore-water was 

removed by shaking approximately 10 g of sediment with 20 mL of 

artificial seawater for 30 seconds followed by centrifugation (4000 g, 10 

min). A 10 mL aliquot of the supernatant was transferred to a 50 mL 

volumetric flask and stored frozen until butyltin derivatisation and 

extraction.  

7.3.3      Desorption Experiments 

The effect of contact time (1 and 84 days) on TBT desorption from 

sediment spiked with 10 mg/kg TBT was examined by performing five (5) 

sequential desorption steps. This involved shaking 10 g of sediment with 40 

mL of artificial seawater in 50 mL pyrex vials for 2 hours, followed by 

centrifugation and retention of the supernatant as described above. This 

procedure was repeated five times, in order to simulate TBT desorption 

during repeated sediment resuspension events that might occur in the field 

due to wind-, storm-, dredging- or vessel-induced water movement. 

Between successive desorption steps the vials were weighed to determine 
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the mass (and hence volume) of entrained TBT remaining from the 

previous desorption step.  

7.3.4      Analytical Techniques 

Extraction of sediment-bound TBT was performed in accordance with the 

method developed by Carlier-Pinasseau et al. (1997a; 1997b). A mass of 4 

g (dry wt. equivalent) of sediment was introduced into a 50 mL pyrex vial 

along with 20 mL of glacial acetic acid. The vials were shaken for 4 hrs, 

then the suspension centrifuged at 4000 g for 15 min. An aliquot of the 

supernatant (2 mL) was then withdrawn and added to a 50 mL volumetric 

flask, along with 5 mL of acetic acid/acetate buffer solution (5 M, pH 5). 

The contents of the flasks were then made up to 50 mL with deionised 

water. This solution was then derivatised, extracted and analysed by gas 

chromatography – mass spectrometry (GC-MS), as described below for 

water samples. The reliability of the extraction method for total TBT, DBT 

and MBT compounds was verified by triplicate analysis of the certified 

reference sediment PACS-2 from the National Research Council of Canada. 

The recovery of TBT and DBT from PACS-2 was within the 95 % 

confidence interval of the certified values on all occasions. The recovery of 

MBT was 70 % of the certified value of 450 ± 50 µg/kg. 

TBT and its degradation products DBT (dibutyltin) and monobutyltin 

(MBT) were quantified by GC-MS subsequent to derivatisation using 

NaBEt4 and extraction with hexane as described by Arnold et al. (1998). 

Tripropyltin chloride (TPT) was used as an internal standard, and was 

added to derivatisation/extraction vessels (i.e. the 50 mL volumetric flasks 

used to store the pore-water and sediment extracts) at a concentration of 2 

µg/L.  

For pore-water samples, the pH was adjusted to pH 5.0 by adding 1 mL of 

acetic acid/acetate buffer solution (5 M, pH 5) and the flask was shaken 

briefly. A volume of 150 µL of freshly prepared 1.5 % (w/v) NaBEt4 

aqueous solution was added and the flask again shaken briefly. The 
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ethylated butyltins were then extracted into 0.5 mL of hexane by shaking 

for 2 hrs. The supernatant hexane phase was removed and analysed by GC-

MS-SIM.  

Analysis of organotin species was performed using an electron impact GC-

MS (Agilent 6890 Series GC System and Agilent 5973 Mass Selective 

Detector) in the selected ion monitoring (SIM) mode, fitted with a DB-5 

capillary column (30 m x 250 µm internal diameter and 0.25 µm film 

thickness). Eight mass to charge ratios were monitored (233, 235, 247, 249, 

261, 263, 289, 291; dwell time = 100 msec) for ethylated MBT, DBT, TBT 

and TPT. The ion energy of the MS was 70 eV, the ion source temperature 

was 240°C and the interface was maintained at 280°C. The GC temperature 

program was as follows: 70°C (1 min), increased to 280°C at 10°C/min, 

then held at 280°C for 2 min. Samples (2 µL) were injected with a 30:1 

split ratio, and an injector temperature of 250°C. Peaks in the 

chromatograms were assigned to individual organotin species on the basis 

of retention times (MBT 7.72 min, TPT 8.63 min, DBT 9.89 min, TBT 

11.78 min), with quantification by integration of peak area.  

In the present paper, all TBT concentrations are reported as Sn. Sediment 

solid-phase TBT concentrations are reported on a dry weight basis. 

7.4     RESULTS AND DISCUSSION 

7.4.1      Sediment properties 

The sediment samples examined in this study contained a relatively large 

proportion of sand sized particles (70 to 98 % w/w) and very low 

proportions of clay sized particles (< 4 % w/w) (Table 7.1). Samples MM 

and FS contained high and moderately high organic carbon contents 

respectively, whereas sample CS was very low in organic carbon. The 

moderately low cation exchange capacities (CEC’s) of the three sediment 

samples (Table 7.1) are attributable to their relatively coarse texture. The 

trend in CEC between sediment samples is consistent with the organic 
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carbon contents, thereby suggesting that organic matter is the main 

contributor to CEC in these samples. 

The short-term sorption (based on 24 hr sediment-TBT contact time) of 

TBT to the sediment samples used in this study has been described in 

Chapter 6. The short-term experiments showed that the extent of sorption 

was strongly dependent on pH, salinity and sediment properties, with TBT 

sorption affinity following the order MM > FS >> CS (which paralleled the 

trends in organic carbon content). With a 24 hr contact time, sorption to 

these three sediment samples was described by distribution coefficients of 

4600 L/kg for MM, 850 L/kg for FS and 6 L/kg for CS at pH 8 with an 

artificial seawater background solution (Chapter 6). 

Table 7.1.  Selected properties of the sediment samples examined in this study. 

Particle Size 

Analysis 

(%) Sediment 

Sample pH 

Water 

Content 

(g/g) 

Org. 

C 

(%) 

CEC 

(cmolC/kg) Sand Silt Clay 

MM 7.5 0.51 4.8 15.2 70 26 4 

FS 7.5 0.28 2.6 7.9 85 13 2 

CS 8.0 0.22 0.2 0.30 98 2 0 

 

7.4.2      Effect of contact time on partitioning  

The recovery of spiked-TBT from the three sediment samples examined in 

this study did not vary significantly as a function of contact time (Table 

7.2). The recoveries of total TBT as a proportion of spiked TBT ranged 

from 95.8 (± 1.9) to 121.5 (± 23.6) % for sample CS, 87.2 (± 22.1) to 103.8 

(± 27.8) % for sample FS, and 94.1 (± 9.7) to 117.6 (± 3.0) % for sample 

MM. These recoveries indicate that there was negligible decrease in total 

TBT during the 84 day duration of the experiments.  
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Table 7.2. Total TBT concentrations as a function of contact time in three sediment samples spiked with 10 mg/kg TBT. Values represent the mean ±±±± 
standard deviation of duplicate analyses.  

Total TBT (mg/kg) 

Contact 

Time 

(days) Sample CS Sample FS Sample MM 

1 10.31 ± 0.79 10.38 ± 2.78 10.04 ± 0.55 

7 12.15 ± 2.36 8.74 ± 0.52 11.75 ± 1.17 

14 9.58 ± 0.19 8.90 ± 2.36 11.54 ± 0.10 

28 10.01 ± 0.96 9.09 ± 0.17 11.76 ± 0.30 

42 11.66 ± 1.04 9.13 ± 1.54 9.41 ± 0.97 

56 10.87 ± 2.19 8.72 ± 2.21 11.04 ± 0.89 

84 9.88 ± 0.87 9.06 ± 1.47 9.89 ± 0.09 
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The sediment samples employed in this study were treated with sodium 

azide in order to inhibit bacterial activity, and thus prevent biodegradation 

of added TBT. The complete recovery of the added TBT (Table 7.2) and 

negligible concentrations of the degradation products DBT and MBT (data 

not shown) confirms that abiotic TBT degradation did not occur. This is 

consistent with the results of Landmeyer et al. (2004), who found minimal 

change in total TBT in sterilised TBT-spiked sediment over several months. 

It is however in contrast with research by Stang et al. (1992), who found 

evidence for rapid, abiotic degradation of TBT in sediments. These 

researchers reported that abiotic TBT degradation in clayey sediments 

occurred in two phases, with rapid degradation (23 to 94 %) occurring 

within 2 days, followed by slower degradation rates during the next 5 to 7 

days. Stang et al. (1992) attributed rapid abiotic TBT degradation in their 

clayey sediments to interactions between TBT and clay mineral surfaces. 

Therefore the coarse sediment texture of samples CS, FS and MM may help 

to explain the negligible degree of abiotic degradation observed in the 

present study. 

With TBT-sediment contact times ranging from 1 to 84 days, relatively 

high pore-water TBT concentrations ranging from 15500 to 20600 µg/L 

were observed for sediment sample CS (Table 7.3). This sediment sample 

was low in organic carbon and was predominantly composed of sand sized 

particles. The pore-water TBT concentrations were lower for samples FS 

and MM ranging from 35.2 to 92.8 µg/L and 11.3 to 21.4 µg/L, respectively 

(Table 7.3). The pore-water TBT concentrations for sample CS (and to a 

lesser degree samples FS and MM) are higher than those generally reported 

for in-situ pore-water from TBT-contaminated sediments containing 

comparable total (i.e. pore-water + sorbed) TBT concentrations. For 

example, Chapter 4 reports a maximum pore-water TBT concentration of 

2.35 µg/L in a sediment profile from a commercial marina that exhibited 

total TBT in the mg/kg range (up to 8.75 mg/kg).  
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Table 7.3. Pore-water TBT, sorbed TBT and KD values as a function of contact 

time in three sediment samples spiked with 10000 µµµµg/kg TBT. 

Contact 

Time 

(days) 

Pore-water TBT
A
 

(µµµµg/L) 

Sorbed TBT
B
 

(µµµµg/kg) 

KD
 

(L/kg) 

Sample CS 

1 18900 ± 560 4216 0.22 

7 15500 ± 2360 5244 0.34 

14 18800 ± 2300 4241 0.23 

28 21400± 200 3436 0.16 

42 19500± 1440 4032 0.21 

56 20600± 2110 3705 0.18 

84 16800± 2530 4845 0.29 

Sample FS 

1 92.8± 4.1 9964 107 

7 65.7± 1.1 9974 152 

14 59.5± 4.8 9977 168 

28 35.2± 8.8 9986 284 

42 43.0± 14.2 9983 232 

56 34.9± 2.6 9986 286 

84 47.9± 1.3 9981 208 

Sample MM 

1 19.7± 1.3 9980 507 

7 21.4± 2.9 9978 466 

14 15.3± 0.9 9984 653 

28 14.5± 3.1 9985 687 

42 11.3± 0.5 9988 882 

56 15.5± 1.3 9984 646 

84 13.2± 1.3 9986 755 

A
Mean ± standard deviation of duplicate analyses. 

B
Sorbed TBT was calculated by subtracting pore-water TBT (expressed as 

µg/kg dry wt.) from added TBT (10000 µg/kg dry wt.). 
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The partitioning of TBT between pore-water and sorbed phases may be 

described by an apparent distribution coefficient (KD): 

KD = CS / CA 

where CS and CA denote the sorbed and aqueous TBT concentrations, 

respectively. In the present study, the CS concentration was determined by 

the difference between added TBT and CA (when expressed as µg/kg) The 

corresponding KD values describing the solid/pore-water partitioning of 

TBT ranged from 0.16 to 0.34 L/kg for sample CS, 107 to 286 L/kg for 

sample FS and 466 to 882 L/kg for sample MM depending on contact time 

(Table 7.3). The magnitude of these KD values follows the order of 

increasing organic carbon content of the sediment samples. This is 

consistent with the assertion of Berg et al. (2001) that organic matter is the 

most important sorbent for TBT in most sediments.  

The KD values above describing solid/pore-water TBT partitioning over 

time periods ranging from 1 to 84 days observed in the present study are 

approximately an order of magnitude less than the KD values determined 

from sorption isotherms using the same sediment samples as described in 

Chapter 6 (Table 7.4). In the work described in Chapter 6, a batch sorption 

isotherm approach (Roy et al., 1991), 24 hr contact time, and a sediment to 

artificial seawater ratio of 1:10 was employed. In the present study, the 

TBT-spiked sediment was allowed to age at the field water content of the 

sediments. The lower KD values observed in this study, as compared to 

Chapter 6, may be attributed to interactions between added TBT and native 

complexing agents present in the natural pore-water of the sediment. 

Additionally, vigorous shaking as employed in the experiments described in 

Chapter 6 may have facilitated TBT access to additional sorption sites 

thereby further contributing to higher KD values. In general, this indicates 

that the experimental protocols employed to describe TBT sorption to 

natural sediments may exert a relatively large effect on the resultant KD 

values. 
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Table 7.4. Summary comparison of KD values, obtained using various 
experimental approaches, for TBT sorption and desorption with sediment samples 

CS, FS and MM. 

KD (L/kg) 
Experimental 

Approach 

Contact 

Time 

(days) 
CS FS MM 

Sorption
A
 

(previous work)
 1 6 850 4600 

1 0.22 107 507 Sorption
B
 

(this study) 84 0.29 208 755 

1 - 805 2680 Desorption
C
  

(this study) 84 - 1700 4690 

1 3.2
E 

725 2630 Desorption
D
  

(this study) 84 6.7
E 

1560 5820 

A
Chapter 6 - Employed a 24 hr contact time, vigorous shaking, 1:10 solid to 

solution ratio, and pH 8 artificial seawater matrix. 

B
Wet sediment spiked with 10 mg/kg TBT and aged for up to 84 days. 

C
Determined by linear regression to desorption data presented in Figure 7.2. 

D
Average KD value for 5 single-point KD values derived from 5 sequential 

desorption steps. 

E
These values are averages of available single, point KD values presented in 

Table 7.5 for TBT desorption from sample CS. 
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The pore-water TBT concentrations observed in CS did not vary 

systematically as a function of contact time (Table 7.3). In contrast, for 

samples FS and MM the pore-water TBT concentrations for contact times 

of 1 day were greater than those for 84 days. For 1 day and 84 days contact, 

pore-water TBT in samples FS and MM decreased from 92.8 (± 4.1) to 47.9 

(± 1.3) µg/L and from 19.7 (± 1.3) to 13.2 (± 1.3) µg/L, respectively (Table 

7.3). The results presented in Figure 7.1 reveal that slow sorption over 84 

days in samples FS and MM caused a trend of reductions in pore-water 

TBT concentrations.  

 

20

40

60

80

100

P
o
re

-w
at

er
 T

B
T

 (
µ

g
/L

) 

0 20 40 60 80

Contact Time (days)

5

10

15

20

25

(a)

(b)

 

Figure 7.1. Pore-water TBT concentration in sediment sample FS (a) and MM (b) as 
a function of contact time after spiking with 10 mg/kg TBT. The solid lines represent 
lines of best fit to the empirical kinetic equation presented in the text. Data points are 

the mean ±±±± standard deviation of duplicate experiments. 
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Given the very coarse texture (98 % sand sized particles) and low organic 

carbon content (0.2 %) of sample CS, TBT sorption to sample CS probably 

occurs primarily via weak interactions on the surface of quartz particles. 

Such interactions may include exchange of water for the neutral TBTOH
0
 

or TBTCl
0
 species on siloxane regions (-Si-O-Si-) of intermediate polarity. 

Sorption of TBT (using the batch isotherm approach) to sample CS at pH 6 

in artificial seawater was described by a KD value of 24.7 L/kg (Chapter 6). 

This was consistent with work by Hoch and Schwesig (2004) and Bueno et 

al. (2001), who found KD values of 25 L/kg and 29 L/kg, respectively, for 

TBT sorption to pure quartz. These comparisons support the assumption 

that TBT sorption to sample CS is primarily due to adsorption to quartz 

surfaces.  

According to Pignatello and Xing (1996), the potential causes of slow 

sorption are related to activation energy involved in chemisorption and 

mass-transfer limitations (molecular diffusion). Adsorption to a flat, rigid 

surface is usually not limited by activation energy and thus should occur 

practically instantaneously. The 2-dimensional association with quartz 

surface sites would explain the observation that the pore-water TBT 

concentration for sample CS remained roughly constant over the 84 days 

contact period employed in this study. 

For sample FS and MM (which contained 2.6 and 4.8 % organic carbon, 

respectively), organic matter is expected to be the dominant sorbent (Berg 

et al., 2001). Sorption of TBT by organic matter can occur via (1) inner-

sphere complexes between the Sn atom and carboxylate and phenolate 

ligands, (2) electrostatic interactions between the TBT
+
 species and 

negatively charged surfaces, and (3) absorption of TBTOH
0
 and TBTCl

0
 via 

hydrophobic partitioning into non-polar regions (Berg et al., 2001; Hoch et 

al., 2002; Weidenhaupt et al., 1997). The work described in Chapter 6 

suggests that, for sediments such as sample FS and MM, hydrophobic 

partitioning of neutral TBT species to organic matter is the dominant 

sorption mechanism in artificial seawater at pH 8.  
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Natural organic matter can be visualized as a complex mixture of 

macromolecules, exhibiting both hydrophobic and hydrophilic domains 

(Schwarzenbach et al., 2003). Portions of organic matter in sediment 

include “rubbery” domains with a fluid character as well as “glassy” 

domains, which are more rigid in character (Leboeuf and Weber, 1997; 

Xing and Pignatello, 1997). The glassy domains contain microvoids of a 

few nanometers size that are accessible only by slow diffusion through the 

solid-phase (Aochi and Farmer, 1997; Pignatello and Xing, 1996). Thus, for 

conditions where hydrophobic partitioning of TBT is the dominant sorption 

mechanism, slow sorption kinetics are expected due to diffusion-controlled 

absorption of TBT into natural organic matter. 

Sparks (2003) reports that the following equation often provides a good 

empirical fit to sorption data where the rate of sorption is controlled by 

diffusion: 

atRC D +−= 2
1

 

where RD  and a are empirical constants. According to Sparks (2003), the 

RD value reflects an overall diffusion coefficient. The pore-water TBT 

concentrations were significantly  (P < 0.10) fit to this equation for sample 

FS (r
2
 = 0.65) and MM (r

2
 = 0.60)(Figure 7.1). For sample FS, the RD value 

was 5.8 µg day
-1/2

 L
-1

 and the a value was 84 µg/L. The parameters 

describing TBT sorption kinetics to sample MM were of a lesser the 

magnitude than those for FS with RD = 0.96 µg day
-1/2

 L
-1

 and n = 20 µg/L.  

The greater RD values for sample FS probably reflect a lesser abundance of 

surface sites available for TBT sorption in comparison to sample MM. The 

lower number of surface sorption sites in sample FS means that once the 

rapid equilibrium between pore-water and TBT adsorbed to readily 

accessible sites is attained, the pore-water TBT concentrations will be 

greater in sample FS compared to sample MM. This higher pore-water TBT 

concentration in sample FS creates a relatively large TBT concentration 

gradient between pore-water and slowly accessible, internal sites in natural 
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organic matter. In turn, this larger concentration gradient between pore-

water and internal sites for sample FS compared to sample MM results in 

larger RD values for the former sample.  

Numerous studies have shown that sorption of hydrophobic contaminants to 

soils and sediments is characterised by a rapid, reversible stage followed by 

a much slower, nonreversible stage (Karickhoff and Morris, 1985; Kan et 

al., 1997). Ma et al. (2000) examined TBT sorption to natural sediment 

over a 30 hr period and found that sorption was biphasic, with an initial 

rapid phase occurring in the 0 to 300 minute period and a second slower 

phase commencing after approximately 300 minutes contact time. These 

researchers attributed the second, slower phase to diffusive transfer of TBT 

from pore-water to internal sorption sites. This is consistent with the results 

from the present study, which show a trend of slow, continuous sorption of 

TBT to sediment sample FS and MM from 1 to 84 days contact time 

(Figure 7.1). 

7.4.3      Effect of contact time on desorption 

The rapid phase of sorption for TBT has been previously ascribed to 

interaction with surface sites in a labile form that is easily desorbed (Ma et 

al., 2000). Previous short-term studies examining TBT sorption-desorption 

have shown that TBT sorption is a fully reversible process (Berg et al., 

2001; Hoch et al., 2002). However, Pignatello and Xing (1996) and 

Alexander (2000) have shown that aging processes (including diffusion into 

natural organic matter) can reduce the reversibility of contaminant sorption 

leading to some degree of hysteresis between sorption and desorption 

isotherms. 

The results presented above suggest that TBT diffusion into natural organic 

matter contributed to continued slow sorption over 84 days for samples FS 

and MM. This aging process can be visualised as the movement of TBT 

from accessible, surface sediment compartments (supplied by pore-water 

TBT) into less accessible interior compartments. Desorption of TBT from 
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these internal sites within natural organic matter in samples FS and MM is 

likely to exhibit some degree of hysteresis related to slow diffusion 

processes.  

Desorption of TBT from the three spiked samples employed in this study 

was examined with the use of 5 sequential, 2 hr desorption steps using 

artificial seawater. The effect of aging was examined by comparing 

desorption from the spiked samples for TBT contact times of 1 day and 84 

days. For sample CS, the 5 desorption steps resulted in complete desorption 

of previously sorbed TBT for both 1 day and 84 days contact (Table 7.5). In 

contrast, for samples FS and MM relatively little (< 3 %) of the spiked TBT 

was desorbed during the 5 desorption steps.  
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Table 7.5.  Results (mean ±±±± standard deviation of duplicate experiments) for TBT 
desorption from three sediment samples spiked with 10 mg/kg TBT after contact 

times of 1 day and 84 days.  

Desorp. 
step 

Aqueous TBT 

(µµµµg/L) 
Desorbed TBT 

(mg/kg) 

Cumulative 
desorbed TBT 

(mg/kg) 
KD  

(L/kg) 

Sample CS, 1 day 

1 1181 ± 895.9 4.72 ± 3.65 4.72 ± 3.65 4.5 

2 924 ± 66.1 3.66 ± 0.34 8.38 ± 3.99 1.8 

3 507 ± 214.2 2.00 ± 0.81 10.39 ± 3.18 
a 

4 359 ± 1.0 1.42 ± 0.03 11.81 ± 3.20 
a 

5 110 ± 15.1 0.44 ± 0.07 12.24 ± 3.27 
a 

Sample CS, 84 days 

1 1263.1 ± 185.8 5.12 ± 0.85 5.12 ± 0.85 3.9 

2 269.3 ± 20 1.09 ± 0.1 6.22 ± 0.95 14.0 

3 348.3 ± 183.8 1.42 ± 0.77 7.63 ± 1.72 6.8 

4 386.1 ± 9.5 1.56 ± 0.07 9.2 ± 1.79 2.1 

5 261.2 ± 4.4 1.06 ± 0 10.26 ± 1.79 
a 

Sample FS, 1 day 

1 21.7 ± 2.4 0.087 ± 0.010 0.087 ± 0.010 460 

2 13.0 ± 0.1 0.052 ± 0.001 0.139 ± 0.009 760 

3 11.9 ± 0.1 0.048 ± 0.001 0.187 ± 0.008 820 

4 12.7 ± 1.5 0.051 ± 0.006 0.239 ± 0.002 770 

5 11.9 ± 2.7 0.048 ± 0.011 0.286 ± 0.013 820 

Sample FS, 84 days 

1 8.8 ± 1.8 0.035 ± 0.008 0.035 ± 0.008 1130 

2 6.5 ± 0.2 0.026 ± 0.000 0.060 ± 0.008 1530 

3 5.7 ± 1.4 0.022 ± 0.005 0.083 ± 0.003 1740 

4 5.1 ± 0.2 0.020 ± 0.000 0.103 ± 0.003 1940 

5 6.7 ± 0.7 0.027 ± 0.002 0.129 ± 0.001 1470 

Sample MM, 1 day 

1 7.5 ± 1.1 0.031 ± 0.005 0.031 ± 0.005 1330 

2 6.0 ± 2.1 0.024 ± 0.008 0.055 ± 0.003 1660 

3 3.6 ± 1.0 0.015 ± 0.004 0.070 ± 0.001 2760 

4 2.9 ± 1.4 0.012 ± 0.006 0.082 ± 0.007 3420 

5 2.5 ± 0.5 0.010 ± 0.002 0.092 ± 0.009 3960 

Sample MM, 84 days 

1 3.8 ± 0.1 0.015 ± 0.000 0.015 ± 0.000 2630 

2 3.7 ± 0.8 0.015 ± 0.003 0.030 ± 0.003 2690 

3 2.7 ± 1.4 0.011 ± 0.006 0.041 ± 0.003 3690 

4 1.3 ± 1.0 0.005 ± 0.004 0.046 ± 0.007 7660 

5 0.8 ± 0.4 0.003 ± 0.002 0.049 ± 0.005 12400 

a
Indicates complete desorption of added TBT.
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There were substantial differences between cumulative TBT desorption 

from both samples FS and MM for contact times of 1 day versus 84 days 

(Table 7.5). For sample FS, 2.86 % of added TBT was cumulatively 

desorbed after a contact time of 1 day, but only 1.29 % was desorbed after 

84 days contact time. For sample MM, 0.92 % and 0.49 % of added TBT 

was cumulatively desorbed for contact times of 1 day and 84 days, 

respectively. The proportion of added TBT that was cumulatively desorbed 

during the 5 desorption steps followed the order CS1d = CS84d >> FS1d > 

FS84d > MM1d > MM84d. This is consistent with the hypothesis that organic 

matter is the principal sorbent for TBT under the experiment conditions 

employed in this study. 

Since each desorption step removed only a small proportion of the 

originally spiked TBT for samples FS and MM, the amount of desorbed 

TBT was roughly constant for each step. The cumulative desorption of TBT 

from samples FS and MM was thus well described (r
2
 > 0.90) by a linear 

relationship between cumulatively desorbed TBT and the desorption step 

number (Figure 7.2). The intercept of the linear relationships was consistent 

with the pore-water TBT concentrations determined for these samples 

following the appropriate contact time. For cumulative TBT desorption 

from sample FS, the slope of the linear relationship shown in Figure 7.2 

was 49.7 µg kg
-1

 and 23.2 µg kg
-1

 for 1 day and 84 days contact time, 

respectively. For TBT desorption from sample MM, the values were lower; 

14.9 µg kg
-1

 and 8.5 µg kg
-1

 for 1 day and 84 days contact time, 

respectively.  
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Figure 7.2. Desorption of TBT from two sediment samples spiked with 10 mg/kg 

TBT and aged for 1 day or 84 days. Data points represent the mean ±±±± standard 
deviation of duplicate experiments. The solid-line is the linear regression fit to the 
data, and the broken line denotes the initial contribution of pore-water TBT to the 

amount desorbed. 

These slope values (S) can be related to an apparent KD value by the 

approximation: 

KD = CS / (S * PC) 

where S is the slope of the cumulative desorption plots in Figure 7.2, and 

PC is the solid:solution ratio (which was 0.25 kg/L). It should be noted that 

this approach provides only an approximate estimate of KD, and is valid 

only for situations where there is a very minor overall amount of desorption 

(i.e. the value of CS can be assumed to be constant at 10 mg/kg). For sample 

FS, this calculation revealed KD values of 805 L/kg for 1 day contact time 

and 1700 L/kg for 84 days contact time (Table 7.4). For sample MM, the 

corresponding KD values were 2680 L/kg and 4690 L/kg (Table 7.4). 



 254 

Single-point KD values can also be calculated by dividing the amount of 

TBT remaining sorbed during the sequential desorption experiment by the 

pore-water TBT concentration for each single, desorption step (Table 7.5). 

The average single-point KD values (± standard deviation of duplicate 

experiments) describing desorption of freshly sorbed (1 day contact time) 

TBT were 725 ± 152 L/kg for sample FS and 2630 ± 1120 L/kg for sample 

MM (Table 7.4). These average KD values are comparable to KD values of 

850 L/kg for sample FS and 4600 L/kg for sample MM reported in Chapter 

6 for previous work examining short-term TBT sorption to these sediment 

samples (Table 7.4). For desorption of aged TBT (84 days contact time), the 

KD values from the present study were 1560 ± 300 L/kg for sample FS and 

5820 ± 4230 L/kg for sample MM. These data are in agreement with KD 

values derived from the slopes of plots presented in Figure 7.2 (see Table 

7.4 for a summary). Comparison of the average single-point KD values for 

desorption of freshly sorbed versus aged TBT in these samples using a 

paired t-test indicated that the KD values describing desorption from aged 

samples were significantly greater than those for 1 day TBT contact time.  

The results indicate that desorption of TBT from samples FS and MM 

occurred more extensively following 1 day contact time as compared to 84 

days contact time. There was good agreement between KD values for TBT 

sorption to samples FS and MM based on a contact time of 1 day as 

presented in Chapter 6 and the KD values for desorption of freshly sorbed 

TBT presented in the present study (Table 7.4). This supports previous 

work showing that desorption of freshly sorbed TBT is essentially 

reversible (Berg et al., 2001; Hoch et al., 2002). This reversibility is 

consistent with Berg et al. (2001) who found that short-term TBT sorption 

occurred principally via formation of inner-sphere complexes between the 

Sn atom and carboxylate and phenolate ligands. The decreased reversibility 

for aged TBT in samples FS and MM in this study can be explained by 

Berg et al.’s (2001) hypothesis that with aging TBT becomes increasingly 

associated with the more hydrophobic compartments in natural organic 

matter rather than the more easily accessible carboxylate and phenolate 
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ligands. Access to and from these hydrobobic compartments is diffusion 

controlled, which is consistent with our observation of less TBT desorption 

for aged samples.  

For sample CS which was very low in organic carbon, the average single-

point KD values (± standard deviation of duplicate experiments) of the five 

desorption steps was 6.2 ± 1.8 L/kg for 1 day contact time and 6.8 ± 5.3 

L/kg for 84 days contact time. These average KD values did not differ 

significantly (P > 0.05) between short and long-term contact times, which 

can be attributed to TBT interaction with quartz surface sites only (due to 

the very low organic carbon content of this sample). The average single-

point KD values observed for TBT desorption from sample CS are 

comparable to a KD value of 6 L/kg reported in Chapter 6 for previous work 

examining short-term TBT sorption to sample CS at pH 8 in an artificial 

seawater matrix. The absence of an aging effect for this sediment sample 

can be attributed to its very low organic carbon content. 

7.4.4      General Discussion 

Ma et al. (2000) have shown that TBT sorption to sediments is biphasic in 

that sorption can be arbitrarily divided into fast and slow stages. The results 

from the present study indicate that in some cases the contribution of the 

slow stage is not trivial. The increase in the KD value (describing the 

relationship between pore-water and sorbed TBT) between freshly sorbed 

(1 day contact time) and aged (84 days contact time) TBT ranged from 

negligible for sample CS to almost a two-fold increase for sample FS and 

MM. Similarly, the KD values calculated from the TBT desorption data 

were, on average, 2.2 and 2.1 times greater for 84 days contact time 

compared to 1 day contact time in samples FS and MM, respectively. The 

magnitude of the increase in KD due to aging processes observed in the 

present study is relatively consistent with comparisons between KD values 

for short versus long-term sorption for organic compounds reviewed by 

Pignatello and Xing (1996). 
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Several researchers have suggested that contaminant mass transfer, 

especially diffusion from internal poorly-accessible sites to surface sites 

followed by desorption, governs bioavailability (Bosma et al., 1997; 

Carmichael et al., 1997; Yeom and Ghosh, 1998; Cornelissen et al., 1998). 

This is because aqueous-phase species are more bioavailable than sorbed 

species (Miller and Alexander, 1991). The observation of desorption 

hysteresis of TBT from the aged sediment in this study suggests that TBT is 

likely to be significantly less bioavailable in aged samples compared to 

recently contaminated sediment. This lower bioavailability in aged 

sediment may partly explain observations of TBT persistence in some field 

samples. For example, Dowson et al. (1996) points out that half-life values 

for TBT degradation are usually shorter in laboratory-based studies where 

sediments are spiked with TBT compared to examinations of in-situ 

sediment profiles. The present study suggests that the persistence of TBT in 

field-contaminated sediments may at least partly reflect an aging process, 

whereby TBT is transferred (via diffusion) from readily accessible, surface 

sites to less available, internal sites in organic matter. 

The present study also provides empirical evidence that relatively high KD 

values observed for in-situ TBT partitioning (Chapter 4) and desorption 

from field-contaminated sediment (Chapter 6) may in some cases be partly 

attributable to an aging process. The magnitude of the aging effect on TBT 

partitioning seems to be influenced by the organic matter content of the 

sediment. Significant aging effects observed in this study for samples rich 

in organic matter are consistent with TBT sorption via hydrophobic 

partitioning to organic matter and subsequent diffusion into the organic 

matrix.  

Whilst short-term laboratory sorption studies provide an improved 

understanding of the TBT sorption process, they may underestimate TBT 

binding to natural sediments over longer time scales. Aging effects may 

also contribute to TBT persistence in contaminated sediments, thereby 

reducing the effectiveness of natural attenuation as a remediation strategy. 
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The present study shows that aging may be an important consideration in 

TBT fate, and is a subject warranting further research.  
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Chapter 8: Conclusions and future 

research 

The work presented in this thesis has examined selected factors that 

influence the distribution and partitioning behaviour of trace metals and 

tributyltin (TBT) in benthic, estuarine sediments. This research has made an 

original and significant contribution to our understanding of the 

geochemical processes controlling trace metal and TBT behaviour within 

sediments. In particular, this work has presented new information for 

relatively sandy, sub-oxic sediments which dominant many coastal 

environments, whereas past studies have largely focussed on finer-textured, 

anoxic sediments. 

This chapter presents the main conclusions arising from this thesis, and 

identifies topics requiring further research. 

8.1     CONCLUSIONS 

8.1.1      Trace metals 

The following conclusions regarding trace metal distribution and 

partitioning have arisen as a result of the research described in this thesis: 

� Identification of sites of trace metal contamination in sediments 

from the Southport Broadwater (Chapter 2) can be achieved by a 

combination of geochemical normalisation against Al (i.e. the 

abundance of alumino-silicate clay minerals) and consideration of 

regional background concentrations. 
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� The association of Cu, Pb and Zn with operationally-defined 

“amorphous oxide”, “crystalline oxide” and “organic” fractions in 

intact sediment cores is linearly dependent on the abundance of each 

respective geochemical phase (Chapter 3); 

� Chapter 5 showed that sorption of Cu, Pb and Zn by the “Fe-oxide” 

and “organic” fractions in oxic/suboxic sediments is controlled by 

the abundance of these important sorbents;  

� Sorption to the “carbonate” fraction becomes increasingly important 

as the sorption capacity of Fe-oxides and organic matter is 

approached at higher trace metal loadings; and 

� Chapter 5 showed that it is presently not possible, using the Tessier 

et al. (1979) sequential extraction procedure, to assign AVS-bound 

Pb and Zn to any single operationally-defined fraction.  

Overall, the research presented in this thesis shows that the organic carbon 

content, Fe-oxide content and sediment texture exert an effect on trace 

metal distribution and partitioning that is of comparable magnitude to the 

effect of total metal concentration.  

8.1.2      Tributyltin 

The following conclusions regarding TBT distribution and partitioning 

have arisen as a result of the research described in this thesis: 

� Chapter 4 found that in-situ TBT partitioning is described by an 

organic carbon normalised distribution ratio (DOC) in order of 10
5
 to 

10
6
 L/kg; 

� These in-situ DOC values reported in Chapter 4 are generally larger 

than the corresponding values from 24 hr sorption experiments 

presented in Chapter 6 (approximately 10
3
 to 10

5
 L/kg); 
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� The development of a conceptual model describing TBT sorption to 

sediments as presented in Chapter 6 shows that pH and salinity, in 

addition to organic carbon content, are highly important factors 

controlling TBT partitioning; 

� The effects of pH and salinity on TBT sorption-desorption with 

natural sediments are related to the abundance of neutral (TBTOH
0
, 

TBTCl
0
) and cationic (TBT

+
) aqueous species; and 

� The results from Chapter 7, which examined aging effects on TBT 

partitioning in sediments, suggests that slow sorption may be a 

factor influencing the variation between in-situ (Chapter 4) and 

laboratory-based  (Chapter 6) DOC values.  

8.2     IMPLICATIONS FOR SEDIMENT QUALITY ASSESSMENT 

The Australian and New Zealand Guidelines for Fresh and Marine Waters 

(ANZECC/ARMCANZ, 2000) present interim investigation levels for trace 

metals and TBT in sediments. These guidelines advocate a knowledge-

based approach in assessing the state of sediment contamination. The 

implications for sediment quality assessment based on knowledge gained 

from the results described in this thesis are presented below. 

8.2.1      Trace metals 

The results presented in Chapter 2 show that sites of trace metal enrichment 

in sediments of the Southport Broadwater could be distinguished from 

background trace metal levels by considering the abundance of fine 

alumino-silicate minerals. This approach appears to be most applicable to 

identifying sites of enrichment in relatively sandy sediments where the total 

metal concentration is below the ANZECC/ARMCANZ (2000) trigger 

value. On this basis, it is recommended that determination of background 

trace metal concentrations in sediments in a given study area be based on 

both total metal concentrations at background, reference sites and the effect 
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of the abundance of fine alumino-silicate minerals on total metal 

concentrations in these reference sites. 

Although the current Australian sediment quality guidelines are based on 

total trace metal concentrations in sediments, it is acknowledged that more 

appropriate guidelines should be based on site-specific trace metal 

availability. ANZECC/ARMCANZ (2000) recommend sediment treatment 

with 1 M HCl for 1 hour to selectively extract the available metal fraction. 

However, an assessment of environmental risk associated with 

contaminated sediments should preferably consider “potential” as well as 

“actual” metal availability. This study has clearly shown that sequential 

extraction procedures have the advantage over single extractions in that 

they provide information about trace metal behaviour under changing 

environmental conditions.  

This thesis has shown that the geochemical partitioning of Cu, Pb and Zn in 

sediments is regulated by the abundance of the respective operationally-

defined fractions and by the total metal concentration. The research 

described in Chapter 5 suggests that it may be possible to determine generic 

partitioning parameters for the “Fe-oxide” and “organic” fractions in 

natural sediments. At present, a lack of research into these partitioning 

parameters is the main limitation to using the sediment Fe-oxide and 

organic carbon content to estimate site-specific trigger values for trace 

metals in oxic/suboxic sediments. 

Whilst sequential extractions have the capacity to provide information on 

potential trace metal availability, Chapter 5 shows that the Tessier et al. 

(1979) procedure potentially yields misleading information for Pb and Zn 

partitioning in sulfidic sediments. Chapter 5 showed that the NH2OH.HCl 

extraction step (which extracts operationally-defined “Fe-oxides” or the 

“reducible” fraction) may cause AVS-bound Pb and Zn to be mistaken as 

Fe-oxide bound. Therefore, sequential extraction procedures employing a 

NH2OH.HCl extraction step should not be used as part of the risk 
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assessment process for anoxic sediments where trace metal interactions 

with sulfides are likely to be important. 

8.2.2      Tributyltin 

Current Australian sediment quality guidelines for TBT set a trigger value 

of 5 µg/kg (as Sn) (ANZECC/ARMCANZ, 2000). This trigger value was 

estimated on the basis of data summarised by Weston (1996), who 

reviewed toxicity data for aqueous TBT and derived a pore-water screening 

value (0.02 µg/L as Sn). A screening value for sediment (500 µg/kgorganic 

carbon as Sn) was derived by considering this pore-water value along with a 

DOC value of 10
4.4

 L/kg, as reported by Meador et al. (1997). Chapters 4 

and 6 report a DOC value generally within the range of 10
5
 to 10

6
 L/kg, 

which is comparable to that reported by Meador et al. (1997). This gives 

some support to the use of a DOC value in the range of 10
4
 to 10

6
 L/kg to 

derive a sediment quality trigger value for TBT.  

This thesis has shown that TBT partitioning is strongly related to sediment 

organic carbon content. This is consistent with Weston (1996) who derived 

sediment quality guidelines for the United States Environmental Protection 

Agency. The Australian sediment quality guidelines present a trigger value 

for TBT, based on the assumption that sediment contains 1% organic 

carbon. For relatively sandy sediments containing less than 1% organic 

carbon, the trigger value may not be sufficiently protective of 

environmental quality. This thesis has also shown that pH and salinity 

substantially influence TBT partitioning, due to aqueous TBT speciation. In 

particular, a reduction in salinity from 30 psu to 5 psu results in a 

substantial reduction in the KD value. The following recommendations can 

be drawn from the results of this thesis: 

� The trigger value for TBT should be based on the actual organic 

carbon content of a given sediment sample (as recommended by 

Weston, 1996), rather than assuming 1 % organic carbon content. 

This would be a relatively simple revision of the current guidelines, 
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and could be based on the trigger value of 500 µg/kgorganic carbon (as 

Sn) from Weston (1996).  

� The guidelines should also have scope to include the effects of pH 

and salinity in derivation of a site-specific trigger value. However, 

future work (as described below) is required before these variables 

can be used to quantitatively predict an expected DOC value. 

8.3     FUTURE RESEARCH 

Future research with regard to trace metal partitioning in estuarine 

sediments is needed in the following areas: 

� The role of trace metal complexation by dissolved organic and 

inorganic ligands in enhancing pore-water metal concentrations in 

oxic/suboxic sediments; 

� Further research employing combined sorption curve – sequential 

extraction analysis with the aim of determining generic sorption 

parameters for individual geochemical fractions in estuarine 

sediments; 

� Development of an extraction procedure capable of distinguishing 

Fe-oxide bound Pb and Zn from that associated with AVS; 

With regard to the conceptual model of TBT partitioning presented in 

Chapter 6, future work should aim to quantify: 

� DOC values for complexation of TBT
+
 by organic matter;  

� DOC values for hydrophobic interactions between neutral TBT 

species and organic matter; 

� The effect of TBT partitioning behaviour (including aging) on 

degradation rates; and 
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� Interactions between dissolved organic matter and pore-water TBT 

(especially the effect of pH and salinity on such interactions). 

Chapters 3 and 4 presented descriptions of the in-situ partitioning of trace 

metals and TBT, respectively. These descriptions are essentially snap-shots 

in time, and did not consider temporal variations in sediment properties, 

such as pH, salinity or the abundance of sorbent phases. The results from 

controlled, laboratory-based experiments described in Chapters 5 and 7 

show that the sorption of trace metals and TBT to non-labile sediment 

fractions increase over time under conditions of constant sediment 

properties. However, sediment properties are unlikely to remain constant in 

the field, and this variation may substantially alter trace metal and TBT 

partitioning. In particular, future research is needed to determine if 

fundamental sediment properties (such as pH, Eh, salinity) vary 

significantly on a seasonal basis at sites of sediment contamination. The 

results from this thesis suggest that if the solid-phase composition (e.g. 

organic carbon, Fe-oxide and acid-volatile sulfide content) or 

environmental conditions (e.g. pH, Eh and salinity) exhibit substantial 

temporal variation, then trace metal and TBT partitioning behaviour is also 

likely to be highly variable. Further research examining the ability of 

sequential extraction procedures to predict changes in in-situ trace metal 

availability given changes in sediment properties (such as the development 

of strongly reducing conditions) is needed. 

Temporal variations in partitioning behaviour are of considerable 

importance to the principle that sediment quality assessment should be 

based on the available fraction of the total contaminant concentration. This 

fraction is inherently reactive, and therefore is likely to be considerably 

affected by changes in sediment properties. This means that measures of 

partitioning made at a single point in time should not, alone, be used to 

assess sediment quality. Rather, potential changes in partitioning behaviour 

due to variations in sediment properties should also be considered.  
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Contaminated sediment remediation options range from monitored natural 

recovery (i.e. no containment or engineering controls), through in-situ 

treatment and containment, to dredging and ex-situ disposal/treatment 

(Apitz et al., 2005). If the contaminants are to be left in place, it is essential 

that potential contaminant mobilisation be accurately predicted. It is also 

important to assess the potential for various natural processes (e.g. 

contaminant “aging”, degradation, natural capping with clean sediment) to 

reduce the threats posed by contaminated sediments. There is a need for 

future research examining changes to sediment properties (e.g. pH, Eh, 

solid-phase composition) and resultant effects on metal and TBT 

partitioning under the various remediation strategies. 

It is hoped that, with future research building on the results of this thesis, an 

enhanced understanding of trace metal and TBT behaviour will improve our 

ability to accurately assess sediment quality and devise appropriate 

sediment remediation strategies.  
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