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Abstract
Worldwide, contamination of streams and groundwater with excess nitrate has been
linked to agricultural land use and particularly to the application of nitrogen fertilisers to
increase agricultural production. Nitrate is an effective contaminant in agricultural areas;
it is highly mobile, having a low affinity for soil sorption, and so moves with runoff and
sub-surface flows. Excess nitrate can cause ecological impacts on waterways and coastal
receiving water through eutrophication and, in some cases, contributes to coastal ‘dead
zones’. Nitrate also has toxicological effects on aquatic organisms and those using
contaminated water as a drinking source. Riparian zones, those zones where interaction
of aquatic and terrestrial environments occurs, are identified as areas of intense
biogeochemical cycling and can act as buffers against excess nitrate by reducing the
amount of nitrate reaching stream channels. Nitrate retention processes of biotic uptake
and transformation to less mobile forms can increase the residence time of nitrate within
the riparian zone, while removal processes of denitrification can permanently remove
nitrate-nitrogen in gaseous forms.
Nitrate removal in riparian zones is most effective where nitrate-laden sub-surface flow
interacts with shallow soils that are rich in organic carbon. At places in the riparian zone
where these conditions occur, almost complete nitrate removal from inflow can be
realised before it reaches the stream channel. This classical view of riparian nitrate
removal has largely developed from studies conducted in temperate climates where
riparian zones often appear effective in reducing nitrate contamination of waterways.
However, the efficacy of riparian zones for reducing nitrate contamination of streams in
sub-tropical environments has largely not been assessed, and the conceptual views of
riparian function developed in temperate regions may not be applicable to the subtropical climate due to the vastly different hydrology of sub-tropical regions and the
associated differences in channel morphology and groundwater interactions.
In this thesis I assess and expand upon a proposed conceptual model of riparian nitrate
removal in sub-tropical catchments which was developed based on observations from
sub-tropical southeast Queensland, Australia. The conceptual model highlights channel
morphology as a determining factor in the capacity for nitrate removal. In sub-tropical
catchments, stream channels may be deep, with steep banks; a morphology which is
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derived from the seasonal and intense nature of rainfall and associated large ‘flashy’
hydrographs. The conceptual model suggests that channel morphology may restrict the
interaction of shallow soils, which have high denitrification potential, with nitrate-laden
water, which may discharge to streams from deeper, carbon poor soil layers, where
nitrate removal processes are minimal. Denitrification potential of shallow soils will only
be activated when high flows results in inundation of these soil layers.
To assess the conceptual model, the sub-tropical catchments of the Maroochy and
Mooloolah Rivers, southeast Queensland, Australia, were chosen for investigation.
Streamwater in these catchment is naturally very low in nitrate, yet monitoring of water
quality shows that excess nitrate occurs in these rivers, particularly following rain events.
At twelve study reaches across the catchments I measured metrics of channel
morphology and distribution of total nitrogen, carbon, nitrate and ammonium in riparian
soils. Across the catchments, with few exceptions, there was limited potential for
interaction between shallow soils and sub-surface or streamwater. I also found that
carbon, nitrate and ammonium all decreased drastically with depth in soil, also indicating
a likely decrease in denitrification potentials with depth. However, in deep soils saturated
with sub-surface water, there was an increased content of ammonium, showing a large
retention of nitrogen as ammonium in these saturated, anoxic environments. These
results highlight the importance of the processes that may occur at depth in soils where
much more interaction with water occurs.
Experimental anoxic assays of soil from one riparian site in the Maroochy Catchment
measured nitrate reduction and denitrification rates of soils, with a focus on the deep,
saturated layer. The assays revealed very low rates of denitrification occur in deep soils.
The assays also assessed the potential for inorganic substances, ferrous iron and sulphide,
to act as electron donors for nitrate reduction in the low-carbon, saturated soils. The
assays showed that addition of ferrous iron to deep, saturated soils slightly, though
significantly, raised denitrification rates, with an associated increase in nitrate
consumption. However, denitrification rate in shallow soil was unaffected by addition of
ferrous iron. Sulphide addition raised denitrification rates in shallow soils, though did
not affect rates in deep soils. These results show that inorganic electron donors,
particularly ferrous iron, may contribute to nitrate reduction through autotrophic
denitrification in deep, saturated soils of the catchment. Saturated soils occur across the
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width of the alluvial floodplains of the catchment, as floodplain alluvial aquifers, which
store water that is discharged to streams as baseflow. A low-rate process of nitrate
reduction occurring in the alluvial aquifers may be controlling the low concentration of
streamwater nitrate observed during times of baseflow.
During rainfall events, when most of the observed nitrate loads may be transported to
stream systems, I found that nitrate removal processes in the riparian zone may have
negligible affect on the overall export of nitrate. This was found through the
measurement of denitrification potential of riparian soils at a site, and detailed surveying
of the stream channel and riparian zone. I then calculated the total amount of nitrate
that may be removed in the riparian soils during a simulated high flow event, finding that
less than 0.001% of the nitrate transported during the event was removed through
riparian denitrification. From this simulation, I suggest that for nitrate management
strategies to be effective, they need to limit the transport of nitrate from its source areas,
before it can reach the riparian zone or stream channel.
The results from this thesis lead to the amendment of the conceptual model for nitrate
removal in sub-tropical riparian zones. The new conceptual model suggests that
management and nitrate removal strategies should be considered at a larger scale in subtropical areas. Riparian zones represent only a small area of a catchment, and in the
intense rainfall events of this sub-tropical climate, the nitrate removal processes are
overwhelmed by the volume and velocity of water passing through them. Therefore,
nitrate management needs to be viewed on a larger scale, and I suggest that considering
nitrate control at the scale of the alluvial floodplains may be more effective.
Encouraging infiltration of runoff, and therefore also its nitrate load into the alluvial
floodplain, closer to its source areas, may enhance nitrate load reduction. Infiltration can
be improved through the use of detention basins, swales or wetlands. The increased
infiltration from these structures improves engagement of low-rate nitrate reduction
processes in the alluvial aquifer, and reduces the flow of water overland through riparian
zones. Specific areas of investigation to further improve the conceptual model are also
proposed.
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1 General Introduction
1.1 Nitrate in the environment
Water quality in Australia and much of the developed world has benefited in recent
decades from decreased point-sources of nutrients, largely through improvements in the
quality of waste water treatment discharge (Costanzo et al. 2005). However, non-point
sources of nutrients still contribute to environmentally damaging loads (Stevens et al.
1999). Diffuse inputs of nutrients from agricultural lands and activities are a major
contributor to nutrient enrichment of waterways and currently, agricultural activities and
runoff impact the greatest stream-length of Australian rivers of any human activity (Stein
et al. 2002). In particular, nitrate contamination of groundwater and waterways, from
diffuse and point sources, is a problem in many areas (Bolger and Stevens 1999). Nitrate
occurs naturally in soils and streams in small amounts and is an important nutrient for
plants and microbes. However, it is when nitrate occurs in excessive amounts, as a result
of human activity, that it becomes a contaminant with a range of negative ecological and
human health impacts. Nitrate is an effective contaminant as it is highly mobile in soils
(Black and Waring 1976) and when in concentrations larger than plant and microbial
processes require, travels through soil to streams or groundwater with rainfall runoff and
infiltration.

1.1.1 The global problem of nitrate
Worldwide, studies have found excess nitrate contamination of groundwater and
waterways with nitrate concentrations continuing to increase over time (review in
Vitousek et al. 1997). A number of studies have observed increasing nitrate
concentrations in rivers over time related to an increasing area of agriculture and
production; such as the 25 year period of monitoring in the Ebro River Catchment,
Spain, those sites showing an increase in nitrate concentrations were the same sites where
the area of upstream agricultural land use has increased (Lassaletta et al. 2009). A similar
pattern was observed in the United Kingdom, over 8 years of monitoring in two
tributaries of the Thames River, the Pang and the Kennet Rivers, average nitrate
concentrations increased by 5 to 10 mg NO3 L-1 (~1.1 to 2.2 mg NO3-N L-1) up to a
maximum recording of over 40 mg NO3 L-1 (~ 9 mg NO3-N L-1) reflecting trends of long
term fertiliser application in the catchments (Neal et al. 2006). Likewise, six rivers of

1

Northern Ireland sampled over a 10 year period (1969-79) showed an increase in average
nitrate concentration from 1.41 to 2.41 mg NO3-N L-1 and increased observed maximum
concentrations from 2.9 mg NO3-N L-1 in 1969 to 7.5 mg NO3-N L-1 in 1979. These
increases were attributed to a two and a half fold increase in nitrogen fertiliser application
in the catchments (Smith et al. 1982). Increases in nutrient loads, including nitrate, of the
Mississippi River are consistent with increased fertiliser use in agricultural lands of the
basin, where nitrate levels have more than doubled since 1965 (Turner and Rabalais
1991). Studies using isotopic signatures of nitrate in river water from areas as diverse as
South Korea (Lee et al. 2008), Germany (Johannsen et al. 2008) and the Mississippi basin
of the United States (Panno et al. 2008) have also identified nitrate load contributions
sourced from agricultural land uses.
Groundwaters around the world are also suffering contamination from excess nitrate.
From a review of groundwater surveys, Spalding and Exner (1993) found that nitrate
contaminated groundwater (>10 mg NO3-N L-1) occurred beneath irrigated cropland on
well-drained soils in the central and western United States. However, in the humid southeast of the United States soils seemed to have natural capacity to remediate high nitrate
levels, as contamination was less common in this area. In southern Japan, contaminated
groundwater has been observed with nitrate concentration up to 44.6 mg N L-1
associated with intensive livestock land use (Sugimoto et al. 2009). Nitrate contaminated
groundwater can contribute to contamination of surface waters where it discharges to
stream channels, particularly where groundwater discharge is a significant proportion of
the stream flow.

1.1.2 Nitrate pollution in Australia
A review of available data by Harris (2001), which included a range of baseline
monitoring data from ‘grey literature’, indicate that in undisturbed environments
Australian rivers are naturally low in nutrients. Excesses of nutrients, even in relatively
small amounts, can produce nuisance growth of algae and macrophytes and negative
health impacts on resident organisms (Bunn et al. 1999, Australian and New Zealand
Guidelines for Fresh and Marine Water Quality 2000). This could leave Australian rivers
particularly susceptible to contamination by excess nitrate loads. There are a limited
number of studies detailing concentrations and export of nitrate into Australian river
systems (Young et al. 1996, Harris 2001), with those available focussed on catchments
2

discharging into high conservation areas such as the Great Barrier Reef lagoon and
tropical rainforest areas of North Queensland, or catchments that provide drinking water
supplies. In the tropical Johnstone River of Queensland, from 1991 to 1996 nitrate
concentrations were observed as generally less than 0.3 mg NO3-N L-1 though
concentrations were observed at up to over 0.8 mg NO3-N L-1 in an area draining
sugarcane (Hunter and Walton 2008). Increased nitrate fluxes were observed in the
Johnstone River from areas draining dairy pasture, sugarcane and banana production as
well as unsewered residential areas. In the Hawkesbury-Nepean River Catchment of
southeast Australia, over a 1 year period in 1991, nitrate concentrations across the
catchment were observed in the range of 0.02-1.4 mg NO3 L-1 and mean of 0.4 mg NO3
L-1. Higher concentrations of nitrate occurred during times of high flow when runoff
from agricultural areas contributed to the nitrate load (Markich and Brown 1998).
Groundwaters in Australia are also subject to nitrate contamination. In groundwater
known to be free from excess nitrate inputs, the concentration of nitrate is generally less
than 2 mg NO3-N L-1. However, contamination of groundwater with nitrate
concentrations above 10 mg NO3-N L-1 is widespread across Australia and in extreme
cases can be greater than 100 mg NO3-N L-1 (Bolger and Stevens 1999). As an example,
in tropical North-Eastern Australia, 1454 groundwater wells were analysed for nitrate, of
these, 14% were found to have nitrate concentrations elevated above 20 mg NO3-N L-1.
Of the wells affected by nitrate contamination, half were identified using stable isotopic
ratios of the nitrate, as directly sourced from fertiliser applications (Thorburn et al. 2003).
Although limited, evidence suggests that in Australian catchments, forest clearing and
land-use change to agriculture or residential use leads to rapid increases in N export and
concentrations in water, and the dominant form of N switches from dissolved organic N
to inorganic N as nitrate or ammonium (Harris 2001).
Although there is only limited data available describing nitrate contamination of
Australian rivers, common patterns observed in Australia, and overseas, reveal increasing
nitrate levels with increased nitrogen fertiliser use (Bolger and Stevens 1999). Therefore,
changes in nitrate exports and contamination might be inferred from the changing rate of
nitrogen fertiliser application over time. Worldwide, application of nitrogen fertiliser
continues to increase at an annual rate of about 1.4 %, with total application for 2011/12
projected to be 105 716 000 t, rising from 98 441 000 t in 2007/08 (Food and
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Agriculture Organisation of the United Nations 2008). The mass of nitrogen fertiliser
used in Australia has markedly increased over time; in 1955, 20 000 t of fertiliser N was
used, increasing to 380 000 t in 1992, and then doubling in the next 5 years to 723 000 t
in 1997 (Angus 2001). Total nitrogen fertiliser use in Oceania (predominantly Australia)
for 2011/12 was forecast to be 2 546 000 t (Food and Agriculture Organisation of the
United Nations 2008). The Fertiliser Industry Federation of Australia (2002) reported
that the average rate of fertiliser application (tonnes applied per hectare of land) in
Australia was decreasing by about 10 % per annum. However, the total mass used
continues to increase due to geographic expansion of agricultural land and the growth of
area under high-use crops such as sugar cane. The continued increase in nitrogen
fertiliser use in Australia, and the continuing expansion of agricultural land use, suggests
that nitrate contamination of surface and groundwaters in Australia is a growing issue
that will need to be addressed.

1.1.3 The ecological and toxicological impacts of nitrate pollution
Excessive nitrogen loads entering waterways can induce adverse ecological impacts both
in local streams and their downstream receiving waters. A well known example is the
occurrence of anoxic events in the Gulf of Mexico. Nitrate exported to streams and
rivers from agricultural lands of the 3 million km2 Mississippi Basin travel thousands of
kilometres to be discharged in to the Gulf, leading to altered algal assemblages, increased
algal growth rates and more frequent and larger areas of anoxic events in the coastal
region (Rabalais et al. 1996, Rabalais et al. 2001, Mitsch et al. 2001). Anoxic events in
coastal regions are not limited to the Gulf of Mexico, they have been observed in such
places as the Baltic Sea (Conley et al. 2009), Adriatic Sea (Justic 1991), Black Sea
(Tolmazin 1985), Chesapeake Bay in the northeast U.S. (Officer et al. 1984) and the
coastal waters of Florida (Lapointe and Clark 1992). The anoxia results from the nitrate
enrichment of coastal waters by catchment runoff, the excess nitrate causes
eutrophication, resulting in large growths of algae, which deplete the oxygen levels in the
coastal environment when they die and decompose (Diaz 2001). Anoxic events are a
threat to coastal and estuarine waters directly related to riverine nitrate export, as the low
oxygen conditions lead to fish-kills and uninhabitable conditions for most organisms
(Diaz 2001).
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Excessive nitrate concentrations not only have ecological impacts on ecosystems, but can
also have toxicological effects. Toxic effects can be induced in invertebrates, fish and
other organisms living in affected water, and may also be experienced by animals and
people using contaminated water as a drinking source. The main toxicological effect of
nitrate occurs through reduction to nitrite, which restricts the ability of blood to carry
oxygen (Kross et al. 1992, Camargo et al. 2005). In a global review of nitrate toxicity on
aquatic animals, it was found that a concentration of 10 mg NO3-N L-1 can have adverse
effects on freshwater invertebrates, fish and amphibians, at least through long term
exposure (Camargo et al. 2005). However, a recommended limit of 2 mg NO3-N L-1 is
suggested in order to protect the most sensitive taxa.
In Australia, as a guideline to protect aquatic species from toxic effects of nitrate, a
trigger value of 0.7 mg NO3-N L-1 for minimally impacted streams is set by the Australian
and New Zealand Guidelines for Fresh and Marine Water Quality (2000). Above this
trigger value, toxic effects of nitrate may be experienced by 5 % of species (it protects 95
% of species from toxic effects). Regional guidelines to protect aquatic ecosystems from
eutrophication due to excess nitrate also exist. For southeast Queensland, where the
study catchments are located, these trigger values are much lower than the guideline for
toxicity at 0.04 mg NO3-N L-1 for upland streams and 0.06 mg NO3-N L-1 for lowland
rivers (Queensland Water Quality Guidelines 2009).
Excessive nitrate can also impact human health when present in drinking water. In
humans nitrate induces a condition called ‘methaemoglobinaemia’ or ‘blue baby
syndrome’. This is where nitrate is reduced to nitrite in the gastrointestinal tract, it can
then be absorbed into the body where is binds to haemoglobin, impairing its ability to
carry oxygen (Comely 1945, Johnson et al. 1987). Direct ingestion of nitrite can produce
toxic effects at a much lower concentration than ingestion of nitrate. In recognition of
the threats posed to health by excess nitrate concentrations, there are a number of
guidelines which state the acceptable limits of nitrate concentration for drinking water
use. The Australian Drinking Water Guidelines (2004) set 50 mg NO3 L-1 (11.3 mg NO3N L-1) as the safe limit for drinking water for infants, and 100 mg NO3 L-1 (22.6 mg NO3N L-1) for adults and children over 3 months old. These are the same limits adopted by
the World Health Organisation (Guidelines for Drinking-water Quality 2008).
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1.2 Riparian zones as control points for water quality
Naiman et al. (1993) define riparian zones as encompassing “the stream channel and that
portion of the terrestrial landscape from the high water mark towards the uplands where
vegetation may be influenced by elevated water tables or flooding, and the ability of soils
to hold water”. My use of the term ‘riparian’ represents that area of the terrestrial
landscape from the edge of the stream channel towards uplands where soil conditions,
and therefore vegetation, may be influenced by interaction with the stream and
groundwater. The dynamic interaction of the terrestrial and aquatic system in the
riparian zone means that these areas experience sharp environmental gradients, ecological
processes, biogeochemical cycles and communities (Naiman and Decamps 1997). Intact
riparian zones can buffer streams against excessive nitrate inputs from runoff and
groundwater draining agricultural lands (Lowrance et al. 1984, Peterjohn and Correll
1984, Cooper 1990). There are several properties of riparian zones that contribute to
their efficient nitrate buffering capacity; high plant and microbial productivity, high
organic matter content of soils and high soil moisture content with frequent saturation
(Naiman and Decamps 1997, Tabacchi et al. 2000, Catterall et al. 2001, Hefting et al.
2004, Hefting et al. 2005).
The location of riparian zones, being the interface of terrestrial and aquatic systems
means that they can be critical control points for fluxes of energy and nutrients between
the two systems (Naiman and Decamps 1997). Of particular interest is their capacity to
buffer streams against excess nitrate in runoff and groundwaters. This nitrate buffering
occurs through retention of nitrate in riparian zones or removal of nitrate from the
system entirely (Peterjohn and Correll 1984, Hill 1996). High plant and microbe
productivity in riparian zones means that biotic uptake of nitrate can be a significant
process retaining nitrate in the riparian zone in biomass or conversion to organic
nitrogen (Osborne and Kovacic 1993, Harrison et al. 2008). Moist, anoxic conditions of
riparian soils, particularly where organic carbon content is also high, are ideal conditions
for nitrate removal through denitrification; the reduction of nitrate to nitrogen gases,
which are released to the atmosphere, thus preventing its transfer to the aquatic system
(Tiedje 1982). Under anoxic soil conditions microbial transformation of nitrate to
ammonium can also retain nitrogen in riparian soils in this less mobile form (Schipper et
al. 1994). The moist, nutrient rich and productive conditions of the riparian zone are
highly conducive to nitrate retention and removal processes, giving the riparian zone a
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disproportionate influence over nutrient fluxes at a landscape scale than indicated by its
relatively small area (Mulholland 1992).
In the past, pH was thought to have a significant influencing factor on denitrification,
with maximum rates occurring when soil pH was between 7 and 8 (Knowles 1982), and
lower rates occurred outside of this range. However, more recent studies have shown
that in any soil, maximum rates of denitrification occur at, or near, the natural pH value
of the soil (Parkin et al. 1985, Struwe and Kjoller 1994, Simek and Cooper 2002, Simek et
al. 2002). If experimental conditions of denitrification measurement shift the soil pH
away from the natural level, then denitrification rate is reduced. It appears that soil
microbial community is adapted to the prevailing soil pH, and variations away from this
reduce the denitrification activity, at least until the community adapts to the new pH
(Simek et al. 2002). Although, in prolonged laboratory incubation (greater than 12 to 48
hours) of soils under optimum conditions for denitrification (low oxygen, high organic
carbon and nitrate availability) highest denitrification rates are found at pH range of
about 7-8. It is not known if this is an adaptation of the existing community, or if these
conditions favour a different, specialised community which becomes abundant during
prolonged incubation (Simek and Cooper 2002). Therefore, this cannot be applied to
actual denitrification rates of soil in the field.
Nitrate removal is not homogenous across the entire riparian zone; natural variability
within riparian zone characteristics can create ‘hotspots’ or places of increased activity.
Almost complete nitrate removal from groundwaters can occur in small areas with
organically rich soils, yet be only moderate over most of the riparian length (Cooper
1990). The heterogeneity of nitrate removal can be seen at even small scales where soil
characteristics are variable even between soil microsites (Parkin 1987). Characteristics
affecting nitrogen processing can therefore be variable over very small distances and
depths; and include variation in particle sizes of soil constituents, presence of roots or
organic matter and the distribution of macro-pores, which all affect water movement,
and thus nitrate transport, soil aeration and oxygen content and microbial activity (Peck
1983, Gallardo 2003, Stark et al. 2004). The degree of variation and distribution of these
characteristics within a site will therefore affect any estimation of its nitrate removal
capacity.
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Where spatial heterogeneity can provide ‘hot spots’, where biogeochemical reactions
occur at much greater rates, so can temporal heterogeneity result in ‘hot moments’,
where for a limited time biogeochemical cycles pulse or occur at increased rates (McClain
et al. 2003). A suitable example of a ‘hot moment’ in riparian zones, particularly in subtropical regions, is the occurrence of an intense rainfall or high flow event. During a
short period of time, large volumes of water may pass through the riparian zone
mobilising nutrient that had accumulated during the dry period prior to being saturated
(McClain et al. 2003, Vink et al. 2007). The movement of water can often be involved in
producing ‘hot moments’ where water can carry with it a substrate for a process that is
otherwise missing from a ‘primed’ environment. For example, a runoff event may carry
nitrate into riparian soils, which are anoxic with high carbon source, which may then be
denitrified in this primed system. Alternatively, a rainfall event may encourage
infiltration deep into the soil profile, which can carry dissolved organic carbon, or other
redox substrates, which then create a ‘pulse’ of activity at depth in the soil.

1.3 Processes for nitrate removal
1.3.1 Heterotrophic denitrification
Nitrate removal processes referred to here are those which permanently remove nitrate
from riparian and stream systems. Denitrification is a permanent removal mechanism of
nitrate from the riparian zone as the products of this process are in gaseous forms of
nitrous oxide (N2O) or nitrogen gas (N2) which discharge to the atmosphere (Tiedje
1988, Hill 1996). Denitrification is the anaerobic reduction of nitrate or nitrite to N2O or
N2. In the absence of oxygen the oxidised forms of nitrogen are used as the electron
acceptor in the oxidation of organic carbon (which has been simplified as CH2O in the
following equation) for energy production (Tiedje 1988) as shown below:
NO3- + (5/4)CH2O + H+ → (1/2)N2 + (5/4)CO2 + (7/4)H2O
ΔGo’ = -598 kJ mol-1 (assuming 25oC and pH 7)
(equivalent stoichiometry from Stumm and Morgan 1996)
The reduction of nitrate is not however a one step process. A spectrum of nitrogen
compounds of various oxidation states are produced and further reduced during the
denitrification process (Kroneck and Zumft 1990):
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This metabolic pathway is a facultative process in a large range of microbes. The ability
to perform denitrification, indicated by the presence of dissimilatory nitrite reductase, is
found across almost all physiological groups of soil microorganisms (Tiedje 1988, Coyne
and Tiedje 1990), making it a ubiquitous process in the environment.

1.3.2 Autotrophic denitrification
Autotrophic denitrification is a permanent nitrate removal mechanism, the same as
heterotrophic denitrification, in that it is a microbially mediated reduction of nitrate to
gaseous forms of nitrogen. The difference is that autotrophic denitrification does not
require the presence of organic carbon as an electron donor, instead using reduced forms
of certain inorganic substances. The two most relevant inorganic electron donors are
ferrous iron (Straub et al. 1996) and reduced sulphur (sulphides or elemental sulphur)
(Burgin and Hamilton 2008). Manganese may also perform this role although it is less
studied. There are varied reactants and products that ferrous iron may occur in during
autotrophic denitrification due to its various forms found in soils and depending on the
microbial species performing the denitrification process. One example of a possible
reaction is:
NO3- + 5 Fe2+ + 12 H2O → (1/2)N2 + 5 Fe(OH)3 + 9 H+
ΔGo’ = -173 kJ mol-1 (assuming 25oC and pH 7)
(equivalent stoichiometry from Straub et al. 1996)
The oxidation of sulphides during autotrophic denitrification occurs in two separate
steps (Fossing et al. 1995). The first is oxidation of sulphide to elemental sulphur and
the second the oxidation of elemental sulphur to sulphate:
NO3- + (5/2)HS- + (7/2)H+ → (1/2)N2 + (5/2)So + 3 H2O
ΔGo’ = -493 kJ mol-1 (assuming 25oC and pH 7)
(equivalent stoichiometry from Fossing et al. 1995)
9

NO3- + (5/6)So + (2/6) H2O → (3/6)N2 + (5/6) SO42- + (4/6) H+
ΔGo’ = -469 kJ mol-1 (assuming 25oC and pH 7)
(equivalent stoichiometry from Fossing et al. 1995)
Reduced forms of both iron and sulphur have been observed to act as electron donors
for nitrate reduction in a range of environments; soils and groundwater systems (Postma
et al. 1991, Korom 1992), freshwater sediments (Straub and Buchholz-Cleven 1998,
Brunet and Garcia-Gil 1996) and marine sediments (Fossing et al. 1995). Nitrate
reduction processes using inorganic electron donors are becoming recognised as more
common than previously thought. Nitrate reduction coupled to sulphate production is
possibly a significant fate of nitrate in freshwater sediments, including riparian and
benthic sediments, where sufficient reduced sulphur is present (Burgin and Hamilton
2007). Ferrous iron has also been found to reduce nitrate concentrations in groundwater
with numerous studies observing negative relationships in groundwaters between ferrous
iron content and nitrate concentrations, indicating processes of autotrophic
denitrification linked to oxidation of ferrous iron. This has been observed in temperate
Europe (Mariotii et al. 1998) and more locally in tropical Queensland (Thayalakumaran et
al. 2008). In the past, studies of riparian nitrate removal through denitrification have
highlighted the importance of high organic matter content in soils to fuel the process,
however, autotrophic processes may also be contributing to nitrate removal, particularly
in soil profiles and areas where organic carbon contents are limited.

1.3.3 The role of riparian zones in denitrification
As discussed (Section 1.2) riparian zones can have characteristics conducive to
promoting nitrate removal from water before it enters the stream channel, including high
soil carbon content, high soil moisture and high plant and microbe productivity (Naiman
and Decamps 1997, Tabacchi et al. 2000, Catterall et al. 2001, Hefting et al. 2004, Hefting
et al. 2005). However, the hydrology of the site is the most important factor determining
the actual amount of nitrate removed at a site (Hill 1996, Burt et al. 1999). High rates of
actual denitrification occur through the interaction of nitrate-laden groundwater with
carbon-rich, biologically active zones within the soil column (Gold et al. 2001). So,
hydrologic conditions which enhance the interaction of groundwater and runoff with
shallow soil will enhance nitrate removal. Shallow impermeable layers enhance
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groundwater interaction with shallow soils and plant roots by restricting flow paths to
these shallow, biologically active zones where large amounts of nitrate can be removed.
Sites with deep water flow paths or surface seepage across the soil surface have much
lower nitrate removal capacity as both these situations limit groundwater interaction with
the shallow, carbon-rich soils and the plant rooting zone (Cooper 1990, Hill 1996, Gold
2001).

1.3.4 The measurement of denitrification
There are a number of methods available for the measurement of denitrification in soils
and aquatic sediments (see Groffman et al. 2006 for a comprehensive review). In this
thesis the acetylene inhibition method was chosen for experimental work. In this
method, acetylene gas is used to inhibit the reduction of nitrous oxide to nitrogen gas,
allowing calculation of denitrification by measuring the accumulation of nitrous oxide
using gas chromatography (Balderston et al. 1976, Yoshinari and Knowles 1976).
Acetylene block techniques provide a measure of the amount of nitrate that can be
transformed into gaseous products whether as nitrous oxide or nitrogen gas, by
denitrification. This is pertinent to my work in measuring the removal of nitrate from
riparian soils in gaseous form, yet it cannot discriminate between end products of nitrous
oxide or nitrogen gas. Discrimination between these end products is important when
investigating greenhouse gas emission or ‘pollution swapping’ from the denitrification
process (see Hefting et al. 2003, Hinshaw 2008) but is outside the scope of this thesis.
The method is also relatively simple and cost effective, and as such is suitable for running
large numbers of samples required for assessing and capturing the variability in
denitrification rates and where large replication numbers are required in experimental
work (Groffman et al. 2006). It is also a method that is particularly useful for
investigating the effects of different substrate concentrations and environmental
conditions on rates of denitrification.
The acetylene inhibition method, as with all denitrification methods, has some drawbacks
and limits to the knowledge it provides. Acetylene almost completely inhibits nitrous
oxide reduction at a concentration of 0.1 atm (Yoshinari and Knowles 1976), but also
inhibits the nitrification process (Walter et al. 1979). This presents problems where
nitrate pools are dynamic and coupled nitrification-denitrification occurs, as it can
possibly lead to nitrate limitation and underestimation of denitrification rates (Knowles
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1990). These dynamic nitrate environments occur in shallow soils and aquatic sediments
where large changes in oxygen concentration occur over very small distances between
sediment depth and microsites. Acetylene can also be metabolised by soil microbes, and
during long incubation times this can reduce its concentration and its inhibitory affect on
nitrous oxide reduction (reviewed by Knowles 1990). The presence of sulphide can also
relieve the inhibitory action of acetylene, leading to underestimates of denitrification rates
(Yeomans and Beauchamp 1982, Sorensen et al. 1987). These issues are discussed in
relation to the experimental work of this thesis in later sections (Chapter 5).
Methods of measuring denitrification using stable isotopes potentially provide the most
detail and highest level of sensitivity (Myrold 1990). The most widely used technique
using stable isotopes is the direct measurement of nitrogen isotopes of gases produced
from incubated soil or sediment following addition of 15N labelled nitrate or ammonium.
(Groffman et al. 2006). Myrold (1990) explains that studies which compare acetylene
inhibition and isotope techniques measuring denitrification rates find that rates from
each method are often similar, though acetylene methods often have higher estimated
rates, possibly due to bacteria compensating for the reduced electron acceptor availability
from exclusion of the final denitrification step. A significant difference between the
results is that acetylene inhibition can be seen as a ‘net result’ of denitrification processes,
isotope techniques have the advantage of being able to trace nitrogen from different
sources through to being reduced to nitrogen gas (Groffman et al. 2006). This can
provide much greater detail about specific processes and sources of nitrogen for
denitrification. The method chosen for measuring nitrate reduction in future studies will
depend on the question and process being investigated, though isotope techniques will
hold much value, particularly in investigating alternative electron donors and nitrate
reduction to ammonium.

1.4 Processes for nitrate retention
Nitrate retention processes are those which temporarily retain nitrate within a riparian or
stream system, retarding its transport and increasing its residence time in a certain area.
This occurs by uptake and storage of nitrogen in biomass of plants and microbes
(Hanson et al. 1994, Harrison et al. 2007) or conversion of nitrate to less mobile forms of
nitrogen (Osborne and Kovacic 1993). These retention processes, although being
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temporary storages, by increasing the residence time of nitrate-N in the riparian zone,
increases its chances of ultimately undergoing denitrification before reaching the stream
channel.
Plant uptake of nitrate stores nitrogen in the riparian zone in plant biomass, although in
mature forests, this is considered a constant pool as total biomass does not significantly
change over time (Haag and Kaupenjohann 2001). However, in replanted riparian zones,
rapidly aggrading plant biomass can serve as a nitrate sink until vegetation matures
(Robertson and Tiedje 1984). Plant uptake increases nitrogen residence time in the
riparian zone by storage and turnover in biomass, yet also when released back to soil
through decomposition, nitrogen is in organic forms which are less mobile in soil, at least
in the short term. Through these processes, riparian zones may take in inorganic forms
of nitrogen from upland sources, yet convert much of these to organic nitrogen forms
before being released to the stream if not removed by denitrification (Peterjohn and
Correll 1984).
Microbial and abiotic transformation of nitrate to ammonium or organic nitrogen retains
nitrogen in the riparian zone as these less mobile forms of nitrogen are retained more
effectively in soils. Transformation of nitrate to ammonium by dissimilatory reduction
of nitrate to ammonia (DNRA) can contribute to nitrate retention in riparian soils and
aquifers (Schipper et al. 1994). Like denitrification, DNRA is an anaerobic, metabolic
process. Theoretically DNRA is the preferred nitrate reduction pathway when there is a
limited electron acceptor (nitrate) availability compared to electron donors (e.g. organic
carbon) (Tiedje et al. 1982). Ammonium produced in riparian soils in this way may then
be retained more effectively in the soil than is nitrate, increasing the residence time of
nitrogen in the riparian zone. Retention of ammonium in sub-soils by sorption and ion
exchange can be a significant process with the degree of ammonium attenuation
determined by the clay content and mineralogy of the soil and the pore size of the strata
(Buss et al. 2004). Along with retention in soil, NH4-N may be removed from anoxic soil
in gaseous form by anaerobic oxidation (anammox) (Jetten 2001). Anammox is a
microbially mediated process which oxidises ammonium with nitrite, producing
dinitrogen gas (van de Graff et al. 1997). This process is widely found in marine and
some freshwater environments, and has only recently been detected in soil environments
(Humbert et al. 2010). Abiotic processes of nitrate transformation can also contribute to
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nitrate retention in riparian soils. The ‘ferrous wheel’ is a possible process of abiotic
reduction of nitrate to nitrite by coupled oxidation of ferrous iron to ferric iron. Nitrite
quickly reacts with dissolved organic matter in the soil to form dissolved organic nitrogen
which is less mobile and more effectively retained in soils than nitrate (Davidson et al.
2003).

1.5 Restoration of riparian vegetation to enhance nitrate
removal
Recommendations suggest that restoring forest vegetation to cleared riparian zones may
enhance nitrate removal through denitrification (Osborne and Kovacic 1993, Fellows et
al. 2007). This action would occur through deep-rooted vegetation providing carbon
inputs at a range of soil depths which would, over time, improve conditions for
denitrification (Fellows et al. 2007). Few studies exist which have assessed the nitrate
removal capacity of a replanted riparian zone. In one case in the Mississippi River
alluvial valley, replanting of riparian forest vegetation did not restore denitrification
potential at the site to a similar level as a natural forested site, yet restoring the vegetation
as well as the hydrology of another site did achieve similar denitrification potential to the
natural state (Hunter and Faulkner 2001). In another study in the same region, a 13 year
old restored riparian forest soil had significantly lower denitrification potential than a
natural forest, yet upon addition of an organic carbon source to the soil, similar
denitrification potential was achieved (Ullah and Faulkner 2006).
There is a lack of published studies which assess the nitrogen cycling and removal
capacity of restored riparian forests, yet from studies of forest succession, a number of
predictions can be made of expected results following riparian restoration efforts.
Heterotrophic denitrification, and other biotic soil processes, in the short term will
depend on the carbon content of the soil under its previous land-use (Guariguata and
Ostertag 2001), and any changes resulting from the restoration actions themselves. Soil
carbon content will change only slowly over time and may initially decrease due to
decomposition of readily metabolisable carbon and a slow replacement rate (Bashkin and
Binkley 1998). Over time, soil carbon content, and by inference denitrification potential,
is expected to slowly increase as leaf litter breaks down at the surface and fine-root
biomass turnover occurs deeper in the soil (Brown and Lugo 1990). This is a slow
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process that is expected to occur on timescale of decades, particularly in cooler climates
where plant growth rates are slow, before carbon contents are restored to levels that can
sustain high rates of denitrification.

1.6 Conceptual model of riparian nitrogen removal
The highest rates of nitrate removal from water flowing through riparian zones occur
where shallow groundwater passes through anoxic soil with high organic matter content
(Cooper 1990, Hill 1996). Therefore, riparian zones are expected to have the greatest
nitrate removal capacity where soils are high in organic carbon and banks are gently
sloped to allow maximum interaction distance and time between nitrate-rich shallow
groundwater and the riparian soils. The conceptual basis for riparian nitrate removal has
been developed mainly from work carried out in temperate climates, where riparian
zones can often be found to effectively control excess nitrate input to streams (see
reviews by Osborne and Kovacic 1993, Hill 1996). However, conditions described in the
classic view of riparian denitrification, where shallow groundwater is intercepted by
organic-rich shallow soils where significant nitrate removal occurs, may not be common
in a sub-tropical setting like the study catchments of the Maroochy-Mooloolah Rivers.
Recent work in southeast Queensland has begun to assess the potential for riparian
zones to act as nitrate buffers for streams in the sub-tropical region, and conceptualise
the processes that may contribute to this.
Works that have contributed to the conceptualisation of riparian nitrate control in the
sub-tropical, southeast Queensland region began with the measurement of the
denitrification potential of riparian soil (Fellows et al. 2007). Beginning with a
conceptual model based on those from temperate regions, Fellows et al. (2007)
hypothesised that nitrate may be removed from shallow groundwater that is intercepted
by organic rich soils in the rooting zone of forested riparian areas. After measuring
denitrification potential, soil characteristics of nitrogen and carbon content and stream
channel shape at a number of sites, an alternative conceptual model was proposed.
Based on their results, Fellows et al. (2007) suggest that high denitrification potentials are
limited to shallow soil depths, regardless of forest or grassed vegetation at a site. They
also found that in southeast Queensland, deep, incised channels limit interaction between
groundwater or streamwater, and shallow soils with a high denitrification potential,
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which limits the capacity of the riparian zone to remove significant amounts of nitrate
before it reaches the stream. This work is continued in Fellows et al. (2011) which also
found much higher denitrification potential in shallow soils than deeper soils of two
riparian zones in southeast Queensland, and that maximal denitrification occurs after a
few days of saturation of the soil. However, it is also recognised that despite deep soils
having low denitrification potential, they are much more likely to interact with nitrate
laden water, and thus may provide some nitrate attenuation function (Fellows et al.
2011). Rassam et al. (2006) investigated the hydrology of the same two riparian zones as
that of Fellows et al. (2011), finding that in an ephemeral stream during flow events a
perched, riparian aquifer formed from water infiltrating the stream bank from the
channel, allowing interaction of water potentially carrying nitrate with soil of a high
denitrification potential. In fact, Woodward et al. (2009) found almost complete removal
of nitrate from this perched aquifer over just a small distance (<1 m), though the
removal process could not be identified with certainty. However, in a perennial stream,
Rassam et al. (2006) found that during baseflow, groundwater did not interact with
shallow soils, yet during high flow events, bank storage of water occurred, potentially
allowing for denitrification of this water. Rassam et al. (2008) combined conceptual
models of shallow groundwater interception and bank storage of water, and estimated
the potential for denitrification to occur from these processes in the Maroochy
Catchment, southeast Queensland. They estimated that between about 5 and 20 % of
nitrate could be prevented from downstream export assuming total restoration of
riparian forest conditions. Rassam et al. (2008) also noted that denitrification was limited
by interaction between riparian soils and nitrate-laden ground and surface waters.
The conceptual model of riparian nitrate removal in a sub-tropical setting (Figure 1.1)
presented here is based on the previous body of work in the region and largely based on
the modified conceptual model of Fellows et al. (2007). This model suggests that
regardless of vegetation condition, soil organic carbon and denitrification potential is
highest in only the top 30-50 cm of the soil profile, and both decrease rapidly with
greater depth in the soil profile (Fellows et al. 2011). It also shows that channels are
generally deep, with deep water tables, resulting in infrequent interaction between
shallow groundwater or streamflow and the shallow soils with high denitrification
potential. The limited interaction between soils of high denitrification potential and
water potentially carrying nitrate, shows that nitrate-rich water entering the riparian zone
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may not be substantially treated, resulting in much of the nitrate load being transported
to the stream channel and thus, potentially, to downstream receiving waters.
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Figure 1.1: Conceptual model of a sub-tropical riparian zone, modified from Fellows et
al. (2007). 1) Regardless of vegetation type, soil organic carbon content and
denitrification potential are highest in the top 30-50 cm of the soil column, and decrease
dramatically with depth, shown by the degree of brown shading. 2) The deep channel
and deep groundwater means that shallow soils will be infrequently inundated. 3) Nitrate
transported in sub-surface flow has little opportunity of being removed. 4) In-stream
processes of nitrate removal may be important in this setting.
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1.7 Thesis aims
Streams and rivers of sub-tropical, southeast Queensland are in general, naturally low in
nitrate; indicated by the low concentration of the trigger values given for ecosystem
protection of water quality (Queensland Water Quality Guidelines 2009). However,
southeast Queensland has been subject to intensive agricultural development, with 40 %
of the land area now under grazing or agricultural use, which is contributing to damaging
loads of nutrients and sediments in its waterways (Southeast Queensland Healthy
Waterways Partnership 2007). These damaging loads are causing negative impacts on the
health of the waterways and that of the receiving coastal lagoon, Moreton Bay (Abal et al.
2001). Managing and restoring riparian lands is identified as a priority in southeast
Queensland to protect high value aquatic environments through reducing loads of
sediment and nutrients, including nitrate (Southeast Queensland Healthy Waterways
Partnership 2007).
Riparian zones can effectively mitigate excess nitrate loads (Hill 1996), however, most
research on riparian zone nitrate retention and removal has been conducted in temperate
climates, and the conceptualisation of temperate zone riparian nitrate control is well
established (Peterjohn and Correll 1984, Hill 1996, Gold et al. 2001). However, the
application of conceptual models of riparian zone nitrate control, developed in temperate
climates, to sub-tropical settings may not be suitable. In the sub-tropical environment of
southeast Queensland, where rainfall can occur in intense events, there is an increasing
interest in the potential for riparian zones in the region to control nitrate fluxes to
streams and how riparian restoration may enhance nutrient management.
The body of research that has occurred in southeast Queensland to date, points towards
a limited connectivity between shallow, organic rich soils, and ground or stream waters as
being the limiting factor in nitrate removal in these sub-tropical riparian zones (Fellows
et al. 2007, Rassam et al. 2008). Hydrological connectivity of streams and shallow soils is
critical in achieving high amounts of nitrate removal (Gillam 1994, Hefting et al. 2004)
and, therefore, the difference in hydrological regimes between temperate zones, where
riparian nitrate removal is well conceptualised, and sub-tropical climates, where riparian
nitrate dynamics have been less studied, may drastically affect the processes of nitrate
removal in riparian zones between these climates. A sub-tropical climate will also affect
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riparian soils, and their nitrate removal capacities, differently through such factors as
rainfall intensity and soil leaching, and through plant productivity which in turn affects
carbon and nutrient dynamics in soil (Jenney 1941, Paul et al. 2002). Investigating how
sub-tropical riparian zones process nitrate is necessary to assess their capacity to act as
nitrate buffers for waterways
The major aim of this thesis is to improve the conceptual understanding of riparian
nitrate dynamics in a sub-tropical setting, by providing amendment and more detail to
current understanding and conceptual models. Providing improved understanding of the
potential for riparian zones to provide nitrate removal and mitigation in sub-tropical
catchments will assist in guiding investments in future rehabilitation works that aim to
achieve cost-effective improvements in stream water quality. This will be achieved by
assessing aspects of riparian zones in the Maroochy and Mooloolah Catchments of
southeast Queensland, Australia, in comparison to the conceptual model described in
Section 1.6. Specifically, the following will be addressed:
•

Are channel morphologies conducive to riparian nitrate removal in streams of the
sub-tropical Maroochy and Mooloolah River Catchments? (Chapter 4)

•

What processes drive nitrate retention in deep soils of sub-tropical riparian
zones, which interact most with ground and stream waters? (Chapter 5)

•

Is bank-storage of water during high flows an effective process to promote
denitrification and reduce downstream loads of nitrate? (Chapter 6)

1.8 Thesis outline
The aims of this thesis are achieved and presented in the following way. The first
chapter (Chapter 1) reviews nitrate as a contaminant, and the processes of nitrate
retention and removal that occur in riparian soils which contribute to controlling excess
nitrate loads in waterways. This literature review informs the construction of the
conceptual model of sub-tropical riparian nitrogen processing (Figure 1.1).
Chapter 2 provides detail on the study region; the Maroochy and Mooloolah River
Catchments. These rivers are sub-tropical, coastal rivers located in southeast
Queensland, Australia.
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Chapter 3 is an investigation into the heterogeneity of riparian soil characteristics. In this
chapter I assessed the variability of soil characteristics within and between three riparian
sites under different vegetation structures: pasture, restored forest and remnant forest. A
variety of methods are used to analyse the data obtained in order to assess if and how
differences between sites may be observed. This understanding is then used to inform
the collection and analysis of data in future chapters
Chapter 4 is an assessment of the variety of stream channel morphology that occurs in
the study catchments. The level of nitrate removal capacity that can be expected from
these stream channel and riparian types is then estimated based on the conceptual model
and knowledge from the literature.
Chapter 5 examines the nitrate reduction processes that may be occurring in the riparian
shallow and deep soils. This chapter uses laboratory soil incubations to investigate the
roles that electron donors, other than organic carbon, may be having on nitrate
reduction, particularly in deep soils. It then goes on to consider the large scale at which
these deep soil processes may occur and how they may control nitrate concentrations in
streams during baseflow periods.
Chapter 6 attempts to estimate the nitrate removal capacity of a riparian soil profile
during high flow periods. This is conducted using laboratory estimation of potential
denitrification rates of the soil profile and calculation of soil volume saturated during
high flow. This is an important insight into nitrate removal in sub-tropical rivers during
high flow periods, when most nitrate is transported.
The final chapter 7 summarises the key findings of this thesis. The findings of previous
chapters are then used to modify the conceptual model described in Chapter 1 to
encompass the results obtained. This provides an improved conceptual view of the
nitrate removal and retention capacity of sub-tropical riparian zones and reveals the
associated implications for their future management.
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2 Study Region and Sampling Design
2.1 The Maroochy and Mooloolah River Catchments
2.1.1 Geographic Location
This study was conducted in the Maroochy and Mooloolah Rivers, two adjacent coastal
river catchments in southeast Queensland, Australia (Figure 2.1). The Maroochy and
Mooloolah Rivers both flow roughly from the Blackall Ranges, in an easterly direction
towards the coast. The Maroochy River has a catchment area of 638 km2 with 438 km of
stream length, while the Mooloolah River is smaller with a catchment area of 223 km2
and a stream length of 322 km. The western headwater region of the Maroochy River
Catchment comprises a basalt plateau at about 700 m above sea level. As streams flow
east over the plateau, they quickly lose elevation and lowland streams comprise the rest
of the catchment. The northern half of the catchment is characterised by a series of hills
on andesite and rhyolite, whereas much of the southern end of the catchments comprises
low hills on the Landsborough sandstone (Capelin 1985 in Searle 2005; Figure 2.2). To
the east near the coast the land is mostly coastal plains and lowlands with some area of
sand dunes. Most land directly surrounding major creeks and the rivers has soil profiles
characterised as ‘miscellaneous alluvial deposits’ (Capelin 1985 in Searle 2005; Figure 2.2).
The Mooloolah Catchment is similar to the southern Maroochy River sub-catchments of
Eudlo and Paynter Creeks. The western headwaters of the Mooloolah River arise on the
basalt plateau and the lowland streams flow mainly through undulating landscapes on the
Landsborough sandstone.
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Figure 2.1: The Maroochy and Mooloolah River Catchments.
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Figure 2.2: Landscape units of the Maroochy Catchment (Capelin 1987, in Searle 2005).
The Mooloolah River Catchment extends south of the Maroochy River Catchment, and
flows from the headwaters located on the basalt plateau, then flows though a landscape
of undulating hills on the Landsborough sandstone, then through the alluvial coastal
floodplain before discharging to the sea.

2.1.2 Climate
The climate of both the Maroochy and Mooloolah Catchments is classified as warmhumid (Bureau of Meteorology:
http://www.bom.gov.au/climate/environ/travel/warmhumid.shtml), with an annual
average rainfall of about 1700 mm. The area experiences austral summer dominated
rainfall (Dec-Mar) with monthly rainfall averages greater than 150 mm (Figure 2.3) and
an average of 10-14 rain days per month (with rainfall >1 mm) with rainfall likely to
occur in short, intense events. Average temperature range is from about 20-30 oC in
summer and 7-22 oC in winter.
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The catchments are only about 22 km wide from west to east, yet experience a rainfall
gradient across this width with as much as 200 mm of annual rainfall difference; mean
annual rainfall about 1800 mm in the hinterland and about 1600 mm on the lowland
coastal plain (Bureau of Meteorology: http://www.bom.gov.au/climate/data/). High
rainfall occurs in the western catchment as a result of topography; the basalt plateau
being about 700 m above sea level causes orographic rainfall in the catchment
headwaters.
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Figure 2.3: Mean monthly rainfall and temperature range for Nambour (26.64 °S 152.94
°E) from 1956-2007. Nambour is located near the centre of the Maroochy River
Catchment (Figure 2.2). Data obtained from Australian Bureau of Meteorology
(http://www.bom.gov.au/climate/averages/tables/cw_040282.shtml).

2.1.3 Land use and Nutrient Loading
In both catchments, land use is distributed between urban areas, rural residential, rural
industry (mainly grazing with some cropping) and forest cover (Searle 2005). Total
agricultural production in the catchments represents roughly 35 % of the land area
(Australian Natural Resources Atlas 2009: http://www.anra.gov.au). The population is
spread mainly along the coastal strip in urban areas, though the town of Nambour in the
central Maroochy Catchment also has large developed urban areas. In the Maroochy
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Catchment, much of the coastal lowlands (about 10 000 ha) was used for sugarcane
cropping until 2003 when the local sugar mill closed. Since then the proportion of land
used for sugar cane cropping has continued to decrease. The middle and upper reaches
are extensively cleared for grazing and some crop and nursery production. The
hinterland also has some rural (low density) residential development. The Mooloolah
Catchment retains relatively more forest cover, though estuary reaches are again highly
impacted by urban development and some canal estates.
The Maroochy Catchment is impacted by both point and diffuse sources of nutrient
pollution. There are 6 sewage treatment plants providing point sources of nutrients to
the lower reaches of the catchment (sites for this study are not impacted as all occur
upstream of treatment plants or on non-impacted streams), though two major plants
upgraded treatment processes in 1998 (Schalcher et al. 2001). The Mooloolah
Catchment does not suffer from significant point source pollution. Both catchments
experience diffuse nutrient inputs from intensive agriculture and grazing sources. In low
density residential areas septic systems of water treatment can also provide nutrients to
ground and surface waters.
The Queensland Environmental Protection Agency (2007) in its series Environmental
Values and Water Quality Objectives, under the Environmental Protection (Water)
Policy 1997, outlines objectives to maintain or improve environmental values of waters
for a series of catchments, including the Maroochy and Mooloolah Catchments. The
objectives include maximum allowable concentrations of nitrogen forms for waters from
upland freshwater streams to the lower estuary and open coastal waters. These values are
relatively low, given that the rivers are generally naturally low in nitrogen. In particular,
the maximum values for nitrate/nitrite are 0.04-0.06 mg N L-1 for freshwater streams,
and 0.003-0.015 mg N L-1 for estuarine waters.
Excess nitrogen from diffuse sources in the catchment has been observed for some
years. Schalcher et al. (2001), as part of a loads and impact study, measured total N in
the Maroochy Estuary in September (dry season) of 2000 and February (wet season
following flow event) of 2001. In the dry sampling, TN did not exceed 0.5 mg N L-1, in
the wet season TN ranged from about 0.7-2 mg N L-1. Data provided by the Sunshine
Coast Regional Council (unpublished data) shows nitrate concentration in freshwater
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streams of the Maroochy and Mooloolah River Catchments collected up to 4 times a year
from 2005 to 2007. 40 % of the samples reported exceed the upper limit of 0.06 mg
NO3-N L-1 set by the Water Quality Objectives for freshwater streams. Across the
catchment nitrate concentration ranged from 0.02 to 0.74 mg NO3-N L-1 with a median
value of 0.04 mg NO3-N L-1. Nitrate concentrations consistently showed higher
concentrations in sites on more downstream reaches, than upstream reaches, along each
sampled stream.
Riparian vegetation through much of the Maroochy Catchment has been cleared or
disturbed by human land use. The State of the Rivers Report (Queensland Department
of Environmental and Resource Management 1993) found that only 8% of stream length
in the catchment had riparian vegetation in very good condition and 83% of stream length
in poor to very poor condition. These poor scores are attributed to riparian clearing and
invasions of weed species. There are some fortuitous aspects of the river that has
prevented more severe degradation. This includes the retention of native riparian
vegetation on steep bank slopes. These slopes were perhaps too steep and unsuitable for
use or too difficult to clear. Whatever the reason, the retention of these strips of
vegetation has protected much of the river from severe bank erosion and bed instability,
which is seen in areas without vegetated banks (Queensland Department of
Environment and Resource Management 1993). This occurs largely in the middle
reaches of the river. The lower catchment tends to have riparian lands impacted by
urbanisation, while the upper catchment has extensive riparian areas cleared for
agriculture.

2.2 Study Design
Across the two study catchments there are a pool of thirteen study sites used in the
various survey and experimental work of the thesis (Figure 2.4). Field sites were selected
and categorised based on the structure of the riparian vegetation as remnant forest
(forested), cleared of forest for pasture or other agricultural use (cleared) and sites that
were previously cleared but have been replanted with native forest (revegetated).
Following is a brief description of each study site reach, along with a note of the chapters
for which each site was sampled.
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Figure 2.4: Location of study reaches across the Maroochy and Mooloolah River
Catchments. Site numbers correspond to sub-section numbers in 2.2.1 Study Sites.

2.2.1 Study Sites
2.2.1.1 Larney’s Lane – Larney’s Creek
This is the northern most site in the Mooloolah River, located on Larney’s Creek, a
tributary of the North Maroochy River (Figure 2.5). This site was revegetated with a 5 to
10 m wide fenced riparian buffer in March 2006. The replanted vegetation was of a
range of native forest species. Before revegetation the site was an active cattle pasture
with cattle having free access to the stream channel. Outside the riparian buffer, cattle
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pasture remains the active land use. The stream at this site was approximately 1.5 to 3 m
wide, with small vertical banks of about 0.5 m grading into a total bank height of no
more than 2 m. The shallow soil (0-30 cm) at the site was a sandy clay loam (based on
particle size distribution measured by hydrometer). Shallow soil at the site had pH 6.39
and electrical conductivity (EC) of 46.2 µS cm-1 (1:5 soil:water suspension), and deep
saturated soils at the watertable had pH 5.85 and EC 44 µS cm-1. Soils at the site were
coloured grey at deep, moist and saturated levels, indicating anoxic conditions.
This site was sampled for experimental Chapter 4. This is site number 1 in Figure 2.4.

Figure 2.5: Larney’s Lane study site on Larney’s Creek. Google Earth image dated 2007.
Note the area of revegetation along the stream. Arrows indicate the reach selected for
sampling.
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2.2.1.2 Running Creek
Running Creek is a forested site consisting of remnant native riparian forest which is
protected by fencing (Figure 2.6). Outside the riparian zone the property land use is as a
horse stud pasture. This site was also a ‘well vegetated’ study site of Fellows et al. (2007).
The stream at this site was relatively narrow and quick flowing, being only up to 1 m
wide within the study reach. The channel flowing at baseflow, ran through a wide
sunken floodplain which was up to 17 m wide, yet no more than 0.5 m above the water
level. This was bounded by steep banks rising 2-3 m up to the higher alluvial floodplain.
The shallow soil (0-30 cm) at the site was a clay loam, though at depths greater than 1 m
there was greater clay content. Shallow soil at the site had pH 5.32 and EC of 129.3 µS
cm-1 and deep saturated soils at the watertable had pH 4.69 and EC 69.2 µS cm-1. Soils at
the site were coloured grey at deep, moist and saturated levels, indicating anoxic
conditions.
This site was sampled for experimental Chapter 4. This is site number 2 in Figure 2.4.

Figure 2.6: Running Creek study site. Google Earth image dated 2007. This site was a
forested site of remnant mature vegetation. Arrows indicate the reach selected for
sampling.
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2.2.1.3 Tin Kettle Creek
Tin Kettle Creek is a cleared site in a low density rural residential area, though upstream
of the site are small areas of market gardens (Figure 2.7). At this site the stream is 0.5 to
1.5 m wide and consistently about 30 cm deep. The channel had low, vertical banks up
to 0.5 m height, which graded into a low slope on the north bank, yet continued to rise in
steep banks up to 2 m high on the south bank. Vegetation at this site was a mixture of
few native acacias (Acacia spp.) and garden plants on the high south bank, yet was cleared
on the bank slope and the northern side of the creek. The site had a clay soil (greater
than 40 % clay) consistent for the entire depth of sampling (up to 1 m). Shallow soil at
the site had pH 6.32 and EC of 82.3 µS cm-1 and deep saturated soils at the watertable
had pH 7.5 and EC 160.2 µS cm-1. Soils at the site were displayed some orange mottling
up to about 45 cm depth, then were an anoxic dark grey at greater depths.
This site was sampled for experimental Chapter 4. This is site number 3 in Figure 2.4.

Figure 2.7: Tin Kettle Creek study site. Google Earth image dated 2007. This is a
cleared site located in a low density residential area, downstream from areas of market
gardens which are seen near the bottom of the image. Arrows indicate the reach selected
for sampling.
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2.2.1.4 Sherwell Rd – Echidna Creek
Sherwell Rd is a reach of Echidna Creek (Figure 2.8) which was revegetated in February
2001 as part of a research project of the Cooperative Research Centre for Catchment
Hydrology (Technical Report Available:
http://www.catchment.crc.org.au/archive/pubs/prog6.html). The site was fenced to
protect from cattle grazing, then planted with native forest vegetation. The width of
replanting was approximately 5 m either side of the stream, though in 2006 was extended
with another 5 m of replanting on one bank. The stream in this reach is 2 to 3 m wide
and shallow, being up to 50 cm deep. The stream is bound by bedrock and has small,
vertical banks up to 1 m high. The shallow soil (0-30 cm) at the site was a sandy clay
loam, soil at this site was relatively shallow with large rock and bedrock encountered
before 1 m depth could be sampled. Shallow soil at the site had pH 5.77 and EC of 35.7
µS cm-1 and deep saturated soils at the watertable had pH 7.75 and EC 173.7 µS cm-1.
No redoximorphic features were discernible in this soil profile.
This site was sampled for experimental Chapter 4. This is site number 4 in Figure 2.4.

Figure 2.8: Sherwell Rd study site on Echidna Creek. Google Earth image dated 2007.
This is a revegetated site, the area of revegetation extending up the centre of the image.
Arrows indicate the reach selected for sampling.
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2.2.1.5 Patons Farm – Dulong Creek
The vegetation at this site was an active cattle pasture where cattle have free access to the
stream as a water source (Figure 2.9). The riparian area is dominated by pasture grasses,
though a few trees are also near the stream providing minimal shading. The stream at
this site was contained in a U- shaped channel with low, vertical banks up to 1 m high.
The stream itself was less than 2 m wide with substrate alternating between areas of
organic rich sediment deposits and cobbles. The shallow soil (0-30 cm) at the site was a
clay loam, with rocks encountered at depths of about 70 cm. Shallow soil at the site had
pH 6.21 and EC of 31.5 µS cm-1 and deep saturated soils at the watertable had pH 6.18
and EC 42.4 µS cm-1. Soil at this site was mottled to grey at a depth from 30 cm, and
appeared grey and anoxic below 60 cm.
This site was sampled for experimental Chapter 4. This is site number 5 in Figure 2.4.

Figure 2.9: Patons Farm study site located on Dulong Creek. Google Earth image dated
2007. This is a cleared site located in cattle pasture, though a few trees occur near the
creek. Arrows indicate the reach selected for sampling.

2.2.1.6 Harlow Farm – Paynter’s Creek
At this cleared site, Paynter’s Creek on the Harlow Farm (Figure 2.10), the riparian
vegetation was open pasture with livestock normally having free access to the stream.
Riparian vegetation consisted mainly of grasses (Brachiaria spp.) and annual weedy herbs

33

such as thistle (Cirsium vulgare) and cobbler’s pegs (Bidens pilosa). The stream at this site
had a channel width from 0.5 to 1.5 m and was only a short distance from the
headwaters near the top of a valley. The stream was incised along the reach being near
ground level at the upper end of the reach but the channel was up to 1.5 m deep, with
only a few centimetres of water depth, at the bottom end of the study reach. The
shallow soil (0-30 cm) at the site was a sandy clay loam and soils deeper than 30 cm
contained visible charcoal. Shallow soil at the site had pH 5.97 and EC of 38.1 µS cm-1
and deep saturated soils at the watertable had pH 6.72 and EC 33 µS cm-1. Significant
orange mottling was seen between 30 and 80 cm soil depth, after which it transitioned to
grey.
At the time of final thesis preparation, this property has been converted to a farm
forestry practice. The pastures have been converted to a plantation of a few species of
eucalyptus, and a revegetation effort along the stream riparian zone has occurred as part
of this change in land use. However, all sampling at this site occurred while used as an
active pasture, prior to this change in land-use occurring.
This site was sampled in experimental Chapters 3 and 4. This is site number 6 in Figure
2.4.

A

B

Figure 2.10: Harlow Farm (A) and Pugh Farm (B) study sites located on converging
headwaters of Paynter’s Creek. Google Image dated 2007. Harlow Farm is a cleared site
in a cattle pasture. Pugh Farm is a fenced, revegetated site with cattle pasture outside the
protected riparian area. Arrows indicate the reaches selected for sampling.
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2.2.1.7 Pugh Farm – Paynter’s Creek
At this revegetated site the riparian vegetation consisted of replanted vegetation
extending between 9 to 20 m from the stream edge (Figure 2.10). Prior to revegetation
the stream was unfenced and cattle had free access to the channel. Planting occurred in
April of 2006, the replanted vegetation has grown rapidly, being up to 6 m tall 18 months
after planting in December 2007, and at the last visit in February 2011, was over 10 m
tall. Outside of the fenced, planted buffer was pasture currently under cattle grazing.
Plants in the buffer were native and common plants included white cedar (Melia
azedarach), macaranga (Macaranga tanarius) and eucalypt species (Eucalyptus spp. and
Corymbia spp.). The stream at this site had an incised channel the length of the reach up
to 2 m deep and up to 3 m wide and banks appeared to be actively eroding, gradually
forming a wider channel. A graded, concreted cattle crossing occurs in the middle of the
study reach where cattle still have access to water as it flows over the crossing. The
stream wetted width did not exceed 1m during baseflow within the study reach and was
very shallow. In sampling of 2007, the young vegetation and wide channel allowed for
growth of grasses (Cynodon dactylon, Brachiaria spp.) and macrophytes (including Typha spp.)
in the channel, which occurred in numerous small areas. However, by February 2011 the
stream was completely shaded by the vegetation canopy and very little vegetation was
observed in the channel. The shallow soil (0-30 cm) at the site was a sandy loam with
rocks encountered in the soil profile from about 50 cm. Shallow soil at the site had pH
5.95 and EC of 31.2 µS cm-1 and deep saturated soils at the watertable had pH 5.93 and
EC 37.2 µS cm-1. No redoximorphic features were discernable in this soil profile.
This site was sampled in experimental Chapters 3 and 4. This is site number 7 in Figure
2.4.

2.2.1.8 Paynter’s Pocket – Paynter’s Creek
Paynter’s Creek at Paynter’s Pocket is a ‘forested’ site; the riparian vegetation was mature,
though may not be remnant (Figure 2.11). The channel at this site was 2-3 m wide with a
sandy substrate and near vertical banks up to 1.5 m. Steep banks continued above this
extending up to 12 m from the water edge and to 10 m above the water level. These
steep banks retained mature, remnant vegetation as this area of land was not useful for
agriculture or too difficult to clear. All sampling at this site occurred within this mature
stand of vegetation. The surrounding land had recently (within the past 2 years) been
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converted from cropped farmland to residential estate (Paynters Pocket). The riparian
vegetation had contained weedy species including camphor laurel (Cinnamomum camphora)
and cocos palm (Syagrus romanzoffiana). These weedy species were poisoned or removed
as part of the residential development and the riparian vegetation widened by up to 20 m
with native planting (including Acacia spp., Macaranga tanarius, Eucalyptus spp. and Araucaria
bidwillii) alongside the smaller area of mature vegetation. This planted vegetation was up
to 5 m tall at time of sampling. The shallow soil (0-30 cm) at the site was a loam.
Shallow soil at the site had pH 6 and EC of 57 µS cm-1 and deep saturated soils at the
watertable had pH 7.41 and EC 48.4 µS cm-1. Soils at this site were organic rich and
brown in colour, which became grey below the watertable.
This site was sampled in experimental Chapter 3. This is site number 8 in Figure 2.4.

Figure 2.11: Paynter’s Pocket study site on Paynter’s Creek. Google Earth image dated
2007. This site has remnant mature vegetation in the riparian zone, with fruit orchard to
the west of the creek in the image, and a recent residential development to the east of the
creek. Also visible on the eastern bank is the area of revegetation which has extended
the width of riparian forest. Arrows indicate the reach selected for sampling.
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2.2.1.9 Eudlo Flats – Eudlo Creek
Eudlo Flats is a forested site on the lowland floodplain reaches of Eudlo Creek (Figure
2.12). The stream at this site was wide, about 5 m throughout the site, yet shallow, being
only up to 0.7 m deep. The channel banks were quite steep up to 3 m height above the
water before opening out onto the level of the alluvial floodplain. Land use outside of
the remnant riparian forest was sugar cane crop in the past, though recently has been
transitioning to farm forestry practices. The shallow soil (0-30 cm) at the site was a loamy
sand. However, soils at this site were variable with depth; throughout the soil profile the
soil texture was layered with variable amounts of silt/clay and sand dominated
constituents. Shallow soil at the site had pH 5.19 and EC of 31.2 µS cm-1 and deep
saturated soils at the watertable had pH 4.7 and EC 46.2 µS cm-1. Mottled colours began
at depth of 60 cm, and transitioned to grey at depth of 80 to 100 cm.
This site was sampled in experimental Chapter 4. This is site number 9 in Figure 2.4.

Figure 2.12: Eudlo Flats study site on Eudlo Creek. Google Earth image dated 2007.
This is a forested site surrounded by historically sugar cane land, though recently has
been transitioning to farm forestry. Arrows indicate reach selected for sampling.
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2.2.1.10 McGilchrist Drive – Eudlo Creek
McGilchrist is a cleared, active pasture site on Eudlo Creek (Figure 2.13). This site is
105B

grazed by cattle which have free access to the channel. The channel at this site is
abnormally deep and discussions with the land owner revealed that dredging of the
channel occurs in an attempt to prevent localised flooding. The channel at this site is
approximately 1.5 m wide for the length of the study reach. The stream banks are steep,
up to 3 m high with evidence of active bank erosion through mass failure. Vegetation at
this site is mainly just pasture grasses with a few planted Norfolk Island Pines (Araucaria
heterophylla) planted a few meters back from the stream banks. The shallow soil (0-30 cm)
at the site was a sand clay loam though with a layer of increased clay/silt content at 30
and up to 80 cm depth. Shallow soil at the site had pH 5.79 and EC of 40.8 µS cm-1 and
deep saturated soils at the watertable had pH 5.44 and EC 28.6 µS cm-1. Mottled colours
start at 30 cm depth, though is a more orange sand just below the increased clay/silt
layer, then an anoxic grey from about 60-90 cm depth.
This site was sampled in experimental Chapter 4. This is site number 10 in Figure 2.4.

Figure 2.13: McGilchrist Drive study site located on Eudlo Creek. Google Earth image
dated 2004. This is a cleared site used for cattle pasture located in a lowland floodplain.
Arrows indicate the reach selected for sampling.
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2.2.1.11 Rosebed – Eudlo Creek
Rosebed is a revegetated site of Eudlo Creek, located at the township of Eudlo upstream
106B

from the McGilchrist Drive site (Figure 2.14). This site was revegetated in 2001, prior to
this being a horse pasture, which is still the active landuse upstream from the site. The
revegetation was relatively narrow on one side being 5 to 10 m up to the shoulder of a
small bitumen road, the other side being much wider with the revegetation extending
into the previous pasture. The stream at this site was shallow at the upstream end
entering the site in a riffle, but over 1 m deep near the middle of the study reach in a
pool and flowing into a run approximately 0.5 m deep. The channel width varied across
the site being 2 m wide at the riffle, up to 3 m wide at the pool and approximately 1 m
wide at the downstream run. The shallow soil (0-30 cm) at the site was a clay loam
which was sandier at depths greater than 50 cm. Shallow soil at the site had pH 5.1 and
EC of 37.2 µS cm-1 and deep saturated soils at the watertable had pH 4.95 and EC 30.4
µS cm-1. in the soil profile orange mottling began at 60 cm depth with grey colour from
1 m depth.
This site was sampled in experimental Chapter 4 and 5. This is site number 11 in Figure
2.4.

Figure 2.14: Rosebed study site on Eudlo Creek. Google Earth image dated 2004. This
is a revegetated site located in horse pasture upstream from the township of Eudlo. The
creek flows from west to east in the image. The stream was revegetated from the road
crossing upstream for about 50 m, with replanting of forest also occurring in the strip of
land down the centre of the image. Arrows indicate the reach selected for sampling.
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2.2.1.12 Diamond Valley – Mooloolah River
Diamond Valley was a native forested site on the upper reaches of the Mooloolah River
107B

(Figure 2.15). The surrounding area was forested with some low density rural residential
housing. The stream was a wide, deep pool at the upstream end of the site, up to about
1 m deep and 8 m wide. This flowed into a riffle of cobbles that was no more than 30
cm deep. The stream along the length of the reach was bounded by bedrock or had
cobble substrate. Soil at this site was shallow and organic rich and no more than 50 cm
deep overlying bedrock. Soil at this site was a sandy loam with pH 5.71 and EC 26.5 µS
cm-1.
This site was sampled in experimental Chapter 4. This is site number 12 in Figure 2.4.

Figure 2.15: Diamond Valley study site located on the upper reaches of the Mooloolah
River. Google Earth Image dated 2007. This is a forested site, located within a well
forested area of land. The riparian area can be seen as a darker form of vegetation
running from the top-left to the middle-right of the image. Arrows indicate the reach
selected for sampling.
2.2.1.13 Mooloolah Valley – Mooloolah River
Mooloolah valley is a forested site on the south arm of the Mooloolah River (Figure
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2.16). The riparian vegetation at this site is remnant forest, with some weed invasion by
camphor laurel (Cinnamomum camphora). Recent land use change has occurred at the site,
previously being a ‘hobby farm’, approximately 2 years before the first sampling the site
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was converted to a medium density residential estate. As part of this development, a
water sensitive design was included where stormwater from the development first flows
to a detention basin, then into a constructed wetland pond, with overflow to a grassy
field, before discharge into the stream, downstream from the study reach. The
development also extended the riparian vegetation by replanting natives alongside the
remnant vegetation, extending the vegetated riparian corridor about another 10 m. The
stream at this site was mainly a shallow run for the length of the site with a sandy
substrate. The channel was bounded by near vertical banks 1 to 2 m high for much of
the stream length. The shallow soil (0-30 cm) at the site was a loamy sand with greater
clay/silt content observed at depths greater than 1 m. Shallow soil at the site had pH
5.53 and EC of 25 µS cm-1 and deep saturated soils at the watertable had pH 6.25 and EC
52.4 µS cm-1. Mottled colours begin at 30 to 60 cm depth, with anoxic grey starting at 60
to 90 cm depth.
This site was sampled in experimental Chapters 4 and 6. This is site number 13 in Figure
2.4.

Figure 2.16: Mooloolah Valley study site located on the Mooloolah River. Google Earth
image dated 2004. This is a forested site with remnant forest in the riparian zone, though
invasion by exotic tree species has occurred. Not shown in this most recent available
image, is the newly built medium density residential development on the north side of
the river, which is similar to that shown here on the southern site. Arrows indicated the
reach selected for sampling.
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3 Detecting differences in soil properties between
differing vegetation structures
2B

3.1 Introduction
17B

Soil properties are a product of the interaction of influences at a range of scales. Local
climate, parent material, faunal and microbial processes, and vegetation all play a part
influencing soil characteristics (Jenney 1941). The effects of human activities have also
been recognised as an influencing factor on soil development and its properties (Jenny
1980). The carbon and nitrogen contents of soils are particularly susceptible to
modification from human induced vegetation change and land-use practices (Mclauchlan
2006, Guo et al. 2008, Kirschbaum et al. 2008).
Agricultural activities, including land clearing, crop production and pasture improvement,
have massive impacts on soil carbon and nitrogen (see Guo and Gifford 2002 for
review). Organic carbon in shallow soils of less than 50 cm depth, tends to increase
upon conversion from forest to pasture (Desjardins et al. 2004). In reverse, shallow soil
organic carbon decreases when pastures are converted to plantation or back to forest
(Turner et al. 2005, Guo et al. 2008, Kirschbaum et al. 2008), though in time this loss of
shallow soil carbon may stop and carbon levels again begin to rise (Turner et al. 2005).
Deeper in the soil profiles, pastures may have less carbon whereas deep-rooted forest
trees provide organic carbon to deeper levels of the soil profile (Haile et al. 2010). The
act of land conversion – whether from forest to pasture or vice versa – results in an
initial loss of nitrogen from the system as soil disturbance promotes mineralisation and
nitrification with the loss of nitrogen in this labile form (Vitousek and Matson 1985,
Steudler et al. 1991, Kirschbaum et al. 2008). Agricultural crop production has varying
impacts on soil properties depending on the activities carried out (reviewed by
McLauchlan 2006). Tillage causes loss of soil carbon and nitrogen through enhanced
mineralisation of organic matter. However, if organic amendments are added to the soil
(such as manure) it can have much greater organic carbon content than without
agricultural production. The use of chemical fertilisers is frequently a source of excess
nitrogen pollution for soils, and eventually waterways, when it is applied in excess of
what crops or pasture requires (Carpenter et al. 1998).
The influence of vegetation and land-use for agriculture or pasture impacts the
variability, not just total content, of soil carbon and nitrogen (Gross et al. 1995, Feng et
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al. 2008). Within-site variability of soil characteristics can be detected at millimetres
between soil microsites, to meters where vegetation affects soil patches (Zinke 1962;
Strong et al. 1997, Stark et al. 2004, Bruelheide and Udelhovan 2005 ). Variability of soil
properties can be very high with coefficients of variation approaching and even greater
than 1 for measures of carbon and nitrogen (Gallardo 2003, Stark et al. 2004). The small
scale soil heterogeneity is exemplified by Strong et al. (1997) who found that a 14 x 14
cm experimental plot contained the same level of variability as a much larger plot. Trees
influence soil carbon and nutrient distribution by providing a ‘patchy’ matrix in the
rhizosphere of concentrated areas of higher organic matter and nutrient content and
cycling (Gobran and Clegg 1996). Converting forest to pasture homogenises the spatial
variability of soil characteristics, even after forest is re-established on the soil (Fraterrigo
et al. 2005). This is because pasture grasses have a much less variable spatial input of
carbon and nutrients to the soil. This homogenisation of soil properties is even more
pronounced in tillage systems which physically mix the top layers of soil.
The inherently large variability of soil makes it difficult to assess differences in soil
properties between sites, vegetation types or over time. Knowing that large within-site
variability is likely to exist, sampling strategies need to be designed with this in mind.
‘Sample size analysis’ is one method to estimate the number of samples required to
estimate a population mean within a chosen confidence interval and probability
(Hammond and McCullagh 1978). Starr et al. (1992) applied a sample size analysis
technique to assess the number of samples required to estimate the mean nitrate
concentration within a corn field using differently sized augers with a 10% confidence
interval and 95 % probability. It was found that up to 117 samples were required for the
smallest sample volume (auger diameter 1.73 cm), and that this number decreased with
increased sample volume. The largest sample volume (auger diameter 5.4 cm) required
27-46 samples to obtain the same level of accuracy. These numbers are quite large and
impractical if sampling at multiple sites. Comparatively, to obtain mean values of organic
carbon and total nitrogen in a terra firme rainforest of northeast Brazil, only 7 samples
were required (Metcalfe et al. 2008, also see for review). The different results between
these examples, displays how the degree of variation in soil characteristics, and thus the
number of samples needed, depends upon the studied characteristic and the individual
study site.
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When attempting to detect differences between soils, with different vegetation type or
land use, large within-site variability needs to be considered when choosing the statistical
methods for analysis. Soil characteristics have large variance, and frequently are not
normally distributed (Starr 1992, Zhang et al. 2005, Zhang et al. 2008). This means that
parametric assumptions of normal distribution of residuals and homogenous variance are
often not met. If these assumptions are not met, then a transformation must be applied
to the data in an attempt to meet assumptions. Given the highly variable nature of soil
properties, they may be better assessed either with an extremely large number of
replicates, or alternative, non-parametric methods.
A powerful method for detecting differences between soil properties of varying
vegetation or land-use types may be to employ non-parametric tests of classification and
regression trees. These non-parametric analytical approaches are potentially useful, yet
underused tools for exploring and analysing soil data. Classification trees are constructed
from a dataset by using explanatory variables to split the data into groups with the
greatest internal homogeneity and greatest between group heterogeneity (De’ath and
Fabricius 2000). Classification and regression trees have been used in the past to assess:
the predictability of soil nutrients from lithology, topography and vegetation (Barthold et
al. 2008), variability of soybean yield from soil properties and management actions
(Zheng et al. 2009), the copper content of soils from soil properties and various land use
measures (Zhang et al. 2008), and the distribution and monitoring of wetlands (Wright
and Gallant 2007, Davranche et al. 2010). Classification trees have also been used to
predict soil type and allow the mapping of a larger soil area based on a small reference
area (Scull et al. 2005). In this study classification trees are used in an attempt to classify
three treatments of riparian vegetation (pasture, revegetated and mature forest) based on
the soil properties of these sites.
The success of forest restoration activities could be gauged by differences of soil
properties and processes, and their spatial variability, if found to exist between soils
subjected to different vegetation management actions. Observing the change of soil
properties over time since restoration efforts (such as tree planting), would track the
restoration of a site as an indicator of ecosystem processes and not vegetation structure
alone, and could be benchmarked by those expected of a reference ‘undisturbed’ habitat.
The downside of this type of monitoring is that soil properties may change only slowly

44

following replanting (Turner et al. 2005) and thus require a long term investment in this
type of monitoring framework. If employed this method of monitoring could be
particularly useful when restoration efforts include goals of improving or utilising
ecosystem processes in riparian zones to improve conditions of agricultural waterways.
An example of a useful or desirable ecosystem process is the mitigation of excess
nitrogen reaching waterways by retaining nitrogen in the riparian zone via microbial
immobilisation or vegetation biomass storage, and permanent removal via denitrification
(Peterjohn and Correll 1984). The restoration of riparian forest in agricultural areas is
increasing, though the measurement of soil properties and processes over time at these
sites is lacking (Bernhardt et al. 2005).
In this study I measured soil carbon, inorganic nitrogen and microbial activity of three
riparian sites with different structures of vegetation; a pasture, a revegetated site 20
months following replanting of native forest vegetation, and a mature forest. From the
conceptual model of riparian nitrate removal and retention processes outlined in Chapter
1, I would predict the following differences in the pools of nitrogen and organic carbon
between the three treatments. In the forested riparian sites of the Maroochy Catchment
I expect the soil inorganic nitrogen pool to be dominated by ammonium rather than
nitrate, while in cleared sites, nitrate should dominate compared with ammonium. My
prediction is that the revegetated sites would be rapidly accumulating biomass and thus
have small inorganic N pools in the soil. Organic matter content is predicted to be
similar at the forested and pasture sites in the shallow soil layers (<30 cm), but larger in
the forested site for deeper soil (>50 cm), though decreasing exponentially with depth.
The revegetated site is likely to have the lowest soil organic matter content, as organic
matter from the previous pasture is expected to rapidly mineralise and the young,
replanted trees not likely to provide much organic matter input to the soil at this stage.
However, at the revegetation sites, on a timescale possibly in decades, organic matter is
expected to accumulate in two ways; rapidly in the shallow soil from litterfall, and at
depth, slowly, by fine root turnover. Pasture and forest sites are assumed to have
relatively stable soil organic matter content.
Given the predicted differences in inorganic nitrogen and organic matter between the
three riparian vegetation treatments, the following questions are explored as part of this
chapter:
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•

Are there differences in the inorganic nitrogen pools, organic matter content
and microbial activity between soils associated with the different riparian
vegetation structures?

•

What is the underlying variation within the soil within each vegetation
structure and how does this influence the ability to detect significant
differences between sites?

•

What are the drivers responsible for differences in inorganic nitrogen pools,
organic matter and microbial activity within the different riparian vegetation
structures?
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3.2 Methods
18B

3.2.1 Study Sites
50B

The heterogeneity of riparian soil nitrogen and carbon content and microbial activity was
assessed at three sites within the Maroochy Catchment (Figure 3.1), each with a different
vegetation ‘structure’. These were; Paynter’s Pocket (Section 2.2.1.8, Figure 3.2C), a site
with mature vegetation (Forested); Pugh Farm (Section 2.2.1.7, Figure 3.2B), a site
replanted 20 months earlier in April 2006 with a riparian buffer of native vegetation
(Revegetated); and Harlow Farm (Section 2.2.1.6, Figure 3.2A), a site in a cattle pasture
(Cleared). The cleared and revegetated sites were located on converging headwater arms
of Paynter’s Creek (Figure 3.1 and 2.10) and the mature site was located about 3 km
downstream from these two sites (Figure 3.1 and 2.11). Section 2.2.1 of Chapter 2
contains descriptions and images of these sites.
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Figure 3.1: The 3 study sites for this study; Harlow Farm, Pugh Farm and Paynter’s
Pocket are all located in the upper reaches of Paynter’s Creek, in the Maroochy
Catchment. The 3 sites are located within the red box in the image. For images and
descriptions of the sites see Chapter 2, Section 2.2.1.

Figure 3.2: (on following page): Photographs of the sites used in the study for this
chapter. The sites are (A) the “cleared” site on the Harlow Property, (B) the
“revegetated” site on the Pugh Property and (C) the “forested” site at Paynter’s Pocket.
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3.2.2 Sample Collection and Processing
51B

At each site, two days of sampling effort was undertaken. In this time, between 15 and
17 soil cores were collected from each site. The location of collected soil cores was
spread randomly along one bank of a 50 m stream reach. At the revegetated and
forested sites, cores were located within the vegetated buffer. At the pasture site, cores
were kept to within 6 m of the stream channel; this kept cores on a small, flat floodplain,
outside of which hill gradient increased. During soil core collection a range of site and
vegetation characteristics were recorded. At each soil core location, its distance to the
stream channel and height above stream water level was measured. The width of riparian
buffer was measured from the stream edge to the edge of vegetation or fenced area. This
was set as zero for all samples at the cleared site. Vegetation characteristics included;
basal area and number of stems (>2 cm diameter at base) in a 2 m radius. Basal area was
calculated using the diameter of stems at ground height. The proportion of groundcover
as living plants and grasses (live), organic debris (OM) or bare ground (bare) was visually
estimated within the same 2 m radius.
Cores were excavated using a 30 cm soil corer with an inside diameter of 48 mm. This
was repeatedly deployed to collect soil profile samples up to 1 m depth. Profile samples
were placed in plastic zip-lock bags in predetermined depth increments of every 5 cm up
to 30 cm depth and every 10 cm up to 1 m depth. The smaller increments were used in
the shallow soil layers as large changes in soil characteristics and nutrient content is
expected to occur over this small depth. Approximately 1 g of soil from each sample
was taken for immediate total microbial activity analysis; the remaining soil was sealed in
plastic zip-lock bags and transported back to the lab on ice. Soils could not be analysed
for nitrogen and carbon content immediately, so upon return to the lab, soil samples
were oven dried at 70 oC. After removal from the oven, samples were mixed by hand,
stones and roots picked out, and samples were then placed in new zip-lock bags for
storage until they were processed for analysis.

3.2.3 Total Microbial Activity
52B

Total microbial activity was measured by fluorescein diacetate (FDA) hydrolysis. FDA is
hydrolysed by a range of enzymes involved in decomposition of organic material. The
product of the hydrolysis is fluorescein, which absorbs strongly at visible wavelength 490
nm and can be measured spectrophotometrically. Production of fluorescein can thus
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indicate microbial activity in soil, and other substrates (Schnurer and Roswall 1982,
Adam and Duncan 2001). This procedure, modified from that of Gaspar et al. (2001),
was undertaken in the field soon after soil core excavation. Approximately 1 g of soil
was placed in a scintillation vial, with 3 mL of 60 mM potassium phosphate buffer, pH
7.6, and 0.1 mL of 1000 µg mL-1 fluorescein diacetate in acetone. 30 minutes after
addition of fluorescein diacetate solution, 3 mL of acetone was added to stop microbial
activity. Vials were returned to the lab on ice and stored frozen until analysed. FDA
samples were pipetted into cuvettes with path length of 1 cm and absorbance measured
at 490 nm. Standards of fluorescein sodium salt in potassium phosphate buffer were
used to calibrate absorbance to concentration.

3.2.4 Nitrogen and Organic Matter Measurements
53B

Water extractable inorganic ammonium and nitrate of soil samples was extracted with
ultra-pure water (18 MΩ). Water extractable ammonium and nitrate were measured as
this provides an estimate of the inorganic N available for plant uptake or export in runoff
during rain events (Marschner et al. 1991), both important factors in assessing effects of
vegetation on nitrogen retention. A slurry of 30 g dry soil and 30 mL of ultra-pure water
was made in 50 mL sterile falcon tubes. This was shaken for 1 hour, and then
centrifuged at 3000 rpm for 15 minutes. Supernatant water was filtered through cellulose
acetate membrane filter (Sartorius; pore size 0.45 µm). Filtrate was stored frozen until
analysis. Nitrate plus nitrite (hereafter referred to as nitrate) and ammonium
concentration of extracts was measured by automated colourimetric methods using a
SmartChem 200 Discrete Chemistry Analyser (WESTCO Scientific Instruments Inc,
Brookfield). Nitrate was analysed using the SmartChem Method 376N-0405C
(equivalent to USEPA 353.2) where nitrate and nitrite are analysed together after nitrate
is reduced to nitrite by passing through a cadmium column. Nitrite is reacted with
sulfanilamide and N-(naphthyl)-ethylenediamine dihydrochloride to form coloured azo
dye which is measured by absorbance at 550 nm. Nitrate detection limit is 0.02 mg NO3N L-1, when calculated as soil content the detection limit is 0.05 µg NOx-N g-1.
Ammonium was analysed using SmartChem Method 213N-0405C (equivalent to USEPA
350.1), where sample is buffered at pH 9.5, then distilled into a boric acid solution.
Ammonia then reacts with alkaline phenol and hypochlorite to form idenophenol blue,
which is measured for absorbance at 630 nm. Ammonium detection limit is 0.05 mg
NH4-N L-1, when calculated as soil content this is 0.1 µg NH4-N g-1. Organic matter
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content of soil was measured by loss on ignition (Konen et al. 2002). Oven dry samples
of approximately 5 g of soil were combusted at 400 oC for 1 hour. The weight loss after
combustion was taken to be organic matter loss.

3.2.5 Data Analysis
54B

3.2.5.1 Pooling Data
Data was analysed in the 5 or 10 cm increments as outlined in the collection of soil
109B

samples. However, data from these samples was also pooled together to provide soil
data in increments of 30 cm for each core. Data was pooled by averaging the values
obtained from the smaller increments, so that I also had data points for depths of 0-30,
30-60 and 60-90 cm. All further analyses were carried out on both the original data, and
the pooled data.

3.2.5.2 Statistical Analysis
Relationships between soil nitrate, ammonium, organic matter contents and microbial
10B

activity with depth of samples in the soil profile was assessed. I fitted linear and
exponential decay functions to the data. Mean values of soil nitrate, ammonium, organic
matter contents and microbial activity, for each depth increment at each vegetation
treatment were used in the analysis. A final analysis using data from all vegetation
treatments was also performed. The significance of model fit was assessed by the F
statistic. Model fitting was performed using SPSS (17.0, SPSS Inc, Chicago).
Data were initially analysed for differences in mean nitrate, ammonium, organic matter
content and microbial activity between vegetation treatments using standard Analysis Of
Variance (ANOVA) techniques. The data were tested for the ANOVA assumptions of
normal distribution of residuals and homogeneity of variance. Where assumptions were
not met, transformations were applied to the data, which was then retested for
assumptions of normal distribution of residuals and homogeneity of variance. The
transformations used were Log(x+1), square root and fourth root. These
transformations were applied to the data in turn if the previous transformation did not
achieve the ANOVA assumptions. Where assumptions could be met differences
between vegetation treatments were assessed by one-way ANOVA performed using
SPSS (17.0, SPSS Inc, Chicago).
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Classification tree analysis was employed as a non-parametric method to explore and
analyse the soil data. Classification tree analysis involves recursive partitioning of the
data into two groups, each with the maximum internal homogeneity. This occurs by
splitting the data at all possible measurements of explanatory variables and testing the
variability of the groups produced. The split that produces the greatest within group
homogeneity and the largest between group heterogeneity is used in the classification
tree. This process in repeated for each grouping until a further split does not reduced
the group’s variability (Brieman et al. 1984, Rejwan et al. 1999, Zuur et al. 2007, pp. 143146). Classification tree analysis was performed on R using the ‘rpart’ library. Vegetation
treatment was set as the response variable (with categories of ‘Cleared’, ‘Reveg’ and
‘Forested’), and explanatory variables were nitrate, ammonium and organic matter
contents, microbial activity (FDA hydrolysis) and sample depth. Analysis was carried out
on both raw data and pooled data producing a tree for each data set. The optimal size of
the trees (number of splits) was determined by cross validation (Zuur et al. 2007, pp.
149-150).
The variation of the soil data within the vegetation treatments was explored by
calculating the coefficients of variation (CV) and applying sample size analysis to the data
collected. CV was calculated as the ratio of the standard deviation to the sample mean
and expressed as a percentage. Sample size analysis was carried out using the method of
Hammond and McCullagh (1978) which has been commonly used in analysis of soil and
ecosystem characteristics sample sizes (Starr et al. 1992, Stenger et al. 2002, Metcalfe et
al. 2008). This analysis gives the number of samples (N) required to accurately sample a
population mean and confidently use the data in parametric analyses:

N=

t α(2)2 * CV2
D2

Where t α(2) is the Student’s t statistic at the chosen level of significance and degrees of
freedom (α=0.05 in this study), CV is the coefficient of variation expressed as a
percentage, D is the desired confidence interval, expressed as a percentage of the
estimated mean (10% in this study). The confidence interval is the range (estimate mean
± D) in which the true mean value should fall with a probability of 1- α. The values for
the confidence interval (D=10%) and accuracy (1- α=95%) used here were chosen so
53

that results may be compared to other studies using these values (Starr et al. 1992,
Prasolova et al. 2000). I used the mean values obtained for nitrate, ammonium, organic
matter and microbial activity for each vegetation treatment measured in this study as the
estimated means for this analysis.
Multiple linear regression was used to explore the relationships between soil contents of
nitrate, ammonium and organic matter and microbial activity with site and vegetation
variables. Data were not normally distributed and a Log(x+1) transformation was
applied. This did not achieve normality, though it did improve the distribution, and
results are thus interpreted with caution. In the regression models, nitrate, ammonium,
organic matter and microbial activity were used as dependent variables in turn, with
predictor variables of sample depth, height of soil surface above water level, distance to
channel, buffer width, number of stems in 2 m radius and basal area of stems in the same
area and percent ground cover as organic matter, living plants or bare ground. Organic
matter content of soil was also used as predictor variable in the models of nitrate,
ammonium and microbial activity. Multiple linear regression was performed using SPSS
(17.0, SPSS Inc, Chicago).
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3.3 Results
19B

3.3.1 Soil Differences between Riparian Vegetation Treatments
5B

3.3.1.1 Nitrogen and Organic Matter
Nitrate concentrations peaked in the shallow soils and were clearly different between
1B

sites (Figure 3.3). Nitrate concentrations showed an exponential decrease with depth in
the soil at all three vegetation treatments (Table 3.1). In the top 20 cm of soil, the
forested site had nitrate levels of 2 µg N g-1 dry soil more than the revegetated site, which
itself was larger than the cleared site. Below 20 cm depth, there was less distinction
between sites, though the cleared site was consistently less. At the deepest level of the
forested site soil profile, the concentration of nitrate was below detection limit. The
variance of nitrate was largest for the mature site (Figure 3.3), which also had the highest
concentrations.
Ammonium concentrations also had a peak in shallow soil, though the concentration was
small and only in the top 5 – 10 cm of soil (Figure 3.3). In the shallowest soil layer, sites
were different, again the mature site had the highest concentration. However, the cleared
site had a higher ammonium concentration than the revegetated, which did not have a
discernable peak of ammonium. There was very little difference in ammonium content
between vegetation treatments for most soil depths. Ammonium content of soil only
showed a significant decreasing trend with depth in the cleared and revegetated sites,
where it decreased with an exponential decay (Table 3.1). The forested site had large
increases of ammonium at depth, in those cores that reached saturated soil layers,
resulting in no significant trend with sample depth. However, if these saturated soil
depths are disregarded, as saturated conditions were not reached at either the cleared or
revegetated sites, a similar exponential decay trend may be found.
Soil organic matter content at all depths was consistently highest at the forested site
(Figure 3.3). Like nitrate and ammonium, organic matter peaked in the shallow soil at
the forested and cleared sites. Elevated organic matter was found in the top 20 cm of
soil at the forested site, yet only the top 5 cm at the cleared site. The revegetated site did
not have a clear shallow soil peak of organic matter. Soil organic matter had significant
trends of decreasing content with depth in the soil for all vegetation treatments. Both
the linear and exponential functions had a significant fit to the data (Table 3.1). The
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exponential decay models explained greater variance than the linear models at the cleared
and forested treatments, while the linear model explained slightly more variance at the
revegetated site.

3.3.1.2 Microbial Activity
The variance of microbial activity is very large making interpretation of the data difficult
12B

(Figure 3.3). As with nitrate, ammonium and organic matter, measured microbial activity
was high in the shallow soil layers. The mature site had the highest activity in the top 5
cm, followed closely by the revegetated site, while the cleared site had a much lower
activity than the other two sites at this depth. The microbial activity of the revegetated
site quickly dropped in the 5-10 cm depth and remained low throughout the soil profile.
Although the microbial activity of the cleared site began at a moderate level, this was
maintained until a depth of about 30 cm. The mature site had the highest activity
throughout the soil profile, yet had a second peak in activity at depths below 70 cm,
concomitant with soil saturation and increased ammonium levels. Microbial activity only
showed a significant decreasing trend with soil depth at the cleared site where a
significant linear model explained 33 % of the variance.

3.3.1.3 Pooled Data
The graphs of data pooled in increments of 30 cm, do not show the detail of small scale
13B

changes in soil characteristics with depth, however, they elucidate the major trends more
clearly (Figure 3.3 B). Pooled data suggests that for nitrate, the shallow soil is where
major differences in concentration between sites/vegetation types occur, and that the
cleared site was consistently low in nitrate throughout the soil profile (Figure 3.3).
Ammonium concentrations showed almost no difference between sites when data was
pooled. As pooled data only goes to the 90 cm soil depth, the deep soil increase in
ammonium is not evident (Figure 3.3). For both organic matter and microbial activity,
pooled data suggests a clearer distinction between vegetation type treatments. The
mature site shows higher organic matter content and microbial activity throughout the
soil profile, with cleared and revegetated sites being lower and more similar. Microbial
activity showed a pattern in the pooled data at all sites, of being lowest at the mid-profile
depth range, and slightly higher in both shallow and deeper soil (Figure 3.3).
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Figure 3.3: Mean and SE of soil nitrate, ammonium, organic matter and microbial
activity plotted against depth for the three vegetation treatments; cleared (circles),
revegetated (triangles) and forested (squares). Plots labelled ‘A’ are the raw data and
those labelled ‘B’ show data pooled over 30 cm depths.
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Table 3.1: Fit of linear and exponential decay functions to the depth distribution of
nitrate, ammonium, organic matter and microbial activity between vegetation treatments.
Shaded cells show which model explained the most variation where the fit was
significant. Degrees of freedom are 1, 11 for “Cleared”, “Revegetated” and “Forested”
model fits, and 1, 37 for “All Sites”.
Linear

Exponential

All Sites

Forested

Revegetated

Cleared

Model Fit
R2

F

Sig

R2

F

Sig

NO3

0.75

33.2

<0.001

0.89

87.6

<0.001

NH4

0.45

8.9

0.013

0.61

17.0

0.002

OM

0.75

33.0

<0.001

0.82

50.0

<0.001

FDA

0.33

5.4

0.040

0.24

3.4

0.090

NO3

0.65

20.7

0.001

0.84

56.0

<0.001

NH4

0.44

8.7

0.013

0.48

10.0

0.009

OM

0.83

52.3

<0.001

0.82

48.9

<0.001

FDA

0.11

1.4

0.270

0.06

0.7

0.413

NO3

0.80

43.0

<0.001

0.80

44.4

<0.001

NH4

0.10

1.2

0.304

0.001

0.01

0.929

OM

0.37

6.3

0.029

0.39

7.0

0.023

FDA

0.01

0.1

0.751

0.003

0.03

0.870

NO3

0.39

23.2

<0.001

0.50

36.5

<0.001

NH4

0.00

0.02

0.896

0.09

3.6

0.066

OM

0.26

12.7

0.001

0.30

15.5

<0.001

FDA

0.03

1.0

0.326

0.04

1.4

0.250
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3.3.1.4 Exploring Differences using ANOVA/Parametric analysis
Example data was selected to present the results of testing for ANOVA assumptions
14B

(Table 3.2). The data selected was 0-5 and 60-70 cm increments from the raw data, and
the three depths of the pooled data, 0-30, 30-60 and 60-90 cm. The nitrate, ammonium
and organic matter contents and microbial activity data did not meet the assumptions of
normal distribution of residuals and homogeneity of variance for ANOVA. In most
cases, applying Log(x+1) square root and 4th root transformations to the data did not
improve the fit and allow data to meet the assumptions of ANOVA (Table 3.2). In the
cases where transformation did improve the normality of the data, the Log(x+1)
transformation was used in all but one instance. Transformation usually produced a
normal distribution of the residuals, yet the variances did not become similar after
transformation. Where the data met assumptions and ANOVA was possible, there
tended to be significant differences between sites. These were for nitrate at 5 cm depth
(transformation of Log(x+1), p<0.001, F2,47 = 17.093), organic matter at 5cm
(transformation of Log(x+1), p<0.001, F2,47=10.886) and 70cm (transformation of 4th
root, p=0.001, F2,40=7.832) depths, and microbial activity in the top 30 cm
(transformation of Log(x+1), p<0.01, F2,48=5.717) and 30-60 cm (transformation of
Log(x+1), p<0.001, F2,47=12.718). Microbial activity at 60-90 cm depth was not
significantly different between sites (transformation of Log(x+1), p=0.132, F2,41 =2.131).
Post-hoc power analysis revealed that all the significant results had a power greater than
0.9, indicating that real differences were being detected in the data, despite the high level
of variation.
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Table 3.2: Results of testing and transformation of data to meet assumptions for
ANOVA analysis. X indicates that data does not meet assumptions and transformations
did not improve this, otherwise, the transformation applied to meet the assumptions is
listed. Shaded cells show where both assumptions of normal distribution of residuals
and homogenous variance are found with transformation.
Nitrate
Ammonium
Organic Matter
FDA
Normal

Similar

Normal

Similar

Normal

Similar

Normal

Similar

Residuals

Variances

Residuals

Variances

Residuals

Variances

Residuals

Variances

5cm

Log(x+1)

Log(x+1)

X

X

Log(x+1)

Log(x+1)

Log(x+1)

4th root

70cm

Log(x+1)

X

X

X

4th root

4th root

Log(x+1)

X

Log(x+1)

4th root

Log(x+1)

4th root

4th root

X

Log(x+1)

Log(x+1)

Log(x+1)

X

4th root

X

Log(x+1)

X

Log(x+1)

Log(x+1)

4th root

X

X

X

Log(x+1)

X

Log(x+1)

Log(x+1)

030cm
3060cm
6090cm

3.3.1.5 Non-parametric Methods: Classification Trees
In both the individual and pooled datasets, nitrate and organic matter content are the
15B

basis on which the major classifications of samples are made. The first tree constructed
using all data (Figure 3.4), shows that soil samples from cleared sites are characterised by
low nitrate content (<0.63 µg g-1dry soil). Revegetated soil had higher nitrate (>0.63 µg
g-1dry soil) and relatively low organic matter (<6.29 %). Mature forest soils had both
higher nitrate (>0.63 µg g-1dry soil) and organic matter (>6.29 %), though some cleared
samples also fell into this category but are distinguished by a low level of microbial
activity. Ammonium content was not used as a splitting criterion, while microbial
activity (FDA) only contributed to classifying a small number of samples. The tree
constructed with the pooled data (Figure 3.5) used the same variables for the splits, but
in a different hierarchy. Nitrate and organic matter were the first and second splits in the
data in the initial tree, the pooled tree has these reversed, with the mature site grouping
out first, instead of the cleared site.
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Figure 3.4: Classification tree for soil samples from sites of different vegetation types.
Leaves are labelled (classified) with the dominant response; cleared, revegetated or
forested site. They also show the number of observations in each class as
cleared/forested/revegetated. Misclassification rate is 0.32. Error is 50% of the root
error. Complexity parameter value used is 0.032. Criteria used for each split applies to
the left arm of the split.

Figure 3.5: Classification tree of pooled soil samples from different vegetation types.
Leaves are labelled (classified) with the dominant response; cleared, revegetated or
forested site. They also show the number of observations in each class as
cleared/forested/revegetated. Misclassification rate is 0.30. Error is 48% of root error.
Complexity parameter value used is 0.1. Criteria used for each split applies to the left
arm of the split.
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3.3.2 Soil Variation
56B

3.3.2.1 Variation in Soil Characteristics and Estimated Sample Sizes
The soil characteristics of nitrate, ammonium, organic matter content and microbial
16B

activity had high degrees of variation within each vegetation structure (Figures 3.3, 3.6).
The measured range of values for the characteristics were often large, with the range
often being larger than the median value, and interquartile ranges that are also spread out
and often skewed (Figure 3.6). The variation of any of the characteristics was lower only
when the mean approached zero, such as for nitrate and ammonium soil contents at the
cleared site (Figure 3.6). The spread of the data around the median tends to be relatively
similar between vegetation treatments and across depths. This means that whether the
median value is high or low, the data variation is the same. The coefficients of variation
in the data (appendix) shows this, as it does not display patterns related with depth or
vegetation type.
Sample size analysis was carried out for each soil characteristic of interest to estimate the
number of samples required to estimate true mean values within a 10 % confidence
interval and with 95 % accuracy. For any characteristic, there was no pattern of number
of samples with depth or between sites. The scale of samples sizes was similar for nitrate
and ammonium concentrations and microbial activity, ranging from about 100 to over
2000 samples (Figure 3.7 A). Organic matter content had a smaller range of about 20 to
150 samples. Estimating required sample sizes from pooled data reduced the larger end
of the scale of samples required, bringing the maximum estimation to about 1000
samples. However, the smaller end of the scale did not reduce (Figure 3.7 B). The
sample size estimation from pooled data also did not suggest any regular patterns
between sample size numbers and depth or vegetation structure.

Figure 3.6 (on next page): Box plots of pooled soil sample data for nitrate, ammonium,
organic matter and microbial activity. Each plot shows the pooled data from each
vegetation types for a single analyte and depth range. Box mid-line shows median, box
edges are 25th and 75th percentiles, whiskers show 5th and 95th percentiles and dots show
the highest and lowest values (N.B. Some treatments did not contain enough data points
to calculate all plot information).
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Figure 3.7: Calculated sample size estimates for measuring nitrate, ammonium, organic
matter and microbial activity in the three vegetation treatments; cleared (circles),
revegetated (triangles) and forested (squares). Sample sizes are estimated for sampling
the true mean with a confidence interval (D) of 10 % with 95 % accuracy (p=0.05).
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3.3.3 Drivers of Soil Variation
57B

Multiple regression of the soil characteristics of nitrate, ammonium, organic matter and
microbial activity (transformed by Log(x+1)) against site and vegetation measures found
that 51 % of nitrate, 25 % of ammonium, 31 % of organic matter and 18 % of microbial
activity variations could be explained by a linear combination of the predictor variables
(Table 3.3). Depth in the soil profile (DEPTH) was a highly significant predictor variable
(p=<0.001) for all four soil characteristics. As previously shown (Table 3.1) values of the
characteristic measures were related to sample depth. Soil nitrate, ammonium and
microbial activity all had organic matter as a strong predictor (p=<0.001) in their
regression models. Organic matter itself was influenced by the number of nearby stems
(STEMS) living ground cover (GCLIVE) and organic debris ground cover (GCOM). All
characteristics also had height of soil surface above water level (HEIGHT) as a
significant predictor variable (p=<0.01-0.029). Ammonium and microbial activity were
negatively related to HEIGHT, meaning that these characteristics were greater when the
soil surface was closer to the stream water level and the soil column probably more
moist. The multiple regression model of soil nitrate had buffer width as a significant
predictor variable (p=<0.001) with a positive relationship (Beta coefficient = 0.510),
showing increasing nitrate content with increased vegetated buffer width.
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Table 3.3: Contributions of each predictor variable to explaining the variation of the
multiple linear regression models. Only those variables that explained significant
amounts of the variation are shown. The F statistic, level of significance and R2 are also
shown for each regression model. Models were generated from data grouped from all
vegetation treatments. Predictor variables are; soil sample depth (DEPTH), width of
buffer from stream to edge of vegetation (BUFFWD), soil organic matter content (OM),
distance to the channel (DISTC), height of soil surface above water level (HEIGHT),
number of stems in 2 m radius (STEMS), basal area of stems in 2 m radius (BASAL), and
the percent of ground cover that was live (GCLIVE), organic matter (GCOM) and bare
soil (GCBARE).
Organic
Matter

Microbial
Activity

Log(OM)

Log(FDA)

-0.203**

-0.313**

-0.120*

0.253**

0.386**

N.A.

0.214**

0.075*

-0.208**

0.273**

-0.168**

0.235*

0.169*

0.305**

Predictor
Variable

NO3

NH4

Log(NO3)

Log(NH4)

DEPTH

-0.336**

BUFFWD

0.510**

OM
DISTC
HEIGHT
STEMS
BASAL
GCLIVE

0.542*

0.651*

GCOM

0.655*

0.639*

GCBARE
F9,537

57.190

19.212

27.640

12.816

P

<0.001

<0.001

<0.001

<0.001

R2

0.507

0.250

0.305

0.178

* shows p<0.05, ** shows p<0.001.
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3.4 Discussion
20B

3.4.1 Soil Characteristics and Vegetation Treatment
58B

Agricultural activities, particularly use of fertilisers, have impacts on soil carbon and
nitrogen, and in many cases can lead to excess nitrogen pollution of waterways (Smith et
al. 1982, Turner and Rabalais 1991, Neal et al. 2006). Taking riparian zones out of crop
or pasture production and returning them to forested conditions may mitigate waterway
nutrient pollution by improving soil and enhancing nitrogen retention processes
(Fennessy and Cronk 1997). Many previous studies show that changes in land use or
vegetation treatment, such as planting forests into pasture land, over time affects the soil
carbon and nitrogen pools (Guo and Gifford 2002, Desjardins et al. 2004, Turner et al.
2005, Guo et al. 2008). I found that soils under three different vegetation structures,
representing a pasture to mature forest restoration gradient, within the same subcatchment, have detectable differences in the organic matter and inorganic nitrogen
contents.
As outlined in the conceptual model of Chapter 1, I predicted that the inorganic nitrogen
pool of the forested soil would be dominated by ammonium over nitrate, and that the
revegetated site would have low levels of both nitrate and ammonium as the vegetation
may have high uptake rates as it is rapidly building biomass. However, unexpectedly high
levels of nitrate were found in the shallow soils of both the mature forest and revegetated
sites. The cleared site had the lowest concentration of nitrate in shallow soil and an
ammonium concentration only slightly less. The shallow soil (0-5 cm) nitrate was one of
the few significant ANOVA tests performed showing mature>revegetated>cleared. This
is almost a complete reversal of the predicted results. Ammonium concentrations were
low across all three vegetation treatments.
An explanation for the observed patterns on inorganic nitrate could be a result of
seasonal influences. Sampling occurred in the early wet season (October 2007), before
significant rainfall had occurred. It is possible that the higher nitrate levels observed in
the revegetated and forested sites, in comparison to the cleared site, may have
accumulated through sequential mineralisation and nitrification during the winter/spring
dry season and early rains, a process which has been seen previously (Greenland 1958,
Davidson et al. 1993). Although nitrification rates are generally lowest in dry seasons, the
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dry weather restricts plant uptake and transport of nitrate by runoff or infiltration
(Greenland 1958, Babbar and Zak 1994), allowing build-up of nitrate to occur. The
shading experienced by the forested sites can promote higher soil moisture than in the
unshaded pasture (Babbar and Zak 1994), providing better conditions for mineralisation
and nitrification to occur, resulting in the greater nitrate pools.
Forested and revegetated treatments may have provided conditions conducive to high
nitrate pools through increased mineralisation and nitrification, yet across the catchment
the prevalent channel morphology may also contribute to the large nitrate pools in
general. High banks and deep groundwater promote an aerobic soil profile which
provides a large volume of soil in which nitrification processes can occur. This was
found in similar aerobic profiles which were produced from stream incision resulting
from urbanisation (Groffman et al. 2002). These processes may be an important
additional source of nitrate to streams of the catchment, on top of those sources from
human and agricultural activities.
Nitrate build-up in shallow soils, as seen particularly in the forested and revegetated sites,
provides a pool of nitrate from which some would be flushed into the streams during
rainfall events in the early wet season (Vink et al. 2007, Bruland et al. 2008). The often
intense nature of rain events in the region can mean that much of the nitrate could reach
stream channels before denitrification in the soil could remove it. This is of particular
concern in soils where organic matter is low as these soils will also have a lower
denitrification potential (Cooper 1990, Ambus and Lowrance 1991, Ullah and Faulkner
2006).
Organic matter of shallow soil was highest in the forested site, followed by the cleared
site. The revegetated site had low organic matter throughout the soil profile without a
shallow soil peak. The forested site, which had higher soil organic matter content at all
depths and with generally high microbial activity, is likely to also have had the highest
denitrification potential. Having organic matter at depth provides a larger volume of soil
with higher denitrification potential for nitrate laden groundwater to interact with to
result in nitrate removal. The revegetated site had lower organic matter throughout the
soil profile. As found elsewhere, this is likely a result of easily degradable carbon
deposited from the previous pasture being decomposed, a process promoted though soil
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disturbance during planting, and the new forest not yet depositing carbon to the soil
(Brown and Lugo 1990, Bashkin and Binkley 1998, Guo et al. 2008). During this stage
of establishment, nitrogen removal in the revegetated riparian zone may be dependent
upon retention in the aggrading biomass of the young vegetation (Robertson and Tiedje
1984).
At all 3 sites, organic matter distribution in the soil showed a pattern of exponential
decay with depth in the soil profile. Vertical distribution of organic carbon in soils in
other studies is similar to this, with forest soils having particularly high concentration of
carbon in the shallow soil layers (Bashkin and Binkley 1998, Jobbagy and Jackson 2000).
This has implications for denitrification in riparian soils, where organic matter provides
an effective energy source for the process (Cooper 1990). The pattern of organic matter
distribution suggests that denitrification potential is greatest in the shallowest soils of
these sites, and therefore, more nitrate will be removed from waters that interact with
shallower soil than deeper soils. Despite their much higher denitrification potential,
shallow riparian soils may have only restricted interaction with groundwater and
streamwater, therefore limiting the actual amount of nitrate they remove. Deeper soils,
though having generally much lower denitrification potential, with their greater
interaction with potential sources of nitrate, such as groundwater, may still remove
significant amounts of nitrate across the catchment (this idea is explored further in
Chapters 4 and 5).

3.4.2 Variability in Soil Characteristics and Estimated Sample
Sizes
59B

There was no pattern found in the degree of variation in soil characteristics between
vegetation structures. Instead, variation appeared to be sporadic, though shallow
sampling depths and higher values of the characteristics seem to result in larger
variability. Microbial activity had particularly large levels of variability and this could
reduce its utility as a predictor variable for vegetation type at a site. The degree of
variation of the characteristics directly affects the results of the sample size analysis.
Sample size analysis provides a recommendation of the number of samples required to
ensure that the sampled mean is not different from the true population mean (Quinn and
Keough 2002). My results show that I may have grossly under-sampled in order to gain
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an accurate representation of the true population mean. The use of pooled samples to
represent larger sample sizes did not greatly reduce the number of samples required to
estimate within 10% of the population mean. The pooled samples had estimated sample
sizes of up to 450 samples, this was much larger than anything found by Prasalova et al.
(2000) who found that 32-66 samples for total N and 29-35 samples for organic carbon
were required for the same level of accuracy. Starr et al. (1992) calculated sample sizes to
estimate nitrate in a cultivated field were about 8 times less than my results. The act of
cultivation may reduce the variability of soil characteristics (Fraterrigo et al. 2005),
making the number of samples required in more natural settings much larger than in an
agricultural setting. This would be particularly true in riparian forests which are generally
found to have soil and vegetation characteristics more variable than the rest of the
landscape (Gallardo 2003).
In the case of every characteristic – nitrate, ammonium, organic matter or microbial
activity – sample size analysis showed that an impractical number of samples were
required to sufficiently sample a site to obtain the true mean with a 10% confidence
interval and 95% probability. I expected that samples from deeper in the soil column
would be less variable and have lower estimated sample sizes, but this was not the case.
Estimated sample sizes are a function of population variance and mean (Hammond and
McCullagh 1978). So although mean values and standard error decreased with depth, the
variance did not necessarily also decrease, and estimated sample sizes remained high.
Two levels of detail were analysed in the data by analysing the soil profiles in small
discrete increments, and also by pooling these to larger samples of every 30 cm of depth.
Comparing the full, discrete data and the pooled data, shows that details get lost in larger,
pooled, depth increments. In particular, large changes in soil properties and composition
occur over small depths in the very shallow soil layers, and large changes can also occur
at any depth, quite dramatically, over short distances. For example, the pooled data can
suggest a simple, almost linear decrease in concentration of nitrogen with depth, when
the smaller increments show that a near exponential decline actually occurs. The
moderated concentrations of pooled data also do not show the large range of nitrate
concentrations that occur across this soil depth, a range of up to 4 µg N g-1 dry soil. The
researcher must decide to which level of detail the data is needed. The small depth
increments show the dramatic changes of soil characteristics that can occur over small
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depths, yet a larger composite of depths may be all that is needed to detect differences
between sites or vegetation types.
We considered the sampling regime carried out here as a reasonable effort to collect the
maximum number of soil cores from each site. Obtaining better quality data on riparian
soil in future studies may require a more efficient use of sampling effort. This could
include collecting samples composited from larger soil volume (Starr 1992), pooling
samples from multiple cores, or focussing sampling to certain parts of the soil column.
The method chosen to target sampling will depend on the question and the required level
of detail needed from the collected data. Having a larger number of targeted samples
would provide parametric analyses with a larger number of samples/replicates and more
statistical power. A targeted sampling regime may not necessarily require a larger
number of samples if non-parametric analyses are used to analyse the data. Instead the
sampling goal would be to sample the range of variability in the soil properties at each
sampling site and time.

3.4.3 Statistical Analysis Methods
60B

Soil data are hugely variable and patchy at scales from centimetres to site (Starr et al.
1992, Strong et al. 1997). The complexity of soil data introduces difficulties when
attempting to use parametric analyses. The assumptions of normally distributed residuals
and homogeneity of variance, are difficult to meet, even with transformation of the
dataset. I applied two transformations, log(x+1) and fourth root, with limited success.
These transformations have been used in the past with soil data to meet assumptions of
parametric tests. Starr et al. (1992) found that frequency distributions of nitrate in
agricultural fields were log-normally distributed. Davis et al. (2008) applied a log
transformation to a range of soil properties, including nitrate, ammonium and
mineralisable carbon, to correct for skewed distributions from soils of a herbaceous
riparian zone and adjacent crop. Log transformations have also been employed by
Morris et al. (2007), who also used square root transformation where appropriate. I did
not find examples for the use of a fourth root transformation in the soil literature,
though it is recommended for use on data that is highly skewed (Quinn and Keough
2002, p. 65-67). For my data the assumptions of ANOVA could not be met in most
cases, even after applying transformations to the data. This kind of difficulty was not
discussed in other publications, though Bruelheide and Udelhoven (2005) employed non71

parametric analyses after finding most of their data was not normally distributed.
Generally the assumption of normal distribution of residuals was possible to achieve,
however, equal variance could not be achieved.
A few ANOVA analyses were possible on transformed data where assumptions were
met. These showed that in the shallowest soil (0-5 cm) organic matter content and
nitrate were significantly different between sites. Organic matter was similar to what I
expected with the revegetated site having lower organic matter content than the cleared
pasture and mature forested sites. Soil nitrate content did not follow as expected. All
sites were significantly different with the cleared site lowest, then the revegetated and
forested sites each higher than the last. The revegetated site was expected to have the
lowest nitrate concentrations, as the rapidly aggrading biomass is taking in nitrogen for
growth and low levels of organic carbon can limit the degree of microbial immobilisation
and nitrogen retention within the riparian soil (Vitousek and Matson 1985). Organic
matter at depth (60-70 cm) was also significantly higher at the mature forested site than
both the cleared and revegetated sites. Surprisingly the pooled data did not fare better at
meeting ANOVA assumptions. Larger sample volumes were expected to have a closer
to normal distribution and reduced variances (Starr 1992). Microbial activity was the
only soil property where the pooled data could be analysed. As expected, and similar to
organic matter contents, microbial activity was highest at the forested site in the 0-30 and
30-60 depths, but was not significantly different at 60-90 cm depth. This is an indication
that microbial immobilisation of nitrogen, and potentially denitrification, may be greater
at the forested site, due to the larger microbe biomass and activity. This may give the
forested site a better capacity to mitigate nitrogen pollution of the stream, compared to
the other two vegetation treatments.
The application of classification tree to the soil data proved particularly useful. While
much of the data was unfit for use in the parametric ANOVA test, all data collected was
used in growing the classification trees. The classification trees provide some general
identifying characteristics of the soil under each vegetation type. I found that the
vegetation types were distinguished based on values of soil nitrate, organic matter and
microbial activity. Soil nitrate and organic matter content explained the most variation
between the groups. These two factors are major controls on the nitrogen retention and
denitrification potential of soil (Tiedje 1988, Schipper et al. 1993), so separation of
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vegetation structures based on these factors, particularly on organic matter content, can
indicate there may be a varying degree of nitrate retention and removal capacity of each
riparian zone. High organic matter contents are often associated with higher levels of
denitrification and microbial immobilisation of nitrate in soils (Vitousek and Matson
1985, Schipper et al. 1993). However, nitrate content of soil is variable over time
(Greenland 1958) and predictions from just one sampling occasion such as this can not
be made conclusively.
I found differences in soil inorganic nitrogen pool components and organic matter
content between vegetation structures. Schilling et al. (2009) found that current
vegetation types did not relate to soil total nitrogen or carbon contents in soil profiles
analysed to depths of 3.6 m. Instead they suggest that lithology, and the vegetation type
at time of sediment deposition, is a controlling factor to be considered. Total nitrogen
and carbon were not assessed in this study, but differences in organic matter and
inorganic nitrogen species were found with current vegetation types in the top 1 m of the
soil profiles. Despite finding differences at this location and sampling time, this cannot
be generalised to all times or locations. Soil nitrate content has been found to be higher
in pasture or agricultural soils compared to forested soil (Bruland et al. 2008), but in
other cases forested soils were found to contain larger nitrate pools than pasture and
agricultural soils (Rasiah et al. 2004). I found that soil nitrate content was higher in the
forested soil compared to the pasture soil. Forests can have higher soil moisture content
than unshaded soil under pasture or crop (Babbar and Zak 1994). This would promote a
higher rate of mineralisation and nitrification in the moist forest soil, resulting in a larger
nitrate pool while leaching rains are not experienced. The seasonal and transient nature
of soil nitrogen means that a temporal sampling is required under these vegetation types,
with the data collected here only representing dry-season net accumulations.

3.4.4 Drivers of Soil Properties and Their Variability
61B

Soil nitrate, ammonium, organic matter contents and microbial activity, were influenced
by, or play a role in determining, local environmental and vegetation variables. Multiple
regression analysis showed that depth in the soil column, height of soil surface above
water level and organic matter content were strong predictor variables for the four soil
characteristics. Soil organic matter and nitrogen contents are consistently found to
decrease with depth in soil profiles (Bernoux et al. 1998, Young et al. 2002, Kramer and
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Gleixner 2008, Schilling et al. 2009). Height above water is a significant predictor for the
four soil characteristics and the influence of this is likely related to soil moisture. Hefting
et al. (2004) found common thresholds of nitrogen cycle processes with groundwater
depth in a survey of shallow soils (0-20 cm) at sites across Europe. Where groundwater
<10 cm from soil surface favoured ammonification and a build up of ammonium.
Groundwater within 10-30 cm of the soil surface favoured denitrification with soils low
in nitrogen. Drier soils with groundwater depths >30 cm produced nitrate accumulation
from nitrification. My soils showed a similar pattern with higher ammonium levels
negatively related to height above water, while nitrate had a positive relationship. A
similar relationship did not exist with nitrate, ammonium or organic matter and distance
to the channel, showing it is not the proximity to the stream, but the height of soil above
the water level, and inferred level of soil moisture, which drove these patterns.
Characteristics of local vegetation did not show as many relationships with soil nitrate,
ammonium, organic matter and microbial activity as may have been expected. Number
of stems was positively related to ammonium, organic matter and microbial activity, but
basal area did not show a relationship with any characteristic. Zinke (1962) showed that
individual trees influence soil carbon and nitrogen pools in a radial pattern from the
trunk. The effect of this influence is likely to be more definite with age of the tree and
increased by overlapping areas of influence from a higher density of trees. Such an effect
may explain the positive relationships of number of stems in 2 m radius with organic
matter, ammonium and microbial content. All these properties increase with stem
density, which itself generally increases from pasture, revegetated to forested sampling
sites. The overlapping influence of the trees, along with the greater age, may be
increasing these properties at the forest site, over the revegetated site, and an effect
which is absent at the cleared site. Width of riparian buffer was only a significant
variable in the regression of soil nitrate content. This is likely to be a reflection of
vegetation type. Nitrate was lowest at the cleared site, which was assigned a buffer width
of zero, and higher at both of the vegetated sites. As previously discussed, the influence
of forest vegetation is likely to increase nitrate content of riparian soils.

3.4.5 Conclusions
62B

In this study the soil of the different vegetation structures were characterised by
differences in carbon and nitrogen characteristics. In many cases data did not meet
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assumptions for ANOVA tests as generally, the soil data did not have normally
distributed residuals and did not have homogenous variance. Transformation of data by
Log(x+1) or fourth-root in some cases could improve the data to meet assumptions.
However, the non-parametric classification tree analysis proved useful in showing
identifying features of soil under the vegetation structures. This method found that
organic matter and nitrate contents of soil are identifying features between the vegetation
structures. Microbial activity was highly variable within the sites and was less influential
in the classification tree. Soil organic matter and nitrate content are also driving factors
of denitrification potential of soil, suggesting that the nitrate removal capacity also varies
with the vegetation treatments.
Depth of sample in the soil profile, height of soil surface above water level and soil
organic matter content were the strongest drivers of variation in soil nitrogen,
ammonium, organic matter and microbial activity. The number of stems near the sample
was also a driving factor for ammonium, organic matter and microbial activity. The
drivers of variability in the soil characteristics measured, show that an interaction of
morphological features (depth in soil column and height above water) and vegetation
effects (organic matter content, frequency of plant stems) are possibly involved in
determining soil characteristics of inorganic nitrogen distributions and soil microbial
processes.
The large degree of variation shown in the soil characteristics, and the effect that
different sampling methods and regimes have on the number of samples required and
statistical power of results, illustrates that care must be taken in designing any soil
sampling regime. The researcher must understand the degree of detail that is required of
the data, and how accurate the resulting data will be at representing to distribution of
each variable. The use of non-parametric tests should also be considered as these can
provide valuable information, even when available sampling effort is lower than required
to perform parametric tests.
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4 Channel morphology and soil carbon and nitrogen
in the Maroochy and Mooloolah River Catchments
3B

4.1 Introduction
21B

Riparian zones are critical control points for the flux of nutrients between the terrestrial
and aquatic environments (Naiman and Decamps 1997). As outlined in Chapter 1, the
processing of nitrate in riparian zones is of particular interest as this often is in excess in
human impacted streams. Nitrate can be efficiently retained or removed in riparian areas
before reaching streams by a few major processes; biotic uptake (retention),
transformation to less mobile forms of ammonium or organic nitrogen (retention) and
denitrification (removal). Plant uptake can be higher in riparian zones than other parts of
the landscape as plant production here tends to be higher due to higher water availability
and a concentration of nutrients (Naiman and Decamps 1997, Catterall et al. 2001).
Denitrification is the major process of nitrogen removal in riparian zones and is desirable
as it permanently removes nitrogen in gaseous forms (Tiedje 1982). Conditions in
riparian zones can be favourable for denitrification to occur where high soil moisture,
shallow groundwater levels, and high organic carbon content of soil allows for anaerobic
conditions to prevail (Hill 1996). Where these conditions occur; organic soils and
groundwater within 1m of the soil surface, over 90% of nitrate can be removed from
groundwater by denitrification before it reaches the stream (Hill 1996).
Most research into riparian nitrogen removal and associated denitrification has been
conducted in moist, temperate climates (for example Cooper 1990; Burns and Nguyen
2002; Vidon and Hill 2004; and review by Hill 1996). In temperate climates,
precipitation tends to be relatively evenly distributed throughout the year (Kotteck et al.
2006), whereas sub-tropical and tropical climates may have distinct wet and dry seasons
with most rain occurring during a short period in the wet season. Climatic differences
will affect stream channel morphology through runoff generation and effective discharge
(those flows which form and maintain channels). Effective discharge is estimated to be
bankfull discharge, and generally has a recurrence interval of around 1.5 years (Leopold
et al. 1995, p. 241).
From this it may be inferred that for a given catchment area, stream channels in
temperate climates will tend to have smaller dimensions than a stream channel in a sub76

tropical climate. This is because in a sub-tropical climate, more intense rainfall events
concentrated in the wet season will produce greater runoff volume and larger effective
discharge to shape the stream channel than rainfall events in temperate climates. The
larger channel dimensions of sub-tropical streams, such as channel width and depth, may
make their riparian zones less efficient at nitrate removal than their temperate
counterparts due to reduced interaction of shallow riparian soils and nitrate-laden water.
In sub-tropical regions of eastern Australia, the climate tends towards distinct wet
summer and winter dry seasons, with most rainfall occurring during sporadic, intense
events in the wet season. The short, intense nature of many sub-tropical rainfall events
results in large amounts of surface runoff in these brief periods which may bypass
riparian soils. During these events large fluxes of nitrogen from soils can occur, and
limited interaction of runoff with riparian soil reduces the chances of nitrate being
removed. Discharge analysis of these sub-tropical rivers of the Australian east-coast has
found that 75% of N export from these rivers occurs in only 30% of the time (Eyre and
Pont 2003, Vink et al. 2007). Though this may not be unique to sub-tropical settings, for
example, Royer et al. (2006) found that almost half of the nitrate export from agricultural
streams of Illinois occurs during the largest 10 % of flow events.
During high flow events, the direction of water movement between the groundwater and
stream channel will reverse, with water infiltrating the channel banks; this is known as
bank-storage (Singh 1968). Denitrification occurring within bank-storage water during
high-flow events has been suggested as another mechanism for nitrogen removal in subtropical regions (Rassam et al. 2008, Woodward et al. 2009). This water interacts with the
riparian soil providing the opportunity for denitrification of transported nitrate to occur.
Direction of water flow then returns to the channel as the hydrograph recedes, and bank
stored water will return to the channel with a lower nitrogen load. The potential for this
mechanism to achieve nitrogen removal will depend on the denitrification potential of
the soil that the water interacts with, and the residence time of the water in the soil. The
denitrification potential of soil greater than 30cm below the floodplain soil surface tends
to be low (Burt 1999, Maitre et al. 2003, Fellows et al. 2011), limiting the actual
denitrification that will occur in bank-stored water. Gold et al. (1998) and Jacinthe et al.
(1998) suggested that high rates of denitrification in deep soil can occur around organic
‘patches’; buried organic matter, decaying tree roots and around live roots fed by
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exudates – akin to “hotspots” of denitrification (McClain et al. 2003). The presence of
riparian forest may increase the density of ‘patches’ in the soil, increasing the potential
for bank-stored water to undergo denitrification.
In deeper soil layers, the lower availability of organic carbon as an electron donor for
heterotrophic denitrification may result in the microbial community accessing alternative
electron donors, resulting in autotrophic denitrification (Fossing et al. 1995, Straub et al.
1996). For example, in deep soil layers, reduced forms of iron may act as electron
donors for autotrophic denitrification or dissimilatory nitrate reduction to ammonium
(DNRA) (Mariotti et al. 1988, Straub et al. 1996). These processes may only contribute a
small amount to the overall nitrate removal, yet may be important to consider in the
overall processing of groundwater nitrogen and bank-stored event water that does not
interact with soil layers containing high amounts of organic carbon.
From the literature I identified features of riparian sites that promote high nitrate
removal, such as shallow groundwater and high organic matter content of soil. In this
chapter I assess whether features common to riparian zones with high nitrate removal are
exhibited by the riparian zones of the Maroochy and Mooloolah Rivers. To accomplish
this, the following questions are asked:
•

What features of riparian zones result in high rates of nitrate removal?

•

Are these features seen in riparian zones of a sub-tropical catchment, the
Maroochy and Mooloolah Rivers?

•

If features of high nitrate removal are not present, what features or processes
may be contributing to nitrate control in the catchment?

I predict that the influence of the sub-tropical climate of the study region will mean that
channel morphologies of the catchments, such as deep channels with incised banks as
suggested by the conceptual model (Chapter 1), will occur which are not ideal for riparian
nitrate removal to occur. To answer these questions, 12 riparian sites were investigated
within the Maroochy and Mooloolah River Catchments. At each site, channel
morphology was assessed along with the distribution of nitrogen and carbon in the
riparian soils, and whether these related to the vegetation structure of the site.
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4.2 Methods
2B

4.2.1 Study Sites
63B

This study was undertaken across twelve riparian sites in the Maroochy and Mooloolah
River Catchments (Figure 4.1; Chapter 2, Section 2.2). The twelve sites consisted of four
sites each of three different riparian vegetation structures. These vegetation structures
were ‘cleared’ sites dominated by grasses, ‘revegetated’ sites which had been historically
cleared for agricultural use and were replanted with native forest within the past 10 years,
and ‘forested’ sites which retained remnant mature forest.
Ideally when looking for significant differences between ‘treatments’, samples should be
selected randomly to ensure there is no bias towards any observation and to ensure an
accurate and repeatable result of population parameters (Quinn and Keough 2002, p. 1415). These sites of this study could not be spread randomly across the catchments due to
past land-use practices which have segregated the vegetation types to different parts of
the catchments. ‘Forested’ sites are limited either to the headwaters and lower in the
catchments as these riparian areas were unsuitable for crop or livestock use and thus not
cleared of forest. ‘Cleared’ sites dominate the middle stream reaches were riparian forest
was extensively cleared for crop or pasture use. ‘Revegetated’ sites are consequently also
found in middle reaches were landowners or local councils have observed stream
degradation and attempted replanting as a method of stream restoration.
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Figure 4.1: Study sites across the Maroochy and Mooloolah Catchments that were
sampled as part of this chapter. Colour of arrows indicate vegetation structure of the
site: brown – cleared, orange – revegetated, and green – forested. Site numbers correlate
with sub-sections of Chapter 2, Section 2.2.1.

80

4.2.2 Sampling
64B

4.2.2.1 Channel morphology
Channel and bank morphology was surveyed by staff and automatic level (Sokkia
17B

Automatic Level Model C40) at three transects extending across bank-full width (Figure
4.2). Mean and maximum bank-full width and depth for each transect were then
calculated. To assess the degree of groundwater and shallow soil interaction, ‘distances of
shallow soil interaction’ were also calculated. The ‘distance of shallow soil interaction’ is
the distance from the waters edge for which sub-surface water saturates at least some
part of the top 50 cm of streamside soil during baseflow conditions (such as at time of
sampling). This ‘shallow soil interaction’ excludes distances that groundwater travels
through in-channel features, such as sand and cobble bars, before reaching open water.

4.2.2.2 Soil collection
On one transect at each site, 4 soil profile samples were collected for analysis of soil
18B

characteristics and nutrient content. Two soil cores were collected on either side of the
stream using a sand auger (Dormer Engineering, 100 mm width) (Figure 4.2). One of
these samples was a ‘streamside’ sample collected close to the water edge, the second, an
‘upland’ sample collected 2-5 m upslope from the first core. The degree of saturation in
the deep layers of the soil cores was used to estimate groundwater depth at each core
sampling site. These soil samples were transported on ice back to the lab and dried for
48 hours at 70 oC.
Only two soil increments from each core are considered further; the ‘shallow’ soil and
the ‘deep’ soil (Figure 4.2). The ‘shallow soil’ is soil from the top 30 cm of each
excavated core (0-30 cm). ‘Deep soil’ samples were variable in depth for each core, and
were chosen as the soil at the transition of the unsaturated and saturated soils at depth in
the soil profile. These samples were also 30 cm in length and began when a noticeable
increase in soil saturation occurred.
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Soil Core

Shallow Soil

Deep Soil

Figure 4.2: Example of a stream channel survey transect with location of soil core
samples (orange bars). Indicative ranges of ‘shallow’ and ‘deep’ soil increments also
shown.
4.2.2.3 Nitrogen and carbon analysis
Nitrate and ammonium content of soil was water-extracted from dried soils (Chapter 3,
19B

section 3.2.4). 30 g of dry soil was mixed with 30 mL of ultra-pure water (18 MΩ, MilliQ) in 50 mL sterile falcon tubes. This slurry was shaken for 1 hour and then centrifuged
at 3000 rpm for 15 minutes. Supernatant was filtered through PES membrane filters
(Sartorius; pore size 0.45 µm). Filtrate was stored at -20 oC until analysed. Nitrate and
ammonium concentration of soil extract was analysed by automated colourimetric
methods using a SmartChem 200 Discrete Chemistry Analyser (Chapter 3, Section 3.2.4).
Total nitrogen and carbon content of soils were analysed on the <1 mm particle size
fraction of soil. This was done on 0.5 g samples using a Leco CHN Analyser. To obtain
the <1 mm particle size, soils were ground with mortar and pestle to break apart
aggregates without grinding down the large particles, then passed through a sieve with 1
mm mesh size. The weight of particles passing through, and retained by the mesh were
recorded. The total nitrogen and carbon content of soil was then corrected by using the
percent, by weight, of soil less than 1 mm in size, and assuming that greater particle sizes
contained negligible levels of nitrogen and carbon.
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Total iron content of soils was measured as HCl extractable iron using ferrozine (Stookey
1970, Lovely and Phillips 1987). 0.5 M HCl extractable iron, being the organic bound
and poorly crystalline fraction, is a good representation of the iron content of soil that is
available for microbial processing (Lovely and Phillips 1987). 0.5 g of dried soil was
added to 25 mL of 0.25 M hydroxylamine hydrochloride in 0.25 M HCl in 50 mL sterile
polypropylene centrifuge tubes (Sarstedt). This was left to extract for 1 hour at 23 oC in
the laboratory, then centrifuged at 3000 rpm for 20 minutes. 0.1 mL of the supernatant
was added to 10 mL of ferrozine (1g/L) in 50 mM HEPES buffer (pH 7), the
absorbance of this was measured at 562 nm.

4.2.2.4 Hydrological data
Streamflow data for streams and rivers across the catchments were obtained by request
120B

from the State of Queensland (Department of Environment and Resource Management
2009). Streamflow data covers the period from January 1998 to October 2009. Gauging
stations record measurements once a day, and more frequently during periods of river
height changes. Data are reported as point discharge rate and daily mean discharge rate
in cubic meters per second, and river height in meters. The daily mean discharge rate
was used to calculate total daily discharge over the 10 year period of September 1998 to
August 2009. Daily runoff was calculated as the total daily discharge divided by the
catchment area upstream of the gauge station, this provides a unit of depth of runoff
from the catchment area then comparable to rainfall:
Daily runoff =

Total daily discharge
Catchment area

The annual runoff is the sum of all daily runoff amounts for the water year from 1
September to 31 August.
Daily rainfall measurements were obtained from the Australian Bureau of Meteorology
(Available: http://www.bom.gov.au/climate/) recorded over the same 10 year period.
Rainfall stations are not paired with river gauging stations, so rainfall stations were
chosen where they were within the gauging catchment area, or the closest rainfall station
available. Where rainfall stations were considered too distant from a gauged catchment
the gauged data was not used. There is a discrepancy between the river gauge and rainfall
data; the river gauged data are recorded over 24 hours up to midnight, where the rainfall
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data is recorded over 24 hours up to 9 am. However, at the scale of years and months at
which this data is being viewed, this time discrepancy is expected to have little effect.

4.2.2.5 Statistical analysis
Classification tree analysis was used as a non-parametric method to group stream channel
12B

morphology transects into vegetation classes. Classification tree analysis involves
recursive partitioning of the data into two groups, each with the maximal internal
homogeneity. This occurs by splitting the data at all possible measurements of the
explanatory variables and testing the variability of the groups produced. The split that
produces the greatest within-group homogeneity, and the largest between-group
heterogeneity is used in the classification tree. This process is repeated for each grouping
until a further split does not reduce the groups variability (Brieman et al. 1984; Rejwan et
al. 1999; Zuur et al. 2007, pp. 143-146). Classification Tree Analysis was performed
within R using the ‘rpart’ library. Vegetation type was set as the response variable (with
classes of ‘cleared’, ‘revegetated’ and ‘forested’), with explanatory variables of bankfull
width, maximum bankfull depth, width to depth ratio, and ‘shallow soil interaction’. The
optimal size of the tree (number of splits) was determined by cross validation (Zuur et al.
2007, pp. 149-150), which gave a complexity parameter value of 0.058.
Across the 12 riparian sites the distribution of some soil components based on
vegetation type of the site (veg type), soil sample depth (depth) and distance from stream
channel (distance) was investigated. The components were total soil carbon, total
nitrogen, nitrate, ammonium and total iron. Data was tested for ANOVA assumptions
of homogeneity of variances and normal distribution of residuals. Where assumptions
were not met, data were transformed by log(x+1), if this did not achieve assumptions a
4th root transformation was applied. The nitrate concentration data did not meet
assumptions with either transformation, though residuals were approaching a normal
distribution. Analysis of this data was still carried out though results are viewed with
discretion.
Three-way Analysis of Variance (ANOVA) was used to test for differences in mean
nutrient concentration in riparian soils across locations; factors of ‘distance from stream’,
‘depth of soil’ and ‘vegetation type’ were used. Where factors showed no significant
effect, they were removed and, as appropriate, a 2- or 1-way ANOVA performed to
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analyse the data. Nitrate data could not be rendered normal by transformation and
results are treated with caution. These analyses were undertaken in SPSS 17.0 (SPSS Inc,
Chicago).
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4.3 Results
23B

4.3.1 Channel Morphology
65B

Across the twelve sites there was a large range in channel morphology characteristics and
few discernable patterns specific to a vegetation type. Maximum bankfull depths ranged
from 0.32 m to 2.95 m, and bankfull channel widths ranged between 1.8 m and 15 m
(Figure 4.3). Three transects from cleared sites appear to have widths and depths which
are greater than other transects from cleared sites. Interestingly these were all from the
McGilchrist site, which according to the landowner had been subjected to channel
widening with earth moving equipment in the past. Excluding these artificially widened
transects, all other transects on ‘cleared’ streams, bar one, were less than 3m width. The
‘revegetated’ and ‘forested’ transects were mostly wider than 3m, with many greater than
5m (Figure 4.3). The classification tree analysis confirmed this pattern, grouping sites
based only on bankfull channel width (Figure 4.5). The analysis suggested ‘cleared’ sites
were characterized by narrow widths of less than 3.3 m and ‘forested’ sites were classed
by wider channel widths of greater than 8.1 m, while ‘revegetated’ sites lay between these
two groups. Maximum bankfull depth did not segregate with vegetation type. The
shallowest channels were found on ‘cleared’ streams, and the deepest channels were
‘forested’ sites, yet the three vegetation structures each had some shallow and some deep
channels.
The shallow soil interaction distance (the distance from the water edge where subsurface
water is within 0.5 m depth of the soil surface) for all vegetation types ranged between 0
m and 7.8 m, with a median of about 1 m, showing that bank slopes were hugely variable
(Figure 4.4). All vegetation types had some sites where near vertical or incised banks
limited the interaction distance and other sites where gently sloping banks produced large
interaction distances. However, the range of values for interaction distances at cleared
sites, between the 25th and 75th percentiles, was much less than revegetated or forested,
although cleared sites contained both the shortest and longest interaction distances.
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Figure 4.3: Channel bankfull depths versus channel bankfull widths. The data for each
vegetation type is from four reaches of 100 m, each with three transects measured within
the reach.

Figure 4.4: ‘Groundwater interaction distances’- the distance from the water edge for
which some part of the top 50 cm of soil profile is saturated with subsurface water- for
sites with different vegetation structures; cleared, revegetated and forested.
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Figure 4.5: Classification tree for stream channel morphologies of different vegetation
type. Leaves are labelled (classified) with dominant response; cleared, revegetated or
mature vegetation. They also show the number of observation in each class as
cleared/forested/revegetated. Misclassification rate is 0.22. Error is 33% of the root
error. C.P. value used is 0.058. Criteria used for each split applies to the left arm of the
split.
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4.3.2 Riparian Soil Nutrients
6B

At all sites, the range of observed values for total carbon in the soil samples was from
near zero, to about 60 mg C g dry soil-1 (Figure 4.6). Total carbon appears to have a
greater range of values at the cleared sites in shallow soils, though appears similar to the
forested samples in the deeper soils. In all vegetation structures, the range of observed
values for total carbon was greater in the streamside samples compared to the upland
samples. Observations of total nitrogen ranged from near zero to about 4 mg N g dry
soil-1, the greatest values seen in the shallow soil of the cleared sites (Figure 4.6). Total
nitrogen also had a pattern of being generally higher and much greater in range at the
streamside samples compared to upland samples. Nitrate had an opposite trend from
total nitrogen, being in most cases of greater value and larger range in the upland samples
than streamside (Figure 4.6). The range of observed nitrate was an order of magnitude
different between shallow and deep soils. Shallow soils observations ranged from near
zero to about 7 µg NO3-N g dry soil-1, while in deep soils, the highest range was less than
0.4 µg NO3-N g dry soil-1. Ammonium content of soils was in many cases greater in the
streamside samples than upland, with a total range from near zero to over 4 µg NH4-N g
dry soil-1 with shallow and deep soils not having very different value ranges (Figure 4.7).
Total iron content of soils in all cases had a greater range of values in streamside soils
than upland, and in many cases was also greater in the streamside soils, with maximum
values approaching 140 µmol Fe g dry soil-1(Figure 4.8).
All 5 of the soil components investigated had significantly different mean concentrations
based on vegetation type, soil depth (shallow or deep), distance to stream or a
combination of these (3-way ANOVA: Table 4.1). For total carbon there was a
significant difference between vegetation type, distance from stream and depth and a
significant interaction between distance from stream and depth (p < 0.05, F11,67 = 5.143;
Table 4.1). Both shallow and deep soil total carbon was greatest in the ‘cleared’ sites,
which were dominated by grasses, and similar and not significantly different between the
forested and revegetated sites (Figure 4.6, Table 4.1). Total carbon was also significantly
greater in shallow soils than deep soils, though at depth carbon was greater in samples
closer to the stream (Figure 4.6).
As for total carbon, total nitrogen showed a significant difference between vegetation
type and depth, but not for distance from the stream, however there was a significant
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interaction between depth and distance from the stream (p<0.001, F11,67=6.938; Table
4.1). Total nitrogen was much higher in soils from cleared sites compared to the other
vegetation types, however, not different between forested and revegetated sites (Figure
4.6 Table 4.1). Total nitrogen was also higher in shallow soils, though a significant
interaction between depth and distance showed that at deep soil levels, total nitrogen
concentrations were higher at samples closer to the stream (Table 4.1, Figure 4.8).
Soil nitrate concentrations had significant patterns (p<0.001, F11,67=7.524) and were
similar to total nitrogen, being highest as the cleared sites, but were lowest at the forested
sites with revegetated sites not different from either (Figure 4.7, Table 4.1). The only
other significant pattern was that nitrate was consistently greater in shallow than deep
soil. The difference in concentrations between the two depths was an order of
magnitude (Figure 4.7). Ammonium concentrations in the soils were not different
between vegetation types or soil depths. The only significant pattern observed was that
ammonium concentrations were greater in samples closer to the stream channel (Table
4.1, Figure 4.7). Although not significant, ammonium concentrations in shallow soil of
the revegetated sites appeared to be lower than those at either the cleared or forested
sites.
Total iron concentrations were significantly different between vegetation types and
sample distances to the stream (results), with a significant interaction between these
factors (p<0.001, F11,67=4.348; Table 4.1). Total iron concentrations tended to be
greatest at the cleared site than the forested and revegetated sites (Figure 4.8). Median
total iron concentrations also tended to be greater in samples closer to the stream. The
interaction term between vegetation type and distance shows that there is a pattern in the
magnitude of difference between upland and streamside samples between vegetation
types. This difference is greatest at the cleared sites, lowest at the revegetated sites with
the forested sites being between these. When the non-significant factor of ‘depth’ is
removed and a 2-way ANOVA performed, the total iron shows a significantly higher
content at the ‘cleared’ site compared to either ‘forested’ or ‘revegetated’, and a
significantly higher concentration at the streamside samples than upland (Figure 4.8).
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Figure 4.6: Total carbon (A and C) and total nitrogen (B and D) contents (mg C or N g-1
of dry soil) of shallow (<30 cm) and deep soil (30 cm at depth of saturation) from
riparian sites. Samples are separated into upland (grey bars) and streamside (striped bars)
locations. Data are presented as median, 25th and 75th percentile values of data pooled
between sites by vegetation type.
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Figure 4.7: Nitrate (A and C) and ammonium (B and D) content (µg N g-1 of dry soil)
of shallow soil (<30 cm) and deep soil (30 cm at depth of saturation) from riparian sites.
A, nitrate content of shallow soils; B, ammonium content of shallow soil; C, nitrate
content of deep soil; D, ammonium content of deep soil. Samples are separated into
upland (grey bars) and streamside (striped bars) locations. Data are presented as median,
25th and 75th percentile values of data pooled between sites by vegetation type. All plots
are on the same scale except for plot C, which has a scale an order of magnitude lower.
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Figure 4.8: Total iron content (µmol Fe g-1 of dry soil) of shallow soil (0-30 cm) and
deep soils (30 cm at depth of saturation) from riparian sites. Samples are separated into
upland (grey bars) and streamside (striped bars) locations. Data are presented as median,
25th and 75th percentile values of data pooled between sites by vegetation type.
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Table 4.1: Three-way ANOVA results for soil nutrient contents from riparian sites.
Factors are Vegetation type (Veg Type), distance to stream (Distance), and depth in soil
column (Depth).
Response
Variable

Factors

Total Carbon
Log(x+1)

th

th

4 Root

th

5.575

79

11

0.000*

2

0.000*

4.287

1

0.042*

Depth

30.209

1

0.000*

Veg Type x Distance

0.686

2

0.507

Veg Type x Depth

1.395

2

0.255

Distance x Depth

5.143

1

0.027*

Veg Type x Distance x Depth

0.250
6.938

79

2

0.780

11

0.000*

Veg Type

13.406

2

0.000*

Distance

3.192

1

0.079

Depth

46.083

1

0.000*

Veg Type x Distance

0.143

2

0.867

Veg Type x Depth

1.797

2

0.174

Distance x Depth

5.155

1

0.026*

Veg Type x Distance x Depth

0.229

2

0.796

11

0.000*

Veg Type

6.158

2

0.004*

Distance

0.372

1

0.544

Depth

62.883

1

0.000*

Veg Type x Distance

0.279

2

0.757

Veg Type x Depth

1.791

2

0.175

7.524

79

Distance x Depth

0.666

1

0.417

Veg Type x Distance x Depth

0.103

2

0.902

11

0.002*

3.205

79

Veg Type

2.408

2

0.098

Distance

6.876

1

0.011*

Depth

2.602

1

0.111

Veg Type x Distance

2.404

2

0.098

Veg Type x Depth

2.794

2

0.068

Distance x Depth

1.528

1

0.221

Veg Type x Distance x Depth

1.099

2

0.339

11

0.000*

Veg Type

7.854

2

0.001*

Distance

15.446

1

0.000*

Depth

0.990

1

0.323

Veg Type x Distance

3.155

2

0.049*

Veg Type x Depth

0.584

2

0.560

Total Iron
4 Root

P

11.853

Ammonium
th

df

Distance

Nitrate
4 Root

N

Veg Type

Total Nitrogen
4 Root

F

4.348

79

Distance x Depth

2.106

1

0.151

Veg Type x Distance x Depth

1.504

2

0.230

4.3.3 Hydrology
67B

The stream gauging data covers a total catchment area of 210 km2, which is 24 % of the
total catchment area of 861 km2 of the Maroochy and Mooloolah Rivers. These gauged
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rivers are located in non-tidal reaches of the river system, and not downstream from
water storages, so the hydrographs show responses to rainfall events. Average rainfall
across gauges in the catchment varied by up to 200 mm a year; this probably reflects
topography. Higher rainfall averages were seen in the Blackall Ranges and foothills, such
as the North and South Maroochy Rivers which both received an average of over 1500
mm per year. Lower rainfall averages, of less than 1500 mm per year, were recorded
around Eudlo and Petrie Creeks which are located on the lowland coastal plain. Annual
runoff across the catchment also varied by almost 200 mm, however, the differences in
runoff did not align with the differences in rainfall, and are more likely influenced by
topography and urbanisation with its associated higher percentage of impervious surfaces
in some parts of the catchment (Table 4.2). Petrie Ck, which drains the steep terrain of
the basalt escarpment and areas of suburban development, showed the highest runoff yet
has the lowest average annual rainfall. The gauge on the Mooloolah River, which had the
next highest runoff, also drains some suburban land, being located downstream from the
township of Mooloolah. The other three gauges drain sub-catchments which are largely
rural land with low impervious surface area, and runoff:rainfall ratios were generally
lower.
As an example of the intense and stochastic nature of rainfall and flow events, data from
Eudlo Creek, a major tributary of the Maroochy River, is explored further (Figure 4.9).
At this site the bank-full stream channel is approximately 3 m deep, at the bank-top the
topography opens out onto a wide, flat floodplain of approximately 700 m. The
relationship between runoff and stream height is not linear with each observed increase
in stream height representing a much larger increase in runoff volume. This can be seen
when stream height approaches the bank-full depth of 3 m (Figure 4.9). Three large
rainfall events occurred between April and June 2009 where peak runoff ranged between
50 mm and 120 mm, though stream height was within 25 cm of 3 m for all three events.
These events show the overtopping of the bank and water flowing onto the floodplain.
During the water-year shown there were 6 runoff events where stream height was within
1 m of bankfull. This was a particularly wet year, as this river height is only exceeded an
average of three times per year (gauge data obtained by request from Department of
Environment and Resource Management 2009).
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Table 4.2: Annual Rainfall and runoff at four major tributaries to the Maroochy River.
Rainfall and runoff are 10 year averages from 1999-2009. Data obtained by request from
Queensland Department of Environment and Resource Management.
Site
Sth
Maroochy
River at
Kiamba
Nth
Maroochy
River at
Eumundi
Eudlo Creek
at Kiels
Mountain
Petrie Creek
at Warana
Bridge
Mooloolah
River at
Mooloolah

Catchment
Area (km2)

Rainfall
(mm)

Runoff
(mm)

Runoff:Rainfall

33

1524

422

0.30

38

1616

478

0.28

62

1472

351

0.24

38

1415

530

0.37

39

1555

500

0.29

96

A
160

Rainfall and Runoff (mm)

140

120

100

Rainfall

80

Runoff

60

40

20

0

B
3.5

River Height (m)

3
2.5
2
1.5
1
0.5

1/08/09

1/07/09

1/06/09

1/05/09

1/04/09

1/03/09

1/02/09

1/01/09

1/12/08

1/11/08

1/10/08

1/09/08

0

Date

Figure 4.9: (A)Rainfall and runoff (mm) for Eudlo Creek, a major tributary of the
Maroochy River and (B) river stage heights, from 1 September 2008 to 31 August 2009.
Rain gauge is located at Palmwoods (26.68° S, 152.96° E), and river gauge is located at
Kiels Mountain (26.66o S, 153.02o E). Note repeated flooding in April-May 2009.
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4.4 Discussion
24B

4.4.1 Denitrification capacity of riparian zones
68B

Under optimum conditions, denitrification and nitrate retention processes in riparian
soils can remove almost all nitrate from sub-surface water, mitigating excess nitrate loads
(Hill 1996). These conditions are shallow groundwater laden with nitrate, and its
interaction with shallow soils high in organic matter. To achieve these conditions,
channels should have low, sloped banks which enhance the interaction time between
inflowing subsurface water and the shallower soil layers, which have the highest
denitrification potential. Interaction of nitrate laden water with deeper soil layers may
still result in some denitrification, yet it will be at a much lower rate of removal (Maitre et
al. 2003).
Results from this study suggest that the sub-tropical Maroochy and Mooloolah River
Catchments have a variety of stream reaches, some with the potential for large
denitrification rates, and many others that are not likely to remove much nitrate. The
two criteria identified as properties which provide riparian zones with a capacity for high
rates of denitrification were prolonged water interaction with shallow soil and soil with
high carbon content (see Chapter 1, and 4.1). Sites displaying these two characteristics
have the potential to remove nitrate from surface and groundwaters, though the actual
amount of nitrate removed is largely dependent on the local hydrological regime and
nitrate concentration of inflowing water.

4.4.2 Channel morphology
69B

Actual nitrate retention and denitrification of inflowing water, and therefore the nitrate
removal capacity of a riparian zone, depends on the interaction of nitrate laden water and
riparian soils with the capacity for nitrate removal. Shallow soils often have the greatest
denitrification potential (Maitre et al. 2003); deeper soils have lower denitrification
potential and thus require much greater interaction time with nitrate laden water to
achieve similar levels of nitrate removal. Channel morphology is important in
determining how much interaction there is between shallow soils and subsurface water
which can potentially transport nitrate; and therefore the degree of nitrate removal in the
riparian zone (Gold et al. 1998). In the Maroochy-Mooloolah Catchment the ‘shallow
soil interaction distances’ (Section 4.2.2.1) tended to be short with median distances of
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about 1 m, primarily due to steep or incised banks. Shallow soil has by far the greatest
denitrification potential (Burt et al. 1999, Maitre et al. 2003), and water passing below this
level is unlikely to have much nitrate removed within the short distance of the riparian
zone, before reaching the stream channel. However, water may be travelling for some
distance in deep, low denitrification potential soils, and nitrate control of this water may
occur in a much greater area than just the immediate riparian zone (Korom 1992).
As an exception to the trend found at the study sites of having limited interaction
between shallow soils and groundwater, at the ‘forested’ Running Creek site, the stream
was shallow, narrow and relatively swift flowing, however it had a low, forested inchannel ‘bench’ up to 15 m wide through which the stream flowed. This bench was
relatively flat with sub-surface water just below the soil surface. The channel banks
enclosed this bench and were steep and 4-5 m high up to the higher floodplain. This is a
morphology similar to those seen in the review of riparian denitrification by Hill (1996),
of wide, organic rich soils with subsurface water interaction, with the potential to remove
large amounts of nitrate from groundwater. Eudlo Flats, another ‘forested’ site had
some areas similar to Running Creek, yet also had confined reaches with near vertical
banks with no groundwater interaction with shallow soil. These two cases had large
degrees of interaction between subsurface water and shallow soils, however, being only
one sixth of the sites sampled, channel morphology with large potential for nitrate
removal does not appear to be common in these sub-tropical catchments.
The width of the riparian zone is also important in the denitrification capacity of a
particular stream reach as the time that water takes to pass through this zone is an aspect
of the interaction between nitrate laden water and riparian soil affecting the amount of
nitrate removal occurring (Hill 1996). In a review of riparian denitrification studies, Hill
(1996) the narrowest riparian length reported is 5 m, in which 98 % of nitrate was
removed from inflowing water with an initial concentration of 5 mg NO3-N L-1. Though
even the smallest nitrate removal efficiency in the review was 55 % removal from initial
nitrate concentration of 13 mg NO3-N L-1 in a 15-25 m wide peat dominated riparian
soil. Sites in the Maroochy-Mooloolah Catchment had a median ‘shallow soil interaction
distance’ of 1 m, and very few had distances greater than 3 m. This shows that generally,
the interaction of groundwater with shallow riparian soils in the catchment is limited.
Relatively narrow riparian zones such as these mean the time that water can interact with
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the shallow soil is limited, which consequently limits the actual denitrification that can
occur at a site. There was also no pattern of ‘shallow soil interaction distance’ with
vegetation type, with the spread of distances being similar between vegetation types.
This excludes the generalisation that a certain vegetation type may possess a channel
morphology better suited for denitrification. Instead, sites must be assessed individually
according to their site specific riparian widths, interaction distance and soil properties.
In assessing the denitrification potential at a site level rather than looking at
generalisations across the vegetation types, it becomes apparent that in-channel
complexity is also important. After observing conditions of limited interaction between
groundwater and shallow, organic rich soils in several southeast Queensland streams,
Fellows et al. (2007) suggested that nitrate removal may be dominated by in-stream
processes rather than riparian denitrification. This meant that nitrate at these locations
would more likely be removed from water in the benthic sediments. Comparable to this,
I observed in-stream structures that could be sites of nitrate removal. For example, in
the Maroochy-Mooloolah Catchment at two of the ‘forested’ sites, Mooloolah and
Diamond Valley, there were large areas of in-channel cobble or sand bars where benthic
processing of nutrients could occur. The ‘shallow soil interaction’ metric used in this
study excluded a measure of the distance that groundwater may travel through these
complex in-channel features, which can be areas of significant nitrate removal (Groffman
et al. 2005).
A relationship between vegetation structure and channel width was found across the
study sites. Of the traits considered in the analysis, channel width was the only channel
morphological trait that could be used to classify sites into their vegetation structures.
This suggests that the vegetation structure present within a reach is likely to have an
influence on the channel width of that reach. This has been observed elsewhere, where
streams travelling through pastures are found to be narrower than similar streams in
forested areas (Hession et al. 2003), or where reforestation causes widening of previously
grass-dominated riparian areas (Murgatroyd and Ternan 1983). These patterns are
reflected in the Maroochy-Mooloolah results where ‘cleared’ grass dominated streams
were generally the narrowest, ‘forested’ sites the widest and ‘revegetated’ streams
intermediate between these at 3-8 m wide. Channel width does not affect the soil- water
interaction distances, yet it may influence actual denitrification in a stream reach.
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Narrower streams have smaller channel volumes and for similar sized catchment areas,
narrower streams are likely to experience more frequent overtopping of banks and
inundation of shallow soils. This should lead to more denitrification occurring in these
reaches.

4.4.3 Soil nutrients
70B

Organic carbon is a critical substrate for denitrification as it is the highest energy
releasing electron donor (Chapter 1, Section 1.3), so the presence of large amounts of
carbon is an important asset if a site is to have a high denitrification capacity (Cooper
1990). The ‘cleared’, grass dominated sites in Maroochy-Mooloolah Catchment had soils
with the largest carbon content, suggesting they have the largest energy reserves available
for denitrification to occur, and the larger carbon content may support a larger
population of facultative denitrifiers (Myrold and Tiedje 1985). My results suggested that
at depth (at the sampled point of subsurface saturation), the carbon content of soils in
the ‘cleared’ sites was similar to, or higher than, that of soils from ‘forested’ or
‘revegetated’ sites. So denitrification and nitrate retention in the deep are likely to be
similar, yet low, between vegetation structures. Denitrification may still occur at high
rates at depth in ‘patches’ or ‘hotspots’ of high carbon content surrounding plant roots
and buried organic matter (Jacinthe et al. 1998; McClain et al. 2003). There is speculation
that forest vegetation will provide these conditions more frequently at depth (Fellows et
al. 2007, Rassam et al. 2008), yet there is not evidence to conclusively show this. This
discussion is based on the total stock of organic carbon in soils, however the
bioavailability of this carbon must also be taken into account. Carbon originating from
litter of agricultural or pastoral land-use tends to be more readily degradable and labile
than carbon from forest litter sources (Raich and Tufekciogul 2000, Guo and Gifford
2002). This means that where similar levels of total carbon exist between soils of
different land uses, an agricultural or pasture soil may sustain larger microbial
communities and larger rates of denitrification than a forested soil. It may also be that
carbon found deeper in a soil profile, unless deposited directly from root turnover or
exudates, will be less bioavailable than carbon near the soil surface, as it will be processes
and metabolised as it passes through the soil profile.
In the Maroochy-Mooloolah Catchment there were opposite trends in the concentrations
of nitrate and ammonium in relation to distance from stream. In all riparian vegetation
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structures, in shallow and deep soils, nitrate concentrations decreased from upland to
streamside, while ammonium concentrations increased from upland to streamside.
Assuming the dominant flow paths are from upland towards the stream channels, this
pattern suggests that as water approaches the stream, nitrate is being removed or
transformed, and ammonium is being produced or more effectively retained. Hefting et
al. (2004) made observations on the dominant nitrogen processes that occur in relation
to soil moisture determined by depth to subsurface saturation. In soils with shallow water
tables, ammonium accumulated due to ammonification, and in areas with slightly deeper
water tables nitrate was removed by denitrification, and where groundwaters were greater
than 30 cm depth, nitrate accumulated by nitrification. A similar pattern may be
occurring in a longitudinal fashion from upstream to streamside in my sites, following
changes in soil moisture or inundation frequency. I suggest that in the constantly wet
streamside soils, ammonification occurs, yet nitrification is inhibited by anoxic
conditions, resulting in the accumulation of ammonium approaching the stream. While
the more upland areas with alternating oxic/anoxic and drier conditions allow for
nitrification to occur and nitrate to accumulate in these soils. Nitrate in these soils may
undergo some degree of denitrification or reduction to ammonium when transported to
the more anoxic streamside soils.
Iron in soil is increasingly being found linked to transformation and removal processes
of nitrogen (Straub et al. 1996, Davidson et al. 2003). Across the riparian sites of the
Maroochy and Mooloolah there was a significantly higher concentration of total iron in
the soils at the ‘cleared’ sites than at the ‘forested’ or ‘revegetated’ sites. In rice paddy
soil, total iron content has been observed at over 100 µmol Fe g dry soil-1, and in a
riparian soil has approached 70 µmol Fe g dry soil-1 (Clement et al. 2005), and in both
soils, iron was coupled with processing of nitrogen. Iron was found to be higher in
streamside samples, over 100 µmol Fe g dry soil-1 in the cleared sites, compared with
upland samples, which ranged up to 60 µmol Fe g dry soil-1. This raised level closer to
the stream may be caused by flushing and alternating oxidation and reduction; reduced
forms of iron (Fe2+) are more labile than the oxidised forms (Fe3+). The reduced iron
may be moving from anoxic aquifer sediments in solution, and accumulating in riparian
soils where it is oxidised. This may happen as water levels rise and fall alternately causing
oxic and anoxic conditions in the riparian soil. The oxidation of iron can also occur in
reduced conditions when used as an electron donor in autotrophic nitrate reduction
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processes, whether as denitrification, or dissimilatory nitrate reduction to ammonium
(DNRA) (Tiedje 1988, Benz et al. 1998). These are also alternative pathways through
which nitrate may be retained in or removed from these riparian soils and are explored
further in Chapter 5.

4.4.4 Hydrology of this sub-tropical catchment
71B

High rates of denitrification occur where nitrate-laden groundwater passes through
shallow soils (within 1 m of surface) (Hill 1996). Where water passes through deeper,
carbon poor soil, or passes through the riparian zone as a surface seep or overland flow,
denitrification is greatly reduced. The rainfall pattern of the region has been described as
warm-humid (Chapter 2, Section 2.1.2), having a wet summer and dry winter. The
extreme contrast between the summer “wet” season and winter “dry” season pose
barriers for efficient denitrification. During the summer “wet” season most of the rainfall
occurs during short, intense events which generate large volumes of surface runoff. In
comparison, during dry periods the steep or incised banks of many of these streams
result in groundwater inflows occurring from deep, mineral soil layers which have limited
denitrification potential. In both of these situations, much of the runoff reaching
streams may bypass shallow soils with the highest potential for denitrification. Despite
the hydrology suggesting limited denitrification potential of these sub-tropical riparian
zones, Rassam et al. (2008) suggested bank storage during high flows may contribute to
nitrate removal; this is explored in more detail in Chapter 6. The combination of channel
morphology, soil nutrients and hydrology observed in the Maroochy and Mooloolah
Catchments suggests that while this process may occur in some cases, it is mostly
expected to be of limited efficiency. For high rates of denitrification to be realised, the
high flows would need to reach levels on the bank where water penetrating the bank will
interact with soil having a high denitrification potential, which are generally limited to the
top 30-50 cm of the soil profile. Although of low efficiency during high-flows,
denitrification occurring in deeper soils may more effectively control nitrate
concentrations in subsurface water contributing the baseflow due to large residence time
and large volume of soil involved in harbouring this water. Using Eudlo Creek, a reach
in the lower reaches of the catchment, as an example of the general stream hydrology
within the catchment I demonstrated that high flows at this site would only reach within
1 m of the bank top about 3 times each year, during very large events where large loads
of nitrate will be flushed to streams anyway, and the volume of water placed in bank
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storage may be little compared to that transported downstream. Burns and Nguyen
(2002) and Wigington et al. (2003) report that even where soils have high denitrification
potential, the small residence time of water during high flows and the large volumes of
water involved means that denitrification is not effective at reducing nitrate export.
Reaches in more headwater sections of streams may more frequently inundate shallow
soils and thus achieve more denitrification for the volume of runoff they experience.
However, these reaches are not gauged and data was not available for assessment.

4.4.5 Conclusions
72B

There are certain conditions which are necessary for a riparian zone to exhibit high
nitrate removal and thus effectively provide a mitigation of excess nitrate. These
conditions are high soil carbon content, interaction between nitrate-laden water and
riparian soil, and a sufficient interaction time for significant nitrate removal to occur.
This assessment of the riparian zones of a range of sites across the Maroochy and
Mooloolah River Catchments has shown that except in a few cases, riparian conditions
are not conducive to providing significant nitrate removal. Channel morphology tended
to restrict the interaction of sub-surface water with shallow soils due to deep and incised
channels, and the intense nature of runoff events limits interaction of these soils with
runoff during rainfall events. Although some soil nutrients varied between vegetation
structures in shallow soils, nutrient characteristics of deep soils, where more interaction
with waters occurs, tended to be similar between vegetation structures across the
catchment. This suggests that the nitrate removal capacity of deep riparian soils is
constant across the vegetation structures, though likely to have low denitrification
potentials. However, even with low denitrification potential, these soils may have a
significant effect on stream nitrate concentration during baseflow due to the large
volume of soil involved in harbouring this water before its release to the stream channel.
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5 Alternative electron donors for nitrate reduction in
riparian soils
4B

5.1 Introduction
25B

Riparian soils can provide important nutrient control processes for aquatic systems
(Chapter 1), and are often regarded as ‘hotspots’ of biogeochemical processes owing to
their moist and nutrient rich environmental conditions (McClain et al. 2003). Riparian
zones are hydrologically connected to their associated stream, with both surface runoff
and groundwater needing to pass through this zone before entering the stream (Naiman
and Decamps 1997). Nutrients carried within either surface runoff or groundwater have
the potential to be removed or retained in riparian soils as the water passes through
(Lowrance et al. 1984, Peterjohn and Correll 1984). Of great management importance is
the processing of nitrogen in riparian soils, as nitrate can be a major pollutant in humanimpacted streams (Turner and Rabalais 1991, Gold 2001, Royer et al. 2004). Within the
riparian zone, nitrate can be retained in the soils by biological uptake (Hanson et al. 1994,
Harrison et al. 2007) or through conversion to ammonium (Tiedje et al. 1982, Davis et al.
2008), or permanently removed as nitrogen gases through denitrification (Tiedje et al.
1982, Hill 1996).
Denitrification is an anaerobic metabolic process where nitrate is used as an electron
acceptor in the oxidation of organic carbon or other, abiotic, electron donors, to provide
energy in the absence of oxygen (Tiedje 1988; Chapter 1, Section 1.3). Nitrate is reduced
sequentially to nitrite, nitric oxide, nitrous oxide and to dinitrogen in complete
denitrification (Kroneck and Zumft 1990; Table 5.1). The end products in this process,
nitrous oxide or dinitrogen, are released into the atmosphere, effectively removing
nitrogen from the aquatic system (Korom 1992). However, the release of nitrous oxide
from denitrification is not desirable from a management perspective as it is an effective
greenhouse gas, atmospheric pollutant and contributes to stratospheric ozone depletion
(Lloyd 1995, Maag and Vinther 1996). Nitrate reducing bacteria may also reduce nitrate
to ammonium instead of nitrogen gases, this is called dissimilatory nitrate reduction to
ammonium (DNRA) (Tiedje et al. 1982, Schipper et al. 1994; Chapter 1). This process
appears to be favoured over denitrification in environments with a high electron donor
(organic carbon) to electron acceptor (nitrate) ratio (Tiedje et al. 1982). DNRA reduces
nitrate, a highly mobile form of nitrogen, to ammonium, which is retained much more
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effectively in soils by sorption and ion exchange (Buss et al. 2004). This retains nitrogen
in the soil longer, and provides further chances for denitrification to occur through
sequential nitrification/denitrification.
Denitrification and DNRA require low oxygen environments with an abundance of
electron donor, such as organic carbon (Davidsson and Stahl 2000, Inwood et al. 2007).
Previous work has shown that the low availability of organic carbon below the rooting
zone is limiting to heterotrophic nitrate reduction (McCarty and Bremner 1992, Fellows
et al. 2011; Chapter 4). In deeper soil layers inorganic electron donors may provide a
more abundant energy source for nitrate reduction to occur with reduced forms of
sulphur and iron known to act as electron donors for autotrophic nitrate reduction
processes under certain conditions (Mariotti et al. 1988, Korom 1992, Fossing et al. 1995,
Burgin and Hamilton 2008; Table 5.1).
Reduced forms of sulphur are known to be inorganic electron donors for nitrate
reduction processes in the absence of organic carbon (Brunet and Garcia-Gil 1996,
Burgin and Hamilton 2008). Experimental additions of sulphide or elemental sulphur to
freshwater sediments and soil, both in situ and in laboratory incubations, have resulted in
increased rates of nitrate reduction (Brunet and Garcia-Gil 1996, Whitmire and Hamilton
2005, Burgin and Hamilton 2007, Aelion and Warttinger 2009). During in-situ
experiments of stream, wetland and lake sediments of southwest Michigan, U.S., 25 –
40% of observed nitrate reduction in these freshwater sediments could be accounted for
by sulphate production (Burgin and Hamilton 2008). However, when sulphide is used as
the electron donor the process of denitrification is not completed; sulphide appears to
inhibit the final stages of denitrification, inhibiting the reduction of nitrous oxide (de
Catanzaro et al. 1987, Brunet and Garcia-Gil 1996). The final steps in this situation,
however, are unclear, some studies have suggested, based on increased ammonium
accumulation, that sulphide inhibition of nitrous oxide reduction promotes the transfer
of electrons towards reduction of nitrate to ammonium which may be energetically
favourable (Sorensen et al. 1980, Brunet and Garcia-Gil 1996), while others have found
decreased ammonium production with incubations amended with sulphide (Aelion and
Warttinger 2009).
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Similarly to sulphide, where organic carbon is limiting ferrous iron can act as an inorganic
electron donor for nitrate reduction processes (Straub et al. 1996). Ferrous iron
oxidation coupled to nitrate reduction appears to be a common metabolic pathway for
denitrifiers, occurring in almost any attempt at enrichment cultures (Straub et al. 1996,
Benz et al. 1998). Iron oxidising nitrate reducers are not completely autotrophic as they
are found to require organic co-substrates for continued growth (Straub et al. 1996, Benz
et al. 1998, Straub et al. 1998), organic carbon being required for synthesis of cell
components. This metabolic pathway should therefore be abundant in environments
rich in ferrous iron with small but limited organic carbon availability (Benz et al. 1998).
Ferrous iron driven nitrate reduction appears to be common in groundwaters, such that,
where groundwater contains ferrous iron, there is little or no detectable nitrate (Mariotii
et al. 1988; Korom 1992; Thayalakumaran et al. 2008). Until recently, nitrate reduction
coupled to ferrous iron oxidation was found only to proceed via denitrification (Straub et
al. 2001).

The first publication detailing findings of nitrate reduction to ammonium

coupled to ferrous iron oxidation was published only 5 years ago (Weber et al. 2006).
The autotrophic nitrate reduction processes described above (see also Chapter 1) are
continuing to be found in more diverse environments and are considered more common
than first thought. Nitrate reduction coupled to sulphide oxidation has been detected in
a range of environments including marine sediments and waters (Fossing et al. 1995;
Shao et al. 2011), and has also been found to occur widely in freshwater sediments
(Garcia-Gil and Golterman 1993; Brunet and Garcia-Gil 1996; Whitmire and Hamilton
2005; Burgin and Hamilton 2007) and in groundwater systems (Postma et al. 1991;
Korom 1992; Pauwels et al. 2000; Schwientek et al. 2008). Likewise, nitrate reduction
coupled to ferrous iron oxidation has been found in freshwater sediments (Straub and
Buchholz-Cleven 1998; Hauck et al. 2001) and groundwater systems (Mariotii et al. 1998,
Korom 1992). Ferrous iron and sulphide oxidation coupled to nitrate reduction are
probably mutually exclusive processes: when found occurring together, ferrous iron and
sulphide react to form insoluble iron monosulphides (FeS) and pyrite (FeS2) restricting
their availability for use in denitrification (Nealson and Saffarini 1994).
In Chapter 4, most of the 12 riparian sites studied in the Maroochy and Mooloolah River
Catchments were shown to have limited interaction between groundwater and shallow,
carbon rich riparian soils, which have a high denitrification potential. Instead subsurface
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water passes directly from deep mineral soil layers, low in carbon content, into stream
channels. This suggested that the groundwaters have limited potential to interact with
areas of high denitrification potential; however, during baseflow periods nitrate
concentrations remain very low in the streams (median 0.04 mg NO3-N L-1; Chapter 2,
Section 2.1.3, Sunshine Coast Regional Council Data). Ferrous iron, sulphide or
elemental sulphur in the soils could act as electron donors for autotrophic nitrate
reduction processes in unconfined aquifers of the Maroochy and Mooloolah Catchments.
For example, in Chapter 4 soil iron content was seen at quite high levels above 100 µmol
Fe g dry soil-1, which in saturated anoxic soils may occur largely in ferrous form.
Saturated depths of soils across the study sites of Chapter 4 were also found to have very
low or no detectable nitrate, yet high iron content. Where iron is present in saturated
soils, nitrate is often absent, suggesting the role of iron in nitrate removal (Korom 1992).
This study aimed to determine if the presence of alternative electron donors, ferrous iron
or sulphide, stimulated denitrification or DNRA in deep riparian soils low in carbon
content in a riparian soil of the Maroochy Catchment. To achieve this I conducted two
laboratory experiments to answer questions relating to the potential for alternative
electron donors to participate in nitrate reduction in riparian soils of the catchments.
Firstly, does the presence of increased sulphide concentration, a possible electron donor
in riparian soils, increase rates of nitrate consumption and production of nitrous oxide or
ammonium? And secondly, would increased concentration of ferrous iron, also a
possible electron donor, increase rates of nitrate consumption and production of nitrous
oxide or ammonium.
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Table 5.1: Gibbs Free energy of formation for some nitrate reduction reactions. These
show the available energy for the reduction of 1 mole of nitrate. Reactions are corrected
for pH 7.

Reaction

Equation

Free Energy
o
(ΔG ')
-1
(kJ mol )

Nitrate Reduction Processes
Denitrification1

NO3- + (5/4)CH2O + H+ → (1/2)N2 + (5/4)CO2 + (7/4)H2O

-598

NO3- + (1/2)CH2O → NO2 + (1/2)CO2 + (1/2)H2O

-177

NO3- + 2CH2O + 2H+ → NH4+ + 2CO2 + H2O

-655

Partial Denitrification
DNRA

+

Anammox2

-

NH4 + NO2 → N2 + 2 H2O

-358

Iron Coupled Nitrate Reduction Processes
Denitrification3
Partial Denitrification4
DNRA

NO3- + 5 Fe2+ + 12 H2O → (1/2)N2 + 5 Fe(OH)3 + 9 H+

-173

NO3- + 2 Fe2+ + 3 H2O → NO2- + 2 FeOOH + 4 H+

-140

NO3- + 8 Fe2+ + 13 H2O → NH4+ + 8 FeOOH + 14 H+

-509

Sulphur Coupled Nitrate Reduction Processes
Denitrification –
5
Sulphide oxidation

+
o
NO3 + (5/2)HS + (7/2)H → (1/2)N2 + (5/2)S + 3 H2O

-493

NO3- + (5/6)So + (2/6)H2O → (3/6)N2 + (5/6)SO42- +
+
(4/6)H

-469

Partial Denitrification –
Sulphide oxidation

NO3- + HS- + H+ → NO2-+ So + H2O

-111

Partial Denitrification –
Sulphur oxidation

o
2+
NO3 + (1/3)S + (1/3)H2O → NO2 + (1/3)SO4 + (2/3)H

-122

+
o
+
NO3 + 4 HS + 6 H → NH4 + 4 S + 3 H2O

-648

NO3- + (4/3)So + (7/3)H2O → NH4+ + (4/3)SO42- + (2/3)H+

-354

Denitrification –
5
Sulphur oxidation

DNRA – Sulphide
6
oxidation
DNRA – Sulphur
oxidation6
1

Stumm and Morgan 1996
van de Graff et al. 1997
3
Straub et al. 1996
4
Davidson et al. 2003
5
Fossing et al. 1995
6
Sayama et al. 2005
2
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5.2 Methods
26B

5.2.1 Soil collection
73B

Soil was collected from the riparian zone of the Rosebed study site on Eudlo Creek, a
lowland stream in the Maroochy River Catchment (Chapter 2, Section 2.2.1.11). The site
is classed as ‘revegetated’ having been previously cleared, but was replanted in 2001,
providing 8 years of forest growth before the first sampling.
Collection of soil for the first experiment, Sulphide-Nitrate Experiment, occurred on 6
April 2009, with the experimental assay occurring the following day. The soil collection
occurred during an extended period of saturated conditions resulting from above average
rainfall. The nearby Palmwoods rain gauge recorded 489 mm of rain in the four weeks
leading up to sampling, with 262 mm of this occurring in the week prior to sampling
(Bureau of Meteorology: http://www.bom.gov.au/), and two overbank flooding events
occurred during that time. As a result of this at the time of sampling there was a
substantial sub-surface flow and surface seepage occurring up to 1 m from the stream
edge.
Soil collection for the second experiment, Ferrous Iron-Nitrate Experiment, occurred on
19 March 2010, with the experimental assay beginning 22 March 2010. In the 4 weeks
leading up to sampling the Palmwoods rain gauge recorded 559 mm, though in the week
prior to sampling only 26 mm was recorded. This left the riparian zone relatively dry
compared to the first experiment sampling. Despite the different antecedent rainfall
conditions under which soil was collected ‘shallow’ and ‘deep’ soil was collected on both
occasions relative to the groundwater depth, making comparisons valid. Although
groundwater depth was slightly deeper during the second soil collection, on both
occasions groundwater was flowing through seasonally saturated soil levels. These soils
are saturated only during times of high rainfall, most commonly in summer (Chapter 2),
and characterised by a mottled appearance, which is characteristic of alternating oxicanoxic conditions (Jacobs et al. 2002).
Soil for both assays was collected from the top 30 cm of the soil profile (shallow) and at
the transition to subsurface saturation (deep). Shallow soils were not saturated at the
time of sampling, and were most likely aerobic. Deep soils, having prolonged saturation
were expected to be anoxic at the time of collection. In the first collection this was
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approximately 40-70 cm, for the second this was 70-100 cm. Samples were a mixed
composite of 3 excavation sites located within a circular radius of 1 m. Excavation
occurred about 2 m from the stream edge on both occasions. Soil from the 3
excavations was mixed by hand on site with visible roots removed. Soil from this
composite was sealed in plastic zip-lock bags with air removed, and transported back to
the lab in an insulated container. Extra precaution was taken with soil from the deep,
saturated layer to minimise exposure to air, by using two zip-lock bags, removing as
much air as possible before sealing these and placing this inside a third, larger, heavy-duty
plastic bag. On return to the lab, a sample of soil was oven dried at 70 oC to determine
moisture content. Soil was stored in the lab at 22oC until the experimental assays were
conducted.

5.2.2 Assay procedures
74B

Soil samples were weighed into 350 mL sample bottles aiming for approximately 50 g of
dry soil. This was made into a sediment slurry with DI water that had been sparged for
30 minutes with N2 gas to remove oxygen. In the Sulphide-Nitrate Experiment, the soil
slurry consisted of approximately 50 g dry soil: 150 mL of water. In the Ferrous IronNitrate Experiment the slurry consisted of 50 mL of dry soil: 200 mL of water. The
sample bottles were assigned to a treatment and amended with the appropriate additions
(Table 5.2). Both experiments had a ‘control’ consisting of no additional nutrients, and a
‘nitrate’ treatment that had an added amount of nitrate. The ‘control’ treatment observes
nitrate reduction processes occurring at ambient concentration of substrates, then the
effect of substrate amendments can be observed compared to the processes at ambient
concentration. Addition of nitrate to one treatment reveals the degree of nitrate
limitation on reduction processes, when compared to the control treatment, and the
degree of nitrate reduction possible at ambient concentration of electron donors. As the
Sulphide-Nitrate Experiment was assessing the role of sulphide as an electron donor, an
additional ‘sulphide’ treatment containing added nitrate and sulphide was included;
whereas the Ferrous Iron-Nitrate Experiment was investigating ferrous iron, and
therefore had an ‘iron’ treatment of added nitrate and ferrous iron, and an additional
treatment of ‘carbon’, containing nitrate and organic carbon included in the design.
Nutrients were added in 1 mL ‘spikes’ which contained enough of the target reactant to
raise the concentration in the slurry by the amounts shown in Table 5.2. These ‘spikes’
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were made using ultra pure water (18MΩ, Millipore), which had been purged with N2 for
20 minutes to remove oxygen from the water, which could oxidise the reduced reactants.

Table 5.2: Reactants added to the assay experiments for each treatment. All units are in
µM. Enough reactant was added in each 1 mL spike to raise the concentration of the
experiment bottle slurry by this concentration.
Sulphide-Nitrate Experiment
Nitrate

Sulphide

(as KNO3)

(as NaS2)

Control

-

-

Nitrate

350

-

Sulphide

350

100

Treatment

Ferrous Iron-Nitrate Experiment
Nitrate

Carbon

Ferrous Iron

(as KNO3)

(as acetate)

(as FeSO4·7H2O)

Control

-

-

-

Nitrate

500

-

-

Carbon

500

500

Iron

500

-

Treatment

500

Following the nutrient amendments, sample bottles were sealed with rubber septa and
the headspace flushed with N2 gas for 2 minutes to achieve anoxic conditions (Fellows et
al. 2011). 10 % of the headspace volume of each sample bottle was replaced with
acetylene gas to inhibit reduction of nitrous oxide to N2, to allow for determination of
denitrification (Balderston et al. 1976). The time of acetylene addition was recorded for
each bottle as time zero for denitrification.

5.2.3 Assay sampling and analytical procedures
75B

In the Sulphide-Nitrate Experiment, samples were incubated in the laboratory for up to
22 hours in the dark at 22 oC, with four replicates from each treatment destructively
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sampled at five time points over the incubation period; approximately 3, 6, 9, 16 and 22
hours. In the Ferrous Iron-Nitrate Experiment, samples were incubated up to 48 hours,
with three replicates from each treatment destructively sampled at three times points;
approximately 12, 24 and 48 hours. The results of the Sulphide-Nitrate Experiment also
suggested the higher frequency sampling occurring there was not necessary as
denitrification rates were generally linear over at least the 24 hour these were sampled
for, so sampling frequency was reduced in the Ferrous Iron-Nitrate Experiment, which
allowed sampling to occur over a longer timeframe. In an attempt to avoid nitrate
limitation in the longer incubation, concentration of treatment amendments were
increased. At each sampling time, nitrous oxide accumulation was sampled to calculate
denitrification, then the slurry water was sampled for dissolved nutrients.
All samples were shaken at each sampling time to ensure mixing between the slurry and
the headspace. Nitrous oxide accumulation in headspace was sampled to determine
denitrification in the treatments. Using a 100 µL syringe, a headspace sample was taken
from each sample bottle and directly injected into a gas chromatograph with an electron
capture detector (Agilent 6890 micro ECD; methane/argon carrier gas; HP Gas Plot Pro
column) to measure nitrous oxide. A Bunsen coefficient of 0.6 at 295oK was used to
estimate the amount of nitrous oxide dissolved in the slurry water (Weiss and Price
1980). The total moles of nitrous oxide per bottle were plotted against time. The
denitrification rate is equal to the rate of production of nitrous oxide, which was
calculated using linear regression. A ratio of 1:2 was used to convert the rate of N2O-N
produced to NO3-N consumed by denitrification in units of mg N kg dry soil-1 day-1.
Following headspace sampling for denitrification, slurry waters were sampled for
dissolved nutrient analysis. In the Sulphide-Nitrate Experiment, slurry water was poured
off into 50 mL sterile centrifuge tubes. This was then centrifuged at 3000 rpm for 15
minutes. Supernatant was filtered using PES syringe filters with pore size of 0.45 µm
(Sartorius). Filtrate was frozen at -20oC until analysed. Filtrate was analysed for nitrate
and nitrite, ammonium and sulphate by automated colourimetric/turbidimetric methods
(SmartChem 200 Discrete Chemistry Analyser). Nitrate+nitrite was analysed using the
SmartChem Method 376N-0405C (equivalent to USEPA 353.2) where nitrate and nitrite
are analysed together after nitrate is reduced to nitrite by passing through a cadmium
column. Nitrite is reacted with sulfanilamide and N-(naphthyl)-ethylenediamine
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dihydrochloride to form coloured azo dye which is measured by absorbance at 550 nm.
Nitrate+nitrite detection limit is 0.02 mg NO3-N L-1, when calculated as soil content the
detection limit is 0.05 µg NOx-N g-1. Nitrite was measured using the same method as
nitrate, excluding the cadmium column component. Nitrate was then calculated as
nitrate+nitrite minus nitrite. Ammonium was analysed using SmartChem Method 213N0405C (equivalent to USEPA 350.1), where sample is buffered at pH 9.5, then distilled
into a boric acid solution. Ammonia then reacts with alkaline phenol and hypochlorite to
form idenophenol blue, which is measured for absorbance at 630 nm. Ammonium
detection limit is 0.05 mg NH4-N L-1, when calculated as soil content this is 0.1 µg NH4N g-1. Sulphate was analysed by the SmartChem Method 471N-0405C (equivalent to
USEPA 375.4) where sulphate is converted to barium sulphate suspension, and the
resulting turbidity measured at 420 nm. This sulphate method has a detection limit of 0.3
mg SO4 L-1, when calculated as soil content this is 0.8 µg SO4-S L-1.
In the Ferrous Iron-Nitrate Experiment, following headspace sampling, slurries were
extracted with a KCl solution. To each sample bottle, 14.9 g of KCl was added making
an approximate concentration of 1 M KCl in the slurry water. This was left to extract for
30 minutes. Following this sodium carbonate was added to the bottles to a
concentration of 50 mM to precipitate out excess ferric and ferrous iron (Straub et al.
1996). The slurries were allowed to settle for 15 minutes, then 30 mL of sample
supernatant was withdrawn and filtered as in the Sulphide-Nitrate Experiment. Filtrates
were analysed for nitrate and nitrite, and ammonium as in the Sulphide-Nitrate
Experiment.

5.2.4 Data Analysis
76B

Analysis of covariance (ANCOVA) (SPSS 18.0, PASW Statistics) was used to test the
differences in nitrous oxide production (dependent variable) between the experimental
treatments (independent variable), with time as the covariate. Regression slopes were not
homogenous, showing significant interaction with the covariate, meaning that the
treatments responded differently over time. The Wilcox modification of the JohnsonNeyman procedure was used to test the range of the covariate over which the groups are
significantly different. In the denitrification assays, this would show at what time the
accumulation of nitrous oxide becomes significantly different between treatments. The
procedure allows for unequal variances between factors. This was carried out using
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WILCOX PROCEDURE (Constable, A. 1989, Antarctic Division, available:
http://www.zoology.unimelb.edu.au/qkstats/software.html). Due to the low sample
sizes in each treatment (Sulphide-Nitrate Experiment n=20, Ferrous Iron-Nitrate
Experiment n=9) Dunnett’s T3 technique was used for determining the H value.

5.3 Results
27B

5.3.1 Soil nutrient content
7B

At the time of the Sulphide-Nitrate Experiment, using cold water extraction, the shallow
soil had a nitrate content of 0.55±0.02 mg N kg-1, ammonium 0.3±0.02 mg N kg-1 and
sulphate content of 4.5±0.1 mg S kg-1 and the deep soil had 0.25±0.02 mg N kg-1 of
nitrate, 0.13±0.007 mg N kg-1 of ammonium and 4.6±0.12 mg S kg-1 of sulphate. At the
time of sampling for the Ferrous Iron-Nitrate Experiment a 1 M KCl extraction was
used so the results are not comparable to these earlier samplings. The KCl extraction
procedure was adopted after the Sulphide-Nitrate Experiment revealed that the low level
of measured ammonium made interpretation of results difficult. The KCl extraction
procedure can obtain higher concentration by also measuring ammonium that may be
electrostatically bound to organic matter and soil particles. The site was first sampled for
soil nutrient content in 2008 (Chapter 4). At that time shallow soil had 0.3±0.008 mg N
kg-1 of nitrate and 0.4±0.1 mg N kg-1 of ammonium. Deep soil (at depth of 60-90 cm)
had 0.03±0.005 mg N kg-1 of nitrate and 1.13±0.22 mg N kg-1 of ammonium. At the
2008 sampling, total nitrogen in the shallow soil was 0.51±0.09 mg N g-1 and total
organic carbon was 9.28±2.78 mg C g-1. In the deep soil this was 0.11±0.04 mg N g-1 of
total nitrogen and 2.9±0.16 mg C g-1 of total carbon.

5.3.2 Denitrification rates
78B

Denitrification rate (calculated from the accumulation of nitrous oxide, Methods 5.2.3)
with the addition of nitrate observed in the Sulphide-Nitrate Experiment was high, at
7.26 mg N kg dry soil-1 day-1 in the shallow soil over 24 hours (Table 5.3). This was
much greater than the average rate of the deep soils which was 1.14 mg N kg dry soil-1
day-1. Denitrification rate with nitrate addition was lower during the Ferrous Iron-Nitrate
Experiment at 3.46 mg N kg dry soil-1 day-1 for surface soils and 0.03 mg N kg dry soil-1
day-1 in the deep soils. In this experiment there was also a nitrate with carbon treatment,
and this increased rates above those measured with nitrate alone with surface soils having
a rate of 6.05 mg N kg dry soil-1 day-1 and deep soils 1.5 mg N kg dry soil-1 day-1.
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Table 5.3: Denitrification rates recorded for the Sulphide-Nitrate and Ferrous IronNitrate Experiments. The Ferrous Iron-Nitrate experiment had denitrification rates
calculated at both 24 and 48 hours, yet only the rate at 24 hours is discussed, unless
specifically stated, as rates over 24 hours tended to become more exponential, and to be
comparable to the Sulphide-Nitrate Experiment which was sampled only up to 24 hours.
Experiment

Soil
Depth
Shallow

SulphideNitrate
Deep

Treatment

Denitrification Rate
(mg NO3-N kg dry soil-1 day-1)

Control

0.37

Nitrate

7.26

Sulphide

9.91

Control

0.17

Nitrate

1.14

Sulphide

1.23

Incubation Time (hours)

Shallow
Ferrous
Iron-Nitrate

Deep

24

48

Control

0.19

0.25

Nitrate

3.46

4.65

Iron

3.18

4.58

Carbon

6.05

11.60

Control

0.01

0

Nitrate

0.03

0.06

Iron

0.99

2.58

Carbon

1.50

8.71

All measured denitrification rates were well represented by a linear regression over time
with all having probability values <0.001 and explaining more than 83 % of the variance
(R2>0.83; Table 5.4 and 5.5). The linear regressions are used in further analysis in
ANCOVA and Wilcox procedures. However, treatments could generally be better
represented using a 2nd-order polynomial equation. In the Ferrous Iron-Nitrate
Experiment the use of polynomial equations to represent rates of denitrification over 48
hours increases the explanation of variance to over 97 % in all cases (R2 ranges from
0.97-1) where the linear models explained 83-93 % of the variance (Table 5.5). This
increase in explanatory power is also seen in the shorter time frame of the SulphideNitrate Experiment where similar increases in R2 are observed in all treatments (Table
5.4). These results show that the rates of denitrification tended to increase over time,
getting higher as time progressed during the incubations. In only two cases of control
116

treatments were polynomial equations negative, showing that denitrification was slowing
down as time progressed, most likely due to nitrate limitation.

Table 5.4: Linear regression of denitrification (represented by N2O), nitrate, ammonium
and sulphate concentrations over time during the Sulphide-Nitrate Experiment.
Incubation time was up to 21 hours. Regressions are considered significant where
p<0.05. The R2 for a 2nd-order polynomial representation of nitrous oxide is also shown
for comparison.
Sulphide-Nitrate Experiment
Treatment
Linear R2

Control

p

Shallow

Polynomial R2
Nitrate

N2O

NO3

NH4

SO4

0.87

0.74

0.12

0.46

<0.001

<0.001

0.127

0.001

0.91

0.86

0.14

0.13

<0.001

<0.001

0.103

0.115

0.92

0.93

0.51

0.72

<0.001

<0.001

<0.001

<0.001

0.94

0.90

0.38

0.28

<0.001

<0.001

0.004

0.021

0.86

0.72

0.15

0.15

<0.001

<0.001

0.095

0.094

0.93

0.68

0.69

0.93

<0.001

<0.001

<0.001

0.029

0.94

1
Sulphide

0.99
Control

Deep

1
Nitrate

0.97
Sulphide

0.99
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Table 5.5: Linear regression of denitrification (represented by N2O), nitrate, ammonium
and sulphate concentrations over time during the Ferrous Iron-Nitrate Experiment.
Incubation time was up to 48 hours. Regressions are considered significant where
p<0.05. The R2 for a polynomial representation of nitrous oxide is also shown for
comparison.
Ferrous Iron-Nitrate Experiment
Treatment
Control

Linear R2
p
Polynomial R2

Shallow

Nitrate

N2O

NO3

NH4

0.92

0.88

0.90

<0.001

<0.001

<0.001

0.92

0.96

0.86

<0.001

<0.001

<0.001

0.91

0.98

0.74

<0.001

<0.001

<0.001

0.93

0.96

0.95

<0.001

<0.001

<0.001

0.97

0.99
Carbon

1
Iron

1
Control

BDL

BDL

BDL

Nitrate

0.88

0.03

0.08

<0.001

0.596

0.372

0.83

0.85

0.76

<0.001

<0.001

<0.001

0.85

0.53

0.08

<0.001

0.007

0.382

Deep

0.99
Carbon

1
Iron

0.99
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5.3.3 Effects of sulphide on nitrate reduction: Sulphide-Nitrate
Experiment
79B

In the Nitrate-Sulphide incubation experiment, which included sulphide as an additional
electron donor, there were significant differences between treatments. For both shallow
and deep soils the denitrification rates of slurries treated with nitrate and a combination
of nitrate and sulphide both showed increased rates above those without any nitrate
amendments. The rate of denitrification, represented by nitrous oxide production, at
both depths was significantly different between nitrate and nitrate with sulphide
treatments compared to controls, at 4.4 hours (shallow soil) and 5.2 hours (deep) of
incubation (ANCOVA, Tables 5.6, 5.7, 5.8 and 5.9, Figure 5.1). This was expected due
to the limited nitrate available in the unamended samples. In the shallow soil the nitrate
and sulphide treatment also had a higher rate of denitrification than the slurries treated
with only nitrate. This was evident as nitrous oxide accumulation was significantly greater
after 10.6 hours of incubation in the nitrate and sulphide treated slurries (Tables 5.6 and
5.7). In the deep soils, denitrification of the nitrate and sulphide treated samples was
consistently higher than those treated with nitrate alone, though not by a significant
amount (Figure 5.1, Tables 5.8, 5.9).

Table 5.6: ANCOVA results of nitrous oxide production between treatments of
Sulphide-Nitrate Experiment with shallow soils. The factor is Treatment (control,
nitrate, sulphide) and covariate is Time. Level of significance is p<0.05.
Source

SS

df

MS

F

p

Time

0.217

1

0.217

360.489

0.000

Treatment

0.006

2

0.003

5.117

0.009

Treatment
*Time

0.1

2

0.05

83.378

0.000

Error

0.04

66

0.001

Corrected
Total

0.45

71
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Table 5.7: Sulphide-Nitrate Experiment shallow soil results of Wilcox procedure (using
Dunnets T3) for ANCOVA with significant covariate and response interaction. Shows
the value of covariate (Time) above which treatments are significantly different (p<0.05).
Treatment
Control

4.40
(df=22)

4.62
(df=22)
10.61
(df=40)

Nitrate

Sulphide

Nitrate
Sulphide
Control

Table 5.8: ANCOVA results of nitrous oxide production between treatments of
Sulphide-Nitrate Experiment with deep soils. The factor is Treatment (control, nitrate,
sulphide) and covariate is Time. Level of significance is p<0.05.
Source

SS

df

MS

F

p

Time

0.005

1

0.005

348.335

0.000

Treatment

<0.001

2

0.0000427

3.134

0.050

Treatment
*Time

0.001

2

0.001

54.759

0.000

Error

0.001

66

0.0000136

Corrected
Total

0.008

71

Table 5.9: Sulphide-Nitrate Experiment deep soil results of Wilcox procedure (using
Dunnets T3) for ANCOVA with significant covariate and response interaction. Shows
the value of covariate above which treatments are significantly different (p<0.05).
Treatment
5.19
(df=22)

Control

4.33
(df=22)
Not Significant

Nitrate
Sulphide
Control

Nitrate

Sulphide
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A

0.30
0.25
0.20

Control

0.15

Nitrate

0.10

Sulphide

0.05
0.00
0

-0.05

5

10

15

20

25

0.040
N2O-N concentration (µmol N g-1)

N2O-N concentration (µmol N g-1)

0.35

B

0.035
0.030
0.025

Control

0.020

Nitrate

0.015

Sulphide

0.010
0.005
0.000
-0.005 0

5

-0.10
Tim e (hours)

20

25

12

Control

10

Nitrate

8

Sulphide

6
4
2

NO3-N concentration (µg N g-1)

14

16

0
5

10
15
Tim e (hours)

20

D

14
12

Control

10

Nitrate

8

Sulphide

6
4
2
0
0

25

5

0.45

E

0.40
0.35
0.30

Control

0.25

Nitrate

0.20

Sulphide

0.15
0.10
0.05
0.00

15

20

25

0.25

F

0.20
Control

0.15

Nitrate
Sulphide

0.10
0.05
0.00

0

5

10

15

20

25

0

5

Tim e (hours)

G

10
8

Control
Nitrate

6

Sulphide
4
2
0
5

10

15

Tim e (hours)

20

25

10
15
Tim e (hours)

20

25

6
SO4-S concentration (µg S g -1)

12

0

10

Tim e (hours)

NH4-N concentration (µg N g-1)

NO3-N concentration (µg N g-1)

C

16

0

NH4-N concentration (µg N g-1)

15

Tim e (hours)

18

SO4-S concentration (µg S g -1)

10

-0.010

H

5
4

Control
Nitrate

3

Sulphide
2
1
0
0

5

10
15
Tim e (hours)

20

25

Figure 5.1: Change in nitrogen species and sulphate concentrations over time during the Sulphide-Nitrate
slurry incubation experiment. Nitrous oxide change in (a) shallow soil and (b) deep soil incubations.
Nitrate change in (c) shallow soil and (d) deep soil incubations. Ammonium change in (e) shallow soil and
(f) deep soil incubations. Changes in sulphate concentration in (g) shallow soil and (h) deep soil
incubations. Data presented are means with standard error. Trendlines show linear regressions used in
ANCOVA and Wilcox procedure analysis. Note that y-axis scales are not consistent between depths.
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In these experiments the change in nitrate and ammonium were measured concurrently
with nitrous oxide. In all cases of this experiment the amount of nitrate reduction
exceeded that of nitrous oxide production (Figures 5.2, 5.3). Reduction to ammonium is
another possible fate of nitrate and ammonium concentration was also measured and
increased in all cases (Figure 5.1). The greatest increase of ammonium was in the nitrate
and sulphide treated samples, with a rate of 0.0086 mg N kg dry soil-1 hour-1. This is
compared to rates less than 0.004 mg N kg dry soil-1 hour-1 in the nitrate and control
samples. Including ammonium with nitrous oxide as an end product for nitrate
reduction they together account for between 67-79 % of nitrate removal in the shallow
soils and 36-68 % of nitrate removal in the deep soils (Figures 5.2 and 5.3).
Sulphate increased in all but one treatment during the incubation period (Figures 5.1, 5.2
and 5.3). Linear regression showed that sulphate changed with time in the control and
nitrate and sulphide treatments in both shallow and deep soils. In the nitrate treatments
of both shallow and deep soils sulphate concentration did not show a significant
relationship with time, showing there was no discernable change in concentrations over
time (Table 5.4). In the shallow soils sulphate increased in the control and the combined
nitrate with sulphide treatments (Figure 5.1). Using the molar ratios in the equations of
Fossing et al. (1995) (Table 5.1) for denitrification coupled to sulphide oxidation, and
assuming this as the only source of sulphate, the amount of sulphate produced during the
incubation of the surface soil control treatments would result in 113 % of the small
amount of nitrate actually reduced; comparatively, in the sulphide and nitrate treatment
the amount of sulphate produced could account for 54 % of the nitrate reduced, whereas
in the deep soil sulphide and nitrate treatment sulphate production could only account
for 11 % of the amount of nitrate reduced. The sulphate concentrations in the deep soil,
control treatment were the only ones to decrease over time (Figures 5.1 and 5.3). In the
control treated surface soils, there was an excess of sulphate production than could be
accounted for by nitrate reduction alone. This indicates that there must be an additional
or alternative source of sulphate occurring in these incubations, possibly the
mineralisation of organic sulphates which is a common form of sulphur in surface soils
(Probert 1983).
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0.8
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-1

0.4
0.2
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*

Control

Nitrate

Sulphide

-0.2

Nitrate
Nitrous Oxide
Ammonium
Sulphate

-0.4
-0.6
-0.8
-1

Figure 5.2: Sulphide-Nitrate Experiment shallow soil. Difference between mean moles
of N or S at 0 and 22 hours of incubation with treatments of ‘control’, ‘nitrate’ (350 µM
of nitrate) and ‘sulphide’ (350 µM of nitrate and 100 µM of sulphide). *Indicates that
concentration reached zero.

0.1

µ moles of N or S g soil

-1

0.05

0
Control
-0.05

Nitrate

Sulphide

Nitrate
Nitrous Oxide
Ammonium
Sulphate

-0.1

-0.15

-0.2

Figure 5.3: Sulphide-Nitrate Experiment deep soil. Difference between mean moles of
N or S at 0 to 22 hours of incubation with treatments of ‘control’, ‘nitrate’ (350 µM of
nitrate) and ‘sulphide’ (350 µM of nitrate and 100 µM of sulphide). Note that the y-axis
for the deep soil here is much less than that for the shallow soil in Figure 5.2.
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5.3.4 Effect of ferrous iron on nitrate reduction: Ferrous IronNitrate Experiment
80B

In the Ferrous Iron-Nitrate Experiment, which tested the effect of ferrous iron on
nitrate reduction, significantly different denitrification rates between the different
treatments were observed (Table 5.3). In the shallow soils, the denitrification rate of the
control treatment was significantly less than the nitrate, nitrate with carbon and nitrate
with treatment rates (Figure 5.4, Table 5.10). The denitrification rates of the various
treatments including nitrate addition were significantly greater than the control treatment
after 8-11 hours of incubation of shallow soil (Table 5.11). The nitrate and nitrate with
iron treatments did not have significantly different denitrification rates (Figure 5.4, Table
5.11). Denitrification rate of the nitrate with carbon treatment was more than twice that
of the nitrate and nitrate with iron treatments, and significantly greater than them after
14.3 hours of incubation (Figure 5.4, Table 5.11).
In the deep soils of the Ferrous Iron-Nitrate experiment, the control treatment had a
denitrification rate almost below detection (Table 5.3) and was significantly less than all
other treatments after 16.2 hours of incubation (Tables 5.12 and 5.13). The nitrate with
carbon treatment again had the largest denitrification rate (Table 5.3) and was
significantly greater than all other treatments after 16.6 hours of incubation (Table 5.13).
In the deep soil, the denitrification rate of the nitrate treatment and nitrate with iron
treatment were this time significantly different after 14 hours of incubation with the iron
treatment being higher than soils treated with nitrate alone (Table 5.3).

Table 5.10: ANCOVA results of nitrous oxide production between treatments of
Ferrous Iron-Nitrate Experiment with shallow soils. The factor is Treatment (control,
nitrate, iron, carbon) and covariate is Time. Level of significance is p<0.05.
Source

SS

df

MS

F

p

Time

0.939

1

0.939

358.639

0.000

Treatment

0.023

3

0.008

2.884

0.048

Treatment
*Time

0.56

3

0.187

71.282

0.000

Error

0.105

40

0.003

Corrected
Total

2.04

47
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Table 5.11: Ferrous Iron-Nitrate Experiment shallow soil results of Wilcox procedure
(using Dunnets T3) for ANCOVA with significant covariate and response interaction.
Shows the value of covariate above which treatments are significantly different (p<0.05).
Treatment
9.11
(df=10)

Control

10.51
(df=10)
14.32
(df=12)

Nitrate

8.12
(df=10)
Not Significant
14.31
(df=11)

Carbon
Iron
Control

Nitrate

Carbon

Iron

Table 5.12: ANCOVA results of nitrous oxide production between treatments of
Ferrous Iron-Nitrate Experiment with deep soils. The factor is Treatment (control,
nitrate, iron, carbon) and covariate is Time. Level of significance is p<0.05.
Source

SS

df

MS

F

p

Time

0.173

1

0.173

52.793

0.000

Treatment

0.043

3

0.014

4.376

0.009

Treatment
*Time

0.464

3

0.155

47.139

0.000

Error

0.131

40

0.003

Corrected
Total

1.008

47

Table 5.13: Ferrous Iron-Nitrate Experiment deep soil results of Wilcox procedure
(using Dunnets T3) for ANCOVA with significant covariate and response interaction.
Shows the value of covariate above which treatments are significantly different (p<0.05).
Treatment
Control

10.34
(df= 10)

16.18
(df=10)
16.25
(df=10)

12.42
(df=10)
14.09
(df=10)
16.59
(df=10)

Nitrate

Carbon

Iron

Nitrate
Carbon
Iron
Control
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Figure 5.4: Change in nitrogen species over time during the Ferrous Iron-Nitrate slurry
incubation experiment. Nitrous oxide change in (a) shallow soil and (b) deep soil
incubations. Nitrate change in (c) shallow soil and (d) deep soil incubations.
Ammonium change in (e) shallow soil and (f) deep soil incubations. Data presented are
means with standard error. Trendlines show linear regression used in ANCOVA and
Wilcox procedure analysis. Note that y-axis scales are not consistent between depths.
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In shallow soils of the Ferrous Iron-Nitrate experiment, the nitrate consumption
(calculated from measured nitrate concentrations) between nitrate treated and nitrate
with iron treated samples was not different, as were the denitrification rates (Figures 5.4
c, 5.5). The consumption of nitrate in the deep soil was slightly higher with the addition
of ferrous iron with nitrate compared with nitrate alone (Figures 5.4 d, 5.6). The ferrous
iron treatment reduced 0.08 µmol NO3--N g dry soil-1 over the course of the incubation,
where nitrate alone resulted in the reduction of 0.01 µmol NO3--N g dry soil-1. Rates of
change in ammonium concentration were similar between the nitrate and nitrate with
iron samples in the shallow soils and also in the deep soils, though actual concentrations
of ammonium tended to be high in the nitrate with iron treatment (Figures 5.4 e, 5.4 f).
About 0.15 µmol NH4+-N g dry soil-1 was produced over the course of incubation in
both treatments in shallow soil and 0.01 µmol NH4+-N g dry soil-1 was produced in the
deep soil. As both nitrate and nitrate with ferrous iron treatments had very similar rates
of net ammonium production, the presence of the ferrous iron addition did not affect
the ammonium dynamics during the incubation.
Nitrate removal from the experimental slurries, as in the first experiment, again exceeded
the rate of nitrous oxide production (Figures 5.5 and 5.6). In general, the combined
production of nitrous oxide and ammonium could not account for all nitrate removed.
However, in the control treatment of the shallow soil the production of ammonium
outstripped that of nitrous oxide over the course of the incubation with 0.07 µmol NH4+N g dry soil-1 compared to 0.03 µmol N2O-N g dry soil-1, and together they account for
117 % of the nitrate removed during the 48 hour incubation period. In other treatments
the combination of nitrous oxide and ammonium accounted for 66-130 % of nitrate
removal (Figures 5.5 and 5.6). Although the deep nitrate treatment which had 130 % of
nitrogen recovery had very low concentrations of ammonium and nitrous oxide, all close
to detection limit.
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Figure 5.5: Ferrous Iron-Nitrate Experiment shallow soil. Difference in mean moles of
N between 0 to 48 hours of incubation with treatments of ‘Control’, ‘Nitrate’ (500 µM
nitrate), ‘Carbon’ (500 µM of nitrate, 500 µM of carbon), ‘Iron’ (500 µM of nitrate, 500
µM of ferrous iron). A) 24 hours. B) 48 hours. Note the difference in y-axis scales, with
the scale for (B) 48 hours being more than twice that of (A) 24 hours.
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Figure 5.6: Ferrous Iron-Nitrate Experiment deep soil. Difference in moles of N
between 0 to 48 hours of incubation with treatments of ‘Control’, ‘Nitrate’ (500 µM
nitrate), ‘Carbon’ (500 µM of nitrate, 500 µM of carbon), ‘Iron’ (500 µM of nitrate, 500
µM of ferrous iron). A) 24 hours. B) 48 hours. *Indicates that concentration reached
zero. Note the difference in y-axis scales, with the scale for (B) 48 hours 10 times greater
than (A) at 24 hours.
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5.3.5 The effects of carbon on nitrate reduction
81B

In the Ferrous Iron-Nitrate Experiment, the addition of carbon as acetate to shallow soil
more than doubled the amount of nitrate reduced over the 48 hour incubation from 0.88
µmol NO3- -N g dry soil-1 in the nitrate treatment to 1.91 µmol NO3- -N g dry soil-1 in the
nitrate with carbon treatment (Figures 5.4 and 5.5). In the deep soil the amount of
nitrate reduced over 48 hours of incubation increased hugely between treatments from
0.01 µmol NO3- -N g dry soil-1 in the nitrate treatment to 0.08 µmol NO3- -N g dry soil-1
in the nitrate with iron treatment to 1.53 µmol NO3- -N g dry soil-1 in the nitrate with
carbon treatment (Figure 5.6 B). As shown above, the addition of carbon with nitrate
resulted in the highest denitrification rates seen in the incubations at 11.6 mg N kg dry
soil-1 day-1 for shallow soil and 8.71 mg N kg dry soil-1 day-1 in the deep soil (Figure 5.4,
Table 5.3). The high rates of denitrification observed in the carbon with nitrate treated
soils were significantly greater than the control and nitrate treated soil after about 14
hours in shallow soils and after about 16 hours of incubation for the deep soils (Table
5.11 and 5.13). The addition of carbon with nitrate appeared to negatively affect
ammonium production. In both the shallow and deep soils the carbon with nitrate
treated samples had the lowest rates of ammonium production and the deep soil nitrate
with carbon treated samples actually lost ammonium over the course of incubation
(Figures 5.5 and 5.6).
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5.4 Discussion
28B

5.4.1 Denitrification potentials and antecedent soil conditions
82B

Denitrification in both shallow and deep soil can vary temporally in response to changing
nitrate loads and presence of oxygen (Pinay et al. 1993). The denitrification rates for
nitrate amended samples displayed distinct temporal variation. Denitrification rates
measured in shallow soils collected in 2009 (Sulphide-Nitrate Experiment) were twice
that found in soils collected in 2010 (Ferrous Iron-Nitrate Experiment) (Figures 5.1 and
5.2). A similar pattern was found in deep soils, with rates for soil collected in 2009 much
greater than that collected in 2010 (Figures 5.1 and 5.2). The difference in nitrate
amended denitrification rates between sampling times is likely due to the prevailing
antecedent conditions of the soil. In 2009 a period of extended and intense rainfall
caused prolonged saturation and anaerobiosis of the riparian soil (see Chapter 2). This
likely resulted in growth of the anaerobic community in the soil over this period of weeks
(Dassonville et al. 2004). The relatively drier conditions for the week before the 2010
sampling may have allowed for aerobic soil conditions and thus a lower anaerobic
microbial community. Short, intense rainfall events have been shown to affect
denitrification rates, possibly due to the leaching of nitrate and dissolved organic carbon
from the soils (Luo et al. 1998). The extended period of saturation in the soil at my site
removed all detectable nitrate from the soil. Although the status of carbon in the soil
was not measured, the extended period of anaerobic conditions meant that anaerobic
metabolic pathways were favoured and would have used available substrates, priming the
community for a high denitrification rate when nitrate was made available.
Previous studies in Coochin Creek, the neighbouring catchment to the south of the
Mooloolah River, have found denitrification rates within the range observed in this
study. Woodward et al. (2009) found denitrification rate, with slurries amended with 5
mg NO3-N L-1, in surface soil (0-30 cm) of a riparian floodplain, of 4-5.5 mg NO3-N kg
dry soil-1 day-1. In deeper soil (30-120 cm) rates were much less between 1-2 mg NO3-N
kg dry soil-1 day-1. In a similar experiment Fellows et al. (2011) measured denitrification
potentials of 4.5 mg NO3-N kg dry soil-1 day-1 for shallow soils amended with 8 mg NO3N L-1 and 8.2 mg DOC L-1. Whereas, in deep soils (>30 cm) their rates were about 1 mg
NO3-N kg dry soil-1 day-1, again treated with 8 mg NO3-N L-1 but without a carbon
amendment. Antecedent conditions of these experiments were not provided. During
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the Sulphide-Nitrate Experiment, I measured shallow soil denitrification rates, with
nitrate amendment of about 3 mg NO3-N L-1, of 7.3 mg NO3-N kg dry soil-1 day-1, yet in
the Ferrous Iron-Nitrate Experiment, rates of denitrification amended with almost 5 mg
NO3-N L-1, were only 3.5 mg NO3-N kg dry soil-1 day-1 over a 24 hour incubation.
Antecedent conditions may be the key in explaining the different results, with the
conditions prior to sampling influencing the microbial community (Dendooven and
Anderson 1995). In the first instance the prolonged saturation is likely to have caused
anaerobic conditions, encouraging the synthesis of denitrification enzymes and possibly
growth of the anaerobic community (Dendoovan et al. 1996). In the second case the
alternating saturated to dry conditions before soil was collected, meant nitrate reductase
synthesis was inhibited by aerobic conditions and concentrations of the enzyme can also
reduce over time during aerobic conditions (Dendooven and Anderson 1995).
In most of the incubations not all reduced nitrate could be accounted for as nitrous
oxide or ammonium. Yu et al. (2008) also found that in acetylene block denitrification
assays, nitrate consumption is greater than the amount of nitrous oxide produced, but
Fellows et al. (2011) mostly did not find this occurring. Yu et al. (2008) outlined possible
fates for the missing nitrate including production of nitric oxide (NO) or reduction to
nitrogen gas by incomplete inhibition of nitrous oxide reduction. In anaerobic
incubations, the presence of sulphide may alleviate the nitrous oxide reduction inhibition
of acetylene (Sorensen et al. 1987, though presence of either acetylene or sulphide,
without the other, inhibits nitrous oxide reduction, as discussed ahead in Section 5.4.2 ),
and thus incomplete inhibition of nitrous oxide reduction may have occurred in samples
treated with sulphide, yet samples without sulphide treatment also displayed this
phenomenon. Other options for the fate of nitrate were reduction of nitrate to
ammonium, though in general little ammonium production occurred, and microbial
uptake. Annamox (anaerobic ammonium oxidation by nitrite, Jetten et al. 1998) could
not be disregarded, nor could it be measured, so remained a possible outcome. The
denitrification assay performed here was an acetylene block method, and incomplete
inhibition of nitrous oxide reduction could have occurred. My measurements did not
include methods for measuring N2 or NO, so either of these could have been an
unaccounted nitrate reduction end product. Annamox could have occurred in the soils,
with a transient storage of nitrite and the measured storage of ammonium providing the
necessary substrates for this process to occur (Jetten et al. 1998, Jetten 2001; Chapter 1).
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I have not yet found examples of anammox rates measured in soils. Meyer et al. (2005),
measured ‘anammox potential’ in sediments from a sub-tropical estuary with rates up to
an equivalent of 0.18 µmol N g sediment-1 day-1. This rate is about one third of the
highest denitrification rate measured in this study. If optimum conditions for anammox
are met in soil conditions, it appears to have the potential to be an important process
after denitrification.

5.4.2 Effects of sulphide on nitrate reduction
83B

Addition of sulphide increased nitrate reduction and nitrous oxide production in the
shallow soil. An opposite affect was seen in the deeper, low carbon soils where nitrate
reduction was lower with the addition of sulphide, though nitrous oxide production was
slightly increased. Addition of sulphide as H2S has increased rates of nitrate reduction in
low-carbon, freshwater sediment incubations of previous studies (Brunet and Garcia-Gil
1996, Aelion and Warttinger 2009). Denitrification coupled to sulphide oxidation is
actually a highly energetic reaction if sulphide undergoes the complete two-stage
oxidation to sulphate, with a free energy of -962 kJ mol-1 for denitrifying two moles of
nitrate. This is compared to -598 kJ mol-1 for denitrification of one mole of nitrate with
the oxidation of a simple sugar (Table 5.1). The complete oxidation of sulphide to
sulphate may not occur (Brunet and Garcia-Gil 1996) and intermediate stages of
oxidation may be end-products. Similarly, complete reduction of nitrate to nitrogen gas
may not occur with many intermediate stages possible as end products, or alternatively
nitrate may be reduced to ammonium as an alternative end product to nitrogen gas. The
availability of substrates (nitrate and sulphide) and inhibitory substances may determine
which end product is produced from nitrate reduction.
Some reports describe how the presence of sulphide (as H2S) in anoxic soil incubations
can inhibit the reduction of nitrous oxide to dinitrogen gas (de Catanzaro et al. 1987,
Brunet and Garcia-Gil 1996). In the Sulphide-Nitrate Experiment the addition of
sulphide to soil incubations clearly increased the production of nitrous oxide in shallow
soil and yet the increase was minimal in deep soil. This was coincident with an increased
rate of nitrate reduction. My methods used the accumulation of nitrous oxide, the
further reduction of which is inhibited by acetylene, as a proxy for denitrification rate. If
sulphide inhibits nitrous oxide reduction, this would not be detected by these methods,
which do not measure further reduction to nitrogen gas. However, in the context here
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of nitrate removal from riparian zones, the result of nitrous oxide or nitrogen gas being
produced as an end product is not a major concern as both are gases released to the
atmosphere (though nitrous oxide production is of concern as an atmospheric pollutant,
see Hinshaw 2008). Although both sulphide and acetylene individually inhibit nitrous
oxide reduction, this inhibition is alleviated when both acetylene and sulphide are present
(Sorensen et al. 1987). If this is the case then my rates of denitrification measured in
incubations treated with both sulphide and acetylene may be underestimated.
Sulphide inhibition of nitrous oxide reduction may encourage electron transfer away
from denitrification towards nitrate reduction to ammonium (DNRA). Higher
ammonium production, with decreased denitrification, has been detected in some soil
incubation studies with sulphide (de Catanzaro et al. 1987, Brunet and Garcia-Gil 1996).
However, Aelion and Warttinger (2009) found a decreased ammonium production with
the addition of sulphide to freshwater sediment slurries. In this experiment, the addition
of sulphide to the soil incubations only slightly increased the production of ammonium
over those with nitrate treatments alone or controls without addition of nitrate or
sulphide. DNRA is favoured in highly reducing environments where the electron donor
to acceptor ratio is large (Tiedje et al. 1982). This is because DNRA is energetically more
favourable for each consumed mole of nitrate than is denitrification, and thus it makes
more efficient use of nitrate when it is in limited supply (Table 5.1). In this experiment
nitrate was added in three times greater molar concentration than the sulphide, providing
a lower electron donor to acceptor ratio. This abundance of electron acceptor would not
enhance conditions for DNRA to dominate over denitrification.
In the absence of nitrate, where it has been depleted through reduction or flushed from
the soil, other available substrates will become terminal electron acceptors for metabolic
processes (Korom et al. 1992). In this experiment, the soil collected at depth and
incubated without nitrate or sulphide addition had no detectable nitrate present by the
end of the incubation. Also in this treatment, the concentration of sulphate decreased
over the course of the incubation. In the reduced conditions of the experiment and the
absence of nitrate in these samples, if a suitable electron donor was present, this sulphate
may have been reduced to elemental sulphur or sulphides; sulphate can be an electron
acceptor for anaerobic microbial metabolism, though is less favoured than nitrate or
ferric iron (Korom 1992).
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5.4.3 Effects of ferrous iron on nitrate reduction
84B

Ferrous iron oxidation coupled to nitrate reduction is a common metabolic pathway in
denitrifiers, found in enrichment cultures of freshwater sediments and soil (Benz et al.
1998, Straub and Buchholz-Cleven 1998, Hauck et al. 2001). Hauck et al. (2001) found
that up to 58 % of the denitrifying population could use ferrous iron as an electron
donor in the process of nitrate reduction. Benz et al. (1998) found ferrous iron oxidising
nitrate reducers in 9 out of 10 enrichment cultures from various sediment sources. The
ability to oxidise ferrous iron, coupled to nitrate reduction is reported as a ubiquitous
process, however, in this experiment addition of ferrous iron did not affect the rates of
nitrate reduction or nitrous oxide production in shallow soil. In the deep soil the
addition of ferrous iron significantly increased nitrous oxide production and increased
the amount of nitrate reduced, although in both cases the differences were only small
over the 48 hour incubation period with 0.04 µmol N2O-N g dry soil-1 increase in N2O
production and 0.07 µmol NO3-N g dry soil-1 increase in nitrate consumption. In the
shallow soil, effects of ferrous iron on nitrate reduction may not have been seen due to
the availability of other, more energetically favourable electron donors such as organic
carbon or reduced forms of sulphur. Also, the metabolic ability to use ferrous iron may
not be prevalent within the microbial community of the shallow soils which are only
intermittently anoxic and have a much higher availability of organic carbon as an electron
donor. The deep soil showed an increased nitrate reduction and nitrous oxide
production in the presence of added ferrous iron. At this deeper soil level, the
availability of carbon is much more limited, so the microbial population is more likely to
use alternative nitrate reduction pathways. The enrichment culture studies reported
elsewhere have shown that ferrous iron coupled nitrate reduction is enhanced in the
presence of an organic co-substrate, which is required for synthesis of cell components
(Straub et al. 1996, Benz et al. 1998). The optimal situation for ferrous iron coupled
nitrate reduction to occur in soils would be where infiltrating waters carry small amounts
of dissolved organic carbon with nitrate to anoxic soil layers which have more abundant
ferrous iron. The addition of just small amounts of an organic co-substrate to the deep
soil may further enhance the nitrate reduction capacity.
Although it was known to be energetically possible (Table 5.1) reduction of nitrate to
ammonium coupled to ferrous iron oxidation as a form of DNRA had not been detected
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prior to the study by Weber et al. (2006). Previously it was believed that ferrous iron
only reduced nitrate via denitrification (Straub et al. 1996). In shallow soil incubations of
this study ammonium concentration was much higher in the nitrate with iron treatment
than that of nitrate alone at zero and 10 hours of incubation, after which the
concentrations became more similar (Figure 5.2). In deep soils the ferrous iron
treatment produced a spike in ammonium concentration at 10 hours which reduced and
stabilised at 24 hours yet remained greater than the nitrate treatment. Thus, in the soils
examined in this study, ferrous iron induced a brief period of increased ammonium
production in the initial stages of the incubations, though this was not sustained past 24
hours. These results suggest an initial period of nitrate reduction to ammonium,
followed either by a switch to reduction of nitrate to nitrous oxide, or alternatively an
increase in the uptake or oxidation of ammonium in the slurry. A switch to greater rates
of denitrification could occur if synthesis of the required enzymes occurs at greater speed
than those for DNRA. The increasing abundance of ammonium and a transient storage
of nitrite could also provide substrates for anammox to occur (Jetten et al. 1998, Jetten
2001).

5.4.4 Effects of carbon on nitrate reduction
85B

A source of organic carbon is a prerequisite for heterotrophic denitrification (Tiedje
1982), and the efficient removal of nitrate from ground- and surface waters.
Denitrification with the oxidation of organic carbon is the highest energy yielding nitrate
reduction process (Table 1), and is thus performed in preference to autotrophic
processes when organic carbon is available. The addition of carbon as acetate to these
incubations saw the largest denitrification rates recorded here and this is a result seen in
similar denitrification studies (Luo et al. 1998, Fellows et al. 2011). The addition of
carbon had the opposite affect on ammonium production, with the carbon treatment
having the smallest accumulation of ammonium in the shallow soil and ammonium being
completely removed from the slurry of the deep soil by 24 hours of incubation.
Production of ammonium from nitrate reduction is favoured when there is a large
electron donor to acceptor ratio (Tiedje 1988). In the carbon treatment, nitrate was also
added in abundance, providing ample electron donor and acceptors, a condition in which
denitrification may outcompete DNRA (Rehr and Klemme 1989).
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5.4.5 Conclusions
86B

The Sulphide-Nitrate Experiment showed that sulphide addition enhanced nitrate
reduction with concurrent production of nitrous oxide and ammonium in shallow soils.
In the deep soil sulphide amendment slightly improved production of nitrous oxide, yet
reduced the overall amount of nitrate consumed. In the Ferrous Iron-Nitrate
Experiment, the addition of ferrous iron only affected denitrification when added to the
deep soil incubations where it resulted in a small but significantly higher denitrification
rate than when nitrate alone was added to the soils. The results show that autotrophic
nitrate reduction coupled with sulphide or ferrous iron oxidation could operate in the
riparian soils. Importantly it shows that ferrous iron in particular may play a role in
controlling nitrate concentrations in streams of the Maroochy and Mooloolah Rivers
during baseflow by being an electron donor, or complementing dissolved organic carbon,
in reducing nitrate in unconfined aquifers of the lowland alluvial soils.
The nitrate reduction rate increases found with addition of sulphide and ferrous iron
were small compared to those of carbon additions. The high nitrate reduction rates
possible with heterotrophic denitrification may mean it is the only process feasible for
reducing nitrate loads during event flows. Inputs of carbon, artificially or from
vegetation, to soils where storm waters interact could enhance denitrification if the
required anoxic conditions are also achieved.
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6 Riparian denitrification potential of a river reach
5B

6.1 Introduction
29B

Riparian zones are biogeochemical ‘hotspots’ due to their position in catchments at the
interface of aquatic and terrestrial habitats. Within these zones, ‘hot moments’ may also
occur when runoff or high flow events bring nitrate and other substrates into the riparian
zone, and change conditions by saturating the soil promoting anoxic conditions (McClain
et al. 2003). This zone, where groundwater and shallow soil interact, can be the site of
substantial denitrification, and a critical control point in limiting excess nitrate loads to
waterways (Peterjohn and Correll 1984, Lowrance et al. 1984, Cooper 1990, Hill 1996).
Optimum conditions for nitrate removal in riparian soil occur when nitrate-laden
groundwater passes through shallow riparian soils rich in organic matter (Hill 1996, See
Chapter 1).
As shown previously (see Chapter 4), conditions conducive to high riparian nitrate
removal are not common in the Maroochy and Mooloolah Catchments. More common
in these catchments, are deep and incised channels, which cause groundwater to pass
through deeper mineral layers of soil before it eventually discharges to the stream
channel. However, during times of baseflow the streams are still generally low in nitrate
(median concentration of 0.04 mg NO3-N L-1, See Chapter 2). Large nitrate inputs to
streams in the catchment occur during rainfall events where concentrations of nitrate can
increase above 2 mg NO3-N L-1 (Schalcher et al. 2001) So nitrate export in the
catchment is dominated by high flow periods, and reducing nitrate concentrations at
these times is required to reduce overall nitrate export from the catchments.
Hydrology is one of the most important factors governing nitrate removal in riparian
zones (Gilliam 1994). During intense rainfall events, common in the sub-tropical
climate, much rainfall may flow directly to stream channels as surface runoff without
interacting with riparian soil, essentially bypassing the nitrate buffering role of the
riparian zone (Wigington et al. 2003). Upon reaching the stream channel, nitrate may still
be removed from the water by algal and plant uptake or denitrification in benthic
sediments (Hill 1981, Cooper and Cooke 1990, Arango et al. 2007, Fellows et al. 2006).
However, in-stream removal of nitrate is often found to be small compared to nitrate
export (Kemp and Dodds 2002, Schaller et al. 2004, Duff et al. 2008), and particularly
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during times of high flow (Burns and Nguyen 2002, Royer et al. 2006). Increased water
depth and flow velocity during high flow limits the interaction that water has with
sediments harbouring microbial communities capable of nitrate assimilation and
denitrification (Royer et al. 2004).
It is also suggested that bank storage – the lateral infiltration of stream water during high
river stage from the channel into permeable bank soils – may provide another
mechanism of nitrate removal. Water in bank storage can interact with soils with
denitrification capacity and have nitrate removed, before this water of lower nitrate
concentration is returned to the stream channel as the hydrograph recedes (Rassam et al.
2008). There is limited research explicitly investigating this action of nitrate retention,
though the process would be involved implicitly in any in-stream nitrate removal
investigation occurring during high flows, as one fate of removed nitrate. Woodward et
al. (2009) did specifically investigate this process by measuring nitrate removal in a
perched riparian watertable which saturated during a high flow event. Nitrate loss was
substantial (>77 %) over a distance of just 40 cm at a depth of 1.2 m. This shows that
bank storage can be effective at removing nitrate from water that infiltrates bank soils
during high flow events.
Most nitrate export in the Mooloolah and Maroochy Catchments occurs during high
flow events, and riparian buffering of nitrate in runoff may be bypassed by surface
flowpaths of runoff. As nitrate in runoff may then reach channels without much
removal occurring, in-stream removal of nitrate during these events may be important in
reducing nitrate export from the catchment. This investigation asks if denitrification of
bank-stored water can remove a substantial amount of nitrate during a high flow event to
appreciably reduce downstream export of nitrate? To answer this, a reach of the
Mooloolah River was chosen for investigation. By measuring channel morphology and
soil denitrification rates a mechanistic model of the experimental reach was developed.
The nitrate removal via denitrification in a simulated high flow event was then calculated.
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6.2 Methods
30B

6.2.1 Study site
87B

A reach of the Mooloolah River at Mooloolah Valley (Chapter 2, Section 2.2.1.13) was
chosen for this work (Figure 6.1). The river at this site has a small catchment with a
stream length of about 4 km to the source. The catchment of the study reach is
approximately 8 km2 and drains mostly forest with small areas of pasture (~0.9 km2) and
medium density housing development (~0.4 km2) (Figure 2.16). The stream receives no
direct stormwater flow from the housing development’s impervious surfaces above the
sampled reach. This stormwater drains into a retention pond, which overflows into the
river downstream from the experimental reach.

Figure 6.1: Experimental reach of the Mooloolah River. Picture looking upstream from
about the mid-point of the experimental reach.
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The study reach on the Mooloolah River was 100 m long and did not have any channel
bends. The absence of bends excluded the need to consider the more complex water
flows into bank storage that may occur around river bends. The soil of the study reach
was a sandy loam forming a narrow alluvial floodplain. In a previous study at this site
(see Chapter 4) soil ammonium content was measured between 0.64 and 0.82 mg N g-1 in
shallow soil (0-30 cm) and between 0.97-1.5 mg N g-1 in deep soil (between 1 and 2 m,
where soils become saturated). Nitrate content was measured between 0.38 and 1.19 mg
N g-1 in shallow soil and was consistently 0.02 mg N g-1 in deep soils. Soil physical and
hydrological characteristics were estimated from the work of Rassam et al. (2006), which
was a study of a riparian aquifer of a nearby stream, Coochin Creek. The soils of the
Coochin Creek study area are similar to those of the Mooloolah River reach used in this
study, being sandy loams formed from alluvial deposits, in a catchment dominated by
Landsborough sandstone. From the studies of Coochin Creek, the riparian soils of the
Mooloolah River were estimated to have bulk density of 1.6 g cm-3 and porosity of 0.39.
Saturated hydraulic conductivity of the soil is estimated at 450 cm day-1.
The Maroochy River is gauged approximately 4 km downstream from the study site. At
the gauged point the catchment area is 39 km2. The hydrograph from this gauge shows
the flashy and stochastic nature of rainfall and runoff in the Maroochy River (Figure 6.2).
There are long periods of low flows, interspersed with sudden intense flow events which
may last only days, before return to baseflow. The event hydrograph for the simulation
was chosen from this gauge (see Section 6.2.4). The study reach and the gauged site have
similar channel morphologies with a simple U-shape cross-section. The chosen event
which began on June 27 2009, was a moderate event at the gauged site, but in the smaller
catchment of the study reach would represent a much larger event (Figure 6.3).
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Figure 6.2: Hydrograph of Mooloolah River gauge at Mooloolah Valley (Gauge number
141006A). The hydrograph covers the year 1 August 2008 to 8 July 2009, when the
gauge was taken offline for maintenance. Arrow indicates the flow event expanded in
Figure 6.3. Data provided by request from Queensland Department of Environment
and Resource Management.
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Figure 6.3: Hydrograph for a single high flow event which lasted for 66 hours until
return to base-flow. The river gauge is located on the Mooloolah River at Mooloolah
Valley (Gauge number 14100A) about 4 km downstream from the study reach. Data
provided by request from Queensland Department of Environment and Resource
Management.
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6.2.2 Field survey and soil sampling
8B

The terrain of the study reach was recorded using automatic level (Sokkia Automatic
Level Model C40) and staff. Cross sections of the channel and riparian zone were
recorded every 2 m along the 100 m study reach (see Figure 6.4 for an example crosssection). The density of ground surface height measurements was determined by the
changing slope of the channel; more frequent measurements were taken where the slope
was changing, and around the bank top and toe, and less frequently along ground with a
consistent angle. These cross-sections were used in calculating wetted perimeter for
different water heights during the simulated high flow event. A visual representation of
the experimental reach (Figure 6.5) was constructed using the software TerrainCad 1.1
(Sycode).
Soil samples for the denitrification assay were collected at 10 m intervals along the
stream. Four soil excavations were conducted on a cross-section transecting the stream
channel. On either side of the stream, soil was excavated at 2 m and 4 m from the
channel edge. From these, samples were taken from the top 30 cm, 30 cm of soil from
the point where soil became saturated, and 30 cm from midway between surface and
saturated soils (Figure 6.4). After excavation each 30 cm section was thoroughly mixed
with large roots and stones removed by hand. A sample of the soil was then placed in
plastic zip-lock bags, excluding as much air as possible and transported back to the lab in
an insulated container. On return to the lab, a small amount of soil from each sample
was dried overnight at 70 oC to estimate moisture content. Denitrification assays
occurred the day following soil collection.
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6.2.3 River discharge
89B

River discharge for the study site at the peak of the flow event was calculated using the
Gauckler-Manning formula for discharge of an open channel (Ward and Trimble 2004,
pp. 212):
Q=
Where:

1
n

R0.66 S0.5 A

n= Manning coefficient
R = hydraulic radius
S = slope or change in hydraulic head
A = cross-sectional area
A Manning coefficient of 0.04 was selected for a clean channel with some in-channel
complexity and pools, with sandy bed material (Chow 1959). The calculated peak
discharge was compared to the peak discharge recorded at the gauged site on the
Mooloolah River. The calculated and recorded values were similar, so the discharge
values recorded at the gauged site were used with greater confidence.
Total river discharge for the flow event was calculated from instantaneous discharges
recorded at the river gauge along with the river height data (Figure 6.3). The recorded
discharges were assumed to flow for the time from each midpoint between measurement
times to the next, giving a volume of discharge (flow x time). These volumes were added
over the total period of flow event to calculate total discharge for the event.

6.2.4 Denitrification assay
90B

Soil samples were weighed into 350 mL sample bottles aiming for approximately 80 g of
dry soil per sample, the amount of wet soil added was determined by measured moisture
content. Each sample was made into a sediment slurry by addition of N2 sparged DI
water to achieve a 1:1 ratio of soil (80 g) to water (80 mL). All samples were then treated
with a 1 mL addition of nitrate solution to raise the concentration of nitrate in the slurry
water by 1 mg NO3-N L-1. Nitrate treatment was prepared by dissolving KNO3 in ultra
pure water (18 MΩ, Millipore). Following nitrate treatment, samples were sealed with
rubber septa and headspace was flushed with N2 gas for 2 minutes to achieve anoxic
conditions. Ten per cent of the headspace volume of each sample bottle was replaced
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with acetylene gas to inhibit the reduction of nitrous oxide to nitrogen gas, to allow for
the determination of denitrification (Balderston et al. 1976). The time of acetylene
addition was recorded and used as time zero for denitrification calculations.
Headspace of the sample bottles were sampled for nitrous oxide three times: the first
sample soon after acetylene addition, and the second and third after approximately 3
hours of incubation time between each sample. Samples were vigorously shaken at each
sampling time to ensure mixing between the slurry and headspace. Using a gas tight
syringe, a headspace sample of 100 µL was taken from each bottle and directly injected
into a gas chromatograph with an electron capture detector (Agilent 6890 micro ECD;
methane/argon carrier gas; HP Gas Plot Pro column) to measure nitrous oxide. A
Bunsen coefficient of 0.6 at 295oK was used to estimate the amount of nitrous oxide
dissolved in the slurry water (Weiss and Price 1980). The total moles of nitrous oxide
per bottle were plotted against time. The denitrification rate is equal to the rate of
production of nitrous oxide, which was calculated using linear regression. A ratio of 1:2
was used to convert the rate of N2O-N produced to NO3-N consumed by denitrification
in units of mg N kg dry soil-1 day-1.

6.2.5 Nitrate removal calculation
91B

For the purposes of the high flow simulation, there were some assumptions made in
order to simplify the calculations. The high flow event was assumed to occur with no
lateral flow into the stream from runoff in the study reach; therefore, all water movement
occurred in the direction from the channel to the bank during the rising arm of the
hydrograph, and returned to the channel during the receding arm. Such a situation
occurs when a flow event is caused from rainfall higher in the catchment. Water moving
into and out of bank storage was assumed to move in a perpendicular direction to stream
flow, moving directly away from and returning to the stream channel at the same point
on the bank. Further assumptions were that denitrification occurred immediately upon
saturation and continued at a constant rate, regardless of nitrate concentration; and that
the concentration of nitrate in the streamwater remained constant. It was also assumed
that soil properties of hydraulic conductivity, bulk density and porosity were constant
along the reach and with soil depth. I acknowledge that these assumptions do not reflect
the real world conditions occurring during high flow events as complex pathways of
water flow occur in bank-storage both perpendicular and horizontal to the channel and
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denitrification rates are a function of changing nitrate concentration (Schipper et al. 1993,
Inwood et al. 2007). However, this simulation does not aim to accurately determine the
mass of nitrate removed in the experimental reach during a high flow event, only show
the expected magnitude of removal that may occur.
The following assumptions were therefore made:
1. Direction of all water movement was from the channel into bank storage during
stage increases, and from bank storage back to the channel during the receding
hydrograph.
2. Water movement in bank storage occurred only in a linear direction
perpendicular to the channel.
3. All soil characteristics were constant at all parts of the soil column and study
reach.
4. Nitrate concentration of streamwater remained constant at 1 mg NO3-N L-1.
5. Denitrification began immediately upon saturation of soil and remained at a
constant rate until nitrate supply was exhausted.
There were several steps involved in estimating nitrate removal by denitrification within
the study reach. First, a flow event was chosen as an example to simulate an event
through the channel (Section 6.2.3). From the Mooloolah River gauge, a moderate size
flow was chosen to use in the modelled event. The chosen event occurred from 27 to 30
June 2009 (Figures 6.2 and 6.3) which had an increase in water height above baseflow of
1.2 m. The flow event occurred from a single rain event, so multiple flow peaks did not
occur. The similar channel shapes between the gauged site and study reach means using
this gauged event provides a realistic example of a flow through the river channel.
The hydrograph was split into 20 cm changes in river stage. With a rise in water level of
1.2 m over the course of the event, this resulted in 6 stages (Fig 6.4). Each stage rise of
the 6 stage rises at each cross-section was assigned the denitrification rate measured at
the nearest soil sampling point. Lateral infiltration into bank storage was assumed to
occur up to the peak of the hydrograph and cease to infiltrate while the hydrograph
receded. For each 20 cm segment of stage rise, the total time of saturation was estimated
from the hydrograph by the amount of time the river is at or above the chosen height.
This total time of saturation was divided into 1 hour slots, and the amount of water
infiltrating in each hour was used as a separate ‘bucket’ for calculations. Water
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infiltration rate (assumed equal to saturated hydraulic conductivity) for each hour
determined how much water infiltrated the bank for that time period.
During the first hour, the amount of nitrate removed from the water infiltrated in that
time was determined by the denitrification rate and volume of water present. Each
following hour, the water from the previous hour infiltrated further into the bank, and
was replaced by water newly entering from the river channel. This was repeated until
half the time of saturation of the stage rise segment occurred, when return of water to
the channel from the bank was assumed to begin. The process reversed, with the last
‘bucket’ of water entering the bank being the first to return to the stream channel and
denitrification of that water ceased, though other water remaining in the bank was still
undergoing denitrification. This continued until the first water to enter the bank
returned to the stream channel. The following is an example of the calculation steps:
1. The study reach is divided into stream segments of 2 m length, which is the scale
at which channel morphology was mapped. Area of bank exposed for each stage
rise of 20 cm is calculated from the morphology for each 2 m length.
2. Assign the stage rise a rate of denitrification, this is the experimentally measured
denitrification rate most closely sited near the relevant stream section and stage
height: for this example it is 2.37 mg NO3-N kg dry soil-1 day-1.
3. Convert units of denitrification rates to include soil volume:
a. (Rate [mg N kg dry soil-1 day-1]x bulk density [kg m-3])/ hours
b. (2.37 x 1600)/24 = 158 mg NO3-N m-3 hour-1
4. Calculate volume of soil saturated in 1 hour: area of bank exposed in the 20 cm
stage segment multiplied by distance water moves in 1 hour (calculated from
saturated hydraulic conductivity):
0.5 m2 x 0.2 m = 0.1 m3.
5. Calculate volume of water in each bank storage unit (water infiltrated in 1 hour):
volume of soil saturated in 1 hour multiplied by soil porosity:
0.1 m3 x 0.39 = 0.039 m3 = 39 L
6. For this simulation a nitrate concentration of 1 mg NO3-N L-1 was chosen, so the
volume of water is equal to the mass of nitrate present: 39 L in 1 soil saturation
unit = 39 mg NO3-N
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7. The final step is to multiply the nitrate content of each bank storage unit by the
rate of denitrification and the time it remains in bank storage (determined from
the hydrograph): Rate x Soil Volume x Time
158 mg NO3-N m-3 hour-1 x 0.1 m3 x 33 hours = 521.4 mg NO3-N
This is more than the total amount of nitrate present in the bank storage unit (39
mg NO3-N), so removal is capped at 39 mg NO3-N which is 100 % removal for
this unit. Units saturated for less time may have less than 100 % nitrate removal,
for example:
158 mg NO3-N m-3 hour-1 x 0.1 m3 x 1 hour = 15.8 mg NO3-N
This removal is 40.5 % nitrate removal from this unit which is saturated for only
1 hour.
8. The nitrate removals from all bank storage units, for each 20 cm stage increase,
are added to reach the total nitrate removal from each stage increase. The
removal from each 20 cm stage increase are then added together to find the total
nitrate removal from that stream segment. Results from all stream segments
were then added to calculate removal along the entire 80 m reach.
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6.3 Results
31B

6.3.1 Channel morphology
92B

At the study reach the channel was about 2 m deep and varied between 8 and 15 m wide
at bank-full width (Figure 6.5). The channel is relatively straight for the length of the
reach. Stream habitat and flow conditions in the reach are a consistent sandy bed,
shallow run for the length of the reach with only one small pool at approximately 10 m
along the study reach. The channel through the study reach in general had a simple Vshape, with an in-channel bench from the 18 to 32 m marks from the most upstream end
of the reach. The banks had lower slopes between 46 and 56 m than along the rest of
the reach. These lower banks gave these areas greater bank storage volumes. Low
profile in-channel structures also allowed for greater bank infiltration in the last 10 m of
the study reach.

6.3.2 Hydrology of the site
93B

Using the Gauckler-Manning formula, maximum discharge rate during the flow event, at
the hydrograph peak of 1.2 m, was estimated between 5.8 m3 sec-1 (for slope of 0.001 m
m-1) and 8.2 m3 sec-1 (for slope of 0.002 m m-1). At the flow peak the maximum
discharge recorded at the Mooloolah River gauge located downstream was 6.1 m3 sec-1.
This is within the range of the estimated peak discharge for the study reach, and reflects
the similar channel morphology. Calculated total discharge from the river at the gauge
was 453 968 m3. With the similarity in peak discharge estimated and measured for the
event hydrograph between the study reach and the gauge, this is a reasonable estimate of
total discharge for the same hydrograph at the study reach.
The event hydrograph was split into 20 cm stage heights for calculation of bank
infiltration. This produced 6 stage heights up to the peak of 1.2 m (Figure 6.4). The
total time that each stage height was inundated for was, from lowest to peak height; 33,
19.2, 14.3, 10.2, 5.2 and 2.6 hours. The duration of inundation determined the distance
that water could infiltrate. Along with time, which provided the distance that water
could infiltrate the bank, the bank slope provided the volume of soil that was saturated
with bank-stored water. As seen in the calculations (section 6.2.4), bank slope
determines the bank area (wetted perimeter). Banks with more gradual slope had larger
surface area for infiltration to occur than did more vertical banks. This larger infiltration
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means a larger volume of soil is saturated and a larger volume of water has the potential
to undergo denitrification.

6.3.3 Rates of denitrification and mass of nitrate removed
94B

Nitrate removal by denitrification was determined by a combination of residence time
and denitrification rate. The denitrification rates observed at the study reach follow a
commonly observed pattern of being highest in shallow soil and reducing with depth in
the soil column (Table 6.1a and 6.1b; Luo et al. 1998, Burt et al. 1999, Maitre et al. 2003,
Fellows et al. 2011). Therefore, the soils with the highest denitrification rates were
saturated only near the point of the event hydrograph, and this water had only a short
residence time. Whereas, larger residence times were observed for soils deeper in the soil
column, although these also had much lower denitrification rates. The lowest measured
denitrification rate was 0.01 mg NO3-N kg dry soil-1 day-1 (Table 6.2). At this low
denitrification rate, water with 1 mg NO3-N L-1 would require a residence time of 585
hours (over 24 days), and in this time travel 117 m, to achieve complete denitrification in
the conditions of the simulation. In contrast, at the highest denitrification rate which
bank-stored water encountered during the high-flow event, of 5.91 mg NO3-N kg dry
soil-1 day-1, complete denitrification would occur in only 1 hour and in a distance of 0.2 m
(Table 6.2). These are rates at either end of the range observed, a moderate (median)
denitrification rate of 1.75 mg NO3-N kg dry soil-1 day-1 (Table 6.2) required a residence
time of 3.3 hours, with associated travel distance of 0.67 m, for complete denitrification
to occur. Therefore, water infiltrating the bank at the point of the hydrograph peak was
infiltrating soil with higher denitrification rates, though had the shortest residence time
(Figure 6.4).
Over the duration of the simulated flow event, 224.2 m3 of water infiltrated as bank
storage. In perspective of the flow event, this is about 30 seconds of discharge during
peak flow. With a nitrate concentration of 1 mg NO3-N L-1, this meant that there was
potential for 224.2 g of NO3-N to be removed from the flow (Table 6.3). The eighth
10 m bank section had the lowest nitrate removal efficiency (Table 6.3). This area of
bank had a simple V-shaped channel with high, near-vertical banks. This meant that
most water infiltrated into deep soil layers with the lowest observed denitrification rates.
The highest removal efficiency was observed in the first 10 m bank section (Table 6.3).
This area had lower banks than most of the rest of the channel, so the bank stored water
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interacted with shallower soil with higher denitrification rate than most of the
experimental reach. Of the nitrate that infiltrated, 150.5 g of NO3-N was denitrified,
leaving 73.7 g of NO3-N in the water returning to the channel. This means that in the
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simulation, 67 % of the nitrate in bank storage was denitrified (Table 6.3).
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Figure 6.4: Channel cross section at 40 m mark of study reach. The channel is shown in
dark blue. Sampling points of soil cores are shown in pink, with dots indicating the midpoint of the 30 cm ranges taken for denitrification assay. The light blue bars show the
incremental 20 cm river stage increases over the event hydrograph period, with the area
of horizontal infiltration of water into the banks.

15 m

100 m

Figure 6.5: Digital representation of the experimental reach of the Mooloolah River at
Mooloolah Valley. Flow direction is from the top to bottom in the figure.
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Table 6.1: Denitrification rates observed in the left bank of the experimental reach of the
Mooloolah River at Mooloolah Valley. Denitrification rates were measured by anoxic
slurry incubation of soil with a nitrate amendment of 1 mg NO3-N L-1. Not all
observations were used in the experiment simulation as some were outside the modelled
area of bank saturation.
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Table 6.2: Denitrification rates observed in the right bank of the experimental reach of
the Mooloolah River at Mooloolah Valley. Denitrification rates were measured by anoxic
slurry incubation of soil with a nitrate amendment of 1 mg NO3-N L-1. Not all
observations were used in the experiment simulation as some were outside the modelled
area of bank saturation.

0

10

20

30

40

50

60

70

80

Upland

Streamside

Sample
Depth
(cm)

Denitrification Rate
(mg NO3-N kg dry
soil-1 day-1)

Sample
Depth
(cm)

Denitrification Rate
(mg NO3-N kg dry
soil-1 day-1)

0-30

9.21

0-30

4.05

90-120

2.42

90-120

0.52

180-210

0.56

0-30

3.42

0-30

2.80

90-120

1.89

90-120

0.87

150-180

0.47

150-180

0.12

0-30

5.91

0-30

1.24

60-90

0.08

30-60

0.10

0-30

6.95

0-30

2.88

60-90

1.84

60-90

0.07

120-150

0.92

0-30

4.77

0-30

4.02

90-120

1.16

60-90

1.39

150-180

0.02

120-150

0.08

5.01

5.01

0-30

3.35

1.71

1.71

60-90

2.11

0.02

0.02

120-150

0.03

0-30

3.82

0-30

3.53

90-120

0.41

90-120

1.55

180-210

0.01

150-180

0.01

0-30

4.52

0-30

4.75

90-120

1.78

90-120

0.53

180-210

0.01

150-180

0.03

0-30

7.19

0-30

2.72

90-120

2.46

60-90

0.20

180-210

0.01
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Table 6.3: The range of denitrification rates used in the experimental simulation of
bank-storage nitrate removal and associated time and travel distance required for
complete denitrification of a nitrate concentration of 1 mg NO3-N L-1.
Denitrification
Rate
(mg NO3-N kg dry
soil-1 day-1)

Time for
complete
denitrification
(hours)

Distance water
travels for total
denitrification at
Ksat (m)

Lowest

0.01

585

117

Median

1.75

3.34

0.67

Greatest

5.91

0.99

0.20

Table 6.4: Simulated nitrate removal by denitrification from bank storage water along 80
m of the Mooloolah River Study reach. This nitrate removal is simulated based on the
hydrograph of Figure 6.3 and water infiltration of Figure 6.4. Each bank section is a 10
m long section summary, which is the sum of the 2 m section calculations (see Section
6.2.5).
Nitrate Infiltrated

Nitrate Removed

(mg NO3-N)

(mg NO3-N)

Removal
Efficiency
(%)

1

25 805

19 527

76

2

27 825

18 781

68

3

24 372

17 543

72

4

25 173

18 783

75

5

30 507

22474

74

6

34 099

22 860

67

7

26 568

19 820

75

8

29 819

10 247

34

Total

224 167

150 471

67

Bank Section
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6.4 Discussion
32B

Riparian soils can often remove large proportions of nitrate loads from the water passing
through them (Cooper and Cooke 1984; Hill 1996, Sabater et al. 2003). This occurs
predominantly through a combination of plant uptake and denitrification. However,
after reaching the stream channel itself, there are fewer opportunities for nitrate to be
removed from water and prevented from downstream transport. Studies of in-stream
nitrate removal often find that only small proportions of nitrate loads are removed from
stream water by denitrification (Cooper 1990, Kemp and Dodds 2002, Royer et al. 2004,
Schaller et al. 2004) and that in some cases denitrification is negligible (Cooper and
Cooke 1984, Kellman 2005). Although, in-stream nitrate retention can still occur
through biotic uptake in channels that are heavily vegetated with macrophytes (Cooper
and Cooke 1984, Triska et al. 1989, Cooper 1990), or carry large loads of benthic algae
(Hall and Tank 2003, Fellows et al. 2006). Occasionally, however, denitrification
provides large nitrate removal efficiencies >75 %, but this is limited to times of low
flows (Hill 1981, Hill 1988).
Removal efficiency of nitrate in stream channels at high flows is particularly low (Burns
and Nguyen 2002, Wigington et al. 2003, Royer et al. 2006). During runoff events, larger
discharge results in reduced residence time and proportionately less water interacting
with sediments (Royer et al. 2004), therefore limiting the denitrification capacity of a
reach. This small nitrate removal efficiency occurs despite the fact that the relatively
small amount of water that does interact with shallow riparian sediments may undergo
near complete nitrate removal (Woodward et al. 2009). In the present study, the event
flow simulation for the experimental reach of the Mooloolah River estimated that during
the flow event lasting 66 hours, approximately 454 000 m3 of discharge occurred and
with the assumed nitrate concentration of 1 mg NO3-N L-1, this meant that 454 kg of
NO3-N was delivered to the experimental reach during the event. Over the course of
the event 224 000 L of water entered bank storage, representing 0.0005 % of the water
discharged during the event. Of the 224 g of NO3-N entering bank storage, 150 g of
NO3-N was denitrified showing 67 % removal efficiency, yet representing only 0.0003 %
of the nitrate delivered to the reach during the event. The simulation showed limited
nitrate removal characteristic of high flows with large nitrate content and limited
residence time.
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In the high flow of the simulation, residence time of water in the riparian soil as bank
storage was, in most cases, not long enough for complete denitrification. At the lowest
denitrification rate found at the experiment reach there is a very large time required for
complete denitrification of 1 mg NO3 L-1, being over 550 hours. At the highest
denitrification rates, complete denitrification may occur in less than an hour travel only
0.2 m through the riparian soil. However, higher denitrification rates invariably occurred
in shallow soil, so only a small proportion of the bank storage water interacted with these
soils, and only near the peak of the hydrograph. The ‘flashy’ hydrograph typical of
events in the region means that there is insufficient residence time for complete
denitrification of the small amount of bank-storage water that occurs during high flows.
High flows often export a disproportionately large amount of nitrate from river
catchments. From 7 sub-tropical Australian rivers, 75 % of nitrogen export occurred in
only 20 % of the time (Eyre and Pont 2003). In upper Midwest agricultural catchments
of Illinois, nearly all nutrient export occurred when discharge was above the median
flow. In particular, half of the nitrate export occurred in few extreme discharges (>90th
percentile) (Royer et al. 2006). In temperate Australian rivers, highest nitrate exports are
found to occur in the first few high flows occurring at the end of the dry summer period
(Vink et al. 2007). Even in areas of high denitrification potential, the large volume of
water exported in such a short period of time means that much of the water bypasses
sediments with high denitrification potential, or the residence time is not sufficient for
denitrification to occur (Burns and Nguyen 2002, Wigington et al. 2003).
With most nitrate export occurring in few, large events when removal processes are not
effective, denitrification occurring in stream channels is not likely to significantly affect
overall nitrate export. For example, in Duffin Ck, Ontario, draining an agricultural
catchment, at low flows nitrate removal efficiency was about 75 %, however during
winter high flows, which transported about 80 % of the annual nitrate export, removal
processes were negligible and overall annual in-stream nitrate removal was less than 5 %
of nitrate inputs (Hill 1981). In another study in agricultural headwater streams of
Illinois, in-stream removal of nitrate by denitrification was small compared to nitrate load
in the water column and did not affect downstream transport of nitrate (Royer et al.
2004). In three agricultural streams across contrasting climates (semiarid, humid
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continental and sub-tropical), in-stream nitrate removal was again found to be low. In all
three streams in-stream nitrate removal was less than 5 % of nitrate export (Duff et al.
2008). A similar case is expected to occur in the Mooloolah River. From the simulation
it was found that during a high flow event, denitrification removes a negligible amount of
nitrate compared to nitrate export. While during low flows, nitrate concentrations in the
catchment tend to be low (median 0.04 mg NO3-N L-1, range of
0.02-0.74 mg NO3-N L-1; Chapter 2, Section 2.1.3), seemingly due to low concentrations
in riparian aquifers contributing to baseflow (see Chapter 4, Section 4.3.2), exporting
little nitrate during these periods. Thus, with most export of nitrate occurring during
high flows in the Mooloolah Catchment, and in-stream retention being negligible during
these times, overall in-stream retention of nitrate is expected to be very low.
The nitrate removal capacity of the Maroochy Catchment has previously been modelled
by Rassam et al. (2008). In their paper, Rassam et al. (2008) estimated the nitrate
removal capacity of riparian buffers during baseflow, by denitrification of intercepted
shallow groundwater, and during event flows, by denitrification of bank storage water, as
done in my study. Rassam et al. (2008) found that annually, sub-catchments of the
Maroochy River could remove up to 20 % of nitrate loads (though most sub-catchment
removal efficiencies were around 5 %). However, they do not provide a distinction
between nitrate removal during baseflow periods and high flow events, so results are not
easily compared to my study. For the modelled nitrate removal, denitrification rates were
estimated based on an exponential decay distribution of denitrification rates with depth
in soil, and assumed no denitrification occurred below assigned vegetation rooting depth.
This is a fair assumption as previously seen denitrification is much higher is shallow soils
and declines rapidly with soil depth (Luo et al. 1998, Fellows et al. 2001), and this pattern
was observed in my experimental reach. Although, an average denitrification rate is then
estimated for the range of saturated soil and used in further calculaction, removing the
inherent variable nitrate removal rate acknowledged by the exponential function. The
nitrate removal capacity estimated by Rassam et al. (2008) during event flows may be
overestimated by overestimating the volume of soil saturated by bank storage. Using the
‘Simplified bank storage model’, it appears that event flows are assumed to saturate the
entire width of the soil column of a given riparian buffer width. From the simulation, at
the peak of the hydrograph, water only penetrated 0.2 m into the bank soils, with a
residence time of 1 hour, and even with much greater residence time, water penetrated
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only up to about 4 m of bank soils during the event simulation. The nitrate removal
estimated for the Maroochy Catchment may be improved through better representing
the volume of water penetrating bank storage during high flow events. However, the
work of Rassam et al. (2008) includes estimation of nitrate removed during baseflow by
interception in riparian soils, which this study did not. This information would prove
valuable in estimating the overall nitrate removal capacity of riparian zones, and not just
those processes which remove nitrate after entering the stream system and during high
flow events, as done in my study.
The simulation shows that very little nitrate is removed from high flows via bank storage
once water reaches the stream. Nitrate may better be removed from water before it
reaches the stream channel by encouraging infiltration and flow of nitrate loaded water
through soils with higher denitrification capacity. This occurs under certain geologic and
hydrologic conditions where shallow groundwater flow dominates runoff and flows
through shallow riparian soils (Hill 1996). A similar effect could be achieved by retaining
runoff from areas that are high nitrate sources and ponding this water on surface soils or
in wetlands, and also encouraging infiltration, using engineered structures such as swales
and retention ponds (Jansson et al. 1994, Poe et al. 2003). A residence time of just over 3
hours and flow distances of only a few meters through soils of moderate denitrification
potential at the Mooloolah River site could remove a significant proportion of nitrate
from runoff. Depending on the size of the runoff source area, engineered structures for
runoff infiltration may be overwhelmed by the volume of runoff generated during rain
storms in this sub-tropical area. In such situations, aiming to have the initial runoff event
after a dry period from a nitrate source area infiltrate soil with high denitrification
potential may provide nitrate load reduction benefits, even where not all runoff events
can be captured.
The large volume of rain and runoff during storm events in this sub-tropical climate
means that large nitrate loads may always be transported at these times. The only
effective measure to limit nitrate export to downstream reaches and estuaries at these
times, and therefore to affect total nitrate load (Royer et al. 2006), may be to limit the
nitrate source. That is, use more efficient fertiliser applications, and limit soil
disturbances which release nitrate from organic-N (Wigington et al. 2001, Craig et al.
2008, Dharmakeerthi et al. 2004). Stream restoration through riparian revegetation
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designed to improve soil conditions for denitrification, although providing a range of
ecological benefits (Naiman and Decamps 1997), in many cases probably will not greatly
benefit overall nitrate removal. Although replanting riparian forest may improve nitrate
removal efficiency of the soil (through increased denitrification potential), the limited
interaction of soil with nitrate-carrying flows limits the efficacy of riparian zones in
nitrate removal. Where restoration is carried out, this will only be effective where
hydrology is suitable and sufficient interaction between nitrate-laden water and soil
occurs (Fennessy and Cronk 1997, Craig et al. 2008), though this may be enhanced by
encouraging or reconnecting hydrologic interaction with the shallow soils as part of the
restoration process.

6.4.1 Conclusions
95B

This estimation of denitrification of nitrate in bank stored event water begins to fill a
knowledge gap identified by Rassam et al. (2008) required for better modelling of riparian
nitrate attenuation; that is, to identify fates of nitrate stored in stream banks during flood
events and its magnitude compared to overall load carried by the river. This simulation
found that during a high flow event, the amount of nitrate removed by denitrification in
bank storage was negligible compared to that transported downstream during the event.
Despite a nitrate removal efficiency of 67 % of the nitrate entering bank storage, the
limited amount of nitrate removed during the event was a consequence of the small
amount of water entering bank storage compared to the overall discharge of the event.
If nitrate export from the Mooloolah and Maroochy Catchments is to be managed,
actions need to occur to prevent nitrate from reaching stream channels as in-stream
processes are likely dominated by nitrate export downstream. At low flows, when nitrate
removal may provide the most benefit, nitrate concentrations in the catchment are
already very low. Most nitrate export occurs during high flow events, and at these times,
high volume of flow velocities meant that nitrate removal rates pale in comparison to the
nitrate export that occurs at these times. Managing nitrate export in these catchments
needs to occur through managing nitrogen applications to agricultural land as suggested
elsewhere (Wigington et al. 2001, Craig et al. 2008) and by encouraging infiltration of
runoff from high nitrate source areas before it reaches stream channels.
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7 Amending the conceptual model of sub-tropical
riparian zone nitrate control
6B

7.1 Nitrate contamination in Australian tropical and sub3B

tropical catchments
Increasing contamination of groundwater and surface waters with excess nitrate is a
significant problem in many agricultural catchments (Vitousek et al. 1997) and
worldwide, actions are being taken to reduce nitrate delivery to affected rivers; for
example, those carried out under the European Commission Nitrates Directive. In subtropical southeast Queensland, reducing excess nutrients, including nitrate, in agricultural
waterways is a priority action for improving the health and water quality of streams and
rivers of the region and to protect the coastal receiving waters of Moreton Bay
(Southeast Queensland Healthy Waterways Partnership 2007). Excess nitrate has been
found in other sub-tropical and tropical areas of Australia; in the sugar cane growing
catchment of the Johnstone River, tropical north Queensland, nitrate concentrations in
the river are associated with agricultural use of fertiliser (Hunter and Walton 2008), a
similar relationship between nitrate and agricultural land-use has been found in the
tropical Tully Catchment (Mitchell et al. 2009), while nitrate concentrations in the subtropical Richmond River estuary are 3 times higher following rain events than 50 years
ago, mainly due to runoff from agricultural lands (Eyre 1997), and isotopic methods have
identified fertiliser applications as the source of nitrate contamination of groundwater in
a catchment of tropical north Queensland (Thorburn et al. 2003).
Excess nitrate in streams causes toxicological effects in both aquatic organisms and those
which use contaminated water as a drinking source, including humans (Comely 1945,
Camargo et al. 2005), and ecological impacts on aquatic environments, including
eutrophication and anoxia in streams, rivers and coastal waters (Camargo et al. 2006;
Chapter 1, Section 1..1.3). Natural processes of nitrate removal and retention, such as
denitrification, DNRA, biotic uptake and anammox, may mitigate excessive nitrate loads
to streams and these processes can be enhanced through riparian management and
restoration. There is an extensive literature investigating nitrate removal in riparian soils
before it can reach streams, and in-channel removal processes which can lessen
downstream transport, yet the conceptual understanding of these processes is derived
mainly from investigations carried out in temperate climates (see Chapter 1, Section 1.6) .
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In the Maroochy and Mooloolah River Catchments of South-east Queensland, Australia,
nitrogen contamination of waterways is an increasing issue. These naturally low-nitrate
streams generally have nitrate concentrations less than 0.05 mg NO3-N L-1 (Chapter 2,
Section 2.1.3). However, at times nitrate concentrations rise above the guideline limits
set by the Queensland EPA, and following rain events can raise to concentrations as high
as 2 mg NO3-N L-1 (Chapter 1, Section 1.1.3; Chapter 2, Section 2.1.3). Even small
increases in the delivery of nitrate to the streams of these catchments, which are naturally
very low in nitrate, may have negative ecological effects. Therefore, understanding how
nitrate is transported and retained in, and removed from, soils and runoff in this subtropical setting is essential for managing the reduction of excess nitrate loads.

7.2 Temperate vs Sub-tropical – extending the
34B

conceptualisation of riparian nitrate removal
The conceptual basis for riparian nitrate removal was developed in temperate zones and
is well established in works such as Hill (1996) and Gold et al. (2001). The conceptual
thinking of riparian zones being areas of high nitrate removal capacity is derived from a
few characteristics temperate riparian zones seem to generally possess; these are shallow
stream channels and shallow groundwater flowpaths. These are ideal conditions for
denitrification to occur, as they allow nitrate-laden groundwater to pass through shallow,
organic-rich soils before discharging to stream channels, resulting in significant amounts
of nitrate removal; in many cases over 90 % of nitrate is removed under such conditions
(Hill 1996).
Conditions conducive to large amounts of denitrification, as suggested by the conceptual
basis for riparian nitrate removal in temperate areas, rely on a suitable stream channel
morphology which allows for the interaction of shallow soils with nitrate-laden
groundwater. Furthermore, channel morphology itself is largely determined by
hydrological regime (Leopold et al. 1995), and this will be very different between a
temperate and sub-tropical setting. In Chapter 1 (Section 1.6) the body of work that lays
the foundations of conceptual understanding of the potential for nitrate removal in subtropical riparian zones was outlined (Rassam et al. 2006, Fellows et al. 2007, Rassam et al.
2008, Woodward et al. 2009, Fellows et al. 2011) and suggested riparian nitrate control in
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sub-tropical settings differed from that for temperate regions by two important features:
hydrological regime and channel morphology.
The hydrological regimes of a sub-tropical catchment are very different to those of the
temperate zone. Sub-tropical climates are characterised by their generally warm, humid,
high-rainfall climate with seasonal rainfall pattern, where most rainfall may occur in only
a short period during the wet season. In temperate zones, annual rainfall may be lower
than in sub-tropical climates and tends to be relatively evenly distributed throughout the
year (Kottek et al. 2006). This means that in sub-tropical catchments, higher rainfall
intensity will produce larger ‘effective flows’ (channel forming flows which are estimated
as bank-full discharge and have an annual recurrence interval of approximately 1.5 years;
Leopold et al. 1995, p. 241), and therefore produce larger channel dimensions for a given
area of catchment than occurs in temperate zones.
Hydrologic regimes in sub-tropical settings not only result in different channel
morphology, but also affect the delivery of nitrate to streams. Not only is rainfall
seasonally variable, it also tends to occur in short, intense events, resulting in large
movements of nitrate through catchments in short periods of time (Eyre and Pont 2003).
In the Maroochy and Mooloolah Catchments monthly average rainfall is over 200 mm
for three or four months over the summer wet season (Chapter 2, Figure 2.3). During
this time single rain events of over 40 mm are common and even rain events of greater
than 100 mm are not uncommon (Bureau of Meteorology). The intense nature of these
events can produce a large amount of surface runoff to streams, limiting its interaction
with riparian soils, and thus limiting the amount of nitrate removed from runoff during
rain events.
An effect on channel morphology and nitrate delivery to streams, similar to that resulting
from the sporadic, intense rainfall pattern common in the sub-tropical setting, can be
seen in temperate streams affected by urbanisation. Increased impervious surface area
and connection of these to streams through stormwater drainage systems change the
hydrology of streams so that they receive larger volumes of runoff, over short periods of
time, producing ‘flashy’ hydrographs (Paul and Meyer 2001, Walsh et al. 2005). This is
somewhat similar to the hydrology of the sub-tropical systems. The altered hydrology of
urban streams is shown to increase stream incision, which results in hydrologic
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disconnection of the riparian zone from the stream (Groffman et al. 2003). This not
only removes the riparian zone from interacting with groundwater, it changes the soil
profile making it more aerobic due to reduced saturation, and possibly and source of
nitrate from enhanced mineralisation and nitrification processes (Groffman et al. 2002).
The hydrologic regime associated with sub-tropical climates suggests that streams of
southeast Queensland would generally have morphology not conducive to high rates of
nitrate uptake or removal, and may in fact enhance nitrate production processes. This
aspect of channel morphology was incorporated into the conceptual model developed by
Fellows et al. (2007), based on observation from several sites across southeast
Queensland, and previous work by Rassam et al. (2006); with my results concurring with
this previous work. The morphologic survey of study reaches in the Maroochy and
Mooloolah Catchments (Chapter 4, Section 4.3.1) showed that with few exceptions,
channels tended to be incised or have steep banks, allowing little interaction between
shallow soils and subsurface waters. In general, across the study sites deep incised
channels meant that groundwater discharge to the stream channels occurred from deep
soil layers, which were expected to have very low denitrification potential (Chapter 1,
Section 1.6; Chapter 3, 3.4.1; Chapter 4, Section 4.4.1.
Despite the fact that channel morphology in the study catchments tended to not be
conducive to high nitrate removal, during times of baseflow the nitrate concentration in
streams of the study catchments still tends to be low, despite approximately 35 % of the
catchment land area being under agricultural land use. A Sunshine Coast Regional
Council periodic sampling of streamwater in the study catchments found a median
nitrate concentration of 0.04 mg NO3-N L-1 (Range of 0.02-0.74 mg NO3-N L-1; See
Chapter 2, Section, 2.1.3). Although apparently very low, 60 % of the samples in the
periodic sampling exceeded the guideline value of 0.06 mg NO3-N L-1 for ecosystem
protection from adverse ecological impacts of nitrate (Queensland Water Quality
Guidelines 2009). Nitrate concentrations in agriculturally impacted streams worldwide
can often be much greater than concentrations seen in southeast Queensland. Royer et
al. (2004) found nitrate concentrations in agricultural streams of Illinois were between 515 mg NO3-N L-1, for most of the year, and only dropped below 1 mg NO3-N L-1 when
discharge was at its lowest over late summer and autumn. In another stream of Illinois,
Schaller et al. (2004) found a similar pattern with nitrate concentrations up to 18 mg
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NO3-N L-1, yet concentrations were below 0.1 mg NO3-N L-1 at times of low flow.
Martin et al. (2004) measured average nitrate concentrations over 1 year of 11 and 15 mg
NO3-N L-1 in two agricultural streams of south-west France. Although nitrate
concentrations in the Maroochy and Mooloolah Catchments are low in comparison to
many rivers in other areas, even moderate increases in nitrate in this region are likely to
have adverse ecological impacts on these naturally, low-nitrate streams.
Fellows et al. (2007) suggest that limited interaction between subsurface or stream water
and shallow soils could highlight the importance of in-stream removal processes in
mitigating excess nitrate and controlling its downstream export. Some studies have also
shown that in-stream nitrate removal during low flows can have significant control on
downstream transport of nitrate during these times. Hill (1981) found that during
summer low-flow periods in an Ontario stream denitrification could reduce up to 75 %
of daily nitrate input. Cooper and Cooke (1984) found that in pasture and pine
plantation streams of New Zealand, almost complete removal of nitrate occurred in
streams where channels were vegetated with macrophytes and floating grasses, though
almost all of the nitrate removal was by plant uptake with little attributable to
denitrification. However, Martin et al. (2001) estimated that denitrification could account
for less than 2 % of total stream nitrate export in two streams of the southern
Appalachian Mountains. These studies show that in-stream nitrate removal or retention
can be hugely variable, though generally retention and conversion to organic forms are
enhanced by the presence of in-stream vegetation and algae (Cooper and Cooke 1984,
Triska et al. 1989).
As suggested by Fellows et al. (2007), in-stream processes of nitrate removal may
influence nitrate concentrations and downstream transport during baseflow, however,
nitrate retention and removal processes in soils may also be controlling low nitrate input
to streams during these times. The morphological and soil characteristic survey of
Chapter 4 found that in deep, saturated riparian soils nitrate content was very low, and
therefore discharge of subsurface water to the streams was likely to carry very little
nitrate. Therefore nitrate removal and retention processes in the saturated soil layers,
although occurring at low rates can occur over large areas of alluvial floodplains, not just
in the riparian zone, and may have a controlling influence on discharge of nitrate to
streams during baseflow.
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7.3 Expanding the conceptual view to include the alluvial
35B

floodplain
The conceptual model as described in Chapter 1 includes only those processes occurring
in the riparian zone to retain or remove nitrate and control nitrate concentrations instream. Evidence in this thesis suggests that in deep soils where groundwater saturation
occurs, nitrate may be removed by heterotrophic or autotrophic nitrate reduction, or a
combination of both. In the nitrate reduction assays of Chapter 5, I found that addition
of ferrous iron to incubations of deep soil slightly, yet significantly, enhanced nitrate
consumption and nitrous oxide production. The same was found for sulphide additions
to shallow soils. These experiments revealed that denitrification could be enhanced by
the presence of an inorganic electron donor and that autotrophic denitrification,
particularly involving ferrous iron, may be occurring in deep saturated soils.
Often in groundwaters, where ferrous iron is present, nitrate is either not found or only
in very small concentration (Mariotii et al. 1988, Postma et al. 1991, Korom 1992,
Thayalakumaran et al. 2008). In the reduced environment of an anoxic aquifer, nitrate
can be reduced to nitrogen gases by ferrous iron acting as electron donor in autotrophic
denitrification. Benz et al. (1998) investigated the substrates required for growth of a
nitrate-reducing, ferrous iron-oxidising bacteria, and suggested that ideal conditions for
this process may be in environments rich in ferrous iron, with limiting amounts of
organic carbon. Conditions such as these may be present in the alluvial floodplain
aquifers which supply baseflow discharge for streams of the Maroochy and Mooloolah
Rivers. Sampling of deep riparian soils of the Maroochy and Mooloolah Catchments
(Chapter 4, Section 4.3.2) found total iron content in some cases over 100 µmol Fe g dry
soil-1. With dissolved organic carbon possibly provided with infiltration from surface
soils (Clay et al. 1996), anoxic aquifers of the alluvial floodplains in the catchment could
provide conditions suitable for a combination of heterotrophic and iron driven
autotrophic denitrification (Chapter 4, Section 4.4.3; Chapter 5, Section 5.4.3). Although
these processes are expected to occur at very slow rates, the large area and volume of soil
over which they could operate, makes these possibly significant sinks of nitrate in the
catchment.
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In the deep riparian soils, accumulation of ammonium was also found, possibly acting as
a nitrogen retention mechanism in the catchment. In the survey of 12 sites across the
Maroochy and Mooloolah Catchments, ammonium concentrations in deep soils was in
the same range as for the shallow soils, though negligible in the intermediate soil layers
(Chapter 4, data for intermediate depths not published; but see Chapter 3, Section 3.3.1
for example). In the incubation experiments of Chapter 5, over time in the anoxic
incubations small increases in ammonium concentrations were seen, and this ammonium
may have come from dissimilatory nitrate reduction, or mineralisation of organic
nitrogen. The accumulation of ammonium shows only the net pool dynamics, and the
small amount of ammonium observed may have been part of a small yet dynamic pool of
ammonium. A small, dynamic pool of ammonium has been observed in an anoxic
aquifer by Smith and Duff (1988) where nitrate isotope enrichment at 16.4 m depth
revealed that although there was only minimal ammonium accumulation observed, most
added nitrate was being reduced to ammonium, and subsequently consumed or taken
into microbial biomass almost as fast as being produced. Tiedje et al. (1982) suggests
that in conditions of electron donor limitation, nitrate reduction to ammonium may be
energetically favourable over denitrification, and thus be the dominant nitrate reduction
pathway. Conditions of electron donor limitation may occur in unconfined alluvial
floodplain aquifers where organic carbon decreases dramatically with soil depth (Clay et
al. 1996, Burt et al. 1999, Maitre et al. 2003). However, in a wastewater contaminated
aquifer, Smith et al. (1991) found that a combination of denitrification and DNRA
occurred, though denitrification was the dominant process. Currently, conditions
favourable for DNRA are not well understood, and though the conditions in alluvial
floodplain aquifers may be conducive to this process, its actual rate of occurrence should
be further investigated.
The interaction of infiltrating water possibly carrying nitrate, with an anoxic aquifer
containing ammonium provides the substrates and anoxic conditions necessary for
nitrogen removal by anaerobic ammonium oxidation (anammox). Anammox was first
detected in an anaerobic batch reactor (Mulder et al. 1995), but since then has been
found to be a major link in the nitrogen cycle, especially in marine environments
(Dalsgaard et al. 2005). Like denitrification, anammox releases nitrogen to the
atmosphere in gaseous forms, and therefore can permanently remove nitrate from
aquatic systems, reducing its concentration and downstream export. Anammox does not
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have nitric acid or nitrous oxide as intermediate products in the reduction process
(Mulder et al. 1995), so also does not contribute to the release of greenhouse gases,
making this a favourable process for nitrate removal. Anammox has only recently been
detected in soil environments. In the first study on the diversity and distribution of
anammox in terrestrial environments, Humbert et al. (2010) detected anammox bacteria
in a range of soil environments, though generally in low diversity, and conditions for
anammox appeared to be restricted to oxic/anoxic interfaces. This supports my
suggestion that the groundwater interface, rich in ammonium and under anoxic
conditions, may be a suitable environment for anammox to occur if nitrate-laden
infiltration reaches this zone.
Alluvial aquifer processes of nitrate retention and removal are included in the amended
conceptual model of sub-tropical riparian nitrate removal (Figure 7.1). The low
concentration of nitrate in deep, saturated riparian soils across the study catchments are
likely to contribute to the low nitrate levels seen in streams of the region. In the
amended conceptual model, the area of nitrate control has been extended to include the
alluvial floodplains of the streams. The scale of these floodplains range from about 15 m
width in sites in, and near, the base of the western headwaters of the Maroochy and
Mooloolah Catchments which drain the basalt escarpment to over 700 m wide in the
lowland plains. These areas may be exerting strong control on stream nitrate
concentrations during baseflow periods. Water, and associated nitrate, that infiltrates the
alluvial aquifers during, and following, rain events will intercept the anoxic aquifer, where
it may be stored for many days before discharging to stream channels, during which time
it will be subject to the slow rates of nitrate reduction occurring in these soil layers
(Chapter 5). The residence time of infiltrated water in alluvial aquifers will determine the
amount of nitrate removal that can occur. To further refine the conceptual model,
investigating flowpaths, residence time and rate of nitrate reduction in alluvial aquifers
will determine the nitrate removal capacity of these formations and how they may react
to increased nitrate loading.
An important area for future consideration is the possible oxidation and mobilisation of
ammonium stored at depth during seasonal and extreme low water tables. Ammonium
was found to form a large pool of N in the riparian sub-soils of the catchment (Chapter
4) and possibly across the deep saturated soil of much of the alluvial floodplains. During
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seasonal and extreme low water table levels, parts of the saturated soil aerate and may
become aerobic. In these conditions ammonium can oxidise to nitrate (nitrification),
which is much more mobile form of nitrogen (Buss et al. 2004). The cycling and fate of
ammonium stored in the deep saturated soils may impact upon the in-stream nitrogen
loads if mobilised and flushed to streams of the catchments.

7.4 Limited capacity for nitrate retention during high flow
36B

events
Modelling work of Chapter 6 shows that the flashy, intense nature of event hydrographs
limit the volume of bank storage of water, and thus limit the nitrate removal that can
occur from this. In some cases, denitrification of bank-stored water could be quite high,
the simulation suggested that in some cases 100 % of the nitrate could be removed,
particularly where water saturated shallow soils where banks were lower, and in some
isolated areas with high denitrification potential in deeper soils. However, in general the
simulation found denitrification potential was much lower with an overall removal
efficiency of nitrate of 67 % (Chapter 6, Table 6.1). Despite even high removal
efficiency of nitrate in bank-stored water, the very small volume of water interacting with
the soil, which determines the potential mass of nitrate that can be removed, limits the
mass of nitrate that can be removed during a high flow event by bank-storage
denitrification. In the simulated event, the volume of water in bank storage was <0.001
% of the total discharge during the event, so even with maximum nitrate removal, only a
very small amount of nitrate can be removed in this fashion.
In-channel processes of removal are not effective at limiting nitrate export during rainfall
events (See Chapter 6; Wigington et al. 2003, Royer et al. 2006). However, the results of
this study suggest that encouraging infiltration of runoff from high nitrate source areas
into the alluvial floodplain, such as through constructed wetlands, swales and detention
basins, before reaching the riparian zone, may be effective at encouraging nitrate removal
from this water. Results suggest that at moderate levels of denitrification potential,
across a distance of less than 1 meter and in less than 4 hours, complete nitrate removal
can occur (with an initial concentration of 1 mg NO3-N L-1; Chapter 6, Table 6.3). At
the lowest denitrification potential, this distance and time are much greater (over 100 m
and 585 hours), but encouraging infiltration into the floodplain aquifer before the water
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reaches the riparian zone, and thereby allowing transport through sub-surface flow,
provides the maximum opportunity for high nitrate levels to be removed before the
water reaches a stream channel.

7.5 A conceptual model of nitrate control in a sub-tropical
37B

catchment
Based on the findings of this thesis I have amended the initial conceptual model
proposed in Chapter 1 (Section 1.6), to produce the conceptual model for nitrate control
in a sub-tropical catchment (Figure 7.1). This conceptual model is not specifically
restricted to processes occurring in the riparian zone, but rather encompasses the alluvial
floodplain of the streams as well, as this scale may be more relevant at which to consider
management of nitrate in sub-tropical catchments. The shallow soils of riparian zones,
while having a large capacity for nitrate removal, have only limited interaction with
groundwater and surface waters which potentially carry nitrate, and processes occurring
at depth where water is much more likely to interact are much slower and thus will
require a greater area over which to act to achieve significant amounts of nitrate removal.
The aerobic riparian soil profile, resulting from deep groundwater flowpaths, may even
be a source of nitrate to the stream during runoff events. I have also shown that during
high flows, nitrate removal from bank storage will remove only negligible amounts of
nitrate compared to that being transported. Therefore, consideration of nitrate removal
mechanisms at a larger scale, and how these may be harnessed and improved, is essential
for improving excess nitrate removal in sub-tropical streams.
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Riparian Zone

2

1

Alluvial Floodplain

4
3
Figure 7.1: Conceptual model of nitrogen control mechanisms for a sub-tropical stream.
1) As in the original conceptual model (Figure 1.1), denitrification, and other nitrate
removal and retention processes (DNRA, biotic uptake) are highest in shallow soil and
decrease with depth (shown by degree of brown shading), however, nitrate
removal/retention processes may increase again at the transition to saturated conditions
at the watertable. 2) Deep channel limits interaction of water with shallow soils. 3) Lowrate processes of nitrate removal may occur over large areas and volumes in alluvial
aquifers, having a significant influence on nitrate transport to streams during baseflow.
4) Water that infiltrates to the alluvial aquifer may have a long residence time, during
which low-rate removal processes can greatly reduce nitrate concentration.
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The key aspects of the conceptual model for nitrate control in a sub-tropical catchment,
with some recommendations for improved management and future investigation:
1. Riparian zone processes
Disconnection of shallow soils with ground- and streamwater limits the capacity
for nitrate removal and the total amount of nitrate that can be removed in the
small area of the riparian zone. The soils of riparian zones retain denitrification
potential, which can be quite high in the shallow soils (Chapter 6, Section 6.3.3),
though this process is not often engaged and therefore the actual nitrate removal
in the riparian zone is low.
2. In-channel processes
Fellows et al. (2007) found that denitrification potential of in-stream sediments is
about equal to moderate rates found in riparian soils. During high flows, instream nitrate removal will have negligible effect on the export of nitrate at that
time. However, during low flow periods, in-stream denitrification and nitrate
retention processes may have a significant effect on the concentration and export
of nitrate from these sub-tropical catchments. Experimental work using stable
isotope methods or solute injections in the streams during baseflow will indicate
the process rates for denitrification or retention, and the overall affect of these
on nitrate export.
Denitrification by bank-storage of water during high flow events has not been
included in the proposed conceptual model. The simulation study of
denitrification of bank-stored water (Chapter 6) showed that although
denitrification does occur by this process, its effect is negligible compared to the
overall transport of nitrate downstream. The consideration of this process in the
control of nitrate in streams affected by excess loads will have little effect and can
not be relied upon as an effective removal process. Denitrification by bankstorage was limited primarily by the rate of water infiltration into the bank, so
actions which greatly enhance the volume of bank storage, such as by
encouraging over bank flooding, may improve the process to have a noticeable
impact.
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3. Alluvial floodplain aquifer
The alluvial floodplain aquifer was not included in the conceptual model
presented in Chapter 1, however it may be important to consider in the overall
control of nitrate export by streams in sub-tropical areas. Heterotrophic and
autotrophic nitrate retention and removal processes occurring in the alluvial
aquifer may only occur at slow rates, but there is a large area and volume of soil
over which these processes can act, making them a possibly large sink of nitrate
in the catchments. The alluvial floodplain aquifer is a storage site of water
discharged during baseflow, so the concentration of water stored there will
largely influence the concentration of nitrate and other forms of nitrogen in
streams during low flow periods. Further investigation of alluvial floodplain
aquifers required to better understand their capacity to process and remove
nitrate from water before discharging to stream channels. The flowpaths and
retention times of water in the alluvial aquifer, along with the nitrate removal and
transformation processes that occur there need to be better understood. This
will show how nitrate is controlled in the aquifer and if there is sufficient removal
capacity to reduce larger loads of nitrate if these were to reach the aquifers.
4. Enhancing nitrate removal
Where riparian restoration tasks are carried out, a range of ecological benefits are
achieved, but in many cases nitrate retention is not likely to considerably improve
(Wigington et al. 2003). However, planting in areas with low banks, may be of
some benefit where rooting zones intercept groundwater flows as uptake during
biomass aggradation could be a significant nitrogen sink. Low banks would also
allow more frequent saturation of shallow soils to occur, which can increase their
capacity for nitrate removal through greater interaction of soil with high
denitrification potential and nitrate-laden water. The benefit of riparian
restoration for nitrate removal needs to be considered in relation with the
channel morphology of the site.
To control excess nitrate in a sub-tropical catchment, the best action would be to
prevent nitrate from reaching stream channels and riparian zones during runoff
events. This could be done by preventing runoff from source areas of nitrate by
encouraging infiltration of runoff on the alluvial floodplain. Increasing
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infiltration of runoff would increase the amount of water and nitrate passing to
the alluvial aquifers. This will better utilise the processes of nitrate removal that
may occur in the anoxic alluvial aquifers to prevent nitrate discharge to the
stream channels.

7.6 Perspectives for management of nitrate contamination in
38B

a sub-tropical catchment
This thesis suggests that a focus on riparian zones as the main point of control for excess
nitrate in sub-tropical catchments may not be an ineffective scale for management
consideration. The riparian morphology of stream reaches in the region are not
conducive for nitrate removal, and the flashy and intense nature of rainfall events means
this small area of land may be bypassed or overwhelmed by nitrate transport processes.
It was also shown that the aerobic riparian soil may even be a source of nitrate at times.
Processes occurring at the alluvial floodplain scale may be more important in controlling
nitrate during times of baseflow. Furthermore, encouraging infiltration on the floodplain
may help mitigate some nitrate export during rainfall events, such as that produced from
nitrification in soils closest to the stream channel. Increased floodplain infiltration would
increase the degree of interaction between nitrate laden water with soils where nitrate
retention and removal can occur. Infiltration of ‘first flush’ runoff (runoff from rain
events following prolonged dry period), which may have particularly high concentration
of nitrate, could be particularly useful in controlling nitrate export from high source
areas.
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