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Abstract 
Phosphorus (P) derived from catchment sources is a key factor in the eutrophication of 

many aquatic ecosystems. Increasingly the protection of receiving waters has been 

focused on improving water quality through changing land management to decrease the 

supply of nutrients from the catchment. Rivers are an important link between 

management actions in the catchment and water quality downstream and therefore an 

understanding of P dynamics in river systems is central to describing and predicting P 

fluxes through the catchment. Much of the knowledge about P transformations and 

transport in rivers comes from studies of temperate systems and to date there have been 

no studies which define the underlying drivers of P dynamics in dry subtropical rivers. 

This thesis addresses this gap in knowledge by describing P dynamics in the upper 

Brisbane River (UBR), a grazing impacted, dry subtropical, river system.  

 

A conceptual model of P dynamics was proposed which described the key processes 

occurring in dry subtropical rivers in the context of the highly variable flows which 

characterize these systems. The model focuses on three key phases; a drawdown phase 

whereby flow ceases and P dynamics are dominated by biological and chemical 

processes; a transport phase during event flows where P dynamics are dominated by 

physical transport processes; and an intermediate phase where P dynamics are governed 

by the interaction between biological/chemical and physical processes. The model was 

used to contrast P dynamics in dry subtropical rivers with the more widely studied 

temperate systems and to provide a framework for the design and interpretation of 

experiments. Experiments comprised quantification of instream P storage in key 

ecosystem compartments coupled with P fractionation and P sorption measurements in 

soils and sediments under varying extremes of river flow.  

  

Bed sediments were shown to be the dominant store of P in most sections of the river 

examined. P storage was measured in the standing biomass (macrophytes, leaf litter and 

periphyton), bed sediment and water column of five reaches of varying geomorphology 

and compared to total P fluxes from the river during the wet season of December 2005 to 
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March 2006. Bed sediments contained the majority of P comprising more than 87% of 

total reach P at four of the five study reaches. Estimated P storage in the top 2 cm of bed 

sediments (15.8 T) was approximately 6 times greater than total wet season export from 

the river system (2.7 T), and almost 7 times higher than the P stored in macrophyte 

biomass (2.3 T). This suggests that the bed sediments may be an important source of 

particulate P to downstream ecosystems during event flows and a source of P to primary 

producers (e.g. macrophytes) during periods where inputs to the river system are reduced.  

 

While it is shown that a small proportion (~14%) of the P stored in the sediments would 

be required to supply all of the P in macrophyte biomass, sorption experiments indicated 

that the sediments were likely to act as a long term sink for P. Employing the sequential 

extraction procedure of Pardo et al. (2004) it was found that between 13 and 33% of 

sediment P in the UBR was Non Apatite Inorganic P (NAIP). This fraction is considered 

to be a potential source of phosphate (PO4
3-) to the water column in the short to mid term 

indicating that there was substantial potential for sediments to be a source of P to primary 

producers, particularly during periods of low flow. However, the bed sediments of the 

UBR had low Equilibrium Phosphate Concentrations (EPC0) ranging from 0.001 mg l-1 to 

0.067 mg l-1. Comparison of sediment EPC0 with ambient filterable reactive P (FRP) 

demonstrated that at 7 of the 8 sites, water column FRP was near or above the EPC0 

indicating that sediments were likely to be functioning as a net sink for FRP at the time of 

the study.  

 

The study also showed that there were substantial differences in the way P was bound in 

soils compared to associated river sediments. River bed sediments had substantially lower 

EPC0 relative to surface and streambank soils. Multiple stepwise regression analysis 

demonstrated that oxalate extractable iron (Feox) and loosely sorbed P (NH4Cl-P) 

explained approximately 76 % of the variation in the EPC0 of soils and sediments. The 

results suggested that changes in Fe chemistry, together with a significant reduction in 

loosely sorbed P, are likely to occur in soils as they are transported, deposited and stored 

within the river system. Importantly, this decreases the EPC0 of the sediments which 

increases the potential of these sediments to act as a net sink for PO4
3-.  This process 
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seemed to be reversible under conditions where the streambed sediments were exposed to 

varying degrees of drying.  

 

The EPC0 of sediments desiccated in situ (0.211 mg l-1 and 0.070 mg l-1) and in the 

laboratory (0.213 mg l-1 and 0.171 mg l-1), was substantially higher than wet submerged 

(0.034 mg l-1 and 0.016 mg l-1) and partially dried (0.031 mg l-1 and 0.058 mg l-1) 

sediments at two sites in the UBR. There were also significant differences in P speciation 

between wet submerged, partially dried and desiccated sediments. The concentration of 

NH4Cl-P was significantly higher (P < 0.05) in partially dried and desiccated sediments 

relative to wet submerged sediments from the same location. The increase in NH4Cl-P 

was concurrent with a decrease in the concentration of labile organic P (NaOH-nrP) 

suggesting that mineralisation of organic P during drying may be an important source of 

readily available P when partially dried and desiccated sediments are re-wetted.  

 

Experiments conducted during event flows highlighted the importance of macrophyte 

export and the selective erosion of Al-bound P (NaOH-rP) during event flows.  A flow 

event in December 2005 resulted in the export of more than 90% of the free-floating 

macrophyte species, Azolla from a reach in mid UBR over 16 h. Furthermore, a 

comparison of Azolla (0.2 T) and Ceratophyllum (1.8 T) biomass in the mid to lower 

reaches of the UBR, with total wet season P export (2.7 T), demonstrated that 

macrophyte biomass had the potential to contribute a substantial proportion of the P load 

delivered downstream during event flows. During flow events in January 2008, the 

concentration and proportion of P associated with Al oxides (NaOH-rP) in suspended 

sediments (364 mg kg-1, ~ 40%) was significantly higher (P < 0.05) that in fine surface 

soils, streambank soils and bed sediments (155 – 241 mg kg-1, 18-25%). Conversely, the 

concentration and proportion of P associated with apatite (HCl-P) was significantly lower 

(P < 0.05) in suspended sediments (17 mg kg-1, 2%) relative to soils and bed sediments 

(175 - 240 mg kg-1, 21-25%). The differences between suspended sediments and potential 

source material were attributed to the selective erosion of clay particles rich in NaOH-rP 

and deplete in HCl-P during flow events.  
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This research provides important information on the flux of P through dry subtropical 

river systems and has important implications for management authorities. Specifically the 

study has identified the key processes which may alter the amount, form and timing of P 

delivered to ecosystems downstream. By incorporating some of these processes into 

existing conceptual and empirical models of catchment P export, it may be possible to 

better predict, and therefore mitigate, the flux of P from the catchment to the receiving 

waters downstream.  
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Chapter 1: Introduction 

 

1.1. Significance of study and research question 
There is little known about P dynamics in dry subtropical river systems. Much of the 

knowledge about P transformations and transport in rivers come from studies of 

temperate systems. It is unclear to what extent the findings of these studies can be applied 

in tropical systems with pronounced wet and dry seasons. To date there have been no 

studies which define the underlying drivers of P dynamics in dry tropical rivers which 

can be contrasted with the more widely studied temperate systems. This is a substantial 

gap in our knowledge given the ecological significance of instream P dynamics not just 

within the rivers themselves, but also in the downstream ecosystems to which they 

discharge.  The capacity to manage and model P fluxes in the dry subtropical catchments 

of Australia is therefore substantially limited by a lack of information on the dynamics of 

P in these systems.  

 

The limited understanding of P dynamics in dry subtropical rivers is particularly 

important because there is an increasing interest in expanding or relocating agricultural 

enterprises from temperate Australia further north into Australia’s subtropical and 

tropical zones (Hamilton and Gehrke 2005). The push for greater development of 

Australia’s tropical catchments is driven by increasing pressure on water supply in the 

southern temperate regions of the country (Gehrke 2005). The current understanding of 

tropical systems however does not provide an adequate scientific basis to support policy 

makers in regards to the potential impacts of increased land use change in subtropical and 

tropical catchments (Hamilton and Gehrke 2005). Furthermore, the capacity to manage 

catchments which have already been degraded is also limited by a lack of information on 

riverine P dynamics in these systems.  

 

Modifying catchment land use to reduce P delivery to sensitive aquatic ecosystems is 

critical to the long term sustainability of subtropical and tropical ecosystems. The link 

between land uses and water quality downstream is well established with wide scale land 
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clearing and subsequent loss of P via erosion processes shown to have had deleterious 

impacts on the receiving aquatic ecosystems.  These include the formation of toxic algal 

blooms in potable water storages, estuaries and rivers, reduced dissolved oxygen leading 

to fish kills, reduced recreational and aesthetic values and economic costs associated with 

increased treatment in potable water storages. The protection of sensitive aquatic 

ecosystems in the dry subtropics has been focused on improving water quality through 

improved land management practices aimed primarily at reducing P inputs associated 

with widespread soil erosion.     

 

A poorly understood component of the relationship between land management and water 

quality is the role of the river system in mediating this link. To what extent instream P 

dynamics alter the relationship between land management and the water quality 

downstream has not been properly addressed. The ability to predict, manage or model 

land use and water quality interactions requires an improved understanding of P 

dynamics in the rivers which link these two processes. Key questions remain unanswered 

as to the extent to which river systems retain and transform inputs and how this affects 

the amount, form and timing of exports downstream. These factors have important 

implications in terms of the extent to which P impacts on the water quality of receiving 

waters. Investigation of the important processes in P dynamics in river systems is 

therefore central to improving our understanding of catchment scale fluxes of P into 

sensitive aquatic ecosystems.  

 

1.2. Inputs of nutrient to rivers 
Catchment exports of N and P are a function of land use, population densities, 

agricultural practices and urban development (Carpenter et al. 1998). The conversion of 

many of the catchments in industrialised countries from forested to agricultural and urban 

landscapes has led to the increased export of nutrients to receiving waters and in turn 

increased eutrophication (Vollenweider 1968, Harris 1999, Scholefield et al. 2005). 

Inputs of nutrients to aquatic ecosystems are broadly classified as being either from point 

or diffuse sources. Point source pollution refers to pollutants derived from wastewater 

effluent, predominately from municipal sewage treatment plants. The impact of 
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wastewater effluent is dependent on the level to which the effluent is treated before being 

discharged (primary, secondary or tertiary) and the volume discharged (Donnelly et al. 

1998). Quantifying and regulating the input of nutrients to receiving waters from point 

sources has therefore been easier relative to diffuse sources and as a result nutrient loads 

from point source discharges have steadily decreased in recent times (Oenema and Roest 

1998). As a result there is increasingly a focus on controlling nutrient inputs from diffuse 

sources. While nutrients have been shown to reach high levels in waters running through 

both urbanised and agricultural areas, agriculture is often identified as the main nutrient 

source (House and Warwick 1998, Oenema and Roest 1998, Bellos et al. 2004, Nijboer 

and Verdonschot 2004, Torrecilla et al. 2005).  

 

Diffuse sources of P to river systems include surface and subsurface flows and biological 

inputs such as leaf litter fall and animal wastes (Fig 1.1). Of these, surface runoff is 

usually the dominant process (Young et al. 1996). P is transported in overland flow by 

dissolution and erosion process which mobilise P in dissolved (dissolution) and 

particulate (erosion) forms (Nash and Halliwell 2000). Transport of P via erosion is 

considered to be the major source of P in much of inland Australia (Young et al. 1996). 

Having said this transport of dissolved P in surface runoff has been shown to provide a 

substantial proportion of P export in other systems (Nash and Halliwell 2000, Drewry et 

al. 2006). High dissolved P inputs via dissolution from soils are often associated with the 

application of fertilisers, particularly when they are applied prior to a rain event or where 

the capacity of the soils to retain the added P has been exceeded (Oenema and Roest 

1998).  
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Figure 1.1 Conceptual diagram outlining processes which transport Phosphorus 

from the landscape to surface water (McDowell et al. 2004) 

 
The movement of nutrients to water bodies via surface runoff and erosion is a 

discontinuous process, driven mainly by rainfall distribution and intensity and by 

catchment hydrology (Oenema and Roest 1998). Soil erosion and surface runoff are 

strongly related to storm events and prolonged rainfall, and inputs of both N and P can be 

increased further where animal waste and fertiliser have been applied just prior to such an 

event (Oenema and Roest 1998). The relative importance of surface runoff will therefore 

reflect the volume of water that falls in the catchment and the nutrient status of the soil 

(Meyer and Likens 1979, Oenema and Roest 1998). Only a fraction of the P transported 

from the land is directly bioavailable (Oenema and Roest 1998) and its movement 

requires mobilisation and transport of soil particles (Jarvie et al. 1998, Walling et al. 

2001, Stanley and Doyle 2002).  
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Soil erosion is widespread and adversely affects natural ecosystems (Pimental and 

Kounang 1998). Soil represents a primary source of sediment and therefore also of P to 

surface waters (House et al. 1998). While soil can be eroded by both wind and water, 

wind erosion is not considered to be a major erosion mechanism in Australia. Changes in 

land use from pristine to low intensity land uses such as grazing lead to higher rates of 

soil erosion through hillslope, gully and streambank erosion and therefore higher 

concentrations of PP in runoff (Brodie and Mitchell 2005). In general, the smaller and 

lighter soil aggregates will be transported the greatest distance and they are therefore 

more likely to enter the drainage system during erosion events (House et al. 1998). 

Furthermore, the selective mobilisation of fine sediment and associated nutrients during 

erosion may concentrate these nutrients within receiving waters (Slattery and Burt 1997). 

There is a strong relationship between the P content of soils and the percent clay 

(Quinton et al. 2001) with studies demonstrating that finer sized fractions of the soil are 

preferentially lost from experimental plots resulting in the sediments becoming enriched 

with P (Quinton et al. 2001).  

 

Soil erosion can be broadly classified as rill and sheet erosion, gully erosion, tunnel 

erosion and streambank erosion (Toy et al. 2002, Morgan 2005). In most Australian 

catchments the dominant source of sediment is streambank erosion (Prosser et al. 2001). 

Streambank erosion is the result of a complex set of interacting processes that depend on 

in-channel hydraulic conditions (primarily discharge) as well as the physical character of 

the banks, such as channel slope and grain size. Bank erosion rates therefore range over 

several orders of magnitude, from a few centimetre per year along lowland rivers to 

approximately a kilometre per year along large sand-bed rivers (Piegay et al. 2005). In 

subtropical southeast Queensland, streambank and gully erosion have been identified as 

the principal sources of sediments (Caitcheon et al. 2001) while in the wet tropics of 

northern Queensland, Bartley et al. (2003) found that sediments inputs to the Herbert 

River were derived from a combination of surface soil (52%), gully (24%) and 

streambank erosion (24%). In terms of the importance of soil erosion to P transport it is 

thought that the bulk of P carried by rivers in inland Australia is likely to be derived from 

gully and bank erosion (Drewry et al. 2006). In systems such as this where the majority 
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of the P load is associated with soil particles in runoff, erosion control is therefore 

considered to be the key to reducing P delivery to downstream ecosystems (Mainstone 

and Parr 2002).  

 

Due to the high affinity of phosphate for mineral surfaces, subsurface flow has not been 

considered a major input pathway for P (Stanley and Doyle 2002). While inputs of 

dissolved P may have biological significance at a local scale, at the catchment scale 

inputs from overland flow are likely to be much less than from overland flow (Drewry et 

al. 2006). Having said this it shouls be acknowledged that there is an increasing 

understanding that P does in fact move through subsurface flow paths in dissolved forms 

through preferential flow paths. Preferential flow is a process whereby much of the water 

and chemical movement through a porous medium follows favoured flow paths (Gupta et 

al. 1999), and is very important in the downward movement of P through the soil profile 

(McDowell et al. 2004). Of particular importance is the presence of soil structures called 

macropores (Kirkby et al. 1997, Jensen et al. 1998, Fleming and Cox 2001). Macropores 

generally have distinctly different hydraulic properties than the soil matrix which may 

result in more rapid solute movement through the unsaturated zone due to preferential 

flow (Gupta et al. 1999).  While studies have shown that P does move through sub 

surface pathways the relative importance of sub surface flow to overall P inputs to river 

systems is still uncertain. On a catchment scale the importance of sub surface flow as a P 

input is likely to be of greatest importance when storms are absent (Drewry et al. 2006). 

In dry subtropical river systems where the bulk of P inputs are likely to come during 

storm events the overall significance of these pathways in terms of annual loads is 

therefore likely to be minimal compared to overland flows.  

 

Biological inputs consist predominately of detrital material originating from riparian 

vegetation (Nijboer and Verdonschot 2004) but may also include excretion by animals at 

watering sites (Oenema and Roest 1998). Input pathways from riparian vegetation 

include direct litterfall from the overhanging canopy and lateral movement of often 

partially decayed material from the adjacent forest floor in the form of fine particulate 

organic matter (FPOM) or dissolved organic matter (DOM) (McClain et al. 1998, Nijboer 
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and Verdonschot 2004). Direct annual leaf input from deciduous forests can be 

considerable, and it is generally accepted that the main energy source of forested low-

order streams is allochthonous organic matter originating from bankside vegetation 

(Vannote et al. 1980, Graca et al. 2001). This was demonstrated in a study by Fisher and 

Likens (1973) who found that the major organic carbon (C) source in Bear Brook (1968-

1969) was forest litter (47%), while tributary streams supplied only 29%, and subsurface 

water and precipitation contributed 24%. There is also evidence that inputs of P from leaf 

litter may be substantial in lower order forested streams. Meyer and Likens (1979) 

demonstrated that, forest litter supplied 23% of the annual P input in a 2nd -3rd order reach 

of Bear Brook, USA.  

 

1.3. Phosphorus storage in rivers and streams  
As described above P enters river systems in particulate, dissolved, inorganic and organic 

forms. Once instream, P is stored and exchanged between various pools. In large river 

systems it has been proposed that P exists in a biological compartment, a dissolved 

compartment, a suspended particulate compartment and a bottom sediment compartment 

(Fig 1.2). P can be transferred between these compartments depending on the physical, 

chemical and biological conditions at the time (Nolan et al. 1995, Baldwin et al. 2001). 

While it is known that P in river systems is stored and cycled between these pools (Reddy 

et al. 1999) there is little known about the relative P storage in each of these 

compartments across a range of river systems. The following is a review of instream P 

storage in the water column (dissolved and suspended particulate compartments), 

standing biomass (biological compartment) and bed sediments (bottom sediment 

compartment) of river systems.  
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Figure 1.2 Phosphorus compartments and their interactions in a typical river system 

(Nolan et al. 1995) after (Oliver et al. 1993) 

 

1.3.1. Water Column 

P occurs in natural waters almost solely as phosphates. Phosphates are classified as 

orthophosphates, condensed phosphates (pyro-, meta-, and other polyphosphates), and 

organically bound phosphates (APHA 1998). At neutral or acidic pH, phosphate is 

generally bonded to one or two H atoms in the form of phosphoric acids, HPO4
2- and 

H2PO4
2- (McClain et al. 1998). When considering the potential impact of P on aquatic 

systems it is important to understand that not all forms will elicit the same response from 

primary producers and the microbial community. The major form of P utilized directly by 

primary uptake communities is orthophosphate (PO4
3-). While orthophosphate is the only 

form of P able to cross most algal cell membranes (Inman et al. 2001), there are other 

mechanisms by which P can be assimilated by algal communities which will be discussed 

further in section 1.4.1.2. Having said this it is generally agreed that P is assimilated 

predominately as orthophosphate (APHA 1998, Wetzel 2001).  

 

Orthophosphate generally constitutes only a few percent of total phosphorus (TP) in 

aquatic ecosystems and is assimilated and cycled rapidly in zones of utilisation (Meyer 

and Likens 1979, Wetzel 2001). Due to the adsorption, co-precipitation, and biotic 

assimilation of PO4
3-, P in the water column is generally dominated by particulate forms 
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(McClain et al. 1998, Wetzel 2001, Stanley and Doyle 2002). Particulate organic forms 

of P include important molecules such as nucleic acids (RNA and DNA), adenosine 

triphosphate (ATP), adenosine diphosphate (ADP), and phospholipids. These are 

essential intracellular compounds but unlike orthophosphate they are not involved in the 

rapid cycling of P (McClain et al. 1998, Wetzel 2001). Particulate P also includes an 

often substantial proportion of P in mineral phases of rock and soil, such as 

hydroxyapatite, in which P is adsorbed onto inorganic complexes such as clay, 

carbonates, and ferric hydroxides (Wetzel 2001, Wilcock and Croker 2004). Oxides of 

metals such as Fe, Mn and Al provide surface sites for adsorption of phosphate through 

the formation of inner-sphere and outer-sphere complexes (Tongesayi et al. 2008). Inner 

sphere complexes are bound to the metal centre on the mineral surface by covalent bonds 

through ligand exchange with mineral surface hydroxyl groups to form an inner sphere 

complex with the metal ion (Baldwin et al. 2001). Outer sphere complexes involve 

hydrogen bond formation in the metal hydration sphere (Sigel 1974). P is also adsorbed 

onto dead particulate organic matter or in macro-organic aggregations (Wetzel 2001). 

 

Chemical analysis of P centres around particle size, reactivity of P with molybdate and 

changes in reactivity during enzymatic and acidic hydrolysis of complex forms of P 

compounds as they are converted to orthophosphate (APHA 1998). The different forms 

of P are generally grouped into inorganic, organic, dissolved and particulate forms with 

the sum of all these fractions termed total phosphorus (TP). Standard methods for the 

determination of P in water samples (APHA 1998) produce four operationally defined 

categories; filterable reactive phosphorus (FRP), filterable un-reactive phosphorus (FUP), 

particulate reactive phosphorus (PRP), and particulate un-reactive phosphorus (PUP). 

Most of the P data for fresh waters however report only TP and FRP (Wetzel 2001). 

While these operational methods do not necessarily produce fractions, which correspond 

to chemical species of P or to their role in biotic cycling of P (Wetzel 2001), FRP is 

considered to be a close approximation of PO4
3- and therefore is a representation of the 

proportion of TP available for biological assimilation (Jarvie et al. 1998). FUP is 

sometimes referred to as dissolved hydrolysable phosphorus and consists predominately 
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of organophosphorus compounds and inorganic polyphosphates (House and Warwick 

1998, Jarvie et al. 1998).  

 

1.3.2. Biological compartment – Standing Biomass 

The biological pool includes both living organisms and detrital matter, which may be 

derived from both allochthonous and autochthonous sources (Naiman and Melillo 1984, 

Triska et al. 1984, Grimm 1987, Mulholland et al. 2000, Dodds et al. 2002). Despite 

constituting an often large proportion of the nutrient stocks within a given reach (Triska 

et al. 1984, Grimm 1987), these pools are often ignored in estimates of nutrient transport 

within a river network. Biota can remove and regenerate nutrients to and from the water 

(Triska et al. 1989a, Newbold 1992, Nijboer and Verdonschot 2004, Torrecilla et al. 

2005) and nutrient storage within the biomass of the biota can dominate system storage 

(Grimm et al. 2003). Important biological P storage pools in riverine systems include 

algae and macrophytes, periphyton, leaf litter (associated microbial communities) and 

consumers.  

 

Studies of temperate North American streams suggest that in small forested reaches the 

majority of both N and P are held in detrital pools (Newbold et al. 1983a, Mulholland et 

al. 1985, Dodds et al. 2002, Hall et al. 2002). Bacterial colonisation and decomposition of 

leaf litter and woody debris may lead to the liberation of dissolved P from the detrital 

material and a concurrent uptake and assimilation of dissolved P by heterotrophic 

communities (Mulholland et al. 1985, Mulholland 1992, Fischer and Pusch 2001). 

Importantly, microbes colonising leaf material may utilise dissolved P in the water 

column in preference to the P within the leaf material (Pearson and Connolly 2000) 

resulting in an increase in the nutrient capital of decomposing litter as refractory 

structural components such as cellulose and lignin are partially digested (McClain et al. 

1998). The uptake of P in these streams has therefore been linked to the biomass of 

coarse particulate organic matter (leaf litter). Despite having much lower uptake rates 

relative to primary producers, uptake into the detrital compartment is the major uptake 

route for dissolved P because of its much higher biomass (Newbold et al. 1983a, 

Mulholland et al. 1985). While this is true of forested headwater streams, in larger order 
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streams and in regions with greater levels of anthropogenic disturbance, other storages 

may be more important.  

 

Sabater et al. (2000) suggested that the relative importance of photoautotrophic and 

detrital communities in nutrient uptake in headwater streams relates to the presence or 

absence of riparian vegetation. The riparian vegetation provides both a source of nutrients 

to the river bed via leaf litter inputs and also has an inhibitory effect on primary 

production due to the shading provided by canopy cover (Sabater et al. 2000). There is 

therefore likely to be differences in the relative importance of detrital and 

photoautotrophic nutrient storage in headwater versus lower order streams. This is 

consistent with the River Continuum Concept proposed by Vannote (1980) which 

emphasizes a greater abundance of leaf litter in smaller headwater streams relative to 

larger higher order rivers where macrophytes and phytoplankton dominate. 

 

Although there are numerous different species of primary producers growing in rivers, 

for the purpose of understanding their role in the transformation and transportation of 

catchment P it is sufficient to look at three broad groups; phytoplankton, benthic / 

epiphytic algae, and macrophytes (Park et al. 2003). The importance of macrophytes as 

nutrient sinks is highlighted in their role in constructed wetlands. Studies of constructed 

wetlands have demonstrated their capacity to retain substantial amounts of both N and P 

from wastewater effluent (Greenway and Woolley 1999, Dierberg et al. 2002, Thiebaut 

and Muller 2003). Aquatic macrophytes also play an important role in the cycling and 

retention of nutrients in streams (Eriksson and Weisner 1997, Clarke and Wharton 2001, 

Prior and Johnes 2002, Schulz et al. 2003). The distribution of macrophytes tends to be 

irregular (Park et al. 2003) and is influenced to varying degrees by factors such as flow 

(Carr and Chambers 1998, Demars and Harper 1998, Flynn et al. 2002, Parr and Mason 

2004), water temperature (Demars and Harper 1998), solar radiation (Sand-Jensen et al. 

1989, Flynn et al. 2002), nutrient concentrations (Best et al. 1996, Carr and Chambers 

1998, Demars and Harper 1998, Prior and Johnes 2002) sediment characteristics 

(Chambers et al. 1989, Best et al. 1996), turbidity (Flynn et al. 2002), water depth (Flynn 

et al. 2002), grazing and human disturbance (Carr and Chambers 1998).  



12  
 

 

Submerged, rooted macrophytes can absorb nutrients from the sediments, via the roots 

(Barko and Smart 1981, Chambers et al. 1989, Best et al. 1996, Carr and Chambers 1998) 

and/or from the water column, via foliage (Robach et al. 1985, Pelton et al. 1998, Madsen 

and Cedergreen 2002). Experiments which have tried to establish the relative importance 

of sediments or water as sources of nutrients are inconclusive (Clarke and Wharton 

2001). It has been suggested that the relative importance of these two pathways is 

dependent on differences in availability expressed as the ratio of sediment interstitial 

water/open-water nutrient concentration rather than differences in uptake physiology 

(Carignan 1982, Madsen and Cedergreen 2002).  

 
The other important primary producers in lotic systems are the algae. Algae occur in the 

open waters (phytoplankton), attached to the surface of macrophytes (epiphytic), or 

attached to the surface of substrates such as rock or sediment (epilithic) (Wetzel 2001). 

Like macrophytes there is range of factors that may influence their distribution and 

abundance. In relation to the magnitude of nutrient storage within these communities, it is 

likely that it will be most substantial in unshaded systems where algal growth plays a 

greater role in nutrient dynamics (Grimm 1987, Howard-Williams et al. 1989, Tate 

1990). In reaches with a dense canopy, light can be a limiting factor for the development 

of the algal community (Hill and Knight 1988, Findlay et al. 1993, Pearson and Connolly 

2000, Sabater et al. 2000, Mosisch et al. 2001) and therefore limit the effectiveness of 

algae as a nutrient sink. Another important factor in the growth of epiphytic and epilithic 

communities is stream discharge, with higher current velocity (38-41 cm/s) (Ghosh and 

Gaur 1994) generally associated with lower biomass (Biggs and Close 1989, Ghosh and 

Gaur 1994, Francoeur et al. 1999). In running waters, where the current is not too strong, 

the algae associated with the sediment surface and the submerged portions of aquatic 

macrophytes can contribute largely to primary production, nutrient uptake and storage 

(Whittaker 1961, Howard-Williams and Allanson 1981, Peterson et al. 1985, 

Risgaardpetersen and Jensen 1997, Nijboer and Verdonschot 2004).  
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Another potential nutrient pool in lotic systems is the consumer pool. Nutrients 

assimilated into the tissue of algal and bacterial communities provide an important food 

source to organisms higher in the lotic food chain (McClain et al. 1998). Both N and P 

are then stored in the biomass of these consumer communities, which in turn provide 

another storage pool. While the standing biomass of either N or P in consumers has rarely 

been quantified, the available evidence suggests that this is a relatively small pool of N 

(<1% Triska et al. 1984, 6-14% Grimm 1987, < 1% Hall et al. 1998, 6% Dodds et al. 

2000, 6% Tank et al. 2000, <1% Hamilton et al. 2001, 4.8% Merriam et al. 2002) and P 

(9% Newbold et al. 1983). While these organisms have a higher percentage of nutrients 

within their biomass the biomass of consumer communities is generally much lower 

relative to detrital and primary producer communities and therefore less substantial in 

terms of total storage. The consumer community has a relatively slow turnover rate 

(Newbold et al. 1983a) and is considered to be a highly retentive compartment (Wetzel 

2001).  

 

1.3.3. Sediment 

The sediments of river systems may contain substantial stores of nutrients and in 

particular P. The P stored in streambed sediments consists of inorganic and organic 

forms. The organic component of the sediment P pool will comprise the benthic 

microbial and algal communities already described as well as detrital material of 

autochthonous and allochthonous origin. P also exists in sediments in inorganic forms 

associated with Fe, Al and Mn oxides and hydroxides, and forms bound to Ca and Mg 

(De Groot and Golterman 1990). In rivers where inputs have been high for a long period 

of time, a reservoir of P can accumulate in the bed sediments that can contribute to the 

nutrient status of the river after inputs have been reduced (Mainstone and Parr 2002). 

Much of the sediment released from historical erosion is thought to be stored close to its 

original source in Australian river systems (Prosser et al. 2001). The sediment P pool is 

likely to be largest in depositional zones, which provide a trap for P rich particulates 

(Mainstone and Parr 2002). Temporal and spatial variations in sediment storage will 

relate to changes in channel bed morphology, structure, texture or slope, pool and riffle 

sequences and macrophyte growth (Collins and Walling 2007).  
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Sediments play an important role in the storage and fate of P in river systems (Diaz et al. 

2006, Collins and Walling 2007). Sediments may act as a P sink by accumulating high 

concentrations of organic and inorganic P complexes or a source by releasing P back into 

the water column (Eckert et al. 1997). The role of sediments as a P sink or a source in 

river systems will depend on the physiochemical properties of the water column and 

sediment (Diaz et al. 2006). The importance of sediment in river ecosystem P cycling will 

also depend on the magnitude of P stored in channel bed sediments relative to other 

pools. The P content of sediments can be orders of magnitude greater than the water 

column (Wetzel 1999, Diaz et al. 2006) and even small quantities of P released from the 

sediments can have a substantial impact on P concentrations in the water column 

(Bostrom et al. 1988).  

 

Relative to the pools of standing biomass, the sediment may contain a substantial store of 

P in some river systems. Unlike nutrient accumulation in non-woody plant biomass and 

detritus, sediment accretion is considered a long term sink for nutrients in wetlands 

(Howard-Williams 1985). Despite the importance of sediments in P cycling in aquatic 

ecosystems, P storage in sediments relative to biomass and water column compartments 

has not been quantified across a broad range of river and stream ecosystems. There have 

however been a few studies comparing P storage in sediments with other ecosystem 

compartments in wetlands. Sediments have been identified as playing a major role in P 

storage in canals (Diaz et al. 2006) and marshes (Noe et al. 2002) of the Florida 

Everglades National Park, USA. Similarly, White et al. (2000) reported that sediment in a 

restored northern prairie wetland, USA, stored approximately 60% of P inputs from beef 

slaughter and municipal sewage wastewater inputs (White et al. 2000). In wetlands of the 

Lake Okeechobee Basin, Florida, USA, P storage in ecosystem compartments (plant 

biomass, litter, and soil) were compared and it was found that surface soils had the largest 

reservoir of P with 87% of P held in the top 10cm of soil (Dunne et al. 2007). Noe et al. 

(2003) added 32P tracer and measured partitioning between ecosystem compartments in 

wetland ecosystems in oligotrophic, P-limited Everglades marshes and found that while 

initial uptake of  32P was into water column and microbial pools, over the longer term 
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floc and soil compartments increased. After 18 days, floc (35% of total) and soil (27%) 

dominated 32P storage, with floating periphyton (12%) and surface water (10%) holding 

smaller proportions of total ecosystem 32P (Noe et al. 2003). While the importance of the 

soil/sediment system in terms of P storage in wetlands has been demonstrated it remains 

unclear how this transfers to river systems. A key component of sediment P retention in 

wetland ecosystems is the rate of sedimentation (White et al. 2000). This is in turn driven 

largely by the hydrology of the ecosystem. Streams and rivers have very different flow 

regimes relative to wetlands and therefore streams may behave quite differently in terms 

of sediment deposition and hence P storage.  

 

1.4. Transformation of phosphorus in rivers 
Once in the aquatic environment, a complex range of reactions involving P can occur 

(Johnes and Hodgkinson 1998). P enters a river system in the organic, inorganic, 

particulate and dissolved forms already outlined where it is stored and transferred 

between the water column, standing biomass and sediment compartments. The key 

reactions and transformations that cycle P between these compartments are uptake and 

assimilation of dissolved P by primary producer and microbial communities, 

decomposition and mineralisation of organic P, and abiotic precipitation and sorption 

reactions which transform P between dissolved inorganic and particulate inorganic forms. 

Physical processes of sedimentation, resuspension and diffusion transport dissolved and 

particulate forms of P between the bed sediment and the water column (Fig 1.3).  
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Figure 1.3 Phosphorus transformations in river systems (Mainstone and Parr 2002) 
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1.4.1 Biological transformations of Phosphorus in rivers 

 
1.4.1.1 Uptake and assimilation of PO4

3-  

P is assimilated by autotrophic and heterotrophic communities predominately as PO4
3- 

(Meyer 1979, Meyer and Likens 1979). Organisms assimilate P as a major constituent of 

nucleic acids, phospholipids, and ATP and as a mineral constituent of bones and teeth 

(Campbell et al. 1999). It is clear from the uptake lengths in Table 1.1 that PO4
3- can be 

removed quickly from the water column and that the degree of processing will vary 

across temporal and spatial scales. Furthermore it can be seen that there is a lack of data 

on larger subtropical river systems. The exact mechanism by which PO4
3- is removed is 

not directly measured in most of these studies but rather inferred based on concurrent 

measurements of variables such as biomass and production rates. Research on temperate 

woodland streams suggests that the relative proportion of P uptake attributable to 

heterotrophic and autotrophic communities will depend largely on the standing biomass 

of the system.   

 

Using 32P release experiments, Newbold et al. (1983a) found that coarse particulate 

organic matter (CPOM) accounted for 60% of the total uptake of 32P in a 1st order 

woodland stream in Tennessee, USA. Fine particulate organic matter (FPOM) accounted 

for 35% of total uptake, and aufwuchs accounted for 5% (Newbold et al. 1983a). Per unit 

of Ash Free Dry Mass (AFDM) however aufwuchs were the most active, taking up 11 

times more 32P than CPOM and 33 times more than FPOM. The high uptake per unit area 

of the detrital material was due to its much larger standing biomass (Newbold et al. 

1983a). Similarly, Mulholland et al. (1985) found that the detrital community was the 

primary uptake compartment in Walker Branch despite having a lower mass specific 

uptake rate than aufwuchs.  There was an inverse relationship between uptake length and 

CPOM abundance with shortest uptake length (22m) corresponding with periods of 

maximum CPOM abundance (autumn leaf fall). Furthermore, reduction in CPOM 

standing stock due to rain events resulted in a similar reduction in PO4 uptake from 

stream waters, and consequently an increase in uptake length (97 m) (Mulholland et al. 

1985). While these studies have provided insight into P uptake dynamics in small streams 
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with abundant canopy cover other studies have demonstrated that in less shaded streams 

the contribution from autotrophic organisms is likely to be more substantial. Even in 

Walker Branch, when the canopy was leafless and light levels were high (e.g. spring) 

primary producers contributed significantly to nutrient retention (Mulholland 1992).  

 

In general it is thought that in less shaded streams P uptake is primarily associated with 

attached and planktonic algae and if other conditions are adequate, enrichments with P 

often result in immediate enhancements of rates of algal photosynthesis and growth 

(Peterson et al. 1985, Wetzel 2001). In La Solana, a sparsely shaded, 2nd order, 

Mediterranean stream Marti and Sabater (1996) reported that shortest PO4
3- uptake 

lengths coincided with periods when light levels and temperature were high (summer and 

early fall) in both sand-cobble and bedrock reaches. Efficiency in PO4
3- retention was 

positively related to gross and net primary production, and with chlorophyll content in the 

bedrock reach suggesting that the observed temporal variation was mainly controlled by 

algal activity. Furthermore, because light did not limit algal development algae exhibited 

a higher degree of regulation of PO4
3- retention relative to a more shaded stream (Marti 

and Sabater 1996). In Riera Major, a heavily forested, 2nd order, Mediterranean stream 

there was not a clear seasonal pattern in PO4
3- uptake length in either the sand-cobble or 

bedrock reach. The exception was the bedrock reach during a period of time when the 

canopy was sparser suggesting algal uptake likely influenced PO4
3- retention at this time 

(Marti and Sabater 1996). In contrast to the results reported from Walker Branch 

(Newbold et al. 1983, Mulholland et al. 1985) there was no temporal pattern that linked 

large inputs of allochthonous material with shorter uptake lengths (Marti and Sabater 

1996).   Later studies of Riera Major by Sabater et al. (2000) compared PO4-P uptake 

lengths from a logged and an unlogged reach. The uptake length tended to be shorter in 

the logged than in the shaded reach, and differences between the reaches were significant 

on 3 out of the 6 dates. In summer uptake lengths were on average 2.2 times shorter in the 

logged reach than in the shaded reach. The authors also found that primary production 

was 3-15 times higher in the logged reach than in the shaded stream during midsummer. 

The percentage of stream surface covered by algae was also higher in the logged reach as 

was the chlorophyll a and epilithic primary production. The PO4-P mass-transfer 
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coefficient (an estimate of how rapidly an element is being removed from the stream 

water to the benthic compartment) was correlated with primary production in both study 

reaches indicating that algal activity played an important role in controlling PO4
3- 

dynamics in this stream (Sabater et al. 2000). 

 

The contribution of macrophytes, particularly rooted vascular plants to nutrient uptake, is 

generally considered to be much less than by attached algae and other microbes with 

most studies comparing P uptake by macrophytes and epiphytes reporting higher rates for 

epiphytes than macrophytes (Whittaker 1961, Howard-Williams and Allanson 1981, 

Pelton et al. 1998, Wetzel 2001). In LaPlatte River, Vermont, USA, there was substantial 
32PO4-P uptake from stream water by epiphytes. Calculated uptake rates ranged from 

0.06-0.28 mg P. g-1. d-1 and this was consistently greater than the uptake rates for 

macrophytes (Pelton et al. 1998). On an areal basis the total flux of P into macrophytes 

was 10-18 g P. d-1 and total flux into epiphytes was 10-46 g P. d-1. Together macrophytes 

and epiphytes acted as a sink for P by taking up 1-4% of the FRP travelling through the 

reach each day (Pelton et al. 1998). While it is clear that macrophytes are less efficient at 

removing P from the water column it is important to understanding that despite having 

lower uptake rates relative to algal communities, macrophytes can still contribute to P 

uptake in reaches with large standing stocks. Furthermore macrophytes remove P from 

interstitial waters through their roots.  
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Table 1.1 Reported Phosphorus uptake lengths from a range of studies 

 

Site Type of 

experiment 

Uptake 

length 

 

Site characteristics Reference 

 

Myrtle Creek 

(Aus) 

PO4
3- addition 96 & 63 m Small stream Victoria Hart et al. 1992 

Walker Branch 

(US) 

PO4
3- addition 100 m Cobble-riffle reach Mulholland et 

al. 1985 

Bear Brook (US) Short term PO4
3- 

addition 

10-67 m Cobble riffle reach in 

summer 

Munn & Meyer 

1990 

Bear Brook (US) Short term PO4
3- 

addition 

5 -21 m Rock outcrop reach in 

summer 

Munn & Meyer 

1990 

Coweta Hydrologic 

Laboratory (US) 

Short term PO4
3- 

addition 

50-100 m Variety of watersheds D’Angelo & 

Webster 1991 

La Solana (Spain) Short term PO4
3- 

addition 

59 m Small Mediterranean 

bedrock reach 

Marti & Sabater 

1996 

La Solana (Spain) Short term PO4
3- 

addition 

119 m Small Mediterranean 

sand-cobble reach 

Marti & Sabater 

1996 

Riera Major 

(Spain) 

Short term PO4
3- 

addition 

191 m Small Mediterranean 

bedrock reach 

Marti & Sabater 

1996 

Riera Major 

(Spain) 

Short term PO4
3- 

addition 

163 m Small Mediterranean 

sand-cobble reach 

Marti & Sabater 

1996 

Walker Branch 32P release 

experiments 

165 m 1st order woodland 

stream in summer 

Newbold et al. 

1983 

2 tributaries of the 

Kye Burn (NZ) 

PO4
3- addition 25-600 m Pristine, grassland 

stream 

Simon et al. 

2005 

Riera Major 

(Spain) 

PO4
3- addition 110 – 532 m Logged reach of 

forested 

Mediterranean stream 

Sabater et al. 

2000 

Riera Major 

(Spain) 

PO4
3- addition 177 – 800 m  Shaded reach  of 

forested 

Mediterranean stream 

Sabater et al. 

2000 

Andrews 

Experimental 

Forest 

Short term PO4
3- 

addition 

697 m Summer Munn & Meyer 

1990 
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An important driver in relation to the degree of uptake of both N and P relates to the 

concept of limiting nutrients. In a system where growth is nutrient limited the demand for 

nutrients will be high and therefore uptake is likely to be rapid relative to systems where 

growth is limited by other factors. For example in heavily shaded reaches the growth of 

primary producers has been shown to be light limited (Hill and Knight 1988, Pearson and 

Connolly 2000, Mosisch et al. 2001, Nijboer and Verdonschot 2004). Dissolved nutrients 

may therefore pass through the system in higher proportions than would be the case if 

light did not limit primary productivity. In the case of heterotrophic uptake the limiting 

factor in growth is often the supply of organic C (Grimm et al. 2003). In systems where 

microbial metabolism is C limited this may again result in a lower uptake of N and/or P 

than would otherwise be seen in an N or P limited system. Furthermore, even in a system 

where the other key drivers of growth are not limiting, nutrient limitation may not be 

evident if nutrient levels far exceed the physiological growth optima (Carr and Chambers 

1998). As nutrient inputs increase growth rates can become saturated (Bothwell 1988, 

1989, Horner et al. 1990, Kim et al. 1990, Mulholland et al. 1990) and the capacity of the 

system to effectively retain nutrient inputs will be overwhelmed and dissolved nutrients 

will be transported much farther, resulting in increased eutrophication of receiving waters 

(Peterson et al. 2001).  

 

Another important consideration in relation to nutrient uptake is the relative importance 

of N or P in limiting growth. Because plants typically require 16 times more N than P in 

their tissues (Carr and Chambers 1998) it has been suggested that the molar ratio of N:P 

influences whether species or communities are likely to be N or P limited. A widely 

quoted study of Redfield et al. (1963) suggested that for marine phytoplankton, N:P 

molar ratios > 16:1, the ‘Redfield ratio’, indicate P limitation in situations where N is 

available (Jarvie et al. 1998). While analysis of N and P limitation in marine and 

freshwater systems has revealed a predominant pattern of N limitation in marine systems 

and P limitation in freshwater systems (Harris 1999) there is evidence of both N (Triska 

et al. 1989b, Mosisch et al. 2001, Grimm et al. 2003) and P (Elwood et al. 1981, Marti 

and Sabater 1996, Carr and Chambers 1998) limitation and N and P co-limitation (Carr 

and Chambers 1998) in lotic systems. It is important to note however that N:P ratios 
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alone do not indicate the likelihood of N or P limitation (Mulholland et al. 2002). It has 

been suggested that measures of dissolved P concentration using standard filtration and 

molybdenum blue determination may not accurately reflect bioavailable P and therefore 

caution should be exercised when attributing low filterable reactive P to low algal growth 

(Baldwin et al. 2003). It is likely that N or P limitation within a given stream or river will 

be reflected in the relative magnitude of uptake parameters for N and P. For example, 

Marti and Sabater (1996) have suggested that when two elements are compared within 

the same stream, the shortest uptake lengths coincide with the potential limiting element, 

indicating its stronger retention. Marti and Sabater (1996) found a higher efficiency of 

PO4
3- retention in La Solana (1st order Mediterranean stream, Spain) during summer 

suggesting P limitation in this stream (Marti and Sabater 1996). Munn and Meyer (1990) 

also attributed differences in NO3
- and PO4

3- retention between two US streams to 

deviations in the DIN:DIP ratio (Munn and Meyer 1990).  

 

1.4.1.2 Decomposition and Mineralisation of Organic Phosphorus in rivers 

The mineralisation of labile forms of organic P (OP) is a critical link for internal P 

cycling, and to a large degree may determine the productivity of the ecosystem (Newman 

and Robinson 1999). Organic P is transferred through the food chain by grazing and 

predation and returned to the dissolved pool via excretion in inorganic and organic forms 

from living microbiota (Garban et al. 1995, Wetzel 2001) and the decomposition of 

detrital material  (Clarke and Wharton 2001). Detrital material is categorised as being 

derived from production that took place within the channel (autochthonous) or organic 

matter produced outside the channel (allochthonous) (Newbold 1992). Autochthonous 

sources include macrophyte, algal, periphyton and consumer detritus while allochthonous 

sources will consist primarily of leaf litter from terrestrial vegetation and organic matter 

associated with eroded soil. The relative importance of these sources will depend largely 

on the lability and proportion of organic P within sediment, primary producer and leaf 

litter pools.  

 

In terms of the relative contribution of autochthonous and allochthonous plant material, 

the River Continuum Concept proposed by Vannote (1980) emphasizes the decreasing 
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importance of leaf litter (allochthonous) inputs as the stream channel gets larger and other 

sources produced within the stream (autochthonous) are made available. This model 

would suggest a greater abundance of leaf litter in smaller headwater streams relative to 

larger higher order river systems where autochthonous inputs from macrophytes and 

phytoplankton dominate. Soil organic matter may also be a substantial C source in river 

systems with large soil inputs due to erosion processes. Furthermore, accelerated erosion 

may result in the preferential removal of organic C from catchment soils due to the 

concentration of organic matter in surface soils and the lower density of soil organic 

matter relative to the mineral fraction (Lal 2005). Regardless of the relative importance of 

each pool the primary site for mineralisation reactions is likely to be the streambed with 

plant detritus and eroded soils undergoing degradation and mineralisation at the 

sediment-water interface or during burial (den Heyer and Kalff 1998, Vichkovitten and 

Holmer 2004, Lal 2005).  

 

In general terms, the decomposition of litter can be described as the sum of the mass loss 

due to leaching, the physical breakdown of large particles to small particles (largely 

through the feeding activities of specialized invertebrates), and microbial mediated 

mineralisation (Wagener et al. 1998). Organic matter (OM) in aquatic systems is defined 

based on size fractionation as coarse particulate organic matter (CPOM > 1mm) fine 

particulate organic matter (FPOM < 1mm) and dissolved organic matter (DOM < 

0.45µm) (Crenshaw et al. 2002). CPOM is often identifiable as fragments of plant litter 

and is broken down into smaller, unidentifiable OM (i.e. FBOM) (McClain et al. 1998) 

through physical abrasion, invertebrate shredding, leaching or mineralisation (Meyer and 

Likens 1979, Triska et al. 1984, Pearson and Connolly 2000). Meyer and Likens (1979) 

found that the net effect of ecosystem processes in Bear Brook was the conversion of 

coarse particulate phosphorus (CPP) into the fine particulate phosphorus (FPP) fraction, 

which was then transported downstream. Exports of FPP were 176% of FPP inputs, while 

43% of CPP inputs were processed and exported as FPP. Most processing occurred 

during the warmer months (March-October) and the net effect was a conversion of CPP 

to FPP. Similarly, Triska et al. (1984) found that only 13% of leaf and needle litter input 

to a small coniferous stream was exported in a recognisable state suggesting that leaf and 



24  
 

needle litter was largely processed before being exported downstream with microbial 

mineralisation, invertebrate consumption, and physical abrasion resulting in the 

formation of FBOM from wood and litter debris.  

 

While physical abrasion, invertebrate shredding and leaching are important processes it is 

the mineralisation of detrital material that provides the link in the P cycle whereby P is 

returned to the dissolved inorganic pool (Harris 1999, Prior and Johnes 2002). P released 

from decomposing organic matter re-enters the aquatic ecosystem as PO4
3- (McClain et 

al. 1998). Mineralisation of organic matter is a bacterial and fungal mediated process 

where organic compounds are decomposed (Manahan 2000, Clarke and Wharton 2001, 

Grace et al. 2003). The rates of mineralization of OP are primarily mediated by bacteria 

and protozoa and coupled directly to OC and N mineralization (Wetzel 1999). 

Heterotrophic bacteria and fungi utilise reduced carbon as an energy source producing 

CO2 and liberating organically bound N and P  in the process (Newbold 1996, McClain et 

al. 1998). The long-term dynamics of organic P are therefore closely coupled to the 

dynamics of organic C and N (Wetzel 1999).  

 

The key factors controlling the rate of mineralisation are temperature (Garban et al. 1995, 

Graca et al. 2001), redox conditions (Wetzel 2001), nutrient limitation (Xie et al. 2004) 

and the lability of the OM (Harris 1999). The degree of lability of OM is a representation 

of the amount of nutrient available for biosynthesis and is often termed ‘quality’ 

(McClain et al. 1998). After senescence or sedimentation, decomposition and diagenesis 

is regulated by the quality of dead particulate organic matter (Schulz et al. 2003). The 

C:N:P ratio of litter is used as an indicator of organic matter (OM) quality (Pearson and 

Connolly 2000) because the lability of OM is controlled primarily by its chemical nature 

and C:N:P ratios (Enriquez et al. 1993, Harris 1999, Dodds et al. 2000). The carbon 

content of organic matter is on average an order of magnitude greater than N (Wetzel 

2001). Detrital matter with a high C:N:P ratio is expected to be largely refractory and 

therefore have a slower decomposition rate relative to more labile OM with a lower 

C:N:P ratio (Grimm et al. 2003). On the refractory end of the spectrum is terrestrial leaf 

litter washed into the river from the floodplain (Findlay et al. 1986). Allochthonous OM 
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loadings from forested catchments (or catchments with low C turnover rates) tend to have 

higher C:N ratios than OM produced in situ from autochthonous production or 

wetter/warmer catchments with more rapid C turnover (Findlay et al. 1986, Harris 1999). 

 

Herbaceous vegetation provides the most labile nutrient source to channel communities 

due to a generally higher content of N and P and a lower content of metabolically 

refractory structural tissues such as cellulose and lignin, which are more predominant in 

woody debris (McClain et al. 1998). In a study by Crenshaw et al. (2002) conducted in a 

1st order tributary of Hugh White Creek, USA the rates of OM breakdown in leaf and 

wood treated sediments were 0.0039 and 0.0022 d-1 respectively. This was considered to 

be comparable with other published rates and consistent with the expectation that the 

breakdown rates would be slower for wood than leaves due to the lignin and cellulose 

content of wood (Crenshaw et al. 2002).  

 

In contrast to allochthonous OM, autochthonous OM contains about 24% crude protein 

and has a C:N ratio of approximately 12:1 (Wetzel 2001). Therefore regions with high 

primary productivity (e.g. larger streams, dessert and grasslands streams) may exhibit 

more rapid decomposition because detrital pools are dominated by primary producers 

with a lower C:N:P ratio relative to forested streams where the biomass is dominated by 

detrital material from allochthonous sources (Findlay et al. 1986, Grimm et al. 2003). 

While the turnover time of N and P in macrophyte detritus is generally considered to be 

more rapid than terrestrial leaf litter, the turn over time of algal communities is more 

rapid than that of macrophytes (Findlay et al. 1986, Harris 1999, Vichkovitten and 

Holmer 2004).  

 

Exposure of detritus to microbial degradation in the water column and sediment can be 

expected to deplete detritus of labile components (den Heyer and Kalff 1998). As 

breakdown and mineralisation reactions proceed, a fraction of the organically bound N 

and P persists in the refractory pool of particulate organic matter (POM) (McClain et al. 

1998). Because metabolism of fungi and bacteria removes proportionately more N and P 

than C the rates of decomposition become slower with the greater chemical recalcitrance 
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of the residual organic compounds, and the selective removal of N and P by microbes 

results in a net increase in the C:N:P ratios (Wetzel 2001). Furthermore the longer OM is 

retained within a particular reach the more it is processed (Koetsier and McArthur 2000) 

and therefore it is likely that as detrital material is transported downstream it becomes 

increasingly recalcitrant. Conversely, inputs of fresh detrital material to the sediment may 

accelerate the rate of C mineralisation. Findlay et al. (1986) compared C mineralisation 

rates in river sediments amended with macrophyte and leaf detritus. The addition of 

macrophyte detritus resulted in an increase in C mineralisation and bacterial biomass and 

production while C mineralisation in sediment amended with leaf detritus was only 

slightly higher than that of sediments with no added detritus (Findlay et al. 1986).  

 

In addition to differences in organic matter mineralisation based on lability, 

mineralisation is also dependent on redox conditions and temperature (Graca et al. 2001). 

The importance of these variables as regulators of mineralisation rates relates to the fact 

that mineralisation is a microbial process and therefore subject to fluctuations in 

biological activity. Litter processing rates have been shown to increase due to increased 

biological activity in the warm season (Garban et al. 1995, Graca et al. 2001) and in oxic 

conditions (Grace et al. 2003). Sediments are generally characterized by strong redox 

gradients with oxygen occurring in the surface layer of unstratified waters and decreasing 

with depth. Depending on the presence and availability of different terminal electron 

acceptors, OM is mineralised by different types of bacteria (Zehnder and Stumm 1988). 

The decomposition and accumulation of organic materials in submerged (anaerobic) soils 

and sediments therefore differ considerably from those in aerobic soils and sediments 

(Sahrawat 2003). Within the oxic zones of sediments aerobic bacteria mineralise OM, 

while beyond the oxic layer anaerobic decomposition is performed by a variety of 

bacterial groups utilizing a number of electron acceptors (e.g. nitrate, oxidized iron and 

manganese, and sulphate) to oxidize C (Table 1.2) (Zehnder and Stumm 1988, 

Vichkovitten and Holmer 2004). It has often been assumed that the overall mineralisation 

rates in aerobic conditions are faster than in anaerobic conditions (Sahrawat 2003, 

Stahlberg 2006). This assumption is based on the theoretical energy yield of bacteria 

when using different terminal electron acceptors (Table 1.2) (Stahlberg 2006). 
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Table 1.2 Metabolic pathways of organic matter mineralisation by bacteria 

(Zehnder and Stumm 1988) 

 

 

Metabolic pathway 

 

Substrates 

 

-∆Gº 

 e- donor 

 

e- acceptor (kJ/mole e-) 

 

Oxic respiration 

 

 

OM 

 

O2 

 

125 

Nitrate reduction 

 

OM NO3
- 112 

Manganese reduction 

 

OM Mn(IV) 95 

Iron reduction 

 

OM Fe(III) 24 

Sulphate reduction 

 

OM, H2 SO4
2- 18 

Methanogenesis 

 

OM, H2 OM, CO2 14-28 

 

Kristensen et al. (1995) measured the rate of C mineralization in aged diatoms 

(Skeletonema costatum) and fresh barley hay added to marine sediment in aerobic and 

anaerobic conditions. While the rate of 14C mineralization of diatoms was 10 times faster 

in aerobic conditions the initial C mineralization of barley hay was not affected by the 

presence or absence of oxygen. When leaching ceased the rate of anaerobic 

mineralization was reduced in the barley hay samples (Kristensen et al. 1995). The 

authors concluded that the rate of decay under different redox conditions depends 

primarily on the age and origin and thus the chemical composition of the organic matter 

(Kristensen et al. 1995). While mineralisation rates of fresh plant detritus is similar in 

aerobic and anaerobic conditions, when structural components (e.g. lignin and complex 
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lipids) become a dominant fraction anaerobic processes are gradually hampered 

(Kristensen et al. 1995).  

 

It should be noted that in addition to mineralisation, there are several other processes 

which may convert organic P to PO4
3-. Organic phosphate esters can be hydrolysed to 

orthophosphate by exoenzymes such as phosphatases, phytases and nucleases, which are 

predominately microbial in origin (Inman et al. 2001). Under P limiting conditions 

phytoplankton may synthesize the enzyme alkaline phosphatase, which hydrolyzes 

phosphate from organic molecules (Litchman and Nguyen 2008). In addition to biotic 

hydrolysis pathways which convert organic P into PO4
3-, abiotic hydrolysis can also 

liberate phosphate from organic P compounds (Inman et al. 2001). The facilitation of the 

hydrolysis of organic P compounds by metal phases is thought to operate in a similar way 

to exoenzymes. The organic P molecule binds to the surface of the mineral through a 

metal centre where the P atom is then susceptible to nucleophilic attack by an hydroxyl 

group. While it has been suggested that the hydrolysis of organic P compounds may be an 

important mechanism for the release of P from sediments the relative importance of 

hydrolytic reactions relative to other processes is unclear (Baldwin et al. 2001).  It is 

generally assumed that biotic pathways dominate the hydrolysis of phosphate esters in 

aquatic environments (Inman et al. 2001). There are however several other abiotic 

processes which are known to be important in the transformation of P in aquatic 

ecosystems.  

 

1.4.2. Abiotic transformations of Phosphorus in rivers 

 

1.4.2.1 Inorganic Phosphorus speciation and transformations in sediment  

The total P content of a sediment or soil provides little information regarding the 

behaviour of P in the environment (Graetz and Nair 1999). The properties and forms of 

sediment and soil P are extremely important in defining the possible reactions that can 

occur within the aquatic environment (Johnes and Hodgkinson 1998). A knowledge of 

the distribution of P among different chemical forms can provide insight into the 

availability of P to aquatic plants, the fate and transport of P, and the interaction of P 
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between sediments and the overlying waters (Graetz and Nair 1999). Unlike N, which is 

strongly regulated by biotic processes, dissolved P in aquatic ecosystems is influenced by 

both biotic and abiotic dynamics (Lottig and Stanley 2007). Inorganic P is mostly found 

in combination with Al, Fe, Ca and Mg (Graetz and Nair 1999) in forms physically 

adsorbed onto sediment surfaces or chemically bonded in minerals (House and Denison 

2002b) such as apatite [Ca10(PO4)6F2], crandallite [CaAl3(PO4)(OH)2], wavellite 

[Al(PO4)2(OH)3], variscite [Al3(OH)2H2PO4] and strengite [Fe(OH)2H2PO4] (Graetz and 

Nair 1999).  

 

An important consideration in terms of P cycling in aquatic sediments relates to the 

potential for different P forms to be released into the water column. Not all P forms can 

be released from the sediments into the overlying water column (Wang et al. 2005). The 

determination of specific chemical species is difficult to achieve (Graetz and Nair 1999, 

Ruban et al. 2001) and P in soils and sediments have therefore been described using 

operationally defined fractions based on sequential extraction of P forms related to 

specific reagents and procedures (Chang and Jackson 1957, Hieltjes and Lijklema 1980, 

Golterman 1988, Psenner et al. 1988, Psenner and Puckso 1988, De Groot and Golterman 

1990, Ruttenberg 1992, Ruban et al. 1999, Ruban et al. 2001, Pardo et al. 2004). The 

earliest sequential extraction procedures were first developed for soils (Chang and 

Jackson 1957) and then extended to sediments (Ruban et al. 2001). P fractions can be 

divided into different fractions such as labile P, reductant soluble P, metal bound P, 

occluded P and organic P using various chemical extractants (Golterman 1988, Psenner et 

al. 1988, Ruban et al. 1999, Ruban et al. 2001, Wang et al. 2005). Most procedures 

however focus primarily on the fractionation of inorganic P. The most commonly 

reported inorganic P fractions in order of decreasing exchangeability or bioavailability 

are exchangeable-P, Fe/Al/Mn-bound-P and Ca/Mg-bound-P (Pardo et al. 2004).  

 

The exchangeable or labile fraction is generally extracted with either NH4Cl (Hieltjes and 

Lijklema 1980) or MgCl2 (Ruttenberg 1992) although other extracting agents such as 

deionised water (Psenner et al. 1988) or KCl (Reddy et al. 1995) have been used. This 

fraction represents P loosely bound to the surface of sediment particles which exchanges 
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readily with interstitial waters through rapid sorption and desorption reactions. This pool 

is therefore considered to be a potential short term source of dissolved P to the overlying 

water column (Mainstone and Parr 2002) and as such may play an important role in 

promoting algal blooms (Ribeiro et al. 2008). In addition exchangeable P is an important 

source of P to rooted macrophytes which assimilate P directly from sediment pore waters 

(Wen and Recknagel 2006).  The exchangeable P pool generally constitutes a relatively 

small proportion of total sediment P.  

 

Studies have reported that exchangeable-P made up less than 5% of TP in tropical 

(Romero-Gonzalez et al. 2001), temperate (Kim et al. 2003), sub-tropical (Reddy et al. 

1995) and Mediterranean (Katsaounos et al. 2007) river and stream sediments. Published 

data on P fractionation in Australian river sediments are rare, however Baldwin (1996b) 

measured sediment P speciation in a variety of aquatic ecosystems within the Murray 

Darling Basin. In terms of labile P (MgCl2-P) results were consistent with other studies 

with the exchangeable P fraction constituting approximately 2% of total sediment P 

(Baldwin 1996b). Low exchangeable-P values indicate that P in the sediment is mainly 

complexed by metals present in the sediment or is in organic form (Romero-Gonzalez et 

al. 2001). A high proportion of exchangeable-P in sediments has been reported for 

sediments of eutrophic lakes and in sediments with a poor binding capacity and indicate a 

high potential for internal P loading from sediment sources (Graetz and Nair 1999).  

 

The fraction of P associated with oxides and oxyhydroxides of Fe and Al is of particular 

importance in terms of P cycling. The Fe/Al fraction is generally operationally defined as 

the fraction extracted with NaOH and is often referred to as NaOH-P (Hieltjes and 

Lijklema 1980) or Non Apatite Inorganic P (NAIP) (Pardo et al. 2003). This fraction is 

considered to be potentially bioavailable over the short to medium term (Ruban et al. 

2001). Dorich et al. (1984) estimated algal available P in eroded soils and demonstrated 

that a substantial proportion of the fraction of P extracted with NaOH in soils was 

assimilated by algae over 2 weeks. In addition P extracted in this fraction may be 

susceptible to release under anaerobic conditions (Pardo et al. 2003).  
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It is widely accepted that P bound to Fe is susceptible to release in anoxic conditions 

(Borggaard 1983, Bostrom et al. 1988) and that in non-calcareous sediments, P dynamics 

are closely related to the cycling of Fe (Lijklema 1980, Baldwin and Mitchell 2000). Iron 

exists as ferric, Fe (III), or ferrous Fe (II), iron with each species having distinct solubility 

properties. In aerobic environments Fe exists as insoluble Fe (III). In the aerobic zone of 

soils and sediments, Fe (III) oxides and oxyhydroxides will adsorb phosphate from 

interstitial waters (Lijklema 1980). This process is reversible and under anoxic conditions 

P bound to insoluble Fe (III) is released when Fe (III) is reduced to the soluble Fe (II) 

form (Grace et al. 2003). During Fe reduction, Fe reducing bacteria use Fe(III) oxides 

and oxyhydroxides as the terminal electron acceptors for anaerobic respiration catalyzing 

the reduction of solid Fe(III) minerals to dissolved Fe(II) ions (Baldwin and Mitchell 

2000). The dissolution of Fe minerals is accompanied by a concurrent release of 

associated PO4
3- (Lijklema 1980, Rhue and Harris 1999, Pardo et al. 2003) and in the 

absence of an oxic microlayer at the sediment surface may lead to the diffusion of the 

solubilised Fe2+ and PO4
3- into the water column (Lijklema 1980). This mechanism is 

known to be particularly important in lake systems where seasonal stratification results in 

hypolimnetic anoxia and causes a flux of bioavailable P from bottom sediments. The 

importance of these processes in river systems is less well understood.  

 

Sediment anoxia does not necessarily result in a flux of P from the sediments and oxic 

formation and reductive dissolution of Fe(III) oxyhydroxide enriched with phosphate is 

reversible provided the Fe and P resulting from reductive dissolution remain in solution 

(Gachter and Muller 2003). Sediments often maintain a thin layer where oxygen is 

present and in this situation the Fe2+ released through the reduction of Fe(III) may be 

trapped in the oxic layer and transformed back into the insoluble Fe(III) form. Depending 

on the ratio of Fe to P in the pore water PO4
3- diffusing from deeper, anoxic sediment 

layers may also be re-adsorbed by the newly formed Fe(III) compounds. This can result 

in a surface layer with relatively high concentrations of Fe bound P.  

 

The flux of P from the sediments through the dissolution of Fe(III) compounds has also 

been linked to the cycling of sulphates in anaerobic sediments. In addition to adsorption 
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of P by ligand exchange (sorption) reactions with newly formed ferrous oxide minerals, P 

may also precipitate with Fe2+ to form minerals such as vivianite [Fe3(PO4)2 8H2O] (Rhue 

and Harris 1999). Roden and Edmonds (1997) found that in reduced, non-sulphidic solid 

phase Fe(II)-rich sediment, conditions were favourable for precipitation of Fe(II)-PO4 

minerals such as vivianite (Roden and Edmonds 1997). These results suggested that 

much of the PO4
3- released from Fe(III) oxides during microbial Fe(III) reduction could 

be captured by solid-phase reduced iron compounds (Roden and Edmonds 1997). If, 

however, in anoxic sediment layers, because of a high demand for electron acceptors, 

sulphate reduction occurs, the resulting sulphide can dissolve ferrous phosphates and 

precipitate the Fe(II) as iron sulphide (FeS). Sulphate reducing bacteria use the sulphate 

ion (SO4
2-) as the terminal electron acceptor for anaerobic respiration (Baldwin and 

Mitchell 2000). The respiratory end product of this reaction is hydrogen sulphide (H2S). 

Sulphide is a strong enough reducing agent to facilitate the reduction of solid ferric 

minerals to dissolved ferrous ions (Bostrom et al. 1988). Therefore FeS formation could 

prevent association of Fe(II) with PO4
3- in the anoxic sediment pore water because the 

Fe(II) is blocked as solid FeS in the sulphidic layer. As a result of this process, Fe(II) is 

no longer available for eventual re-oxidation and entrapment of the migrating PO4
3- 

(Roden and Edmonds 1997, Gachter and Muller 2003). 

 

Fe and Al are generally not separated in most extraction schemes although methods do 

exist which separate Fe and Al bound forms (Psenner and Puckso 1988). This is 

important because the transformations of Fe and Al bound P are likely to be different 

particularly under anaerobic conditions. P sorption by both Al and Fe is pH sensitive, but 

unlike Fe, Al retains its sorption capacity under reducing conditions (Reddy et al. 1995, 

Kopacek et al. 2000, Pardo et al. 2003).  Provided that pH is close to neutral (pH 7), 

Al(OH)3 has a high sorption capacity and is stable under both oxic and anoxic conditions 

(Kopacek et al. 2005). Kopacek et al. (2000) have suggested than in surface, lake 

sediments with elevated concentrations of fresh Al oxyhydroxides the release of PO4
3- 

following liberation from ferric oxyhydroxides during anoxia is reduced (Kopacek et al. 

2000). Employing a sequential extraction based on that of Psenner (1988), which 

separates Al bound from reductant soluble Fe bound forms of P, Kopacek (2005) showed 
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that negligible amounts of P would be released during hypolimnetic anoxia if either the 

molar ratio of Al extracted with NaOH (AlNaOH) to Fe extracted with a buffered dithionite 

solution (FeBD) is greater than three or if the molar ratio of AlNaOH to P extracted with 

H2O and BD (P(H2O + BD)) is greater than 25 (Kopacek et al. 2005). Essentially, where the 

concentration of Al(OH)3 is sufficiently high, there will be a flux of P from Fe to Al 

rather than diffusion of PO4
3- into the overlying water column (Lake et al. 2007).  

 

In terms of the relative amounts of Fe and Al bound forms of P in river and stream 

sediments there are a wide range of values reported. Employing the sequential extraction 

of Hieltjes and Lijklema (1980), Reddy et al. (1995) reported that a large proportion of P 

in stream sediments of the lake Okeechobee basin in sub-tropical Florida, USA was 

associated with inorganic Fe and Al (20-70% of TP) (Reddy et al. 1995). Similar results 

have been reported for riverine sediments in Barcelona (Pardo et al. 2004), Italy (Ruban 

et al. 2001) and Korea (Kim et al. 2003) with NaOH extractable P making up a 

substantial proportion of total sediment P in these systems. In contrast, Aviles et al. 

(2006) found that only 3% of total sediment P was in forms associated with Fe and Al in 

sediments of the River Guadalfeo and its tributaries, Spain (Avilés et al. 2006). Likewise, 

a fractionation study of Louros River, Greece, reported that only approximately 7% of 

inorganic P was associated with Al and Fe (Katsaounos et al. 2007). In the Catatumbo 

River, Venezuela, Romero-Gonzalez et al. (2001) employed the sequential extraction 

technique of Psenner et al. (1988), which separates reductant soluble Fe from Al bound P. 

The authors reported that the P associated with reducible forms of Fe made up 10% of 

TP, while forms associated with Al oxides made up 20% (Romero-Gonzalez et al. 2001).  

 

While the literature reveals sediment P composition varies across a range of river systems 

it is unclear where Australian river sediments sit within this spectrum. There is a scarcity 

of published P fractionation studies on Australian river systems. There are however a few 

studies undertaken in other freshwater ecosystems which have employed sequential 

extraction to partition sediment P. Baldwin (1996b) measured P speciation in a range of 

freshwater, depositional sites within the Murray Darling basin, employing a modified 

version of the SEDEX method of Ruttenberg (1992), originally created for marine 
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sediments. Reductant soluble Fe bound-P accounted for 55 to 20% of sediment TP while 

NaOH-rP (non reducible forms of Al and Fe bound-P) comprised between 5% and 30% 

(Baldwin 1996b). In the sediments of two brackish, shallow lakes of south-east Australia, 

Fe bound P was the dominant form comprising up to 53% of TP (Monbet et al. 2007). 

Similarly in Lake Myall, a temperate lake in the central coast of New South Wales, 

Australia, inorganic P in the sediment was predominately in the reductant soluble Fe 

bound (46-51%) and Al bound (27-34%) forms (Shilla et al. 2008).  

 

The final inorganic P fraction extracted in most fractionation procedures is the P 

associated with Ca and Mg. After previous extraction to remove more labile 

exchangeable and Fe and Al bound forms, a strong acid such as HCl is usually employed 

to remove the P associated with Ca and Mg. This fraction is often termed apatite-P (Pardo 

et al. 2003) and under most natural conditions is relatively stable and unavailable for 

biological assimilation (Ruban et al. 2001, House 2003, Pardo et al. 2003, Diaz et al. 

2006). Dissolved phosphate can be incorporated into this fraction through the co-

precipitation of PO4
3- with calcite or hydroxyl-apatite or adsorbed to calcium carbonate 

(CaCO3) (Bostrom et al. 1988, McDowell and Condron 2001). These reactions are 

largely pH dependent and  in neutral to alkaline soils and sediments, Ca will precipitate 

with P (McDowell and Condron 2001). Diaz et al. (1994) reported that high Ca 

concentrations in drainage waters combined with pH values greater than 8.5 resulted in 

the precipitation of soluble P into Ca phosphate minerals in a sub-tropical river basin 

(Diaz et al. 2006).  

 

In hard water river systems co-precipitation reactions involving Ca minerals can be 

responsible for removing large amounts of PO4
3- from the water column (Mulholland et 

al. 1985, Marti and Sabater 1996, House and Denison 2002b). This process is likely to be 

less important in Australia however because relative to the Northern Hemisphere, CaCO3 

concentrations are comparatively low (Webster et al. 2001) and soils are typically high in 

metal oxides (Harris 1999). Webster et al. (2001) reported that the Ca concentration in 

the Murray River is between 1-2 orders of magnitude less than the annual average in the 

Rhine and Rhone, Germany and consequently, that precipitation of calcite or of hydroxyl-
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apatite is generally not important in Australian lowland rivers (Webster et al. 2001). 

Furthermore, even in calcareous soils P sorption has been shown to be more related to Fe 

oxide than to CaCO3 content (Ryan et al. 1985) and where CaCO3 does play a role in 

calcareous soils it is subsidiary to that of Fe oxides (Carreira and Lajtha 1997).  

   

1.4.2.2 Sorption and desorption of Phosphorus in rivers 

Abiotic control on P in streams is often described in terms of a collection of geochemical 

reactions collectively referred to as the phosphate buffering mechanism (Froelich 1988). 

Froelich (1988) proposed that the primary mode of interaction between dissolved 

phosphate and fluvial inorganic suspended particles occurs via a reversible two-step 

sorption process. The sorption process has a fast initial step reflecting surface reactions 

(adsorption) and a slower intra-particle diffusion step more akin to absorption (Pelton et 

al. 1998, Appan and Wang 2000). The adsorption and desorption of P from suspended 

and benthic sediments is considered to be a key factor in determining the PO4
3- 

concentration in river and stream ecosystems (Mayer and Gloss 1980, Froelich 1988, 

House et al. 1995, House et al. 1998, James and Barko 2004, Wang et al. 2005, Lottig 

and Stanley 2007).   

 

The capacity for sediments to function as a net source or sink for water column P has 

been described in terms of the Equilibrium Phosphorus Concentration (EPC0) (House and 

Denison 2000, Webster et al. 2001, House and Denison 2002a, Jarvie et al. 2005). The 

EPC0 is the concentration of PO4
3- in solution at equilibrium between sorbed and 

dissolved P.  At equilibrium between sorbed and dissolved P, the rates of the forward 

reaction (sorption) and reverse reaction (desorption) are the same. The phosphate 

buffering mechanism refers to the process whereby if the concentration of PO4
3- in 

solution increases above equilibrium concentration, then more phosphate would adsorb 

onto surfaces to re-establish the equilibrium condition. Conversely, if the concentration in 

solution were to fall, then PO4
3- would be released from the solid phase (Froelich 1988, 

Webster et al. 2001). Given the importance of sorption exchanges between solid and 

aquatic phases in controlling water column P levels the factors that control these 

processes have been of particular interest to researchers. Factors such as sediment particle 
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size, iron, aluminium, and organic content influence P sorption by river sediments (Klotz 

1985). Furthermore, fluvial sediments are subject to cyclic submersion during changes in 

stream flow, which can effect their P sorption capacity (McDowell and Sharpley 2001).  

 

An important parameter affecting sorption properties is the particle size of the sediment. 

The P sorption capacity, buffer intensity, and EPC0 of sediment and soil particles have 

been found to be related to particle size. P sorption capacity is a measure of the sites 

available for sorption and is sometimes referred to as Smax, while the buffer intensity is a 

measure of the binding energy of adsorbed P. Sediment comprised predominately of fine 

particles has been shown to have a greater sorption capacity than coarse sediments 

(Meyer 1979, House and Warwick 1999, McDowell and Sharpley 2001, Wetzel 2001, 

Lottig and Stanley 2007). In the River Swale, UK, finer sediments were also found to 

have a higher energy of adsorption and lower EPC0 than coarser sediments (House and 

Warwick 1999). This is thought to be due to the greater surface area and clay content in 

fine muddy sediments (Wetzel 2001). In addition the relative importance of abiotic 

versus biotic uptake has been shown to be influenced by the dominant particle size of bed 

sediments. In a study of headwater streams in the USA, Lottig and Stanley (2007) found 

that the sediment influence on stream water P concentrations can shift predictably from 

abiotic sorption in reaches with fine particles to biotic retention in areas dominated by 

coarse sediments (Lottig and Stanley 2007). Furthermore, the overall concentration of P 

in sediments along with the composition of various P species may be influenced by 

particle size (Dorich et al. 1984, House et al. 1998, Quinton et al. 2001). A large 

proportion of P in the coarser sized material will be in the form of P derived directly from 

the parent material while that associated with the finer material is more likely to be the 

product of weathering reactions and anthropogenic inputs (House et al. 1998). There is 

therefore likely to be a decline in acid extractable P (Ca associated P) compared to an 

increase in the contribution from Al/Fe associated P that occurs as particle size decreases 

(House et al. 1998).  

 

The availability of sorption sites is of particular importance in terms of the capacity of 

sediments to buffer water column P in river systems. The most reactive sites for PO4
3- 
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sorption are Fe and Al oxyhydroxides (Rhue and Harris 1999). Both Al and Fe oxides 

sorb P by ligand exchange, where P replaces hydroxyl groups on the oxide surface 

(McDowell and Condron 2001). The most reactive forms of Fe and Al are thought to be 

the amorphous and poorly crystalline forms. Having said this, Agbenin (2003) found that 

the P sorption capacity of savannah Alfisol soils was best explained by the concentration 

of crystalline forms of Fe and Al. The relative sorption of P by crystalline and non-

crystalline components depends on their relative specific areas (Carreira and Lajtha 

1997). Amorphous and non-crystalline Fe and Al are known to have specific surface 

areas more than four times greater than crystalline Fe and Al oxyhydroxides (Borggaard 

1983). The concentration of amorphous Fe and Al can be related to particle size and clay 

content because of the occurrence of Fe and Al oxides predominately in clay (Pant and 

Reddy 2001, Webster et al. 2001). Amorphous Fe and Al are generally measured through 

extraction using an ammonium oxalate solution and are operationally defined as oxalate 

extractable Fe and Al (Pant and Reddy 2001). The relationship between P sorption 

parameters and oxalate extractable Fe and Al has been well documented across a range of 

soil and sediment systems (Reddy et al. 1995, Bolland et al. 1996, McDowell and 

Condron 2001, McDowell and Sharpley 2001, Pant and Reddy 2001, Yoo et al. 2006).  

 

It is important to note that the relationship between Fe and Al and P sorption may be 

altered by both redox and pH conditions. The adsorption of P by Fe compounds is 

critically dependent on redox state with anaerobic conditions associated with a decrease 

in P sorption capacity and an increase in EPC0 (Olila and Reddy 1997, Rhue and Harris 

1999, Pant and Reddy 2001, Webster et al. 2001, Pardo et al. 2003). The stability of Fe 

and Al complexes are also strongly pH dependent with an increase in pH favouring P 

desorption (Eckert et al. 1997). Bolland et al. (1996) found that the P buffer capacity of 

soils in south-western Australia was related to pH, while Yoo et al. (2006) reported a 

positive correlation between EPC0 and pH in marsh sediments. The effect of pH can be 

attributed to the competition of hydroxyl and PO4
3- ions for Fe (III) or Al ions (Lijklema 

1980).  
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Organic matter is thought to be potentially important in the sorption of P in soil and 

sediments. The effect of organic matter on PO4
3- sorption however is controversial with 

several processes put forward whereby organic matter may influence P sorption 

(Borggaard et al. 2005, Yoo et al. 2006). Although it is unlikely that PO4
3- binds directly 

with organic matter (McDowell and Condron 2001) PO4
3- can react with the Fe and Al 

that is associated with soil and sediment organic matter (Rhue and Harris 1999, 

McDowell and Condron 2001). This is an indirect relationship and it has been suggested 

that P sorption will increase when organic matter is associated with Ca, Al and Fe (Yoo 

et al. 2006). Through the creation of new adsorption sites through adsorption of metal 

ions such as Al3+ and Fe3+, organic matter may increase the P sorption capacity of soils 

and sediments (Borggaard et al. 2005). This is supported by studies which have reported a 

close relationship between organic matter, oxalate extractable Fe and Al, and P sorption 

parameters (McDowell and Sharpley 2001, Yoo et al. 2006).  

 

Organic matter may also have an inhibitory affect on P sorption. Organic matter, being 

largely negatively charged, may compete for sorption sites on mineral surfaces and 

decrease P sorption (McDowell and Condron 2001) or alternatively block the potential 

sorption sites by coating Fe and Al (Yoo et al. 2006). The removal of organic matter 

using H2O2, resulted in a significant increase in PO4
3-  sorption by mineral surfaces in a 

spodic soil horizon (Bhatti et al. 1998). The authors suggested that this indicated that 

either organic C had occupied the active sites, or that new sites were formed with the 

H2O2 during oxidation of organic matter (Bhatti et al. 1998). In a similar experiment 

McDowell and Condron (2001) found that organic matter only affects P sorption 

indirectly by altering the crystallinity and surface area of oxides and does not compete for 

sorption sites. It has been suggested that the blocking action of organic compounds on P 

sorption is only temporary with organic matter been shown to delay but not prevent P 

sorption (Afif et al. 1995). Other experiments using additions of humic substances in 

concentrations comparable to naturally occurring DOC concentrations in mineral soils 

reported very limited influence on P sorption by synthetic Al oxide, ferrihydrate and 

goethite (Borggaard et al. 2005).  
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1.5. Effect of hydrology on Phosphorus retention and transformation in 

rivers  
The degree to which P is retained and transformed within a river reach will be a function 

of the magnitude of P processing via the mechanisms already outlined and the degree of 

physical transport. Hydrologic regimes permeate every facet of nutrient cycling because 

of the primary role of water as a transport medium and solvent (Meyer and Likens 1979, 

DeAngelis et al. 1995, McClain et al. 1998). The travel time of water in streams governs 

the time of exposure of stream nutrients to key transformation sites, the sedimentation 

rate of organic and inorganic particulates, hyporheic flow, oxygenation at the sediment 

water interface and diffusion into interstitial waters (Bostrom et al. 1988, Alexander et al. 

2000). Lower nutrient retention efficiencies are expected at higher discharges because of 

an increase in water velocity and stream depth and therefore less contact between the 

water column and key transformation sites (Meyer and Likens 1979, D'Angelo and 

Webster 1991, Vallett et al. 1996, Butturini and Sabater 1998, Sabater et al. 2000, 

Wollheim et al. 2001). The transport of particulate P is also a function of river flow with 

increased transport during higher flow velocities (Meyer and Likens 1979, Triska et al. 

1984, Diez et al. 2000, Wollheim et al. 2001, Prior and Johnes 2002).  

 

Because discharge is such an important parameter in P retention any structure that slows 

the velocity of water is likely to be a positive force for retention. Large branches or logs, 

rocks, dense macrophyte beds, naturally occurring pools and debris dams can all function 

to slow flow and lower discharge (Diez et al. 2000, Koetsier and McArthur 2000, Nijboer 

and Verdonschot 2004). This in turn can increase sedimentation of particulate materials, 

trap organic material or hinder its transport from the system (therefore increasing contact 

time with benthic decomposers), and increase the contact time of dissolved nutrients with 

key transformation sites (Bilby 1981, Triska et al. 1984, Munn and Meyer 1990, Koetsier 

and McArthur 2000, Wollheim et al. 2001). 

 

The hydrology of natural river systems encompass a range of flow conditions, from 

extremes of high flows, to extremes of low flows (McMahon and Finlayson 2003). 

Australian rivers systems have some of the most variable flow regimes in the world 
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(Baldwin and Mitchell 2000, Norris et al. 2001). In the subtropical and tropical climates, 

episodic storm events cause substantial inter- and intra-annual variation in discharge 

(Eyre and Twigg 1997, Davis and Koop 2006). The high degree of variability in terms of 

flow in these systems means that rivers are subject to extremes in flow ranging from large 

flood pulses to periods of low to moderate flow. At the extreme ends of the hydrological 

continuum are periods of drought and periods of flooding (Humphries and Baldwin 

2003). These extremes may have important implications for instream P retention and 

transformation.  

 

Meyer and Likens (1979) suggested that there are two distinct conditions for streams 

regarding nutrients: a processing-retention mode and a throughput mode. During periods 

of low to moderate discharge P entering the stream has a longer residence time and is 

more likely to enter the streams biogeochemical pathways. Conversely, during periods of 

high discharge, P inputs are quickly exported with little retention or processing (i.e. 

throughput mode) (Meyer and Likens 1979). This is consistent with results from a 

forested reach at Walker Branch, USA, where N and P retained during a period of 

baseflow were released back to the water column during summer rain events (Mulholland 

1992). Similarly, Golladay et al. (1992) found that during storms in Coweeta streams 

(USA) there were no significant differences between inputs and outputs of DIN, DON, 

SRP or DOP and therefore no net transformations of N or P (Golladay et al. 1992).  

 

Apart from reducing the importance of biogeochemical processing, periods of elevated 

discharge may also be responsible for exporting nutrients that make up part of the 

existing river storage. Several studies have reported sharp declines in standing stock 

following flow events (Mulholland et al. 1985, Grimm 1987, Schaller et al. 2004). 

Inorganic nutrients taken up by the stream bottom during periods of low to moderate flow 

are stored until high discharge events export them in an organic form (Meyer et al. 1981, 

Mulholland 1992). High flows create higher energy environments in rivers that suspend 

and transport previously deposited sediment and organic particulate material (McClain et 

al. 1998, Diez et al. 2000). These materials, along with their associated nutrients, are 

carried downstream until energy levels decrease and they are again deposited. 
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The nature of low-flow periods in many Australian streams includes regular periods of no 

flow or very low flow that is a normal part of the regime (McMahon and Finlayson 

2003). Drought is as much a natural feature of aquatic ecosystems in most regions of the 

world as is flooding (Humphries and Baldwin 2003). Drought brings about a decrease in 

discharge, generally lower nutrient availability and contracted aquatic habitat in streams 

and rivers (Dahm et al. 2003). Dahm et al. (2003) has suggested that severe drought will 

result in decreased inputs of organic forms of C, N and P and that this decrease in the 

organic:inorganic ratio of nutrient inputs favours autotrophs over heterotrophs. Extended 

periods of no or very low precipitation can also result in the loss of surface water and 

subsequent exposure and desiccation of previously submerged sediments (Baldwin and 

Mitchell 2000, Dahm et al. 2003). Sediment desiccation can in turn have an impact on 

sediment chemistry (De Groot and Van Wijck 1993)  potentially changing abiotic and 

biotic properties in a way that affects sediment nutrient dynamics (Baldwin et al. 2000).  

The effect of sediment drying on phosphate sorption is of particular importance and it has 

been demonstrated that with increased drying and subsequent oxidation there is an 

increase in the capacity of the sediment to bind P (De Groot and Van Wijck 1993, 

Baldwin and Mitchell 2000). This is thought to be due to the conversion of soluble Fe (II) 

to insoluble Fe(OOH) under aerobic conditions (De Groot and Van Wijck 1993). While 

this would suggest that the drying of sediments will have a positive effect on the P 

binding capacity of the sediment, it has been demonstrated that the complete desiccation 

of sediments may have the opposite effect with the P sorption capacity being reduced 

(Qui and McComb 1994, Baldwin and Mitchell 2000). In addition to the effects of 

sediment drying on sorption, the mineralisation of organic material has been shown to 

increase as a result of soil (Venterinki et al. 2002) and sediment (De Groot and Van 

Wijck 1993) drying. Finally the rewetting of dried sediments and soils has been shown to 

produce large fluxes of dissolved P into the water (Qui and McComb 1994, Baldwin and 

Mitchell 2000). These fluxes are thought to be derived from the accumulation of soluble 

P from mineralisation reactions, bacterial cell lysis and reduced sorption capacity brought 

about or accelerated by periods of desiccation and oxidation of sediment. 
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1.6. Nutrient Spiralling 
Webster and Patten (1979) pointed out that while nutrient recycling undoubtedly occurs 

in streams, little or no recycling occurs in place (Webster and Patten 1979). That is, 

nutrients regenerated at one point in the stream are transported downstream before 

subsequent re-utilisation. As a nutrient atom proceeds downstream it may “cycle” several 

times though the same component of the ecosystem, yet it begins each cycle displaced 

downstream from the last, thus tracing a spiral or helical pathway through the system 

(Newbold et al. 1983a). The tightness of the spirals (i.e. the downstream displacement 

from one cycle to the next) will depend on how quickly cycling occurs and the degree to 

which downstream transport of the nutrient is retarded relative to the water (Newbold 

1992). 

 

Webster and Patten (1979) introduced the term spiralling to describe the joint process of 

cycling and transport (Webster and Patten 1979). It was the work of Newbold et al. 

(1981, 1983a) however that developed the mathematical model and field methodology 

that has formed the basis of nutrient spiralling studies since. Spiralling length is the 

distance required for a nutrient atom to complete one cycle from its dissolved inorganic 

form in the water column, through a particulate phase and then back to the water column 

in a dissolved inorganic form. The uptake length is the average downstream distance 

travelled by a dissolved nutrient atom until uptake into the particulate compartment while 

the particulate turnover length is the downstream distance travelled within the particulate 

compartment until regeneration (Newbold et al. 1981). In this model therefore, nutrient 

cycling is described as consisting of two components: 

 

1) Biological assimilation (uptake) of dissolved inorganic nutrients from water 

column 

2) Subsequent biological processing and movement through the food web and 

eventually regeneration of the inorganic form (Newbold 1992) 
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The biotic compartment presented here and its turnover length may be thought of as an 

aggregation of the entire portion of the cycle in which the nutrient is not in the dissolved 

inorganic form, and hence is unavailable for plant and microbial uptake. An actual 

analysis might involve several ecosystem compartments with each compartment having 

an individual turnover rate and downstream velocity, and therefore turnover length. The 

total spiralling length can be determined from the individual turnover lengths by 

weighting each compartmental turnover length by the proportion of the total uptake flux 

that passes through it, and summing these weighted values (Newbold 1992). 

 

While spiralling length provides a measure of the intensity of spiralling in a stream, the 

components of spiralling length give an indication of the role of underlying processes that 

determine spiralling length (Newbold et al. 1983a). Newbold et al. (1983) found that the 

uptake length (165 m) accounted for nearly 90% of the total spiralling length (190.3 m) 

and therefore 90% of the downstream transport of exchangeable P was in the dissolved 

form. Likewise, Mulholland et al. (1985) reported that the uptake length of P in Walker 

Branch accounted for the majority of the total spiralling length (> 95%). It was therefore 

suggested that the factors controlling P uptake from the water are of considerably more 

significance in controlling the overall rate of P utilisation than are the factors controlling 

the downstream transport and regeneration rates of P in particulate forms (Newbold et al. 

1983a, Mulholland et al. 1985).  

 

The early studies by Newbold et al. (1981, 1983) and Mulholland et al. (1985) used 

radioisotope tracers to quantify P spiralling. Because radioisotopes such as 32P and stable 

isotopes such as 15N can be expensive and difficult to use (Mulholland et al. 2002), the 

majority of studies done since this time have added PO4
3-, NO3 and NH4

+ to a reach along 

with a conservative tracer such as bromide to determine the streams’ uptake length, 

uptake rate, and mass transfer coefficient (a measure of uptake relative to the availability 

in the water, that normalises for physical effects of varying stream depth and current 

velocity) (Peterson et al. 2001). A concern with this approach is that using a nutrient 

addition can overestimate the uptake length relative to the use of radio or stable isotopes 

(Mulholland et al. 1990, Hart et al. 1992, Mulholland et al. 2002). When background 
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concentrations are near or exceed saturation levels for uptake, even small increases will 

not elicit the same response as increases that remain within a theoretical linear proportion 

of an uptake curve (DeAngelis et al. 1995, Marti and Sabater 1996). Mulholland et al. 

(1990) found that uptake lengths for PO4
3- using nutrient additions were 1.5 – 3 times 

longer than those determined by 32P tracer additions and were positively related to the 

concentration increase during the nutrient addition. Hart et al. (1992) reported similar 

results in Myrtle Creek with PO4
3- uptake length increasing 1.5 times when the 

concentration in the creek was increased by a factor of 4.5. Mulholland et al. (2002) 

contends that where possible isotope tracer experiments should be used and that addition 

experiments may only be useful for comparing different streams or different times in the 

same stream if additions are kept as low as possible and of similar magnitude 

(Mulholland et al. 2002). Despite these limitations the majority of studies on the 

biogeochemistry of nutrients in lotic systems, particularly in the USA, have been based 

on the spiralling concept with most of these relying on the use of short or long-term 

nutrients additions.  

 

1.7. Summary and conceptual model of P dynamics in dry tropical 

rivers 
Much of what is known about P transformations in rivers comes from studies of 

temperate systems. There is however little known about P cycling in dry tropical river 

systems. Interpretation and application of data from temperate rivers is not a sufficient 

basis for understanding P dynamics in the dry tropics. While many of the process are 

likely to be similar to the dynamics of P in temperate systems, dry tropical and 

subtropical rivers are likely to be influenced by the highly variable hydrology. Therefore 

there is a need to develop a conceptual model to describe the interaction between flow 

and process driven factors in the P cycle. This can be used to contrast with the current 

understanding of P cycling in temperate systems and to identify key gaps in knowledge 

about dry tropical rivers. 
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Based on the current understanding of riverine P dynamics in mostly temperate systems, 

and the nature of P inputs in most Australian rivers, there are likely to be four factors that 

are important in describing P processing in dry tropical rivers;  

• In most Australian river systems including those in the dry tropics, the major 

source of P is via soil erosion 

• P within river systems is stored and cycled between sediment, biomass and water 

column compartments 

• Instream, abiotic (adsorption/desorption) and biotic processes (uptake and 

assimilation and mineralisation) cycle P between these compartments 

• The cycling of P between these compartments occurs against the backdrop of a 

unidirectional flow which has a substantial affect on river P retention 

 

Using these four factors as a foundation, a conceptual model has been developed which 

describes P dynamics dry tropical rivers draining catchments impacted by livestock 

grazing. The conceptual model has been developed to highlight the key processes which 

are most likely to be important in P dynamics. The intention is to provide a contrast to 

temperate systems and to highlight the processes most likely operating in these systems.  

 

A conceptual model of P dynamics in dry tropical rivers 

The conceptual model is based on three basic components. The first part of the model is 

based on the current understanding of the dominant storages and transformation 

processes occurring in river systems in general. The second component is based on the 

spiralling concept of Newbold et al. (1983) which incorporates processing and transport 

factors to give a measure of river P processing. Tighter spirals indicate greater retention 

and processing and wider spirals indicate relatively little processing and retention. There 

is also an additional transport component in the conceptual model based on Meyer and 

Likens (1979) where P dynamics in river systems are separated into retention and 

transport phases.   

 

The conceptual model is presented in Figure 1.4, outlining the dominant factors operating 

on P dynamics in dry tropical rivers. The model contrasts the relative importance of key 
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biological (A, B & C), chemical (F & G) and physical (D & E) processes during three 

different phases. The relative importance of each process is reflected in the thickness of 

the line for each biological, chemical or physical process. These lines are not meant to be 

quantitative but rather are a representation of the importance of each process to overall P 

dynamics at each phase. Drawdown, intermediate and transport phases each represent a 

variation in the hydrology of the system. The system will switch between these phases as 

part of the natural flow regime. The drawdown phase represents conditions where flow 

ceases and the surface waters become increasingly fragmented. A transport phase occurs 

at the other end of the hydrological spectrum and represents storm events. In the middle 

of these two extremes there is the intermediate phase, which represents a wide range of 

flow regimes. The key differences between the three phases in terms of P dynamics 

reflect the differences in the way transport and processing components of river retention 

interact in each phase. These are important distinctions because the overall retention of P 

in river systems is a product of the interaction between processing and transport 

components.  

 

Drawdown and transport phases represent points in time where the processing and 

transport components of river P retention become uncoupled. In the drawdown phase 

there is no unidirectional flow into and out of the system. The transport component of P 

retention is removed and transformations are cyclic in nature.  The key processes 

controlling P dynamics during this phase are biological and chemical. In the transport 

phase the processing component of river P retention is effectively switched off while P is 

transported downstream. During this phase it is predominately physical processes which 

determine the fate of P within the river system. The intermediate phase represents periods 

where there is the greatest degree of interaction between the processing and transport 

components of P retention. Here P retention is driven by the interaction between 

biochemical and physical processes.  It is important to recognize that in dry tropical river 

systems a large degree of the processing and transport of P may occur at the extremes. To 

understand the fate of P it is necessary to understand what happens at the extremes of 

flow which are a natural part of the hydrology of many rivers.  
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A= Uptake and Assimilation  B = Mineralisation  C = Decomposition  

D = Sedimentation   E = Resuspension   F = Adsorption 

G = Desorption 

*Arrows are qualitative and represent only the relative importance of each process 

 

Figure 1.4 Conceptual model of phosphorus transformations in a sub-tropical river 

system  
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1.8 Key gaps in knowledge  
The key question of this thesis is “To what extent do dry tropical river systems alter the 

timing and form of P delivered to downstream ecosystems”. The central issue is the 

changes which occur when P enters the river system and is transported through the river 

network and exported downstream. Revisiting the original research question in the 

context of the conceptual model it is possible to break the broader question down into 

four key components. These can be classified as input, storage, transformation and 

transport components of the question. The following is an outline of each component, its 

relevance to the broader research question and a summary of the key gaps in our current 

understanding of each process.   

 

Input 

Given the predominance of soil erosion as a P input throughout most of the rural dry-

tropics the degree to which river inputs reflect river outputs will be determined largely by 

changes which occur when soils are deposited in the river system. This is particularly 

important in terms of the bioavailability of sediments exported from the river systems as 

this has implications to primary production in the receiving waters. There is however 

very little understanding of the extent to which existing bed sediments reflect the wider 

soil matrix or if there are processes occurring instream that alter the bioavailability of 

exported sediments. The key question which is to date largely unanswered is to what 

extent is the P chemistry of soils altered as they are deposited as bed sediment, and 

subjected to cycles of resuspension, transport and sedimentation. This is an important gap 

in our current knowledge because the P chemistry of sediments exported from the 

catchment may be very different than the original eroded soil.  

 

Storage 

P storage pools are an important component of the overall dynamics of P in rivers. These 

storage pools represent the storage potential of the system. Between inputs and outputs 

these are the pathways that are available for temporary or long term storage. Therefore 

the storage pools have the potential to alter the timing, form and magnitude of P exported 

from the river system. It is therefore important to know what the dominant P stores in dry 
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tropical river systems are. In particular, there is a need to define the dominant biotic 

storage compartments operating in dry tropical systems. The key question is to what 

extent are algae, macrophyte and leaf litter storages contributing to instream storage and 

retention and how does this impact on riverine P fluxes downstream.  There is very little 

known about the relative importance of these pools in dry tropical river systems, and the 

importance of instream storage pools in river systems relative to inputs and outputs is 

also not well understood.  

 

Transformation  

The abiotic and biotic processes which exchange P between sediments, biomass and 

water column compartments are central to the flux of P through the system. These 

processes have the potential to alter the form and timing of P fluxes from the river 

system. It is unclear however to what extent abiotic and biotic transformations alter the 

amount, form or timing of P fluxes at the catchment scale.  In particular, it is important to 

know the extent to which sediments control dissolved P export and if they function as a 

source or a sink in dry tropical rivers. The extent to which adsorption/desorption 

reactions alter the dissolved P concentration in P fluxes is however not well understood in 

dry tropical systems.   

 

Transport  

The hydrology of a river system and in particular its interaction with input, storage and 

processing components of P dynamics is central to the instream P cycle and to the flux of 

P to downstream ecosystems. In terms of the broader question, the hydrology of the 

system has the potential to alter the amount and form of P exported. As identified in the 

conceptual model, the dynamics of P at the extremes of flow may be very important in 

terms of the overall degree to which P is processed instream before being exported. The 

key factor is the interaction of drawdown and transport phases with the input, storage and 

processing components outlined above. There has to date however been no conceptual 

framework in which to examine these interactions and there importance at the catchment 

scale.  
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1.9. Objectives of study 
The primary objective of this study is to provide important insights into the role of river 

systems in mediating the link between catchment inputs and water quality downstream. 

More specifically the study will seek to identify the dominant processes in the P 

dynamics of dry tropical rivers draining heavily grazed catchments. Four specific 

knowledge gaps have been identified from the literature review and conceptual model 

which form the foundation of the experimental approach. The key questions addressed in 

this study are as follows; 

 

1. Does the P chemistry of eroded soils change when they are exposed to the riverine 

habitat  

 

2. What are the major storage pools in dry tropical river systems  

 

3. Do sediments act as a source or sink in the river system and to what extent do 

they control water column dissolved P  

 

4. How does the natural hydrology of dry tropical river systems interact with these 

processes  

 

To address these questions the research consists of four experiments as follows:   

 

1. Quantification of P storage in key ecosystem compartments across a range of 

reaches with varying geomorphology and comparison with wet season P fluxes 

 

2. Comparison of the P speciation and sorption properties of river bed sediments, 

surface soils and streambank soils  

 

3. Investigation of the effect of sediment drying on the P speciation and sorption 

properties of bed sediments  
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4. Comparison of P speciation in bed sediments, soils and suspended sediments 

during flow events 

 

All four experiments were designed to build towards a greater understanding of the 

dynamics of P in dry tropical river systems. Experiment 1 is designed to address the 

question of system storage in dry tropical rivers and how this interacts with wet season 

flows. Experiment 2 is designed to address the question of the bed sediments capacity to 

function as a source or a sink and to address the question of if, and to what extent, bed 

sediments are a reflection of catchment soils in terms of key P chemistry properties. 

Experiments 3 and 4 are designed to contrast sediment P chemistry under extremes of 

flow and to identify important drivers of P dynamics under these conditions.  
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Chapter 2: The upper Brisbane River catchment 
 

The research for this thesis was conducted in the upper Brisbane River catchment in 

southeast Queensland, Australia, approximately 80 km northwest of the city of Brisbane 

(Fig 2.1). The three major tributaries of the upper Brisbane River are Cooyar Creek, Emu 

Creek and Cressbrook Creek. The river flows south into Wivenhoe Dam, which is 

southeast Queensland’s largest potable water storage (Douglas et al. 2007). This chapter 

provides a summary of the existing data on the catchment and includes a summary of 

rainfall, hydrology, soil, geology and land use data for the catchment and an analysis of 

existing event monitoring data for the period from 2002 to 2004. Rainfall data was 

obtained from the Australian Bureau of Meteorology for the towns of Linville, 

Toogoolawah and Esk. Discharge data was obtained from the Queensland Department of 

Natural Resources and Water for gauging stations at Emu Creek, Cressbrook Creek and 

in the upper Brisbane River (UBR) at Linville and Gregors Creek. Soil, geology and land 

use data where also obtained from the Queensland Department of Natural Resources and 

Water and edited using GIS (ArcMap) software.  Event monitoring data was obtained 

from seqwater’s event monitoring stations located at Emu Creek, Cressbrook Creek and 

in the upper Brisbane River at Crossing 12 and Gregors Creek (Fig 2.1).  
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Figure 2.1 The upper Brisbane River catchment showing major town centres where 

rainfall is recorded and sites where discharge and/or event monitoring data are 

collected 

 

2.1. Geology and Soil Type 
The geology of the catchment consists of a large area of volcanic mafites and felsites 

over which the upper Brisbane River and the lower reaches of its main tributaries flow. In 

the mid to upper reaches of the Cooyar, Emu and Cressbrook sub-catchments the geology 

consists of a mix of predominately mixed volcanic and sedimentary rocks, granitoid and 

mafites (Fig 2.2). Two soil types dominate in the catchment. Along the eastern half of the 

catchment there is a large area of brown duplex soils (Db 3.12) while to the west of the 

main arm of the upper Brisbane River there are large areas of loam (Um 2.12), 

particularly in the Emu Ck sub-catchment. The main arm of the upper Brisbane River 

flows predominately over cracking clays (Ug 5.34) except in its headwaters where it 

flows over yellow duplex soils (Dy 2.41) and brown duplex soils (Db 3.12). In the mid to 
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lower reaches of the Cressbrook Creek sub-catchment there are substantial areas where 

red and yellow duplex soils are dominant (Fig  2.3).  

 

2.2. Land Use 
Land use in the upper Brisbane River catchment is dominated by cattle grazing with no 

major residential or industrial areas (Fig 2.4). The percentage of land area in the 

catchment associated with the grazing of natural vegetation is 69%. Grazing is 

predominant throughout most of the catchment including the main arm of the upper 

Brisbane River. Production forestry accounts for 13% of total land use and is 

concentrated predominately in the north of the catchment and in parts of the Emu and 

Cooyar Creek sub-catchments. Intensive animal uses such as dairy farming make up 

approximately 4 % of catchment land use. This occurs predominately in the southwest of 

the catchment and along the mid to lower reaches of Cressbrook Creek. In the Cressbrook 

Creek sub-catchment the proportion of land use associated with intensive animal uses is 

higher than the catchment as a whole (9%) and much of this is associated with dairy 

farming. 

 

 

 



55  
 

 
Figure 2.2 Geology of the upper Brisbane River catchment (Data sourced from The 

Queensland Department of Natural Resources and Water)  

 

 



56  
 

 
Figure 2.3 Dominant soil types in the upper Brisbane River catchment (Data 

sourced from The Queensland Department of Natural Resources and Water) 
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Figure 2.4 Land use in the upper Brisbane River catchment (Data sourced from The 

Queensland Department of Natural Resources and Water) 
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2.3. Source of sediment and associated P to Wivenhoe dam  
Douglas et al. (2007) have identified three geological regions in the upper Brisbane River 

catchment as being the principal source of sediments to Wivenhoe Dam (Fig 2.5). They 

estimated that the Esk formation accounted for 50% of the sediments in Wivenhoe dam 

despite constituting only 10% of the catchment area. The Neara Volcanics and Maronghi 

Creek Beds made up 26% and 24% of sediment supply to Wivenhoe Dam respectively. 

In terms of sediment P sources the Neara Volcanics supplied 37% of sediment P to 

Wivenhoe dam while the Esk Formation and Maronghi Creek Beds accounted for 33% 

and 30% respectively. Despite constituting the largest proportion of sediment the Esk 

Formation had a much lower P content (497 ± 231 mg kg-1) relative to the Neara 

Volcanics (1052 ± 345 mg kg-1) and therefore constituted a smaller proportion of P inputs 

to Wivenhoe Dam (Douglas et al. 2007).    

 

 
 
Figure 2.5 Dominant sediment sources to Wivenhoe dam based on catchment 

geology. Modified from Douglas et al. (2007) 
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2.4. Temperature and rainfall  
In subtropical, southeast Queensland mean summer maximum temperatures are 

approximately 30°C in the summer (Dec – Feb) and 20°C in the winter (Jun – Aug). Most 

of tropical and subtropical eastern Australia is influenced by El Niño and La Niña events 

which cause substantial inter-annual variability in rainfall (Hamilton and Gehrke 2005, 

Davis and Koop 2006). Mean annual rainfall in the UBR catchment is 840 mm at 

Toogoolawah, 862 mm at Linville and 922 mm at Esk (see Fig 2.1 for locations). Like 

much of the dry tropics the highest monthly rainfall occurs in summer (Fig 2.6). At all 

three gauging stations in the catchment the mean monthly rainfall is highest from 

December through to March ranging from approximately 100 to 130 mm. During the 

winter and early spring (Jun – Sep) mean monthly rainfall is substantially lower 

particularly during the months of August and September where mean monthly rainfall is 

at, or below, 50 mm a year at the three gauging stations.   

 

0
20
40
60
80

100
120
140

JA
N

FEB
MAR

APR
MAY

JU
N

JU
L

AUG
SEP

OCT
NOV

DECM
ea

n 
m

on
th

ly
 ra

in
fa

ll 
(m

m
)

Esk Toogoolawah Linville
 

 

Figure 2.6 Mean monthly rainfall (mm) from 1886 to 2005 at the Esk, Toogoolawah 

and Linville gauging stations (Data sourced from the Australian Bureau of 

Meteorology, 2005) 
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Long term rainfall data (1887 – 2004) at Esk shows that there is substantial inter annual 

variability in rainfall in the catchment (Fig 2.7). Leading up to the study (2000 – 2005), 

annual rainfall had been below the long term average. From 2000 to 2004 annual rainfall 

at Esk ranged from 563 mm in 2000 to 841 mm in 2001. From the Esk rainfall data, a 

CUSUM plot of rainfall from 1886 to 2005 has also been generated (Fig 2.8) by plotting 

the accumulated standard deviation from the long term mean for each year as follows: 

∑ (xi – xm) 

Where: 

xi = total rainfall (mm) for each year  

xm = mean rainfall (mm) from 1886 to 2005 

 

For the CUSUM plot it is the slope which is important with periods of observations 

above the long term mean producing a positive slope and periods below the long term 

mean producing a negative slope (Crapper et al. 1995). It can be seen that from 1978 

through to 2005 there has been a trend of below average rainfall. This shows that in 

addition to the variation in rainfall from year to year there is also variability over longer 

time scales with the past 30 years of data trending below the long term average (Fig 2.8).   
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Figure 2.7 Annual rainfall in the upper Brisbane River catchment (Esk) from 1886 - 

2004.  Line marks the mean annual rainfall value of 922 mm (Data sourced from 

Australian Bureau of Meteorology 2008)   
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Figure 2.8 CUSUM plot of rainfall at Esk from 1886 to 2004 (y axis shows the 

accumulated standard deviation from the long term mean for each year)  
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2.5. Hydrology 
According to the eco-hydrological classification scheme of Kennard et al. (2009), the 

majority of rivers in the dry-tropical region of Queensland are either ‘unpredictable 

intermittent’ or ‘unpredictable summer highly intermittent’. Streams in the upper 

Brisbane River catchment are likely to fall into one of these two classes. Unpredictable 

intermittent streams are characterized by high variability in daily and annual flow. These 

stream types are distributed primarily in the south eastern corner of Queensland and in 

coastal areas to the north. Unpredictable summer highly intermittent streams are 

characterised by highly variable, summer dominated flows and are distributed widely 

throughout much of southern and central Queensland (Kennard et al. 2009).  

 

The flow regime at four gauging stations in the upper Brisbane River is characterised by 

a high degree of inter-annual and intra-annual variation (Fig 2.9).   During the period 

from 1990 to 2004 mean daily discharge at UBR (Gregors Creek) and UBR (Linville) 

ranged from 0 to 4900 m3 s-1 and 1828 m3 s-1 respectively. At Emu Creek discharge 

ranged from 0 to 806 m3 s-1. During the peak flow events of 1999 the discharge was two 

orders of magnitude greater than the mean annual (1999) discharge of 25.0, 10.2 and 4.2 

m3 s-1 at UBR (Gregors Creek), UBR (Linville) and Emu Creek respectively. At 

Cressbrook Creek peak discharge occurred in 1996 and was approximately 70 m3 s-1. This 

was substantially lower than peak flows at the other three sites and only one order of 

magnitude greater than mean annual discharge (1.1 m3 s-1). This likely reflects controlled 

releases from Cressbrook Dam, which is upstream of the gauging station.  

 

The magnitude of peak flow events varied substantially between years, resulting in a high 

degree of inter-annual variability in total discharge (Fig 2.10). Annual discharge at the 

UBR (Gregors Creek) gauging station ranged from 3.2 GL in 2002 to 789.5 GL in 1999. 

Similarly at UBR (Linville) annual discharge varied from 1.0 GL in 2002 to 303.9 GL in 

1999. At Emu Creek the annual discharge also varied substantially between years from 

0.2 GL in 1993 and 2002 to 129.6 GL in 1999. Relative to the other three gauging 

stations the site at Cressbrook Creek exhibited less variation in total annual discharge 

with values ranging from 1.9 GL in 2003 to 33.9 GL in 1996.  
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In addition to inter-annual variations in discharge there was substantial seasonality with 

higher flows generally occurring during the late summer to early autumn (Fig 2.11). At 

both UBR (Gregors Creek) and UBR (Linville), median discharge (ML d-1) was highest 

in February, and lowest in the winter and spring months from June to November.  Median 

discharge at UBR (Gregors Ck) was highest in February (119.1 ML d-1) and lowest in 

October (1.7 ML d-1). At UBR (Linville) median monthly flows were higher during 

February (40.4 ML d-1) and March (36.5 ML d-1) and substantially lower during August 

(3.5 ML d-1). Median discharge was also highest in February at Emu Creek (19.2 ML d-1) 

and lowest on September and October (0 ML d-1). Unlike the other three sites, the median 

monthly discharge at Cressbrook Creek was highest in September (7.7 ML d-1) and 

lowest in January (0.4 ML d-1) due to controlled releases from upstream. 
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Figure 2.9 Discharge (m3 s-1) at four gauging stations in the UBR catchment from 1990 to 2004 
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Figure 2.10 Annual Discharge (GL yr-1) at four gauging stations in the upper Brisbane River catchment from 1990 to 2004 
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Figure 2.11 Median monthly discharge (ML d-1) from 1990 to 2004 at four gauging 

stations in the upper Brisbane River catchment 

 
 
In terms of the conceptual model presented in Chapter 1, it is useful to examine the flow 

data in terms of frequency distributions (Table 2.1). In the context of the three phases 

outlined in the model the data presented in Table 2.1 give an indication of the period of 

time each site is in each of three phases outlined in the model. In the UBR the bottom 10th 

percentile of discharge (ML d-1) was zero while in the tributaries the bottom 25th 

percentile of values were zero. The proportion of days with zero flow at each site was 

approximately 10, 14, 34 and 25 percent at UBR (Gregors Ck), UBR (Linville), Emu Ck 

and Cressbrook Ck respectively. This represents periods of time where P dynamics are 

governed solely by biological and chemical processes in each of the sites. At the other 
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end of the hydrological spectrum’ during ‘the transport phase’ P dynamics are more 

difficult to define because it is theoretical. It is reasonable to assume however that during 

the top 5 to 10% of flows there is likely to be a substantial reduction in the relative 

importance of biological and chemical processes relative to downstream P transport. The 

flow frequency distribution statistics in Table 2.1 therefore provide an indication of the 

relative proportion of time spent in each phase at each site. Furthermore the data in Table 

2.1 will be used as a reference for experimental flow conditions throughout the thesis.  

  

Table 2.1 Flow frequency distribution statistics for discharge (ML d-1) at gauging 

stations in the UBR catchment (table shows percentiles for each site indicating the 

proportion of daily flows under the given values for each site) 

 
 
   

10% 
 

25% 
 
50% 

 
75% 

 
90% 

 
95% 

 
99% 

 
 
UBR (Gregors Ck) 0 4 32 155 501 1275 

 
5538 

 
 
UBR (Linville) 0 1 12 61 244 537 

 
3116 

 
 
Emu Ck 0 0 3 19 76 213 

 
1530 

 
 
Cressbrook  Ck 0 0 4 15 35 68 

 
467 

 
 
 
2.6 Event monitoring data 
Data from the seqwater event monitoring program have been summarised in Table 2.2. 

Data are compiled from water samples collected during storm events between the period 

of December 2002 and January 2005. Samples were collected using refrigerated 

automated samplers and analysed for total and dissolved forms of N and P. Forms of N 

included total N (TN), ammonia (NH3) and total oxidised N (TON) which is the sum of 

nitrite and nitrate (NO2 and NO3). Other parameters measured were TP, FRP, total iron 
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and manganese (TFe and TMn) and total suspended solids (TSS). Only samples that were 

filtered within 24 h were measured for dissolved N and P species (Polaschek et al. 2007). 

The monitoring stations include two sites in the upper Brisbane River at Crossing 12 

(UBR12) and Gregors Creek (UBRG) and two tributaries at Emu Creek and Cressbrook 

Creek (Fig 2.1). With the exception of UBR12, the sites correspond to gauging stations 

where discharge is also measured.   

 
Mean and median TP and FRP were higher at UBR12 relative to the other three sites. 

Data for N, P and TSS were all highly variable at this site. Mean TP at UBR12 was 0.883 

± 1.431 mg l-1 while at the other three sites the mean TP ranged from 0.177 ± 0.149 mg l-

1 at Emu Creek to 0.295 ± 0.274 mg l-1 at Cressbrook Creek. The high P concentration of 

event loads at UBR12 may be reflection of higher erosion rates in this part of the 

catchment as evidenced by the high TSS at this site. In addition, the site at UBR12 is 

located in an area of the catchment identified by Douglas et al. (2007) as having 

relatively high P soils (Fig 2.5) and therefore the high TP soils and high erosion rates at 

this site may lead to a substantial flux of P from this part of the river system. Mean FRP 

concentration was lowest at Emu Creek (0.045 ± 0.029 mg l-1) and highest at UBR12 

(0.252 ± 0.211 mg l-1) and Cressbrook Creek (0.219 ± 0.130 mg l-1), while at UBRG, 

mean FRP was 0.113 ± 0.082 mg l-1. The concentrations of FRP observed during flow 

events in the UBR are at the upper range of values reported for other Australian rivers 

(Harris 2001b, Eyre and Pont 2003) and for a range of rivers in the UK (Jarvie et al. 

1998). High FRP is generally associated with high levels of fertilizer application or point 

source inputs (Nijboer and Verdonschot 2004). Neither of these factors are relevant in the 

UBR catchment indicating that FRP may be derived from other sources such as the 

leaching of dissolved inorganic P from surrounding soils. In terms of FRP fluxes during 

storm events it is clear that the region around UBR12 is an important source relative to 

the tributary streams. While the FRP concentration at Cressbrook Creek is also high, the 

annual volume of discharge at this site is minor (see Fig 2.10) and therefore in terms of 

FRP loads downstream the contribution from this part of the catchment will be small.  
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The patterns across sites for TN were similar to TP with higher mean and median TN at 

UBR12 relative to the other sites. For dissolved inorganic N species the differences 

between sites exhibited a different pattern than FRP, with mean and median TON and 

NH4 highest at Cressbrook Creek. Mean TON at Cressbrook Creek was 0.483 ± 0.173 mg 

l-1 while mean NH4 was 0.119 ± 0.061 mg l-1. At the other three sites mean TON ranged 

from 0.244 ±  0.156 mg l-1at UBRG to 0.345 ±  0.339 mg l-1 at UBR12 while for NH4 the 

mean concentration ranged from 0.058 ± 0.031 mg l-1 at Emu Creek to 0.086 ± 0.065 at 

UBRG mg l-1. The higher NH4 and TON at Cressbrook Creek may reflect the intensive 

animal uses, primarily dairy farming which occur upstream of the gauging station (see 

Fig 2.4).  

 

TP concentration during event flows in the catchment from 2002 to 2004 was correlated 

with TSS, total iron (TFe) and FRP. There was a positive correlation between log 

transformed TP and TSS (Fig 2.12 a) with 80% of the variation in TP shared with TSS. 

The relationship between TN and TSS was much weaker than for TP (R2 = 0.5) 

suggesting a greater importance for suspended sediments in P fluxes relative to N. A 

correlation (R2 = 0.66) was also found between log TP and log TFe (Fig 2.12 b) which 

may reflect transport of Fe bound P in suspended sediments. The TP concentration in 

event flows was also strongly correlated with the FRP concentration (R2 = 0.81) (Fig 

2.13). FRP made up a substantial proportion of TP during event flows at all four sites 

with the highest proportion of TP as FRP at UBR12 and UBRG (Fig 2.14). The median 

percentage of TP as FRP at UBR12 was 60% while at UBRG it was 51%. At Emu Creek 

and Cressbrook Creek the proportion of TP as FRP was 36% and 42% respectively. This 

was substantially higher than the proportion of TN as DIN. Median DIN as a proportion 

of TN was more consistent between the four sites relative to FRP and ranged from 23 to 

28%.   
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Table 2.2 Summary of dissolved and total nitrogen and phosphorus, and total 

suspended solids (TSS) concentrations (mg l-1) in the upper Brisbane River and 

tributaries collected during flow events by seqwater from 2002 to 2005 

 
 
 
 
 

 

TN NH4 TON TP FRP TSS 

 
UBRG Mean 1.26 0.086 0.244 0.245 0.113 152 
 Std. Deviation 0.58 0.065 0.213 0.156 0.082 257 
  Median 1.10 0.078 0.190 0.195 0.110 41 
  Min 0.22 0.010 0.010 0.020 0.010 1 
  Max 3.30 0.250 0.700 0.730 0.340 1800 
 n 122 32 32 122 32 122 
 
 
UBR12 Mean 2.95 0.059 0.345 0.883 0.252 835 
  Std. Deviation 4.19 0.080 0.339 1.431 0.211 1682 
  Median 1.60 0.025 0.180 0.275 0.130 70 
  Min 0.31 0.000 0.010 0.060 0.030 1 
  Max 24.6 0.300 1.100 7.700 0.530 10800 
 n 93 15 15 93 15 93 
 
 
Emu Ck Mean 1.56 0.058 0.308 0.177 0.045 95 
  Std. Deviation 0.74 0.031 0.177 0.149 0.029 121 
  Median 1.35 0.053 0.350 0.140 0.033 66 
  Min 0.54 0.020 0.020 0.010 0.010 1 
  Max 4.10 0.110 0.560 0.710 0.100 540 
 n 82 15 15 82 15 82 
 
 
Cressbrook Ck Mean 1.82 0.119 0.438 0.295 0.219 267 
  Std. Deviation 2.37 0.061 0.173 0.274 0.130 457 
  Median 1.00 0.135 0.525 0.150 0.270 26 
  Min 0.25 0.020 0.030 0.030 0.010 1 
 Max 13.40 0.210 0.560 0.770 0.390 2000 

 n 31 16 16 31 16 
 

31 
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Figure 2.12 Correlation between log transformed TP and (a) log TSS and (b) log 

TFe at four sites in the UBR catchment (UBR Gregors Creek, UBR Crossing 12, 

Emu Ck and Cressbrook Ck) 
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Figure 2.13 Correlation between TP (mg l-1) and FRP (mg l-1) during event flows at 

four sites in the UBR catchment (UBR Gregors Creek, UBR Crossing 12, Emu Ck 

and Cressbrook Ck) 
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Figure 2.14 Comparison of the percentage of TP as FRP during event flows at four 

sites in the UBR catchment (UBR Gregors Creek, UBR Crossing 12, Emu Ck and 

Cressbrook Ck, Box = 25th and 75th percentiles, Whiskers = 1.5 * interquartile 

range) 



73  
 

The TP concentration during event flows was also positively correlated with TN (R2 = 

0.83). The correlation between dissolved inorganic forms of N and P was however 

relatively weak (R2 = 0.25). The N to P ratios during event flows were low relative to 

Redfield (1958) ratios (16:1), particularly for the dissolved inorganic forms. The median 

molar TN:TP ratios were lowest at UBR12 (7) and highest at Emu Creek (21). At UBRG 

and Cressbrook Creek the median molar TN:TP ratios were 12 (Fig 2.15). At all four 

sites the DIN:FRP ratios were well below the Redfield ratio ranging from 3 to 6 at 

UBR12, UBRG and Cressbrook Creek to approximately 13 at Emu Creek (Fig 2.16). 

Regression analysis of TN:TP ratios and TSS demonstrated that approximately 47% of 

the variation in TN:TP ratios was explained by variation in TSS. Increases in TSS during 

event flows were correlated with reductions in the TN:TP ratio indicating that suspended 

sediments may be high in P relative to N.  
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Figure 2.15 Comparison of TN:TP molar ratios during event flows at four sites 

(UBR Gregors Creek, UBR Crossing 12, Emu Ck and Cressbrook Ck) in the UBR 

catchment (dashed line indicates Redfield ratio, Box = 25th and 75th percentiles, 

Whiskers = 1.5 * interquartile range) 
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Figure 2.16 Comparison of DIN:FRP molar ratios during event flows at four sites 

(UBR Gregors Creek, UBR Crossing 12, Emu Ck and Cressbrook Ck) in the UBR 

catchment (dashed line indicates Redfield ratio, Box = 25th and 75th percentiles, 

Whiskers = 1.5 * interquartile range) 

 

The total N and P loads discharged from the UBR during 2003 and 2004 at UBR 

(Gregors Creek) have been estimated using a rating curve method, based on the 

relationship between P loads (kg d-1) and daily discharge (ML d-1). This method has been 

reported to be superior to ratio or extrapolation methods, particularly where loads are 

dominated by infrequent events (Cooper and Watts 2002). Based on plots of log P and N 

loads versus log discharge (n = 44) (Fig 2.17 and Fig 2.18) the following equations were 

used to generate estimates of annual N and P loads for 2003 and 2004; 

 
log P load = 1.090 ± (0.066 SE) * log flow – 1.004 ± (0.178 SE)  R2 = 0.86 
 
log N load = 1.048 ± (0.037 SE) * log flow – 0.064 ± (0.100 SE)  R2 = 0.95 
 

The FRP and DIN loads were estimated based on the total P and N loads and the mean 

proportion of TP and TN as FRP and DIN for each year.  
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Figure 2.17 Correlation between log10 N load and log10 discharge during flow 

events at UBR (Gregors Creek) from 2002 to 2005 
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Figure 2.18 Correlation between log10 P load and log10 discharge during flow 

events at UBR (Gregors Creek) from 2002 to 2005 
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The estimated nutrient loads showed considerable variation between 2003 and 2004. The 

N and P loads were substantially higher in 2004 relative to 2003 (Table 2.3). The 

estimated annual P load for 2003 was between 0.7 and 3.2 T with a best estimate of 1.5 T 

In 2004 the estimated annual P load was between 10.1 and 69.4 T, with a best estimate of 

26.4 T. The degree of variation between 2003 and 2004 was driven by the large 

differences in annual discharge between the two years (Fig 2.10). It is clear that the large 

degree of inter-annual variation in discharge in the river system has a substantial effect on 

the degree to which nutrients are exported from one year to another. In the context of 

historical flows (1990 - 2004) the annual discharge in 2004 had the 5th highest annual 

discharge while 2003 had the 3rd lowest discharge over the period from 1990 to 2004. 

This indicates that the nutrient export estimated for 2003 reflects N and P loads during 

low flow years while the export of N and P in 2004 is likely a reflection of N and P 

exports in mid to high flow years.  

 

In 2003 and 2004 the proportion of the total P load as FRP was substantial. FRP as a 

proportion of the total P load was highest in 2003 at 51% relative to 2004 where the 

proportion of TP as FRP was 43%. This is likely a reflection of higher suspended 

sediment fluxes in high discharge years. Despite the lower proportion of TP as FRP 

during flow events in 2004, the annual FRP load was still approximately 10 times greater 

in 2004 relative to 2003. The estimated FRP export in 2003 and 2004 was 0.8 T and 11.3 

T respectively. While the origin of the relatively high FRP is not known it is clear from 

the land use data that the high FRP is not derived from point sources or fertiliser inputs 

because the majority of the catchment is used for cattle grazing rather than industrial or 

intensive agricultural land uses. Furthermore, because the proportion of TP as FRP was 

highest at UBR12 the FRP may be derived largely from dissolution of P into overland 

flow from naturally P rich soils in the region. Alternatively the high FRP load may reflect 

colloidal material in suspension not removed by filtration.  

 

 



77  
 

Table 2.3 Estimated annual N and P loads (T) from UBR (Gregors Creek) in 2003 

and 2004 

 
   

TP 
 
FRP 

 
TN 

 
DIN 
 

 
2003 

 
Estimated Load (T) 

 
1.5 

 
0.8 

 
10.7 

 
2.5 

 Min – Max 
 

0.7 – 3.2 0.4 – 1.6 7.2 – 94.2 1.6 – 21.7 

      
2004 Estimated Load (T) 26.4 11.3 160.7 43.4 
 Min – Max 

 
10.1– 69.4 4.3 – 29.4 94.3 – 277.0 25.5 – 74.8 

 
 
 
2.7. Study sites  
Table 2.4 provides the study site location names and site codes used throughout the 

research. Site codes correspond to the name of the river (i.e. UBR) followed by a single 

identifier relating to the location of the site. Sites in the UBR are listed in order from 

upper to lower reaches.  In the upper reaches of the UBR study sites correspond with a 

series of crossings along the main arm of the river ranging from crossing 17 (UBR17) to 

crossing 3 (UBR3) (Fig 2.19). It should be noted that for the study site at UBR17, the 

location of sampling for Chapter 3 (downstream of crossing) was different than for 

Chapters 4 and 6 (upstream of crossing).  Study sites in the upper catchment include a 

site at the UBR12 event monitoring station. The closest discharge gauging station is 

immediately downstream of the UBRM site at Linville. With the exception of UBR17, 

study sites in the upper Brisbane River generally had poor riparian cover and streambank 

condition and most sites were easily accessible to livestock. There was also a high degree 

of macrophyte cover on the surface water of most sites during periods of low flow (Fig 

2.20 and 2.21).  

 

In the mid to lower reaches at UBRA and UBRG the characteristics were similar to the 

upper reaches with little riparian cover, poor streambank condition and easy accessibility 

for livestock (Fig 2.21). The site at UBRG corresponds to the event monitoring and flow 
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gauging stations while the closest gauging station to UBRA is upstream at Linville (Fig 

2.19). In the tributary streams of Emu Creek and Cressbrook Creek there was a higher 

degree of riparian shading relative to most of the UBR sites (Fig 2.21). There was no 

evidence of substantial livestock access at Emu Creek but at Cressbrook Creek cattle 

were regularly observed in the river. Both sites correspond with event monitoring and 

flow gauging stations (Fig 2.19) although at Cressbrook Creek samples were collected 

approximately 2km upstream at Tinton.  

 

Table 2.4 Study sites in the upper Brisbane River catchment  

 

 
Site location 

 
Site code 
 

 

UBR at Crossing 17 

 

UBR17 

UBR at Crossing 12 UBR12 

UBR at Crossing 10 UBR10 

UBR at Crossing 8 UBR8 

UBR at Crossing 3 UBR3 

UBR at Marshes Causeway UBRM 

UBR at Arababy Crossing UBRA 

UBR at Gregors Creek UBRG 

UBR at O’Sheas Crossing UBRO 

Emu Creek at Boat Mountain Emu Ck 

Cressbrook Creek at Tinton Cressbrook 

Ck 
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Figure 2.19 Location of study sites in the upper Brisbane River catchment 

highlighting sites which correspond to discharge or event monitoring stations 
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UBR17                                                             UBR12 
 

          
 
UBR10        UBR8   
 

     
 
UBR3                                                               UBRM 
 
Figure 2.20 Photos of study sites in the upper to mid reaches of the upper Brisbane 

River (June 2005) 
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UBRA                                                                UBRG 
       

      
 
Emu Ck        Cressbrook Ck 
 
Figure 2.21 Photos of study sites in the mid to lower reaches of the upper Brisbane 

River, and in the two main tributaries (June 2005 - December 2005) 

 
2.8. Summary  
The upper Brisbane River catchment is characterised by a high degree of inter- and intra-

annual river flow. Land use in the catchment is primarily associated with cattle grazing 

with minimal urban or intensive agricultural uses. Due to the highly variable flow in most 

of the river system, nutrient fluxes vary substantially between years. Approximately 36% 

of the catchment area supplies the majority of sediment downstream and approximately 

37% of the sediment associated P is derived from P rich soils in the upper catchment. 

During event flows N:P ratios are low and FRP:TP ratios are high, particularly in the 

upper catchment. The delivery of high P loads, particularly in dissolved forms has 
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important ecological, social and economic implications because the river discharges into 

southeast Queensland’s largest potable water storage.     

 
In the context of the broader research question the UBR catchment exhibits the 

hydrological and land use characteristics of many systems in the dry tropics. The key 

challenges in managing the UBR catchment and the key knowledge gaps in terms of P 

fluxes through the catchment are therefore reflective of many of the dry tropical rivers of 

the region. Importantly in terms of the broader research question the UBR largely reflects 

what is known and what is not known about dry tropical river P dynamics in general. 

While it is clear that widespread cattle grazing has resulted in high P fluxes through the 

river system, it is not known to what extent storage and processing instream alter the 

form, timing and amount of these fluxes or the extent to which variations in flow interact 

with these factors in the UBR catchment.  
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Chapter 3: The partitioning of nitrogen and phosphorus in 

contrasting reaches of a subtropical river system  

 
3.1. Introduction 
The storage and transfer of P between sediment, biomass and water column 

compartments is an important component of riverine P dynamics (Newbold 1996, Reddy 

et al. 1999, Mainstone and Parr 2002). The uptake of P by instream biomass and 

sediments are important retention pathways for dissolved P in stream flow. These pools 

may also be a source of P to downstream ecosystems, particularly during periods of high 

flow or where release via abiotic (desorption) or biotic (mineralisation) processes are 

high (Meyer and Likens 1979, House et al. 1998, Reddy et al. 1999, Wetzel 1999). 

Instream storage compartments therefore have the potential to alter the amount, form and 

timing of P exports to downstream ecosystems. To understand P fluxes in riverine 

systems it is therefore important to understand how nutrients are partitioned between 

standing biomass, sediment and water column compartments.  

 

Instream nutrient storage will depend largely on the type and amount of inputs (i.e. soil 

erosion versus leaf litter input) and the relative importance of heterotrophic versus 

autotrophic communities (i.e. microbial, algal or macrophyte) instream (Sabater et al. 

2000). There is however little data on instream P partitioning across a range of river 

systems, particularly in the dry tropics. Importantly, not much is known about the relative 

importance of leaf litter, macrophyte, algal biomass and sediment pools in dry tropical 

river systems, or the extent to which they compare with seasonal river P exports.  

 

The primary objective of this study is to quantify P storage in sediment, biomass and 

water column pools of a dry tropical river system and compare this with total and 

dissolved P exports during a wet season. In addition the study will compare P partitioning 

across reaches of varying geomorphology and examine the affect of a flow event on 

standing biomass stocks. The partitioning of P between instream pools will also be 

compared with nitrogen (N) and carbon (C). C and N partitioning has been included 
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because important components of the P cycle such as uptake and assimilation and 

mineralisation are linked to C and N.  

 

3.2. Methods 
3.2.1. Location of study sites and flow conditions during the study period 

The study sites consisted of five reaches (~ 100m) in the upper Brisbane River 

catchment. The sites included three in the upper Brisbane River at UBR17, UBRA and 

UBRG and two sites in the Emu and Cressbrook Creek tributaries (Fig 3.1). Reach 

geomorphology was characterised at each site and standing biomass, sediment and water 

column samples were collected. Sediment and biomass samples were collected from each 

reach between the 24th of November and the 4th of December 2005. Water samples were 

collected at fortnightly intervals from 24th of November 2005 to the 28th of February 

2006.  

 
Figure 3.1 Map of the upper Brisbane River (UBR) catchment showing study sites 
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Relative to historic flows, discharge during the study period was comparatively low at the 

UBRG (Fig 3.2 a), Linville, Emu Creek and Cressbrook Creek gauging stations. In the 

period leading up to the study (01 Jun 05 – 24 Nov 05) and in the period following (Mar 

– Jun 06) there was little or no discharge at UBRG (Fig 3.2 b). During the study period 

the first flow event of the wet season in late November 2005 produced a peak discharge 

above the 75th percentile of historical mean daily flows. The highest discharge of the wet 

season occurred in early December 2005 and produced a peak flow greater than the 95th 

percentile of historic flows. Discharge was above long term median values for most of 

the study period. The patterns in flow shown for the UBRG gauging station were similar 

to those observed at the UBR (Linville) and Emu Creek stations with peak flows at both 

of these sites above the 95th percentile of historic flows. At Cressbrook Creek peak 

discharge was much lower than the other sites and for the majority of the study there was 

very little flow at this site. Although there is no discharge data for UBR17, there was no 

evidence of any rain event occurring prior to sampling. Biomass and sediment samples 

were collected prior to the first flow events at UBRA, UBR17 and Cressbrook Creek 

while at UBRG and Emu Creek samples were collected shortly after the first flows of the 

wet season (29 Nov 05 and 4 Dec 05). At UBRA biomass sampling was repeated after 

the first flow event.  
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Figure 3.2 Discharge (m3 s-1) in the upper Brisbane River at UBRG from (a) 1990 – 

2006 and (b) June 2005 – June 2006 showing comparison with long term frequency 

distributions (median, 75th and 95th percentiles) 

 

3.2.2. Characterisation of reach geomorphology 

Reach-scale geomorphic characteristics were measured in conjunction with biomass and 

sediment collection at each site over the period of 24 Nov 05 to 4 Dec 05. Within each 

reach, pool, run and riffle habitats were identified visually based on characteristics 

outlined by the US Geological Survey (Fitzpatrick et al. 1998). Stream substrate, water 

depth, distance from left bank and the occurrence of woody debris were determined at 
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regularly spaced intervals along transects. Percentage stream substrate composition was 

determined visually and with the use of callipers within a 0.27 m2 area of each point 

along the transect and classified based on the Wentworth particle scale (Walters et al. 

2007) as boulder, cobble or gravel. Finer particles less than 2 mm were further sorted in 

the laboratory where approximately 200 g of dried sediment was shaken and passed 

through a set of sieves of decreasing aperture (Gordon et al. 1992). The percent cover of 

woody debris was determined visually within each study reach and was defined as logs 

and branches greater than 10 cm dia. and greater than 1 m in length (Parsons et al. 2002). 

The percent of the stream bed area shaded by riparian vegetation was estimated visually 

along the length of each reach (Parsons et al. 2002).  

 
3.2.3 Water column sampling and analysis 

Water samples were collected twice per month from the 24th of November 2005 through 

to the 28th of February 2006. Triplicate samples were collected from mid-stream surface 

waters for analysis of nutrients, chlorophyll a and total suspended solids (TSS). Samples 

for nutrient analysis were collected into pre-washed (5% HCl and deionised water) 30 ml 

vials for analysis of total N and P. Samples for dissolved N and P were filtered onsite 

through 0.45 µm membrane filters (Millipore, U.S.A), stored on ice and then frozen at -

30ºC in the laboratory prior to analysis. Each syringe and filter was first rinsed with 

sample to reduce the risk of contamination, and field blanks were used to detect any 

contamination during the process. Field blank dissolved nutrient concentrations were 

below detection limits for all sampling days. Chlorophyll a and TSS samples were 

collected by filtering known volumes of water through glass fibre filters (Whatman 

GF/F). Chlorophyll a samples were kept on ice in the dark then frozen at -80ºC in the 

laboratory prior to analysis.  

 

Filterable reactive phosphorus (FRP) was determined based on ascorbic acid reduction of 

phosphomolybdate (APHA 2005). Ammonia (NH3) was determined based on the 

production of the indophenol blue colour complex and nitrate and nitrite were determined 

together as total oxidisable nitrogen (TON) using the cadmium reduction method (APHA 

2005). All dissolved nutrient samples were analysed simultaneously using an automated 
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LACHAT 8000QC flow injection system. Samples for total phosphorus (TP), total 

dissolved phosphorus (TDP), total nitrogen (TN) and total dissolved nitrogen (TDN) 

were digested using a modified, simultaneous persulfate digestion (Hosomi and Sudo 

1986, APHA 2005). FRP and TON were then determined using the methods already 

described. Particulate phosphorus (PP) and particulate nitrogen (PN) were determined by 

subtraction of TP and TN from TDP and TDN respectively. Dissolved organic nitrogen 

(DON) and filterable unreactive phosphorus (FUP) were determined by subtraction of 

NH4 and TON from TDN and FRP from TDP respectively. Chlorophyll a was 

determined by sonicating filters in 100% acetone followed by filtration. Filtered extracts 

were then diluted (1:9 water to acetone) and measured at 750nm, 664nm, 647nm and 

630nm (Jeffrey and Welshmeyer 1997). TSS was determined by re-weighing pre-

weighed filters dried at 60ºC to a constant weight (APHA 1998).  

 

3.2.4 Sampling and analysis of macrophyte, leaf litter, periphyton and sediment 

Macrophyte and leaf litter samples were collected using a stratified random sampling 

approach (Hamilton et al. 2001, Merriam et al. 2002). Each reach was first separated into 

either pool or riffle/run habitats and random transects taken within each habitat type. All 

plant components (roots, stems and leaves) were removed from 0.27 m2 quadrats by hand 

along each transect and stored on ice prior to being frozen at -30ºC in the laboratory. 

Prior to analysis, all macrophyte and leaf litter components were washed with deionised 

water to remove attached sediment particles. Periphyton was collected from random 

cobble samples (n = 15) which were taken back to the lab and the attached biomass 

removed using a wire brush (Hamilton et al. 2001, Merriam et al. 2002). Sediment 

samples were collected using a stratified random sampling approach based on replicate 

cores along each transect. A PVC core, approximately 10 cm dia., was used and sediment 

was extruded from each core on site. Three samples of the top 2 cm of sediment were 

extruded and homogenized from each point to obtain a composite sample. The top 2 cm 

of sediment was chosen because this is likely to be the most active layer in P cycling 

between sediment, water column and biomass compartments (Golterman 1988). Between 

6 and 11 homogenised composite samples were collected from each reach. Sediment 
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samples were sealed in zip lock bags and stored on ice prior to being frozen in the 

laboratory. 

 

Macrophyte and leaf litter samples were dried at 60ºC in a drying oven until weight was 

constant to determine dry weight per unit area. Sub-samples were then combusted in a 

furnace at 500ºC for 4 h and reweighed to determine ash-free dry mass through 

subtraction of the ashed mass from the dry weight mass (Hamilton et al. 2001, Merriam 

et al. 2002). Periphyton biomass was measured in a similar manner by drying, 

combusting and weighing each sample. Sub-samples of sediment from each core were 

dried at 60ºC to determine percent dry weight and a known volume of wet sediment was 

weighed to determine sediment density (g ml-1).  All biomass and sediment samples were 

ground using a Retsch MM200 mixer mill (Haan, Germany). Ground sediment was 

passed through a 2mm mesh to ensure sufficient homogenization of samples. The %N, 

%C, 15N/14N and 13C/12C ratios of biomass and sediment samples were determined using 

a mass spectrophotometer (GV Isoprime, Manchester, U.K.). TP was determined using a 

Kjeldahl acid digestion according to Lachat Instruments, QuikCem Method 13-115-01-1-

B (LACHAT 1996) followed by colorimetric determination using the ascorbic acid 

method (APHA 1998). Absorbance was measured using a Shimadzu UV-601 

spectrophotometer (Sydney, Australia).  

 
3.2.5 Estimation of C, N and P storage in biomass, sediment and water column pools 

Total C, N and P stocks of leaf litter, periphyton and individual macrophyte species were 

quantified by multiplying the standing biomass per unit area of each storage compartment 

by the mean C, N and P concentration of replicate sub-samples (n = 5). The standing 

biomass of macrophyte (separated into individual species) and leaf litter was estimated at 

each reach from the mean biomass per unit area of replicate quadrats (n = 10 – 25) within 

run/riffle or pool habitats, and the proportion (by area) of each habitat type within the 

study reach. For Azolla, the reach biomass was estimated from the mean biomass of 

replicate quadrats of 100% cover and an estimate of the proportion of stream surface 

covered by Azolla at each reach. Periphyton standing biomass was determined by tracing 

a piece of paper around each rock, cutting around the traced area and weighing the paper. 
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The weight was then converted to area using a conversion factor obtained from weighing 

the same paper and measuring its area. Mean periphyton biomass per unit area of cobble 

at each reach was then multiplied by the estimated proportion of streambed area with 

cobble or boulder substrate. The total C, N and P stocks (mg m-2) in each biomass 

compartment were then estimated by multiplying the standing biomass (g m-2 dry wt.) of 

each compartment by their mean C, N and P concentrations. Total sediment C, N and P 

stocks were calculated based on the following equation using P as an example: 

PSED = SedW * C 

where; 

 

PSED = Sediment P stock (mg m-2) 

SedW = Mass of sediment per unit area of streambed (kg m-2) 

C = Mean sediment P concentration (mg kg-1 dry wt.)  

 

SedW (mg m-2) was calculated as follows; 

SedW = SedV * ρ * SedDW 

Where;  

 

SedV = Volume of sediment (0-2cm) per unit area of streambed (L m-2) 

SedDW = Sediment dry to wet weight ratio  

ρ = Sediment density (kg l-1) 

 

Water column N and P stocks were calculated based on the mean concentration of N and 

P at each site, and the estimated volume of water in each reach. The volume of water in 

each reach was estimated based on the mean channel width and depth of each habitat type 

and the proportion of riffle/run and pool habitats in each reach. The proportion of N and 

P in phytoplankton was not estimated but would be included in the estimate of water 

column particulate N and P stocks.  
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3.2.6 Estimation of N and P exports during the study period 

N and P export was measured at UBRG over the study period (25 Nov – 28 Feb 2006) 

using the method outlined in Chapter 2. The equations used to generate export estimates 

were updated based on water column data collected over the study period and additional 

event monitoring data from seqwater. FRP and DIN estimates were also generated based 

on regression analysis of log load versus log flow data. The following equations were 

generated and used in conjunction with daily discharge data to estimate nutrient exports 

from UBRG.  

 
Log TP load = 1.146 ± 0.052 * (Log Flow) – 1.173 ± 0.134                     R2 = 0.89 

Log FRP load = 1.200 ± 0.090 * (Log Flow) – 1.731 ± 0.226                             R2 = 0.83 

Log TN load = 1.081 ± 0.034 * (Log Flow) – 0.225 ± 0.087                  R2 = 0.94 

Log DIN load = 1.235 ± 0.093 * (Log Flow) – 1.440 ± 0.235                    R2 = 0.84 

 

3.2.7 Statistical analyses 

Statistical analyses were performed using the Statistical Package for the Social Sciences 

(SPSS) version 12.0.1. All samples were assessed for normality (Shapiro-Wilk test) and 

homogeneity of variance (Levenes test). When the assumption of homogeneity of 

variance was violated, data were transformed using a logarithmic transformation. 

Statistical differences were then calculated using a one-way ANOVA. Non-parametric 

Mann-Whitney test were conducted where homogeneity of variance could not be 

achieved through logarithmic transformation. The degree to which the variation between 

two or more variables was shared was investigated using regression analysis and 

expressed as the coefficient of determination (R2).  

 
3.3 Results 
3.3.1 Geomorphological characteristics of the five study reaches 

The study reaches were variable in terms of their geomorphological characteristics (Table 

3.1). The UBRA and UBRG reaches had a relatively wide stream width and no riparian 

canopy cover. The UBR17, Emu Creek and Cressbrook Creek reaches had relatively 

narrow channels which were shaded by the adjacent riparian vegetation. The dominant 

habitat type was riffle/run at UBR17 and Emu Creek and pool at the other three sites. The 
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substrate at UBRA, Emu Creek and Cressbrook Creek was a mix of cobble, sand and fine 

sediment. At UBRG the substrate was a mix of sand, fine sediment and gravel while at 

UBR17 the substrate was boulder and cobble.  There was little woody debris in the 

UBRA and UBRG reaches unlike the sites at UBR17 and Emu Creek where there was a 

relatively high amount of woody debris.  

3.3.2 Nitrogen and Phosphorus in the water column of the upper Brisbane River 

catchment 

Concentrations of TN, TON, NH4 and DON were significantly higher at Cressbrook 

Creek than at all other sites (P < 0.05) (Table 3.2). There were however no significant 

differences in these fractions among the other sites (P > 0.05). The concentration of PN 

was less variable, with no significant differences (P > 0.05) in mean values between any 

of the five study reaches. At all sites TN was comprised predominately of PN and DON. 

The proportion of TN as TON or NH4 was relatively low (3 - 6%) within most of the 

system with the exception of Cressbrook Creek where NH4 concentration was frequently 

high and the median proportion of TN as NH4 was approximately 10 times higher than 

the other sites (32%). Cressbrook Creek had the lowest DON as a proportion of TN 

(33%) while at the other four sites DON comprised between 48 and 55% of TN. The 

proportion of TN in particulate form was also substantial, with PN as a percentage of TN, 

ranging from 28 to 34% at Cressbrook Creek, UBR17 and Emu Creek and between 39 

and 57% at the remaining two sites.  

 
There was considerable variation in water column TP between reaches (Table 3.3). Mean 

TP at Cressbrook Creek was significantly higher than UBRA, UBRG and Emu Creek (P 

< 0.05). Mean TP at UBR17 was significantly higher than Emu Creek (P < 0.05) but was 

not significantly different than any of the other sites (P > 0.05). Mean FRP was highest at 

UBR17 and was significantly higher (P < 0.05) than at Emu Creek and Cressbrook 

Creek. There were no other significant differences between sites. In contrast to the results 

obtained for N, the dissolved inorganic fraction of P (FRP) constituted a relatively high 

proportion of TP within the water column. With the exception of Cressbrook Creek, the 

median FRP as a percentage of TP was similar at all sites ranging from 28 to 44%. The 

proportion of TP as FUP over the study period was highly variable (0 – 37% of TP) but 
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overall constituted a small proportion of TP with median FUP as a percentage of TP 

below 7% at all five sites.   

 
 

Table 3.2 Mean concentration (mg l-1 ± 1SD) of nitrogen fractions in the water 

column of five study reaches (n = 6) in the upper Brisbane River catchment from 

November 2005 to March 2006 

 
 TN NH4 TON DON PN 

 

UBR17 

 

0.36 ± 0.26 

 

0.021± 0.005 

 

0.012 ± 0.005 

 

0.150 ± 0.031 

 

0.182 ± 0.259 

UBRA 0.31± 0.12 0.017 ± 0.015 0.021 ± 0.019 0.163 ± 0.079 0.110 ± 0.062 

Emu Ck 0.41± 0.25 0.022 ± 0.012 0.016 ± 0.008 0.177 ± 0.063 0.195 ± 0.212 

UBRG 0.44  ± 0.16 0.019 ± 0.014 0.022 ± 0.012 0.184 ±  0.045 0.210 ± 0.165 

Cressbrook Ck 0.92 ± 0.75 0.256 ± 0.182 0.041 ± 0.017 0.294 ±  0.162 0.328 ± 0.432 
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Table 3.1 Geomorphological and physiochemical properties of five study reaches within the upper Brisbane River catchment 

(geomorphological characteristics were measured between 24 Nov 05 and 4 Dec 05, physiochemical properties measured 

fortnightly from 24 Nov 05 to 28 Feb 06 and are presented as the minimum and maximum values for that period)  

 
 UBR17 UBRA Emu Creek UBRG Cressbrook Creek 

 

Catchment area (km2) 

 

119 

 

2064 

 

915 

 

3866 

 

447  

Dominant riparian vegetation Casuarinas, Callistemon  Pasture grasses and 

shrubs 

Callistemon, Melaleuca 

& Casuarina 

Pasture grasses Cinnamomum, Callistemon 

& Melaleuca 

Dominant habitat Riffle/run Pool Riffle/run Pool Pool 

Mean channel width (m) 4 22 5 45 5 

Mean Depth (cm) 18 25 44 98 19 

Total Streambed Area (m2) 505 2180 462 4978 469 

Total Volume (m3) 88 545 203 4857 89 

Canopy cover (%) 60 0 38 0 50 

Dominant  substrate Boulder/cobble Cobble/sand & fines Cobble/sand & fines Sand & fines/gravel Cobble/sand & fines 

Woody debris Abundant Infrequent Abundant Infrequent Sparse 

DO (% sat.) 52 – 114 75 – 85 2 – 82 36 – 71 10 - 60 

pH 7.70 – 8.32 7.79 – 7.95 7.25 – 7.80 7.89 – 8.37 6.87 – 7.32  

Conductivity 670 – 919 240 – 578 565 – 718 557 – 603 308 - 687 

Temp. (ºC) 24.6 – 30.1 26.9 – 30.4 23.0 – 26.4 25.5 – 29.7 24.8 – 26.0 
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Table 3.3 Mean concentration (mg l-1 ± 1SD) of phosphorus fractions in the water 

column of five study reaches (n = 6) of the upper Brisbane River catchment from 

November 2005 to March 2006 

 
  TP FRP FUP PP 

 

UBR17 

 

0.124 ± 0.088 

 

0.052 ± 0.055 

 

0.007 ± 0.012 

 

0.065 ± 0.032 

UBRA 0.075 ± 0.045 0.032 ± 0.023 0.005 ± 0.008 0.039 ± 0.026 

Emu Creek 0.044 ± 0.009 0.014 ± 0.009 0.001 ± 0.001 0.030 ± 0.013 

UBRG 0.060 ± 0.023 0.021 ± 0.013 0.004 ± 0.003 0.035 ± 0.014 

Cressbrook Creek 0.176 ± 0.168 0.024 ± 0.029 0.008 ± 0.011 0.144 ± 0.140 

 
 
3.3.3. Nitrogen, Phosphorus and Carbon in leaf litter, macrophyte and periphyton 

biomass  

Macrophyte biomass consisted predominately of four species of varying morphology 

(Table 3.4). The concentration of N and P in macrophyte biomass was higher than that in 

the leaf litter and ranged 2.0 to 4.1% N and 0.18 to 0.33 % P. The δ15N signatures of 

Azolla and Ceratophyllum were low ranging from -2.1 to -0.1 while the δ15N signatures 

of Vallisneria (1.4 – 4.4 ‰)  and filamentous green algae (FGA) (4.1 ‰) were 

comparatively high. The δ15N signatures of leaf litter material were generally low ranging 

from -1.6 ‰ at UBR17 to 0.5 ‰ at Cressbrook Creek while the δ15N signature of 

periphyton at UBR17 was also low at -2.4 ‰. With the exception of filamentous green 

algae and Vallisneria at UBRG the δ13C signatures ranged between -29 and – 24 ‰ while 

for leaf litter material the δ13C ranged from -30 to -28 ‰ (Table 3.4).  

 

The partitioning of N and P between various biomass pools varied between sites. At the 

sites with some degree of riparian shading, leaf litter biomass dominated and as a result 

the amount of N and P held in this pool exceeded that held within either macrophyte or 

periphyton biomass (Table 3.4). Leaf litter was composed predominantly of leaves and 

twigs from the adjacent riparian vegetation and was concentrated in shaded parts of each 

reach. The distribution of macrophyte biomass was generally patchy at most reaches with 
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the exception of Ceratophyllum demersum at UBRA, which was relatively ubiquitous at 

this site.  

 

The high N and P stocks held within leaf litter biomass at Cressbrook Creek, Emu Creek 

and UBR17 were the result of the high leaf litter density at these sites. Leaf litter density 

was highest at Emu Creek (236 ± 121 (SD) g DW m-2), but leaf litter N and P stocks were 

highest at UBR17 (3.5 ± 1.2 SD g N m-2 DW and 145 ± 52 SD mg P m-2 DW) due to the 

higher N and P content of leaf litter at this site (Table 3.4). As a proportion of total 

biomass N and P, leaf litter constituted 66% and 49% respectively at UBR17. N and P 

held in macrophyte biomass at Cressbrook Creek, Emu Creek and UBR17 consisted 

predominately of free floating Azolla, submerged free floating Ceratophyllum and the 

attached submerged Vallisneria. The proportion of N and P held in the combined 

macrophyte biomass ranged from 20 to 29%, and 26 to 36% for N and P respectively. 

Periphyton contributed 7% and 18% of the total biomass pool of N and P respectively at 

UBR17 and 2% and 6% of biomass N and P at Cressbrook Creek while at the other sites 

periphyton biomass was negligible.  

 

The UBRG and UBRA reaches were distinctly different from the other three sites as the 

biomass was comprised almost exclusively of macrophyte biota. The dominant 

vegetation at UBRA was the free floating submerged Ceratophyllum, which made up 

73% and 80% of the standing biomass N and P at this reach. At UBRG biomass N and P 

was distributed between Ceratophyllum and Vallisneria. Ceratophyllum held 62% of the 

N and P in the standing biomass of this reach while Vallisneria held 37 and 38% of the N 

and  P. 
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Table 3.4 Biomass (g m-2 dry wt. ± 1SD), N and P content (% of dry biomass), molar C:N:P ratios and isotopic signatures of 

macrophyte, leaf litter and periphyton at five study reaches  
   
Site                                Biomass Pool                      
 
   

 
Biomass  
(g m-2 DW)  

 
% N 

 
% P 

 
mg N m-2 DW 

 
mg P m-2 DW 

 
C:N 

 
N:P 

 
δ13C 

 
δ15N  

 
UBR17 

 
Azolla 

 
30 (4) 

 
2.5 

 
0.22 

 
750 (180) 

 
66 (9) 

 
18 

 
24 

 
-27.7 

 
-0.5 

Ceratophyllum 15 (9) 2.3 0.27 343 (176) 40 (24) 20 18 -24.4 -0.1 
FGA 3 (1) 2.7 0.33 81 (10) 10 (3) 18 18 -30.8 4.1 
Macrophyte (other) 10 (2) 2.3 0.21 230 (146) 21 (4) 20 23   
Periphyton 30 (15) 1.2 0.25 360 (188) 75 (37) 8 10 -29.1 -2.4 
Leaf litter 
 

218 (110) 1.6 0.07 3488 (1238) 153 (52) 33 49 -29.3 -1.6 

 
UBRA 

 
Azolla 

 
67 (18) 

 
2.0 

 
0.18 

 
1340 (367) 

 
121 (32) 

 
25 

 
24 

 
-29.1 

 
-2.1 

Ceratophyllum 341 (210) 2.3 0.26 7843 (2472) 887 (546) 20 19 -24.4 -0.1 
FGA 0.4 2.7 0.30 11 (2) 1 (0.2) 18 19   
Nymphaea 
 

47 (17) 3.8 0.29 1786 (646) 136 (49) 14 28 -26.2 0.1 

 
Emu Creek 

 
Ceratophyllum 

 
5 (3) 

 
2.3 

 
0.27 

 
115 (72) 

 
14 (8) 

 
20 

 
18 

 
 

 

Macrophyte (other) 7 (3) 3.9 0.23 273 (106) 16 (6) 11 36 -27.7 3.8 
Vallisneria 12 (3) 3.5 0.33 420 (113) 40 (10) 13 23 -28.3 4.4 
Leaf litter 
 

236 (121) 0.9 0.04 2124 (1089) 94 (54) 63 48 -29.6 -0.6 

 
UBRG 

 
Azolla 

 
1 (0.3) 

 
2 

 
0.19 

 
20 (6) 

 
2 (0.6) 

 
25 

 
22 

 
 

 

Ceratophyllum 74 (45) 2.3 0.27 1702 (1045) 200 (121) 20 18 -24.4 -0.1 
Vallisneria 
 

44 (11) 2.3 0.28 1012 (262) 123 (31) 19 18 -16.4 1.4 

 
Cressbrook 
Creek 

 
Azolla 

 
5 (1) 

 
2 

 
0.20 

 
100 (27) 

 
10 (2) 

 
25 

 
21 

 
 

 

Ceratophyllum 12 (7) 2.3 0.27 276 (169) 32 (19) 20 18   
Vallisneria 4 (1) 4.1 0.28 164 (43) 11 (3) 12 31 -30.5 8.1 
Periphyton 5 (2) 1.2 0.29 60 (25) 14 (6) 8 9   
Leaf litter 
 

173 (101) 1.2 0.06 2076 (1216) 104 (57) 44 43 -29.4 0.5 
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3.3.4. Nitrogen, Phosphorus and Carbon in surface sediments  

There was a large degree of variability in sediment TP, TN and TC, both within and 

between individual reaches (Table 3.5). Mean sediment TP was highest at UBRA and 

Cressbrook Creek but there was no significant difference between these sites (P > 0.05). 

Mean TP at UBRG was significantly lower than UBRA (P < 0.05) but not Cressbrook 

Creek (P > 0.05). Emu Creek had significantly lower sediment TP than all other sites (P 

< 0.05). Sediment TN followed similar patterns to TC with both N and C highest at 

Cressbrook Creek. Due to the high degree of intra-site variability TN at Cressbrook 

Creek was not significantly higher (P > 0.05) than either UBRG or UBRA. Total C at 

Cressbrook Creek was however significantly higher than at UBRA (P < 0.05). Emu 

Creek had significantly lower (P < 0.05) sediment TN and TC than the other sites. TN:TP 

molar ratios were highest at Cressbrook Creek and UBRG (Table 3.5). TN:TP ratios at 

these two sites were not significantly different from each other (P > 0.05) but were 

significantly higher (P < 0.05) than UBRA. Emu Creek had significantly lower TN:TP 

ratios in sediments than the other three sites (P < 0.05). Mean C:N ratios were lowest at 

UBRA and Emu Creek and highest at Cressbrook Creek and UBRG.  

 

Table 3.5 Mean (± 1SD) total nitrogen, phosphorus (mg kg-1 dry wt.) and carbon (g 

kg-1 dry wt.) in riverbed sediment (n = 11 at UBRA and UBRG, n = 6 at Emu and 

Cressbrook Ck)  

 

 
TP TN TC C:N 

molar 
N:P 
molar 

 
UBRA 807 (134) 1482 (564) 11 (5) 8.8 4.1 
 
Cressbrook Creek 734 (239) 2667(1611) 31(20) 13.3 7.7 
 
Emu Ck 279 (73) 200 (100) 2 (1) 9.9 1.6 
 
UBRG 574 (188) 1767 (1233) 19 (12) 12.6 6.3 
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3.3.5. Comparison of Nitrogen, Phosphorus and Carbon stores between reaches of 

the upper Brisbane River and tributaries 

There were clear differences in terms of the amount of N, C and P stored within each 

reach. Total N storage per unit area was highest at Cressbrook Creek at 34.8 g N m-2 

followed by UBRG and UBRA which had total N stocks of approximately 26 g N m-2. 

Total C storage was also highest at Cressbrook Creek at 461.5 g m-2 and like N, the C 

content of UBRA and UBRG was similar at 295.0 g m-2 and 289.2 g m-2 respectively. N 

storage was substantially lower at UBR17 and Emu Ck with 5.3 and 6.2 g N m-2 

respectively. C storage showed a similar pattern with lowest stocks found at Emu Creek 

and UBR17. Emu Creek and UBR17 had total C stocks of 149.8 g m-2 and 128.2 g m-2 

respectively. Unlike N and C, the total P stocks were similar at Cressbrook Ck, UBRG 

and UBRA with 9.0, 7.7 and 9.1 g P m-2 respectively. Like the results for N and C, P 

storage was lower at UBR17 and Emu Ck although for P there was a substantial 

difference between these two sites. Total P storage at Emu Ck was 4.4 g P m-2 while at 

UBR17 total P stock was lower at 0.4 g P m-2.   

 

In terms of distribution between instream compartments, there were distinct differences 

in the way that N was partitioned between reaches (Fig. 3.3). At UBR17 66% of reach N 

was stored in leaf litter biomass with the remainder of N partitioned predominately 

between macrophyte (25%) and periphyton (7%) biomass. Water column N at this site 

was only a small component of the total N stocks (1%) as it was at Cressbrook Creek and 

UBRA which had less than 1% of the total N stock in the water column. The majority of 

N storage was associated with sediments at UBRG and Cressbrook Creek with 

approximately 88 and 92% respectively. The remaining N at UBRG was held in 

macrophyte biomass (10.6%) and the water column (1.7%) while at Cressbrook the 

majority of the remaining N was held in leaf litter biomass (6.0%). The contribution of 

sediment to total N stocks at Emu Creek and UBRA was similar with 50 and 57% 

respectively. Leaf litter and macrophyte biomass made up the remaining N at Emu Ck 

(35 and 13% respectively) while at UBRA the remaining N stocks were held in 

macrophyte biomass (43%).  
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Figure 3.3 Relative % contribution of water column, leaf litter, macrophyte, 

periphyton and sediment storages to total nitrogen in each study reach  

 
 
A large proportion of total P stocks were in the surface sediments at four of the five sites 

(Fig. 3.4). At Emu Creek, Cressbrook Creek and UBRG the proportion of total reach P in 

the sediment pool at each site was similar and ranged from 95 to 98%. At UBRA 

sediment P made up approximately 88% of total P stocks. At UBR17 the distribution of P 

between system compartments was slightly different than the distribution of N. The 

relative proportion of P in leaf litter biomass was approximately 42% which was less than 

the proportion of N in leaf litter biomass. The relative proportion of P in macrophyte and 

periphyton pools on the other hand was greater than for N (35.0% and 14.5%). At UBR17 

approximately 6% of P stocks were within the water column which was greater than the 

proportion of P in the water column of the other four sites (< 1%).     
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Figure 3.4 Relative % contribution of water column, leaf litter, macrophyte, 

periphyton and sediment storages to total phosphorus in each study reach  

 
The distribution of C was similar to that of N. At Cressbrook Creek approximately 80% 

of C was held in the sediments and 18% in the leaf litter. At UBRA 63% of C was held in 

macrophyte biomass while at UBRG 84% of C was held in the top 2cm of bed sediment. 

At Emu Creek and UBR17 the majority of C was stored in leaf litter, making up 

approximately 74% of reach C at Emu Creek and 80% of C stocks at UBR17. The 

majority of the remaining C at Emu Creek was in the sediments which made up 

approximately 20% of total reach C. At UBR17, 16% of C was associated with 

macrophyte biomass (Fig 3.5).   
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Figure 3.5 Relative % contribution of leaf litter, macrophyte, periphyton and 

sediment storages to total carbon in each study reach  

 
 
3.3.6 Comparison of pre-flow and post-flow standing biomass in the upper Brisbane 

River at Arababy Crossing  

Sampling of the biomass of the major biotic compartments at UBRA on the 24 Nov 05 

was repeated on the 25 Nov 05 after a rain event. This event presented an opportunity to 

investigate any changes in the standing biomass of the reach before and after the event. 

Prior to the rain event, the narrow sections of the reach were dry and the reach was 

stagnant and disconnected from downstream reaches. After the rain event, the reach 

including the previously dry portion was flowing. The most noticeable change in terms of 

biomass was in the Azolla abundance (Fig. 3.6). The biomass of Azolla was significantly 

lower after the rain event (P = 0.001), decreasing from 67 ± 18 (SD) g DW m-2 on the 24 

Nov 05 to 5 ± 2 (SD) g DW m-2 on the 25 Nov 05. This equates to a 92% reduction in 

Azolla biomass over a period of approximately 16 h (this does not include biomass that 
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had passed through the reach from upstream). In terms of total biomass, 135 ± 30 (SD) kg 

DW of Azolla was exported from the reach as a result of this rain event.  

Based on mean nutrient content of Azolla at this site 0.24 kg of P, 2.7 kg of N and 58.4 kg 

of C were exported from UBRA. Ceratophylum biomass also decreased following the 

rain event from 341 ± 210 (SD) g DW m-2 to 218 ± 101 (SD) g DW m-2 but due to the 

large variation in reach biomass for this species the difference was not statistically 

significant (P > 0.05). Nymphaea biomass decreased only slightly and was not 

significantly different after the storm event (P > 0.05).  
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Figure 3.6 Comparison of macrophyte biomass (g m-2 ± 1 SD) in the upper Brisbane 

River at UBRA before and after the first flow event of the wet season of 2005/2006 

 
 
3.3.7. Estimation of nitrogen and phosphorus loads from the upper Brisbane River 

at UBRG during the wet season of 2005-2006 

TP export from the upper Brisbane River at UBRG during the study period was estimated 

at between 1.4 and 5.0 T with a best estimate of 2.6T. For TN the estimated export 

ranged from 10.3 to 23.5 T with a best estimate of 15.6 T. For FRP the estimated load 
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was between 0.4 and 3.0 T with a best estimate of 1.0 T which constituted approximately 

39% of the TP load.  

DIN export was between 0.8 and 7.8 T with a best estimate of 2.5 T or 16% of the TN 

load. The molar N:P ratio of nutrient exports was 5.4 for DIN:FRP and 13.1 for TN:TP.   

 
N and P export varied substantially during the study period when N and P loads were 

compared at different levels of flow. Discharge during the study period has been 

classified into four groups based on a comparison with historical (1990 – 2004) flow 

frequencies (< 50th, 50th-75th, 75th-95th and > 95th percentiles) and the relative 

contribution of each flow class to wet season N and P loads has been compared (Fig 3.7). 

Flows during the study period that were below the long term median (32 ML d-1) 

comprised approximately 46% of the study period but only 2 to 3% of total and dissolved 

inorganic N and P export. The number of days with flows between the 50th and 75th 

percentile (32 – 155 ML d-1) made up approximately 32% of the study period and 

contributed 14% of wet season TP export and 16% of wet season TN export. For DIN 

and FRP flows between the 50th and 75th percentile contributed approximately 12 and 

13% of total wet season exports respectively.  

 

The number of days with flows in between the 75th and 95th percentile of historical flows 

(155 – 1275 ML d-1) made up approximately 19% of the study period but constituted 

between 45 and 47% of wet season dissolved and total N and P exports. The number of 

days where flow exceeded the 95th percentile was three, which constituted approximately 

2% of the study period. Despite constituting a small proportion of the study period, days 

where flow exceeded the 95th percentile made up approximately 38% of total wet season 

P export and 35% for TN. The proportion of FRP and DIN export occurring at peak flow 

was 40 and 42% respectively. 
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Figure 3.7 % Contribution of different flow levels (< 50th, 50th – 75th, 75th – 95th and 

> 95th percentile of historical discharge, 1990 – 2004) to the total wet season N and P 

export at UBRG and comparison with the frequency (% days) of each flow group 

during the study period 

 
Comparison of N and P at UBRG during high and low flow show that during peak flow 

there were substantial changes in the relative proportions of N and P (Fig 3.8 b-c) as well 

as changes in the proportion of TP as FRP (Fig 3.8 a). Peak flow increased the proportion 

of FRP early in the wet season from approximately 10% to over 50%. FRP as a 

proportion of TP remained high in the water column for the remainder of the study and 

showed a trend of decreasing proportion with period after flow events (Fig 3.8 a). Peak 

flow reduced the TN:TP and DIN:FRP ratios at UBRG and there was a pattern of 

increasing N:P ratios with period after flow peak for both total and dissolved nutrient 

species (Fig 3.8 b-c).  
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Figure 3.8 Changes in the (a) FRP:TP, (b) TN:TP and (c) DIN:FRP ratios in the 

upper Brisbane River at UBRG from November 2005 to March 2006 
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3.3.8. Estimation of pre- flow nitrogen and phosphorus stocks in the upper Brisbane 

River and comparison with total nitrogen and phosphorus exports during the wet 

season of 2005-2006 

Pre flow sediment and biomass data from UBRA were used to give an estimate of 

nutrient storage prior to the onset of wet season flows in the mid to lower reaches of the 

UBR.  The estimate was derived by extrapolating data from UBRA over the length of the 

UBR with the same stream order according to Queensland Department of Natural 

Resources and Water stream network databases. The mass of N and P is given in tonnes 

(T) and is compared to the total N and P exported at UBRG over the period from 

November 2005 to March 2006 (Fig 3.9).  

 

The estimated P stock in the mid to lower reaches of the UBR was 18.1 T with the 

majority of this as sediment P (15.8 T). P storage in the top 2cm of bed sediment was 

approximately six times greater than the total wet season P load (2.6 T). The macrophyte 

P stock was similar in magnitude to total P export with an estimated P pool of 2.3 T. The 

majority of this was Ceratophyllum (1.8 T) with Azolla and Nymphaea making up the 

remaining 0.2 and 0.3 T. The estimated N storage was 50.3 T and was approximately 3 

times higher than the wet season N load. Relative to P, instream N storage was more 

evenly distributed between sediment and macrophyte pools. Unlike P, macrophyte N was 

greater than N export (15.6 T) with 21.8 T of N in macrophyte biomass (Ceratophyllum 

15.6, Azolla 2.7 and Nymphaea 3.5 T). Sediment N storage was 29.1 T which was 

approximately double the wet season N load. The N:P ratio of the wet season nutrient 

load (13.1) was substantially different than the sediment (4.7) and macrophyte (21.2) 

pools.  
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Figure 3.9 Comparison of the estimated pre flow nitrogen and phosphorus storage 

(T) in the mid to lower upper Brisbane River and total nutrient export (T) during 

the wet season (24 Nov 05 to 1 Mar 06) and at peak flow (3 to 5 Dec 05) 

 

The ratio between the daily P load at UBRG and the estimated P storage in the mid to 

lower UBR has been plotted against mean daily discharge (Fig 3.10) to compare P export 

with total P stocks under increasing flow.  It can be seen that for flows greater than the 

95th percentile the daily P export was between 1.5 and 2.5% of the pre-wet season river P 

stock. When discharge was between the 75th and 95th percentile of historical flows the 

daily P export constituted between 0.12% and 0.9 % of instream P stocks. For discharge 

in the 50th to 75th percentile the daily P export as a proportion of instream P stock ranged 

from 0.02% to 0.1%. The daily P export in flow below the long term median was minor 

(<0.02 %) relative to the pre-wet season river P stock.  
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Figure 3.10 Plot of mean daily export (T d-1) to P storage (T) ratios versus discharge 

(ML d-1) at UBRG showing cut off points for the (a) 75th – 95th and > 95th percentile 

flows and (b) the < 50th and 50th – 75th percentile flows     

 

 



110  
 

3.4 Discussion 
3.4.1 Comparison of nitrogen and phosphorus partitioning  

With the exception of the reach at UBR17, the majority of P was held in sediments 

deposited on the streambed. Interestingly, the distribution of N and C relative to P were 

similar in some reaches but very different in others. The differences in the partitioning of 

P relative to N reflect differences in the elemental ratios of N and P within sediment and 

biomass compartments. At UBRA for instance, the macrophyte biomass had a far greater 

bearing on total reach N (43%) relative to P (13%) due to the high N:P ratio of 

macrophyte biomass (~ 21%). At Emu Creek the lower proportion of N in bed sediments 

(~ 50%) relative to P (~ 96%) reflected the particularly low N:P molar ratio (1.6) in the 

bed sediments at this site.  

 

While the N:P ratios in the standing biomass reflect the biological demand of the biotic 

community for N and P (Levine and Schindler 1992) the relative proportion of N and P in 

bed sediments may reflect the underlying geology of the catchment soils (Munn and 

Meyer 1990) or a combination of geological and instream processes such as 

denitrification (Downing et al. 1999, McKee et al. 2000). The N:P ratios of soils at 

locations adjacent to the main channel of the UBR (mean molar N:P ratio 5.8 ± 7.2 SD) 

(Burford 2006 personal communication) are similar to those reported for the bed 

sediments in this study suggesting that the relative proportion of N and P in bed 

sediments is primarily a reflection of the stoichiometry of catchment soil.  

 

3.4.2. Nitrogen and phosphorus storage in riverbed sediment 

Quantification of sediment storage and comparison with other ecosystem compartments 

has rarely been reported and this study has demonstrated the extent to which bed 

sediments dominate total P stocks across a range of reaches in a grazing impacted 

catchment. In the mid to lower reaches of the UBR and in the reaches of Emu and 

Cressbrook Creeks the amount of P in bed sediments was far greater than water column 

and biomass compartments. The reach at UBR17 was different as there had not been a 

quantifiable accumulation of sediment at this reach. At this reach total nutrient stocks 

were comparatively low and C, N and P were partitioned between leaf litter, macrophyte 
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and periphyton biomass. This is similar to what has been reported for forested headwater 

streams of the USA where biotic uptake and assimilation dominates nutrient uptake and 

storage (Newbold et al. 1983a, Mulholland et al. 1985). In reaches with high sediment 

accumulation however it is likely that nutrient transformations will occur largely in the 

bed sediment. This is particularly important for P because sediments may be an important 

source or sink for other ecosystem compartments (Froelich 1988, House and Denison 

2002a, Mainstone and Parr 2002, Avilés et al. 2006).  

 

Given the large reserves of P in the top 2cm of bed sediment, it is likely that a large 

proportion of P cycling in the river system occurs via exchanges in the bed sediments. 

The extent to which the sediments release dissolved P will reflect the bioavailability of 

the sediment pool (Hieltjes and Lijklema 1980, Romero-Gonzalez et al. 2001, Pardo et al. 

2003). Estimates of the bioavailability of P in eroded soils over the short to mid-term of 

20-37% have been reported (Dorich et al. 1984). Based on these estimates the 

bioavailable P content of sediments in the UBR would have been between 3.2 and 5.8 T. 

This is a large pool when compared to the annual P export of 2.7 T. Therefore, depending 

on the bioavailability of the P in bed sediments there is a significant potential to supply 

substantial quantities of bioavailable P to other ecosystem compartments.  This will be 

important during periods of low flow where external inputs are reduced and the bed 

sediments are likely to be the principal source of P for algal and macrophyte 

communities.  

 

3.4.3. Nitrogen and phosphorus storage in the standing biomass 

The relative importance of leaf litter and macrophyte storage was related to the 

geomorphological characteristics of each reach. Specifically, in reaches with a relatively 

narrow channel width and intact riparian vegetation most of the standing biomass N and 

P was stored in leaf litter, while in the wider unshaded reaches, macrophyte biomass was 

the dominant storage. While this was not unexpected, it highlighted the degree to which 

the dominant uptake pathways for N and P are likely to vary across a single catchment. 

This is significant because in the short term it is often the biotic community which is 
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responsible for initial uptake of dissolved N and P from the water column (Dodds et al. 

2002, Noe et al. 2002).  

 

While the nutrient uptake rate per unit of biomass will vary substantially between 

communities, it is often the areal coverage of a particular biotic community that 

determines its relative importance in controlling nutrient uptake lengths (Newbold et al. 

1983a, Newbold et al. 1983b, Mulholland et al. 1985).  Based on the biomass of the UBR 

and tributaries, a substantial shift from mixed heterotrophic and autotrophic uptake in 

narrow, shaded reaches to predominately autotrophic nutrient uptake in wider, lower 

order reaches is expected. This is important because during post event flows when 

dissolved P and to a lesser extent N (due to low DIN) are high, the dominant biotic 

uptake pathways will vary substantially between reaches. The retention capacity of the 

upper reaches of the UBR and tributaries at Cressbrook Creek and Emu Creek will 

therefore depend on a mix of uptake by microbial and macrophyte communities. Biotic 

uptake and assimilation in the mid to lower reaches of the UBR on the other hand will be 

driven predominately by macrophytes.  

 

A high proportion of total reach N and to a lesser extent P was stored in macrophyte 

biomass.  The concentration of N and P within the macrophyte biomass of the UBR 

system was generally within the range reported in other studies (Duarte 1992, Fernandez-

Alaez et al. 1999). To evaluate the importance of N and P in the growth of macrophytes, 

researchers often use the critical levels developed by Gerloff and Krombholz (1966) as a 

reference (Duarte 1992, Fernandez-Alaez et al. 1999, Vincent 2001, Wigand et al. 2001, 

Marion and Paillisson 2003). Macrophyte tissue N and P within the UBR system 

exceeded critical values of 1.3 % N and 0.13 % P indicating that nutrient levels were 

sufficient to maintain maximum growth. Tissue N and P above these levels is said to 

represent luxury uptake without effect on plant yield (Gerloff and Krombholz 1966) 

suggesting that macrophyte growth had not been limited by nutrient availability.  

 

The N and P content of the macrophyte biomass reflected a substantial uptake and 

assimilation of nutrients during a period where inputs into the system would have been 
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low. For more than six months prior to macrophyte sampling there had been negligible 

flow in the system so diffuse inputs at this time would have been low. Furthermore, there 

are no major point source inputs in the catchment which could account for the N and P 

stored in macrophyte biomass (Chapter 2). This suggests that during periods of reduced 

flow a large proportion of the N and P required by primary producers is sourced instream 

or via groundwater inputs. Based on the amount of P in the top 2 cm of sediment and the 

amount of P held in macrophyte biomass, for the sediments to have supplied all of the P 

to macrophytes would only require approximately 14% of sediment P to become 

available. While this does not discount groundwater inputs as a source of FRP at low 

flow, it shows that there are ample reserves in the top 2 cm of bed sediments to support 

macrophyte growth without inputs from groundwater. For rooted species like Nymphaea 

and Vallisneria some of this P may be taken up directly from the sediment (Barko and 

Smart 1981, Chambers et al. 1989, Best et al. 1996, Carr and Chambers 1998). For the 

free floating species such as Azolla and Ceratophyllum the supply of P from the bed 

sediments has to occur entirely via the water column. Therefore abiotic (e.g. desorption) 

or biotic (e.g. mineralisation) processes in the bed sediment which release PO4
3- into the 

water column are likely to be important in the transfer of P from the sediment to 

macrophyte communities.  

 

The capacity of bed sediments to supply DIN to macrophytes appears to be limited 

relative to P. It would require approximately 75% of sediment N to account for the N in 

macrophyte biomass and assuming the majority of sediment N was organic this would 

require substantial NH4
+ generation via mineralisation of organic N. The results therefore 

suggest that there are two key differences in terms of the potential for bed sediments to 

supply N and P to macrophyte communities during periods of low flow. The first major 

difference is in terms of the proportion of total sediment N and P that would need to 

become available to support production during periods where inputs from the wider 

catchment are minimal (14% of sediment P versus 75% of sediment N). The second 

major difference relates to the processes by which the transformations of sediment N and 

P into macrophyte biomass are likely to occur. For P, it would appear that abiotic 

processes alone have the potential to account for the P held in the macrophyte community 
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of UBR. For N, inorganic N reserves in the sediment are likely to be much smaller than 

for P (Craft and Chiang 2002) and therefore a large proportion of the N released from the 

sediment would have to occur via biological processes (i.e. decomposition and 

mineralisation). It should be noted that mineralisation may also be important in supplying 

P although it is beyond the scope of this study to determine this. The key point is that the 

extent to which the sediments can support the growth of macrophyte communities during 

periods of low flow is likely to be much greater for P relative to N.  

 

The δ15N stable isotope signatures of the dominant biomass pools (Table 2) suggest that 

N fixation may be an important source of N. N-fixing bacterial and algal species are able 

to fix atmospheric N when the DIN concentration is low, resulting in δ15N compositions 

approaching 0‰ while non-fixing species have δ15N compositions greater than 0‰ due 

to the 15N enriched nature of the assimilated N (Herczeg et al. 2001). The δ15N signature 

of Azolla (-2.1 - -0.5 ‰) therefore indicates a large proportion of biomass N in this 

species was derived via N fixation. This is not surprising as this species is known to have 

a symbiotic relationship with the N2-fixing cyanobacterium Anabaena azollae (Forni et 

al. 2001, Vitousek et al. 2002). Interestingly, the δ15N signatures of Nymphaea and 

Ceratophyllum were also depleted. Together with Azolla these were the dominant 

macrophyte species in the UBR. Therefore N fixation may be an important source of N to 

macrophyte communities in rivers where the bed sediments have a limited capacity to 

supply N relative to P.  

 

It has been suggested that macrophyte nutrient storage is only temporary relative to 

sediments and as such doesn’t provide a long term sink (Reddy et al. 1996). Relative to 

leaf litter, macrophytes were labile as evidenced by the comparatively low C:N ratios in 

macrophyte biomass.  The relatively high C:N ratios in the leaf litter are indicative of the 

microbial decomposition of organic matter which tends to increase the C:N ratio (de 

Junet et al. 2005). The comparatively low C:N ratio of macrophytes suggests that the N 

and P held in macrophyte biomass will be turned over more rapidly upon senescence 

relative to leaf litter. Macrophytes are also subject to release via decomposition as a result 

of seasonal cycles of macrophyte growth, or disturbances such as changes in the water 
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level which cause the turnover of macrophyte N and P (Reddy et al. 1999). The ultimate 

fate of much of this N and P may be decomposition and incorporation of organic N and P 

into the sediment matrix (Mitsch et al. 1979, Reina et al. 2006).  

 

3.4.4. Nitrogen and phosphorus export in Azolla biomass during a flow event  

In UBRA the biomass of Azolla was substantially reduced after the first flow event of the 

wet season. The magnitude of this event in the context of historic peak flows was 

relatively small (75th – 95th percentile of historic flows). It did however result in the 

removal of most of the biomass of Azolla from the reach. Furthermore, in the biomass 

samples taken from UBRG post event, Azolla biomass was small. During, a previous visit 

(August 2005) to this site Azolla was visually estimated to have covered about 70% of the 

water surface. The low Azolla at UBRG was therefore most likely the result of export 

during the first flow event of the wet season 4 days prior to macrophyte sampling. 

Together with the data from UBRA this suggests that Azolla biomass is a relatively 

mobile nutrient store that is transported downstream during flow events.  

 

Macrophyte transport during spates may be an important component of total N and P 

export. The estimated N and P content of Azolla in the mid to lower reaches of the UBR 

was approximately 8 and 5% of the total P and N export over the study period. This is a 

substantial amount considering that this type of output is not being quantified in most 

catchment export budgets. This may be an important omission given the potential 

implications of this type of export downstream. A large flux of organic material may 

increase the rate of decomposition and mineralisation in downstream bed sediments 

(Findlay et al. 1986, den Heyer and Kalff 1998, Vichkovitten and Holmer 2004). This in 

turn may provide a substantial source of bioavailable N and P to the water column and 

promote anoxic conditions in bed sediments as the demand for dissolved oxygen 

increases as a result of increased microbial activity (Wetzel 1999).  
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3.4.5 Nitrogen and phosphorus export from the UBR during the 2005/2006 wet 

season 

There were clear seasonal and intra-seasonal components to nutrient export from the 

upper Brisbane River. The total N and P exported from the river system over the summer 

wet season of 2005/2006 (Dec 05 – Mar 06) also made up the bulk of N and P exported 

on an annual basis from June 2005 to May 2006. From June 2005 until the start of the 

study in late November 2005, discharge had been at or near zero. Likewise in the period 

from March 2006 until June 2006 discharge was negligible. Therefore the periods outside 

of the wet season had very little bearing on N or P export. Furthermore, comparison of N 

and P export during this study with estimates from 2003 and 2004 show the extent to 

which nutrient exports vary between years.  Total N and P loads during the wet season 

were substantially less than estimates from 2004 but more than double the annual P load 

for 2004 (Chapter 2).  

 

In addition to clear seasonal and annual variations in P export, the river system also 

demonstrated a substantial intra-seasonal variability. Despite constituting more than 45% 

of the study period, the contribution to total P loads from daily flows below the long term 

median was small (~ 2%). In addition, on days where discharge was below the long term 

median, the amount of P export (T d-1) relative to the estimated instream P stocks was 

minor (< 0.02%). In contrast, the period of time where flows were above the 95th 

percentile made up only 2% of the study period but contributed 38% of the total P load. 

During this time the ratio of daily P export (T d-1) to P stocks (T) increased substantially 

to between 1.5 and 2.5%. Clearly the flow regime of the UBR resulted in substantial 

variation in terms of P transport between low (< median) and peak flows (> 95th 

percentile). This is consistant with other studies of P export in tropical Australian Rivers 

(Brodie and Mitchell 2005). In terms of the conceptual model presented in Chapter 1, this 

variation represents a substantial shift in the relative importance of transport and 

transformation in river P dynamics.  

 

The relative importance of P transformation and transport under different flow regimes 

can be represented by;  
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PT / PE 

Where; 

PT = mass of P transformed between dissolved and particulate forms 

PE = mass of P exported from the river 

 

Although PT is not known, by comparing PE at median flow (52 kg) with the instream P 

storage (18.1 T) it is possible to estimate the proportion of the instream P stock that 

would need to be processed for PT: PE to equal 1. Where the ratio of PT to PE equals 1, the 

mass of P transformed between dissolved and particulate forms is equal to the mass of P 

exported from the river. Over the 55 days of below median discharge approximately 52 

kg of P was exported from the river. This equates to approximately 0.3% of the instream 

P stock and therefore it would require the instream P stock to be transformed between 

dissolved and particulate forms at a rate of 0.005% of total P stock d-1 for PT: PE to equal 

1. At peak flow the total P export was equivalent to 5.4% of instream P stock and 

therefore for PT:PE to equal 1, 1.8% of total P stock would need to be exchanged between 

dissolved and particulate forms per day.  Using published values on sediment P fluxes 

and macrophyte uptake, and coupling this with estimates of total instream P storage it is 

possible to estimate a range of values for PT. 

 

Malecki et al. (2004) reviewed flux rates of FRP across the sediment-water interface in a 

range of aquatic ecosystems and reported values ranging from 0.05 to 53.0 mg m-2 d-1. As 

a proportion of total P stocks in the UBR, these flux rates equate to between 0.00014% d-

1 and 0.151% d-1 of total P stocks. Pelton (1998) reported uptake rates for macrophytes of 

between 0.03 and 0.11 mg P g d-1 which equates to between 0.00076% and 0.0035% of 

total P stock per day in the UBR. At median flow P export as a proportion of total reach 

stocks was 0.005% d-1. This means that at the lower range of sediment flux estimates the 

mass of P exchanged between sediment and water column compartments would be 

approximately 3% of the P exported (PT:PE = 0.03). At the higher range of sediment flux 

estimates the proportion of P exchanged across the sediment water interface would have 

been 30 times greater than the amount of P exported. At the lower range of macrophyte 

uptake rates, the amount of P assimilated into macrophyte biomass would have been 
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approximately 15% of P export while macrophyte uptake based on the upper range of 

Pelton et al. (1998) would have been 70% of P export. Assuming that the majority of 

transformation of P between dissolved inorganic and particulate forms occurs between 

macrophyte, sediment and water column compartments the sum of the mass of sediment 

flux and macrophyte uptake provides an estimate of PT. Using these values, PT:PE ranges 

from 0.18 to 30.7 during periods in the flow regime where discharge is at the median. It is 

therefore clear that for a large part of the flow regime the amount of P exchanged 

between sediment, water column and macrophytes is likely to be substantial relative to 

the amount of P that is transported from the system.  

 

During peak flow (> 95th percentile), for PT:PE to have equalled 1, P would have had to 

have been transformed between dissolved and particulate forms at a rate of 1.8 % of the 

instream reach stock d-1. Even at the upper range of estimates for sediment fluxes and 

macrophyte uptake, the mass of P transported would have been more than 10 times the P 

exchanged between sediment and water compartments, and 500 times greater than 

macrophyte uptake. At the lower range of sediment and macrophyte flux rates the mass 

of P transported would be at least four orders of magnitude greater than the mass of P 

exchanged between dissolved and particulate forms instream. Furthermore, uptake of P 

by macrophytes at peak flow is likely to be substantially reduced due to lower uptake 

rates and reduced instream biomass at peak flow (i.e. export of Azolla). The majority of 

exchanges of P between dissolved and particulate forms would therefore have to occur 

between sediment and water column compartments at peak flow. In terms of the 

conceptual model the peak flow during this study could be considered to represent the 

transport phase of P dynamics because during the event the cycling component of the P 

spiral was substantially reduced, and P dynamics were dominated by transport processes.    

 

In conclusion, this study has demonstrated that bed sediments are the dominant P store in 

a dry subtropical river system. There is substantial potential for the sediment to supply P 

to other ecosystem compartments, particularly during periods where inputs to the river 

system are reduced. Due to differences in the stoichiometry of bed sediment and biomass 

compartments there was a more even distribution of N between sediment and biomass 
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pools relative to P. The relative importance of macrophyte and leaf litter storage could be 

explained by the presence or absence of riparian shading. In reaches with riparian shading 

P was partitioned between leaf litter and macrophyte biomass while in the wider 

unshaded reaches in the mid to lower UBR macrophyte biomass dominated instream 

biotic P storage. The study highlighted the potential importance of macrophyte export 

during flow events particularly for the free floating Azolla species. Wet season P export 

from the river system was approximately equal to macrophyte storage in the mid to lower 

UBR indicating that transport from the river system during flow events could deliver 

substantial quantities of organic P to downstream ecosystems. The total P load at UBRG 

was approximately 17% of the P stored in the top 2 cm of bed sediments in the mid to 

lower UBR and therefore there is also considerable potential for bed sediments to 

contribute large quantities of P to downstream ecosystems as suspended sediments or bed 

load during flow events.  
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Chapter 4: Comparison of Phosphorus speciation and sorption 

in soils and sediments of a subtropical river catchment 
 
4.1. Introduction 
When soils are transported into river systems via erosion processes, they become subject 

to a pattern of alternating sedimentation, resuspension and transport instream. This occurs 

against a backdrop of abiotic and biotic processes which transform P between different 

forms of varying lability (Mainstone and Parr 2002, Katsaounos et al. 2007). Of 

particular importance are P sorption reactions which may buffer the concentration of 

PO4
3- in the water column (Froelich 1988) and as such play a key role in riverine P 

dynamics by altering the amount, timing and form of P exported to downstream 

ecosystems. In order to understand P dynamics in dry subtropical rivers it is therefore 

important to quantify the P sorption properties of the sediments. Importantly, the capacity 

of riverbed sediments in dry tropical river systems to function as a source or a sink of 

PO4
3- to the water column has important implications to downstream ecosystems.  While 

estimates of P sorption exist for a range of mostly temperate river systems, there is a high 

degree of variation between study sites and therefore their usefulness in describing P 

exchanges in dry tropical river systems is limited.  

 

The extent to which the P sorption properties of eroded soils change as they are 

deposited, stored and transported through rives is unclear in both dry tropical and 

temperate systems. Several key soil properties including amorphous and poorly 

crystalline forms of Fe and Al (Bolland et al. 1996, McDowell and Sharpley 2001, Pant 

and Reddy 2001), redox conditions (Olila and Reddy 1997, Rhue and Harris 1999, Pant 

and Reddy 2001), organic matter content (Borggaard et al. 2005, Yoo et al. 2006), 

particle size distribution of sediments/soils (Meyer 1979, House and Warwick 1999, 

Lottig and Stanley 2007) and pH (Bolland et al. 1996, Eckert et al. 1997, Yoo et al. 2006) 

have been associated with P sorption. Several of these factors are likely to differ 

substantially between terrestrial and aquatic environments and this may result in 

differences in P sorption between river sediments and the soils from which they were 
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derived. The majority of data however come from separate studies of either soil 

(terrestrial) or sediment (aquatic) sorption and there is a lack of data which compares P 

sorption between soil and sediment systems.  

 

This study compares the P sorption properties of sediments and soils in the UBR 

catchment. The purpose of the comparison is to firstly determine if there are any 

differences between soils and sediments in terms of P sorption. Secondly, the study aims 

to identify the major soil and sediment variables governing P sorption rates across the 

catchment. Specifically the study will contrast P sorption with P speciation, organic 

matter content, amorphous and poorly crystalline Al and Fe, particle size distribution and 

pH. The final objective of the study is to determine if the sediments in the UBR are likely 

to function as a source or a sink of PO4
3- to the water column. The specific objectives of 

this study are focused on developing a clearer understanding of the role of 

adsorption/desorption exchanges in the P dynamics of dry subtropical river systems.  

 

4.2. Methods 
4.2.1. Study sites and sampling 

Samples were collected at sites along the upper Brisbane River (UBR) and Emu Creek 

over three days in February 2007. Sites along the UBR ranged from the upper reaches at 

UBR17 to the lower reaches immediately upstream of Wivenhoe dam (UBRO) (Fig 4.1). 

The sites corresponded to regions identified by Douglas et al. (2007) as being the 

principal source of sediments to Wivenhoe dam. At each site, five replicate samples of 

bed sediments, streambank soils and surface soils were collected. Sediment samples were 

collected using a PVC hand corer and the top 2 cm was extruded on site. Three cores 

were taken from each sampling point and homogenised to form a composite sediment 

sample with a total of five composite samples per site. To avoid oxidation of sediments 

during transport and storage, sediment samples were stored in zip lock bags inside a 

larger bag filled with sediments. The outside layer of sediments acts as a boundary to 

oxidation because any oxygen is first consumed by the outer layer (Baldwin 1996a). Soil 

samples were collected from stream bank and surface soils (0-2 cm) using a stainless 

steel trowel, to give a total of five composite samples for each soil type at each site. Apart 
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from a minor flow event in late January 2007 there had been little flow in the main arm of 

the upper Brisbane prior to sampling. The last major flow event occurred approximately 

12 months earlier (Fig 4.2) and therefore the bed sediments collected in this study should 

have consisted primarily of sediments which had been instream for at least 12 months.   

 

 
 

Figure 4.1 Map showing the location of sampling sites within the upper Brisbane 

River catchment 
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Figure 4.2 Plot showing discharge (ML d-1) in the upper Brisbane River at Linville 

prior to the collection of sediment and soil samples 

 

4.2.2. Sediment characteristics 

Soil and sediment pH was determined using a pH electrode in a 1:2 slurry of 

soil:deionized water (Darke and Walbridge 2000). Organic matter was determined as loss 

on ignition (LOI) by recording the ratio of the weight loss at 560°C and the original dry 

weight of sample (Qui and McComb 2002). Percent moisture content was determined 

gravimetrically by drying 15-35 g aliquots of each bulk sample to a constant mass at 

60°C (Darke and Walbridge 2000). Particle size analysis was determined by sieving dried 

sample through a set of sieves of decreasing aperture ranging from 63 µm to 2 mm 

(Gordon et al. 1992). Amorphous and poorly crystalline forms of Fe and Al were 

determined through extraction in a 0.2M acid oxalate solution for 4 h in the dark on an 

end over end shaker (Buurman et al. 1996). Fe and Al were then determined in the 

extracts using Flame Atomic Adsorption Spectrophotometry (GBC Avanta Sigma, 

Melbourne).  

 
4.2.3. Phosphorus sorption  

The P sorption characteristics of sediment and soils were determined using batch 

equilibrium experiments based on the method of  Nair et al. (1984). 0.5 to 1 g (dry weight 

equivalent) of sieved (< 1 mm) soil and sediment samples were placed into 50 ml 
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centrifuge tubes and treated with 2 drops of chloroform and 25 ml of standard phosphorus 

solutions ranging in concentration from 0 to 100mg l-1. Standard phosphorus solutions 

were prepared using analytical grade anhydrous KH2PO4 in a 0.01M CaCl matrix. 

Samples were incubated at 25 ± 2°C in an end over end shaker for 24 h before being 

centrifuged at 4000 g for 15 min. The supernatant was then filtered through 0.45 µm 

membrane filters (Millipore, U.S.A) and determined for filterable reactive phosphorus 

(FRP) based on the method of Murphy & Riley (1962). The amount of P retained by the 

sediment and soil at equilibrium (S’) was calculated as the difference between the 

concentration of P in solution at 24 h and at 0 h.  

 

For sediment samples, sorption experiments were carried out in oxic and anoxic 

conditions. For the anoxic experiment reagents were first deoxygenated by bubbling with 

N2 gas prior to equilibration with sediments. After addition of deoxygenated P solutions 

to each sediment sample the sediment slurry was further purged of oxygen by bubbling 

N2 gas through each sample for a minimum of 10 minutes prior to shaking samples 

overnight. The dissolved oxygen (DO) concentration was tested in each sample prior to 

samples being put on the shaker. The DO in the anoxic treatments was < 2% saturation 

while the oxygenated samples (i.e. no N2 bubbling) had > 50% saturation at the 

beginning of each experiment. 

 
The total amount of P adsorbed by the sediment and soil was calculated as follows: 
 
S = S’ + So          [1] 

where  

S = total adsorbed P (mg kg-1) 

S’ = amount of added P retained by sediment (mg kg-1) 

So = initial or native sorbed P (mg kg-1) 

 

At low equilibrium concentration the relationship between S’ and the equilibrium FRP 

concentration (C mg l-1) is typically linear (House and Denison 2000). By plotting the 

linear form of S’ vs. C, the intercept is equal to So and the slope is equal to the linear 

adsorption coefficient Kd (L kg-1) (Pant and Reddy 2001).  
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The equilibrium phosphate concentration (EPCo) is defined as the concentration of FRP 

in solution which leads to no net release or sorption of P over 24 h (i.e., S’ = 0) (House 

and Denison 2000). The EPCo was calculated as follows: 

 

EPCo =  So /  Kd         [2] 

 

The P sorption maximum (Smax, mg kg-1) and bonding energy constant (k, L mg-1) were 

estimated using the Langmuir equation (Pant and Reddy 2001): 

 

C / S = 1 / k × Smax + C / Smax        [3] 

 

By plotting C / S vs. C, the slope is equal to 1 / Smax and the intercept is equal to 1 / k × 

Smax (Pant and Reddy 2001). 

 

4.2.4. Sequential extraction  

Samples for sequential extraction were sieved through 1 mm mesh and then ground using 

a Retsch MM200 mixer mill (Haan, Germany). Sequential phosphorus extraction was 

carried out using the SMT protocol (Ruban et al. 1999, Ruban et al. 2001, Pardo et al. 

2004). The SMT protocol is an operationally defined scheme based on the Williams 

method which separates sediment P into five fractions using three leaching procedures 

applied to separate samples. It should be noted that these are operationally defined terms 

and not necessarily a true measure of particular P species. The procedure involved 

extracting (16 h) the P bound to Fe, Al and Mn oxyhydrates with 1M NaOH followed by 

treatment of an aliquot of the NaOH extract with 3.5M HCl to determine Non Apatite 

Inorganic Phosphorus (NAIP). The residue of this extraction was then extracted (16 h) 

with 1M HCl to remove the Ca-bound P associated with carbonates to determine Apatite 

Inorganic Phosphorus (AIP). On a separate sample, an extraction (16 h) using 1M HCl 

was performed to remove Inorganic Phosphorus (IP) with the residue dried, calcinated at 

450°C for 3 h and treated with 1M HCl to remove the phosphorus associated with 

Organic Phosphorus (OP). Total Phosphorus (TP) was obtained on a separate sample by 
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calcination at 450°C for 3 h followed by extraction (16 h) with 3.5M HCl (Pardo et al. 

2004). Sediment extracts were determined for FRP based on the method of Murphy & 

Riley (1962).  

4.2.5. Statistical Analysis  

Statistical analyses were performed using the Statistical Package for the Social Sciences 

(SPSS) version 14.0.1. Variations in mean values were calculated and reported as 

standard deviations. All samples were assessed for normality (Shapiro-Wilk test) and 

homogeneity of variance (Levenes test). When the assumption of homogeneity of 

variance was violated, data were transformed using a logarithmic transformation. 

Statistical differences between soil types were then calculated using one-way or two way 

ANOVA. Non-parametric Mann-Whitney test were conducted where homogeneity of 

variance could not be achieved through logarithmic transformation. The degree to which 

the variation between two or more variables was shared was investigated using regression 

analysis and expressed as the coefficient of determination (R2).  

 

4.3 Results 
The physiochemical properties of soils and sediments were compared (Fig 4.3). The pH 

of surface soils was lower than that of the streambank soils and streambed sediments. The 

proportion of fine material (< 63 µm) showed considerable variation within the sediments 

and to a lesser extent in the surface soils but not in the streambank soils. Oxalate 

extractable Fe (Feox) and Al (Alox) showed different patterns in soils and sediments. For 

Alox the concentrations across soils and sediments were similar while for Feox there was 

significantly higher (P >0.05) Feox in the sediments and streambank soils relative to 

surface soils. Feox was highest in the sediments of the upper reaches of the catchment. 

Exchangeable-P (NH4Cl-P) was significantly lower (P < 0.05) in sediments relative to 

both surface and streambank soil. Exchangeable-P was highest in the surface soils of 

UBR12 and UBRA. LOI in sediment and surface soil was highly variable and there were 

no significant differences between sediments and soils (P > 0.05).  
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4.3.1. Phosphorus fractionation of sediments and soils  

TP concentration was highly variable between samples ranging from 174 ± 11 mg kg-1 

dry wt. in the sediment of Emu Creek to 1019 ± 79 mg kg-1 dry wt. in the surface soils of 

UBR17 (Fig 4.4). The source of much of the variability in TP across the catchment 

related to variation between sites rather than variation due to different soil types. A two 

way factorial analysis of TP concentration demonstrated a significant interaction (P < 

0.05, partial Eta squared = 0.784) between soil type (i.e. sediment, streambank and 

surface soil) and site within the catchment. However, the main effect of site was more 

important than soil type as demonstrated by partial Eta squared values of 0.959 and 0.554 

for site and soil type respectively.  

 

The upper reaches of the catchment at UBR17 and UBR12 were relatively high in TP for 

both sediments and soils. There was a general trend of decreasing TP from upstream 

(UBR17) to downstream sites (UBRO) in the streambank and surface soils with decreases 

in surface soil TP generally proportional to decreases in streambank soil TP (Fig 4.4). For 

the sediments the trend of decreasing TP with distance downstream was similar to that 

seen in the soil samples in the upper catchment (UBR17 – UBRM) but not for sites in the 

lower catchment. At the mid to lower catchments sites (UBRA – UBRO) the sediment TP 

concentration was equal to or greater than the adjacent soils.   
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Figure 4.3 Plots showing the physiochemical properties and exchangeable P (NH4Cl-

P) content of streambed sediments, streambank soils and surface soils in the upper 

Brisbane River catchment. LOI and fines are presented as a percentage (%), Feox 

and Alox as mg g-1 and NH4Cl-P as mg kg-1  
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Figure 4.4 Total phosphorus in the sediments and soils at each site  

 

Sediment and soil P within the catchment was dominated by the AIP fraction making up 

between 40 and 70 % of TP (Fig 4.5). Mean sediment AIP ranged from 122 mg kg-1 dry 

wt. at Emu Creek to 389 mg kg-1 dry wt. at UBR17 with the majority of other sites having 

mean values of 200 – 300 mg kg-1 dry wt. Mean AIP concentrations for streambank soils 

were similar to sediments with values ranging from 186 mg kg-1 dry wt. at UBRG to 518 

mg kg-1 dry wt. at UBR17 while mean surface soil AIP ranged from 206 to 389 mg kg-1 

dry wt. at UBRG and UBR17 respectively. There were no significant differences in terms 

of AIP between soils and sediments (P > 0.05) with the majority of variation in AIP 

occurring between sites rather than between soil types.     

 

NAIP and OP also made up a substantial proportion of TP within the catchment. As a 

proportion of TP, NAIP ranged from 13 % within the streambank soil of UBR17 to 33 % 

for the surface soils of UBRO. Mean NAIP concentration was lowest within the sediment 

at Emu Ck (28 mg kg-1 dry wt.) and highest in the surface soil of UBR17 (415 mg kg-1 

dry wt.). Overall NAIP was significantly higher (P < 0.05) in the surface soils than in the 

streambed sediments or streambank soils. There was no significant difference in mean 

NAIP between sediment and streambank soils. Mean NAIP was more variable within the 
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surface soils (range = 215 mg kg-1 dry wt.) and sediment (range = 205 mg kg-1 dry wt.) 

relative to the streambank soils (range = 103 mg kg -1 dry wt.).  Mean OP concentration 

ranged from 33 mg kg-1 dry wt. within the sediment at Emu Ck to 297 mg kg-1 dry wt. in 

the surface soil at UBR17. As a proportion of TP, OP comprised between 19 and 34 %. 

OP was significantly higher in the surface soils than in the streambed sediments (P < 

0.05) but there were no significant differences in OP between surface soils and 

streambank soils or between streambank soils and sediment (P > 0.05).  

 
There was a significant positive correlation (P < 0.01) between TP and all three P 

fractions within the catchment soils and sediments (Table 4.1). OP exhibited the strongest 

correlation with TP (r = 0.953) while the inorganic fractions NAIP and AIP showed 

similar correlations with TP (r = 0.857 and 0.872). NAIP was more strongly correlated 

with OP than with AIP (r = 0.886 and 0.535). NAIP was positively correlated with Alox (r 

= 0.677), % fines (r = 0.633) and LOI (r = 0.677) but not with Feox.  Stepwise regression 

of NAIP concentration versus Alox, LOI and percent fines indicated that Alox alone was 

the best predictor of NAIP (P < 0.05) with approximately 43 % of the variation in NAIP 

explained by the concentration of Alox. OP was also correlated with Alox (r = 0.759), LOI 

(0.706) and % fines (0.599). AIP was also correlated with LOI and Alox but relative to 

NAIP and OP the correlation coefficients were smaller and there was no significant 

correlation (P > 0.05) between % fines and mean AIP.  
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Figure 4.5 NAIP, AIP and OP (mg kg-1 dry wt.) in streambed (a), streambank (b) 

and surface soil (c) samples at sites within the upper Brisbane River catchment 
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Table 4.1 Pearson correlation coefficients between P fractions and physiochemical 

properties in sediments and soils of the UBR (* P < 0.05, **P < 0.01)   

       

  

NAIP 

 

 

AIP 

 

OP 

 

TP 

 

% Fines 

 

Feox 

 

Alox 

 

% LOI 

         
NAIP 1.00 0.535** 0.886** 0.857** 0.633** -0.036 0.677** 0.677** 
AIP  1.00 0.721** 0.872** 0.403 0.261 0.616** 0.574** 
OP   1.00 0.953** 0.599** 0.060 0.759** 0.706** 
TP    1.00 0.587** 0.122 0.770** 0.727** 
% 
Fines 

    1.00 0.299 0.637** 0.694** 

Feo      1.00 0.427* 0.325 
Alo       1.00 0.817** 
% 
LOI 

 

       1.00 

 
 
4.3.2. Phosphorus sorption in sediment and soil 

The sorption isotherms from the batch equilibrium experiments were interpreted by 

fitting the data to the Langmuir isotherm (Fig 4.6 – 4.8). The sorption isotherms for the 

sediment samples exhibited substantial variability relative to the sorption isotherms of the 

streambank soils. The surface soil isotherms were also relatively variable across sites. 

Overall the sediments appeared to exhibit a much greater affinity for added P relative to 

the surface soils and to a lesser extent the streambank soils. From the Langmuir equation 

the parameters Smax and k were determined. Smax ranged from 93 mg kg-1 dry wt. in the 

surface soils of UBR to 2534 mg kg dry wt. for sediment at UBRA (Table 4.3). Sediment 

and streambank soil Smax was significantly higher than surface soils (P < 0.05) but there 

was no significant difference in Smax between sediments and streambank soils (P > 0.05). 

The sorption constant k was significantly higher (P < 0.05) in the sediments relative to 

soils and ranged from 0.152 L mg-1 at UBR3 to 1.509 L mg-1 at UBR17.  Within the soils 

k ranged from 0.025 L mg-1 in the surface soils of UBR12 to 0.558 L mg-1 in the surface 

soils of Emu Ck. 
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In addition to the differences in Smax and k there were also differences between soil types 

for other sorption properties (Table 4.3). The linear adsorption coefficient (Kd) and the P 

adsorption energy coefficient (Kf) were both significantly higher in streambed sediments 

than in surface or streambank soils (P < 0.05). Kd in the sediment ranged from 419 L kg-1 

at Emu Ck to 7131 L kg-1 at UBR17 with higher values occurring in the sediments of 

UBR17, UBR12 and UBRA. Within the surface soils Kd was highly variable ranging 

from 19 L kg-1 at UBRA to 296 L kg-1 at Emu Ck while in the streambank soils Kd 

ranged from 129 L kg-1 at UBR17 to 476 L kg-1 at UBRO. Streambank soil Kd was 

significantly higher than surface soil Kd (P < 0.05). The values for the bonding constant 

kf, estimated using the Freundlich equation showed similar patterns to that of Kd. Both 

these parameters relate to the bonding energy of soil particles with higher values 

indicating a greater affinity for P and there was a significant correlation (P <0.01) 

between Kf and Kd (r = 0.961) (Table 4.4).  

 

The EPC0 values within the catchment sediments and soils were also variable between 

sites and soil types (Table 4.3). With the exception of Emu Ck the EPC0 values were 

lower in sediments than in either surface or streambank soils and ranged from 0.001 mg 

L-1 at UBR17, UBR12 and UBRA to 0.067 mg L-1 at Emu Ck. EPC0 values of 

streambank and surface soils ranged from 0.036 mg L-1 for streambank soil at UBRA to 

1.244 mg L-1 for surface soil at UBRA. EPC0 was significantly higher in surface and 

streambank soils than in the sediments and surface soil EPC0 was significantly higher 

than streambank soils. The sorption constants Kf and Kd were both correlated with EPC0 

(r = -0.942 and -0.941) (Table 4.4).   
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Figure 4.6 Langmuir isotherms for streambed sediment showing the increase in sorbed P (mg kg-1 dry wt.) with increasing 

equilibrium FRP concentration (mg l-1) 
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Figure 4.7 Langmuir isotherms for streambank soils showing the increase in sorbed P (mg kg-1 dry wt.) with increasing 

equilibrium FRP concentration (mg l-1) 
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Figure 4.8 Langmuir isotherms for surface soils showing the increase in sorbed P (mg kg-1 dry wt.) with increasing equilibrium 

FRP concentration (mg l-1) 
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Table 4.3 Sorption properties of streambed sediment, streambank soil and surface 

soil in the UBR catchment 

 

 

 
 
 

 

    Site 
 
 

Kd
 

(L kg-1) 
 

So 
(mg kg-1) 

 

EPCo 

(mg l-1) 
 

 
Smax

 

(mg kg-1) 
 

 

k 

(L mg-1) 
 

Kf 
 
 

        

St
re

am
be

d 
se

di
m

en
t 

UBR17 7131.1 4.3 0.001 2417.6 1.509 1034.2 

UBR12 6247.4 14.3 0.002 1685.9 1.209 681.9 

UBR3 2300.4 38.0 0.017 1155.3 0.152 222.8 

UBRM 1076.5 12.1 0.011 1220.6 0.349 321 

Emu Ck 119.7 8.0 0.067 159.9 0.995 69.9 

UBRA 6351.1 0.9 0.001 2534.4 0.816 885.7 

UBRG 384.6 7.5 0.020 648.2 0.129 82.3 

UBRO 497.3 18.0 0.036 602.9 0.179 103.8 

        

St
re

am
ba

nk
 S

oi
l 

UBR17 129.1 19.5 0.151 1029.9 0.045 42.1 

UBR12 156.6 22.8 0.145 765.2 0.063 59.4 

UBR3 223.1 17.3 0.077 1473.7 0.027 49.6 

Emu Ck 141.4 11.7 0.083 1148.6 0.025 50.5 

UBRA 258.1 9.3 0.036 1058.8 0.031 63.7 

UBRG 244.0 11.4 0.047 327.4 0.209 57.3 

UBRO 475.8 26.9 0.056 2099.6 0.144 87.8 

        

Su
rf

ac
e 

So
il 

UBR17 64.7 10.8 0.166 511.6 0.065 37 

UBR12 27.7 32.8 1.182 524.8 0.025 12.4 

UBR3 66.0 14.2 0.215 329.3 0.091 33.1 

UBRM 177.8 15.9 0.090 968.4 0.05 58.6 

Emu Ck 295.9 8.3 0.028 148.2 0.558 49.3 

UBRA 19.5 24.3 1.244 92.8 0.123 18.9 

UBRG 55.8 8.2 0.147 839.3 0.036 35.3 

UBRO 

 

37.1 37.0 0.997 550.1 0.068 40.6 
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Table 4.4 Pearson correlation coefficients for sorption parameters in soils and 

sediments of the UBR catchment (**P < 0.01) 

 
  

Kd 

 

 

EPC0 

 

Kf 

 

k 

 

Smax 

      
Kd 1.00 -0.941** 0.961** 0.682** 0.657** 
EPC0  1.00 -0.942** -0.710** -0.576** 
Kf   1.00 0.739** 0.633** 
k    1.00 0.005 
Smax     1.00 

 
 

 

The concentration of Feox was an important predictor of several sorption parameters. 

There was a positive correlation between the logarithmic values of Kd and Feox with 

approximately 58 % of the variation in Kd shared with Feox. For EPC0 there was a 

negative correlation with Feox and a positive correlation with NH4Cl-P (Fig 4.9). Multiple 

stepwise regression analysis demonstrated a significant relationship (P <0.01) between 

log EPC0 and Feox and NH4Cl-P. Together log Feox and log NH4Cl-P explained 

approximately 76 % of the variation in log EPC0. There was no correlation between Kd, 

EPC0, Kf and either Alox, % fines or LOI. There was also no correlation with any of the 

measured sorption properties and any of the P fractions measured using the SMT 

protocol. The maximum sorption capacity (Smax) of the soils and sediments was 

significantly correlated (P < 0.01) with Feox (r = 0.897), Alox (r = 0.429) and % fines (r = 

0.490). The correlation of Smax with Alox and % fines although significant (P < 0.05) was 

relatively weak compared to Feox with approximately 80% of the variation in Smax shared 

with Feox. Although Feox was strongly associated with Smax there was no correlation 

between Feox and NAIP measured using the SMT protocol. Conversely there was a 

significant relationship between NAIP and Alox but a relatively weak relationship 

between Alox and Smax (Fig 4.10). 
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Figure 4.9 Correlations between (a) Kd and Feox, (b) EPC0 and Feox, and (c) EPC0 

and NH4Cl-P in soils and sediments of the UBR catchment 
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Figure 4.10 Correlations between oxalate extractable Fe and Al (mg g-1 dry wt.) and Smax (mg kg-1 dry wt.) and NAIP (mg kg-1 

dry wt.) in sediments and soils of the UBR catchment  
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4.2.3.1 Comparison of EPC0 and water column FRP in bed sediment 

The EPC0 values for each soil group were compared to median water column FRP in the 

river system during periods of low flow and during event flow (Chapter 3) (Fig 4.11). 

The median EPC0 values in the sediments were similar to median water column FRP 

during periods of low flow while the median event flow FRP was similar to the median 

EPC0 value for streambank soils. Median EPC0 in surface soils was higher than the 

median event flow concentrations.  

 

 
 

Figure 4.11 Comparison of median EPC0 (mg l-1) with median FRP concentration 

(mg l-1) under low (---) and high (―) flow conditions in the upper Brisbane River  

 
The EPC0 varied between sites, particularly at Emu Ck where the EPC0 concentration 

was almost double the next highest site at UBRO (0.067 mg l-1 and 0.036 mg l-1). At 

UBR17, UBR12 and UBRA the EPC0 was relatively low (0.001 – 0.002 mg l-1) while at 

UBR3, UBRM and UBRG the EPC0 ranged from 0.011 mg l-1 to 0.020 mg -1. Correlation 

analysis of river bed sediment (n = 8) found that log EPC0 was negatively correlated with 

log percent fines (R2 = 0.83), log LOI (R2 = 0.72) and log Feox (R2 = 0.65). This was 

different than soils where correlations between EPC0 and soil properties within each soil 
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type were poor (P < 0.05) with the exception of log EPC0 and log NH4Cl-P (R2 = 0.88) in 

surface soils.   

 

The EPC0 concentration estimated for the sediments of the river system have been 

compared to the ambient FRP concentration measured at the time of sampling (Fig 4.12). 

In Figure 4.12 points close to the broken line indicate that the sediment and overlying 

water column were at, or close to equilibrium (i.e. EPC0 : FRP =1). Points below the line 

indicate that the sediment was a net sink for FRP at the time of sampling while points 

above the line indicate the sediment was a net source. Three of the sites (UBR17, UBR12 

and UBRA) appear to have been acting as a net sink for water column FRP while the 

sediments at UBRM, UBRG and UBRO were close to equilibrium. At Emu Ck it would 

appear that the sediment here was a net source of FRP to the water column.  

 

 
 

Figure 4.12 Comparison of bed sediment EPC0 concentrations (mg l-1) with ambient 

FRP (mg l-1) in the water column of 8 sites in UBR catchment  

 
4.3.2.2 Sediment P sorption in oxic and anoxic conditions 

In general, the oxygen content of the solution at the onset of the equilibrium batch 

experiments did not have a substantial effect on P sorption in terms of the EPC0. At 

UBR12 there were small differences in the slope and intercept of a plot of P sorbed 
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versus FRP at equilibrium between oxic and anoxic treatments (Fig 4.13). S0 was higher 

at 23.9 mg kg-1 dry wt. under anoxic conditions relative to oxic at 14.3 mg kg-1 dry wt. 

while kd was only slightly lower in anoxic versus oxic samples. The EPC0 (S0 / kd) at 

UBR12 was slighter higher in anoxic solution (0.004 mg l-1) relative to the EPC0 oxic 

solution (0.002 mg l-1). At UBR17, kd and S0 were higher in anoxic (10,185 L kg-1 and 

63.6 mg kg-1 dry wt.) relative to oxic conditions (kd = 7131 L kg-1 4.3 mg kg-1 dry wt.) 

resulting in a slighter higher EPC0 in anoxic solution (0.006 mg l-1 relative to 0.001 mg l-

1). At UBR3 kd and S0 were also higher under anoxic conditions but this did not result in 

a substantial difference in EPC0 concentration under oxic and anoxic conditions with 

EPC0 values of 0.016 mg l-1 and 0.017 mg l-1 respectively. At UBRM both kd and S0 were 

only marginally lower in anoxic sediments at UBRM (930 L kg-1 and 8.8 mg kg-1 dry wt.) 

relative to oxic sediments (1076 L kg-1 and 12.1 mg kg-1 dry wt.). The EPC0 under anoxic 

conditions was 0.009 mg l-1 and under oxic conditions it was 0.011 mg l-1.  
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Figure 4.13 Comparison of sediment P sorption in oxic and anoxic conditions at UBR17, UBR12, UBR3 and UBRM 
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4.4. Discussion 
4.4.1. Phosphorus sorption in sediment and soil 

There were significant differences in the sorption properties of sediments relative to 

streambank and surface soils. Comparisons of sediment and soil sorption from a single 

catchment are scarce making it difficult to ascertain if this was a region-specific 

phenomenon or a reflection of the physiochemical transformation of eroded soils in 

aquatic systems in general. In a study of sub-tropical streams and wetland soils, Reddy et 

al. (1995) reported a higher P buffer intensity for sediments relative to wetland soils but 

did not propose a mechanism for this difference. Wen and Recknagel (2006) found that 

natural wetland sediments had a higher Smax and lower EPC0 than surrounding soils in the 

lower Murray River catchment and that inundation of P rich soils in mesocosms fed 

continuously with drainage water increased Smax and lowered EPC0. While the cause of 

these changes was not determined it was suggested that increased organic matter may 

have been important (Wen and Recknagel 2006). McDowell and Sharpley (2001) 

compared the P chemistry of exposed streambank and submerged bed sediments from an 

agricultural catchment in central Pennsylvania, USA and found that streambank soils had 

higher TP and lower EPC0 relative to bed sediments. The opposite was true in this study 

where EPC0 was generally lower in streambed sediments than in streambank soils. 

McDowell & Sharpley (2001) attributed the higher EPC0 in streambed sediment to a 

greater proportion of sand sized material relative to streambank soil. While there was a 

correlation between Smax and percent fines in the UBR catchment, other important 

parameters such as Kd and EPC0 were not related to percent fines. Furthermore, in this 

study stepwise regression analysis indicated that Feox alone was the best predictor of 

maximum sorption capacity.  

 

The higher concentration of Feox in sediments relative to soils appears to have had a 

substantial effect on P sorption across terrestrial and aquatic components of the 

catchment. High concentrations of amorphous and poorly crystalline forms of Fe were 

associated with higher Smax and kd and lower EPC0 in the catchment.  Feox levels were 

substantially higher in streambed sediments despite other parameters such as P fractions 

and Alox concentrations varying spatially rather than between sediments and soils. The 
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higher Feox in the bed sediments relative to catchment soils may be the result of 

preferential export of soils high in Feox into the river system or a result of chemical 

transformations that have occurred instream.  

 

Saavedra & Delgado (2005) compared the P and Fe content of eroded soils and 

suspended sediments from Mediterranean, agricultural soils and attributed elevated P 

levels in suspended sediments to increased Fe concentration in sediments relative to 

source soils. The mechanism put forward by Saavedra & Delgado (2005) as an 

explanation for the elevated Fe and P in sediments was a physical one whereby erosion 

processes preferentially exported Fe (and associated P) rich material. If the observations 

of the current study were a result of such processes it would be expected that there should 

also be elevated levels of other parameters such as P, Al, percent fines and OM. This was 

not the case in this study and it is therefore unlikely that a simple physical transport 

mechanism will suffice to explain the differences observed in the upper Brisbane River 

catchment. A more likely explanation is that chemical processing of soils once they enter 

the river system caused transformations which elevated the level of amorphous Fe in the 

sediments relative to the source soils.  

 

Sah et al. (1989b) compared Fe speciation in soils before and after flooding and found 

that in soils with an initially low amorphous to free Fe ratio the amorphous fraction 

increased at the expense of free Fe oxides as flooding period increased. Furthermore, 

flooding soil increased P sorption by 10 – 70% in half of the 10 soils measured (Sah et al. 

1989a). Organic matter treatment and elevated temperature during flooding further 

increased both the Fe transformation and the P sorption and shortened the flooding period 

time at which P sorption reached maxima (Sah et al. 1989a, b). More recently, Zhang et 

al. (2003) found that soil flooding significantly increased amorphous Fe (Feox), mainly at 

the expense of more crystalline forms (dithionite-soluble Fe) in paddy soils of southeast 

China. Flooding also largely increased P adsorption and maximum P adsorption capacity 

and the P adsorbed by flooded soils was much less desorbable than that from non-flooded 

soils (Zhang et al. 2003).  
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This provides a very plausible explanation for the differences in the sorption properties of 

sediments relative to streambank and surface soils in the upper Brisbane River catchment.  

 

As eroded soils are transported into the river system the Fe in these soils undergo 

transformations which result in a higher proportion of amorphous species and this in turn 

increases the P sorption capacity of the sediments. In dry tropical river systems where 

water residence times can be long, this type of mechanism could produce a relatively 

large increase in P adsorption maximum, P buffer intensity and a lowering of the EPC0. 

In a study of an Australian reservoir, Baldwin (1996a) proposed a similar mechanism to 

explain differences in the sorption properties of sediments that had undergone various 

levels of drying due to drawdown. In the eutrophic Chaffey reservoir the ratio of labile to 

total Fe increased from dry to inundated sediments despite total Fe remaining relatively 

constant. It was suggested that if the labile fraction consisted of mostly amorphous, 

reactive, high surface area Fe phases then the sediments from the wet area contained a 

higher ratio of amorphous to crystalline Fe phases than dry sites (Baldwin 1996a).  

 

There were important differences in the EPC0 values measured for sediments and soils. 

The results suggest that eroded soils will sustain higher water column FRP concentrations 

relative to existing streambed sediments. This has very important implications for not 

only the ecology of the river system itself but also for aquatic ecosystems downstream, in 

this case Wivenhoe reservoir. The absolute concentrations of bioavailable nutrients 

delivered to a stream from the catchment are critical factors determining downstream 

ecological function (Vink et al. 2007) and P adsorption-desorption reactions between 

suspended sediment and aqueous phases may be an important means of regulating 

bioavailable P in river systems with high suspended sediment loadings (Froelich 1988, 

James and Barko 2004). Within the UBR it appears that there are two broad phases in 

terms of P exchange between solid and aqueous phases. The first phase is governed by 

the EPC0 of catchment soils entering the river system during large rain events. The 

second phase occurs during periods of low flow, where the water column FRP is 

controlled by sediments deposited on the streambed which have a lower EPC0 and in turn 

produce lower water column FRP. 
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Comparison of bed sediment EPC0 with median FRP at low flow from the P partitioning 

study (Chapter 3) suggests that exchange of FRP at the sediment water interface is an 

important mechanism for buffering water column FRP at low flow. Furthermore, the 

comparison of water column FRP with sediment EPC0 at the time of sampling indicated 

that at several sites the sediments were acting as a net sink for water column FRP. 

Broadly speaking the study sites in the UBR consisted of bed sediments with high percent 

fines, organic matter and amorphous Fe and low EPC0 (UBR17, UBR12 and UBRA) and 

bed sediments with a low proportion of fines, organic matter and amorphous Fe and a 

higher EPC0 (UBR3, UBRG, UBRM and UBRO). This is likely to be important during 

periods of low flow where the drawdown of surface waters isolates individual reaches 

within the river system. This is consistent with the serial discontinuity concept whereby 

there are shifts in biotic and abiotic patterns and processes along a river continuum as a 

result of impoundments (Ward and Stanford 2006). A similar response may be expected 

as individual reaches become isolated during periods of low rainfall in the catchment. 

The exchange of FRP across the sediment water interface is likely to be particularly 

important during this time in terms of the degree to which individual pools support 

primary production. It would be expected that in reaches with bed sediments similar to 

those at UBR17, UBR12 and UBRA the ambient FRP would be lower than in the other 

sites. Therefore the supply of FRP to primary producers would be expected to vary 

substantially between isolated pools depending on the EPC0 of the bed sediments.  

 

At several sites the EPC0 was considerably lower than the ambient FRP at the time of 

sampling. Assuming the system was in equilibrium, a possible explanation for the 

difference between EPC0 and ambient FRP at the time of sampling may relate to the DO 

content of the water column. The results of this study showed an increase in EPC0 under 

anoxic conditions at the UBR17 and UBR12 sites. Although the increase was only small 

the EPC0 concentrations of sediments equilibrated under anoxic conditions were closer to 

ambient concentrations at the time of sampling than the EPC0 concentrations in oxic 

conditions. It should also be noted that the redox condition of the sediment samples was 

not measured and therefore it may be that in situ redox conditions where more anerobic 

than during laboratory incubations, resulting in higher EPC0 in samples than in situ. 
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Another possible explanation for the higher FRP at some sites is that inputs to the water 

column from mineralisation, livestock or subsurface flow exceeded the capacity of 

sediments to maintain equilibrium with water column FRP at the time of sampling. The 

rate at which the equilibrium between sediment and water column is re-established after 

inputs from any of these sources may become limited by diffusional exchange of FRP 

across the sediment water interface (House et al. 1995) resulting in ambient FRP above 

the EPC0 of the sediment. 

 

Comparison of the EPC0 concentration of soils and sediments with event flow FRP in the 

UBR indicates that streambank and surface soils may be an important source of FRP 

during flow events. It appears that eroded soils will first act as a net source of FRP during 

rain events and then switch to a net sink after they are deposited on the streambed. While 

the length of time for this switch cannot be ascertained from this study it is clear that 

initially (24 h) the EPC0 of surface and streambank soils should result in FRP 

concentrations similar to those measured during event flows. Post event, the equilibrium 

between the sediment and water column will likely depend on the relative amount of 

freshly deposited soils, pre-event flow bed sediments, and the degree to which 

streambank soils are submerged as water levels rise. The equilibrium between the 

sediment and water column will likely reflect the individual distribution coefficients of 

the various bed sediment materials and the relative amount of each component in the 

sediment composite (House et al. 1998). Therefore it might be expected that in channel 

beds with a high level of recently eroded soils the EPC0 would be higher than in reaches 

where the stream bed is comprised predominately of sediments that have been in the river 

system for a longer time.   

 

A combination of low amorphous Fe and relatively high exchangeable P appear to be 

important factors leading to the higher EPC0 in streambank and surface soils. The low 

Feox and high exchangeable P in soils relative to sediments may reflect the low rainfall in 

the catchment leading up to the study. The high exchangeable P concentrations in soils 

may have accumulated during a period of below average rainfall while desiccation of 

soils due to low rainfall may have transformed Fe oxides in favour of more crystalline 
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forms in turn reducing soil buffering capacity (Baldwin 1996a). In contrast, sediments 

deposited in the river system have been subject to extended water residence time due to 

lower than average rainfall. During this time loosely sorbed forms of P from source soils 

may have been lost to the water column and transported downstream or re-adsorbed into 

more tightly bound forms which are likely to be associated with an increase in amorphous 

Fe.   

 
4.4.2. Phosphorus fractionation of sediment and soil 

The TP content of sediments and soils was highly variable and showed clear patterns with 

the upper reaches of the catchment having relatively high TP. The TP values in the upper 

Brisbane River sediments are comparable with values reported in Mediterranean (Avilés 

et al. 2006), temperate (Wang et al. 2005) and sub-tropical river systems (Reddy et al. 

1995) while soil TP in the upper reaches of the catchment are high for Australian soils 

(Anon 2001). AIP was the dominant form of P within the catchment as a whole. This was 

similar to previous studies which have employed the SMT protocol in river sediment 

(Avilés et al. 2006), mesotrophic lake sediment (Liu et al. 2007) and roadside soils 

(Durand et al. 2003). The AIP fraction is considered to be largely recalcitrant (Durand et 

al. 2003, Pardo et al. 2003, Ribeiro et al. 2008) and this is consistent with fact that no 

significant differences were found for this fraction between soil types. Given the inert 

nature of this fraction it is not likely to contribute to the eutrophication of either the river 

system or the reservoir downstream.  

 

The NAIP fraction associated with Fe and Al oxyhydroxides ranged from 28 – 304 mg 

kg-1 dry wt. and comprised up to 33 % of TP. The levels of NAIP were overall higher 

than those reported by Avilés et al. (2006) for Mediterranean river sediments and 

comparable with results reported by Wang et al. (2005) for lake sediment in the lower 

reaches of the Yangtze river region. Using the SMT protocol, Jin et al. (2006b) reported 

NAIP concentrations as high as 2476 mg kg-1 in a hypereutrophic shallow lake in China 

and found that NAIP concentration and proportion increased in eutrophic lakes relative to 

mesotrophic lakes. Pardo et al.(2004) measured NAIP in river sediments in Spain using 

the SMT protocol and reported values ranging from 329 mg kg-1 to 6949 mg kg-1. While 
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not as high as these values, the NAIP concentrations in the soils and sediments of the 

upper Brisbane River catchment are likely to be of ecological significance. Fe/Al P has 

been shown to be a large contributor to P release in inundated soils (Wen and Recknagel 

2006) and is considered to be potentially available to primary producers in the short to 

medium term (Ruban et al. 1999, Ruban et al. 2001).  

 

Unlike the AIP fraction there was a positive correlation between NAIP and the percent 

fines. This may have important implications in terms of the role of the river system in 

mediating the link between soil erosion and the water quality of ecosystems downstream. 

Sediment leaving the catchment may contain considerably more fine particles than the 

catchment soil due to the selective erosion and delivery of fines to the stream channel and 

the preferential deposition of the coarser fraction during sediment delivery (Slattery and 

Burt 1997). A large proportion of sediment is known to be transported as fine suspended 

sediment in some river systems (Olley and Caitcheon 2000) and the selective 

mobilisation of sediment during erosion is known to cause P enrichment (Dorich et al. 

1984, Slattery and Burt 1997, Quinton et al. 2001). What is not known however is how 

these processes alter the partitioning of eroded soils between bioavailable and recalcitrant 

P fractions. Within the sediments of the upper Brisbane River there was a negative 

correlation between the percent AIP and the percent fine material suggesting that the 

proportion of recalcitrant P is greater in sediments with coarser particle size. Furthermore 

the positive correlation between fine sediments and NAIP and OP suggests that these 

fractions may be preferentially transported downstream resulting in an increased 

proportion of bioavailable and organic P exported from the river system.  

 

The NAIP fraction across the catchment was associated with the concentration of Alox but 

not Feox. This suggests that relative to Fe there is a substantial proportion of P associated 

with amorphous and poorly crystalline forms of Al. This is not to say that there is not P 

associated with Fe, only that any P associated with Fe is more likely to be associated with 

crystalline forms. This is important in terms of the potential for P release from this 

fraction because P associated with oxyhydroxides is readily desorbed under most 

conditions, while the P associated with crystalline Fe and Al oxides is desorbed only 
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under extended waterlogged conditions (Reddy et al. 1995). Like most sequential 

extraction procedures the SMT protocols does not distinguish between Fe and Al forms 

of P. Individual contributions of Al and Fe are difficult to distinguish (Pardo et al. 2003) 

although methods exist which attempt to separate reducible Fe forms from Al bound P 

(Psenner and Puckso 1988).  

 

A distinction between Al and Fe bound forms may be important in systems where soils 

and sediments are likely to be deposited in deeper waters where seasonal stratification 

causes reducing conditions. For Fe, anoxic conditions may result in the reduction of 

Fe(III) to the more soluble Fe(II) (Pardo et al. 2003) with poorly crystalline Fe oxides the 

main form of Fe(III) available for microbial reduction (Saavedra and Delgado 2005). The 

reduction of Fe oxides in the bottom sediments of anoxic water bodies may in turn 

mobilize P bound by poorly crystalline Fe oxides and provide a substantial source of P to 

the overlying water column (Pardo et al. 2003, Saavedra and Delgado 2005). Conversely, 

Al is not involved in oxidation-reduction reactions, and thus is not affected by anoxic 

conditions (Reddy et al. 1995). It is therefore difficult from a management perspective to 

predict the fate of NAIP deposited in anoxic conditions. While there is some evidence 

that the NAIP fraction measured using the SMT protocol is redox sensitive (Jin et al. 

2006a) it is likely that the degree of sensitivity will relate to the relative quantities of Al 

and Fe bound P and therefore be region or even site specific.  

 

Exchangeable-P was measured using NH4Cl and is considered to be a measure of 

immediately available, loosely sorbed P (Hieltjes and Lijklema 1980, Psenner and Puckso 

1988). Exchangeable-P was relatively low in the sediments and made up only a small 

proportion of TP. This is similar to results reported for a range of Australian sediments 

from the Murray Darling basin where exchangeable-P was extracted with MgCl2 and 

generally made up only 2 % of TP (Baldwin 1996b). Similarly, Istvánovics (1994) found 

that NH4Cl-P made up less than 6 % of TP in Kis-Balaton reservoir, Hungary. Ribeiro et 

al. (2008) reported NH4Cl-P values ranging from 13 – 59 mg kg-1 in volcanic sediments 

from a meso-eutrophic lake in Portugal which is considerably higher than the values 

found for the sediments in this study. In general the concentration and proportion of 
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exchangeable-P in the sediments of the upper Brisbane River were at the lower end of the 

range of values reported in other studies. In contrast the exchangeable-P content of the 

soils, particularly the surface soils were high. Exchangeable-P comprised up to 10 % of 

TP in some soils with particularly high values in the upper catchment surface soils. This 

fraction may become particularly important during rain events where it is likely to be 

rapidly mobilised.  

There was no correlation between NAIP and exchangeable-P. While the NAIP fraction is 

said to represent P which may become available in the short to medium term the 

exchangeable-P fraction represents P which may be immediately released. Theoretically 

the NAIP fraction will include the immediately available P in addition to more tightly 

bound forms. While it has been demonstrated that P extracted with NaOH can be 

assimilated by algae (Dorich et al. 1984) the ecological significance of soil and sediment 

P can only be fully appreciated with a more detailed understanding of P exchangeability. 

In terms of catchment management it is imperative that the short term behaviour of 

eroded soils in river systems is understood. Clearly from this study differences in the 

exchangeable-P pools of soils and sediments were not reflected in the relative proportions 

or concentrations of NAIP. A comparison of bioavailable P in soils and sediments within 

the upper Brisbane River catchment using only the NAIP fraction would not have 

identified important differences in P exchangeability between sites and between soils and 

sediments.  

 
In conclusion, this study has demonstrated that the P sorption characteristics of bed 

sediments are likely to differ substantially from the catchment soils from which they were 

derived. Rather than being transported through river systems relatively unchanged it 

would appear that important processes occur instream which shift the sorption properties 

of sediments in favour of greater P retention and buffering capacity. This appears to be 

linked to increases in amorphous and poorly crystalline forms of Fe in bed sediments. 

This has important implications to downstream ecosystems because depending on the 

residence time of sediments prior to export, the capacity of suspended sediment to reduce 

water column FRP downstream may be substantially increased.  The results of this study 

indicate that during low flows the sediments will act as a sink throughout much of the 
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river system. At high flows however, the poor buffering capacity and high exchangeable 

P content of surface and streambank soils will play a greater role in terms of water 

column FRP exchanges. The exchange of P between sediment and water column phases 

is therefore likely to vary substantially under different flow regimes. In terms of P 

speciation, a large proportion of P in both soils and sediments was largely recalcitrant 

AIP and therefore a large part of the sediment P storage in the upper Brisbane River 

should be stable over the mid to long term. NAIP comprised between 13 and 33 % of 

total soil and sediment P and is considered to be bioavailable in the short to medium 

term. This pool may be an important instream source of P to primary producers during 

periods of low flow and an important source of P to communities downstream following 

riverine inputs during flow events.  
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Chapter 5: The effects of in situ drying on phosphorus sorption 

and speciation in sediments of a sub-tropical river system 
 

5.1. Introduction  
The ephemeral nature of many of Australia’s streams and rivers means that during 

periods of low rainfall or drought, streams may lose surface water resulting in the drying 

of previously submerged sediments (Baldwin et al. 2000). Sediment desiccation can in 

turn have an impact on sediment chemistry (De Groot and Van Wijck 1993) potentially 

changing abiotic and biotic properties in ways that affect sediment P dynamics (Baldwin 

et al. 2000). In dry tropical river systems, the extent to which the P chemistry of eroded 

soils changes as sediments are transported downstream may therefore be affected by 

repeated cycles of drying and rewetting. These processes may change the timing, amount 

or form (e.g. dissolved versus particulate) of P exported downstream and therefore have 

important implications during post-drought flows.  

 

Air drying has been reported to increase P sorption in marsh sediments (De Groot and 

Fabre 1993) and cultivated soils (Peltovuori and Soinne 2005) and  reduce P sorption in 

wetland and lake sediments (Twinch 1987, Qui and McComb 1994, Baldwin 1996a, 

Watts 2000b). Changes in P speciation due to drying have also been reported in studies of 

marsh sediments (Fabre 1992), soils (Peltovuori and Soinne 2005) and lake sediments 

(Baldwin 1996a). While this would suggest that the drying of sediments in dry tropical 

rivers may induce important changes in P sorption and speciation there is a lack of data 

on not just dry tropical rivers but rivers in general.  This is an important omission 

considering that many of Australia’s rivers and streams may experience frequent cycles 

of sediment drying and rewetting. 

 

The objectives of this study were to compare P speciation and sorption between 

sediments which had undergone varying degrees of in situ and laboratory air drying. The 

study also aimed to compare the effect of air drying on different sediment types within a 

dry tropical river system to determine if there is any variation in the response of different 
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sediment types to air drying. Specifically the study compares sediments characterised by 

high % fines, TP and organic matter with sediments with relatively low % fines, TP and 

organic matter.  

 

5.2. Methods 
 

5.2.1. Study site and sample collection 

Samples were taken from the lower reaches of the upper Brisbane River near the 

confluence with Gregors Creek (UBRG) in April 2007. At the time of the study below 

average rainfall had resulted in the loss of surface water at much of the site. Average 

water depth from previous studies (Dec 2005, Chapter 3) was approximately 1.4 m at 

UBRG but during this study much of the sediment was exposed and only a few shallow 

pools remained with a water depth of approximately 20 - 40cm. Sediment samples were 

collected from two disconnected pools which had undergone substantial decreases in 

water level that had resulted in a gradient occurring in terms of the degree of drying. 

Sediments from each pool, referred to as Site1 and Site 2, differed in terms of their 

organic matter content (% LOI), grain size distribution (% fines) and TP concentration 

(mg kg-1 dry wt.) (Table 5.2). 

 

5.2.2. Study design 

Sediment samples were collected from 10 to 15m transects at each pool along a gradient 

from submerged, to partially dry to desiccated (Fig 5.1). Since the channel dried from the 

streambank towards the centre it can be assumed that spatial changes in sediment 

desiccation reflect processes in time (De Groot and Fabre 1993). Samples of submerged 

and partially dried sediments were collected using a PVC corer and were extruded on site 

at depths of 0-2cm, 2-5cm and 5-10cm. Samples of desiccated sediments were taken from 

the surface (0-2cm) only, due to the difficulty in obtaining and extruding cores. Five 

cores were taken from each site for each depth and drying treatment. Sub-samples from 

wet submerged surface sediments were set aside and dried in the laboratory in shallow 

foil trays at room temperature over 21 days. After drying, sediments were tested for 

percent water content, P sorption and P fractionation.  
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Wet submerged sediments were also collected a second time from each site after 21 days 

and measured for P sorption and fractionation. These samples served as a control to allow 

comparison with changes in laboratory-dried samples. 

 

 

 
 

Figure 5.1 Schematic showing sampling points along a transect from wet to partially 

dry to desiccated  

 

5.2.3. Analysis 

Soil and sediment pH was determined by a pH electrode in a 1:2 slurry of soil:deionized 

water (Darke and Walbridge 2000). Organic matter was determined as loss on ignition 

(LOI) by recording the ratio of the weight loss at 560°C and the original dry weight of 

sample (Qui and McComb 2002). Percent moisture content was determined 

gravimetrically by drying 15-35 g aliquots of each bulk sample to a constant mass at 

60°C (Darke and Walbridge 2000). Particle size analysis was determined by sieving dried 

sample through a set of sieves of decreasing aperture ranging from 63 µm to 2 mm 

(Gordon et al. 1992). The P sorption characteristics of sediments were determined using 

the batch equilibrium experiments outlined in Chapter 4 (4.2.3).  The sequential 

extraction procedure used in this study was however different than the SMT protocol 

used in Chapter 4.  
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Sediment P fractionation was determined based on the sequential extraction procedure of 

Psenner (1988) which produces five operationally defined P fractions (Table 5.1). 0.5 g 

dry weight equivalent of sediment was weighed into 50 ml centrifuge tubes and 25ml of 

1.0M NH4Cl was added and the pH adjusted to 7. The mixture was shaken on an end over 

end shaker for 2h and the supernatant separated by centrifugation at 4000g and filtered 

through 0.45µm membrane filters (Millipore, U.S.A) before analysis of exchangeable P 

(NH4Cl-P). This procedure was repeated on the sediment residue before 25ml of 0.11M 

NaHCO3-Na2S2O4 was added and the mixture shaken for 30min at 40°C. The supernatant 

was separated by centrifugation at and filtered for analysis of reductant soluble P (BD-P). 

The residue was then extracted with 1.0M NaOH for 16h at 25°C before centrifugation 

and filtration of supernatant before determination of Al oxide P (NaOH-P). A subsample 

was digested using the persulphate digestion prior to analysis of solution FRP leading to 

the determination of non reactive NaOH extractable P (NaOH-nrP) which is thought to 

represent labile organic and bacterial P. The residue was then shaken for 24h in 25ml of 

0.5M HCl at 25°C followed by centrifugation and filtration before analysis of Ca and Mg 

bound P (HCl-P). Residual P (Res-P) was calculated as the differences between TP and 

the sum of the other fractions. TP was determined by calcification and subsequent 

extraction with 3.5M HCl (Pardo et al. 2004).  

 

Differences between submerged, partially dried and desiccated sediments were 

determined using a one way ANOVA for each P fraction at each site. Each P fraction was 

tested for differences in mean concentration and mean percentage between drying 

treatments. Differences between submerged, laboratory desiccated (21 days) and control 

(submerged in situ 21 days) sediments were analysed at each site using a paired t test. 

The effect of sediment type (Site 1 versus Site 2) on the response of sediment P fractions 

to drying was investigated using an independent t test. Before the analysis, data was 

converted to obtain a measure of change in the proportion of each fraction with drying 

relative to submerged sediments (ΔPF/TP).  
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Using partially dried sediments and BD-P as an example the value was calculated as 

follows: 

 

                               ΔBD-P/TP = (PDBD-P / PDTP) / (SBD-P / STP)                           [1] 

Where; 

PDBD-P = Concentration BD-P in partially dried sediments 

PDTP = Concentration of TP in partially dried sediments 

SBD-P = Concentration of BD-P in submerged sediments 

STP = Concentration of TP in submerged sediments 

 

In this example a value of 1 would indicate no change in the proportion of TP as BD-P in 

partially dried sediments relative to submerged sediments. The effect of sediment type 

(Site 1 versus Site 2) on the response of BD-P to partial drying was determined using an 

independent t-test of differences in ΔBD-P between sediment types. Independent t tests 

were done for each P fraction, in partially dried, in situ desiccated and laboratory 

desiccated sediments.  

 

Table 5.1 Sequential extraction procedure of Psenner et al. (1988) showing 

extraction reagents and their associated P forms 

 
 
Reagent 

 
P forms 
 

 
NH4Cl 

 
Loosely sorbed P, porewater P, algal available P 

 
Bicarbonate – Dithionite (BD) 
40°C 

 
Reductant soluble P, mainly bound to Fe-hydroxide and 
Mn-hydroxide 

 
NaOH (reactive P) 

 
Metallic oxide bound P, mainly Al bound  

NaOH (non reactive P)  P in micro-organisms, detritus, humic compounds, poly-
P 

 
HCl 

 
Apatite and CaCO3 bound P 
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5.3. Results 
5.3.1. Sediment properties and TP concentration at Site 1 and Site 2 

The two study sites differed in terms of the amount of organic matter, the proportion of 

fine sediment on the streambed, water content and TP concentration (Table 5.2). Relative 

to Site 2, Site 1 had low total organic matter content (LOI), a smaller proportion of fine 

material (% fines), lower sediment water content (% SWC) and lower TP concentration. 

With increased exposure to in situ drying there was a predictable decrease in the sediment 

water content at both sites. With the exception of desiccated sediments at Site 2, % fines 

and LOI were similar between submerged, partially dried and desiccated sediments at 

each site. The desiccated sediment samples from Site 2 had lower % fines and LOI than 

the partially dried and submerged surface sediments. At both sites LOI and % fines 

decreased in samples collected from deeper in the profile of submerged and partially 

dried sediments.  

 

The concentration of TP in the top 5 cm of submerged and partially dried sediments was 

significantly (P < 0.05) higher at Site 2. At 5 to10 cm the mean TP concentration was 

similar between sites. The TP concentration was highest in the top 2 cm of submerged 

and partially dried sediments at both sites. At Site 1 the TP concentration at 0 – 2 cm was 

significantly higher in partially dried sediments while at 2 – 5 cm the mean TP 

concentration was higher in submerged sediments (P < 0.05). At 5 – 10 cm mean TP was 

similar in submerged and partially dried sediments at Site 1. The mean concentrations of 

TP in the top 2 cm of submerged and partially dried sediments at Site 2 were similar and 

both were significantly higher (P < 0.05) than desiccated sediments at this site. The mean 

TP concentrations were not significantly different between submerged and partially dried 

sediments at 2 – 5 and 5 – 10 cm.   
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Table 5.2 Sediment properties and mean TP concentration (mg kg-1 dry wt. ± 1SD) 

at sites 1 and 2 from submerged (S), partially dried (PD) and desiccated (D) 

sediments 

 
 

Site 

 

Depth (cm) 

 

SWC (%) 

 

pH 

 

LOI 
(%) 

 

% Fines 

 

 

TP  

       
1S 0-2 48.8 7.12 5.9 16.2 513 (28) 
 2-5 40.0 7.12 5.4 10.2 454 (25) 
 5-10 26.5 7.00 2.3 4.4 325 (9) 
 

1PD 

 

0-2 

 

32.2 

 

7.11 

 

6.1 

 

15.5 

 

612 (54) 
 2-5 31.5 7.09 5.9 11.0 333 (16) 
 5-10 20.0 7.12 2.8 5.3 312 (8) 
 

1D 

 

0-2 

 

4.9 

 

6.79 

 

4.4 

 

14.3 

 

522 (37) 
 

 

2S 

 

 

0-2 

 

 

66.2 

 

 

7.01 

 

 

15.6 

 

 

39.5 

 

 

924 (44) 
 2-5 66.9 7.07 10.2 24.9 741 (29) 
 5-10 38.6 7.11 4.4 8.7 341 (32) 
 

2PD 

 

0-2 

 

41.7 

 

6.99 

 

15.4 

 

34.4 

 

912 (42) 
 2-5 45.0 7.07 11.7 29.4 702 (24) 
 5-10 19.0 7.01 5.6 10.6 303 (22) 
 

2D 

 

0-2 

 

4.1 

 

6.44 

 

5.8 

 

19.9 

 

605 (26) 
       
 
 
 
 
 

 

 



162  
 

5.3.2. Phosphorus fractionation of submerged, partially dried and desiccated 

sediments at Site 1 

There were major differences in the NH4Cl-P, BD-P and NaOH-nrP fractions between 

submerged, partially dried and desiccated surface sediments (0-2 cm) at Site 1 (Fig 5.2). 

The mean NH4Cl-P concentration was significantly higher (P < 0.05) in partially dried 

sediments (60 ± 20 mg kg-1 dry wt.) relative to desiccated sediments (14 ± 5 mg kg-1 dry 

wt.). NH4Cl-P comprised 10% of total P in partially dried sediments and 3% in desiccated 

sediments. In submerged sediments NH4Cl-P was below detection limits (1 mg kg-1 dry 

wt.). The concentration of BD-P was significantly higher (P < 0.05) in partially dried and 

desiccated sediments (191 ± 24 mg kg-1 dry wt. and 175 ± 18 mg kg-1 dry wt.) relative to 

submerged sediments which had a mean BD-P concentration of 133 ± 21 mg kg-1 dry wt. 

The proportion of TP as BD-P in partially dried and desiccated surface sediments was 

31% and 34% respectively, which was higher than submerged sediments where BD-P 

made up 26% of total sediment P. The mean NaOH-nrP concentration was significantly 

higher (P < 0.05) in submerged surface sediments (87 ± 9 mg kg-1 dry wt.) than in 

partially dried (65 ± 17 mg kg-1 dry wt.) and desiccated sediments (54 ± 6 mg kg-1 dry 

wt.). In submerged sediments the NaOH-nrP fraction comprised 17% of total sediment P 

while in partially dried and desiccated sediments NaOH-nrP made up approximately 

10%. There were no significant differences between partially dried, desiccated and 

submerged sediments for the NaOH-rP and Res-P fractions, while mean HCl-P 

concentration was significantly higher in submerged sediments than in desiccated 

sediments (P = 0.035).  

 

In sediments collected from deeper in the profile the degree of variation between 

submerged and partially dried sediment was much less than observed at the sediment 

surface. There were no significant differences in P fractionation apart from the BD-P 

fraction which was significantly higher in submerged sediments at 2-5cm (P < 0.05). 

However as a proportion of TP, BD-P was similar (P > 0.05) in partially dried (21%) and 

submerged (20%) sediments at 2-5 cm. At 5-10cm the P fractionation was similar for 

partially dried and wet samples (P > 0.05). The majority of variation in P fractions 

between submerged and partially dried sediments therefore occurred at the surface layer.  
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Figure 5.2 Comparison of P fractions (mg kg-1 dry wt.) in submerged (S), partially 

dried (PD) and desiccated (D) sediments at depths of 0-2, 2-5 and 5-10 cm at Site 1 

 

The fractionation of surface sediments at Site 1 was also compared between submerged 

and artificially dried sediments (Fig 5.3). Similar to the results from the samples dried in 

situ there was a significant difference (P < 0.05) in NH4Cl-P between submerged and 

desiccated sediments. The concentration of NH4Cl-P in the original wet samples and the 

sediment collected 21 days later (labeled wet control) were below the detection limits of 

1 mg kg-1 dry wt. After laboratory drying of wet sediments, the NH4Cl-P concentration 

increased to a mean value of 20 ± 4 mg kg-1 dry wt. There was also a decrease in the 

concentration of NaOH-nrP in artificially dried samples similar to that seen for samples 

dried in situ. Mean NaOH-nrP decreased significantly (P < 0.05) from 87 ± 9 mg kg-1 dry 

wt. in the original wet samples to 53 ± 16 mg kg-1 dry wt. in the dried samples. In the wet 

control samples the concentration of NaOH-nrP actually increased over the period with a 

mean value of 104 ± 9 mg kg-1 dry wt. While the concentration of BD-P increased with 

drying from 133.1 ± 21.3 mg kg-1 dry wt. to 153.9 ± 21.9 mg kg-1 dry wt. this was not 

significantly different from either the original wet sediment or the wet control (P > 0.05).  
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Mean HCl-P decreased in dried samples from 102.2 ± 21.3 mg kg-1 dry wt. in the original 

wet sediment to 85.1 ± 13.8 mg kg-1 dry wt. but again this was not a statistically 

significant decrease (P > 0.05).  

 

 
 

Figure 5.3 Comparison of P fractionation (mg P kg-1 dry wt.) in submerged, 

laboratory desiccated (21 d) and submerged control (in situ 21 d) sediments from 

Site 1 

 

5.3.3. P sorption in submerged, partially dried and desiccated sediments at Site 1 

The sorption properties Kd, Equilibrium Phosphate Concentration (EPC0) and native 

sorbed P were determined from plots of P sorbed and FRP at equilibrium (24h) and 

compared between submerged, partially dried, desiccated and artificially dried sediments 

(Fig 5.4). The sorption coefficient Kd was substantially higher in partially dry sediments 

(1785 L kg-1) and wet submerged sediments (1214 L kg-1) relative to samples desiccated 

in the laboratory (220 L kg-1) and samples desiccated in situ (510 L kg-1). Native sorbed P 

(S0), was lowest in submerged sediments (41.4 mg kg-1 dry wt.), and highest in sediments 

partially dried and desiccated in situ (102.9 and 107.8 mg kg-1 dry wt.). Sediments dried 

in the laboratory had a native P concentration similar to that measured in wet sediments 

at 46.7 mg kg-1 dry wt.  
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Sediment EPC0 was highest in sediments dried in situ (0.211 mg l-1) and in sediments 

dried in the laboratory (0.213 mg l-1). Sediment EPC0 in partially dried sediments (0.058 

mg l-1) was higher than in submerged sediments (0.034 mg l-1).  

 

 
 

Figure 5.4 Comparison of P sorption in wet submerged, partially dried, desiccated 

(in situ), and artificially desiccated sediments at Site 1 

 

5.3.4. Phosphorus fractionation of submerged, partially dried and desiccated 

sediments at Site 2 

The were several key differences in P fraction between submerged, partially dried and 

desiccated samples at Site 2 (Fig 5.5). With the exception of the BD-P fraction there were 

similar patterns to those shown for Site 1 in terms of differences in P fractionation 

between wet and partially dried sediments. Unlike Site 1 however, the mean 

concentrations of most P fractions were comparatively low in desiccated sediments. In 

desiccated sediments at Site 2 the concentrations of BD-P, NaOH-rP, NaOH-nrP and 

Res-P were significantly lower than submerged and partially dried sediments. This 

coincided with the substantially lower TP in desiccated sediments. 
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In the surface layer (0 – 2 cm) mean NH4Cl-P concentration was higher in the partially 

dried sediments (41 ± 17 mg kg-1 dry wt.) than in the desiccated (17 ± 3 mg kg-1 dry wt.) 

and submerged sediments (1.0 ± 0.6 mg kg-1 dry wt.). In terms of percent composition, 

the NH4Cl-P fraction as a proportion of TP was 5% in partially dried sediments and 3% 

in desiccated sediments.  

 

The NaOH-nrP fraction was significantly lower (P < 0.05) in partially dried sediments 

with a mean value of 109 ± 6 mg kg-1 dry wt. relative to submerged surface sediments 

which had a mean value of  159 ± 17 mg kg-1 dry wt. As a proportion of TP the NaOH-

nrP fraction was 17% in submerged sediments, 12% in partially dried sediments and 9% 

in desiccated sediments. Like Site 1 the mean NaOH-rP, HCl-P and residual-P fractions 

at Site 2 were similar between submerged and partially dried sediments at 0 – 2 cm. 

Unlike Site 1 the BD-P fraction was significantly higher (P < 0.05) in submerged 

sediments (305 ± 23 mg kg-1 dry wt.) than in partially dried sediments (249 ± 13 mg kg-1 

dry wt.). BD-P as a proportion of TP at 0 - 2 cm was also higher in submerged sediments 

(33%) than in partially dried sediments (27%) while in desiccated sediments BD-P as a 

proportion of TP was 30%.    

 

With the exception of BD-P, P fractionation in partially dried and submerged sediments 

was similar in samples taken from the 2 – 5 cm profiles. At 2 – 5 cm the concentration of 

BD-P was significantly higher in submerged sediments than in partially dried sediments 

(P < 0.05). In terms of the percent composition however there was no significant 

difference in percent BD-P between submerged and partially dried sediments (26 and 

24% respectively). All other fractions were similar in submerged and partially dried 

sediments at 2-5cm. At 5-10cm the fractional composition of submerged and partially 

dried sediments was similar to Site 1 with the exception of the BD-P fraction which was 

significantly higher in submerged sediments (P = 0.001).  Mean BD-P in submerged 

sediments was approximately double that in the partially dried sediments at 103 ± 17 mg 

kg-1 dry wt. and 50 ± 15 mg kg-1 dry wt. respectively. In terms of percent composition the 

submerged sediments had a higher proportion of BD-P with approximately 31% of TP as 

BD-P relative to 16% from partially dried samples. The lower proportion of TP as BD-P 
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in partially dried sediments at 5 - 10 cm corresponded with a larger proportion of TP as 

HCl-P (26%) and Res-P (29%) relative to submerged sediments (20% HCl-P and 19% 

Res-P). There was however no significant difference (P < 0.05) in the concentration of 

either HCl-P or Res-P between partially dried and submerged sediments.  

 

 
 

Figure 5.5 Comparison of P fractions (mg P kg-1 dry wt.) in submerged (S), partially 

dried (PD) and desiccated (D) sediments at depths of 0-2, 2-5 and 5-10 cm at Site 2 

 

There were some similarities between changes in P fractionation in artificially dried 

surface sediments and surface sediments dried in situ. There was again a substantial 

increase in the NH4Cl-P fraction after drying (Fig 5.6). In the original and wet control 

sediments, mean NH4Cl-P was below the detection limits (1 mg kg-1 dry wt.) but 

increased to 30 ± 3 mg kg-1 dry wt. after drying. There was also a decrease in the mean 

concentration of NaOH-nrP after drying similar to that seen for the in situ samples. Mean 

NaOH-nrP decreased significantly (P < 0.05) from 159 ± 17 mg kg-1 dry wt. in the 

original wet samples to 113 ± 9 mg kg-1 dry wt. after drying. Mean BD-P decreased 

significantly (P < 0.05) from 305 ± 23 mg kg-1 dry wt. to 234 ± 24 mg kg-1 dry wt. after 

drying. The concentration of BD-P also decreased (P = 0.049) over 21 days in the 
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constantly submerged sediments from this site to 277 ± 23 mg kg-1 dry wt. Relative to the 

in situ samples the response of the sediment to artificial drying was very different in 

terms of the concentration of NaOH-rP. The mean concentration of NaOH-rP increased 

significantly (P = < 0.05) from 194 ± 7 mg kg-1 dry wt. in the wet sediments to 2734 ± 12 

mg kg-1 dry wt. after drying. There were no significant differences in the concentration of 

HCl-P, residual-P or TP between wet and dried sediments (P > 0.05).  

       

 
 

Figure 5.6 Comparison of P fractionation (mg P kg-1 dry wt.) in submerged, 

laboratory desiccated (21 d) and submerged control (in situ 21 d) sediments from 

Site 2 

 

5.3.5. P sorption in submerged, partially dried and desiccated sediments at Site 2 

At Site 2, the differences in sorption properties with varying degrees of drying were 

similar to what was observed at Site 1 (Fig 5.7). The sorption coefficient Kd was much 

higher in submerged and partially dried sediments relative to the desiccated sediments 

dried in situ and in the laboratory. Sediment Kd was higher in partially dried sediments 

(2995 L kg-1) relative to the wet submerged sediments which had a Kd value of 2017 L 

kg-1. These values were considerably higher than the corresponding values at Site 1 for 

wet and partially dried sediments. Sediment Kd was higher in the sediments desiccated in 

situ (763 L kg-1) relative to the sediments desiccated in the laboratory (471 L kg-1).  The 
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EPC0 was lowest in the submerged and partially dried sediments. The EPC0 of wet 

submerged sediments was 0.016 mg l-1 while the EPC0 of partially dried sediments was 

0.031 mg l-1. The EPC0 of sediments dried artificially (0.171 mg l-1) was much higher 

than that observed in sediments dried in situ (0.070 mg l-1). Native sorbed P (S0) was 

lowest in wet submerged sediments (33 mg kg-1 dry wt.) and highest in partially dried 

sediments (92 mg kg-1 dry wt.). Sediment S0 in desiccated sediments dried in situ was 

lower (53 mg kg-1 dry wt.) than S0 in sediments dried in the laboratory (80 mg kg-1 dry 

wt.).  

 

 
 

Figure 5.7 Comparison of P sorption in wet submerged, partially dried, desiccated 

(in situ), and artificially desiccated sediments at Site 2 

 

5.3.6. Comparison of the effect of sediment drying on P fractionation at Site 1 and 

Site 2 

The response of surface sediments (0 – 2 cm) to different drying treatments at each site 

was estimated from the ratio of the proportion of TP in each fraction in dried sediments, 

to the proportion of TP in each fraction in submerged sediments (ΔPF/TP, Equation 1). 

These values have been compared between sites to estimate the degree to which the two 

sites varied in terms of the response of each P fraction to different drying treatments 
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(Table 5.3). Sediments at Site 1 and Site 2 responded in a similar way to different drying 

treatments for the NaOH-nrP and Res-P fractions (P > 0.05) but significantly differed for 

the BD-P, NaOH-rP and HCl-P fractions in some drying treatments (Table 5.3).  The 

response to drying of the BD-P fraction was significantly different between Site 1 and 

Site 2 for partially dried and laboratory desiccated sediments (P < 0.05). The response of 

the NaOH-rP fraction was significantly different (P < 0.05) between Site 1 and Site 2 in 

laboratory desiccated sediments while changes in the proportion of HCl-P also differed 

significantly (P < 0.05) between sites in the sediments partially dried and desiccated in 

situ. The NH4Cl-P fraction is not included in Table 5.3 because NH4Cl-P was below 

detection limit in submerged sediments and therefore as a proportion of TP in submerged 

sediments NH4Cl-P was somewhere near zero. At both sites the response of NH4Cl-P to 

all drying treatments was however similar in terms of the proportion of TP as NH4Cl-P in 

each drying treatment. The only difference between the two sites was in partially dried 

sediments where NH4Cl-P made up a significantly higher (P < 0.05) percentage of TP at 

Site 1 (~ 10%) than at Site 2 (~ 5%).      

 
 

 

 

 

 

 

 

 

 

 

 

 

 

 

 



171  
 

 

Table 5.3 Comparison of changes in the relative proportion of each P fraction 

(ΔPF/TP) with each drying treatment at Site 1 and Site 2 at 0 – 2 cm (* indicates 

significant difference between sites, P < 0.05) 

 
   

Partially Dried 
 

Desiccated 
(in situ) 

 
Desiccated 

(Laboratory) 
 

 

BD-P 

 

Site 1 

 

*1.22 (0.25) 

 

1.34 (0.19) 

 

*1.18 (0.22) 

 Site 2 *0.86 (0.09) 1.12 (0.11) *0.76 (0.05) 

 

NaOH-rP 

 

Site 1 

 

0.90 (0.12) 

 

1.00 (0.14) 

 

*1.08 (0.22) 

 Site 2 1.02 (0.15) 0.98 (0.19) *1.42 (0.13) 

 

HCl-P 

 

Site 1 

 

*0.88 (0.13) 

 

*0.78 (0.13) 

 

0.84 (0.17) 

 Site 2 *1.08 (0.13) *1.40 (0.16) 0.94 (0.11) 

 

NaOH-nrP 

 

Site 1 

 

0.62 (0.15) 

 

0.62 (0.11) 

 

0.64 (0.21) 

 Site 2 0.70 (0.16) 0.50 (0.14) 0.74 (0.09) 

 

Res-P 

 

Site 1 

 

0.92 (0.73) 

 

1.16 (0.46) 

 

1.22 (0.75) 

 Site 2 1.36 (0.47) 1.28 (0.26) 1.08 (0.25) 

 

 
 

5.4 Discussion 
The study found that sediment drying altered the P sorption and speciation of sediments 

at both sites, and under in situ and laboratory drying. The effect of drying on the NH4Cl-P 

and NaOH-nrP fractions was similar at both sites despite differences in organic matter 

content, grain size distribution and TP. The effect of drying on the other fractions and in 

particular the BD-P and NaOH-rP fractions varied between sediments from the site high 
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in organic matter and TP versus the low organic matter and TP site. Differences in P 

fractionation between levels of drying occurred predominately in the surface sediments 

while in the deeper layers P speciation was similar.  Sediments desiccated in situ and in 

the laboratory had substantially lower sorption capacity (kd) and higher EPC0 than 

partially dried and submerged sediments. Partial drying increased sorption capacity 

slightly relative to wet submerged sediments but also increased the EPC0 due to an 

increase in native adsorbed P. Interestingly the sorption properties of partially dried 

sediments were more similar to wet submerged sediments, while P speciation in partially 

dried sediments was more similar to desiccated sediments. This would suggest that 

changes in P speciation and sorption during drying occur over different time scales, with 

changes in P speciation occurring earlier in the drying process.     

 

The concentration of NH4Cl-P was found to increase substantially with drying in the 

surface sediments of both sites and under in situ and laboratory drying. This fraction is 

considered to be representative of immediately available labile P (Hieltjes and Lijklema 

1980), which upon rewetting would be expected to provide a substantial source of PO4
3- 

to the water column. Interestingly, the concentration of NH4Cl-P was highest in partially 

dried sediments suggesting that this fraction may be produced in surface sediments 

relatively early in the drying process. Therefore even minor or short periods of surface 

water drawdown may alter the P chemistry of sediments in a way that produces a large 

flux of P when the stream bed is rewetted.  

 

The increased NH4Cl-P concentration found in this study was similar to results from the 

shallow, eutrophic,  Lake Müggelsee, Germany where water extractable-P was higher in 

sediments after simulated dredging relative to submerged sediments (Kleeberg and Kohl 

1999). In the Chaffey dam reservoir in Australia however, Baldwin (1996a) reported no 

substantial difference in easily extractable P (MgCl2-P) along a transect from heavily 

desiccated, wet-littoral, and submerged sediments. Likewise, in a study of hypereutrophic 

lake sediments, Twinch (1987) reported a decrease in extractable P (NTA-extractable) 

after drying despite also reporting an increase in EPC0 and a reduction in buffering 

capacity. The different response of sediment in the UBR in terms of changes in labile P 
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may relate to the different sequential extraction procedures employed in each study. 

Having said this, it would be expected that P extracted with MgCl2 in Chaffey dam 

(Baldwin 1996a) would be similar to that extracted with NH4Cl. Importantly, at Chaffey 

dam the top 5 cm was measured and as this study has shown the majority of NH4Cl-P in 

partially dried sediments was concentrated in the top 2 cm sediment. If the top 5 cm of 

sediment had been pooled in this study the differences in P speciation between 

submerged and partially dried sediments may not have been as apparent.  

 

It is interesting that the concentration of NH4Cl-P increased with drying at both the high 

TP, and low TP sites. This suggests that processes which generate this fraction during 

drying will be widespread across the river network rather than being isolated to specific 

types of bed sediment (i.e. fine sediments high in organic matter and TP versus coarser 

sediments with low organic matter and TP). The increased NH4Cl-P content of partially 

dried and desiccated sediments also coincided with increased EPC0, native labile P, and 

decreased Kd. This is consistent with the contention of Qui and McComb (1994) that 

increased P after wetting of air dried sediments, also known as the ‘Birch effect’ (Turner 

and Haygarth 2001, Wilson and Baldwin 2008), is attributable to a combination of the 

accumulation of phosphate in a state that is ready for release into the water column, and a 

drying-induced inactivation of phosphate binding sites and subsequent release through 

desorption. Both of these factors were observed in this study with the NH4Cl-P fraction 

giving a good estimate of P readily available for release (Hieltjes and Lijklema 1980, 

Psenner et al. 1988) and the sorption parameters giving an estimate of the binding 

properties of the sediments (Froelich 1988). This is also consistant In particular, soil and 

sediment drying has been shown to result in the release of dissolved P upon rewetting 

known as the ‘Birch effect’ (Turner and Haygarth 2001, Wilson and Baldwin 2008).   

 

At both sites the concentration and proportion of NaOH-nrP was higher in submerged 

sediments relative to partially dried and desiccated sediments at 0-2 cm. Like the NH4Cl-

P fraction, changes in NaOH-nrP concentrations and proportions occurred in sediments 

dried in situ and dried in the laboratory. The decrease in NaOH-nrP observed in the 

surface sediments in this study is similar to the results from Chaffey dam, where Baldwin 
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(1996a) reported that the concentration of NaOH-nrP was greater for sediments taken 

from submerged sites than those taken from dry sites. Kleeberg and Kohl (1999) also 

found that NaOH-nrP decreased in cores taken from eutrophic, lake sediment, incubated 

after simulated dredging relative to control cores. Unlike this study however, the 

differences between dredged and non-dredged cores was greatest in the deeper sediment 

layers (Kleeberg and Kohl 1999).  

 

The NaOH-nrP fraction is considered to represent organic P (Psenner et al. 1988). While 

it is difficult to attribute this fraction to a particular P species it has been suggested that 

more easily degradable organic P, bacteria-incorporated P such as polyphosphate, and 

more stable P-rich compounds such as phytate are included in this fraction (Rydin 2000). 

The reduction in this fraction with drying could therefore be attributed to a decrease in 

cellular biomass, and subsequent release of P, and/or to an increased rate of 

mineralisation of labile organic-P. The turnover of microbial biomass and the 

mineralisation of organic substrates have been attributed to inorganic P fluxes from rewet 

soil (Grierson et al. 1998, Turner et al. 2003) and sediment (Qui and McComb 1994). 

Therefore, assuming that the store of inorganic P in the sediments available for release 

upon rewetting was recovered in the NH4Cl-P fraction, the elevated NH4Cl-P in surface 

sediments may have come from the NaOH-nrP fraction via organic P mineralisation of 

detrital material. Alternatively, the P recovered in the NH4C-Pl fraction may have been of 

bacterial origin via mineralisation or cell lysis and polyphosphate release.  

 

While it is not possible to discriminate between bacterial and non-bacterial NaOH-nrP in 

this study, other studies have demonstrated that a substantial proportion of the non-

reactive P in NaOH extracts occurs as inorganic polyphosphates in sediments (Hupfer 

and Gatcher 1995, Baldwin 1996b, Hupfer et al. 2004). Polyphosphate metabolism is an 

important  mechanism which enables certain bacteria to survive and grow under 

fluctuating redox conditions through the luxury uptake and accumulation of phosphate 

(Davelaar 1993). As sediments dry out, a decrease in bacterial biomass and activity may 

be expected (Baldwin and Mitchell 2000) and it has been suggested that bacteria may 

store phosphate at luxury concentrations during drying and release P after rewetting (De 
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Groot and Van Wijck 1993). It has been demonstrated that microbial cells are a 

substantial source of P following rainfall onto dry soils (Turner et al. 2003). Turner et al. 

(2003) demonstrated that the majority of the increase in water extractable P in dried 

versus moist soils could be attributed to bacterial lysis. Because of a greater degree of 

variation between submerged and desiccated sediments in terms of oxygen concentration, 

the drying of sediments will likely have a greater effect on bacterial activity relative to 

soils due to its impact on anaerobic bacteria (Qui and McComb 1995).  

 

It is interesting that in this study there was a significant decrease in NaOH-nrP in 

partially dried sediments relative to the wet submerged sediments at both sites. If changes 

in microbial P were the major cause of shifts in the concentration in NaOH-nrP it might 

be expected that there would be an initial increase in this fraction in the partially dried 

sediments. In soils, it has been suggested that while bacterial cell death can occur during 

both drying and rehydration, cell lysis is likely to be induced by osmotic shock during 

rewetting rather than by drying alone (Turner et al. 2003). The concentration of NH4Cl 

(1M) used to extract loosely sorbed P in this study would not have been dilute enough to 

cause osmotic shock (Turner et al. 2003) and therefore any cell lysis would have occurred 

prior to extraction. Qui and McComb (1995) reported that when sufficient moisture and 

oxygen are available, bacteria rapidly remove and assimilate P in the early stages of 

drying (Qui and McComb 1995). It might therefore be expected that when sediments are 

initially exposed there will be an accumulation of P in microbial populations due to an 

increase in the biomass of aerobic bacteria with the aeration of previously inundated, 

anaerobic sediments (Watts 2000b). If this were true there should have been an increase 

in the NaOH-nrP fraction in the partially dried sediments. This what not the case however 

suggesting that other processes may have been important in terms of changes in NaOH-

nrP with drying.  

 

The reduction in NaOH-nrP observed in samples partially dried, desiccated in situ and 

desiccated in the laboratory may have resulted from an increase in the rate of 

mineralisation in dry sediments. Sudden changes in soil moisture play an important role 

in the mineralisation of nutrients (Grierson et al. 1998) and the decomposition of organic 
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materials in submerged, anaerobic sediments differ considerably from those in aerobic 

sediments (Sahrawat 2003). De Groot and Fabre (1993) found that desiccation caused a 

35% reduction in Acid Soluble Organic Phosphate (ASOP) in surface sediments and 80% 

reduction in the deeper layers in freshwater marsh sediments. This reduction was 

attributed to increased mineralisation due to sediment desiccation (De Groot and Fabre 

1993). While this study found a similar pattern for NaOH-nrP, it is difficult to compare 

these results to those of De Groot and Fabre (1993) due to the different sequential 

extraction methods employed. Having said this both operationally defined fractions 

extract organically bound P and both studies found a decrease in organic P with drying.  

Interestingly, it appears that any drying induced mineralisation occurred relatively early 

in the process as evidenced by the sharp decline in NaOH-nrP in the partially dried 

sediments of both sites. A combination of increased oxygen, higher temperature and a 

labile substrate leading to higher microbial activity and mineralisation (den Heyer and 

Kalff 1998) is therefore the most plausible explanation for the observed differences in the 

NaOH-nrP fraction.  

 

Watts (2000a) showed that macrophyte addition, in various stages of senescence, to 

reflooded desiccated sediments increased P release under aerobic conditions (Watts 

2000a). Furthermore increases in sediment TP after drying have been attributed to the 

death of algae and incorporation into the surface sediments during the drying process 

(Fabre 1992). Turnover of organic P in the biomass of benthic algae and phytoplankton 

settling on the sediment surface may also provide a source of labile P in partially dried 

sediments. Qui and McComb (1995) showed that freshly killed plankton released more P 

before drying than when plankton biomass was air-dried. Therefore, an accelerated 

decomposition and mineralisation of labile macrophyte and algal biomass brought about 

by drying may explain the decrease in the NaOH-nrP observed in this study. A previous 

study in December 2005 found that there was a large biomass of Vallisneria and 

Ceratophyllum at UBRG (Chapter 2). It is reasonable to suggest that in systems with high 

macrophyte biomass the drawdown of surface waters will lead to a substantial input of 

relatively labile organic material to the bed sediments. This would provide a source of 
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labile organic P which may have been recovered in the NaOH-nrP fraction of the bed 

sediments.  

 

It is interesting that the key differences between Site 1 and Site 2 in terms of the response 

to drying occurred in the inorganic BD-P and NaOH-rP fractions. While changes in P 

sorption, NH4Cl-P and NaOH-nrP were similar in high TP, high organic matter sediments 

and in low TP, low organic matter sediments the two sediment types differed in terms of 

the response of the BD-P and NaOH-rP fractions to drying. At site 1, BD-P concentration 

was highest in partially dried and desiccated sediments dried in situ while at site 2, the 

BD-P fraction was higher in submerged sediments relative to partially dried sediments 

and artificially dried sediments. For NaOH-rP at Site 1 (low TP) there was no drying 

effect while at Site 2 artificial desiccation resulted in a substantial increase in this 

fraction.  

 

The BD-P fraction represents reductive soluble forms of P associated with Fe and Mn 

(Ribeiro et al. 2008) and therefore a change in conditions from anoxic to oxic should 

favour its formation. Studies of changes in P fractionation with in situ drying by Fabre 

(1992), De Groot and Van Wijck (1993) and De Groot and Fabre (1993) all reported that 

drying and desiccation resulted in an increase in Fe bound P. These increases in Fe bound 

P were attributed to oxidation of FeS to Fe(OOH) leading to an increase in the P sorption 

capacity of the sediment and a subsequent increase in the Fe bound P fraction (De Groot 

and Van Wijck 1993). While the sediments at Site 1 had higher BD-P in partially dried 

and desiccated (in situ) sediments, there was not a substantial increase in P sorption 

between submerged and partially dried sediments to account for this increase. Although 

the sorption capacity of partially dried sediments was slightly greater than submerged 

sediments in this study, the difference was only minor with both the wet submerged and 

partially dried sediments having a very high affinity for P. Furthermore, in the desiccated 

sediments the sorption capacity was substantially lower than submerged sediments 

despite having a greater concentration of BD-P. Therefore the higher BD-P in partially 

dried and desiccated sediments at Site 1 can not be attributed to increased P sorption, 

particularly for desiccated sediments.  
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Interestingly, at Site 1, the sediments desiccated in the laboratory did not show an 

increase in BD-P concentration like samples desiccated in situ. In terms of P sorption 

however the results were similar between sediments dried in the laboratory and in situ. It 

may be that the BD-P in sediments dried in situ was derived largely from the diffusion of 

porewater P from deeper sediment layers and subsequent accumulation as BD-P in the 

surface layer early in the drying process when P sorption was still high (i.e. partially 

dried sediments). In the artificially desiccated sediments there was no supply of dissolved 

P and Fe from deeper layers which may explain why there was no increase in BD-P. 

Furthermore, if much of the BD-P in desiccated sediments had accumulated early in the 

drying process this would explain why desiccated sediments had higher BD-P but lower 

sorption capacity relative to submerged sediments. It is also worth noting that while there 

were no significant difference in the BD-P concentration of partially dried and desiccated 

sediments (in situ) the concentration did actually decrease somewhat in desiccated 

sediments (approximately 9%). This may reflect the reduced sorption capacity of 

desiccated sediments due to Fe crystallization (Qui and McComb 2002).  

 

At site 2 the BD-P fraction was highest in the submerged surface sediments in terms of 

concentration and proportion of TP. It should be noted that the results from sediments 

desiccated in situ at Site 2 are difficult to interpret because of substantial differences in 

the nature of these sediments relative to samples taken from submerged and partially 

dried areas. The differences between these samples are more likely a reflection of the 

deposition of sediments at this site with the finer P rich sediments not deposited evenly 

across the study transect. The interpretation of the affect of desiccation at Site 2 is 

therefore largely based on the results from the sediments desiccated in the laboratory.   

This illustrates the difficulty involved in measuring in situ drying in river systems where 

the sediment deposition is very heterogeneous. Furthermore, this highlights the 

importance of combining in situ and artificial drying as a means of investigating the 

effect of sediment drying on P speciation.  

 

Theoretically, the BD-P fraction is redox sensitive and therefore would be expected to 

decrease when conditions become increasingly anaerobic. The results from Site 2 are 



179  
 

therefore interesting as they differ from Site 1 and also from the work of others on the P 

fractionation of sediments dried in situ (Fabre 1992, De Groot and Fabre 1993, De Groot 

and Van Wijck 1993). The results from Site 2 are however similar to findings from 

experimentally desiccated sediments of Lawrence Lake, USA, where BD-P decreased 

with desiccation while NaOH-rP and HCl-P increased (James et al. 2001). While the 

authors did not attribute this pattern to any particular process they did suggest that this 

may have been the result of the laboratory drying process (James et al. 2001). What is 

interesting about this study is that the reduction in the BD-P fraction at Site 2 was 

observed in sediments partially dried in situ and in artificially dried samples so the type 

of drying process (i.e. in situ versus laboratory) alone can not explain the observed 

results.  

 

There are several possible explanations which might explain the decrease in BD-P with 

drying. Firstly, a change in the structure of Fe from amorphous and poorly crystalline to 

crystalline structures (aging) induced by drying (Qui and McComb 2002) may have 

converted some of the Fe bound P recovered in the BD-P fraction to more labile forms.   

In the studies of Fabre (1992), De Groot and Van Wijck (1993) and De Groot and Fabre 

(1993) they all employed a different sequential extraction procedure than the one used in 

this study. In their extraction the removal Fe bound P is performed first without any prior 

extraction of loosely sorbed P. Had the NH4Cl extraction been omitted from this study 

the P extracted in this step would have likely been included in the next extraction step 

which was the BD-P fraction. This might explain some of the decreases seen in the BD-P 

fraction with drying. Some of the P in the sediments associated with reducible forms of 

Fe was bound tightly enough to resist extraction with NH4Cl. Low NH4Cl-P in the 

submerged sediments indicates that inorganic P is primarily complexed by metals 

(Romero-Gonzalez et al. 2001). After drying however, this P may have lost some of its 

binding strength and therefore was extracted with NH4Cl. This would seem likely in the 

artificially desiccated sediments, which showed a substantial decrease in sorption 

capacity after drying. This was not supported in terms of the sorption capacity of partially 

dried sediments however which actually increased.  
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If the decrease in BD-P in desiccated, surface sediments at Site 2 was due to sediment 

(Fe) aging it is still unclear why BD-P decreased in partially dried sediments despite an 

increase in the sorption capacity. Given that Site 2 had a relatively large amount of 

organic matter relative to Site 1 and mineralisation appears to have been important in the 

early and later stages of drying the reduction in the BD-P fraction at this site may relate 

to the dissolution of organic matter. While opinions differ on the effect of organic matter 

on phosphate sorption (Yoo et al. 2006), organic anions may affect phosphate adsorption 

in several ways, one of which is through the creation of new adsorption sites by 

adsorbing metal ions such as Fe3+ and Al3+ (McDowell and Condron 2001, Borggaard et 

al. 2005). The breakdown of organic matter may result in the destruction of these organo-

mineral complexes and the release of any associated P (Peltovuori and Soinne 2005). 

Given that there was a substantial reduction in the concentration of labile organic P 

(NaOH-nrP) concurrent with the decrease in BD-P and increase in NH4Cl-P this seems 

plausible, assuming that at least part of the BD-P fraction was associated with organo-

mineral complexes.  

 

There was a significant increase in the NaOH-rP fraction in laboratory dried sediments 

from Site 2. This fraction is said to represent inorganic P bound to Al (Psenner et al. 

1988). While the breakdown of organic material can release any P associated with 

organo-mineral complexes it may also simultaneously expose new surfaces on which P 

can adsorb (Peltovuori and Soinne 2005). This is because organic anions can also 

compete strongly with PO4
3- for ligand exchange sites (Rhue and Harris 1999). When 

sediments are dried, organic matter condenses, resulting in an increase in the number of 

available adsorption sites on hydroxyl-Al (Haynes and Swift 1989). Earlier studies of the 

upper Brisbane River sediments found a strong association between amorphous and 

poorly crystalline forms of Al and organic matter (Chapter 4). It is therefore possible that 

at Site 2, where the organic matter content was relatively high, early drying (partially 

dried) resulted in the breakdown of organic material and a subsequent release of P 

associated with organic-Fe complexes. Upon further drying (desiccation), additional 

breakdown of organic material resulted in an increase in available Al sorption sites 



181  
 

concurrent with increased crystallization of Fe (Qui and McComb 2002) leading to a 

decrease in Fe bound P (BD-P) and an increase in the Al bound fraction (NaOH-rP).   

 

The formation of loosely sorbed P is likely to occur throughout most of the river system 

were sediments are exposed to drying regardless of the level of TP, % fines and % LOI in 

individual reaches and pools. Furthermore, for both sediment types the increase in loosely 

sorbed P was highest in partially dried sediments indicating that the accumulation of 

loosely sorbed P may occur early in the drying process. This has important implications 

to downstream ecosystems because it may produce a pulse of readily available P during 

the first post-drought flows. From a management perspective it is important that these 

processes are better incorporated into existing catchment models. In much the same way 

that generation rates are estimated from various land uses, it may be important to include 

estimates of generation rates from dried sediments in order to understand and predict P 

fluxes through the catchment. This would also improve the potential to predict P flux 

responses under different scenarios (e.g. increasing or decreasing water allocation or 

climate patterns associated with El Niño and La Niña events) which have the potential to 

change the frequency and duration of sediment drying.  

 

In conclusion, this study has demonstrated that important changes in the P speciation and 

sorption properties of river bed sediments occur as a result of sediment drying. The 

partial drying and desiccation of sediments in the UBR resulted in an increase in NH4Cl-

P and a decrease in NaOH-nrP in partially dried and desiccated sediments. These changes 

occurred in both high TP and low TP sediments indicating that accumulation of loosely 

sorbed P is likely to be widespread. The results from both sites and from sediments dried 

in situ and in the laboratory would suggest that the NaOH-nrP fraction may have been the 

source for at least some of the NH4Cl-P which accumulated during drying. This has 

important implications to downstream ecosystems because the pool of NH4Cl-P in dried 

sediments represents a potentially important source of FRP when flow returns to the 

system. Furthermore, desiccation was shown to increase EPC0 and decrease kd indicating 

that the capacity of these sediments to reduce water column FRP was reduced. There 

were also differences in the BD-P and NaOH-rP fractions in submerged, partially dried 
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and desiccated sediments. In terms of the P dynamics of dry tropical river systems, this 

study has demonstrated that periodic drying of bed sediments may cause important 

changes in P speciation and sorption.   
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Chapter 6: Phosphorus speciation in the suspended sediments 

of a subtropical river during storm events 

 

6.1. Introduction 
Flow events are important drivers of P dynamics in river systems because they largely 

determine the timing and amount of P exports to downstream ecosystems. The extent to 

which this promotes primary production downstream however will also depend on the 

proportion of the total P load that is in a bioavailable form. In the short term, the supply 

of P to primary producers downstream will come largely from the dissolved inorganic P 

load. In the long term however the supply of P to primary producers is likely to be from 

the sediment. Therefore understanding the effect of riverine P loads on downstream 

ecosystems over the long term requires some knowledge of the speciation of the 

particulate P load. While the concentration of TP in suspended sediments is thought to be 

a product of the underlying P content of the surrounding soils and sediments and the 

selective erosion of P rich particles in runoff and streamflow (Owens and Walling 2002, 

Evans et al. 2004), there is less known about the factors which govern the forms of P in 

suspended sediment during flow events.  

 

Studies of temperate rivers have reported substantial changes in P speciation between 

suspended sediments of different grain sizes (Stone and English 1993, Pacini and Gatcher 

1999) and between suspended sediments and potential source material (Walling et al. 

2001). The results of these studies varied in terms of which fractions were most enriched 

however with Pacini and Gatcher (1999) reporting enrichment of organic P in fine 

suspended sediments of a hard water stream in Switzerland while Stone and English 

(1993) found that the concentration of non apatite inorganic P (NAIP) increased with 

decreasing grain size in suspended sediments of Lake Erie tributaries. In a study of four 

UK rivers, Walling et al. (2001) found that the majority of the total P in suspended 

sediments was associated with NAIP (Walling et al. 2001). While these studies suggest 

that erosion processes may select for certain P fractions over others in temperate rivers,  

they do not provide a sufficient basis for describing P forms in suspended sediments 
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across a range of systems. While it might be expected that selective erosion of fine 

particles would select for some P fractions over others in dry subtropical rivers this has 

not been quantified. 

 

The objectives of this study were to: 

• Quantify the P fractionation of suspended sediments in a dry subtropical river 

during major flow events  

• Determine the extent to which selective erosion of fine particles in overland and 

streamflow alters the P fractionation of suspended sediments relative to the bulk 

soil/sediment matrix of the catchment  

 

The information gathered is intended to provide a better understanding of the flux of P 

through dry tropical catchments during high rainfall, high flow events. Specifically, the 

study aims to determine the effect of erosion and transport processes during high rainfall, 

high flow events on the forms of P which are exported to downstream ecosystems with a 

particular focus on the relative amounts of potentially available versus largely recalcitrant 

forms.  

 

6.2. Methods 
Surface soils, streambank soils and bed sediments were collected in December 2007 from 

sites in the upper Brisbane River. Samples of bed sediment, surface soil and streambank 

soil were taken from sites ranging from the upper to lower reaches of the upper Brisbane 

River catchment (Fig 6.1). The sampling sites included regions identified by Douglas et 

al. (2007) as being major sources of sediment and P downstream. The sites in the upper 

catchment from UBR17 to UBR3 are located in the Neara Volcanics geological region 

while sites at UBRA and UBRG are located in the Esk formation. Details of sediment and 

P inputs from these geological regions to Wivenhoe dam are shown in Chapter 2 (2.3).  

Sediments were collected from the riverbed using a PVC corer with the top 2 cm of 

sediment extracted on site. Soil samples were collected from surrounding slopes and 

exposed streambanks using a stainless steel trowel. At each sampling point three replicate 

samples of soil or sediment were collected and homogenised on site to form a composite 
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sample. A total of five composite samples were taken for each soil/sediment type at each 

site.  

 

 
 

Figure 6.1 Map of upper Brisbane River catchment showing the location of sites 

were suspended sediment ( ), streambank soil, surface soil and bed sediment (●) 

were collected  

 
Suspended sediments were collected during two major flow events in the upper Brisbane 

River. Flows at the gauging stations at UBRG and UBR (Linville) were above the 95th 

percentile of historical flows at the time of sampling. Samples were collected at UBRG 

and UBRA on the 5th of January, 2008. Samples were collected on the 15th of January, 
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2008 from sites in the upper catchment at UBR12, UBR10 and UBR8 (Fig 6.2). 

Suspended sediment samples were obtained by collecting bulk water samples into 25 L 

containers from mid stream during storm events. Suspended sediments were separated in 

the laboratory using a continuous flow centrifuge.  The sediment collected from each site 

was homogenized and split into sub-samples (n = 5) for the sequential extraction. Water 

samples were also collected for filterable reactive phosphorus (FRP) and total suspended 

solids (TSS) analysis. Samples for FRP analysis were filtered on site using 0.45 µm 

membrane filters (Millipore, U.S.A) before colorimetric determination of reactive P using 

the ascorbic acid method (APHA 1998). TSS was determined by filtering a known 

volume of water through pre-dried glass fibre filters (Whatman GF/F) then drying and 

reweighing filters in the laboratory.   

 

P fractionation was determined based on the sequential extraction procedure of Psenner 

(1988) as described in Chapter 5 (5.2). Separate sequential extractions were done on fine 

(< 63 µm) and bulk (0 – 1 mm) bed sediment, streambank soil and surface soil samples in 

addition to sequential extraction of suspended sediments. Fine bed sediment and soil 

particles were separated from bulk fractions by sieving through a 63 µm mesh sieve. The 

concentration of each P fraction in coarse (63 µm – 1000 µm) sediments and soils were 

calculated using the following equation: 

C63 – 1000 = [CBulk – (C<63 * S<63)]/ (1 - S<63) 

Where: 

C63 – 1000 = Concentration of P in the 63-1000 µm particle size fraction (mg P kg-1 dry wt.)  

CBulk = Concentration of P in the 0-1 mm particle size fraction (mg P kg-1 dry wt.)  

C<63 = Concentration of P in the < 63 µm particle size fraction (mg P kg-1 dry wt.)  

S<63 = Proportion of sample < 63 µm  

 

An enrichment factor (EF) was calculated for each sample at each site using the 

following equation: 

C<63 / C63-1000 
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If there is no enrichment of P, the concentration of P in fine sediments (C<63) will equal 

the concentration of P in coarse sediments (C63-1000) and EF will equal 1. Values greater 

than 1 for EF indicate enrichment of fine particles, while values less than 1 indicate that 

fine particles are deplete in P. 

 

Statistical analyses were performed using the Statistical Package for the Social Sciences 

(SPSS) version 14.0.1. A paired t test was used to determine if there were any differences 

in the P concentration of each P fraction in fine versus bulk sediment and soils samples. 

One way ANOVA was used to test for differences in each P fraction between suspended 

sediments, bed sediments, streambank soil and surface soils and to test for differences 

between sites for each soil/sediment group. Where there was significant heterogeneity of 

variance between treatments (i.e. soil types and sites) logarithmic transformation of data 

sets was performed prior to ANOVA analysis. Where homogeneity of variance could not 

be achieved through logarithmic transformation non-parametric Kruskal Wallace and 

Mann-Whitney U tests were performed to identify statistically significant differences 

between treatments. The relationship between P fractions was investigated using 

correlation analysis and expressed as the coefficient of correlation (r). Multivariate 

cluster analysis was also employed on suspended sediment and fine bed sediment and soil 

samples. The purpose of this analysis was to identify similarities between samples in 

terms of the percent composition of each P fraction. This was done in an effort to 

determine if samples are grouped predominately by soil/sediment type or by location 

within the catchment. Similarity between groups was defined by the squared Euclidian 

distance with similar samples having a lower Euclidian distance. Results of the cluster 

analysis are represented by a dendrogram plot.  
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Figure 6.2 Discharge at UBRG and UBR (Linville) gauging stations from July 2007 

to February 2008 showing sampling dates for suspended sediment collection at five 

sites in the UBR (Data source: Queensland Department of Natural Resources and 

Water). Broken lines show the 75th – 95th and > 95th percentile of historical flows at 

each gauging station 
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6.3. Results 
6.3.1. Comparison of P fractions in fine and bulk soils and sediments  

The concentration of each P fraction was compared in bulk samples (0-1mm) and fine 

grained samples (< 63µm). There were distinct differences in the concentration of certain 

P fractions in fine versus bulk soils and sediments (Fig 6.3). A paired samples t test found 

that the fine portion of streambed sediments had significantly higher concentrations of 

BD-P, NaOH-rP, NaOH-nrP and Res-P relative to the bulk sediment samples (P < 0.05). 

Similarly, the fine surface soils had significantly higher BD-P, NaOH-rP and NaOH-nrP 

relative to the bulk surface soil (P < 0.05). Unlike the sediments however there was no 

significant difference in the concentration of Res-P between fine and bulk surface soil 

samples (P > 0.05). The HCl-P fraction showed a similar pattern across all sediment and 

soils samples with no significant difference in HCl-P concentration between bulk and fine 

samples (P > 0.05). With the exception of the NaOH-nrP fraction, which was 

significantly higher in fine soils, there were no differences in P fractionation between fine 

versus bulk samples in streambank soils.  

 

An enrichment factor was calculated from mean values (n = 5) for fine (< 63 µm) and 

coarse (63 µm – 1000 µm) soils and sediments from each site for each P fraction (Table 

6.1). Overall there was substantial enrichment of most fractions with the exception of 

HCl-P which generally had enrichment factors of < 1. There was a large degree of spatial 

variability in P enrichment within each soil group. This was particularly evident in the 

sediments where there was a large degree of variability in NaOH-nrP and BD-P 

enrichment between sites. In bed sediments, NaOH-nrP enrichment ranged from 0.5 at 

UBR17 to 4.8 at UBRA and UBRG. BD-P followed a similar spatial pattern in bed 

sediments with enrichment factors lowest in the two uppermost sites. Res-P was highly 

enriched in bed sediments but not in soils. Res-P enrichment was highest in the upper 

catchment sites at UBR17 and UBR12 (7.5 and 7.3). Streambank soils exhibited values 

which were relatively uniform across sites, while there was a large degree of variation in 

the enrichment factors of NaOH-nrP in surface soils.  The enrichment of surface soil 

fines with NaOH-nrP was high at two sites with the concentration in fines enriched by a 

factor of 6.4 and 5.3 at UBR17 and UBR3 respectively.   
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Figure 6.3 Box and whisker plots of phosphorus fractionation in bulk and fine samples taken from sediments, streambank 

soils and surface soils of the upper Brisbane River catchment (n = 25)
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Table 6.1 Enrichment factors for each P fraction in fine (< 63 µm) relative to coarse 

(63 µm – 1000 µm) sediments and soils  

 
  

Site 

 

% fines 

 

NH4Cl-P 

 

BD-P 

 

NaOH-rP 

 

NaOH-nrP 

 

HCl-P 

 

Res-P 

 

B
ed

 S
ed

im
en

t 

 

UBR17 

 

34 

  

0.8 

 

0.9 

 

0.5 

 

0.9 

 

7.5 

UBR12 33  0.9 1.6 0.8 0.8 7.3 

UBR3 11  3.5 1.7 3.4 0.7 1.8 

UBRA 26  1.3 1.2 4.8 0.8 4.8 

UBRG 34  2.2 2.8 4.8 1.0 1.2 

 

St
re

am
ba

nk
 S

oi
l 

UBR17 8 1.1 1.1 0.9 1.1 1.0 1.2 

UBR12 10 1.3 1.0 1.1 0.7 1.1 1.5 

UBR3 3 1.7 1.3 1.4 1.5 0.7 0.8 

UBRA 9 1.3 1.2 1.5 3.1 0.6 1.3 

UBRG 7 1.4 1.2 1.6 2.4 0.6 1.2 

 

Su
rf

ac
e 

So
il 

UBR17 14 1.3 1.4 1.1 6.4 0.8 0.9 

UBR12 18 1.0 1.0 1.1 0.9 1.0 1.2 

UBRM 11 1.3 1.8 2.1 5.3 1.0 1.6 

UBRA 10 1.5 1.6 2.2 1.9 1.2 1.2 

UBRG 9 1.2 1.4 2.2 2.1 0.9 1.0 

 

 

 

6.3.2. Comparison of P fractions in suspended sediment with potential sources (soils 

and sediments < 63um) 

In fine soils and sediments the mean TP concentration was highest in surface soils at 967 

± 105 mg kg-1 dry wt. and lowest in streambank soils at 738 ± 85 mg kg-1 dry wt. (Fig 

6.4). Fine streambank soil had significantly lower (P < 0.05) TP than surface soils, bed 

sediments and suspended sediments while surface soils had significantly higher TP than 

streambank soils and bed sediments (P < 0.05). The mean TP concentration of streambed 

sediment was similar to suspended sediment at 851 ± 81 mg kg-1 dry wt. and 909 ± 131 
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mg kg-1 dry wt. respectively. There were no significant differences in TP between bed 

and suspended sediments (P > 0.05).  

 

There were distinct differences in the P fractionation of fine surface soils, streambank 

soils and bed sediments and suspended sediments (Fig 6.4). NH4Cl-P was significantly 

higher in the surface and streambank soils relative to the bed and suspended sediments (P 

< 0.05). Mean NH4Cl-P was 32 ± 30 mg kg-1 dry wt. in surface soils and 26 ± 11 mg kg-1 

dry wt. in streambank soils while mean NH4Cl-P was 4 ± 3 mg kg-1 dry wt. in suspended 

sediments and below detection limit (1 mg kg-1 dry wt.) in bed sediments. The BD-P 

fraction was significantly higher in bed sediments relative to surface and streambank soils 

(P < 0.05). Mean BD-P in bed sediment was 189 ± 74 mg kg-1 dry wt. with BD-P making 

up approximately 22% of TP. In surface and streambank soils mean BD-P concentration 

was 115 ± 26 mg kg-1 dry wt. and 104 ± 25 mg kg-1 dry wt. respectively with BD-P 

making up 12 – 14% of TP. In suspended sediments BD-P was 140 ± 38 mg kg-1 dry wt. 

and made up approximately 15% of TP. The concentration of BD-P in suspended 

sediments was not significantly different than bed sediments or surface soils (P > 0.05).  

 

The mean NaOH-rP concentration in suspended sediments was 364 ± 79 mg kg-1 dry wt. 

and was significantly higher than bed sediments and soils (P < 0.05). NaOH-rP was the 

dominant fraction in suspended sediments making up approximately 40% of TP. In 

contrast NaOH-rP made up approximately 25% of TP in surface and streambank soils 

and 18% in bed sediments. Mean NaOH-rP was 241 ± 27 mg kg-1 dry wt. in surface soils 

which was significantly higher than streambank soils and bed sediments (P < 0.05) with 

188 ± 55 mg kg-1 dry wt. and 155 ± 28 mg kg-1 dry wt. respectively. Mean HCl-P ranged 

from 175 ± 60 mg kg-1 dry wt. to 240 ± 36 mg kg-1 dry wt. in bed sediments and soils. 

Mean HCl-P was significantly higher in surface soils than in bed sediments (P < 0.05) 

but not streambank soils (P > 0.05). In suspended sediments the concentration of HCl-P 

was significantly lower than sediments and soils (P < 0.05) at 17 ± 5 mg kg-1 dry wt. As a 

proportion of TP, HCl-P and made up only 2% of TP in suspended sediments which was 

considerably lower than soils and bed sediments which were approximately 25% and 

21% HCl-P respectively.  
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The mean NaOH-nrP concentration in streambank soil was significantly lower than 

surface soils (P < 0.05) and bed and suspended sediments (P < 0.05). The NaOH-nrP 

fraction made up approximately 10% of TP in streambank soils with a mean 

concentration of only 74 ± 14 mg kg-1 dry wt. while mean surface soil NaOH-nrP was 

138 ± 56 mg kg-1 dry wt. and comprised approximately 14% of TP.  Although mean 

NaOH-nrP was highest in bed and suspended sediments they were not significantly 

higher than surface soils. In the suspended sediment NaOH-nrP was 149 ± 54 mg kg-1 dry 

wt. while the bed sediments had a mean NaOH-nrP concentration of 180 ± 67 mg kg-1 

dry wt. As a proportion of TP, NaOH-nrP comprised 16% and 21% in suspended and bed 

sediments. Res-P was significantly higher in suspended sediments relative to bed 

sediments and soils (P > 0.05). There were however no significant differences between 

soils and bed sediments (P > 0.05).   
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Figure 6.4 Mean (± 1SD) concentrations (mg P kg -1 dry wt., n = 25) of P fractions and TP in fine (< 63µm) bed sediment, 

streambank soil, surface soil and suspended sediment 
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There were some substantial differences in the ratios of important P fractions between the 

different soils and sediments (Fig 6.5). Comparison of the inorganic P (IP) to organic P 

(OP) ratios found that suspended sediments had a significantly lower mean IP to OP ratio 

(1.36 ± 0.25 SD) than bed sediments, streambank soils and surface soils (P < 0.05). The 

IP to OP ratio of surface soils and streambank soils were similar at 2.22 ± 0.91 SD and 

2.32 ± 0.80 SD respectively while in the bed sediments the IP:OP was lower at 1.70 ± 

0.65 SD. The IP to OP ratio of bed sediments was however not significantly different 

from the surface soil (P < 0.05). The relative proportion of labile and recalcitrant organic 

P was estimated based on the ratio of NaOH-nrP and Res-P in each sediment and soil 

group. The mean ratio of NaOH-nrP to Res-P was similar between soils and suspended 

sediments (P > 0.05) ranging from 0.64 ± 0.27 SD in suspended sediments and 0.97 ± 

0.82 SD in surface soils. In bed sediments however, the mean NaOH-nrP to Res-P ratio 

was 1.40 ± 0.74 SD and this was significantly higher than in streambank soils and 

suspended sediments (P < 0.05).  

 

The ratio of BD-P to NaOH-rP was significantly higher in bed sediments than in 

suspended sediments and soils (P < 0.05). In bed sediments the BD-P to NaOH-rP ratio 

was 1.19 ± 0.28 SD. This was approximately double that of the other soil and sediment 

types which had BD-P to NaOH-rP ratios ranging from 0.40 ± 0.13 SD in suspended 

sediments to 0.58 ± 0.13 SD in streambank soil. The BD-P to NaOH-rP ratio was 

significantly lower in suspended sediments than in surface and streambank soils (P < 

0.05). The ratio of P fractions considered to be potential available over the short to 

medium term (NH4Cl-P, BD-P, NaOH-rP and NaOH-nrP) to P fractions considered to be 

largely recalcitrant (HCl-P and Res-P) were also compared between each soil and 

sediment type (AP:NAP). The suspended sediments had a significantly higher mean AP 

to NAP ratio (2.59 ± 0.66 SD) than in bed sediments, streambank soils and surface soils 

(P < 0.05).  The mean AP to NAP ratios of bed sediments and soils ranged from 1.27 ± 

0.39 SD in surface soils to 1.77 ± 0.84 SD in bed sediments. There were however no 

significant differences between bed sediments, streambank soils and surface soils for the 

AP to NAP ratios (P > 0.05).  

 



196  
 

 

 
 
 

Figure 6.5 Box and whisker plots of median (n = 25) ratios of inorganic P (IP) to 

organic P (OP), NaOH-nrP to Res-P, BD-P to NaOH-rP and available P (AP) to non 

available P (NAP) in bed sediments, streambank soils, surface soils and suspended 

sediments. IP = ∑ (NH4Cl-P, BD-P, NaOH-rP, HCl-P); OP =  ∑ (NaOH-nrP, Res-P); 

AP = ∑ (NH4Cl-P, BD-P, NaOH-rP, NaOH-nrP); NAP = ∑ (HCl-P, Res-P) 

 
Cluster analysis based on P fractions (% of TP) in fine sediments, fine soils and 

suspended sediments clustered samples into four main groups (Fig 6.6). The grouping of 

samples in the catchment was based predominately on soil and sediment type rather than 

on spatial patterns. The exception was the cluster of samples from UBR17 where bed 

sediments, streambank soils and surface soils formed a group. The other three clusters 

comprised a group of streambank soils and surface soils, a cluster including all suspended 

sediments and a cluster comprised of bed sediments. The Euclidean linkage distance 
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within the suspended sediment and soil clusters was smaller than in the bed sediment 

group where there was a greater linkage distance between samples.  

 
 

 
 

Figure 6.6 Dendrogram showing the results of cluster analysis (Euclidean distances) 

of P fractions (% of TP) in streambank soils, surface soils, bed sediments and 

suspended sediments (x axis shows the Squared Euclidean distance between 

clusters) 
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6.3.3. Spatial variability of P fractions in fine bed sediments, streambank soils, 

surface soils and suspended sediments 

 

6.3.3.1. Spatial variation in P fractionation in fine streambed sediments 

A comparison of the P fractionation of fine bed sediments at the five study sites showed 

substantial variation in P fractionation between sites. Importantly there were several 

trends in terms of differences between upper catchment (UBR17 – UBR3) and lower 

catchment sites (UBRA and UBRG) for the HCl-P, NaOH-nrP and to a lesser extent the 

BD-P fractions (Fig 6.7). The concentration of HCl-P decreased from the upper most site 

at UBR17 (263 ± 14 mg kg-1 dry wt.) to the lower catchment site at UBRG (104 ± 3 mg 

kg-1 dry wt.). The decline in HCl-P occurred despite an increase in TP at UBRG and as a 

result the proportion of TP in the HCl-P fraction declined from between 23 and 31% in 

the upper reaches at UBR17, UBR12 and UBR3 to 10 and 16% at UBRG and UBRA. 

Unlike the HCl-P fraction the mean NaOH-nrP concentration of fine bed sediments was 

lowest in the upper reaches ranging from 89 ± 19 mg kg-1 dry wt. at UBR17 to 177 ± 8 

mg kg-1 dry wt. at UBR12. As a proportion of TP, NaOH-nrP comprised between 11 and 

22% of TP in fine bed sediments at UBR17-UBR3. In the lower catchment sites NaOH-

rP was significantly higher (P < 0.05) at 251 ± 15 mg kg-1 dry wt. (UBRA) and 248 ± 26 

mg kg-1 dry wt. (UBRG) than sites upstream and constituted 25% (UBRG) and 30% 

(UBRA) of TP. With the exception of UBRA there was also a trend of increasing BD-P 

with distance downstream in bed sediments. Mean BD-P increased from 112 ± 5 mg kg-1 

dry wt. at UBR17 to 176 ± 11 mg kg-1 dry wt. at UBR12 and then again at UBR3 where 

mean BD-P increased to 230 ± 16 mg kg-1 dry wt. At UBRA, BD-P decreased to 125 ± 7 

mg kg-1 dry wt. before increasing to 304 ± 15 mg kg-1dry wt. at UBRG. As a proportion 

of TP, BD-P was highest at UBR3 and UBRG where BD-P comprised 27% and 31% of 

TP respectively and lowest at UBR17 and UBRA where BD-P comprised only 14% and 

15% of TP. At UBR12, the BD-P fraction constituted 22% of TP in fine bed sediments.  
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Figure 6.7 Mean ± 1SD (n = 5) concentration (mg kg-1 dry wt.) of P fractions in fine 

bed sediments at five sites in the upper Brisbane River 

 
6.3.3.2. Spatial variation in P fractionation in fine streambank and surface soils 

For both the streambank and surface soils there was a trend of decreasing TP with 

distance downstream (Fig 6.8 and Fig 6.9). TP concentration in streambank soils was 

significantly correlated (P < 0.01) with the HCl-P fraction (r = 0.94) while for surface 

soils there was a relatively weak correlation (P < 0.05) between TP and NaOH-nrP (r = 

0.67). Like the bed sediments the streambank soils showed a trend of decreasing HCl-P 

with distance downstream from UBR17 to UBR3 but unlike bed sediments the HCl-P 

concentration increased at UBRA and UBRG. The Res-P fraction showed a clearer trend 

in streambank soils decreasing from 267 ± 32 mg kg-1 dry wt. (32% of TP) at UBR17 to 

71 ± 9 mg kg-1 (11% of TP) at UBRG. Similar to bed sediments, BD-P was lowest in the 

upper catchment (UBR17 and UBR12) in fine streambank soils but unlike bed sediments 

the BD-P concentration was relatively constant at UBR3, UBRA and UBRG (Fig 6.8). 
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Figure 6.8 Mean ± 1SD (n = 5) concentration (mg kg-1 dry wt.) of P fractions and TP 

in fine streambank soils at five sites in the upper Brisbane River 

 
While P fractions varied between sites in surface soils there were not clear patterns in 

terms of trends from the upper to lower catchment (Fig 6.9). The only noticeable trend 

was for the NaOH-nrP fraction where the mean concentration was substantially higher in 

the upper catchment at UBR17, UBR12 and UBR3 relative to the mid to lower catchment 

sites at UBRA and UBRG. As a proportion of TP, NaOH-nrP comprised 14% of TP at 

UBR17 and UBR12, 20% at UBR3 and 8% and 10% of TP at UBRA and UBRG. The 

Res-P fraction at UBR17 was substantially higher than downstream sites but did not 

exhibit any other upper catchment versus lower catchment trends. While BD-P 

concentration in surface soils was lowest at UBR17, the other sites did not show a 

noticeable trend like the one seen for BD-P in the bed sediments.  
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Figure 6.9 Mean ± 1SD (n = 5) concentration (mg kg-1 dry wt.) of P fractions in fine 

surface soils at five sites in the upper Brisbane River 

 

6.3.3.3. Spatial variation in P fractionation in suspended sediments 

The P fractionation of suspended sediments have been compared between samples 

collected from sites in the upper catchment (UBR12, UBR10 and UBR8) on the 15th of 

January, 2008 and sites in the lower catchment sampled on the 5th of January, 2008 (Fig 

6.10). In the suspended sediments the TP concentration was highest in the upper 

catchment at the UBR12 and UBR10 sites and lowest at UBRA. Across all sites the TP 

concentration of suspended sediment was positively correlated (P < 0.01) with the 

NaOH-rP fraction in suspended sediments (r = 0.90).  The mean NaOH-rP concentration 

was substantially higher in the upper reaches from UBR12 to UBR8 ranging from 385 ± 

6 mg kg-1 dry wt. at UBR8 to 446 ± 19 mg kg-1 dry wt. at UBR10. NaOH-rP as a 

proportion of TP comprised between 43% and 44% of TP in suspended sediments at 

these sites. In the mid to lower catchment, the NaOH-rP fraction comprised 36% and 

35% of TP at UBRA and UBRG respectively. Unlike the NaOH-rP fraction there were 

not substantial differences in the mean BD-P concentration between most sites. Although 

mean BD-P was highest at UBRG this was not significantly different than the upper 

catchment sites (P < 0.05). The mean BD-P at UBRG was however significantly higher 
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than at UBRA (P < 0.05). As a proportion of TP, BD-P was 15% at UBRA and 21% at 

UBRG. In the upper catchment sites the proportion of TP as BD-P was similar between 

sites ranging from 11% to 15%.  

 

The NaOH-nrP fraction varied substantially between sites with relatively high 

concentrations at UBR12, UBR10 and UBRG ranging from 183 to 197 mg kg-1 dry wt. 

and comprising between 18 and 21% of TP. At UBR8 and UBRA the mean NaOH-nrP 

concentration was significantly lower (P < 0.05) at 84 ± 19 mg kg-1 dry wt. and 93 ± 7 

mg kg-1 dry wt. respectively. NaOH-nrP comprised 10% and 13% of TP in the suspended 

sediments of UBR8 and UBRA respectively. Unlike the NaOH-nrP fraction, there was 

not a clear trend in Res-P concentration from upstream to downstream sites during flow 

events. Furthermore there was no clear difference in terms of upper catchment versus mid 

to lower catchment sites. The mean Res-P concentration ranged from 190 ± 37 mg kg-1 

dry wt. at UBRG to 282 ± 14 mg kg-1 dry wt. and comprising between 21 and 33% of TP. 

There were only minor differences in mean NH4Cl-P and HCl-P between a few of the 

sites and overall there were no clear spatial trends with mean NH4Cl-P and HCl-P 

concentrations consistently low at all five sites.  
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Figure 6.10 Mean ± 1SD (n = 5) concentration (mg kg-1 dry wt.) of P fractions in 

suspended sediments at five sites in the upper Brisbane River 

 

The ratios of different P fractions have also been compared between sites in the upper 

Brisbane River during the two flow events in January 2008 (Fig 6.11). The NaOH-rP to 

Res-P ratios varied substantially between sites with significantly higher ratios at UBR12, 

UBR10 and UBRG relative to the UBR8 and UBRA sites (P < 0.05). In the flow event on 

the 15th of January there was a trend of decreasing NaOH-nrP to Res-P ratios with 

distance downstream from UBR12 to UBR8 (0.84 ± 0.10, 0.67 ± 0.09 and 0.34 ± 0.12). 

In contrast during the flow event on the 5th of January the upstream site at UBRA had a 

substantially lower BD-P to NaOH-nrP ratio (0.38 ± 0.07) relative to the downstream site 

at UBRG (0.97 ± 0.13). The ratio of BD-P to NaOH-rP varied substantially between sites. 

From UBR10 to UBRG there was a clear trend of increasing BD-P to NaOH-rP ratios 

with distance downstream. The mean BD-P to NaOH-rP ratio increased from 0.27 ± 0.02 

at UBR10 to 0.60 ± 0.10 at UBRG where the BD-P to NaOH-rP ratio was significantly 

higher than all other sites. There were no significant differences in the BD-P to NaOH-rP 

ratios in the upper catchment sites (P < 0.05) while for UBRA the mean ratio of BD-P to 

NaOH-rP was significantly higher than UBR10 and UBR12 (P < 0.05). The IP:OP ratio 

was similar between sites (P > 0.05) while the ratio of available P (AP) to non-available P 
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(NAP) showed a similar pattern in terms of differences between sites to that already 

described for the NaOH-nrP to Res-P ratios.  

 

 
 

Figure 6.11 Ratios of inorganic to organic P (IP:OP), NaOH-nrP to Res-P, BD-P to 

NaOH-rP and available P to non available P (AP:NAP) in the suspended sediments 

of five sites in the UBR 
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The concentration of each P fraction has been compared to the concentration of FRP 

during each flow event at each site (Fig 6.12). The particulate P (PP) flux was converted 

to units of mg l-1 for comparison with FRP by multiplying the mean concentration of each 

P fraction (mg kg-1 dry wt.) by the mean TSS concentration (mg l-1) at the time of 

sampling. TSS in the upper catchment ranged from 204 mg l-1 at UBR12 to 308 mg-1 at 

UBR8 while at the UBRA and UBRG sites TSS was 142 mg l-1 and 119 mg-1 

respectively. The FRP concentration in the water column ranged from 0.112 ± 0.009 mg 

l-1 at UBRA to 0.205 ± 0.012 mg l-1 at UBR8 and was highest in the upper catchment 

sites.  At the time of sampling a substantial proportion of the total P flux through the river 

system was in the FRP form. As a proportion of the total P flux (PP + FRP), FRP was 

similar between sites ranging from 41 to 46%.  
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Figure 6.12 Comparison of the percent contribution to the total P flux of FRP and P 

fractions during flow events at five sites in the UBR 

 

6.4. Discussion 
This study provided important insights into the potential bioavailability of particulate P 

fluxes in a dry sub-tropical river and also highlighted the importance of erosion processes 

in changing the P fractionation of suspended sediments relative to potential source 

material. The P fractionation of suspended sediments differed substantially from the fine 
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soils and bed sediments in the catchment. The enrichment factors of soils and bed 

sediments for each P fraction in fine versus bulk sediments was not a good predictor of 

suspended concentrations or proportions, although it did indicate that HCl-P would likely 

be deplete in suspended sediments relative to other fractions. The key finding of this 

study was the enrichment of a more labile fraction (NaOH-rP) and concurrent depletion 

of a relatively recalcitrant fraction (HCl-P) resulting in PP fluxes through the river system 

that were relatively high in potentially available forms of P over the short to medium 

term relative to fine bed sediments and soils. Res-P was also higher in suspended 

sediments but did not show the same level of enrichment relative to the NaOH-rP 

fraction. There were also differences in NH4Cl-P fraction with high levels in soils and 

low levels in both bed and suspended sediments while the BD-P and NaOH-nrP were 

more consistently distributed between suspended sediments and potential source material.  

 
6.4.1. TP in suspended sediments and potential source material 

The TP in suspended sediments in this study was 851 mg kg-1 which was at the lower 

range of values reported in other studies. Evans et al. (2004) reported mean TP in 

suspended sediments of 1758 mg kg-1 in sub-catchments of the River Kennet, England. 

Owens and Walling (2002) reported suspended TP concentration ranging from 1160 – 

1660 mg kg-1 in rural areas to concentrations ranging from 1663 mg kg-1  to 7538 mg kg-1 

in industrialized areas. The high levels of TP in suspended sediments from industrialized 

areas was attributed to inputs from point sources (Owens and Walling 2002). There are 

no major point sources in the upper Brisbane River and therefore the TP content of 

suspended sediments is more reflective of rural land uses.   

 

A comparison of TP in suspended sediments and potential source materials showed that 

TP in suspended sediment was higher than streambank soils, but similar to surface soils 

and bed sediments. This is in contrast to the studies by Owens and Walling (2002) who 

found that the TP content of suspended sediment was higher than floodplain and channel 

bed sediments, Evans et al. (2004) who found that TP was high in suspended sediments 

relative to less mobile material and Dong et al. (1983) who reported greater P levels in 

clay sized particles relative to sand or silt sized particles of urban soils. In the upper 
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Brisbane River it was found that while the speciation of P in suspended sediment was 

substantially different from potential source material this did not translate to a major 

difference in TP content. Essentially in this system the enrichment of NaOH-rP during 

erosion was countered by a substantial reduction in the HCl-P fraction.  

 
6.4.2. HCl-P in suspended sediments and potential source material 

The low proportion of HCl-P in suspended sediments occurred despite the surrounding 

soils and bed sediments having relatively large stocks of this fraction. There was 

generally no enrichment of HCl-P in fine versus bulk soil and bed sediment with the 

majority of fine samples having an enrichment factor of less than 1. This suggests that 

much of the HCl-P was associated with larger particles or spread evenly across different 

grain sizes, which is consistent with other studies. Selig (2003) found that HCl-P 

accumulated predominately in sandy sediments (>63 µm grain size) in a shallow, 

eutrophic lake in Germany (Selig 2003) while in estuarine sediments from France the 

concentration of HCl-P was distributed relatively evenly between silt and clay fractions 

and larger grain sized sediments (Andrieux-Loyer and Aminot 2001). Based on the 

distribution of HCl-P between fine and bulk samples it is not surprising that the levels in 

suspended sediment would be reduced relative to other fractions. This does not, however, 

account for the magnitude of the decrease in HCl-P. The difference between fine and 

bulk soils and bed sediments are only minor compared to the difference between HCl-P 

in fine soils and bed sediments and suspended sediments. The most likely explanation is 

that within the fine grain sized particles measured in this study there is a further reduction 

in HCl-P with decreasing particle size. The <63 µm size class used in this study was 

chosen to reflect material that is most likely to be transported into streamflow during 

storm events. This is however a combination of silt (2 – 63 µm) and clay (<2 µm) and the 

potential erosion of these size classes may be quite different. Suspended sediments may 

contain a relatively large proportion of fine material as clay (Walling et al. 2001) which is 

likely to be deplete in HCl-P (Stone and English 1993). A combination of high clay 

content in suspended sediments and a low HCl-P content in clays would explain the 

substantial differences in HCl-P in suspended sediments relative to fine soils and bed 

sediments.  
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It is important to note that while the HCl-P in suspended sediments was low this was not 

reflected in the P fractionation of the bed sediments. Given that the HCl-P fraction is 

relatively immobile it would be expected that there would be a much lower proportion of 

HCl-P in the bed sediments relative to the catchment soils. This was not the case 

however, suggesting that inputs of sediments with higher HCl-P than the suspended 

sediments measured in this study must have occurred. Given that HCl-P appears to be 

depleted in finer, more easily transportable particles, inputs must come from larger 

particles and are therefore likely to have been derived from either higher velocity flows 

which bring coarser particles into the streamflow, or very localized inputs which are 

transported only a short distance. Although the flows measured in this study (2020 ML d-

1 at UBRG) were in the top 5% of historical flows and were therefore substantial events, 

much higher discharge has been recorded (Chapter 2) which may account for some of the 

HCl-P in bed sediments. An additional explanation is that much of the HCl-P was derived 

from localized inputs such as bank collapse and erosion of relatively coarse particles 

from streambanks. This is supported by the comparison of HCl-P in bed sediments and 

streambank soils which both showed a similar trend of decreasing HCl-P from the upper 

catchment to lower catchment sites.   

 

6.4.3. NaOH-rP in suspended sediments and potential source material 

In contrast to the HCl-P fraction, NaOH-rP was substantially higher in suspended 

sediments relative to soils and bed sediments. Unlike HCl-P, the NaOH-rP fraction was 

enriched in the fine particles (< 63µm) of surface soils and bed sediments and therefore 

an increase in this fraction in suspended sediments was expected. The degree of 

enrichment in suspended sediments however was not expected based on differences in 

bulk versus fine bed sediments and soils alone. In addition to a higher level of NaOH-rP 

in fine versus bulk surface soils and bed sediments there was a further enrichment in 

suspended sediments. The suspended sediments had approximately double the NaOH-rP 

content of fine soils and bed sediments which equates to an enrichment factor of about 

two. This is higher than the enrichment of fine and bulk soils and bed sediments which 

ranged between 1.2 and 1.5. Therefore the high NaOH-rP concentrations and proportions 
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in suspended sediments can not be explained by enrichment in fine (< 63 um) versus bulk 

soil and sediments.  

 

The high NaOH-rP in suspended sediments is most likely a reflection of a higher 

proportion of clay particles in suspended sediments relative to fine soils and bed 

sediments which may contain a higher proportion of silt. If NaOH-rP was enriched in 

clay relative to silt particles this could produce the level of enrichment observed in the 

suspended sediments. High proportions of NAIP in clay have been reported by Stone and 

English (1993) who found that NAIP increased with decreasing particle size in fine 

grained sediments. Furthermore, over 50% of the TP in sediments with a median particle 

size of 2 µm was NAIP relative to 2% in the 45 µm medium particle size fraction (Stone 

and English 1993). This is a substantial difference and indicates that there can be a large 

degree of variation in Fe and Al bound forms of P between clay and silt size classes.  

 
 
Relative to HCl-P, the NaOH-rP fraction can be considered to be potentially available in 

the short to mid term (Ribeiro et al. 2008), so the high proportion of NaOH-rP and low 

proportion of HCl-P in sediment loads has important implications downstream. Based on 

the results of this study, it can be said that erosion and transport processes during flow 

events result in a flux through the river system which has a higher amount of potentially 

available forms of P than the wider soil/sediment system.  This demonstrates that in 

addition to contributing to the amount of P exported from the river system, flow events 

and in particular the selective erosion of finer particles may largely determine the mid to 

long term availability of P loads to downstream ecosystems.  

 

6.4.4. NH4Cl-P in suspended sediments and potential source material 

Another important distinction between suspended sediments, soils and bed sediments was 

in the NH4Cl-P fraction. In the surface and streambank soils, NH4Cl-P was relatively 

high while in the suspended sediment, NH4Cl-P was substantially lower. Assuming that a 

considerable proportion of suspended sediments were derived from either streambank or 

surface soils and not solely from bed sediments these results would suggest that loosely 

sorbed P may be rapidly released into the water column in the early stages of the erosion 
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process. Furthermore there were substantial NH4Cl-P stores in both bulk and fine soils 

indicating that desorption of loosely sorbed P from larger particles may also be important.  

The relatively large stores of NH4Cl-P in surface and streambank soils combined with the 

high FRP concentrations in water samples suggest that there is a relatively rapid flux of 

loosely sorbed P from catchment soils during these storm events.  

 
While P inputs to rivers are generally considered to be dominated by particulate forms in 

heavily grazed catchments, there is increasing evidence that dissolved P inputs via 

overland flow may also be important (Drewry et al. 2007). The composition of 

streamflow in terms of the FRP:TP ratio in the UBR was at the high end of the range of 

values reported in other Australian rivers (Harris 2001a, Eyre and Pont 2003, Brodie and 

Mitchell 2005, Vink et al. 2007). Vink et al. (2007) suggested that large fluxes of FRP are 

likely to occur after long periods of low rainfall where dissolved inorganic P accumulates 

in the catchment and produces a relatively large pulse of FRP during early flow events. It 

is interesting to note that although the flows in the upper catchment (UBR12, UBR10 and 

UBR8) occurred approximately 10 days after the first, larger flow event of the wet 

season, there was still a high proportion of FRP in the water column. This suggests that 

the source of the FRP in the upper Brisbane River catchment was not exhausted during 

the earlier flow event or had been replenished between events.  

 

The concentration of NH4Cl-P on suspended sediments is difficult to interpret in the 

sense that it is not clear as to how much NH4Cl-P had already been released prior to 

sample collection. This fraction is readily exchangeable with the water column (Hieltjes 

and Lijklema 1980, Psenner et al. 1988) and therefore could easily have been released 

during the storm events prior to collection of suspended sediments and measured as water 

column FRP. Assuming the concentration in suspended sediments was similar to soils 

and that this was all released prior to collection the contribution of NH4Cl-P to water 

column FRP can be estimated based on the mean FRP (0.138 mg l-1) and TSS (205 mg l-

1) of event flows during the study and the mean NH4Cl-P concentration of surface soils 

(28 mg kg-1 dry wt.). Applying these values the estimated contribution from suspended 

sediments to FRP would have been approximately 0.006 mg l-1 or 4% of the FRP 
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measured in stream flow. The contribution of NH4Cl-P in suspended sediments to water 

column FRP was therefore likely to have been small.  

 

While it would appear that desorption of loosely sorbed P from suspended sediments 

does not account for the high FRP concentrations in event flows there may have been a 

large contribution from the NH4Cl-P pool via desorption from soils not transported into 

the river system. Unlike the other P fractions the NH4Cl-P pool does not require erosion 

and transport to occur to contribute P to the streamflow. Given the relatively large stores 

of loosely sorbed P in fine and bulk surface and streambank soils it is conceivable that 

desorption from the bulk soil matrix into overland and stream flow could have produced 

the large FRP fluxes observed in this study. In systems such as the upper Brisbane River 

that have experienced prolonged periods of low rainfall, the accumulation of loosely 

sorbed P in catchment soils during dry periods followed by large pulses of FRP into 

overland flow may be important.  

 
6.4.5. BD-P in suspended sediments and potential source material 

While there were clear differences between suspended sediments and potential source 

material for the HCl-P, NaOH-rP, Res-P and NH4Cl-P fractions the BD-P and NaOH-nrP 

fractions were similar in suspended sediments and potential sources. There was, however, 

a significant increase in the BD-P fraction in bed sediments relative to soils. In addition 

there was a substantial increase in BD-P in bed sediments from the lower catchment 

relative to upstream sites. Pacini and Gatcher (1999) have suggested that BD-P is 

enriched in river bed sediments due to processes at the sediment-water interface (Pacini 

and Gatcher 1999). Relative to soils, the conditions in the bed sediment should favour the 

formation of Fe bound P compounds due to the supply of dissolved Fe and P from deeper 

anoxic layers and the formation of Fe bound P in the oxic surface sediments (Baldwin 

and Mitchell 2000). The adsorption of dissolved P by Fe is known to be an important 

process in sediments (Istvanovics et al. 1989, Graetz and Nair 1999, Baldwin and 

Mitchell 2000) and this study has shown that P sorption in sediments in the upper 

Brisbane River was related to amorphous and poorly crystalline forms of Fe but not Al 
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(Chapter 4). This would indicate that where P is reincorporated into the sediment matrix 

through abiotic sorption it is likely to be taken into the BD-P fraction.  

 
It is interesting that while there was substantial enrichment of the NaOH-rP fraction in 

suspended sediments this did not occur for the BD-P fraction. Assuming the high NaOH-

rP content in suspended sediments was due to high levels of clay, the proportion of BD-P 

associated with clay particles in the catchment soils must be small relative to NaOH-rP. 

The ratio of BD-P to NaOH-rP varied substantially between sediments and soils and also 

between sites for both the suspended and bed sediments. It is interesting that at UBRG 

the BD-P to NaOH-rP ratio in suspended sediments was substantially higher than sites 

upstream and closer to the ratios measured in fine bed sediments. This suggests that the P 

flux at UBRG may have contained a greater proportion of total suspended sediments 

from existing bed sediments with relatively high BD-P. This was supported by the fact 

that the NaOH-nrP fraction was also relatively high at UBRG which is again more 

reflective of the bed sediments rather than the surrounding streambank and surface soils.    

 

The relative proportion of NaOH-rP and BD-P is likely to be important in the upper 

Brisbane River because P fluxes will eventually be deposited in a large drinking water 

storage which seasonally stratifies. While Al bound P is likely to be stable under anoxic 

conditions (Reddy et al. 1995, Kopacek et al. 2000, Pardo et al. 2003) the BD-P fraction 

represents reductant soluble forms of P associated with Fe and Mn (Psenner et al. 1988). 

Therefore whereas the NaOH-rP fraction may be expected to be relatively stable under 

anoxic conditions, the BD-P fraction would be expected to be released into the water 

column when conditions become anoxic at the sediment water interface. Based on the 

output from UBRG during this study it can be estimated that approximately 20% of the 

total sediment load downstream is in a form that is likely to be released under anoxic 

conditions. Furthermore the results suggest that some of this BD-P was likely formed 

within the river system during the transport, deposition, resuspension and export process. 

Therefore the ratios of BD-P and NaOH-rP are not static but rather shift from low BD-P 

to NaOH-rP in soils and suspended sediments in the upper catchment to much higher 

ratios in bed sediments and suspended sediments in the lower reaches of the river.  
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6.4.6. NaOH-nrP and Res-P in suspended sediments and potential source material 

The organic component of P flux in the upper Brisbane River is represented by the Res-P 

and NaOH-nrP fractions which combined made up approximately 39 to 46% of total P in 

suspended sediments. The Res-P fraction was significantly higher in suspended 

sediments indicating a substantial proportion of fine residual organic matter is transported 

through the system during flow events. This fraction is considered to be the most 

refractory of the P fractions and therefore would not be expected to contribute largely to 

internal P loads in downstream ecosystems. The NaOH-nrP fraction on the other hand 

may be an important source of P to downstream which may become available over the 

short to mid term. In terms of potential for release downstream the NaOH-nrP fraction is 

important as it is said to include more labile organic P compounds (Psenner et al. 1988). 

It has been suggested that more easily degradable organic P and more stable P-rich 

compounds such as phytate (Rydin 2000), in addition to a substantial proportion of 

inorganic polyphosphates in sediments, are included in this fraction (Hupfer and Gatcher 

1995, Baldwin 1996b, Hupfer et al. 2004). Based on data from UBRG approximately 

20% of the sediment P load exported downstream will be in a form which may be 

released through the mineralisation of labile organic compounds or the release of 

polyphosphates from bacterial biomass.  

 

The relative amount of NaOH-nrP to Res-P in suspended sediments was similar to the 

surface and streambank soils but substantially lower than in the bed sediments. The 

higher NaOH-nrP to Res-P ratios in bed sediments may reflect inputs of relatively labile 

organic material instream (e.g. decomposition of macrophyte and algal biomass). 

Interestingly the NaOH-nrP to Res-P ratio in suspended sediments was significantly 

higher at UBRG relative to sites upstream. Together with the higher BD-P to NaOH-rP 

ratio at UBRG this suggests that there may have been a substantial contribution from fine 

bed sediments to the suspended sediment load at this site. This is important because it 

suggests that the relative contribution of bed sediments and surrounding soils to the 

suspended sediment flux will have implications in terms of the potential availability of P 

loads. Specifically it appears that sediment loads with a higher contribution from bed 
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sediments will have a greater potential to be released downstream via redox and 

mineralisation processes.  

 

In conclusion, by quantifying P fractions in suspended sediment this study has provided a 

greater insight into the potential availability of P loads from a dry tropical river system 

during peak flow events. In the short term the supply of bioavailable P to downstream 

ecosystems will come predominately from the FRP loads in event flows and this study 

has identified loosely sorbed P in surface and streambank soils as a likely source. Over 

the longer term the supply of P to downstream ecosystems will likely come from the 

sediments delivered by the river system during past flow events. This is particularly 

important in the dry tropics where P loads are associated with infrequent rainfall and flow 

events and therefore riverine inputs are not constant. The release of P from sediments is 

therefore central to the supply of bioavailable P to primary producers in downstream 

ecosystems over the longer term. In addition to quantifying the P speciation of suspended 

sediments during event flows the study has also demonstrated the extent to which 

suspended sediment fluxes differ from potential source material. Substantial enrichment 

of the more labile NaOH-rP fraction and a concurrent depletion of the relatively 

recalcitrant HCl-P fraction resulted in a greater proportion of potentially available P in 

suspended sediments relative to soil and bed sediments. The selective erosion of clay 

particles in runoff and streamflow is believed to be responsible for the observed patterns 

in NaOH-rP and HCl-P in suspended sediments. In terms of the P dynamics of dry 

tropical rivers, the study has demonstrated that erosion and transport processes during 

event flows are not only key drivers of total P loads but are also important determinants 

of the form of P which is exported downstream.   
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Chapter 7: Conclusions 
 

The key question of this thesis is “To what extent do dry subtropical river systems alter 

the amount, timing, and form, of P delivered to downstream ecosystems”. Four specific 

questions were outlined in the objectives to address the principal knowledge gaps in our 

current understanding and to build towards a clearer picture of P dynamics in dry 

subtropical river systems. The following is a summary of the key findings of this study as 

they relate to each of the four specific research questions.  

 

i. Does the P chemistry of eroded soils change when they are exposed to the 

riverine habitat? 

The first question related to the fate of P in eroded soils as they are transported, stored 

and processed instream. The study found that there were important changes in P sorption 

with lower EPC0 and higher sorption capacity in bed sediments relative to catchment 

soils. It was shown that this was probably due to changes in the Fe chemistry of 

sediments resulting in an increase in amorphous and poorly crystalline forms leading to a 

higher P sorption capacity and an increase in the proportion of Fe bound P in bed 

sediments.  

 

ii. What are the major storage pools in dry tropical river systems? 

The second research question related to instream P storage in dry subtropical rivers and 

the study identified bed sediments as the major storage pool with macrophyte and leaf 

litter biomass making up the majority of the remaining P storage.  

 

iii. Do sediments act as a source or sink in the river system and to what extent do 

they control water column dissolved P?  

The third research question related to the capacity of bed sediments to function as a net 

source or sink for FRP in the water column. The study found that while EPC0 varied 
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between reaches, bed sediments were likely to function as a net sink for FRP across much 

of the river system.  

 

iv. How does the natural hydrology of dry tropical river systems interact with these 

processes?  

The fourth research question related to the effect of extremes in flow on the processes 

outlined above. The study found that during periods of low rainfall where the streambeds 

are subject to air drying there are substantial changes in the loosely sorbed and NaOH-

nrP fractions relative to submerged sediments. It was suggested that this reflected 

accelerated mineralisation of labile organic P in air dried sediments. Furthermore the 

desiccation of bed sediments was shown to substantially reduce the sorption capacity and 

increase the EPC0 resulting the desiccated sediments having sorption properties more 

similar to soils than submerged bed sediments.  

 

During event flows it was shown that selective erosion of fine soil particles in overland 

and stream flow substantially increased the NaOH-rP fraction and decreased the HCl-P 

fraction relative to bed sediments and catchment soils. The results of sorption 

experiments also suggest that during flow events the equilibrium between sediment and 

water column phases will change in favour of higher P release from sediments due to the 

input of freshly eroded soils with low sorption capacity and high EPC0 into streamflow. 

Finally it was shown that during flow events there may be a substantial loss of P from the 

system in macrophyte biomass and in particular free floating species such as Azolla.    

 

For the remainder of this chapter the key research outcomes outlined above will be 

integrated and discussed within the context of the conceptual model presented in Chapter 

1. This model incorporates the key hydrological, physical, chemical and biological 

processes operating on P dynamics in the UBR. Although the model is based on 

processes in the UBR catchment its application to other river systems is discussed. In 

terms of the wider ecological implications of the results, the discussion is focused 

primarily on the role of the river system in mediating the link between soil P inputs into 

the river system and water quality impacts in downstream ecosystems. Specifically the 
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discussion of ecological and management implications are focused on P fluxes into a 

large potable water storage.  

 

It is important to put the flows observed in this study in the context of historical flows. 

Figure 6.1 shows the discharge at UBRG during the study period from November 2005 to 

February 2008 in reference to historical flow frequencies (1990 – 2005). It can be seen 

that discharge exceeded the 90th and 95th percentile of historical flows on only a few 

occasions. Flow was generally lower during the study relative to historical flows with 

67% of the study period having measured discharges of zero, compared to an historical 

average of ~ 10%. While 5% of historic flows have exceeded 1275 ML d-1 (> 95th 

percentile) only 0.5% of flows exceeded this value during the study period. Therefore in 

the context of historical flows the river system experienced a period of relatively low 

flow during this study.  

 

From the discharge data for the study period (Fig 6.1) it is possible to provide an estimate 

of the relative amount of time the river system was likely to have been in each of the 

three phases outlined in the conceptual model. Using the discharge data as guide it is 

clear that during the periods of zero flow the system was in the drawdown phase. This 

comprised approximately 67% of the study period. Although the distinction between 

transport and intermediate phases is difficult to define, it was suggested in Chapter 3, that 

during flows above the long term 95th percentile the mass of P cycled instream is likely to 

be orders of magnitude lower than the mass of P exported from the system. Furthermore 

by comparing the proportion of P loads under different flow regimes it is possible to infer 

something about the relative importance of P transport at different times during the study.  

 

By applying the equation outlined in Chapter 3 (Log TP load = 1.146 ± 0.052 * (Log 

Flow) – 1.173 ± 0.134) to the discharge data the P load at UBRG from November 2005 to 

February 2008 was estimated to be approximately 6.0 T. Approximately 86% (~ 5.2 T) of 

this occurred when discharge was above the long term 75th percentile of historical flows 

despite constituting only 7% of the study period (% days > 75th percentile). 

Approximately 28% of this came from flows greater than the 95th percentile despite 
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constituting only 0.5% of the daily flows (as % days). If we assume that at flows above 

the 95th percentile the mass of P cycled instream is negligible relative to the mass 

exported (Chapter 3), the proportion of time the system was in transport phase would 

have been approximately 0.5%. If we use the 75th percentile as a cut off point then the 

proportion of time would have been 7%. While these cut off points are arbitrary they do 

provide some context in terms of how the river system may shift between phases and the 

relative proportion of time in each phase. In this sense we could say that during the study 

period the river system was in drawdown phase for approximately 67% of the time, in 

transport phase for somewhere between 0.5% and 7% and in the intermediate phase for 

approximately 26% to 33% of the time.  
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Figure 7.1 Discharge (ML d-1) at UBRG during the study period from November 2005 to February 2008. Horizontal lines 

indicate the 50th, 75th, 90th and 95th percentiles of discharges for the historical flow record, 1990 – 2005. 
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7.1 Synthesis of findings  
A conceptual model is presented in Figure 7.2 outlining the dominant factors operating 

on P dynamics in the UBR. This conceptual model provides the context in which the 

results from this study are presented. The model contrasts the relative importance of key 

biological (A, B & C), chemical (F & G) and physical (D & E) processes during three 

different phases. Drawdown, intermediate and transport phases each represent a variation 

in the hydrology of the system. The system will switch between these phases as part of 

the natural flow regime. The drawdown phase represents conditions where flow ceases 

and the surface waters become increasingly fragmented. A transport phase occurs at the 

other end of the hydrological spectrum and represents storm events. Between these two 

extremes there is the intermediate phase, which represents a wide range of flow regimes. 

The key differences between the three phases in terms of P dynamics reflect the 

differences in the way transport and processing components of river retention interact in 

each phase. These are important distinctions because the overall retention of P in river 

systems is a product of the interaction between processing and transport components.  
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A= Uptake and Assimilation  B = Mineralisation  C = Decomposition  

D = Sedimentation   E = Resuspension   F = Adsorption 

G = Desorption 

*Arrows are qualitative and represent only the relative importance of each process 

 

Figure 7.2 A conceptual model of phosphorus transformations in a dry subtropical 

river system  
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7.1.1. Drawdown Phase 

Two processes have been identified as being particularly important during periods of no 

flow in the UBR. These are adsorption and desorption exchanges at the sediment water 

interface and the uptake and turnover of P in macrophyte stands (Fig 7.2). The adsorption 

of phosphate onto the surface of amorphous and poorly crystalline forms of Fe is likely to 

be the most important abiotic uptake pathway for FRP in the UBR. As discussed in 

Chapter 4, the bed sediments have a high capacity for P sorption. Comparisons of EPC0 

with water column FRP suggested that the bed sediments are generally a net sink for 

FRP. The sorption properties of these sediments were well correlated with amorphous 

forms of Fe but not Al, indicating that abiotic P uptake occurs predominately onto Fe 

surfaces. If sediments are a long term sink for FRP and P sorption onto Fe surfaces is the 

principal uptake pathway, there should be an accumulation of Fe bound P in the bed 

sediments.  

 

Sequential extraction data, support the contention that adsorption of FRP onto amorphous 

forms of Fe is a net sink for P. The results from Chapter 6 indicated that uptake via this 

pathway had in fact increased the BD-P pool in fine bed sediments relative to source 

material. BD-P was higher in fine bed sediments relative to fine soils. Unlike the NaOH-

rP fraction, there was not a substantial enrichment of BD-P in suspended sediments and 

therefore the relatively high BD-P could not be attributed to selective erosion of BD-P 

rich soils. Together the sorption and sequential extraction data suggest that adsorption of 

FRP from the water column, and incorporation into the sediment in forms associated with 

Fe, is an important abiotic retention pathway in this river system.  

 

Based on the abundance of macrophyte biomass within the river system (Chapter 3) it is 

likely that uptake and turnover of P by macrophyte communities is important during the 

drawdown phase. The results from Chapter 3 showed that macrophyte biomass could 

make up a substantial share of the total P stocks in parts of the system. The P in 

macrophyte biomass was approximately equal to the total wet season P export (~ 2.7 T). 

In short this demonstrated that the mass of P taken up and stored in macrophyte biomass 

is a significant amount in the context of riverine exports. It is interesting to note that there 
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appears to be a strong demand for FRP from both bed sediments and macrophytes 

indicating that during periods of low flow there may be substantial competition between 

abiotic sediment sorption and biotic uptake and assimilation. If water column FRP is at 

equilibrium with the bed sediments, this may limit the supply of FRP to macrophyte 

communities, particularly in areas with low EPC0. Other sources of FRP may be 

important in areas with low EPC0 including mineralisation of organic P in bed sediments, 

subsurface inputs or localized inputs from livestock. It is however beyond the scope of 

this study to determine the extent to which these sources might supply FRP to 

macrophyte communities during periods of no flow. Having said this, in addition to being 

an important biotic uptake pathway, macrophytes are also likely to be a substantial source 

of organic P to the bed sediments, particularly during periods of low flow. Mineralisation 

of macrophyte detritus may in turn contribute to the internal P load of isolated river 

reaches during periods of no flow.  

  

At UBRA where macrophyte biomass was highest, the P in macrophyte biomass was 

approximately 13% of the P in the top 2cm of sediment. Based on data from Chapter 4, 

approximately 27% of TP is Org-P at this site. Given that during the drawdown phase the 

movement of P is cyclical, the decomposition of macrophyte material, and incorporation 

into the sediment matrix, would result in a 48% increase in Org-P in bed sediments at this 

site. Incorporation of this material into the sediments should result in an increase in the 

proportion of labile Org-P in the bed sediments and this was supported by the results 

from Chapter 6 where the NaOH-nrP fraction was significantly higher in the fine bed 

sediments relative to soils and suspended sediments. This fraction is considered to 

include more labile forms of organic P and therefore inputs of macrophyte biomass into 

the sediment matrix may increase the fraction resulting in a higher concentration in bed 

sediments relative to the surrounding soils and suspended sediments of terrestrial origin. 

The fate of this P will depend on the rate of mineralisation of sediment organic matter 

and there is sufficient evidence to suggest that this process is greatly accelerated in 

conditions where complete drawdown of surface waters exposes the sediments to air 

drying.     
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During periods of low rainfall surface waters become increasingly fragmented and 

portions of the streambed sediment may be subject to air drying or complete desiccation. 

The results from Chapter 5 showed that air drying reduced labile organic P (NaOH-nrP) 

and increased loosely sorbed P (NH4Cl-P) in bed sediments. This suggested a shift in P 

from labile organic to loosely sorbed P had occurred as a result of the drying processes. 

Re-examining this contention in the context of macrophyte decomposition during the 

complete drawdown of surface waters it is clear that as surface water coverage declines 

discrete pockets of free floating macrophytes such as Ceratophyllum are likely to 

concentrate in pools within the larger network. Because the system is essentially closed 

the subsequent senescence and decomposition of macrophyte biomass occurs in situ. 

Furthermore, as discussed in Chapter 5, the air drying process may accelerate 

mineralisation. A combination of high inputs of labile organic P to the sediment due to 

dieback of macrophyte communities and an accelerated rate of mineralisation due to air 

drying are therefore likely to be an important component of the P cycle during periods of 

extreme drawdown.  

 

A key component of the drawdown phase is the reduced connectivity within the river 

network. This produces a series of isolated pools which function independently from each 

other. Based on the key processes (A-C and F-G) which operate in this phase it is 

possible to infer much about the degree to which P transformations may vary between 

these isolated pools. Variability between pools will relate largely to three key factors; (i) 

the composition of the standing biomass, (ii) the sorption properties of the sediment, and 

(iii) the proportion and duration of sediment drying (which interacts with i and ii).  

 

The sorption properties of bed sediments were found to vary substantially within the river 

(Chapter 4). While particle size was a poor predictor of EPC0 across the whole catchment 

(i.e. bed sediments, streambank soils and surface soils) when analysed separately, the 

EPC0 was negatively correlated with percent fines in river bed sediments. Therefore sites 

with a high proportion of coarse sand particles will exhibit a higher EPC0 than sites with 

a higher content of fines. This means that within each isolated site a unique equilibrium 

between the sediment and water column is established which reflects the sorption 
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properties of the dominant sediments (Chapter 4). In this way sites with a high proportion 

of sand and therefore high EPC0 in the streambed will likely establish an equilibrium 

which maintains higher water column FRP than sites with a high proportion of fines and 

low EPC0.  

 

The relative abundance of macrophyte and leaf litter biomass is likely to be an important 

source of variability between isolated pools during drawdown. This is because the 

primary uptake route in leaf litter versus macrophyte dominated systems differs. For 

example, in a reach where the biomass is predominately leaf litter, FRP uptake will occur 

largely via microorganisms breaking down leaf litter. Turnover of the Org-P in the 

biomass will be low because much of the P is recalcitrant. In a reach where macrophyte 

biomass dominates, the rate of P uptake and decomposition is likely to be more rapid. 

The composition and abundance of standing biomass is therefore an important variable in 

P cycling during periods where reaches become isolated by drawdown. Broadly speaking, 

reaches can be categorized as either high biomass turnover (macrophyte dominated) or 

low biomass turnover (leaf litter dominated) systems.  

 

The degree of exposure (both temporally and spatially) of the sediments in the channel to 

air drying and possibly desiccation is also an important driver of in-stream variability in 

isolated pools during the drawdown phase. The key transformations occurring in dried 

versus inundated sediments are likely to be quite different, particularly in regard to labile 

organic (NaOH-nrP) and loosely sorbed P (NH4Cl-P). As discussed previously this effect 

may be particularly important where macrophyte biomass is high. The degree of drying is 

also important. In Chapter 5 it was shown that the sorption properties of sediments were 

substantially reduced in desiccated sediments but not in partially dried sediments.   

 

7.1.2. Transport Phase 

This research has highlighted the importance of several processes during flow events. 

The selective erosion of fine particles, the origin of suspended sediments (i.e. soil versus 

instream), P export in macrophyte biomass, and desorption of loosely sorbed P from 

catchment soils are all likely to be important during large flow events. The selective 
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erosion and transportation of soil particles during flow events was an important process 

in terms of P dynamics (Chapter 6). Relative to the wider soil and sediment system, 

suspended sediments in the UBR were enriched in NaOH-rP (Al bound P) and depleted 

in HCl-P (Ca bound P). During flow events there can be a substantial degree of resorting 

of P fractions based on the uneven distribution of different P fractions between different 

grain sizes. This will affect P dynamics in terms of what forms of P get imported into the 

river system via erosion, what forms are resuspended from existing bed sediments and 

what forms are exported from the river system during event flows. It can be inferred from 

this that the fate of Al and Ca bound-P within the river system will differ not just in the 

chemical processes which operate on each fraction but also in terms of how they are 

transported within the system.  

 

As discussed in Chapter 6, the P associated with Al oxides is likely to be transported 

further and more frequently relative to apatite P which is associated with coarser 

particles. Furthermore, the forms of P associated with different soil erosion processes will 

likely differ. For example it would be expected that the surface soils will supply 

predominately finer material rich in Al bound forms of P while processes such 

streambank erosion and bank collapse will provide a much larger proportion of Ca bound 

forms. In this way each event has the potential to change the way P is partitioned within 

the bed sediments at any given site depending on the type of input into the system and the 

degree of resuspension and deposition of bed sediments within the main river channel.  

 

In addition to substantial resorting of P fractions during storm events there is also likely 

to be mixing of sediments and soils with highly variable degrees of P buffering capacity. 

It was shown in Chapter 4 that the bed sediments had substantially different sorption 

properties relative to soils. Furthermore sediments on the streambed that have desiccated 

will have sorption properties more similar to soils than sediments. During flow events 

these previously isolated components of the system (i.e. soils and bed sediments) are 

mixed based primarily on the pathway and velocity of flow in the catchment and the 

transportability of each component. The equilibrium between dissolved and particulate 

phases of P in the river system during flow events will therefore reflect the sum of the 
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different EPC0 of suspended sediments derived from different sources. In the UBR it was 

suggested that where the bulk of suspended sediment is derived from either surface or 

sub-surface soils the equilibrium concentration in the water column will be much higher 

relative to suspended sediments derived from the resuspension of existing bed sediments. 

Therefore the origin of suspended sediments in stream flow during large events will have 

important implications in terms of the amount of FRP in the water column.      

 

Another important process during the transport phase is the export of P in macrophyte 

biomass. It was demonstrated in Chapter 3 that a storm event reduced the biomass of 

Azolla at the UBRA site. The degree to which this occurs will depend on the interactions 

between stream velocity and the morphological structure of individual populations. The 

extent to which this contributes to total river P fluxes will be a function of the amount of 

P accumulated into different biomass compartments, the velocity of flow and the 

transportability of each biomass compartment. Results from the partitioning study in 

Chapter 3 indicated that the P stored in macrophyte biomass is large enough to make a 

substantial contribution to total P export. While quantifying the transportability of 

biomass compartments was beyond the scope of this research, it was still clear that as a 

retention compartment in the system Azolla has relatively poor retention potential 

compared to Ceratophyllum and Nymphaea. The pool of P associated with Azolla is 

therefore far more subject to export during storm events. Furthermore, it is reasonable to 

suggest, that retention of the free floating submerged Ceratophyllum, is likely to be far 

less than the rooted species such as Nymphaea and Vallisneria. This is particularly 

important because the bulk of nutrient storage in macrophyte biomass was in 

Ceratophyllum and therefore the potential contribution to P loads downstream is 

substantial. When considering the potential retention qualities of different biomass 

compartments it is therefore important to consider not just the uptake rates, abundance 

and turnover rates, but also some measure of how easily this material is shunted down 

stream during flow events.  

  

A characteristic of event flows in the UBR catchment is a high proportion of TP as FRP 

in the river system. There are no major point sources or fertilizer applications in the 
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catchment which could account for the levels seen at peak flow. In Chapter 4 and 6 it was 

suggested that the reserves of loosely sorbed P in surface and streambank soils provide a 

large proportion of FRP via overland flow and rising stream levels. In addition, in 

Chapter 5 it was found that drying of bed sediments also produced high loosely sorbed P 

concentrations. Applying the formula outlined in Chapter 3 (3.2), which was used to 

calculate sediment P in units of mass over area, an estimate of the pool of loosely bound 

P has been calculated for surface soils. Based on the top 2cm of soil, a bulk soil density 

of 2.2 g ml-1 and a mean NH4Cl-P of 30 mg kg-1 dry wt. (Chapter 6), the mean surface 

soil NH4Cl-P is approximately 1.3 g m-2. Multiplied by the total catchment area of UBRG 

(Chapter 3) the total NH4Cl-P held in the top 2 cm of surface soils is estimated to be 5.1 

tonnes. During the wet season of 2005-2006 (Chapter 3) an estimated 1.2 T of FRP was 

exported from the river system. Therefore the amount of loosely sorbed P in the surface 

soils alone is large enough to explain the high levels of FRP which occur during rain 

events. In addition to the loosely sorbed P in surface soils, there were also found to be 

stores in streambank soils and partially dried and desiccated sediments which may further 

contribute to FRP fluxes in event flows.  

 

Estimating the total storage of loosely sorbed P in streambank soils and dried bed 

sediments is more difficult relative to surface soils because it is difficult to determine an 

appropriate value for the area of each soil type. Having said this, with a mean streambank 

soil concentration of 20 mg kg-1 dry wt. (Chapter 6) this will equate to approximately 

0.88 kg P m-2 in the outer 2cm of the streambank soil. Multiplied by the stream length in 

the UBRG catchment area (469 km) this equates to 413 kg of NH4Cl-P. This assumes that 

for every 1m of stream length there is 1m-2 of exposed streambank. The magnitude of 

loosely sorbed P in partially dried bed sediments can be estimated by multiplying the 

total P in the sediments of the mid to lower reaches of the river (Chapter 3) by the 

proportion of TP as NH4Cl-P in partially dried sediments (Chapter 5). In wet sediments 

the loosely sorbed pool was consistently less than 1% (Chapter 4, Chapter 5 and Chapter 

6), when sediments were dried however the proportion of TP as NH4Cl-P increased to 5% 

(Chapter 5). This equates to 790 kg of loosely sorbed P in the top 2cm of sediment if the 

entire streambed were to dry.  
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7.1.3. Intermediate Phase  

Between the extremes of drawdown and transport phases, P dynamics resemble what 

would be considered ‘normal’ in the more traditional sense of how P cycling in rivers 

functions. What this phase represents is conditions where P dynamics are governed by the 

interactions between biological/chemical and physical variables. This phase is not well 

defined in this system because it covers a broad range of flow conditions and will occur 

over a range of time scales. Periods in the intermediate phase immediately following 

storm events are likely to exhibit quite different P dynamics relative to periods where the 

system is moving into drawdown phase. We can therefore examine the results in the 

context of post transport and pre drawdown flows.  

 

P dynamics during a pre draw down period are likely to be similar to the drawdown phase 

in the sense that sediment adsorption/desorption reactions and the turnover of macrophyte 

biomass are likely to be the most important processes. The processes of uptake and 

assimilation by macrophyte communities, adsorption onto amorphous Fe and 

decomposition of macrophyte biomass and incorporation into the sediment Org-P pool 

have already been outlined and to a large extent will apply here. The only key difference 

worth noting is that there is greater potential for exchange of material between reaches. 

The period immediately following the transport phase is likely to exhibit very different 

behaviour. Large storm events introduce a sudden pulse of energy and material into the 

river. The period immediately following is likely to be a key factor in terms of the overall 

retention capacity of the river system. In the context of a river which flows into a large 

potable water storage, this is a critical time in which two important things are likely to 

occur. Firstly, depending on the magnitude of the preceding event there may be 

substantial resorting of soils, sediments and biomass. Secondly, storm events in the UBR 

catchment will typically produce high levels of FRP in the water column (Chapters 2, 3 

and 6).  

 

Because there is a relatively large amount of FRP in the water column following event 

flows in the UBR, a key factor governing P export will be the capacity of the various 

compartments in the river to retain this P before it is transported into water storages 
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downstream. The degree to which these mechanisms sequester P will have important 

implications on downstream ecosystems. The two key processes available in the system 

are adsorption by sediments and uptake and assimilation by the standing biomass of the 

system. In this sense the overall retention will depend on the interaction between 

suspended and bed sediments and the overlying water column, and the extent to which 

FRP is taken up into the biomass of the system. In terms of the potential for P retention 

via sorption onto bed sediments, the mixing of existing bed sediments with freshly 

deposited material will be an important factor.  Freshly deposited sediments derived from 

the surrounding soils will have a lower sorption capacity and higher EPC0 than sediments 

that have been in the system longer (Chapter 4). Combined with the high FRP in the 

water column (Chapters 2, 3 and 6) this should result in a new equilibrium between the 

sediment and water column being established. The implication downstream of high levels 

of FRP and a reduced buffering capacity in the bed sediments is high loads of 

bioavailable P. It is most likely however, that sediments which have accumulated over 

many years will far exceed freshly deposited sediments in most instances.  

 

Even if inputs of recently deposited sediments were substantial enough to alter the EPC0 

at the sediment water interface the changes should not be large relative to the FRP in the 

water column. It would therefore be expected that the sediment would continue to act as a 

sink. Unlike the drawdown phase where the interaction with sediments is likely to occur 

primarily at the sediment-water interface, during post event flows the suspended 

sediments within the river will likely play a greater role. The contribution of bed 

sediments relative to soils to the suspended sediment load will likely have a substantial 

effect on P sorption exchanges between suspended sediments and water column FRP. 

Where a larger proportion of the suspended load is derived from instream bed sediments 

it would be expected that the EPC0 would be substantially lower than suspended loads 

comprised predominately of freshly eroded streambank and surface soils. The relative 

proportion of resuspended sediments versus freshly eroded soils is therefore likely to be 

important. While an estimate of this is beyond the scope of this research it is important to 

note that because the sorption properties of bed sediments and soils are so different, the 
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degree to which they each make up the bulk sediment matrix post flow is likely to be an 

important driver of abiotic FRP retention.  

 

Following a flow event another key control on FRP export will be uptake and 

assimilation into the standing biomass. Before discussing how this might operate based 

on what can be garnered from this research, it is important to acknowledge that there are 

several key variables that we do not know. For example, to what extent does the standing 

biomass of the system change post flow? Specifically, is there an increase in macrophyte 

biomass following the input of high levels of nutrients into the system? What is known 

from this study is that the standing biomass varies substantially between reaches and 

therefore the relative importance of macrophyte and microbial (associated with leaf litter) 

uptake is also likely to vary spatially. In the mid to lower reaches of the UBR macrophyte 

biomass was shown to be dominant (Chapter 3) and therefore macrophyte uptake and 

assimilation will likely be the major biotic uptake pathway for FRP. It is important to 

note that because free floating species such as Azolla may be removed from the river 

system during flow events an important uptake pathway for FRP during post event flows 

will also be removed. Another important factor in terms of biotic uptake in the UBR 

system is that there was no evidence of P limitation in the river. In Chapter 3, it was 

concluded that based on the P content of the biomass (in % terms) and the ratio of N to P 

(DIN:FRP) in the water column that even if growth was nutrient limited it would be 

likely that DIN would be the limiting factor. This is important because it suggests that 

there is not an inherit demand for FRP to drive high uptake rates in the system during 

post event flows.  

 

7.2. Management implications  
The work presented here has important implications from a catchment management 

perspective. Specifically, in systems such as the UBR catchment, which include water 

bodies of substantial ecological importance, the river system represents the last line of 

defence in terms of mediating the impact of catchment inputs. Therefore this work has 

identified important processes which will ultimately have consequences in receiving 

waters. Specifically, the results of this study are discussed in terms of managing P in 
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heavily grazed catchments and in the context of improving the existing capacity of 

catchment models to represent instream P processing.  

 

P management in heavily grazed catchments is primarily focused on minimizing or 

intercepting soil erosion. Options available to catchment managers include reducing 

grazing intensity, restricting the access of livestock to river and riparian zones, stabilizing 

streambanks or the use of buffer strips to trap sediments and P in runoff (Croke 2002). In 

rivers with high dissolved P inputs, there is the additional issue of managing sources of 

dissolved P. Given the ecological significance of FRP to downstream ecosystems, the 

management of dissolved P inputs into the river system must be one of the primary 

objectives of any management strategy. A key part of this is to first establish background 

concentrations throughout the catchment by which measures to mitigate FRP inputs to the 

river system could be assessed.  

 

Broadly speaking there are two basic approaches which can be taken to reduce FRP 

inputs into the UBR. One is to reduce the size of the source/storage pool (loosely sorbed 

P) while the other involves interception and retention of dissolved P after desorption. In 

more intensively farmed catchments the desorbable pool of P is often elevated from the 

application of phosphate fertilizers. In this situation there is a clear source which can be 

mitigated by decreasing or changing the timing of inputs. In the UBR catchment, 

desorption of P is governed by the biogeochemical properties of the soils and therefore 

reduction in source storage is not applicable. Having said this, in areas where stock 

density is frequently high (e.g. water sources or shaded areas) P inputs from manure can 

be considered a manageable input of loosely sorbed P in soils. Therefore actions such as 

restricting stock access in key areas may have benefits at the local scale.  

 

At the catchment scale, approaches which aim to reduce dissolved P inputs by 

intercepting the source (P desorbed from NH4Cl-P pool) before it reaches the stream are 

likely to be most effective in reducing dissolved P loads. This will however be 

substantially limited for streambank soils and dry bed sediments because dissolved P is 

delivered directly instream via desorption. For dried bed sediments, increasing dry season 
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flow (e.g. via dam releases or reductions in water allocation upstream) where possible 

will reduce inputs from this source. In streambank soils the restoration of riparian 

vegetation and stabilization of streambanks may help to reduce inputs of dissolved P 

providing there is sufficient cover of bare surfaces. Due to a relatively large surface area 

and long flowpath the greatest potential for a substantial reduction in dissolved P inputs is 

to target the NH4Cl-P pool in surface soils.   

 

In terms of reducing dissolved P inputs, management of the UBR should be aimed at 

increasing ground coverage of overgrazed surface soils. This could be done by reducing 

stock densities and restricting livestock access in high runoff, high P soils. The 

maintenance of sufficient ground cover should increase the uptake of loosely sorbed P by 

plant biomass. In addition, increased ground cover will slow the movement of water 

thereby increasing the flow path of dissolved P in overland flow (Meyles et al. 2006).  

In this way increasing ground cover acts to reduce dissolved P fluxes by providing 

additional uptake pathways into plant biomass and by slowing down the movement of 

water in overland flow which increases the contact between FRP and potential uptake 

pathways.   

 

While riparian buffer strips may be effective in reducing sediment and total P loads in 

runoff they are not likely to be effective in reducing dissolved P loads. They may 

however be used in conjunction with wider scale improvements in land management to 

further reduce sediment bound and to a lesser extent dissolved P exports. Used in 

isolation however they are unlikely to substantially reduce dissolved P loads in overland 

flow. Given the ecological implications of FRP to downstream communities, the 

management of these loads is imperative and therefore the use of buffer strips without 

improvements in wider surface soil cover will not provide substantial ecological benefits 

downstream.  

 

It has been suggested that the restoration of riparian vegetation can have a negative affect 

on nutrient retention in some streams due to the inhibition of macrophyte growth by 

shading, and a subsequent decrease in stream uptake (Wilcock et al. 2004). Macrophyte 
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uptake is an important uptake pathway for FRP in the river and therefore any reduction in 

macrophyte uptake would have implications downstream. Without a concurrent reduction 

in the input of FRP from overland flow, the restoration of canopy cover may therefore 

result in an increase in the magnitude and proportion of FRP in river loads. This should 

be taken into consideration when deciding on whether to implement a riparian restoration 

program and if so, choosing the most appropriate type of buffer. It may be more 

appropriate in the UBR to employ grass buffer strips so as to avoid the potential for 

inhibiting macrophyte growth. It is important to point out that in addition to being used as 

a means of reducing nutrient inputs, the restoration of riparian vegetation has many other 

beneficial outcomes that should be weighed against its costs and benefits in terms of 

nutrient retention. Where the objectives of restoration are to improve overall river health 

the use of native tree species to establish stream shading may be appropriate.  

If the primary objective is to reduce dissolved P loads to downstream ecosystems (e.g. 

Wivenhoe dam), the use of grass buffer strips may be more effective because they can 

provide a degree of sediment and nutrient retention without inhibiting macrophyte 

uptake.   

   

An important tool in catchment management is the use of nutrient export models (Drewry 

et al. 2006). Models aid decision making by generating estimates of the effectiveness of 

different management scenarios on nutrient and sediment loads. While useful, these 

models are limited in their capacity to describe important instream processes. This stems 

from a scarcity of data on key storage compartments and transformation pathways for P 

in Australian river systems. The lack of published data on P sorption and speciation in 

fluvial sediments make it difficult to incorporate these factors into existing models. 

Greater integration of these parameters is important however because they are key 

components of P bioavailability.  While many different models have been developed the 

results of this research are discussed in the context of the Sediment River Network Model 

(SedNet) and Annual Network Nutrient Export (ANNEX) models. These models where 

chosen because they are widely used, they incorporate a measure of P sorption and 

because they estimate sediment inputs from a range of sources (Newham and Drewry 

2006).   
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The sediment delivery model, SedNet gives annual sediment delivery from hillslope, 

gully, streambank and river bed storages. The component ANNEX model provides 

annual estimates of total P based on the P content of the sediment load from each source.  

Dissolved P is modelled based on a dissolved P delivery ratio and the P sorption 

coefficient, kd (Young et al. 2001). The SedNet and ANNEX models were first used in 

the National Land and Water Resources Audit (2001) to estimate annual sediment and 

nutrient budgets across 91 Australian river basins. One of the issues arising from this 

project was a high degree of error in the calibration of annual FRP:TP ratios.  The use of 

a spatially uniform sorption coefficient, kd, and the assumption of a spatially constant 

dissolved P delivery ratio were identified as being important sources of this error (Young 

et al. 2001). Young et al. (2001) noted that while kd was known to be variable, there were 

no clear spatial variables upon which this variation could be modelled. The results of this 

study provide an alternative variable which could be used to model P sorption exchanges 

in river systems.   

 

In the UBR catchment it was demonstrated that the majority of variability in kd occurred 

between soils and bed sediments while spatial differences within soil or sediment samples 

were less obvious. Because SedNet models inputs from hillside, streambank and gully 

erosion as separate processes and can track sediment movement downstream, there is 

potential to assign individual rates of kd based on the different soil types. 

Adsorption/desorption exchanges occur in the bed sediments, suspended sediments and 

streambank soils. The contribution of each specific soil water interaction to the overall 

buffering capacity of the river system will be a function of the individual kd values for 

each soil type and the proportion of sediment load attributable to that source. This could 

be incorporated into the ANNEX model by assigning specific kd values for hillslope, 

streambank, gully and bed sediment sources and matching those rates with the proportion 

of sediment load associated with each source.   
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7.3 Limitations of the study and recommendations for future research 
There were several key limitations to this study. A measure of how biomass changes over 

time under various flows is an important factor not addressed in this study. Also 

quantification of uptake rates in macrophyte and detrital communities is missing and 

together with a greater temporal component this would have enabled a better 

understanding of the potential of these components to sequester FRP from the water 

column. There is no data on changes in Fe crystallinity in soils, sediments and partially 

dried and desiccated bed sediments. As discussed in Chapters 4 and 5 changes in the 

chemistry of Fe may be responsible for changes in P sorption. A greater amount of data 

on Fe forms and in particular a comparison of crystalline and amorphous forms across 

different soils and sediments would help to confirm this. In addition, this study has not 

addressed over what times scales Fe and P properties change when soil is first deposited 

on the streambed. There is also a lack of suspended sediment data across a wider range of 

flow conditions. This was difficult to overcome however due to a lack of flow events 

during the study period. A greater degree of separation of fine soils into smaller class 

sizes is also missing from this work which would have given greater clarification as to 

why suspended sediments were so enriched in NaOH-rP and low in HCl-P.  

 

There is considerable scope for further research based on the findings of this study. Given 

the importance of FRP as a P input, there is a need to better understand its fate during and 

immediately after major flow events in the river. A high resolution (spatially and 

temporally) analysis of P speciation during storm events would provide important 

information given that this is when the bulk of transport is likely to occur. This should 

include multiple locations over small time scales (hours) in the initial event followed by 

continued analysis over a period of weeks. This could be coupled with intensive 

measurements of P fractions in suspended sediments to give a greater understanding of 

how the composition of the P flux changes during and after a storm event.  

 

Given the potential for loosely sorbed P to be a major source of FRP in the UBR, an 

investigation into the processes which generate this material is important. There are key 

questions which need to be answered, such as how wide spread this type of input is. 
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Could we predict high FRP in storm flow of other similar catchments based on high soil 

NH4Cl-P? Do drying and rewetting cycles play a role or are there other temporal changes 

that occur? What is the impact of grazing and finally how can loosely sorbed P be best 

managed?   

 

Another area of future research is a study of Fe and P interactions as soil particles are 

transported from soils to riverine sediments to lake sediments. Firstly, it is important to 

know if the patterns observed in the UBR catchment are unique or whether this is a 

pattern across other catchments. Measurement should focus on P sorption and any 

changes in the relative importance of amorphous and crystalline forms of Fe as soils are 

eroded and deposited as bed sediments. Furthermore, how does this relationship change 

in lake sediments and how stable is the P formed from adsorption onto amorphous Fe 

when exposed to prolonged anoxia?   

 

7.4. Summary   
This study has provided new insights into P dynamics in dry subtropical rivers by 

identifying the dominant instream storage compartments, the dominant P fractions and 

sorption properties of soils and sediments and the interaction of extremes in flow on these 

properties. This study has also improved our understanding on the fate of eroded soils as 

they are transported and deposited as bed sediments. Soils and sediments are all too often 

separated in most studies and this is one of the few comparisons made between bed 

sediments and potential source material. The storage, transformation, speciation and 

hydrological factors addressed in this study have been integrated into a single conceptual 

understanding of P processing in dry subtropical rivers. The conceptual model has 

highlighted the key issues and drivers associated with riverine P processing and how they 

differ to the more conventional understanding based on temperate systems. The study has 

built on the current understanding of river P dynamics to identify the key factors 

governing P fluxes in dry tropical river systems and in turn provide a sound scientific 

basis for future work.  
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