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Abstract 1 

This thesis provides new insights into the ecological functioning and trophic dynamics of a 2 

sub-tropical reservoir during a period of extreme hydrological variability.  Australia is one 3 

of the driest continents on earth with the majority of its urban population relying on 4 

reservoirs for potable water supplies.  Despite the importance of reservoirs in Australia, 5 

very little is known about the ecological functioning and trophic dynamics of these 6 

artificial ecosystems.  This thesis investigates the trophic structure, dominant trophic 7 

interactions, key drivers of trophic dynamics and the influence of drought on these 8 

ecosystem features within a regionally important drinking water reservoir in South East 9 

Queensland, Lake Samsonvale (27º 16º S, 152º 56º E). 10 

 11 

Food web conceptual diagrams provide a means for describing resource-consumer 12 

relationships within an ecosystem and can highlight the importance of certain interactions 13 

between the biotic and abiotic components of the system in the flow of energy.  Carbon 14 

and nitrogen are two elements that form the currency of these interactions.  This study 15 

utilised stable isotopes of carbon and nitrogen to describe the food web and investigate the 16 

trophic dynamics under contrasting hydrologic conditions within Lake Samsonvale.  The 17 

application of stable isotopes for describing the Lake Samsonvale food web conformed to a 18 

number of important prerequisites to successfully apply this technique.  These included 19 

sufficient isotopic separation between available energy sources and between food web 20 

components such that they occupy unique carbon and nitrogen isotopic space.  Secondly, 21 

isotope values of food web components were found to change in predictable ways 22 

according to the basic principles of isotope fractionation and mixing, including 23 

conservative δ
13

C fractionation, and trophic level δ
15

N enrichment.  Additionally, isotopic 24 

description of diets of many Lake Samsonvale consumers conformed to literature based 25 

description of diets. 26 

 27 

At the commencement of this study in 2005, the Lake Samsonvale food web was supported 28 

by a diversity of energy sources including catchment derived allochthonous sources and 29 

autochthonous energy sources including littoral macrophytes, periphyton, pelagic primary 30 

production and detritus.  Utilising these energy sources were a range of consumers 31 

exhibiting diverse dietary habits including specialists (e.g. herbivores, detritivores and 32 

carnivores) and generalists (e.g. omnivorous).  A number of species exhibited ontogenetic 33 
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diet patterns that occurred within habitats (littoral herbivory switching to littoral omnivory) 1 

and across habitats (pelagic planktivory to littoral herbivory).  The trophic structure in 2 

2005 resembled a traditional pyramid configuration supported by a diverse resource base 3 

of primary energy sources, and a suite of primary, secondary and tertiary consumers 4 

occupying progressively higher trophic levels.  The enrichment of δ
15

N values of food web 5 

components clearly defined this trophic structure and functional feeding groups at each of 6 

four distinct trophic levels.  Under the typical water level conditions that existed in 2005, 7 

no one primary energy source provided the dominant supply for the food web, rather 8 

consumers utilised the full range of available energy sources. 9 

 10 

Rainfall and catchment runoff leading up to 2005 and in the following two years, were well 11 

below the long term average.  In addition, extraction of water for potable use continued 12 

over this period resulting in lake water levels declining from ~50 % of full supply level 13 

(FSL) in 2005, down to the lowest levels on record of ~13 % of FSL by 2007.  Coinciding 14 

with these low water levels were major changes in the availability of primary energy 15 

sources.  There were substantial reductions in the quantity of allochthonous energy sources 16 

entering the lake due to reduced catchment inflows.  Littoral macrophytes were absent 17 

from the lake in 2006 and 2007 as the littoral zones were exposed with progressively 18 

declining water levels.  Coincident with these changes was an appreciable increase in 19 

pelagic primary production as measured by chlorophyll a concentrations.  The 20 

repercussions of these changes were seen throughout the food web with resulting shifts in 21 

the structure and trophic interactions within the lake. 22 

 23 

The 
13

C isotope values of consumers became more depleted over the period 2005 to 2007.  24 

This pattern is consistent with a greater reliance of consumers on pelagic primary 25 

production and detritus that is likely derived from pelagic primary production, as dominant 26 

energy sources.  In total, 84 % of food web consumers sampled between 2005 and 2007 27 

had significantly more depleted 
13

C signatures.  In addition, there was considerable 
15

N 28 

enrichment observed in the majority of food web consumers.  In 25 % of food web 29 

components sampled, this enrichment was equivalent to at least one trophic level increase.  30 

This occurred at the same time as 
13

C and 
15

N values of available primary energy 31 

sources remained relatively constant.  By 2007 the food web had undergone a major 32 

restructure that now resembled a much more aggregated structure in terms of 
13

C 33 
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signatures, with the majority of consumers exhibiting overlapping signatures that aligned 1 

with pelagic primary production and detritus as the most likely energy sources. 2 

 3 

While the reorganisation of the food web that occurred by 2007 had many species level 4 

implications, there were a number of important ecosystem wide attributes that altered from 5 

historical patterns during this period also.  In the two years following the complete loss of 6 

littoral macrophytes from Lake Samsonvale in 2005, water column total nitrogen and 7 

phosphorus concentrations were significantly higher than long term concentrations.  In 8 

addition, concentrations of chlorophyll a in these two years were amongst the highest 9 

values recorded in the lake, and the seasonal phytoplankton bloom occurred four months 10 

earlier in the year than historical records indicate.  In 2005, the last year in which littoral 11 

macrophytes were present, the chlorophyll a concentrations were the lowest concentrations 12 

recorded in a decade.  These changes occurred during a period of very low catchment 13 

nutrient inputs. 14 

 15 

The ecosystem changes that occurred in Lake Samsonvale over this study period indicate 16 

that the littoral zone has an important role within whole lake ecosystem processes.  In 17 

addition, changes that occur in the littoral zone driven by hydrological conditions, have the 18 

potential for cascading effects on the whole ecosystem, including food web structure and  19 

trophic dynamics.  This in turn may have implications for whole lake nutrient and 20 

phytoplankton dynamics. 21 

 22 

Traditional theories and concepts governing the structure and functioning of lake food 23 

webs and ecosystem productivity (e.g. bottom-up vs top-down control, dominance of 24 

allochthonous vs autochthonous energy sources, surrogate lake measures like morphology 25 

or water quality status) may not adequately account for the complexity and dynamic nature 26 

of sub-tropical reservoir ecosystems that experience contrasting hydrologic conditions.  27 

Trophic processes and the theories governing productivity and food web structure in sub-28 

tropical reservoirs are likely to be governed by hydrologic variability, more akin to many 29 

riverine productivity models (e.g. River Continuum Concept, Flood Pulse Concept).  As 30 

such, the processes governing structure and function of sub-tropical reservoir ecosystems 31 

may be explained by a combination of ecosystem functioning concepts applicable to both 32 

traditional riverine and lake ecosystems. 33 

 34 
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Based on the finding of this research, I have proposed a new conceptual framework that 1 

seeks to acknowledge the key drivers of ecosystem structure and function in sub-tropical 2 

reservoirs, taking into account the hydrologic phases and stochastic nature of these 3 

ecosystems.  This conceptual framework, termed the Reservoir Alternative Trophic State 4 

(RATS) concept, seeks to account for the large and sporadic changes to available energy 5 

sources fuelling reservoir food webs driven by changing hydrological phases.  The three 6 

identifiable states proposed under the RATS concept include: 7 

1. Stable State - characterised by periods of stable water levels, appreciable littoral 8 

and pelagic primary production present, and regular allochthonous energy inputs.  9 

Under this state, complex consumer-resource interactions develop and the littoral 10 

and pelagic zones are strongly linked and provide multiple ecosystem functions 11 

(e.g. nutrient cycling and retention).  This state is hypothesised to be the most 12 

resilient and resistant to large and unpredictable shifts in ecosystem productivity 13 

conditions. 14 

2. Contraction State – characterised by periods of sustained water level declines, 15 

reduced littoral habitat extent and productivity, and reduced allochthonous energy 16 

inputs.  Under this state available energy sources are constrained to pelagic 17 

production and detritus sustained largely by internal nutrient regeneration, leading 18 

to a contraction in food web structure and altered trophic processes.  The littoral 19 

and pelagic zones become decoupled, such that processes of nutrient exchange and 20 

cycling between the two zones mediated by littoral macrophytes and consumer 21 

foraging habits, change. This state is hypothesised to result in the acceleration of 22 

processes that characterise eutrophic lake conditions, including elevated water 23 

column nutrients, and increased phytoplankton biomass. 24 

3. Expansion State – hypothesised to occur during periods of rapid reservoir filling 25 

and sustained high inflows.  Under this hypothesised state, the system will be 26 

dominated by allochthonous energy sources from both the catchment inflows and 27 

the remobilisation of nutrients from flooded shorelines.  This state is hypothesised 28 

to be the most variable and transient, persisting until Stable or Contraction states re-29 

establish. 30 

 31 

 32 

 33 
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It is only through a thorough understanding of how reservoir ecosystems function and 1 

respond to environmental drivers that we will be able to sustainably manage reservoirs for 2 

multiple benefits and to sustain them for use as potable water sources in the long term.  3 

This research contributes substantially to our understanding of sub-tropical reservoir food 4 

web processes in sub-tropical climates of Australia and provides important contributions to 5 

our understanding of sub-tropical reservoir food web processes globally and how drought 6 

and climate variability may influence ecological processes. 7 

  8 
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Chapter 1 Introduction 1 

1.1 Thesis Aims and Outline 2 

 3 

This thesis aims to determine the dominant trophic processes occurring within the Lake 4 

Samsonvale food web and how hydrological variability alters the structure and functioning 5 

of the ecosystem. This aim will be addressed by characterising the dominant forms of energy 6 

supplying the consumers and the dominant trophic interactions between the major 7 

components of the system, before and during a major perturbation in water level of the lake 8 

as a result of a persistent drought period. The results of this thesis will be used to place into 9 

context the importance of the hydrological variability to the structure and functioning of the 10 

Lake Samsonvale food web and the relative importance of different components of the food 11 

web in influencing water quality outcomes, with specific reference to the potential to 12 

influence phytoplankton dynamics. 13 

 14 

The primary method for addressing these aims is to determine the trophic processes 15 

occurring within the lake using carbon and nitrogen stable isotopes as tracers of energetic 16 

and material pathways.  The trophic patterns and dominant processes have been described 17 

over a period when the reservoir has undergone major shifts in terms of the physical, 18 

chemical and biological conditions, in response to unprecedented low water levels resulting 19 

from the combined effects of a prolonged drought and the ongoing extraction of raw water 20 

for human use.  This research will provide a much greater conceptual understanding of the 21 

trophic processes in this sub-tropical reservoir and the effects of drought on reservoir’s 22 

ecosystems. 23 

 24 

This thesis begins with a general introduction (Chapter 1) that provides the background to 25 

the research problem, the theoretical context in which the research is placed and an 26 

examination of the methodological considerations with using stable isotope analysis in 27 

food web investigations.  Chapter 2 provides a summary of the existing knowledge relating 28 

to Lake Samsonvale, including the physical, chemical and biological conditions of the 29 

reservoir, the key patterns and processes that characterise this sub-tropical reservoir and 30 

the emerging issues that may pose issues for the long-term management of this reservoir 31 
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ecosystem.  Chapter 3 presents a detailed account of the use of stable isotope analysis in a 1 

sub-tropical reservoir ecosystem, including an assessment of the suitability and critical 2 

assumptions with using stable isotope analysis to describe the food web of Lake 3 

Samsonvale.  Chapter 4 presents a detailed assessment of the food web of the reservoir 4 

during the initial stages of the research in 2005 under typical water level conditions, prior 5 

to the onset of atypically low reservoir water levels, and proposes a conceptual food web 6 

model for Lake Samsonvale of the dominant trophic interactions that occur under these 7 

typical summer conditions.  This chapter also presents information on the ontogenetic 8 

variability in isotope values of the dominant macrobiota of Lake Samsonvale.  Chapter 5 9 

presents an assessment of the effects on the food web of an extreme drought situation and 10 

how this may affect reservoir ecosystem functioning.  The final chapter, Chapter 6, 11 

provides a synthesis of the findings of the research and discusses a range of implications of 12 

these findings for future management of Lake Samsonvale and other reservoir habitats in 13 

general.  This chapter also presents a conceptual model of how reservoir ecosystems may 14 

respond to extremes in hydrologic variability and how hydrology may be an important 15 

driver of food web structure and function in reservoirs. 16 

 17 

1.2 Background 18 

 19 

Urban populations depend on adequate supplies of clean raw drinking water to meet the 20 

demands of a modern society.  Typically in Australia these water supplies are provided by 21 

the creation of large lakes formed by the construction of dams across river valleys 22 

(Marsden & Pickering, 2006).  These constructed lakes, herein termed reservoirs, are 23 

principally created for supplying bulk untreated water for drinking, agriculture and 24 

industrial uses, but often have other values such as recreation, aesthetics, food gathering 25 

and can also provide important aquatic habitats for biota.  Reservoirs are often constructed 26 

within catchments that have significant amounts of human development, typically 27 

agriculture, urbanisation and industry, exposing the reservoir to various impacting 28 

processes as a result.  This can lead to water quality problems that compromise the use of 29 

the water for drinking purposes.  Of particular concern is the potential for accelerated 30 

eutrophication and the development of toxic cyanobacteria blooms as a result (Davis & 31 

Koop, 2006).  Maintaining the long term quality of the raw water in the regions reservoirs 32 

suitable for drinking water purposes, by managing the negative effects of eutrophication, 33 
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will become critical as populations grow and demand for water increases, while options for 1 

new affordable raw drinking water supplies decrease.  The long-term protection and 2 

ongoing sustainable management of drinking water reservoirs will require a thorough 3 

understanding of key reservoir processes that influence water quality, including how 4 

ecosystem processes influence water quality.  This understanding needs to extend to 5 

include processes such as how drought and water level fluctuations in reservoirs may 6 

exacerbate the effects of eutrophication. 7 

 8 

The sustainable management of water quality in reservoirs will be informed by a thorough 9 

understanding of food web interactions therein, and the key trophic interactions and 10 

energetic pathways that occur within the system (Gulati et al., 2008).  One of a number of 11 

key factors implicated in algal bloom formation is the complex trophic interactions that 12 

occur between the biota of reservoirs and how these interactions alter nutrient cycling and 13 

resource-consumer interactions to exert a degree of controlling influence over 14 

phytoplankton community dynamics (Carpenter, 1988).  Compounding the need to 15 

understand the role of trophic interactions is the issue of ongoing modification of Lake 16 

Samsonvale’s biological community through activities such as fish stocking and the spread 17 

of pest species.  External pressures including increasing human consumptive demands as 18 

populations grow and the cyclical periods of drought and flood that result in widely 19 

fluctuating storage volumes year to year, add to the complexity of the problem.  This 20 

combination of factors is likely to have important implications for trophic dynamics within 21 

sub-tropical reservoirs.  Given this complexity, it is imperative to gain greater insights into 22 

the structure and functioning of the food webs and trophic dynamics within sub-tropical 23 

reservoirs and how they change in response to external factors such as drought or water 24 

extraction. 25 

 26 

Effective long-term management of reservoirs to reduce the harmful effects of 27 

cyanobacterial blooms is not likely to be achieved as a direct result of any one single 28 

management intervention (Davis & Koop, 2006; Lathrop, 2007).  Success is more likely 29 

through the use of a combination of approaches including physical, chemical and biological 30 

management strategies, each complementing the other to achieve the desired outcome.  31 

Reservoirs can be conceptually viewed as large collection basins, receiving allochthonous 32 

nutrient inputs from the catchment in the form of particulate and dissolved nutrients during 33 

inflow events (Wetzel, 2001). Within this basin the nutrients are utilised by primary 34 
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producers to produce autochthonous energy sources including autotrophic and heterotrophic 1 

organisms. This energy is then cycled through the food web via resource-consumer 2 

interactions and biogeochemical processes.  Only periodically does this accumulated 3 

material exit the reservoir during overflows or extractions.  As a result, the internal cycling 4 

of nutrients and energy within a reservoir is a dominant process influencing the overall 5 

system productivity when catchment inflows are low or absent (Haggard et al., 2012; 6 

Komatsu et al., 2006).  For these reasons it is imperative to understand how these internal 7 

processes can affect water quality of sub-tropical reservoirs. 8 

 9 

Reducing catchment nutrient loads entering reservoirs are often considered the priority 10 

management response to deal with eutrophication and algal blooms in reservoirs and lakes 11 

(Wetzel, 2001).  Nutrient load reductions have successfully resulted in improvements in 12 

terms of reductions in lake nutrient concentrations and total plankton productivity (Dokulil 13 

& Teubner, 2005; Jeppesen et al., 2005b; Phillips et al., 2005b).  However response times 14 

can often be long and take decades to be realised (Anderson et al., 2005; Meals et al., 15 

2010).  The literature cites many examples of variable ecosystem responses resulting from 16 

catchment nutrient load reductions, particularly in terms of nutrient concentrations 17 

reductions, seasonal variability and the importance of sediments acting as a source of 18 

internally recycled nutrients (Haggard et al., 2012; Kohler et al., 2005; Moss et al., 2005; 19 

Søndergaard et al., 2013; Søndergaard et al., 2005).  Often macroscopic food web 20 

components such as submerged macrophytes, zooplankton, fish and water fowl are 21 

implicated in adding to the complexity of ecosystem responses to nutrient reduction 22 

measures (Anderson et al., 2005; Jeppesen et al., 2005a; Kohler et al., 2005).  There is no 23 

question that catchment nutrient load reductions are a critical long-term management 24 

response to eutrophication in lakes and reservoirs (Beklioglu et al., 2011; Cooke et al., 25 

2011).  However, catchment nutrient reductions can take decadal timescales to see 26 

improvements in water quality due to the long response time following management 27 

actions, the long retention times of most reservoirs and the existing accumulated nutrient 28 

stores within the sediments (Gudimov et al., 2011).  Acting on much shorter timescales 29 

will be the complex biogeochemical and food web processes occurring within the 30 

reservoir.  In effect, catchment derived nutrients may be seen as providing the total 31 

resource base of allochthonous nutrients fuelling ecosystem productivity, however, the 32 

internally cycled biogeochemical and food web processes will ultimately convert this 33 

resource base into primary and secondary productivity that will characterise the ecosystem.  34 
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These ecological processes occurring within reservoirs may then have significant 1 

implications for the use of reservoirs for clean raw drinking water. 2 

 3 

Lake Samsonvale, the location for this study, is an important reservoir for the South East 4 

Queensland region that provides a reliable supply of raw potable water.  Understanding the 5 

role of the food web in influencing water quality, in particular phytoplankton dynamics, in 6 

Lake Samsonvale will provide critical information to facilitate holistic management of the 7 

reservoir with the aim of reducing the occurrence of harmful cyanobacteria blooms and to 8 

place into context the implications of future changes to the management of Lake 9 

Samsonvale, including issues such as recreational fish stocking, pest species invasions, 10 

drought and storage volume fluctuations through extraction regimes. 11 

 12 

1.3 General Introduction 13 

 14 

1.3.1 Significance of Lake Samsonvale 15 

 16 

North Pine Dam and the water body created by this structure, Lake Samsonvale, was 17 

completed in 1974 principally to supply Brisbane with an alternative drinking water source 18 

(King & Everson, 1978).  The reservoir is located in the outer suburbs of Brisbane city 19 

(27°16′19″S 152°55′09″E) and supplies the neighbouring regions of Brisbane, Pine Rivers, 20 

Redcliffe and Caboolture (Schneider et al., 2008). For many of these regions, Lake 21 

Samsonvale is the primary source of drinking water.  At full supply level (FSL) the 22 

reservoir stores approximately 215,000 megalitres (ML) of water yielding approximately 23 

38,000 ML y
-1

 under mean climatic conditions (QWC, 2008).  The reservoir is 24 

characteristic of having a long average residence time (~ 2 years) and undergoes 25 

predictable summer thermal stratification, characteristics that promote summer 26 

cyanobacteria algae blooms (Burford, et al., 2007; Leigh et al., 2010).  Outflows from the 27 

lake are regulated by flood control gates and occur for relatively short periods immediately 28 

following large catchment inflows. Lake Samsonvale supplies approximately 15 % of the 29 

raw drinking water requirements of the South East Queensland (SEQ) region in Australia 30 

that includes a population in excess of 2.4 million (www.abs.gov.au).  In addition to Lake 31 

Samsonvale being an important drinking water supply, it also provides a range of 32 
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recreational, aesthetic and environmental values including fishing, sailing, day use parks 1 

and habitats for a range of aquatic flora and fauna. 2 

 3 

The South East Queensland region is currently undergoing major changes in how the 4 

regions freshwater resources are managed.  This includes the construction of additional 5 

reservoirs, desalinisation plants, interconnecting pipelines between reservoirs and the 6 

potential for introducing treated recycled wastewater back into reservoirs.  All these 7 

measures are being advanced to meet the current and future demand for water resources in 8 

the SEQ region in the face of increasing population demands and to improve water security 9 

during climate variability, including periods of extended drought.  Another threat to the 10 

long term security of SEQ’s water resources is cultural eutrophication of the major 11 

reservoirs. Lake Samsonvale has experienced increasing concentrations of chlorophyll a 12 

and water column nutrients since construction (Antenucci et al., 2005; Harris & Baxter, 13 

1996).  The negative effects of cultural eutrophication, such as increased algal 14 

concentrations and propensity for higher proportions of cyanobacteria, will necessitate 15 

long term management responses to avoid compromising the raw water quality and 16 

treatment capacity from this system.  Management options need to be informed by a 17 

thorough understanding of the processes that lead to the expression of eutrophication, 18 

particularly phytoplankton blooms and cyanobacteria dominance.  19 

 20 

 21 

1.3.2 Eutrophication in Reservoirs 22 

Eutrophication of lakes and reservoirs refers to the process of nutrient and sediment 23 

accumulation from the catchment, resulting in progressively increasing productivity of the 24 

system (Vollenweider, 1968; Wetzel, 2001).  The process of natural eutrophication occurs 25 

over long geological time frames depending on the system characteristics and may not be 26 

outwardly obvious in the water quality and ecosystem health measures we use to define the 27 

status of the system (e.g. chlorophyll a concentrations, dissolved nutrients, water clarity, 28 

etc), (Rast & Thornton, 1996).  Although eutrophication is a natural process, it is the rate 29 

and extent of eutrophication that has been altered by human activities, resulting in what is 30 

commonly referred to as cultural eutrophication (Rast & Holland, 1988).  The acceleration 31 

of eutrophication leads to many water quality problems that can compromise the use and 32 

value of the water body and is initially manifested in a number of outwardly obvious 33 
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undesirable issues, the most obvious of which include declining water quality and 1 

increased phytoplankton production rates or shifts to cyanobacteria dominance (Rast & 2 

Thornton, 1996; Smith et al., 1999).  This is particularly problematic for reservoirs built 3 

for the primary purpose of drinking water where any increase in phytoplankton 4 

productivity or changes in species composition towards dominance of potentially harmful 5 

cyanobacteria, can increased costs of treatment (Dodds et al., 2008) and potential increased 6 

risks of harm to users (Rast & Holland, 1988).  Another impact exacerbated by cultural 7 

eutrophication include the gradual shallowing of water depth and consequent loss of 8 

storage volume (De AraÚJo et al., 2006; Wetzel, 2001).  For reservoirs built to supply raw 9 

water for urban centres, this loss of volume represents a shortening of the effective life of 10 

the asset (Lee & Foster, 2013) that may alter water security for the population relying on 11 

the reservoir, necessitating additional supplies to replace this lost volume.   12 

 13 

There are numerous other changes in a reservoir ecosystem resulting from cultural 14 

eutrophication that may impact other users or functions of a reservoir system including; 15 

decreased transparency and loss of macrophytes (Leisti et al., 2012; Tátrai et al., 2011), 16 

changes in biodiversity (Beklioglu et al., 2011; Cooke et al., 2011), altered oxygen levels 17 

in hypolimnion (Welch et al., 2011) which leads to release of nutrients and metals from 18 

sediments (Cooke et al., 2011), clogging of water treatment infrastructure, fish kills, 19 

recreational impacts (Rast & Holland, 1988; Vollenweider, 1968; Wetzel, 2001).  This 20 

combination of eutrophication outcomes can have wide ranging impacts of the value and 21 

use of the water in a reservoir and can lead to increased costs for water supply and 22 

treatment (Dodds et al., 2008). The primary mechanism for accelerated eutrophication is 23 

increased catchment nutrient loads (Vollenweider, 1968), however the range of ecosystem 24 

responses to the onset of eutrophication may also function to accelerate, or suppress the 25 

eutrophication process (Beklioglu et al., 2011).  Increasingly it is becoming apparent that 26 

the foundation knowledge of processes associated with eutrophication in temperate 27 

climates, may not hold for sub-tropical and Mediterranean climates (Beklioglu et al., 2011) 28 

and more research is needed in these warmer and more hydrologically variable climates to 29 

understand the outcomes of eutrophication and the functional role of the food web in the 30 

expression of eutrophication symptoms.   31 

 32 

This knowledge gap is particularly pertinent to future climate change and variability.  33 

Current predictions are for warmer temperatures and more variable and extreme rainfall in 34 
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SEQ (Department of Natural Resources and Water, 2007).  Recent reviews suggest that the 1 

predicted climate changes in temperature and rainfall may result in a myriad of ecosystems 2 

shifts that resemble warmer, wetter climates (e.g. Mediterranean or sub-tropical) (Moss et 3 

al., 2011; Perkins et al., 2010).  These warmer and hydrologically variable climate types 4 

have been shown to influence a range of ecosystem structural and functional properties that 5 

may exacerbate the progress of cultural eutrophication (Moss et al., 2011).  This may 6 

include ecosystems with a greater dominance of omnivorous planktivores and detritivores, 7 

greater concentrations of phytoplankton for a given nutrient level, oxygen deficits due to 8 

increased primary production, more erosive processes in the catchments, lower water 9 

levels due to more sporadic rainfall patterns (Baldwin et al., 2008; Britton et al., 2010; 10 

Humphries & Baldwin, 2003; Kosten et al., 2012; Moss et al., 2011; Perkins et al., 2010).  11 

Future water resource management will have to respond to these challenges, but will need 12 

access to the best available knowledge on ecosystem functioning and how alterations to 13 

driving forces such as climate and eutrophication may impact these functions to worsen, or 14 

improve the current health and quality of water within reservoir ecosystems. 15 

 16 

1.3.3 Trophic Processes in Sub-Tropical Reservoirs 17 

 18 

Food web diagrams provide a framework for describing feeding relationships and trophic 19 

structure between species within ecosystems.  Food web studies typically aim to describe 20 

the key interactions between the biological components of an ecosystem, habitat or 21 

location (Ricklefs, 1990).  Early developments of food web theory evolved from two 22 

separate backgrounds.  One approach involved describing the consumer-resource 23 

interactions and was pioneered by the early works of ecologists including Charles Elton 24 

(Ricklefs, 1990) and Sir Alistair Hardy (Belgrano et al., 2005).  Their work led to the 25 

development of the typical food web conceptual models depicting linkages between 26 

predators and prey and the various food sources available to the system.  These diagrams in 27 

their traditional forms often did not represent the relative importance of the various 28 

interactions within the food web and how these interactions may influence other 29 

components of the web.  A later phase in food web theory described food webs as 30 

networks for the flow and transfer of energy and matter between components pioneered by 31 

Raymond Lindeman in the early 1940’s (Ricklefs, 1990).  This extension of food web 32 

theory opened the way for describing in greater detail the significance of particular 33 
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energetic pathways and material cycling within food webs. 1 

 2 

There are various approaches used to develop food web diagrams that vary in the leel of 3 

detail and inclusions (Winemiller & Polis, 1996) but for the purposes of this research, the 4 

food web aims to describe the dominant interactions that occur between the biotic and abiotic 5 

components of the system that have a significant role in the flow of energy and nutrients in 6 

the form of carbon and nitrogen.  One of the key drivers for species interactions within a 7 

food web is the need for organisms to acquire resources for growth and reproduction 8 

(Winemiller & Polis, 1996).  This establishes a cycling of energy and nutrients in a system 9 

between living and non-living states making these resources available to other organisms in 10 

the process.  Many historical food web studies have been criticised for over simplification 11 

largely focussing on the macrobiotic interactions from photosynthetic basal energy sources 12 

up through to top level predators, often overlooking possibly important ecosystem 13 

components and functions such as decomposition, ontogenetic variability, and spatial and 14 

temporal variations amongst (Paine, 1988; Pimm & Kitching, 1988).  By attempting to 15 

incorporate some of these key ecosystem processes, additional important information that 16 

permits a more comprehensive understanding of population dynamics and ecosystem 17 

functioning can be achieved (Lindeman, 1991; Martinez, 1991; Vanni & Ruiter, 1996). 18 

 19 

Freshwater lakes and reservoirs are well suited to the study of food web interactions as 20 

they are relatively well defined by the boundary of the land-water interface and in most 21 

cases they have easily measurable inputs and outputs and the biota are relatively contained.  22 

This is particularly the case with reservoirs, in which the majority of the biomass and 23 

aquatic species interactions are constrained within the impounded waters and shoreline.  24 

There is the potential for energetic and biotic exchanges between land and water via biotic 25 

migrations, catchment inflows and reservoir discharges, for example, but these can be 26 

relatively easily accounted for, compared to more open systems like rivers and estuaries.  27 

As a consequence, reservoir ecosystems offer a more direct reflection of the internal 28 

processes occurring between the resident biota and the energy sources supplied to, or 29 

generated within the reservoir.  The physical, chemical and biological cycling of energy 30 

and matter within a reservoir, establishes a particular ecosystem structure and function that 31 

may be dominated by certain key drivers that will exert an overarching control over the 32 

whole ecosystem (Winemiller & Polis, 1996). 33 

 34 
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Describing a reservoir food web presents a number of methodological challenges.  Two 1 

issues of particular importance include spatial and temporal variability in the food web 2 

(Holt, 1996; Hou et al., 2013).  Traditional techniques of describing the diet of consumers 3 

in food webs are based on the direct analysis of the diet of consumers through gut content 4 

observations, or by directly observing interactions between components (Havens et al., 5 

1996).  This approach is often labour intensive and may only provide a static picture at any 6 

one point in time, unless repeated frequently, which may fail to reflect the real temporal or 7 

spatial variability in food web interactions.  This is particularly problematic with species 8 

that undergo considerable diel, ontogenetic or seasonal dietary shifts (Winemiller & Polis, 9 

1996; Yasuno et al., 2012).  Direct stomach content analysis may also lead to over or under 10 

representation of items observed due to the numerical or gravimetric abundance, or a lack 11 

of taxonomic resolution of hard to identify or partly digested components and also not 12 

knowing what proportion of ingested food items are assimilated into consumer tissues 13 

(Grey, 2001; Hyslop, 1980).  To overcome these problems requires substantial effort with 14 

repeated observations over representative time scales for all individuals and for a range of 15 

size classes of a species, and at a sufficient taxonomic resolution to resolve important 16 

consumer resource interactions.  Increasingly, the use of stable isotopes has been able to 17 

overcome some of these problems (Burress et al., 2013; Luek et al., 2013; Turker, 2013; 18 

Yasuno et al., 2012; Zhang et al., 2013).  This will be discussed in detail in Chapter 1.4. 19 

 20 

1.3.3.1 Food Web Structure and Function 21 

 22 

Biological components within a reservoir food web can be organised into discrete functional 23 

categories termed trophic levels.  These trophic levels represent groups of organisms that 24 

have similar functional roles in the ecosystem and provide a means to describe the transfer of 25 

energy and matter between levels via feeding, excretion and decomposition processes 26 

(Lindeman, 1991; Wetzel, 2001).  Trophic levels provide a framework for describing 27 

ecosystem structure and functioning and can be used to infer a range of ecosystem processes 28 

such as energy and material cycling, interactions between species, or the pathways of 29 

contaminants (Lindeman, 1991).  Knowing the trophic structure can also assist in the 30 

prediction of ecosystem changes in response to species assemblages or resource availability 31 

changes, such as the introduction of a new predatory species, or the eutrophication of a water 32 

body (Lattuca et al., 2008; Li et al., 2010).  The assigning of species to discrete trophic 33 
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levels also simplifies the range of possible interactions within food webs such that species 1 

with similar functional life histories can be grouped together (Drenner & Hambright, 2002). 2 

 3 

It is generally considered that there is an upper limit on the number of trophic levels and the 4 

biomass within each level that can exist in an ecosystem, which is principally controlled by 5 

amount of energy available from the previous trophic level (Ricklefs, 1990).  This concept 6 

can be explained by the analogy of a pyramid of numbers in which the base of the pyramid is 7 

occupied by a high biomass of primary producers and decomposers, these are in turn 8 

consumed by numerically fewer herbivores, who are in turn consumed by even fewer 9 

predators and so on, to the highest order predator at the top of the pyramid, which has the 10 

lowest biomass.  The basis for this concept in trophic structure is due to the progressive loss 11 

of available energy through respiration, maintenance and growth at each successive level in 12 

the trophic structure (Wetzel, 2001).  Conversion efficiency estimates from the literature 13 

suggest that production at each trophic level is around 5-20 % that of the previous level 14 

below it (Ricklefs, 1990; Wetzel, 2001).  There can however be some variation to this 15 

general pattern depending on the species present and the productivity status of the 16 

ecosystem. 17 

 18 

In lake ecosystems, there are typically three to four trophic levels containing numerous 19 

functionally similar organisms within each level (Vander Zanden & William, 2007).  The 20 

first trophic level comprises the autotrophs (Wetzel, 2001) and also includes decomposing 21 

bacteria (Gaedke & Straile, 1997; Porter, 1996).  It is at this level that much of an 22 

ecosystems energy requirement are generated and made available for higher consumers.  The 23 

second trophic level consists of various consumers including planktivores, herbivores and 24 

detritivores that directly consume the energy produced in the first trophic level (Wetzel, 25 

2001).  This level forms an important link in the broader trophic structure as it is often the 26 

point at which energy captured from the sun, or as inorganic energy forms, is made readily 27 

available to higher consumers of the food web.  The third, and all successive trophic levels, 28 

contain an array of generalist and specialist consumers that typically prey on the lower 29 

trophic levels or each other (Wetzel, 2001).  These higher trophic levels may contain 30 

specialist carnivores that exhibit preferences toward certain prey types, but may also contain 31 

omnivorous species that exhibit a level of plasticity and diversity from which where they 32 

source their energy requirements. 33 

 34 
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Assigning organisms in a food web into discrete trophic levels is an important step toward 1 

understanding the functional role species play in an ecosystem and will assist in determining 2 

the flow of energy throughout the system (Post, 2002a).  Traditionally the trophic level 3 

concept has been constrained by the rigorous assignment of organisms to one level or 4 

functional group and thus obscure the many complex interrelationships often occurring in 5 

food webs resulting from omnivory and ontogenetic diet changes (Post, 2002a; Wetzel, 6 

2001).  The complexity of interactions within aquatic food webs has led to criticisms of the 7 

traditional trophic level concept, such that some view this as an artificial classification that 8 

removes valuable information contained within interaction style food webs (Paine, 1988) 9 

making the concept largely redundant (Persson, 1999).  Food webs however provide a 10 

framework for describing trophic structure and to highlight dominant interactions within the 11 

system to better quantify processes occurring within the ecosystem (Saito et al., 2007; 12 

Vander Zanden & William, 2007). 13 

 14 

Criticisms of trophic structure analysis can arise due to the complexity in behaviour as a 15 

result of omnivory and ontogenetic diet shifts in organisms within food webs (Persson, 16 

1999).  Omnivorous species can derive energy requirements from a range of other organisms 17 

in different trophic levels (Zhang et al., 2013).  Omnivory can occur at one point in a species 18 

life history, or across it’s life history.  For example, one species may utilise one trophic level 19 

as a juvenile, but shift into another level as adults (Yasuno et al., 2012).  Ontogenetic diet 20 

shifts result in the progressive change in a species diet across it’s life history, whereby 21 

juveniles feed at one level, but will switch to a different level as adults (Werner & Gilliam, 22 

1984).  This ontogenetic diet shift can occur from lower to higher trophic levels, as occurs in 23 

many predators (Turker, 2013; Yasuno et al., 2012), or in some cases from higher to lower 24 

trophic levels, as is seen in detritivorous or herbivorous species (Tibbetts & Carseldine, 25 

2005).   26 

 27 

Recognising these common criticisms of static food webs, the analysis of food web and 28 

trophic structure of organisms in lakes provides a unifying framework for describing 29 

resource-consumer interactions and the flow of energy and other materials through the 30 

ecosystem and provide a means for comparing and observing changes due to various 31 

controlling processes (Lindeman, 1991; Thompson et al., 2012).  Carbon and nitrogen are 32 

two elements that form the currency of this cycling of matter through food webs and the 33 

stable isotopes of carbon and nitrogen can be used to trace these sources and movements of 34 
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energy within the system.  The trophic structure concept will be used as a conceptual 1 

framework to describe the Lake Samsonvale food web in order to highlight the overall 2 

structure, the dominant interactions and the flow of energy between the numerically 3 

dominant components of the system, rather than as a complete and detailed account of all 4 

possible interactions between all species within the reservoir. 5 

  6 

Another commonly debated question in food web studies, is what are the dominant sources 7 

of energy supporting the ecosystem.  Largely this debate revolves around whether 8 

autochthonous sources dominate over allochthonous sources and has led to the 9 

development of several conceptual models that aim to condense this understanding (Junk et 10 

al., 1989; Thorp & Delong, 1994, 2002; Vannote et al., 1980).  Much of this theory has 11 

developed in riverine or natural lake ecosystems.  Reservoirs are somewhat unusual 12 

systems in that they are typically formed by flooding river valleys to create relatively large 13 

and deep lake environments (Wetzel, 2001). The hydrology of reservoirs is often more 14 

variable that natural lakes, experiences large fluctuations in water levels during dry periods 15 

interspersed with flood events and thus has a much greater influence from the river 16 

network that was flooded to create the reservoir.  This establishes a situation whereby the 17 

energy sources fuelling reservoir food webs may be explained by a combination of 18 

currently used conceptual models for both riverine and lake ecosystem productivity.  As to 19 

which productivity conceptual model is most relevant to reservoir ecosystems, may be 20 

driven by the hydrologic conditions prevailing within a particular system or region.  The 21 

concept that hydrologic drivers may have an overriding influence on the productivity of 22 

Australian reservoirs aligns with recent understandings of Australian dryland rivers in 23 

which there is considerable variability and flexibility in food web responses to available 24 

forms of energy, which are driven by hydrology (Bunn & Boon, 1993; Bunn et al., 2003; 25 

Bunn et al., 2006; Leigh et al., 2010b). 26 

 27 

1.3.3.2 Trophic Cascades, Biomanipulation and Alternative Stable States 28 

in Reservoir Ecosystems 29 

 30 

The dominant processes governing the structure and functioning of lake food webs is a 31 

point of ongoing research (Kinter & Ludsin, 2013; Schroder et al., 2012; Wang et al., 32 

2012; Xu et al., 2012).  Two well discussed theories include the bottom-up control, and the 33 
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top-down control mechanisms (Bergman et al., 1999; Carpenter et al., 1987; Mills & 1 

Forney, 1988).  The bottom-up or producer model suggests that the biomass of the next 2 

trophic level is governed by the biomass or quantity of the trophic level below it.  In the 3 

case of phytoplankton, the total nutrient pool in the system is the dominant driver for total 4 

phytoplankton production (Bergman et al., 1999).  This phytoplankton pool would then 5 

contribute to zooplankton biomass and other primary consumers biomass, ultimately 6 

affecting the biomass of top level carnivores.  Although there is common agreement that 7 

the bottom-up control is a major driver of system productivity, bottom-up control alone 8 

often fails to account for the variance observed in primary producers and higher levels in 9 

the trophic structure (Kitchell & Carpenter, 1993).  In eutrophic systems, a large proportion 10 

of the phytoplankton biomass may consist of inedible colonial or toxin producing species, 11 

thus contributing proportionally less to the next trophic level via zooplankton consumption 12 

(Boon et al., 1994).  The alternative theory, the top-down or consumer model suggests that 13 

the biomass of each trophic level is controlled by the consumption of the next trophic level 14 

above it (Bergman et al., 1999).  In the case of phytoplankton, the zooplankton population 15 

exerts a controlling influence over the biomass of phytoplankton through direct predator-16 

prey grazing effects.  Similarly the biomass of zooplankton is controlled by the predation 17 

effects of higher predators and so forth for fish and other consumers in a system.    18 

 19 

The trophic cascade concept evolved as an evolution of the bottom-up and top-down model 20 

to explain the variance in phytoplankton production that was not attributed to nutrient 21 

concentrations alone (bottom-up) and includes the influence of predator and prey 22 

interactions (top-down) on phytoplankton (Carpenter & Kitchell, 1992; Carpenter et al., 23 

1985).  The trophic cascade concept hypothesises that the potential productivity of a 24 

system is determined from the nutrient inputs to the system, but it is the complex 25 

interactions between the ecological components of the food web that influence the final 26 

productivity of the system (Kitchell & Carpenter, 1993; Mills & Forney, 1988).  These two 27 

factors (nutrient inputs and the food web) can be considered to act together to control 28 

reservoir productivity at different spatial and temporal scales.  Nutrients act over longer 29 

decadal time scales as a result of the long-term nutrient loading rates and reservoir 30 

retention properties, whereas the food web and key biogeochemical processes act more at 31 

the inter-annual time scales related to the seasonal and annual phases of biota cycles 32 

(Carpenter & Kitchell, 1988).  The final community structure and productivity may be then 33 

accounted for by consideration of both the food web interactions and the effect of nutrient 34 
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dynamics of the system (McQueen et al., 1989).  The literature includes many 1 

experimental and observational examples of trophic cascades that both support and refute 2 

the case for top-down processes having a controlling effect on phytoplankton biomass 3 

(Carpenter et al., 2001; Carpenter & Kitchell, 1988; Carpenter & Kitchell, 1993; Carpenter 4 

et al., 1985; Goldyn et al., 2003; Jeppesen et al., 1997; Kitchell & Carpenter, 1993; Perrow 5 

et al., 1997; Søndergaard et al., 2007; Vašek et al., 2013).  However more recent research 6 

findings indicate that neither of these processes is necessarily more important or dominates 7 

over the other for the majority of the time, but rather a suite of predisposing physical and 8 

biological conditions, such as lake morphometry, nutrient loading rates and nutrient status, 9 

biotic community composition and the degree of interactions between key species, create a 10 

highly dynamic situation that can make predicting the outcomes of trophic cascades 11 

difficult or incomplete (Attayde et al., 2010; Benndorf et al., 2002; Jeppesen et al., 2012; 12 

Mehner, 2010; Rondel et al., 2008; Sommer, 2008; Strock et al., 2013; Xu et al., 2012). 13 

 14 

Despite the body of knowledge surrounding trophic cascades developed in northern 15 

hemisphere systems, the importance of trophic cascades in structuring food webs in 16 

Australian freshwater lakes and reservoirs is not clear (Boon et al., 1994; Ho et al., 2011; 17 

Hunt & Matveev, 2005; Matveev, 2003; Sierp et al., 2009).  There are some limited 18 

examples of the potential for trophic cascade mediated by fish (Akhurst et al., 2012; Hunt 19 

et al., 2003; Matveev, 2003; Matveev et al., 2000), however, further research is needed to 20 

explore the applicability and generality of the concepts of trophic cascades from northern 21 

hemisphere regions, to Australian conditions. 22 

 23 

A sound understanding of the potential for trophic cascade in sub-tropical reservoirs, 24 

supported by an understanding of food web structure and function, has the potential to guide 25 

future options to manage eutrophication impacts and to exploit opportunities to achieve a 26 

more desirable ecosystem state(Gulati et al., 2008; Jeppesen et al., 2012).  However 27 

exploiting this potential through modifications of the biotic community, a process 28 

collectively referred to as biomanipulation, requires a detailed understanding of the 29 

biological interactions and dominant pathways of energy transfer within the reservoir.  30 

Biomanipulation is a broad concept that aims to manipulate certain components of the 31 

ecosystem, focussing on consumers and producers, to produce trophic cascades or shifts in 32 

the trophic state of a system either through direct or indirect mechanisms acting on other 33 

components of the system that the manipulation aims to modify (Jeppesen et al., 2012).  34 
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Biomanipulation has been demonstrated to provide positive outcomes on many occasions in 1 

lakes around the world (Hobbs et al., 2012; Jeppesen et al., 2012).  The concept and 2 

application of biomanipulation is in its infancy in Australia, with only a few observations of 3 

trophic cascades through biomanipulation, or the potential for successful biomanipulation, in 4 

Australian lake or reservoirs (Ho et al., 2011; Khan et al., 2003; Matveev, 2003; Matveev & 5 

Matveev, 1997; Matveev et al., 1994; Matveev & Matveeva, 1997; McNeale, 2005).  Some 6 

authors have found that predator-prey interactions at the top of the food chain are stronger 7 

and progressively weaken at the lower trophic levels (De Bernardi & Giussani, 1995; 8 

DeMelo et al., 1992).  Conversely, the strength of effect of bottom-up associations is greatest 9 

at the lower trophic levels and gradually weakens higher up the food chain (De Bernardi & 10 

Giussani, 1995).  Some authors postulate that predicting the outcomes of biomanipulation on 11 

one trophic level to another becomes more difficult the further apart  the two levels are, such 12 

as attempts to alter phytoplankton communities through predatory fish manipulation (Mills et 13 

al., 1987). 14 

Biotic communities of Australian sub-tropical reservoirs have been and continue to be 15 

altered through human activities such as biomanipulation (e.g. fish stocking), introduced 16 

invasive pest species, or through habitat alteration, with little knowledge of the 17 

implications of these biotic modifications (Arthington, 1991; Arthington et al., 1984; 18 

Duivenvoorden, 2008; Hunt et al., 2003; Sinclair Knight Merz, 2008).  Australian reservoir 19 

ecosystems do not possess biotic communities naturally adapted to lentic ecosystems due 20 

to the very nature of impounding previously riverine habitats.  The lack of self-recruiting 21 

lake adapted species, has led the practice of fish stocking, predominantly of large 22 

recreationally valued predatory species, for angling and consumptive purposes (Gillanders 23 

et al., 2006; Simpson et al., 2002).  This is significant for Australian reservoirs, as 24 

traditional food web theory based on natural lakes in northern hemisphere regions would 25 

predict that alterations of the predatory fish communities could result in cascading trophic 26 

interactions that may alter phytoplankton dynamics (Carpenter & Kitchell, 1993).  Adding 27 

to this complex situation in Australian reservoirs, the addition of certain exotic or 28 

translocated species have the potential to develop large biomasses (Bluhdorn et al., 1989; 29 

Jones & Ruscoe, 2000; Khan et al., 2003), suggesting there is the potential for those 30 

species to influence trophic processes.  Reservoirs also act as physical barriers to the 31 

downstream movement of material and biota creating a retention basin (Wetzel, 2001) that 32 

accumulates material inputs from the catchment as well as biota via natural reproduction or 33 
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artificially via fish stocking activities.  Only periodically would these materials and 1 

organisms be exported from the reservoir during flooding events that overtop the reservoir 2 

wall. 3 

 4 

The potential for trophic cascade through biomanipulation presents a number of management 5 

issues for multi-use reservoirs such as Lake Samsonvale.  The lake already has an artificially 6 

created biotic community that includes top order predators stocked for recreation (e.g. 7 

Australian Bass), as well as other translocated natives that occupy other trophic niches (e.g. 8 

Golden Perch, Redclaw crayfish) and invasive and noxious pests species (e.g. Tilapia, 9 

Gambusia).  Questions may arise around the potential negative or positive impacts of 10 

increasing the density of predatory fish being stocked into reservoirs, or the outbreak of new 11 

pest species.  This will become an important consideration in the near future as current fish 12 

stocking activities continue to occur within many Australian reservoirs with little scientific 13 

information to guide management decisions and the implications and potential for trophic 14 

cascade issues to occur in the presence of high predator fish biomass (Burrows, 2004; 15 

Cadwallader, 1996; Gillanders et al., 2006; Morgan et al., 2004; Simpson et al., 2002).  16 

Given that most reservoirs in sub-tropical climates are used primarily for human 17 

consumption, any increase in risk of toxic cyanobacteria blooms could pose undesirable 18 

human health implications. 19 

 20 

Lakes subject to cultural eutrophication can exist in different states of productivity and 21 

trophic structure such that they can be considered to be in a turbid state dominated by 22 

pelagic primary production (e.g. phytoplankton) or a clear state dominated by 23 

littoral/benthic primary production (e.g. macrophytes) (Scheffer et al., 1993; Scheffer & 24 

Jeppesen, 1998).  Under the clear water phase, macrophytes dominate the primary 25 

productivity of the system, whereas in the turbid water phase, macrophytes decline and 26 

water turbidity increases as a result of phytoplankton growth and re-suspension of littoral 27 

sediments.  The change from one state to another, usually starting from the clear pre-28 

eutrophic state, to the turbid eutrophic state, is thought to occur as a relatively rapid shift 29 

and once in that state various internally driven food web and physical processes act as a 30 

feed-back to maintain this state making the shift back to the former clear state difficult 31 

(Scheffer et al., 1993).  These contrasting conditions and the sudden shifting between the 32 

two, led to the theory of alternative stable states, were by these two most likely outcomes 33 

of eutrophication pressure were largely mediated by the presence or absence of submerged 34 
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macrophytes (Scheffer et al., 1993).  Such a simplistic, two state model of ecosystem 1 

structure overly simplifies the reality of complex lake ecosystems and probably reflects the 2 

genesis of this concept from studies on natural, relatively stable lakes.  The reality for 3 

many less stable environments, is that the ecosystem is probably existing as more of a 4 

gradient of possible states, or at least in a transition between states that is driven by many 5 

pressures and forces such as climate, morphology of lakes, hydrology, and food web 6 

interactions (Scheffer & Carpenter, 2003; Scheffer & van Nes, 2007).  Similar principles of 7 

the original alternative stable states theory may still hold true, such as the potential for 8 

sudden and unpredictable and rapid changes to a new and contrasting state (Scheffer & van 9 

Nes, 2007).   10 

 11 

The potential drivers of state changes can be many and varied. They may include changes 12 

to the biotic populations directly (e.g. a new species of aggressive competitor or having a 13 

contrasting trophic niche), changes to controlling forces on the biotic community (e.g. 14 

nutrient loading rates) or changes to external driving factors like climate or hydrology 15 

(Beisner et al., 2003a; Hobbs et al., 2012; O’Farrell et al., 2011; Schroder et al., 2012).  It 16 

is probable then that food web structure and functioning and the state of sub-tropical 17 

reservoirs is the outcome of a combination of key driving processes (Power, 1990), 18 

although the importance of one particular process may exert a greater level of significance 19 

than others at certain temporal and spatial scales (Stein et al., 1995). 20 

 21 

 22 

1.3.4 Hydrologic Drivers of Reservoir Ecosystem Structure 23 

 24 

The hydrologic characteristics of reservoirs constructed on river networks are directly 25 

linked to the regional climatic and river hydrologic variability. In sub-tropical and 26 

Mediterranean type climates, rainfall and runoff is highly variable and can occur 27 

seasonally with extended periods of low or no river flow, interspersed with large episodic 28 

flood events (Coops et al., 2003; Lake, 2008).  These periods of flood are responsible for 29 

delivering large quantities of allocthonous material (nutrients and carbon) into a reservoir 30 

system and is the primary cause for cultural eutrophication.  This has flow on effects to a 31 

range of long and short term ecosystem functioning and structuring processes (Wantzen et 32 

al., 2008a).  For the most of the time however, inflows to sub-tropical reservoirs will be 33 
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small or non-existent and processes such as evaporation and groundwater recharge will 1 

prevail resulting in progressive lowering of water levels. This set of conditions translates 2 

into highly variable water levels in reservoirs.  Hydrologic variability is likely to increase 3 

as climate change forecasts for sub-tropical and Mediterranean regions predict increased 4 

stochasticity including longer and more frequent droughts and increased variability and 5 

extremes in rainfall patterns (Wantzen et al., 2008a). Adding to these pressures, most sub-6 

tropical reservoirs are built for the sole purpose of extractive water consumption which 7 

will compound the potential variability in water level that occur seasonally and annually 8 

(Coops et al., 2003).  9 

 10 

It has long been recognised that the hydrologic status of freshwater environments is a 11 

critical driver of many ecosystem functional and structural features that have spawned a 12 

number of theories and concepts aimed at recognising this importance (Bond et al., 2008; 13 

Hoeinghaus et al., 2007; Junk et al., 1989; Perkins et al., 2010; Puckridge et al., 2000; 14 

Thorp & Delong, 1994; Tockner et al., 2000).  The importance of hydrologic variability 15 

also extends to lake and reservoir ecosystems by influencing many attributes including 16 

water quality, primary production, elemental cycling, biodiversity, biotic community 17 

structure and trophic structures (Baldwin et al., 2010; Brauns et al., 2008; Coops et al., 18 

2003; Geraldes & Boavida, 2005; Loverde-Oliveira et al., 2009; McEwen & Butler, 2010; 19 

Perga et al., 2005; Sidinei et al., 2006; Van Geest et al., 2007; Wantzen et al., 2008b). 20 

 21 

In more recent times the influence of variable hydrologic conditions on whole of 22 

ecosystem structure and functional processes has started to receive greater attention 23 

(Kolding & van Zwieten, 2012; O’Farrell et al., 2011; Zohary & Ostrovsky, 2011).  This 24 

research has highlighted that water level fluctuations are a critical ecosystem driver and 25 

may alter the status and productivity of a reservoir or lake ecosystem into an alternative 26 

state that may be incompatible with may human uses of lakes and reservoirs.  Most 27 

importantly this may include accelerating the process and problems of eutrophication in the 28 

absence of additional external nutrient loading from the catchment (Zohary & Ostrovsky, 29 

2011).30 
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1.4 Stable isotope analysis as a tool to describe lake food webs. 1 

 2 

1.4.1 Stable Isotope Analysis 3 

 4 

Stable isotope analysis (SIA) is an analytical tool widely used to describe ecosystem 5 

structure and functions including food web interactions, trophic structure, the flow of energy 6 

within the system, identifying dominant sources of energy and organic matter supplying food 7 

webs, and the significance of species within a food web (Bunn et al., 2003; Harvey & 8 

Kitchell, 2000; Havens et al., 2003; Peterson & Fry, 1987; Schindler & Lubetkin, 2004; 9 

Vander Zanden & Rasmussen, 1999; Vander Zanden et al., 1999).  The principle behind 10 

using SIA is to measure and compare the ratios of the heavy and light stable isotopes of an 11 

element within the tissues of organisms or other components of an aquatic ecosystem being 12 

studied. 13 

 14 

A stable isotope is an atom of an element that contains differing numbers of neutrons in the 15 

nucleus (Fry, 2006).  The heavy isotope is one that contains more neutrons than the lighter 16 

isotope.  These atoms are described as stable, as the number of neutrons in the atom does not 17 

readily change during typical biological and physical processes occurring in nature.  The 18 

most common stable isotopes used in food web studies include Carbon (
13

C and 
12

C), 19 

Nitrogen (
15

N and 
14

N) and Sulfur (
34

S and 
33

S).  The isotope value of a sample is denoted by 20 

the symbol  (delta).  The  value represents the difference in the isotope ratio of the material 21 

compared to a known standard material and has the units of parts per thousand (‰).  This 22 

relationship is calculated using the following expression; 23 

 24 

  (13C or 15N) = [(Rsample / Rstandard)-1] x 1000.  (1) 25 

 26 

In equation 1, R represents the ratio of either 
13

C/
12

C or 
15

N/
14

N (Peterson & Fry, 1987).  27 

When the  value is higher in a sample, there is an increase in the proportion of the heavier 28 

isotope and the sample is referred to as being enriched.  Depleted samples have lower  29 

values, representing a decrease in the proportion of the heavier isotope in the sample. 30 

 31 
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The traditional approach to describing aquatic food webs often involved analysing the 1 

stomach contents of a broad range of consumers to numerically identify the presence and 2 

frequency of dietary items or by direct observational studies (Allen & Wootton, 1984; Ball, 3 

1961; Barbosa & Matsumura-Tundisi, 1984; Cadwallader et al., 1980; Carpenter & 4 

Kitchell, 1993; Cock, 1978; Pollard, 1973; Wallace, 1981).  SIA has both benefits and 5 

disadvantages for inferring the trophic interactions within a food web over these traditional 6 

methods.  With respect to traditional stomach content analysis, the identification of all 7 

components consumed by an organism is often difficult due to partial digestion and 8 

physical maceration of items that at times can provide unreliable estimates of food items 9 

consumed and energy flow through a food web (Rounick & Winterbourn, 1986).  The 10 

presence of a food item in an organism’s stomach may not reflect the degree with which 11 

that item is actually assimilated into the consumer’s tissues.  This can depend on the 12 

quality, such that sources with a higher proportion of protein and carbohydrate will have 13 

greater assimilation efficiency over sources with a greater proportion of lignin or 14 

exoskeletons (Ricklefs, 1990).  Additionally, the frequency with which an item is typically 15 

consumed cannot be ascertained without intensive repeated measures of stomach contents 16 

of the organism.  These challenges with using stomach content analysis can lead to 17 

misinterpretations of the relative importance of ingested food items simply based on the 18 

observed frequency of occurrence from a limited number of stomach samples (Clarke et 19 

al., 2005). 20 

 21 

SIA is a technique that overcomes some of these problems when describing food webs as it 22 

represents time-integrated information about an organism’s energy sources and the results 23 

represent the portion of a consumer’s diet that is actually assimilated.  Numerous studies 24 

have used stable isotopes of carbon and nitrogen to describe complex food web 25 

interactions in freshwater lake and reservoir ecosystems, providing important contributions 26 

to the understanding of food web dynamics (Beaudoin et al., 2001; Bertolo et al., 2005; 27 

Grey & Jones, 1999; Hoyer et al., 1998; James et al., 2000; Jones & Waldron, 2003; 28 

Keough et al., 1996; Keyse et al., 2007; McBride, 2005; Syvaranta & Jones, 2008; Vander 29 

Zanden et al., 1999; Yoshioka et al., 1994).  Many of these studies have been undertaken 30 

in northern hemisphere temperate climates with relatively fewer studies being undertaken 31 

in subtropical lakes (Gu et al., 1996; Havens et al., 2003; O'Reilly et al., 2002; Zhang et 32 

al., 2013). 33 
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 1 

Despite the promise of SIA providing a robust measure of time-integrated resource and 2 

consumer interactions for describing food webs and energy cycling in lake and reservoir 3 

ecosystems, there are a number of important issues to consider when applying SIA to food 4 

web studies. 5 

 6 

1.4.2 Considerations when using SIA 7 

 8 

The difficulties discussed in Section 1.1 with respect to describing reservoir ecosystems in 9 

terms of trophic levels and food web structure and function, can, in part, be addressed 10 

through the use of stable isotope analysis.  This is possible due to some of the intrinsic 11 

characteristics of stable isotopes and how they are processed within ecosystems.  The 12 

following sections will introduce the major concepts and highlight the important assumptions 13 

and caveats when using SIA to describe food webs and complex ecosystem processes. 14 

 15 

1.4.2.1 Carbon Isotopes 16 

The isotopes of carbon (C
13

 and C
12

) can be used in ecological studies to infer the dominant 17 

energy sources supplying organisms within food webs.  The mechanisms that permit the use 18 

of carbon isotopes to identify energy sources is through the generation of unique carbon 19 

isotope values created during the process of forming new tissues or the breaking down of 20 

dead organic materials by auto- and chemotrophs.  In aquatic environments, these sources of 21 

energy typically include the primary producers both in the freshwater environment (e.g. 22 

macrophytes and algae) and the terrestrial environment (e.g. riparian vegetation), but may 23 

also include the bacterial/detritus component of aquatic food webs.   24 

Photosynthetic organisms are typically the dominant sources of energy supporting aquatic 25 

food webs.  The process of photosynthesis will result in fractionation, the observable change 26 

in 
13

C value from source to consumer, from the original inorganic carbon source, typically 27 

carbon dioxide (CO2), which has a 
13

C value of approximately -8.0 ‰ (Peterson & Fry, 28 

1987) resulting from the discrimination of the heavier 
13

C isotope in photosynthetic reactions 29 

(O'Leary, 1988).  The degree of fractionation varies between different photosynthetic 30 

pathways due to the biochemical processing of CO2 (Abelson & Hoering, 1961; O'Leary, 31 
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1988).  C4 plants will result in a fractionation effect of around –5 ‰, resulting in a final 
13

C 1 

value in tissues around -13 ‰ (i.e. -8 ‰ for atmospheric CO2 and -5 ‰ for plant uptake).  2 

C3 plants show a greater degree of fractionation in the order of –20 to –21 ‰, resulting in 3 

13
C isotope values in tissues around –28 ‰ or more (Lajtha & Marshall, 1994) (O'Leary, 4 

1988). 5 

Phytoplankton and the often used surrogate measure of particulate organic matter, 6 

macroalgae and macrophytes in freshwater environments can exhibit a wide range in isotope 7 

values in the order of –13 to –45 ‰ (Fry, 2006; Gu et al., 2011; Osmond et al., 1981; 8 

Yoshioka et al., 1994).  This variation can be due to changes in the dominant source of CO2 9 

and bicarbonate utilised and the availability of these carbon sources for assimilation by the 10 

autotroph (Mendonca et al., 2013).  In addition, phytoplankton have the ability to actively 11 

transport CO2 which can lead to greater degrees of fractionation (Yoshioka, 1997).  12 

Generally one of the dominant forms of carbon in most freshwater environments is CO2 from 13 

the atmosphere.  The CO2 typically enters the system from the atmosphere via diffusion and 14 

establishes equilibrium between the water and atmosphere.  During periods of high 15 

photosynthetic activity, the CO2 supply may become limited resulting in a progressive 16 

enrichment of autotrophs as a higher proportion of the heavier isotope is recycled and 17 

assimilated by the autotroph (Lehmann et al., 2004b).  Additionally, when CO2 becomes 18 

limited, autotrophs may depend more on bicarbonate (HCO3ˉ) as a carbon source which is 19 

more enriched than CO2  (Finlay, 2004; Lehmann et al., 2004b). 20 

A number of factors can hinder the diffusion of CO2 in aquatic habitats and thus affect the 21 

availability of atmospheric derived CO2 and thus the final isotope value of autotrophs.  For 22 

example, periphyton can exhibit highly variable 
13

C values due to the influence of the 23 

substrate it grows on and the degree to which diffusion of CO2 is hindered by this substrate, 24 

such that hard substrates can lead to periphyton being substantially enriched in 
13

C relative to 25 

phytoplankton suspended in the water column.  A similar diffusion effect can be created in 26 

still waters as a boundary layer is created around the plant surface or within dense 27 

macrophyte beds restricting the diffusion of inorganic carbon which has the effect of 28 

restricting the replenishment of new atmospheric CO2.  The outcome is the autotroph is 29 

forced to assimilate more of the heavier 
13

C isotope and becoming progressively enriched 30 

(France, 1995).  This effect can be further exacerbated where autotrophs are required to 31 
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utilise bicarbonate as the primary carbon source in conditions of low free CO2, causing 1 

values to become further enriched by +10.8 to +7.4 ‰ (James et al., 2000; Peterson & Fry, 2 

1987). 3 

Another situation that can lead to variations in the 
13

C value of autotrophs, is when a 4 

substantial proportion of the CO2 that is utilised is derived from decomposition of organic 5 

matter.  This can commonly occur in highly productive stratified reservoirs with high rates of 6 

organic matter production that rapidly decompose in the sediments.  Decomposition leads to 7 

the respiration of isotopically light CO2 (France & Schlaepfer, 2000; Keough et al., 1998; 8 

Lehmann et al., 2002; Lehmann et al., 2004b) which has the effect of producing very 9 

depleted 
13

C values of autotrophs in the order of -60 to -45 ‰ (Fry, 2006; Lehmann et al., 10 

2004b). 11 

In addition to the supply of energy to food webs via photosynthetic organisms, considerable 12 

energy can be made available via decomposition pathways.  Lennon (2004) investigated the 13 

significance of terrestrially derived carbon to the carbon pool in lakes and found that the 
13

C 14 

values of zooplankton and particulate organic matter (POM) under stable lake conditions 15 

were aligned to the expected 
13

C values that occur under low dissolved organic carbon 16 

conditions (attributable to the typical diffusion fractionation effect of atmospheric CO2 in 17 

water).  However during periods of high input of terrestrially derived DOM, the 
13

C values 18 

of zooplankton and POM were more depleted than would be expected if this terrestrial 19 

source were directly utilised.  This difference was attributed to a greater reliance of the POM, 20 

and thus zooplankton, on the respired CO2 derived from decomposition of the new source of 21 

terrestrial carbon in the lake.  This indicated that the terrestrially derived organic matter was 22 

utilised, but via recycling pathways, relying on bacterial decomposition to liberate this 23 

carbon via respired CO2. 24 

 25 

The different biochemical processes occurring within primary producers and decomposers 26 

and the original source of inorganic carbon available as an energy source for these 27 

components of an aquatic food web, establish unique stable isotope values in these 28 

organism’s tissues.  These unique values can then be used to trace the contributions and 29 

pathways of these energy sources through the food web assuming that these values are 30 

relatively unchanged as they are consumed by higher organisms (DeNiro and Epstein 1978).  31 
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To account for the potential variability in primary producer values, sample designs aimed at 1 

characterising the basal food source for food webs need to ensure adequate replication of 2 

these primary energy sources to account for variability (France, 1996) and to consider some 3 

of the physical and biogeochemical processes that may be influencing the final isotopic value 4 

of primary producers, both on a temporal and spatial scale. 5 

 6 

1.4.2.2 Nitrogen Isotopes 7 

The isotopes of nitrogen (
14

N and 
15

N) can be used to assist in the mapping of dominant 8 

feeding interrelationships between resources and consumers (DeNiro & Epstein, 1981; Fry, 9 

2006; Post, 2002b).  This is possible due to measurable and often large fractionation 10 

enrichment effects (trophic shift) that occur when a consumer assimilates a food source (Fry, 11 

2006).  From this trophic shift it is possible to assign consumer to trophic categories (e.g. 12 

herbivores, carnivores) within the food web (Keough et al., 1996). 13 

 14 

In contrast to the isotopes of carbon, it is postulated that the process of photosynthesis in 15 

aquatic autotrophs generally does not result in substantial fractionation effects from the 16 

nitrogen source to the autotroph’s tissues (Fry, 2006).  This generally results in the 17 

nitrogen isotope ratios of autotrophs closely resembling the predominant nitrogen sources 18 

available in the environment (Gu, 2009; Schindler & Lubetkin, 2004).  These sources can 19 

vary considerably across trophic gradients from oligotrophic to eutrophic conditions(Grey 20 

et al., 2009).  This lack of fractionation in primary producers is thought to occur because 21 

nitrogen is generally limiting in aquatic environments and any available nitrogen is utilised 22 

completely with little fractionation (Peterson & Fry, 1987).  However, lack of fractionation 23 

may be reversed in highly productive or polluted systems where nitrogen is not limiting, 24 

and plant uptake and utilisation may produce substantial fractionation effects (Fry, 2006; 25 

Pennock et al., 1996).  When the predominant nitrogen source for plants comes from soils, 26 

there can be some observable differences between atmospheric nitrogen (-2 ‰ to 2 ‰) and 27 

that in the plant tissues (-8 ‰ to 10 ‰) (Schindler & Lubetkin, 2004). 28 

 29 

There is some evidence to indicate that fractionation between the nitrogen source and 30 

primary producers can occur and this may vary over different stages of the growth cycle 31 
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and with the particular source characteristics of available inorganic nitrogen (Lehmann et 1 

al., 2004b; Pennock et al., 1996).  Although at times this fractionation may be significant, 2 

however, often the mean 
15

N value of algae during the growing phase, as measured by 3 

bulk particulate organic matter (POM), has been found to vary less than 2 to 8 ‰ 4 

(Lehmann et al., 2004b; Yoshioka et al., 1994) and that the degree of fractionation may be 5 

species specific and be determined by the balance of the inorganic nitrogen forms available 6 

for uptake (Pennock et al., 1996).  Some algal species that may exhibit considerable 7 

differences in 
15

N values over background nitrogen source values including certain 8 

cyanobacteria species that are capable of fixing nitrogen from the atmosphere.  This 9 

process leads to nitrogen fixing algae having isotope values close to zero and in some cases 10 

negative (Vuorio et al., 2006). 11 

 12 

In addition to using nitrogen isotopes for food web interactions, the value of many 13 

allochthonous sources of nitrogen to a food web can be traced due to their often distinctive 14 

isotope ratios that are different to atmospheric ratios.  Stable isotopes have been used to 15 

trace nutrient from sources including agricultural fertilisers and human wastewater 16 

(Anderson & Cabana, 2006; Cole et al., 2004; deBruyn et al., 2003; Lefebvre et al., 2007; 17 

Rock & Mayer, 2006; Ulseth & Hershey, 2005).  The use of nitrogen isotopes has a 18 

number of potential pitfalls including the potential for the isotope ratios of nitrogen sources 19 

(inorganic forms) to be influenced by various nitrogen biogeochemical processes such as 20 

ammonification, nitrification and denitrification resulting in isotope effects in the order of 21 

10 – 40 ‰ (Fry, 2006; Gu, 2009).  For example, the decomposition of particulate organic 22 

matter can result in a general N
15

 enrichment of 5-10 ‰ (Fry, 2006). 23 

 24 

1.4.2.3 Uniqueness of Isotope Values 25 

 26 

In order for SIA to be a useful tool to identify food web structure and function, it is essential 27 

that components of the ecosystem, including the producers, consumers, potential nutrient 28 

sources and other organic materials that comprise the potential energy sources to the food 29 

web, contain sufficiently distinctive isotope values to differentiate them from each other 30 

(Fry, 2006).  In this way, considering the range of potential autotrophic organisms of a food 31 

web, for example, a macrophyte species would need to have a sufficiently different stable 32 
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isotope value from phytoplankton or terrestrial organic material to judge which of these 1 

potential sources of energy are being utilised by consumers in the food web.  Similarly, in 2 

assessing components higher up the trophic structure, the potential prey available for 3 

predators needs to exhibit sufficiently distinctive stable isotope values in order to reliably 4 

assess which prey are most important in the diet.  This uniqueness in energy source stable 5 

isotope values enables the calculation of proportions of a consumer’s diet that is made up of 6 

those sources.  For example, there are a number of mathematical mixing model approaches 7 

to infer the proportion of two or more potential food sources that have contributed to a 8 

consumers stable isotope value (Hall-Aspland et al., 2005; Moore & Semmens, 2008; 9 

Phillips, 2001; Phillips & Gregg, 2002; Phillips et al., 2005a; Saito et al., 2007).  Without 10 

clear separation of stable isotope values of potential energy sources in a food web, isotopes 11 

would be of little assistance in determining the dominant energy sources or the feeding 12 

relationships within food webs.  However, the use of SIA to reconstruct the diet of 13 

consumers when multiple potential food sources are identified is dependent on the 14 

assumption that the mean isotope value of the consumer’s tissues reflects the proportional 15 

contribution of the isotope values of the actual foods that are consumed (Gannes et al., 16 

1997).  For a number of reasons, this assumption requires careful consideration in food web 17 

studies.  There is a range of biochemical and physical processes that can have a significant 18 

influence on source values as will be covered in the following sections. 19 

 20 

1.4.2.4 Fractionation Effects 21 

 22 

In order to use SIA to trace energetic pathways throughout a food web, there is the 23 

requirement for values to undergo a predictable change between that of the energy source 24 

and the consumer utilising this source.  Fractionation occurs when the proportion of the 25 

heavy to light isotope changes in an organism as a result of the different physiological 26 

processes involved in digestion, assimilation, photosynthesis, respiration, excretion and the 27 

associated chemical reactions occurring within organisms (Fry, 2006; McCutchan et al., 28 

2003; Schindler & Lubetkin, 2004; Tieszen et al., 1983; Vander Zanden & Rasmussen, 29 

2001).  Fractionation typically leads to the enrichment of the heavier stable isotope in the 30 

consumer’s tissues, however there is considerable variability in the fractionation factor 31 

between carbon and nitrogen isotopes with examples of enrichment, depletion or no 32 
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fractionation in either carbon or nitrogen from a variety of ecosystems, between and within 1 

taxa and under varying environmental conditions (Barnes et al., 2007; Focken & Becker, 2 

1998; Goedkoop et al., 2006; Mill et al., 2007; Overmyer et al., 2008; Pinnegar & Polunin, 3 

1999; Vanderklift & Ponsard, 2003). 4 

 5 

Enrichment effects are a result of the lighter isotope generally reacting faster in chemical 6 

bonding and breaking reactions (Fry, 2006) and thus being cycled faster resulting in the 7 

selective removal or acquisition of the isotope in an organisms tissues.  Fractionation 8 

leading to enrichment can also occur in reactions where there is an exchange of elements 9 

moving toward an equilibrium status, in which the heavy isotope tends to accumulate in 10 

compounds with greater bond strengths (Fry, 2006).  Despite the processes of fractionation 11 

showing considerable variability in enrichment within and between organisms, the 12 

enrichment axiom of approximately 0 - 1 for 
13

C and 3 - 5 for 
15

N remains in common 13 

use in dietary studies using SIA (Huang et al., 2007; Kelly & Jellyman, 2007; McIntyre & 14 

Beauchamp, 2007; Rybczynski et al., 2007).  Throughout the literature, reported 15 

enrichment values can range much more widely than this from between -2.1 and 2.8 ‰ for 16 

13
C, and between -0.7 and 9.2 ‰ for 

15
N (Anderson & Cabana, 2007; DeNiro & Epstein, 17 

1981; Gu et al., 1996; McCutchan et al., 2003; Minagawa & Wada, 1984; Peterson & Fry, 18 

1987; Post, 2002a; Vanderklift & Ponsard, 2003).  The degree of fractionation in 19 

freshwater aquatic habitats however seems much less variable compared to marine and 20 

terrestrial habitats and is generally more pronounced for 
15

N (Grey, 2000; Post, 2002a; 21 

Vander Zanden & Rasmussen, 2001; Vanderklift & Ponsard, 2003) than for 
13

C (France 22 

& Peters, 1997).  Determining the degree of fractionation that occurs is an important issue 23 

when using stable isotope analysis to infer food web relations. 24 

 25 

The end result of fractionation leading to the enrichment of consumer tissues is termed the 26 

trophic shift (McCutchan et al., 2003).  Trophic shift is an integral concept when using stable 27 

isotopes to describe the pathway of energy through food webs.  The degree of enrichment 28 

with each trophic shift is an important value to estimate when using stable isotopes. This 29 

trophic shift value has generally been determined as the mean shift from a range of different 30 

taxon, sometimes from different environments (including freshwater, marine and terrestrial 31 

habitats) or from controlled diet studies using labelled or known isotopic diets, or by 32 

inference from known feeding relationships for a consumer (DeNiro & Epstein, 1978; 33 
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DeNiro & Epstein, 1981; Fry & Sherr, 1984; Minagawa & Wada, 1984; Peterson & Fry, 1 

1987; Tieszen et al., 1983). 2 

 3 

Literature reviews of the published data by Vanderklift & Ponsard (2003) found the mean 4 

enrichment values across a broad range of taxon for 
15

N were somewhat lower than the 5 

previously espoused figure of 3.4 ‰, being 2.54 ‰ (±0.11 SE) and were shown to vary most 6 

significantly between taxonomic classes and the primary modes of nitrogen excretion.  7 

Specifically, the trophic shift was lower for molluscs than for crustaceans and both were 8 

lower than for fish.  Following standardisation for tissue type, the mean fractionation of 
15

N 9 

for fish was found to be 2.96 ‰ (Vanderklift & Ponsard, 2003).  Additionally Vanderklift & 10 

Ponsard (2003) found in a similar conclusion to Post (2002b) that there was no significant 11 

difference in trophic shift between carnivores and herbivores.  Based on this, the weight of 12 

evidence suggests that a conservative fractionation value can be applied across a whole food 13 

web (Post, 2002a).  Vanderklift & Ponsard (2003) did however find significantly lower 14 

trophic shifts for detritivores, and invertebrates (particularly crustaceans and molluscs) 15 

suggesting these taxonomic groups require careful consideration.  However, McCutchen et 16 

al., (2003) found the mean trophic shift for a range of consumers was 0.5 ‰ for 
13

C and for 17 

15
N was variable depending on the dominant diet, such that diets dominated by invertebrates, 18 

plant/algae or high protein sources were 1.4, 2.2 and 3.3 ‰ respectively. 19 

 20 

The primary source of energy for fish seems to have an effect on the degree of enrichment 21 

such that herbivorous fish exhibit 
15

N trophic shifts of between 4.47 and 5.25 ‰, much 22 

higher than the espoused mean 3.4 ‰ (Mill et al., 2007), however, variability is much lower 23 

in carnivores than for lower trophic level consumers (Vander Zanden & Rasmussen, 2001).  24 

In contrast, (Vanderklift & Ponsard, 2003) found no differences in fractionation between 25 

herbivores and carnivores.  Variability in 
15

N trophic shift has been demonstrated within 26 

individual species, for example northern pike (Esox lucius) have been shown to range from 27 

2.0 to 3.4 ‰ (in (Jardine et al., 2006)).  In the review by Post (2002b) the reported mean 28 

trophic shift calculated from a range of ecosystem types and taxon (0.4 (±1.3 ‰) for 
13

C 29 

and 3.4 ‰ (±1 ‰) for 
15

N) has been suggested as a robust approximation of the assumed 30 

trophic shift effect when applied across an entire food web with multiple trophic pathways 31 

(as opposed to single resource – consumer interactions). 32 

 33 
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The literature highlights that there is considerable variability observed in the degree of 
13

C 1 

and 
15

N fractionation, and thus the trophic shift, in response to several factors including 2 

taxon (Anderson & Cabana, 2007; Jardine et al., 2006), diet quality (Goedkoop et al., 2006; 3 

Overmyer et al., 2008), functional feeding group (Mill et al., 2007), tissue types analysed 4 

(Pinnegar & Polunin, 1999), growth rate (Tieszen et al., 1983; Trueman et al., 2005) and 5 

body size (Genner et al., 2003).  Despite the general acceptance of the process of 6 

fractionation having a significant bearing on the isotopic value of organisms, the 7 

mechanisms leading to fractionation and the commonly held assumptions about the degree of 8 

fractionation in organisms continues to be debated (Ankjaero et al., 2012; Codron et al., 9 

2012; Dalerum & Angerbjörn, 2005; Florin et al., 2011; Jardine et al., 2006; McCutchan et 10 

al., 2003; Newsome et al., 2011; Wessels & Hahn, 2010). Thus there is no consensus on 11 

using a single fixed trophic shift value resulting from fractionation processes and one can 12 

only be guided by the most relevant examples in the literature for the habitat type and 13 

taxonomic classes used to describe the food web and to consider how some of the known 14 

factors that influence trophic shifts may influence a study.  Alternatively, attempts can be 15 

made to determine a trophic shift value that is localised for the system and suite of species 16 

under consideration using the 
15

N and 
13

C values of primary producers, consumer and 17 

higher trophic level consumers (Elsdon et al., 2010; Mill et al., 2007). This approach of 18 

estimating locally relevant fractionation effects was taken in this study for the Lake 19 

Samsonvale food web. 20 

 21 

The issue of defining a mean trophic shift value to infer feeding relationships becomes most 22 

problematic when using mathematical mixing models to predict the diets of consumers.  The 23 

effect is such that when isotopic differences are small between end members (food sources), 24 

the effect of incorrect assumptions of trophic shift values on diet predictions is large 25 

(McCutchan et al., 2003).  Not adequately taking into account these small variations in 26 

trophic shift may lead to significant errors in interpreting the diet of the consumers and the 27 

overall trophic position (Moore & Semmens, 2008; Tarroux et al., 2010).  Given the 28 

potential for variable enrichment values for trophic shift, it may be inappropriate to use mean 29 

trophic shift values from a range of species or other studies as these may not adequately 30 

represent the complexities of natural, mixed species and mixed diet food webs.  31 

Alternatively, when end members are clearly separated by their isotope values, the potential 32 

for misleading results using mixing models becomes lessened (McCutchan et al., 2003). 33 
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 1 

1.4.3 Factors Affecting Consumer Isotope Values 2 

 3 

Variability in stable isotope values can occur between different tissue types of an 4 

individual, or of a particular energy source, and can arise from a variety of factors.  Much 5 

of this variability arises due to the complex biochemical pathways that are responsible for 6 

synthesis of an organisms tissues from the consumed energy sources (Gannes et al., 1997).  7 

The original energy source of an organism may also have a direct bearing on the final 8 

isotope value such that anthropogenic nutrients in the form of fertilisers can significantly 9 

alter isotope ratios of producers and consumers. 10 

 11 

Increasingly it is apparent that there are numerous potential factors affecting variability in 12 

isotope values of energy sources and consumers, and the influence of this variability needs 13 

to be taken into consideration when interpreting the results of SIA (Codron et al., 2012; 14 

Florin et al., 2011; Ishikawa et al., 2012; McMahon et al., 2010; Wessels & Hahn, 2010).  15 

For this reason when utilising SIA for food web studies it is important to standardise 16 

techniques, such as tissue type, that are used to reduce the problems of variability affecting 17 

the final interpretations of food sources or trophic position. 18 

 19 

1.4.3.1 Variability in Isotope Value of Primary Producers 20 

 21 

Variability in 
13

C and 
15

N ratios for primary producers can occur due to changing 22 

seasonal conditions, variability in raw nutrient sources and allochthonous nutrient inputs 23 

such as catchment derived nutrients and pollutants.  The occurrence of seasonal variability 24 

in carbon and nitrogen isotope ratios of primary producers such as phytoplankton is not 25 

always consistent between studies or systems within studies (Gu & Schelske, 1996; 26 

Yoshioka et al., 1994).  This variability can significantly affect the interpretation of the 27 

consumer positioning in the food web if not accounted for.  Various authors have proposed 28 

methods to overcome this problem by analysing primary consumers as an alternative to 29 

primary producers as the starting isotopic value for interpreting trophic positions (Post, 30 

2002a; Vander Zanden & Rasmussen, 1999).  This approach attempted to integrate the 31 
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variability observed in producers across a system by selecting a relatively long-lived 1 

primary consumer organism.  The aim of using primary consumers is to dampen out the 2 

seasonal variability of primary producers as a result of the longer turnover times of the 3 

tissues of higher consumers, which in effect provide a picture of the time averaged diet.  4 

Fry and Arnold (1982) found that isotopic ratios only stabilised in the tissues of a decapod 5 

species after a fourfold increase in body mass.  This may take some time for certain slow 6 

growing consumers and thus provides a variable time-averaged depiction of the isotope 7 

values of the base of the food web. 8 

 9 

There can often be many complex processes influencing the final 
13

C of phytoplankton due 10 

to factors such as CO2 sources, photosynthetic fractionation effects, respiration fractionation 11 

effects, the value of dissolved organic and inorganic carbon sources, the amount of 12 

atmospheric CO2, etc (Bade et al., 2006).  When productivity rates of phytoplankton are very 13 

high, a phenomenon called chemically enhanced diffusion occurs whereby the excess 14 

hydroxyl ions from high pH conditions increase the rate of diffusion of CO2 from the 15 

atmosphere.  This process can produce significant fractionation resulting in 
13

C values of 16 

dissolved inorganic carbon (DIC) to be significantly decreased (Bade & Carpenter, 2004) 17 

resulting in isotope ratios of around -20 ‰. 18 

 19 

1.4.3.2 Physiological Processes of Digestion and Excretion 20 

 21 

The fundamental processes of digestion and excretion have a large bearing on the isotope 22 

value of organisms.  This includes the rate of consumption, the rate of excretion of 23 

ingested items and the complex processes of food absorption and generation of excretion 24 

products (Olive et al., 2003).  The form of nitrogen excreted can also have some effect on 25 

the fractionation factor of organisms (Vanderklift & Ponsard, 2003).  Original suggestions 26 

that trophic shift was due to the metabolic excretion of nitrogenous wastes came from 27 

laboratory experiments in (Minagawa & Wada, 1984), however it is now widely known 28 

that fractionation occurs at a number of physiological steps in digestion, absorption, 29 

assimilation, metabolism and excretion (Fry, 2006). 30 

 31 
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Gannes et al. (1997) highlight that the form and structure of an organisms digestive system 1 

can also have significant influences on the assumptions made regarding predictable 2 

fractionation effects between diet and an organism’s tissue.  Particularly, organisms with 3 

foregut fermentation processes are likely to adhere to the basic assumption that the 
15

N 4 

value of the organism will reflect the bulk value of the diet. This is largely due to the more 5 

complete breakdown of all dietary components to amino acids prior to absorption and 6 

assimilation into body tissues. Therefore, in organisms with less complete digestive 7 

processes, the degree to which all components of the diet are equally assimilated into the 8 

consumer’s tissues may be variable due to such factors as the completeness of fermentation 9 

processes, urea recycling and the quality of the diet in terms of nitrogen and the nitrogen 10 

status of the consumer (Gannes et al., 1997). 11 

 12 

Another important process that can occur is the selective routing of elements that are 13 

digested into different tissues or components of tissues of the organism.  The net effect is 14 

that under different conditions of for example protein availability, the digested protein will 15 

be selectively used for building new tissue rather than for catabolism as an energy source.  16 

This could have the effect of disproportionately affecting assumptions about how much of 17 

a consumer’s diet is composed of protein sources (Gannes et al., 1997). 18 

 19 

1.4.3.3 Spatial and Temporal Variation 20 

 21 

Within large bodies of water, the isotopic value of organisms can vary substantially 22 

between geographically isolated regions.  Some causes for this variability may include 23 

geochemical processes that alter the isotope ratio of carbon and nitrogen sources (Kendall 24 

et al., 1997b, 1998).  Oxygen-depleted water within the hypolimnion of a stratified lake 25 

can trigger a range of geochemical processes that affect the isotopic values of the food web 26 

via the conversion of inorganic nitrogen (denitrification) and carbon (methanogenesis) 27 

from the sediments into dissolved forms (Gu et al., 1996).  These nutrient sources are then 28 

assimilated by autotrophs and primary producers and the unique isotope value is then 29 

transferred to higher trophic levels that consume these sources.  A comprehensive study of 30 

spatial and temporal variability in a lake food web by Mehner et al. (2005) found the most 31 

significant variability in isotope ratios was associated with sample depth and season.  In 32 
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addition they found that fish, zooplankton and phytoplankton varied the most over these 1 

scales.  Other significant causes for geographical variations in isotope values of the food 2 

web can result from allochthonous nutrient inputs to the system.  Many nutrient sources of 3 

human origin such as wastewater, fertilisers or wastes from intensive agriculture have 4 

unique isotope values that can be reflected in the food web.   5 

 6 

In addition to spatial variability, stable isotope values of food web components can change 7 

over temporal scales from hours to years.  Complicating this issue is the specific tissue or 8 

portion of an organism analysed may be reflective of a specific time period.  For example, 9 

blood may reflect hourly variations in diet, liver tissue over days and muscle tissue over 10 

months (de Groot, 2004; Logan et al., 2006; McIntyre & Flecker, 2006; Pinnegar & Polunin, 11 

1999).  Seasonal effects and the rate of change of isotope ratios of an organism will have 12 

important implications for studying food web dynamics and must be taken into account in 13 

the study design.  For example (Havens et al., 2003) found very little seasonal variability 14 

between isotopic values for a range of aquatic biota and therefore combined all seasonal 15 

samples into the one data set, whereas others (Grey et al., 2001; Gu, 2009; Hadas et al., 16 

2009; Zohary et al., 1994) have found considerable seasonal variability, particularly in the 17 

primary producers and primary consumers.  Seasonal changes in larger bodied consumers 18 

will vary depending on age, growth rate and overall size, with smaller faster-growing fish 19 

changing more rapidly (McIntyre & Flecker, 2006; Xu et al., 2005) than larger-slow growing 20 

fish (Perga & Gerdeaux, 2005; Trueman et al., 2005). 21 

 22 

Despite the potential for temporal and spatial variability in isotope values in food web 23 

components, the influence of an organism’s diet, all things being equal in terms of age and 24 

size of consumer, is likely to be the dominant factor influencing the isotopic variation of the 25 

organism (Barnes et al., 2008).  When undertaking food web studies, it is then important to 26 

define the objectives of the food web study, be it temporal, spatial or species changes, each 27 

require adequate characterisation of the food web components of interest at an appropriate 28 

time scale to account for these possible effects.  29 

 30 
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1.4.3.4 Influence of Lipids 1 

 2 

The lipid and protein composition of certain tissues in an organism may vary with size, age 3 

or nutritional status and body condition (Pinnegar & Polunin, 1999).  Lipids are generally 4 

considered to be 6-8 ‰ depleted in 
13

C (DeNiro & Epstein, 1977) relative to the compounds 5 

used to synthesise the lipids.  This results in tissues with high lipid content having depleted 6 

isotope values (Post et al., 2007).  The mechanism for the depleted values of lipids is related 7 

to the fractionation effects during the oxidation processes occurring in lipid synthesis 8 

(McCutchan et al., 2003).  The effect of the varying concentrations of lipid in tissues can 9 

influence the isotopic ratios of whole samples as well as having variable effects on the value 10 

of different tissues types of a species (Focken & Becker, 1998; Smyntek et al., 2007) 11 

(Smyntek et al., 2007) (Sweeting et al., 2006).  For example (Bodin et al., 2007) found no 12 

effect of lipids on a sample of muscle tissue from a crustacean species, but found significant 13 

effects on the hepatopancreas and gonad tissues.  The size of this effect on final tissue 
13

C 14 

values is related to the relative content of lipid in the tissues such that differences of up to 3 15 

or 4 ‰ in 
13

C may occur in tissues with relatively high lipid content (Post et al., 2007; 16 

Tarroux et al., 2010).  As a consequence, the effects of lipids have the potential to bias 17 

interpretations about the likely carbon sources when using the generally assumed small 18 

fractionation effect in carbon of between 0 and 1. 19 

In response to the potential for lipids to bias isotope results, many authors espouse the 20 

removal of lipids prior to 
13

C analysis.  This was traditionally done using chemical solvent 21 

extraction methods (Folch et al., 1956; Schlechtriem et al., 2003).  However, the process of 22 

chemical lipid removal has been demonstrated to alter the 
15

N value and can considerably 23 

increase the sample 
13

C variance, as such the chemical extraction of lipids may not always 24 

be warranted (Logan & Lutcavage, 2008; Pinnegar & Polunin, 1999).  More recently 25 

techniques have been developed that allow the correction of the effect of lipids using 26 

mathematical formula that utilise the carbon to nitrogen ratio of the tissue sample as an 27 

indication of the content of lipid (Logan et al., 2008; Mintenbeck et al., 2008; Post et al., 28 

2007; Sweeting et al., 2006).  A typical correction formula that has been adopted and proven 29 

to be consistent and confirmed against chemical lipid removal techniques is reproduced here 30 

(Barnes et al., 2008; Sweeting et al., 2006); 31 

 32 
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    protein = ( sample x C:Nsample) + 7 x (C:Nsample – C:Nprotein)) 1 

C:Nsample 2 

Where sample and C:Nsample are derived from analysis of tissues and the C:Nprotein is derived 3 

from literature values. 4 

 5 

The final decision to account for the effect of lipids is often guided by the size of the 6 

difference that occurs in potential carbon sources to a consumer and the lipid content itself of 7 

the consumer.  The larger the difference in 
13

C values between sources (>3 ‰), the less 8 

problematic variable lipid content will be (Leggett, 1998).  Additionally, if the lipid content 9 

of the tissues selected for isotope analysis is not variable, then removal may not be warranted 10 

(Post et al., 2007).  It has been reported that if the C:N ratio of aquatic animals is less than 11 

3.5 (this corresponds to ~5% lipid content) (Post et al., 2007) then lipid correction is not 12 

necessary. 13 

 14 

1.4.3.5 Influence of Carbonates 15 

 16 

Bones and carbonaceous material such as exoskeletons have been shown to influence the 17 

isotope ratios of organisms (Jacob et al., 2005).   A common method of removing the effect 18 

of carbonates is to treat the samples with hydrochloric acid to remove these carbonates.  The 19 

acid reacts with the carbonates and fumes off as gas.  Previous studies have shown that the 20 

effect from carbonates can be relatively small for fish fry (Pinnegar & Polunin, 1999) and in 21 

some cases is not warranted as the process can alter the 
15

N of samples.  Acid treatment has 22 

been shown to increase the variability of isotope results, particularly for nitrogen and in some 23 

cases made no difference to the 
13

C values pre and post acid treatment (Barnes et al., 2008; 24 

Sweeting et al., 2006). 25 

 26 

1.4.3.6 Effects of Diet Quality and Quantity 27 

 28 

The quality and quantity of a consumer’s diet is a significant factor that can affect the 29 

isotopic value of the organisms.  Several studies have been conducted demonstrating that the 30 

quality of the food source, in terms of nitrogen content, will produce different outcomes in 31 
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terms of isotope variability and total fractionation between diet and consumer (trophic shift).  1 

In general, organisms on poor nutrient diets or diets with an insufficient quantity of energy 2 

will exhibit greater variability and altered fractionation effects. 3 

Aquatic herbivores as a trophic group are generally reliant on highly variable and often low 4 

nutrient quality food such as macrophytes or macroalgae, in comparison to higher quality 5 

protein-containing foods of carnivores.  There is a consistent pattern that herbivores exhibit 6 

the greatest degree of variability and often lower 
15

N trophic shifts over other species 7 

consuming higher quality diets (Vander Zanden & Rasmussen, 2001).  However, not all 8 

studies draw the same conclusions, finding no difference between herbivores and carnivores 9 

(Post, 2002a) while others finding the greatest 
15

N trophic shifts in herbivores (Mill et al., 10 

2007).  Variation in 
15

N trophic shift between an herbivore and the diet may be attributed to 11 

a range of factors including isotopic differences in biochemical components of plants that are 12 

assimilated, digestibility issues with complex plant structural components (e.g. lignin, silica, 13 

etc), urea recycling that is sometimes characteristic of herbivores, or the synthesis of lipids 14 

from non-lipid dietary components such as carbohydrates in plants leading to depleted 15 

carbon values (Gannes et al., 1997; Post, 2002a; Ricklefs, 1990; Vander Zanden & 16 

Rasmussen, 2001).  All of these processes involve some fractionation and thus would 17 

contribute to the final 
15

N value and trophic shift occurring in herbivores.  18 

As highlighted in the introduction to Section 1.4, the final isotope value of organism’s tissues 19 

can be affected by many specific biochemical processes.  One of these is termed isotope 20 

routing which involves the formation of tissue out of specific components of an organism’s 21 

diet, such as the protein component (Gannes et al., 1997).  The result of this could be that a 22 

source of high dietary protein in the diet may contribute disproportionally to the isotope 23 

value of the tissues when it only makes up a relatively small proportion of the diet.  The 24 

source of the dietary lipid may also have some influence on the 
13

C an organism’s tissues as 25 

lipids synthesised out of dietary carbohydrate is expected to be more depleted in 
13

C than that 26 

coming from dietary lipids (Gannes et al., 1997). 27 

 28 

As with assimilation, excretion also involves fractionation of nitrogen isotopes such that 29 

excreted wastes are typically depleted in 
15

N relative to the diet (Fry, 2006).  This contributes 30 

to the organism’s tissues becoming sightly enriched in the heavier isotope of N
15

 relative to 31 
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their diets.  If an organism’s diet contains high protein content, then it is likely that these 1 

organisms will exhibit lower levels of enrichment over those utilising lower protein content 2 

diets (Adams & Sterner, 2000; Gaye-Siessegger et al., 2004; Gaye-Siessegger et al., 2007; 3 

McCutchan et al., 2003) due to the luxury of assimilating only some of the total nitrogen 4 

from high protein foods which is typically the lighter isotope, the rest being excreted.  This is 5 

however not always consistent across animal groups (Robbins et al., 2005; Vanderklift & 6 

Ponsard, 2003).  In the opposite way, during starvation the ratio of assimilated to excreted 7 

N
15

 is high, resulting in elevated 
15

N as dietary intake on nitrogen is insufficient to replace 8 

excreted nitrogen (Gaye-Siessegger et al., 2007; McCutchan et al., 2003; Stepanowska et al., 9 

2006).  The direction of change in 
15

N is not always consistent though where increased 10 

feeding rates have also led to elevated estimates of 
15

N trophic shift between values of the 11 

diet and the tissues (Focken, 1998).  It seems clear though from these studies that there is a 12 

significant amount of interaction between diet quality, quantity and metabolic rates and the 13 

degree of fractionation in organisms. 14 

 15 

 16 
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Chapter 2 Study Area and Current 1 

Knowledge 2 

2.1 Location and Climate 3 

 4 

Lake Samsonvale (aka North Pine Dam) was built principally to supply Brisbane with an 5 

alternative drinking water source.  The dam is located north of Brisbane at latitude 6 

27º 16º S, longitude 152º 56º E and approximately 15 km inland from the coast.  The dam 7 

was constructed in 1974 and commenced filling in the first year, reaching the full supply 8 

level (FSL) in the summer of 1976 (King & Everson, 1978).  At FSL the dam stores 9 

approximately 215,000 megalitres (ML) and has a water surface area of 21.63 km
2
 with a 10 

shoreline length of 166 km (Anonymous, 2005).  The reservoir itself is relatively shallow 11 

having an mean depth of 9.9 m at FSL with the deepest point being immediately adjacent 12 

the dam wall at 35.1 m (Burford, 2006; King & Everson, 1978; Webber, 1975).  The 13 

catchment area for the dam is 347 km
2
 with the predominant land uses being stock grazing 14 

(58.8 %) and forestry (19.8 %) (Webber, 1975).  Urban development and intensive 15 

agriculture (cropping or dairying) comprise less than 3.7 % of the catchment area.  In 16 

recent years the catchment has seen an expansion of rural-residential development as well 17 

as further diversification of land uses.  The majority of these rural-residential dwellings 18 

rely on stand-alone wastewater treatment systems of various forms.  The largest township 19 

within the catchment is Dayboro which is serviced by a sewerage treatment plant that 20 

disposes of the treated effluent onto an irrigation field just upstream of the reservoir on the 21 

North Pine River. 22 

 23 

Being located in a sub-tropical climate, the reservoir is classed as a warm-monomictic 24 

reservoir that stratifies regularly during the warmer months of the year (King & Everson, 25 

1978), Seqwater unpublished data).   26 

2.2 Hydrology 27 

 28 

Annual rainfall for the Lake Samsonvale catchment averages 1060 mm yr
-1

 (Burford et al., 29 

2006), while evaporation is relatively high at 1375 mm yr
-1

.  The hydrology of Lake 30 
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Samsonvale is dominated by summer rainfall events with the greatest mean monthly 1 

inflows occurring in the months of January to March (King & Everson, 1978).  This 2 

summer period also corresponds with a peak in water usage where extractions for human 3 

consumption are also at their highest levels.  The net effect of these two hydrologic drivers 4 

is for steadily declining water levels for much of the year, punctuated with sudden and 5 

often large rises in water levels associated with summer floods (Figure 1).  Historically the 6 

reservoir water level fluctuates between 50 and 100 % full.  This hydraulic pattern has 7 

been a consistent feature of the reservoir since its construction with only one other period 8 

in history in which the reservoir water level fell to approximately 40%, which occurred in 9 

the summer of 1987/88 (Harris & Baxter, 1996).  In more recent times, the South East 10 

Queensland region has experienced a prolonged period of below mean rainfall and runoff, 11 

combined with steadily increasing population growth and consequent water demand.  The 12 

net effect has been a lowering of Lake Samsonvale water levels down to an unprecedented 13 

minimum of 13.5 % FSL in August 2007. 14 

 15 

 16 

Figure 1: Water levels in Australian Height Datum (AHD m) and percentage of full 17 

supply capacity for Lake Samsonvale from January 1990 to January 2008. 18 

 19 

2.3 Reservoir Morphology 20 
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The reservoir is physically characterised by two main branches forming a Y shaped 1 

reservoir (Figure 2).  The two branches comprise the flooded river channels of the North 2 

Pine River and Kobble Creek systems. 3 

 4 

 5 

Figure 2: Bathymetry map of Lake Samsonvale (Source Seqwater). 6 

 7 
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 1 

Figure 3: Reservoir shoreline and surface area measurements corresponding to 2 

reservoir levels. 3 

 4 

As the water level declines, the reservoir surface area and shoreline length also decrease in 5 

a curvilinear manner (Figure 3). There is a flattening of the curve at approximately 32m 6 

AHD, which corresponds to a reservoir level of 45% FSL. The shoreline length to surface 7 

area ratio is often used in lakes as an indication of the potential for pelagic and littoral zone 8 

interaction as well as potential inputs of littoral production to the lake.  It has also recently 9 

been shown as one of a number of predictors of water quality in several reservoirs across 10 

the SEQ region (Leigh et al., 2010a).  In the case of Lake Samsonvale this ratio at full 11 

supply level equates to 7.9:1 (Leigh et al., 2010a).  This progressively increases as the 12 

reservoir level falls such that the ratio increased to approximately 11.6:1 by the end of this 13 

research project in Feb 2007. 14 

 15 

2.4 Reservoir and Catchment Water Quality 16 

 17 

The principal purpose for North Pine Dam is to supply the city of Brisbane with a raw 18 

drinking water supply.  The reservoir is also used for recreation activities including sailing 19 

and angling, while the reservoir surrounds provide significant wildlife habitat.  The 20 

reservoir has a long history of cyanobacteria blooms that have at times threatened the 21 
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suitability of the water for human consumption and present health risks to people coming 1 

into contact with the water.  The causative processes influencing development of 2 

cyanobacteria blooms in this reservoir have been the subject of many ongoing 3 

investigations   4 

 5 

 6 
Figure 4: Long-term annual mean surface chlorophyll a (µg L

-1
) concentrations in 7 

Lake Samsonvale (annual period from July - June each year) measured at the deepest 8 

section of the dam adjacent the dam wall showing the line of best fit regression. Data 9 

sourced from Brisbane City Council (1978-1997) and Seqwater (1997-2008). 10 

 11 

It is generally accepted that the input of nutrients from a reservoir’s catchment and the 12 

internal cycling of nutrients within the reservoir are integral factors affecting cyanobacteria 13 

populations (Elser, 1999).  Long-term annual mean chlorophyll a (µg L
-1

) concentrations 14 

in Lake Samsonvale, measured as 0 - 3m integrated surface samples collected at the 15 

deepest point of the lake adjacent the dam wall, clearly demonstrate the reservoir is 16 

becoming more eutrophic over time increasing at a rate of 0.27 µg L
-1

year
-1 

(Figure 4).  17 

Ongoing loadings of nutrients from the catchment are considered the primary cause for this 18 

trend (Antenucci et al., 2005), while internally cycled nutrients can be an important 19 
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seasonal contributing factor (Burford et al., 2006; Littlejohn, 2004; Sinclair Knight Merz, 1 

2002). 2 

 3 

 4 
Figure 5: Long-term mean summer period surface chlorophyll a (µg L

-1
) 5 

concentrations in Lake Samsonvale (summer period is from Dec - Feb) measured at 6 

the deepest section of the dam adjacent the dam wall showing the line of best fit 7 

regression. Data sourced from Brisbane City Council (1978-1997) and Seqwater 8 

(1997-2008). 9 

 10 

There is considerable variability in chlorophyll a concentrations between years which 11 

could reflect a number of influencing factors, such as inter-annual differences in loading 12 

rates from the catchment, seasonal differences in stratification patterns of the reservoir, or 13 

biotic variability in phytoplankton communities or potentially grazing control from 14 

zooplankton.  However in the past three years (2005-2007) chlorophyll a values have 15 

reached record high mean summer values (Figure 5).  Recent water quality modelling 16 

predicts that maximum surface layer chlorophyll a concentrations in 2026 under current 17 

catchment nutrient loading rates may reach as high as 0.08 – 0.1 mg L
-1 

(McAlister et al., 18 

2007).  These predicted chlorophyll a concentrations far exceed the stated values in the 19 
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literature for hypertrophic systems (Table 1). 1 

 2 

Table 1: Eutrophication benchmarks for lake ecosystems. 3 
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Oligotrophic <0.35 <0.01 <0.0035 >4  * 

 <0.2 <0.01 <0.004 >3.7 >80 # 

 0.661 0.008 0.0017 9.9  ^ 

Mesotrophic 0.35-0.65 0.01-0.03 0.0035-0.009 2-4  * 

 0.2-0.5 0.01-0.02 0.004-0.01 3.7-2.0 10-80 # 

 0.753 0.0267 0.0047 4.2  ^ 

Eutrophic 0.65-1.2 0.03-0.1 0.009-0.025 1-2  * 

 >0.5 >0.02 >0.01 <2.0 <10 # 

 1.875 0.0844 0.0143 2.45  ^ 

Hypertrophic >1.2 >0.1 >0.025 <1  * 

 * Smith, et al. 1999, # Mason, 1991, ^ Wetzel, 2001. 4 

 5 

Nutrient concentrations in Lake Samsonvale indicate a similar steady, albeit slow rate of 6 

increase, in surface water total nitrogen (TN) in the main basin of the lake (Figure 6).  This 7 

steady increase is not so apparent in the total phosphorus (TP) data.  The mean total 8 

nitrogen values at the commencement of the data set in 2001 (~0.5 mg L
-1

) are in excess of 9 

the values defining hypertrophic conditions (Table 1), however total phosphorus values 10 

(<0.02 mg L
-1

) are more typical of eutrophic conditions.  There is considerable variability 11 

around these monthly mean values, often with peaks corresponding to periods of increase 12 

catchment inflow events or other major biogeochemical events.  The occurrence of peaks 13 

in nutrient concentrations as a result of summer inflows is a consistent feature of Lake 14 

Samsonvale and this pattern has been described previously in the historical data for this 15 

system (Harris & Baxter, 1996). 16 

 17 
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 1 

Figure 6:  Long-term mean monthly total nitrogen (TN) (black symbols) and total 2 

phosphorus (TP) (grey symbols) concentrations (mg L
-1

) for the period 1997 to 2007 3 

at the dam wall site (10001) in Lake Samsonvale. Data sourced from Seqwater. 4 

 5 

Thermal stratification of the reservoir is a dominant process that occurs during long 6 

periods of relatively stable weather and increasing ambient air temperatures (Antenucci et 7 

al., 2005; Littlejohn, 2004).  During periods of stratification, the hypolimnion can become 8 

anoxic.  This condition persists through summer until the cooler autumn temperatures 9 

prevail, reduce the density differential of the epilimnion and hypolimnion, resulting in the 10 

mixing and break down of the thermal stratification.  The typical seasonal pattern in 11 

temperature is evident (Figure 7) and the annual formation of stratification commences 12 

around September each year when spring water temperatures increase, and then breaks 13 

down around April of each year as surface water temperatures cool in autumn.  The 14 

breakdown of stratification is evident in the decreased water temperature differential 15 

between the 1 m and 20 m depths.  When stratified, the anoxic hypolimnion has been 16 

estimated to occupy between 35 and 50 % of the total water volume at FSL (King & 17 

Everson, 1978).  This has significant implications for the release of nutrients from 18 

sediments under these anoxic conditions.  19 
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 1 

 2 

Figure 7: Typical seasonal pattern in daily mean water temperatures (ºC) at 1 m and 3 

20 m from the surface in Lake Samsonvale between 2002-2007. 4 

 5 

In response to the increasing severity of cyanobacteria blooms and the strong thermal 6 

stratification patterns experienced in the reservoir, a bubble plume destratification unit was 7 

installed in 1995 in an attempt to manage these issues.  This involved pumping compressed 8 

air along two PVC hoses at a rate of approximately 100-200 L/s and out through a series of 9 

diffusers along the length of the hoses (Antenucci et al., 2005; Littlejohn, 2004).  One is 10 

located adjacent the dam wall and the other approximately 100 m upstream of the first.  11 

The installation of a bubble plume destratification unit was found to be only partially 12 

effective in breaking down stratification, and that the area of influence only extended a 13 

relatively short distance away from the units (Littlejohn, 2004).  The effect on nutrients 14 

was inconclusive but suggested a slight decrease in total and dissolved phosphorus 15 

concentrations around the destratification unit.  However the destratification unit did not 16 

result in a substantial decrease in cyanobacteria bloom formation each summer and may be 17 

contributing to earlier onset of cyanobacteria dominance (Burford & O'Donohue, 2006). 18 
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 1 

Indications that the reservoir would become eutrophic were apparent from studies 2 

conducted prior to and during the initial filling stages of the reservoir (King & Everson, 3 

1978).  The authors based this on predictive calculations of nitrogen and phosphorus loads 4 

from the catchment, and the chlorophyll a concentrations measured during the initial filling 5 

of the reservoir (Table 2).  Their load estimates were calculated using inferred stream flow 6 

values and water quality measurements estimated during dry weather conditions.  These 7 

estimates where later compared to observed concentrations within the reservoir during the 8 

initial filling (King & Everson, 1978).  Sinclair Knight Merz (Sinclair Knight Merz, 2002) 9 

later applied the computer simulation model EMSS using actual stream flow and flow 10 

event water quality values to estimate catchment loads (Table 2).  More recent studies have 11 

confirmed the eutrophic status of the reservoir and have shown an increase in chlorophyll a 12 

concentrations since construction (Antenucci et al., 2005) (Table 2). 13 

 14 

Table 2: Catchment nutrient loads and chlorophyll a estimates for Lake Samsonvale. 15 

Source Runoff 

Conditions 

Flow Volume 

(ML) 

Total 

Nitrogen 

(t y
-1

) 

Total 

Phosphorus  

(t y
-1

) 

Chlorophyll a 

(µg L
-1

) 

(King & 

Everson, 

1978) 

Mostly Dry 102,000 44 - 57 6 – 11 10 

(King, 1982) Two Events  

(May 1980, 

Feb, 1981) 

19,200 16.4 (event) 0.33 (event)  

42,400 45.5 (event) 0.98 (event)  

(Sinclair 

Knight Merz, 

2002) 

Dry < 26,000 2 – 41 0.4 – 4  

Mean 26,000 to 

57,000 

23 – 87 4 – 9  

Wet > 74,000 23 – 200 12 - 21  

WBM (2007)* 

 

Annual 

Median 

 98 10 4.6 (2.1 – 7.8) 

* Values represent estimates for pre-European conditions (under a fully forested catchment 16 

scenario). 17 

 18 

2.5 Biota 19 

 20 

The biological community of Lake Samsonvale is highly modified consisting of a mix of 21 

endemic and translocated species, and a number of introduced pest species.  Only a few 22 

investigations into the biota of Lake Samsonvale and associated rivers have been 23 
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completed since construction, some occurring immediately after the reservoir first filled 1 

(King, 1978; King et al., 1975; King & Everson, 1978; King & Greenwood, 1992) and 2 

others in more recent times (Arthington et al., 1992; Arthington et al., 1994; Arthington et 3 

al., 1984; Nolte & Haase, 2001).  The most comprehensive biological monitoring and 4 

research undertaken to date has focussed largely on the phytoplankton community 5 

(Antenucci et al., 2005; Burford, 2006; Burford et al., 2006; Burford & O'Donohue, 2006; 6 

Harris & Baxter, 1996; Leigh et al., 2010a; Littlejohn, 2004) with no detailed studies on 7 

the macroscopic biota of the reservoir.  8 

 9 

Since creation of the Lake Samsonvale, there have been ongoing modifications to the 10 

biological community, particularly the fish community.  This has included the introduction 11 

of the noxious pest fish species tilapia (Oreochromis mossambicus) and gambusia 12 

(Gambusia affinis), as well as the translocated native northern Australian red-claw crayfish 13 

(Cherax quadricarinatus).  In addition to these illegal introductions, the reservoir has been 14 

actively stocked since 1990 with a range of native endemic and translocated fish species.  15 

Species previously stocked include golden perch, bass, silver perch, Mary River cod and 16 

saratoga with limited introductions of snub-nose gar and bony bream as well.  While many 17 

of these species are not likely to spawn within the reservoir, the noxious tilapia and 18 

gambusia, the translocated red-claw crayfish and saratoga, as well as the snub-nose gar and 19 

bony bream are all capable of maintaining reproducing populations within the storage.  20 

With the exception of saratoga, they all have developed abundant populations from the 21 

initial introductions and the ongoing stocking activities of the non-reproducing species 22 

have led to a steady increase in abundance of those species in the reservoir.  Little is 23 

known about the status of other components of the biological community including the 24 

smaller forage fish species, macrophytes, zooplankton, birds, reptiles and 25 

macroinvertebrates as these components have been relatively poorly investigated. 26 

 27 

2.5.1 Plankton 28 

 29 

The plankton within Lake Samsonvale, particularly the phytoplankton component, has 30 

been extensively investigated since filling of the reservoir.  This has included many years 31 

of monitoring and research on phytoplankton species and abundance.  These data have 32 

provided many insights into interannual and seasonal dynamics of the phytoplankton 33 
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(Antenucci et al., 2005; Barry & McAlister, 2002; Burford, 2006; Burford et al., 2006; 1 

Burford & O'Donohue, 2006; Harris & Baxter, 1996).  However there are very few data on 2 

the zooplankton populations, with some early observations shortly following the reservoir 3 

first filling (1974-1977) (King & Everson, 1978) and a more recent short term study of the 4 

zooplankton abundance and seasonal changes of broad zooplankton groupings (McNeale, 5 

2005).  The dominant species at that time included the copepods Boeckella minuta and 6 

Mesocyclops leuckarti, the rotifer Asplanchna priodonta, and the daphnids Daphnia 7 

lumholtzi, Ceriodaphnia dubia, and Bosmina meridionalis.  Early indications suggest a 8 

strong seasonality in the standing crop of zooplankton.  Estimates of zooplankton 9 

productivity and cycling rates by King and Everson (1978) indicated that the annual 10 

regeneration of phosphorus due to zooplankton grazing and excretion was equal to the 11 

input from the catchment during inflows and that annual processing rates for carbon and 12 

nitrogen were estimated to be between 450-1200 t for carbon and 217-540 t for nitrogen.   13 

 14 

2.5.2 Macrophytes 15 

 16 

Macrophytes were first surveyed in 1975, one year after filling of the reservoir (King & 17 

Everson, 1978).  This study estimated various features of the macrophyte community, 18 

which was dominated by Potamogeton crispus and Hydrilla verticillata, including areal 19 

extent, biomass and nutrient content.  The estimated standing crop at the time of the survey 20 

for these two species was 1,800 t fresh weight (140 t dry weight).  Based on measurements 21 

of nutrient content, it was estimated that this standing crop contained approximately 6.23 t 22 

of nitrogen and 0.75 t of phosphorus.  The authors extrapolated this information to estimate 23 

the potential standing crop of Hydrilla, if it were to fully occupy the preferred depth range 24 

(0-5 m) across the reservoir to be around 64,500 t (fresh weight) containing in the order of 25 

240 t of nitrogen and 23 t of phosphorus. 26 

 27 

Unpublished observations noted in King and Everson (King & Everson, 1978) suggested 28 

Hydrilla undergoes an annual winter die-back phase.  Given the potentially large standing 29 

stock of Hydrilla, this annual die back is likely to release considerable nutrients into the 30 

water column, potentially providing a large and readily available source of nutrient for 31 

pelagic production.  Observations during the initial phases of this research confirm that 32 

Hydrilla verticillata dominated the macrophyte biomass of the littoral zone.  Significant 33 
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quantities of Vallisneria gigantea were also observed with occasional clumps of 1 

Potamogeton pectinatus.  Consistent with these unpublished observations, an annual die-2 

back of Hydrilla was also observed in winter by staff based at the reservoir.  The potential 3 

importance of Hydrilla verticillata to the food web of the reservoir was highlighted in a 4 

study on the diet of three fish species in Lake Samsonvale (Arthington et al., 1992).  5 

H. verticillata was found to be a significant component of the seasonal diet of two of these 6 

species. 7 

 8 

Another potentially important component of the littoral macrophyte community are the 9 

emergent macrophytes and terrestrial vegetation.  The vegetation growing on the shoreline of 10 

the reservoir is a mix of native and introduced terrestrial grasses and other perennial 11 

vegetation, but there are also significant stands of aquatic emergent species that are able to 12 

flourish on the moist fertile sediments surrounding the reservoir margins.  Species include 13 

various rushes (Cyperaceae), barnyard grasses (Echinochloa spp.), sweetgrass (Glyceria sp.) 14 

and knotweed (Polygonum sp.).  Typically, the moisture-tolerant species such as the 15 

sweetgrass and knotweed dominate the near shore regions and the dryer more exposed areas 16 

higher up the bank are populated with a greater diversity of species. 17 

The macrophyte biomass also provides a large surface area for the growth of a diverse 18 

microflora in the form of periphyton.  Periphyton is often not well described in most 19 

ecological studies because it is a complex community and there is difficulty in standardising 20 

methods for sampling, enumeration and identification.  It is widely recognised that 21 

periphyton are important components of the biota in lakes with extensive macrophyte beds 22 

and serve a number of functions including as a food source for higher trophic levels, and in 23 

affecting nutrient dynamics.  24 

 25 

2.5.3 Macroinvertebrates 26 

 27 

Macroinvertebrates (specifically the macrobenthos) of the reservoir were initially surveyed 28 

by King and Everson (1978), but given the relatively young age of the reservoir, it is not 29 

surprising that a limited number of organisms were found.  The dominant taxon were 30 

Chironomidae and estimates of productivity and carbon processing suggested between 14 31 

and 476 t of carbon were processed by the standing crop at that point in time.  In a pre-dam 32 



52 

survey of the North Pine River it was noted there were two species of shrimp and one 1 

Cherax species present in the River (Webber, 1975).  The Cherax species was most likely 2 

to be the native blue-claw species Cherax destructor.  3 

 4 

Of significance to this study has been the introduction and rapid population expansion of 5 

the northern Red-claw species (Cherax quadricarinatus).  This species is native to northern 6 

Australian rivers but has been widely introduced into many rivers and reservoirs across 7 

Queensland.  Observations during the initial field trips for this research suggest the 8 

population is abundant, predominantly occupying the littoral zone.  Similarly, the native 9 

species of Macrobrachium remain quite abundant in the littoral zone associated with the 10 

dense macrophyte beds. 11 

 12 

There are also a number of gastropod and bivalve species found to inhabit the littoral 13 

regions of the reservoir in abundance including the sculptured snail (Thiaridae), billabong 14 

mussel (Hyriidae) and little basket shell (Corbiculidae). 15 

 16 

2.5.4 Vertebrates 17 

 18 

Few comprehensive surveys of fish fauna have been undertaken in the reservoir since 19 

formation.  The earliest record of fish fauna in the pre-dammed North Pine River system 20 

reported twelve fish species (Webber, 1975).  Many of those are still present within the 21 

impounded waters of the reservoir as indicated by the results of initial field sampling for 22 

this research.  There has been one notable local extinction upstream of the reservoir, being 23 

the sea mullet (Mugil cephalus).  Mullet migrate from the freshwater to the ocean to spawn 24 

with the juveniles migrating back into freshwater habitats to mature.  The North Pine Dam 25 

wall forms a barrier that prevents all upstream migration of Mullet.  The presence of the 26 

introduced mosquito fish, Gambusia affinis in the North Pine River prior to impoundment 27 

was noted by Webber (1975).  Since formation of the reservoir the other notable pest 28 

species recorded is the noxious tilapia (Oreochromis mossambicus).   29 

 30 

The current fish fauna of the reservoir includes a number of translocated native species 31 

introduced to support a recreational fishery.  Stocking of fish for this purpose began in 32 

1990 and has continued to the present.  Stocked species consisted predominantly of 33 
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Australian bass (Macquaria novemaculeata), golden perch (Macquaria ambigua) and 1 

silver perch (Bidyanus bidyanus) with minor numbers of Mary River cod (Maccullochella 2 

sp.) and saratoga (Scleropages leichardti).  Since 1990 there have been in excess of 3 

430,000 bass, 370,000 golden perch and 420,000 silver perch fingerlings released into the 4 

reservoir (Seqwater unpublished data) with annual stocking events continuing. 5 

 6 

Table 3:  Fishes found to inhabit Lake Samsonvale. 7 

Species Common Name Source 

 (Webber 1975) This 

Study 

Anecdotal 

Ambassis sp. Glass Perchlet Present (A. 

nigripinnis) 

Present  

Anguilla reinhardti Long Finned Eel Present Present  

Arrhamphus scherolepis Snub-nose Gar  Present  

Bidyanus bidyanus Silver Perch  Present  

Craterocephalus 

stercusmuscarum 

Fly-specked 

Hardyhead 

Present Present  

Gambusia affinis Mosquito Fish Present Present  

Hypseleotris sp. (multiple 

species) 

Gudgeons Present (H. galli) Present  

Leiopotherapon unicolor Spangled Perch  Present Present 

Maccullochella sp. Mary River Cod   Absent Present 

Macquaria ambigua Golden Perch  Present  

Macquaria novemaculeata Australia Bass  Present  

Melanotaenia duboulayi sp Rainbowfish  Present  

Mogurnda mogurnda Purple Spotted 

Gudgeon 

Present    

Mugil cephalus Sea Mullet Present Absent  

Nematocentrus fluviatilus Rainbowfish Present (M. 

duboulayi) 

Absent  

Nematolosa erebi Bony Bream  Present  

Neoceratodus forsteri Lungfish  Present  

Oreochromis mossambicus Tilapia  Present  

Philypnodon grandiceps Flat-head Gudgeon  Present  

Pseudomugil signifer Blue Eye Present Absent  

Retropinna semoni Smelt Present Present  

Scleropages leichardti Saratoga  Present  

Tandanus tandanus Eel-tailed Catfish Present Present  

Undescribed Goby  Present Present  

 8 

Another significant fish species present in Lake Samsonvale is the Lungfish (Neoceratodus 9 

forsteri).  Although not previously recorded in surveys of the North Pine River prior to 10 

impoundment, they were believed to inhabit the river as a result of an earlier translocation 11 

in the late 1800’s (Kemp, 1986).  Lungfish are relatively abundant in the reservoir but they 12 

are not believed to successfully reproduce in this artificial environment (P. Kind Pers. 13 
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Comm.).  A compilation of the aquatic vertebrates commonly found in Lake Samsonvale is 1 

provided in Table 3.  In addition to the vertebrate fish fauna, there is an abundant 2 

population of freshwater turtles.  To date there have been no dedicated surveys of non-3 

pisces aquatic vertebrate fauna. 4 

 5 

  6 
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Chapter 3 The Application of Stable Isotope 1 

Analysis in Lake Samsonvale 2 

3.1 Introduction 3 

 4 

The use of SIA for describing the trophic interactions within food webs and identifying the 5 

dominant carbon and nitrogen sources driving food webs in lake and reservoir ecosystems 6 

has been demonstrated on numerous occasions (Fry et al., 1999; Gu et al., 1996; Havens et 7 

al., 2003; Leggett, 1998; Post, 2002a; Vander Zanden et al., 1999; Yoshioka et al., 1994).  8 

However, the use of SIA requires that a number of important assumptions are met in each 9 

situation.  In particular, the SIA technique is dependent on there being sufficient isotopic 10 

separation between potential energy sources, consumers and other food web components 11 

such that they occupy unique carbon and nitrogen isotope space (Fry, 2006).  Additionally, 12 

it is essential that the isotope values of consumers change in a predictable manner 13 

following the assimilation of a particular energy source and that the ultimate value of that 14 

consumer is reflective of the proportion with which the consumer assimilates the food 15 

items consumed (Gannes et al., 1997).  Reviews published on the use of SIA in food web 16 

studies highlight a number of additional issues that can affect the interpretation of results 17 

including variation around the isotope values of different tissues within an organism, 18 

spatial and temporal variation in the values of basal resources available to consumers, the 19 

presence of generalist consumer’s (omnivory), unpredictable fractionation effects between 20 

the diet and the consumer’s tissues and specific habitat effects on organisms isotope values 21 

(Fry, 2006; Gannes et al., 1997; Gu, 2009; Gu et al., 2011; Jardine et al., 2006; Post, 22 

2002a).  A detailed account of these issues has been previously been presented in Section 23 

1.4. 24 

With respect to adequate source separation of food web components, this assumption can 25 

be addressed by sampling from the full range of primary producers and potential energy 26 

sources, ensuring sufficient spatial coverage and sample replication to determine if these 27 

components are sufficiently distinctive.  Generally if sources differ by more than 1 ‰ for 28 

carbon and 0.5 ‰ for 
15

N, then the use of stable isotopes may prove a worthwhile 29 

technique for describing the trophic interactions of the system (Fry, 2006).  30 
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The assumption that isotopes change or fractionate in a predictable and relatively 1 

consistent manner from source to consumer is somewhat more difficult to assess.  2 

Ultimately this can only be tested with certainty through extensive laboratory consumer 3 

feeding trials using known dietary compositions fed at varying rates to a range of species 4 

under different environmental conditions.  There are, however, a number of alternative 5 

approaches that can be used to generate site and species-specific estimates of isotopic 6 

fractionation in the absence of experimental information.  One approach is to analyse the 7 

isotope values of species with known dietary habits constrained to a small number of 8 

isotopically similar food types (Vander Zanden & Rasmussen, 2001).  In order for this 9 

approach to be successful, the diet of the consumer must be previously described and 10 

relatively constant through time and across locations, and the isotope values of these food 11 

sources be relatively predictable.  Another approach is to assess the mean fractionation that 12 

occurs across the full range of the food web from the basal resources to the top predators 13 

and divide this by the estimated number of trophic levels within the food web (Gu et al., 14 

1996).   15 

Isotope values can vary significantly between tissues types within an individual and 16 

depending on how samples are prepared (Feuchtmayr & Grey, 2003; Logan et al., 2008; 17 

Mateo et al., 2008; McCutchan et al., 2003; Pinnegar & Polunin, 1999; Post et al., 2007).  18 

Both lipids and non-dietary carbonates (e.g. bones, scales, shells) have been shown in 19 

some cases to affect the 
13

C value of tissues analysed.  In general lipids are depleted in 20 

13
C (DeNiro & Epstein, 1977; Sweeting et al., 2006) and carbonates are enriched relative 21 

to other tissue types, like muscle (DeNiro & Epstein, 1978), which can potentially 22 

influence the isotopic value of the sample depending on the proportion of these tissue types 23 

in the sample being analysed.  Corrections for lipid and carbonate content may be required 24 

before inferring the diet of organisms as the quantity of these enriched or depleted 25 

compounds in the samples may affect the interpretation of a consumer’s diet when using 26 

approaches such as mass-balance mixing models.  Several studies have demonstrated 27 

significant differences in the isotope values of tissues after correcting for lipids, while the 28 

effect of carbonates seems more variable (Bunn et al., 1995; Jacob et al., 2005; Logan et 29 

al., 2008; Mateo et al., 2008; Mintenbeck et al., 2008; Pinnegar & Polunin, 1999).   30 

The final decision to account for the effect of lipids and carbonates before inferring a 31 

consumer diet may, in part, be guided by the magnitude of the difference in carbon values 32 
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of the potential food sources and the actual lipid or carbonate content of the tissues used in 1 

analysis.  The larger the difference in 
13

C values between sources (e.g. >3 ‰) the less 2 

problematic variable lipid content will be (Leggett, 1998).  Additionally, if the lipid 3 

content of the tissue type selected for isotope analysis has low variability, then removal 4 

may not be warranted (Post et al., 2007).  Previous studies have demonstrated that white 5 

muscle tissue is the least variable tissue type for comparing 
13

C and 
15

N between fish 6 

samples (Pinnegar & Polunin, 1999; Sotiropoulos et al., 2004) and that samples containing 7 

bone, scales or with significant fatty tissue, can vary significantly from those determined 8 

from muscle tissue alone (McCutchan et al., 2003).  More detailed consideration of these 9 

issues has been discussed in Section 1.4. 10 

 11 

The literature identifies that isotope values of food web components may vary spatially 12 

across large geographically-separated study sites of large lake systems (Harvey & Kitchell, 13 

2000; Holt, 1996; Syvaranta et al., 2006; Warren, 1989; Winemiller, 1990, 1996; Xu et al., 14 

2005).  Large reservoirs often exhibit patterns of zonation between the upper and lower 15 

reaches resulting in variable habitats and morphological features.  The size and 16 

morphology of Lake Samsonvale is such that there is likely to be spatial variation due to 17 

differences in the local morphology of the reservoir, as well as spatial differences in the 18 

quantity and type of allochthonous nutrient inputs from the catchments of the major rivers 19 

flowing into the reservoir.  Capturing this spatial variation is important when interpreting 20 

stable isotope data and the need to correct for this variability at the base of the food web in 21 

order to permit comparisons of the structure of the food web across large spatial scales. 22 

 23 

This chapter aims to address a number of questions that address important assumptions 24 

when using SIA for food web and trophic structure investigations, including: 25 

1. Is there sufficient source and consumer isotopic distinction within the food web to 26 

determine the carbon sources of importance; 27 

2. Are isotopic fractionations within the food web sufficient and predictable to infer 28 

trophic structure; 29 

3. Do difference tissues types and tissue treatment methods significantly affect stable 30 

isotope values; and 31 
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4. Is there significant spatial and ontogenetic variation in food web isotope values. 1 

 2 

3.2 Methods 3 

 4 

The data set used for the assessment of the suitability of SAI in Lake Samsonvale comes 5 

from the 2005 summer sampling round.  At the time of sampling (February-March) the 6 

hydrologic conditions in Lake Samsonvale were within the typical ranges that have 7 

occurred over the life of the reservoir (Figure 1) (Harris & Baxter, 1996) albeit at the lower 8 

range of typical water level conditions.  Specifically the reservoir water level was at 50 % 9 

of the full supply volume which represents a volume that occurs periodically in the 10 

reservoir following successive years of below-mean rainfall.  Rarely in the reservoir’s 11 

history has did the volume fall much below 50%.  For reasons discussed in the following 12 

chapters, data from sample rounds in 2006 and 2007, which represent distinctly unique 13 

hydrologic and ecological conditions, were not used in the analysis in this chapter.  14 

Additional data were drawn on from 2006 and 2007 sampling rounds to assist with 15 

assessing appropriate tissues and pre-treatment issues. 16 

 17 

3.2.1 Sampling Strategy 18 

 19 

The sampling strategy used was to ensure that representatives from a wide range of 20 

potential sources, producers and consumers were analysed at a variety of reservoir habitats 21 

and broad morphological zones.  Additionally, sufficient replicates of the dominant species 22 

and potential carbon and nitrogen sources at each assumed trophic level (e.g. primary 23 

producers, herbivores, carnivores, etc) were collected.  At some locations not all 24 

components were available for collection, mostly due to scarcity or absence from the site. 25 

 26 

A distinction was made throughout the thesis between the littoral and profundal/pelagic 27 

zones based on depths less than or greater than 5 m respectively.  This depth was chosen as 28 

it was approximately 1 m deeper than the maximum depth at which the dominant 29 

submerged macrophyte (Hydrilla verticillata) was observed to grow.  Additionally this 30 

chosen depth is approximately 0.5 m deeper than the mean photic depth in the reservoir 31 

(Burford et al., 2006).  In most cases the profundal sediments and pelagic samples were 32 
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collected at depths much greater than 5 m, often at the deepest point in the reservoir in the 1 

vicinity of the sample site, however all littoral samples were collected in depths <5 m and 2 

typically in 1-2 m depth. 3 

 4 

The pelagic energy source was measured using a bulk sample of the particulate organic 5 

matter (POM) retained on a 0.45 µm filter.  This bulk sample is likely to consist of a mix 6 

of phytoplankton, zooplankton and non-living particulate organic material (POM) (Gu et 7 

al., 2011).  To assist in characterising both the particulate and zooplankton components, 8 

two methods were used.  The first involved collecting bulk POM samples by combining at 9 

least two integrated water column samples using a 3 m long (70 mm diameter) sampling 10 

tube, mixed in a clean bucket then decanting approximately 300 mL of this sample for 11 

filtering onto a pre-combusted (0.45 µm pore size) Whattman glass fibre filter (GF/F).  12 

Zooplankton were sampled separately using a 250 µm (20 cm dia) plankton net towed 13 

through the water column and then filtering this sample onto the same GF/F.  Care was 14 

taken to keep the net away from the bottom sediments to prevent collection of detritus or 15 

inorganic sediments. To remove the potential for stomach contents of the zooplankton to 16 

influence isotope values, live samples were immediately rinsed in deionised water and then 17 

stored in a small quantity of deionised water in a cool dark location for 2 - 3 h to facilitate 18 

gut evacuation (Feuchtmayr & Grey, 2003).  Closer inspection of the filtered sample 19 

showed there to be small amounts of non-zooplankton organic material, particularly 20 

colonial algae, which were likely to have contributed to the sample isotope values. 21 

 22 

Previous studies have highlighted the potential for progressive isotopic fractionation of 23 

POM as it settles out of the water column and commences decomposition (Fry, 2006).  24 

Samples collected as part of a routine water quality monitoring program undertaken by the 25 

management organisation for Lake Samsonvale, Seqwater, that include surface (0 - 3 m 26 

integrated tube) and near bottom (1 m off the bottom sampled with a van Dorn bottle) were 27 

prepared as above to compare the differences in the POM isotope ratios between these two 28 

depths.  All GF/F used for filtering samples were combusted at 400 ºC for a minimum of 29 

4 hr to remove any organic traces before use. 30 

 31 

In addition to the within-reservoir POM, samples of POM transported into the reservoir 32 

from the two major rivers draining into Lake Samsonvale were sampled.  Seqwater 33 

monitors nutrient concentrations and water flow rates to determine nutrient loads entering 34 
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Lake Samsonvale from two automatic monitoring stations in the North Pine River (10101) 1 

and Kobble Creek (10201) (Figure 8).  Individual 1 L water samples were collected by an 2 

peristaltic pumping auto-sampler located on the banks of the rivers.  The sampler was 3 

programmed to collect samples at regular intervals across the full hydrograph.  From each 4 

individual event, a composite POM sample was prepared by combining a 30 mL sub-5 

sample from at least half of the 1 L samples spanning the beginning to the end of the flow 6 

event.  POM samples were filtered onto the same GF/F as for reservoir POM samples. 7 

 8 

Sediments were collected using a Ponar grab sampler.  This sampler has fine mesh screens 9 

and a rubber flap that closes to protect the surface of the sediment sample from disturbance 10 

caused by water pressure as the sample is raised from the bottom of the reservoir.  This 11 

allowed careful removal of the top 5 mm of sample keeping it relatively undisturbed for a 12 

representative sample of the recently deposited organic matter that represents the detritus 13 

(living and non-living sedimented organic matter).  An additional sample consisting of a 20 14 

mm deep core was collected to assess if there were any differences between the recently 15 

deposited detritus compared to older sediments.  Profundal sediments were not collected in 16 

2005.  Profundal benthic invertebrates were surveyed using multiple benthic grabs and 17 

found to be absent, so representatives of fauna from this habitat were not collected. 18 

 19 

The dominant macroscopic primary producers were all collected by wading along the littoral 20 

zone and selecting pieces of new growth from each species.  Material collected was carefully 21 

brushed with a stiff bristled brush to remove as much periphyton attached to the plant 22 

surfaces as practicable.  This removed periphyton was also retained for isotope analysis.  23 

When present, all root material was removed from the sample, and any dead or partially 24 

decaying leaves/stems were removed.  A replicate sample consisted of a number of tip pieces 25 

collected from multiple plants across an area of approximately 30 m of the shoreline.  The 26 

three most dominant macrophytes were Hydrilla verticillata, Vallisneria sp. and 27 

Potamogeton pectinatus.  The Charophyte species Chara sp., and the macroalgae Spirogyra 28 

sp. were also collected for analysis when present.  Both were found in the very shallow 29 

margins of the littoral zone at two of the sites, Chara sp. was not found elsewhere despite 30 

searches of the sampling area. 31 

 32 

The dominant macroinvertebrates sampled were the red-claw crayfish (Parastacidae: 33 

Cherax quadricarinatus), shrimp (Palaemonidae: Macrobrachium sp.), snails (Thiaridae: 34 
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Thiara sp.), bivalves including clams (Corbiculidae: Corbiculina), and mussels (Hyriidae: 1 

Velesunio spp.).  Aquatic insects were not specifically targeted during the 2005 sampling 2 

event. 3 

 4 

The vertebrate fish community was surveyed using a range of sampling equipment including 5 

baited traps, seine nets, gill nets and angling.  The surveys revealed several dominant fish 6 

species including fly-specked hardyheads (Craterocephalus stercusmuscarum), bass 7 

(Macquaria novemaculeata), snub-nose gar (Arrhamphus sclerolepis), bony bream 8 

(Nematalosa erebi), golden perch (Macquaria ambigua), silver perch (Bidyanus bidyanus), a 9 

mix of gudgeon species (including Hypseleotris sp. 1 and Hypseleotris galii and possibly 10 

Hypseleotris klunzingeri) and the introduced pest, gambusia(Gambusia affinis).  Other 11 

species also present but in lower abundances as indicated by catch effort were the glass 12 

perchlet (Ambassis agassizii), flat-head gudgeon (Philypnodon grandiceps), eastern rainbow 13 

fish (Melanotaenia duboulayi), eel-tail catfish (Tandanus tandanus) and the introduced pest 14 

tilapia (Oreochromis mossambicus).  Not all species were present at all sample locations.  In 15 

general, where species were sufficiently abundant, at least 10 individual replicates were 16 

analysed.  For the more abundant species, additional samples over a broad range of fish sizes 17 

were collected to characterise any ontogenetic differences.  For less abundant species, or 18 

those comprising small bodied individuals (<50 mm), at least three composite replicates 19 

were collected where possible.  All vertebrate collections were done in accordance with 20 

Griffith University’s Animal Ethics Committee approved protocols under ethical clearance 21 

permit numbers GU Ref No: AES/23/04/AEC and ENV/02/08/AEC. 22 

 23 

In general, three replicates were considered to be the minimum number of samples for 24 

analysis however specimen availability dictated the final number of replicates.  For many 25 

of the small fish species, bivalves and gastropods, a composite sample of at least three 26 

individuals were pooled for analysis.  This was in part done to produce a sufficient sample 27 

quantity for analysis, but also to reduce the effect of individual sample variability to 28 

provide a reasonable estimate of the isotope value of the sample.  For larger and more 29 

abundant macroscopic biota, a minimum of 10 individuals were analysed to calculate a 30 

range of summary statistics. 31 

 32 

To assess spatial differences in the food web, four sites were chosen across the reservoir 33 

based on the morphology of the reservoir and location of major sources of catchment 34 
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inflows (Figure 8).  This included one site in the lower basin (10001), one in each of the 1 

two major arms of the reservoir corresponding to the flooded river channels of the North 2 

Pine River (10009) and Kobble Creek (10010).  The fourth site (10006) was chosen as a 3 

location that receives runoff from a catchment with considerable intensified catchment 4 

land use in the form of horticulture.  In addition to these reservoir sites, two additional sites 5 

were used to collect data on catchment derived inputs located at the lower riverine reaches 6 

of the North Pine River (10101) and Kobble Creek (10201).  The site codes used 7 

correspond to historical data collection points used by the managing organisation 8 

Seqwater.  These codes were retained for this study to maintain consistency in 9 

nomenclature and to aid in interpreting associated data from Seqwater.  Attempts were 10 

made to replicate all major food web components at these four locations to assist in 11 

determining significant spatial variability. This approach provides four separate spatial 12 

measures of the food web components to determine the variability in values of these 13 

trophic groups.   14 

 15 

To determine if significant spatial variation occurs across Lake Samsonvale, four food web 16 

components with sufficient sample replication from all four sites were analysed to 17 

determine the significance of the spatial variability.  These included the combined primary 18 

producer basal resources (Hydrilla verticillata, Vallisneria sp., Spirogyra sp., Potamogeton 19 

pectinatus, Chara sp., periphyton, pelagic POM, littoral POM and littoral detritus), gar 20 

(Arrhamphus sclerolepis), silver perch (Bidyanus bidyanus), bony bream (Nematolosa 21 

erebi) and red-claw crayfish (Cherax quadricarinatus).   22 

 23 

 24 
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Figure 8: Lake Samsonvale food web sampling sites and dominant catchment land use characteristics (Source: Seqwater). 
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 1 

3.2.2 Sample Processing 2 

 3 

Following collection, all samples were immediately stored in clean plastic bags or 4 

polypropylene vials and stored on ice until return to the laboratory, between 6-8 h after 5 

collection.  All samples were then frozen at -24 ºC.  Prior to preparation for isotope 6 

analysis, samples were thawed and immediately processed.  In most cases, samples were 7 

frozen for some period, whether that be prior to dissection or filtering or after dissection or 8 

filtering.  The effect of freezing has been demonstrated to have no effect on the isotope 9 

values of samples for macroscopic biota (e.g. fish, macroinvertebrates, plants) (Bosley & 10 

Wainright, 1999; Sweeting et al., 2004), but may have introduced some bias with POM 11 

and zooplankton samples (Feuchtmayr & Grey, 2003).  12 

 13 

Sample processing varied dependant on the organism/component collected.  All samples 14 

were processed using utensils pre-cleaned in a bath of 10 % hydrochloric acid and rinsed 15 

with deionised water.  Following processing, sample material was then dehydrated in clean 16 

foil trays in a drying oven at 60 ºC for 24 to 48 h in accordance with commonly accepted 17 

methodology (Havens et al., 2003; Jardine et al., 2003; Kaehler & Pakhomov, 2001; Teece 18 

& Fogel, 2004).  Dried material was then crushed to a fine powder consistency using 19 

mortar and pestle or a mechanical grinding mill and stored in polypropylene vials. 20 

 21 

To reduce the potential for bias due to carbonate and lipid content in tissues, wherever 22 

possible, a section of white muscle tissue from below the dorsal fin and above the lateral 23 

line of the body for the larger fish specimens (>50mm) was analysed.  Care was taken 24 

during the dissection of the sample to exclude bones and excess fat deposits and any 25 

subcutaneous red muscle tissue.  Samples were then rinsed with distilled water to remove 26 

any residual organic material (e.g. fish slime, blood etc) that may have come in contact 27 

with the sample during processing.  This approach is consistent with other studies that have 28 

recommended the use of white muscle tissue of fish for trophodynamic studies.  This is due 29 

to white muscle tissue being the least variable tissue type in terms of lipid and red muscle 30 

content and overall variability in 
13

C results (Pinnegar & Polunin, 1999; Sweeting et al., 31 

2005).  For some of the smaller specimens of fish, the complete exclusion of all bones, 32 

skin or red muscle tissue was not always possible.  In these situations, the location on the 33 
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body for obtaining the tissue sample was kept consistent throughout the study to reduce the 1 

potential for confounding effects. 2 

 3 

Due to the laborious process of obtaining sufficient quantities of muscle tissue from very 4 

small fish samples, a trial was undertaken to determine if there are any appreciable 5 

differences in isotope values between fish samples that are analysed whole compared to 6 

those that were either ‘cleaned’ and those for which only white muscle tissue was 7 

analysed.  ‘Cleaned’ fish meant the removal of all scales, fins, head and viscera prior to 8 

preparation for analysis.  In effect these three preparation techniques enabled a comparison 9 

of the potential effect of body carbonates (major skeletal parts) and visceral tissues on 10 

isotope results.  All three of these preparation techniques were undertaken on the one fish 11 

species, the fly-specked hardyhead (Creterocephalus stercusmuscarum) and a comparison 12 

of whole and cleaned fish was undertaken on two other species, the gambusia (Gambusia 13 

affinis) and gudgeon (Hypseleotris sp.) (Table 4).  For the majority of small (<30mm) fish 14 

samples too small for accurate dissection of a sample of white muscle tissue, the fish were 15 

prepared as “cleaned” samples prior to analysis to reduce the potential for effects from 16 

excess bone carbonates and stomach contents.  This is consistent with the approach 17 

recommended by (Sotiropoulos et al., 2004) to avoid problems of tissue type variations in 18 

isotope values. 19 

 20 

Table 4: Fish species, sites and replicates used to assess the potential effect of sample 21 

preparation technique (whole, cleaned or muscle) on 
13

C or 
15

N values. 22 

FISH SPECIES SITE 

(YEAR) 

SAMPLE TYPE 

WHOLE CLEANED MUSCLE 

Fly-specked hardyhead 

(Craterocephalus 

stercusmuscarum) 

10001 

(2005) 

3 replicates of   

3 individuals 

3 replicates of   

3 individuals 

3 replicates of   

3 individuals 

10009 

(2007) 

 3 replicates of   

3 individuals 

4 individuals 

Gambusia (Gambusia 

affinis) 

10001 

(2005) 

3 replicates of   

3 individuals 

3 replicates of   

3 individuals 

 

Gudgeon (Hypseleotris 

sp.) 

10001 

(2005) 

3 replicates of   

3 individuals 

3 replicates of   

3 individuals 

 

 23 
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Sample processing for invertebrates varied depending on the species and the body size.  1 

For bivalves the sample was taken from the foot of the organism as this tissue has been 2 

shown to be the least variable stable isotope value of the organism (McKinney et al., 3 

1999).  In the case of small gastropods, the whole body was used with the operculum cover 4 

removed.  Care was taken to dissect out as much of the stomach contents as possible, 5 

particularly any shell material.  For the large crustaceans including red-claw and 6 

Macrobrachium, the sample was taken from the tail flesh taking care to remove all the 7 

exoskeleton and the digestive track.  In all cases samples were thoroughly rinsed with 8 

deionised water after dissection to remove any loose material that may have remained on 9 

the sample.   10 

 11 

Given that the approach employed in this study was to use white muscle tissue for most 12 

fish and invertebrates, lipid correction may not be warranted as white muscle tissue 13 

generally has the lowest lipid content.  In order to determine if this assumption is correct, 14 

samples from a range of species will be assessed for any significant relationship between 15 

tissue C:N ratios and 
13

C.  In addition, a number of samples of muscle and liver samples 16 

and one pure lipid sample (abdominal lipid tissue) from the same individuals of bass, 17 

golden perch and silver perch were measured to determine any significant effects from 18 

lipids.  One would expect that if lipid content in these tissues was appreciable, then there 19 

would be a negative relationship between the C:N ratio (increase indicates greater lipid 20 

content) and the 
13

C value (more depleted due to the increased lipid content).  Data used 21 

to determine the potential for effects from lipids included a selection of fish species 22 

ranging in trophic position and one macroinvertebrate species that were collected over the 23 

entire study period (2005 to 2007). 24 

 25 

To assess the potential effect of lipid correction on isotope values, a trial was undertaken 26 

using the lipid correction techniques in Logan et al. (Logan et al., 2008) to determine if 27 

there is any appreciable difference in 
13

C values following correction for lipid content.  28 

Specifically equations 2 and 3 from this study were used as these equations were shown to 29 

produce the best model fits for species and tissue specific models.  The equations were 30 

calculated as: 31 

 32 
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Eq 2. 1 

                  13Clipid correction factor  = P - P x F 2 

                                                                  C:N 3 

 4 

Where P is the protein lipid 
13

C fractionation effect and F is the C:N ratio of lipid free 5 

tissue.  For this assessment, the value of P (5.3) was estimated from the difference between 6 

bass (M. novemaculeata) muscle and a sample of visceral lipid from the same Lake 7 

Samsonvale bass (P = muscle mean 
13

C (-24.41 ‰) – pure lipid 
13

C (-30.04 ‰).  This 8 

estimate was very close to the estimate of Logan et al. (Logan et al., 2008) for golden 9 

perch (M. ambigua) at 5.9.  The value of F was taken directly from Logan et al. (Logan et 10 

al., 2008).  Given the mean 
13

C values of muscle tissue from bass, golden perch and silver 11 

perch from Lake Samsonvale were all relatively similar, the same equation parameters 12 

were used for each species.  For the assessment of bony bream (N. erebi) and gar (A. 13 

sclerolepis), the equation values from Logan et al. (Logan et al., 2008) for bony bream (N. 14 

erebi) were used without modification.  15 

 16 

Eq 3. 17 

    13Clipid correction factor = β0 + β1 ln (C:N) 18 

 19 

Where values for β0 and β1 were taken directly from Logan et al. (Logan et al., 2008) for 20 

those Australian native fish species as described above for equation 2.  21 

 22 

Acidification of samples with hydrochloric acid is the standard approach to removing 23 

excess carbonates.  This technique has been variably recommended in the literature with 24 

some studies finding significant effects on the 
15

N values (Bunn et al., 1995; Jacob et al., 25 

2005; Pinnegar & Polunin, 1999) while others finding no effects (Bosley & Wainright, 26 

1999).  Due to the inconsistency in the literature relating to the magnitude and direction of 27 

any effect of acidification and the often cited increase in variability in sample values, it 28 

was decided not to acidify samples prior to analysis for this research.  In order to control 29 

for the possible effects of non-dietary carbonates in samples, rather than acid treat samples, 30 

every effort was made to remove all excess bone (in the case of fish), exoskeletons 31 

(invertebrates) and shell fragments (sediments and gastropods/mussels) prior to analysis.  32 

A trial was done to compare the values of three tissue preparation techniques including 33 
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whole fish, cleaned and muscle only tissues samples from a range of small bodies fish (see 1 

Table 4).  This was done to determine if there are significance differences between these 2 

tissue preparation techniques and the variable amounts of carbonates that would be present 3 

in each sample type.  This approach however does not address the potential effect of 4 

carbonates in the exoskeletons of zooplankton analysed as whole samples retained on a 5 

filter paper, however numerous authors investigating trophic dynamics of zooplankton 6 

have not routinely acidified zooplankton samples prior to isotope analysis (Maguire & 7 

Grey, 2006; Matthews & Mazumder, 2003; Perga & Gerdeaux, 2006). 8 

 9 

To allow for the assessment of possible body size effects in isotope values, data on the 10 

length and weight of individuals of dominant species were collected and used to analyse 11 

size variability of a species.  For composite samples, notes were recorded on the size range 12 

of the composited individuals to allow broad size categorisation if required. 13 

 14 

SIA has been widely adopted as a standard tool for describing food web interactions 15 

although recognition in the literature of the importance of reporting methodological error 16 

and variability is often lacking (Jardine & Cunjak, 2005).  The quality assurance and 17 

quality control (QA/QC) protocols that have been implemented for this research include; 18 

 Laboratory QA/QC including accuracy and precision estimates from standards and 19 

repeated measures. 20 

 Submission of blind replicate samples from a range of sample material types with each 21 

batch of samples submitted for analysis. 22 

 Repeated submission of a single reference samples with each batch of samples 23 

analysed over the full period of the study including one fish, invertebrate and sediment 24 

sample. 25 

 26 

For the laboratory working standards run in multiples per batch, the pooled standard 27 

deviation for 
13

C (-12.2 ‰) was -12.25 ‰ (SD ± 0.17), and for 
15

N (0.5 ‰) was 0.47 ‰ 28 

(SD ± 0.28) (n = 182). The detailed results per batch and quantities of standards per batch 29 

are presented in Appendix 3. 30 

 31 

The results for the repeated blind samples for one sample of sediment, two separate 32 

crayfish samples and three separate fish species are presented in Table 5.  33 
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 1 

All samples were placed into sterile tin capsules and analysed for percent carbon, nitrogen 2 

and C and N stable isotopes using a mass spectrometer (Eurovector EA 3000, Milan Italy 3 

inlet with a GV Isoprime, Manchester UK mass spectrometer) at the Griffith University 4 

isotope laboratory.  For plant and sediment samples the primary standard was N2 in air, 5 

ANU Sucrose, elemental standard Acetanilide and working standard commercial flour 6 

preparation.  The same standards were also used for animal tissues with the exception of 7 

using prawn tissues as the working standard. 8 

 9 

Table 5: Results of repeated blind samples for 
13

C and δ
15

N (‰) submitted with each 10 

major batch of samples over the period of the study. 11 

Sample Type Isotope Original 

Value 

Repeated Analysis 

1 (2005) 2 (2006) 3 (2007) Mean (± 

1 SD) 

Sediment 
13

C -20.93 -21.02 -20.42 -20.92 -20.82 

(0.27) 


15

N 5.86 6.01 4.49 5.36 5.43 

(0.69) 

Red-claw crayfish 

(Cherax 

quadricarinatus) 


13

C -19.86 -19.69 -19.60 -19.87 -19.76 

(0.13) 


15

N 10.67 9.96 11.85 11.08 10.89 

(0.79) 

Red-claw crayfish 

(Cherax 

quadricarinatus) 


13

C -19.37 -19.46   -19.42 

(0.06) 


15

N 11.17 10.08   10.63 

(0.77) 

Bass 

(Macquaria 

novemaculeata) 


13

C -23.24 -23.13 -23.38 -23.24 -23.25 

(0.10) 


15

N 17.71 17.55 19.70 17.86 18.21 

(1.00) 

Bass 

(Macquaria 

novemaculeata) 


13

C -22.70 -22.83   -22.77 

(0.09) 


15

N 18.57 17.26   17.92 

(0.93) 

Snub-nose gar 

(Arrhamphus 

sclerolepis) 


13

C -15.29 -15.37   -15.33 

(0.06) 


15

N 13.01 11.76   12.39 

(0.88) 

 12 

3.2.3 Statistical Analysis 13 

 14 

Differences between components were tested using paired t-tests and one-way ANOVA for 15 

multiple comparisons.  Prior to all analysis, model assumptions were tested for 16 
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homogeneity of variances.  Minor departures from equal variance were not adjusted for 1 

prior to undertaking the ANOVA when sample sizes were approximately equal.  On 2 

occasions of significantly different comparisons between multiple subjects, post-hoc Tukey 3 

HSD test was performed to highlight which of the subjects were responsible for the 4 

differences.  Statistical analysis was performed using Microsoft Excel 2007 and SPSS 5 

(Ver. 15.0).  For the spatial variability, site differences were assessed using two factor 6 

ANOVA, using Levene’s Statistics to determine homogeneity of variances and Tukey 7 

HSD comparisons to determine which sites were different out of the four sampled.  Simple 8 

linear regression analysis was performed to determine relationships between parameters 9 

and the significance of the relationships was testing using ANOVA.   10 

 11 

3.3 Results 12 

3.3.1 Identification of Primary Energy Sources to the Food Web 13 

 14 

The results of the isotope analysis of all food web components sampled in 2005 from all 15 

sites combined have been presented as a box plot showing the median, interquartile range, 16 

maximum and minimum values and outliers (Figure 9).  This plot demonstrates that in 17 

2005 there was a considerable range in the 
13

C values of potential basal energy 18 

components.  The range in mean 
13

C values for autochthonous basal energy sources in the 19 

reservoir was between -28.73 ‰ (>0.45 μm littoral POM) to -6.64 ‰ (Spirogyra sp.) 20 

representing a total range of 22.09 ‰.  The most 
13

C depleted samples from the reservoir 21 

included the particulate organic matter (POM) samples in the littoral and pelagic zone, 22 

(-28.73 and -26.65 ‰ respectively) while the catchment samples (Kobble Creek inflow 23 

POM) were -27.05 ‰.  The most 
13

C enriched samples was of a filamentous alga 24 

(Spirogyra sp.) (-6.64 ‰) followed by the dominant littoral submerged macrophytes 25 

Hydrilla verticillata (-13.12 ‰), Vallisneria sp. (-14.63 ‰), and Potamogeton pectinatus 26 

(-12.78 ‰).  The 
13

C values of these three dominant macrophyte species were not 27 

significantly different from each other (F2,8 = 1.51, P=0.28) and thus were pooled together 28 

for all subsequent analysis (combined mean, -13.58 ‰ SD ± 1.62).  Periphyton samples 29 

brushed from the surface of the dominant macrophytes were found to be slightly more 
13

C 30 

depleted than that of the combined macrophytes (mean -15.33 ‰ SD ± 1.17) and a t-test 31 

confirmed a significant difference (t = 1.97, df = 13, P<0.035). 32 
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 1 

Other basal energy sources with 
13

C values positioned between the depleted POM 2 

samples and the enriched macrophytes included the Charophyte (Chara sp., -19.67 ‰) and 3 

the littoral and profundal sediments (-23.41 and -24.97 ‰ respectively).  Both Spirogyra 4 

and Chara were significantly different from the macrophyte 
13

C value (Spirogyra, 5 

t = 5.83, df = 11, P<0.0001; Chara, unequal variances, t = 3.80, df = 2, P<0.031).  A 6 

sample of a prominent surface scum formed from a dense bloom of Microcystis aeruginosa 7 

was collected in August 2005 and found to have a 
13

C value of -21.34 ‰, a value quite 8 

distinctive from all other autotrophic energy sources.  Samples of POM from the inflowing 9 

streams of North Pine River and Kobble Creek found the North Pine River sample to be 10 

more enriched in 
13

C compared to the Kobble Creek sample (-19.88 vs -27.05 ‰). 11 

 12 
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 1 

Figure 9: Box plot showing the median, 25
th

 and 75
th

 percentiles (box), minimum and 2 

maximum (whiskers) and outliers (circles) for 
13

C ratios of food web components 3 

sampled in 2005. Note the >150um Pelagic POM data includes samples from the 4 

summer of 2006. 5 

 6 

Mean 
13

C values for POM samples from the littoral and pelagic zones, and the mean of 7 

the two major catchment inflow rivers, were relatively similar at -28.73 ‰ (SD ± 8 

1.88), -26.63 (SD ± 0.75) and -24.44 ‰ (SD ± 3.73) respectively.  However ANOVA 9 

found them to be significantly different (F2,35 = 9.25, P<0.0006).  There were considerable 10 

differences in the 
13

C values of the two catchment POM samples (Kobble Creek 11 

= -27.05 ‰, SD ± 0.77, and North Pine River = -19.88 ‰, SD ± 1.87) which are 12 

statistically significant (t test, unequal variances, t = 8.12, df = 5, P< 0.0002) (Figure 9). 13 
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 1 

Sediment samples were collected to represent the bulk detritus (living and non-living 2 

sedimented organic matter) in the littoral zone in 2005 scraped from the surface 5 mm, and 3 

20 mm deep core to determine if there were any differences between the more recent 4 

deposits compared to the longer term detritus deposits.  There were no significant 5 

differences in either carbon or nitrogen (Carbon, unequal variances, t = 0.53, df = 7, P = 6 

0.31; Nitrogen, equal variances, t = 0.82, df = 7, P = 0.22) so all samples were pooled to 7 

represent the detritus component.  No sediment samples were collected from the profundal 8 

zone in 2005, however sediments collected from the littoral in 2005 and the profundal 9 

zones in all subsequent years (2006 and 2007) were compared and found not to be 10 

significantly different between these samples (F2,20 = 1.80, P=0.19), so all data were 11 

combined for further analysis. 12 

 13 

The mean 
13

C and of the littoral zone sediments in 2005 (–23.15 ‰, SD ± 1.71) were 14 

within the range of values for littoral and pelagic POM, mean catchment POM and 15 

macrophytes (-28.73, -26.63, -24.44 and -13.58 ‰ respectively).  Similarly the mean 
15

N 16 

value of the littoral zone sediments in 2005 (5.77 ‰, SD ± 0.48) was positioned within the 17 

range of mean values for littoral and pelagic POM, mean catchment POM and macrophytes 18 

(6.75, 5.34, 2.33 and 7.09 ‰ respectively) (Figure 10).  This indicates that the sediments 19 

are likely composed of a mixture of these primary energy sources. 20 

 21 

To assist in discriminating between the possible contributions of autochthonous primary 22 

production and catchment POM to the sediments, a three source, two isotope, 23 

concentration weighted mixing model of Phillips and Koch (IsoConc 1.01) (Phillips & 24 

Gregg, 2002) was used to approximate the proportional contribution of these sources to the 25 

sediments.  This model was chosen as it incorporates the large differences in C:N ratio 26 

between catchment (12.9:1) and reservoir POM (~7:1) and macrophytes (12.3:1) when 27 

determining the proportions of each source contributing to the sediments.  Using the data 28 

for the 2005 sample round and the preceding year’s catchment POM data,  the mixing 29 

model predicted the relative proportions of these sources contributing to sediments to be 30 

67% for autochthonous reservoir POM (littoral and pelagic), 15% for catchment-derived 31 

POM and 18% for macrophytes.   32 

 33 
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However isotope values of sedimenting organic matter have been shown to change over 1 

time (Lehmann et al., 2002; Meyers & Ishiwatari, 1993) and thus should be corrected for 2 

the effects of fractionation due to decomposition processes.  The effect of decomposition 3 

has been shown to be different under oxic and anoxic conditions, however even short 4 

periods of a few days is sufficient to alter the original isotope values of the organic matter 5 

(Kelly & Hawes, 2005; Keough et al., 1998; Lehmann et al., 2002).  Limited samples 6 

collected from the epilimnion and hypolimnion from Lake Samsonvale however indicate 7 

that at the time of sampling this effect was not large.  In order to assess the relative 8 

difference in the proportional contribution estimates, values for mean POM changes 9 

between the sediments and sedimenting organic matter reported by Lehmann, et al. (2002) 10 

were applied to the Lake Samsonvale sediment values (increased by 1.5 ‰ for 
13

C and 11 

1.2 ‰ for 
15

N) to account for these effects prior to running the mixing model again.  The 12 

results of the mixing model predictions for the relative proportions of these sources 13 

contributing to sediments, after accounting for fractionation effects due to decomposition, 14 

was approximately 54 % for reservoir POM, 18 % for catchment POM and 28 % for 15 

macrophytes.  Accounting for some degradation of sedimenting POM did not substantially 16 

alter the proportions, and the general pattern remained the same.  The overwhelming 17 

majority of the contributions to sediments were from the pelagic POM, followed by 18 

macrophytes, then catchment POM. 19 

 20 

3.3.2 Nitrogen Isotopic Fractionation & Trophic Level Enrichment 21 

 22 

The 
15

N values across all components of the food web showed clear and progressive 23 

enrichment of the heavier isotope (
15

N) from basal resources to higher trophic level 24 

consumers (Figure 10).  The range in mean 
15

N values was between 2.86 ‰ (SD ± 2.60) 25 

for Kobble Creek POM samples (sampled prior to the 2005 sample round) to 17.58 ‰ (SD 26 

± 1.12) for bass (M. novemaculeata), representing a total range of 14.72 ‰ for the food 27 

web.  A notable feature of the 
15

N values was the narrow range of values observed in the 28 

basal resources of between 2.86 ‰ and 8.74 ‰.  Excluding the catchment POM (as this 29 

represents a pulse input to the reservoir) and the profundal sediments (not accessible to the 30 

majority of food web consumers due to anoxia), the range is even narrower (between 31 

5.34 ‰ for pelagic POM and 8.74 ‰ for Vallisneria).  This represents a total range of only 32 
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3.4 ‰ across all autotrophic basal resources. 1 

 2 

 3 

 4 

Figure 10:  Box plot showing the median, 25
th

 and 75
th

 percentiles (box), minimum 5 

and maximum (whiskers) and outliers (circles) for 
15

N ratios for all food web 6 

components sampled in Lake Samsonvale in 2005. Note the >150um Pelagic POM 7 

data includes samples from the summer of 2006. 8 

 9 

The degree of fractionation between source and consumer (termed trophic shift) can vary 10 

considerably but has been reported to range between 0 to 1 ‰ for 
13

C and 3 to 5 ‰ for 11 

15
N when averaged over a number of different taxa and across habitats (Caut et al., 2009; 12 

McCutchan et al., 2003; Post, 2002a; Vander Zanden & Rasmussen, 2001).  In order to 13 
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assess the degree of trophic shift and thus the mean fractionation factor for 
15

N in the 1 

Lake Samsonvale food web, the mean isotope ratio of the basal resources was calculated 2 

and then subtracted from the mean isotope ratio of the top carnivores (bass and golden 3 

perch) and divided by the number of assumed trophic levels between these two food web 4 

categories (Table 6). The number of trophic levels in Lake Samsonvale was estimated 5 

based on previously described diets for the dominant species in the reservoir (Pusey et al., 6 

2004) (Appendix 1).  This information indicated there are four trophic levels (TL) 7 

including the basal resources as TL1, primary consumers and herbivores in TL2, a wide 8 

range of omnivores in TL3 and a few carnivorous species in TL4.  This equates to three 9 

trophic shifts from basal resources to top level consumers.  Further analysis of trophic 10 

levels will be presented in Chapter 4. 11 

 12 

Table 6: Mean and standard deviation (SD) 
13

C and 
15

N values for each trophic 13 

level and estimated trophic shift values. 14 

Trophic Level Whole Food Web 


15

N (‰) 

Pelagic Zone  

13
C (‰) 

Littoral Zone  

13
C (‰) 

Mean SD Mean SD Mean SD  

Trophic Level 1 6.22 1.86 -26.63 0.75 -15.42 2.74 

Trophic Level 2 10.95 1.60 -24.04 4.3 -14.69 1.30 

Trophic Level 3 11.67 1.67 -21.99 2.09 NA  

Trophic Level 4 17.18 1.32 -23.08 1.31 NA  


13

C   

 

3.65 

1.18 0.73 


15

N or 
13

C = 

(TL4 - TL1)/3 

 

Overall Mean 
13

C 

 

0.96 

 15 

Due to the widely varying carbon source values between trophic levels 1 (TL1) and 2 16 

(TL2) from the littoral and pelagic zones, it is not appropriate to combine data from all the 17 

basal resources to calculate a mean 
13

C value to estimate trophic shifts between trophic 18 

levels, as was done for 
15

N.  An alternative approach was to calculate separate pelagic and 19 

littoral zone trophic shift values using separate groups of species and their presumed food 20 

sources.  Calculating a mean 
13

C trophic shift in this way provides an mean across 21 
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multiple habitats (pelagic and littoral) and across multiple taxa (vertebrates and 1 

invertebrates), an approach recommended by Post (Post, 2002a) when no taxon specific 2 

experimental data exist on trophic fractionation effects. 3 

 4 

The trophic shift in 
13

C between TL1 and TL2 for the pelagic zone was calculated using 5 

the pelagic POM samples as TL1, and the mussels and >150 um plankton samples as TL2.  6 

The next trophic link (TL3) comprised a broad range of small and large bodied omnivorous 7 

species including juvenile snub-nose gar, fly-specked hardyhead, glass perchlet, gudgeon, 8 

eel-tail catfish and silver perch.  A number of additional species sampled (rainbowfish, 9 

mosquito fish, tilapia, bony bream, red-claw crayfish and macrobrachium) were excluded 10 

from this grouping as their 
13

C values suggested they consumed a mix of both pelagic and 11 

littoral carbon sources.  Note the >150 µm plankton data are derived from samples 12 

collected in the summer of 2005/2006 as no samples were collected in 2005. 13 

 14 

The trophic shift in 
13

C between TL1 and TL2 for the littoral zone was calculated from 15 

the dominant macrophyte species (Hydrilla and Vallisneria) and periphyton combined, 16 

while the TL2 values were calculated from adult snub-nose gar (A. schlerolepis >100 mm).  17 

Only large (>100 mm) snub-nose gar were used as previous studies have shown that snub-18 

nose gar greater than 100 mm are predominantly herbivorous consuming mostly 19 

macrophytes (and by association periphyton) (Tibbetts & Carseldine, 2005).  The 20 

macrophyte Potamogeton was excluded from the analysis as it was present, but in low 21 

abundance compared to the other two species.  Additionally both Chara and Spirogyra 22 

were not included in the analysis as these species were generally only found in the very 23 

shallow margins of the reservoir in less than 20 cm of water and thus were considered not 24 

likely to comprise a major part of the diet of snub-nose gar.  The >250 µm Littoral POM 25 

samples were not used in the calculations as it was likely that the sampling method using a 26 

20cm diameter 250 µm plankton net hauled through the water column introduced some 27 

contamination from non plankton material such as large algae fragments and sediment 28 

particles and thus the result probably doesn’t reflect a true zooplankton value. 29 

 30 

A second littoral zone grouping based on snails was considered as snails have been 31 

recommended as a suitable integrator of littoral carbon sources (Post, 2002a).  However 32 

snails in Lake Samsonvale seem to derive their carbon from both the littoral zone 33 
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periphyton and sediments which have distinctively separate values (Figure 9).  For this 1 

reason only the herbivorous adult snub-nose gar were used to calculate and independent 2 

estimate of trophic shift in the littoral zone. 3 

 4 

The results of this analysis of mean trophic shift (Table 6) show that for 
15

N the shift was 5 

3.65 ‰ between each successive trophic level and for 
13

C the shift was 0.96 ‰ per 6 

trophic level.  These shifts are within the range of commonly reported trophic shift values 7 

from the literature (McCutchan et al., 2003; Post, 2002a; Vander Zanden & Rasmussen, 8 

2001). 9 

 10 

3.3.3 Influence of Lipids on 13C 11 

 12 

The C:N ratio was plotted against the 
13

C value for a range of fish species representing 13 

four broad trophic groups including a herbivore (A. sclerolepis), detritivore (N. erebi), 14 

carnivore (M. novemaculeata) and omnivore (B. bidyanus) (Figure 11 (a), (b), (c) and (d) 15 

respectively) for all years of data collected.  There was a general trend for the 
13

C value to 16 

become more depleted with increasing C:N ratios suggesting that lipids are having an 17 

effect.  However, there is considerable variability in the data and the range in C:N ratios 18 

was quite low.  Figure 11 suggests that the relationship was stronger in the 2005 samples 19 

than in either 2006 or 2007, as indicated by the steeper negative slopes for most species in 20 

2005. 21 

 22 

The strongest relationship between C:N and 
13

C occurred for the herbivorous snub-nose 23 

gar (A. sclerolepis) which was highly significant in 2005 (r
2
 = 0.29, F1,32 = 13.14, P<0.001) 24 

and 2006 (r
2
 = 0.26, F1,51 = 17.68, P < 0.0001) but not in 2007 (r

2
 = 0.03, F1,55 = 1.55, P = 25 

0.22).  For the remaining three species, the relationship between C:N and 
13

C was 26 

variable between species and years.  The relationship was significant for bass in 2005 (r
2
 = 27 

0.22, F1,36 = 10.11, P < 0.003) but not in 2007 (r
2
 = 0.08, F1,18 = 1.51, P = 0.23).  There 28 

were insufficient samples to test in 2006.  The relationship for bony bream was not 29 

significant in either 2005, 2006 or 2007 (r
2
 = 0.03, F1,56 = 1.92, P = 0.17; r

2
 = 0.15, F1,18 = 30 

3.15, P = 0.09; r
2
 = 0.01, F1,48 = 0.37, P = 0.55 respectively).  The relationship was 31 

marginally significant for silver perch in 2005 (r
2
 = 0.21, F1,18 = 4.83, P < 0.04) but not in 32 
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2007 (r
2
 = 0.01, F1,6 = 0.03, P = 0.87).  There were insufficient samples to test in 2006.  1 

There was no apparent relationship between 
13

C and C:N ratio for the red-claw crayfish 2 

(Cherax quadricarinatus) of any year (data not shown). 3 

 4 

5 

 6 

 7 

Figure 11: Comparison of the 
13

C values and C:N ratios of the muscle tissue in (a) 8 

snub-nose gar (Arrhamphus sclerolepis) (b) bony bream (Nematalosa erebi) (c) bass 9 

(Macquaria novemaculeata) (d) silver perch (Bidyanus bidyanus) sampled in 2005, 10 

2006 and 2007. 11 

 12 

To further explore the possible relationship between tissue C:N ratios as a surrogate for 13 

lipid content and the effect on 
13

C values, samples of muscle and liver tissues for bass (M. 14 

novemaculeata), silver perch (B. bidyanus) and golden perch (M. ambigua) were analysed 15 

(Figure 12).  One sample of lipid sourced from the accumulated deposits in the abdominal 16 

cavity of a bass was also analysed, but not shown on the Figure due to the very high C:N 17 

ratio of 118 and depleted 
13

C value of -30.04 ‰.  The results indicate that across these 18 

three species there is little variation in muscle tissue C:N ratios despite 
13

C varying by up 19 

to 3.8 ‰.  Despite the slightly higher C:N ratios for liver tissue of golden perch and silver 20 
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perch compared to the muscle tissue, there was not a consistent pattern of 
13

C depletion 1 

with increasing C:N ratio.  This was not the case with the bass liver samples which show a 2 

clear decrease in the 
13

C values with increasing C:N ratios.  These bass liver and muscle 3 

samples were collected in 2007, whereas the silver perch and golden perch were collected 4 

in 2005.  Pairwise t-tests to compare the 
13

C value of muscle and liver tissue values from 5 

each of these three species found there to be no significant differences in golden perch and 6 

silver perch (t = 0.38, df = 6, P = 0.36; t = 1.63, df = 6, P = 0.08) but a highly significant 7 

difference in bass (t = 6.68, df = 8, P < 0.0001).  Comparing tissue types across all three 8 

species using two-way ANOVA found no significant difference in muscle (F2,10 = 3.75, 9 

P=0.061), but a highly significant difference in liver tissues (F2,10 = 16.53, P<0.0007). 10 

 11 

 12 

Figure 12:  Relationship between the C:N molar ratio and 
13

C values of muscle (grey 13 

symbols) and liver (black symbols) tissues from bass (M. novemaculeata) squares, 14 

silver perch (B. bidyanus) circles, and golden perch (M. ambigua) triangles in Lake 15 

Samsonvale. 16 

 17 

Given the variable relationship between the C:N ratio and 
13

C values of muscle tissues 18 

(Figure 11) and liver tissues (Figure 12) for some species, mathematical lipid correction 19 

techniques were used to test if there were any appreciable differences in 
13

C values 20 
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following correction for lipid content using the C:N ratio as a proxy for lipid content.  The 1 

mean correction factors derived using the lipid correction equations 2 and 3 of Logan et al. 2 

(Logan et al., 2008) were assessed using pairwise t-tests and found not to be significantly 3 

different for silver perch (t = 0.26, df = 38, P = 0.40), but significantly different for golden 4 

perch and bass (t = 3.27, df = 20, P < 0.002; t = 2.43, df = 74, P < 0.009 respectively).  For 5 

each species, the correction factors from equation 3 were always larger than for equation 2.  6 

Equation 2 was chosen as the preferred equation for calculating lipid correction factors 7 

because the parameter P (protein lipid 
13

C fractionation effect) used in Equation 2 for 8 

bass, golden perch and silver perch was derived from site-specific estimates from bass in 9 

Lake Samsonvale.  To maintain consistency in the approach, Equation 2 was applied to all 10 

species for an assessment of the effect of correcting for lipids on mean tissue 
13

C values. 11 

 12 

The results of the lipid correction show a consistent increase in the 
13

C value of the 13 

muscle tissues of all species, however the increase seen for bass (0.33 ‰) golden perch 14 

(0.21 ‰) and silver perch (0.71 ‰), were not significantly different from the uncorrected 15 

tissues for bass, golden perch and silver perch (bass, t = 1.22, df = 74, P = 0.11; golden 16 

perch, t = 0.45, df = 20, P = 0.33; silver perch, t = 1.38, df = 38, P = 0.087).  Similarly for 17 

snub-nose gar the increase in 
13

C (0.24 ‰) was not significant different (t = 0.75, df = 92, 18 

P = 0.23).  However there were significant differences observed between the mean 
13

C 19 

values of lipid corrected and uncorrected muscle tissue (0.64 ‰) for bony bream (t = 2.21, 20 

df = 114, P < 0.01). 21 

 22 

3.3.4 Influence of Carbonates on 13C 23 

 24 

Variation in the 
13

C values due to carbonate was compared between three different tissue 25 

preparation techniques using the fly-specked hardyhead (Craterocephalus 26 

stercusmuscarum).  Variances were not significantly different (Levene Statistic = 3.03, 27 

P<0.112, df = 2, 7) and the ANOVA revealed that the three different preparation 28 

techniques did not result in significant differences in 
13

C values (F2,7 = 0.221, P=0.807) 29 

(Figure 13 and Table 7).  An additional comparison was made using fly-specked hardyhead 30 

collected in 2007 comparing cleaned body samples and muscle tissues, and separately for 31 

the gambusia (Gambusia affinis) and gudgeon (Hypseleotris sp.) from 2005 samples 32 
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comparing whole fish and cleaned tissue preparation techniques using pairwise t-tests 1 

(Table 7). 2 

 3 

 4 

Figure 13:  Differences in 
13

C values from three different tissue preparation 5 

techniques for the fly-specked hardyhead (C. stercusmuscarum) sampled in 2005. 6 

Whiskers represent ± 1 SD of the mean. 7 

 8 

Table 7: Species and tissue types assessed for effects from inorganic carbonates. 9 

Year Tissue Type Fly-specked 

Hardyhead  

(C. stercusmuscarum) 

Gambusia  

(G. affinis) 

Gudgeons 

 (Hypseleotris sp.) 

2005 Whole Cleaned F2,17 = 0.273, P=0.764 t=0.30 

(P=0.39), df=3 

t=0.87       

(P=0.22), df=3 

Muscle NA NA 

2007 Cleaned Muscle t=2.22,  P<0.04, df=5 NA NA 

 10 

No significant differences were found between the gambusia or gudgeon tissue preparation 11 

techniques, however there was a marginally significant increase in the 
13

C value of 12 

muscle tissue over cleaned body tissue for the fly-specked hardyhead in the 2007 samples. 13 

Given the lack of a demonstrable effect between these three sample preparation techniques, 14 

all subsequent analysis of small bodied fish were done using the cleaned sample 15 
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preparation technique (head, fins, scales and viscera removed).  All results for these three 1 

sample preparation techniques for each species were pooled for all subsequent food web 2 

analysis. 3 

 4 

3.3.5 Spatial Variability in Isotopic Values 5 

 6 

Isotope biplots of the 
13

C and 
15

N values of commonly occurring species from the four 7 

sampling sites reveal relatively consistent patterns in the overall structure of the food web 8 

(Figure 14).  One distinctive feature of these plots is the apparent enrichment in 
15

N 9 

values of many food web components FROM site 10001 (Figure 14 a).  The differences are 10 

most obvious in food web components from the first three trophic levels.  The mean 
15

N 11 

values for the first (basal resources/primary producers), second (primary consumers) and 12 

third trophic levels (secondary consumers/omnivores) were approximately 6 ‰, 9 ‰ and 13 

12 ‰ respectively. 14 

 15 

Given the relatively small amount of variation observed in 
15

N values of basal energy 16 

resources within an individual site, particularly for sites 10006, 10009 and 10010 (Figure 17 

14), the 
15

N data for these basal resources (e.g. macrophytes, POM, detritus, macroalgae 18 

and charophytes) were pooled within each site to test for differences between sites.  19 

Variances were found to be different between sites (Levene Statistic = 6.2, P<0.01, df = 3, 20 

48) however the sample sizes were near equal for each site (n = 13 and 14) so data were 21 

not transformed prior to undertaking the ANOVA under the assumption the ANOVA is 22 

robust to departures of homogeneity of variances when sample sizes were similar (Zar, 23 

1984).  The comparisons between sites were highly significantly different (F3,48 = 9.2, 24 

P<0.000) and post-hoc Tukey HSD comparisons confirmed that food web components at 25 

site 10001 were significantly different, being more 
15

N enriched, compared to the other 26 

three sites (Figure 15 and Table 8). 27 

 28 
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Figure 14: 
13

C and 
15

N bi-plot for sites (a) 10001, (b) 10006, (c) 10009 and (d) 10010 sampled in the summer of 2005.  Whiskers represent the 

means (± SD) otherwise symbols represent single values. * denotes mean values from sites 10009 and 10010 collected in summer of 2006. 

Symbols: MN (Macquaria novemaculeata), MA (Macquaria ambigua), BB (Bidyanus bidyanus), CS (Craterocephalus stercusmuscarum), NE 

(Nematalosa erebi), Msp (Macrobrachium sp.), GA (Gambusia affinis), CQ (Cherax quadricarinatus), AS (Arrhamphus sclerolepis), Mac 

(combined macrophyte species Vallisneria sp., Hydrilla verticillata, and Potamogeton pectinatus), Peri (Periphyton), NPPOM (North Pine River 

POM), KPOM (Kobble Creek POM), PPOM (Pelagic POM), LPOM (Littoral POM), 250PPOM (>250µm Pelagic Plankton), 250LPOM 

(>250µm Littoral Plankton). 
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 1 

 2 

Figure 15: Variability in mean 
15

N values between sites for all basal energy 3 

resources combined, collected in 2005.  Whiskers represent ± 1 SD of the mean. 4 

 5 

To determine if the differences observed in the 
15

N values of the basal resources were 6 

also present in higher trophic levels, the difference in mean 
15

N values of the snub-nose 7 

gar, bony bream, red-claw crayfish and silver perch were tested.  Results of the two-way 8 

ANOVA for site differences across all these components was highly significant (P = 9 

<0.001) and the post-hoc Tukey HSD comparisons revealed the difference is largely due to 10 

site 10001 (Table 8).  The difference in 
15

N between sites was less significant for the 11 

silver perch.  This general pattern of enriched 
15

N values at site 10001 were also reflected 12 

in a number of other consumers, however the sample sizes were insufficient for statistical 13 

analysis.  The enrichment effect at site 10001 was less apparent in the top order carnivores 14 

bass (MN) and golden perch (MA). 15 
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Table 8: Results of ANOVA and Tukey HSD test for significant differences between 1 

sites for 
15

N values of basal resources, three fish and one invertebrate species from 2 

Lake Samsonvale in 2005. 3 

Site 

Comparisons 

Basal 

Resources 
Red-claw 

Crayfish 

Snub-nose 

gar 

Bony 

Bream 

Silver 

Perch 

All 

Species 

ANOVA F3,48 = 9.2, 

P<0.0001 

F3,45 = 26.4, 

P<0.0001 

F3,30 = 14.5, 

P<0.0001 

F3,54 = 12.7, 

P<0.0001 

F3,16 = 9.6, 

P<0.001 

F3,15 = 12.6, 

P<0.0001 

10001 10006 0.011* 0.000 * 0.005 * 0.000 * 0.051 0.000 * 

  10009 0.002* 0.000 * 0.014 * 0.007 * 0.356 0.000 * 

  10010 0.000* 0.000 * 0.000 * 0.911 0.594 0.000 * 

10006 10009 0.923 0.929 0.483 0.984 0.001 * 0.969 

  10010 0.327 0.711 0.864 0.000 * 0.002 * 0.882 

10009 10010 0.727 0.895 0.007 * 0.001 * 0.951 0.584 

* = The mean difference is significant at the .05 level. 4 

 5 

3.4 Discussion 6 

3.4.1 Identification of Carbon Sources 7 

 8 

The 2005 study of the Lake Samsonvale food web has shown there was sufficient 9 

separation of isotope values between the potential carbon sources sampled in the reservoir 10 

to characterise the likely contributions of these sources to the consumers of the food web.  11 

Sufficient separation in 
13

C values of potential energy sources is an essential prerequisite 12 

when using mass-balance isotope mixing models to infer the diets of consumers (Phillips, 13 

2001; Phillips & Gregg, 2003). 14 

 15 

An important mechanism determining the 
13

C values in primary producers is the 16 

discrimination that occurs during CO2 uptake for photosynthesis, such that the lighter 
12

C 17 

isotope is preferentially assimilated.  This is particularly true when free CO2 is in 18 

abundance (O'Leary, 1988).  During periods of high rates of photosynthesis, 
13

C values of 19 

POM can become considerably lighter (e.g. -20 to -35 ‰) than would be expected if they 20 

were primarily utilising atmospheric CO2 alone (Lehmann et al., 2004b; Post, 2002a).  21 

Under conditions of low free CO2 concentrations and high rates of photosynthesis, aquatic 22 

primary producers may utilise carbonate (HCO3
-
) as a carbon source. As HCO3

-
 is depleted 23 
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by approximately 9 ‰ compared to atmospheric derived CO2 (O'Leary, 1988), utilising 1 

this source of carbon can lead to depleted 
13

C values in primary producers. 2 

This effect is often exacerbated in shallow littoral zones containing dense macrophytes as 3 

the diffusion of CO2 from the atmosphere is often slower than the rate of uptake of the 4 

rapidly photosynthesising macrophytes.  This leads to a general pattern of more enriched 5 

13
C values in littoral macrophyte beds compared to phytoplankton, which typically occur 6 

in a more evenly mixed environment with greater potential for CO2 diffusion from the 7 

atmosphere into the surface mixed layer.  This process of enrichment in 
13

C in 8 

macrophyte values is consistently  observed across a range of species in temperate littoral 9 

zones (Osmond et al., 1981).  This degree of enrichment resulting from this 10 

biogeochemical process of discrimination can lead to differences of 6 - 9 ‰, or more, 11 

between  well mixed or unmixed environments (Osmond et al., 1981; Post, 2002a).  12 

 13 

 14 

The range in 
13

C values of the primary producers in Lake Samsonvale including the 15 

pelagic POM, (-26.63 ‰), the mean littoral zone macrophytes (-13.58 ‰) and periphyton 16 

(-15.33 ‰) were comparable to ranges observed from other freshwater systems (Douglas 17 

et al., 2005; Grey et al., 2000; Grey & Jones, 1999; Herwig et al., 2004; Jones & Waldron, 18 

2003; Kelly & Jellyman, 2007; Kelly & Hawes, 2005; Syvaranta et al., 2006; Yoshioka et 19 

al., 1994).  However, the 
13

C values of macrophytes in Lake Samsonvale were generally 20 

more enriched than those observed from semi-arid Australian billabong habitats (Boon & 21 

Bunn, 1994) and for some natural lake ecosystems (Jones & Waldron, 2003; Syvaranta et 22 

al., 2006).  Boon and Bunn (1994) observed appreciable seasonal variability in macrophyte 23 


13

C values, with values becoming progressively more enriched later in the summer 24 

season.  Seasonal changes in macrophyte 
13

C values have also been observed in other lake 25 

ecosystems (Syvaranta et al., 2006).  Given the macrophyte samples from Lake 26 

Samsonvale were collected toward the end of summer and into early autumn, the isotope 27 

values may be a reflection of a seasonal enrichment pattern with more enriched values 28 

toward the end of the growing season. Periphyton attached to macrophytes is typically 29 

depleted in 
13

C relative to their host plants (James et al., 2000; Keough et al., 1998), a 30 

pattern also observed in Lake Samsonvale.  This could occur as a result of periphyton 31 

utilising isotopically depleted carbon respired from the host plant, but could also be due to 32 

the added diffusion resistance effect on the surface of the macrophytes due the periphyton 33 
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effectively removing a proportion of the lighter 
12

C in CO2 before the macrophytes can 1 

assimilate it and elevating the macrophyte 
13

C values. 2 

 3 

In addition to fractionation effects associated with carbon assimilation processes leading to 4 

depleted 
13

C values in primary producers, values can also be influenced by the isotopic 5 

signature of the inorganic carbon sources available to the primary producers (Gu & 6 

Schelske, 1996; Gu et al., 2004; Lennon et al., 2006).  Under this scenario, the respiration 7 

and recycling of carbon sources in lakes can result in the depletion of dissolved inorganic 8 

carbon 
13

C values, which can then be assimilated by primary producers under conditions 9 

of low dissolved inorganic carbon concentrations. This process of generating depleted 10 

inorganic carbon derived from the decomposition and recycling of organic matter has been 11 

implicated in 
13

C depleted primary producers resulting from the decomposing of littoral 12 

macrophytes (Keough et al., 1998), bacterial driven respiration of terrestrially derived 13 

dissolved inorganic carbon (Lennon et al., 2006) and that whole lake metabolism balance 14 

(Bade & Carpenter, 2004) may be an important driver of primary producer 
13

C values. 15 

While anoxic hypolimnetic conditions of stratified lakes and reservoirs are known sites for 16 

the generation of biogenic methane, recent work suggests this form of carbon is not readily 17 

available to lake food webs (Jones & Lennon, 2009; Lehmann et al., 2004b; Lennon et al., 18 

2006).   19 

 20 

Lake Samsonvale undergoes summer thermal stratification leading to an oxygen-depleted 21 

hypolimnion.  The sampling period for this study occurred between January and March 22 

each year, which coincides with the end of this stratification period.  POM samples 23 

collected between August and December 2005 from the surface (0-3m) and near bottom 24 

(1m off sediment surface) in approximately 20 m of water suggests that the near bottom 25 

POM samples were only slightly more depleted in 
13

C (-26.87 ‰) than the surface water 26 

(-26.16 ‰) (t = 2.75, df = 5, P < 0.02) over this period, suggesting biogenic methane is not 27 

a major source of inorganic carbon to primary producers.  Stratification of Lake 28 

Samsonvale creates significant thermal gradients that reduce mixing between the 29 

hypolimnion and the epilimnion, thus reducing the potential for depleted carbon from the 30 

sediments reaching the surface and influencing the 
13

C values of plankton (Lehmann et 31 

al., 2004b).  The enriched 
13

C values of both the pelagic POM and littoral primary 32 

producers in Lake Samsonvale compared to many other freshwater studies may be a result 33 
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of the high productivity rates occurring in Lake Samsonvale, and thus a gradual depletion 1 

of free CO2 in these photic zones.  Certainly the daily average pH values during the 2 

summer period in Lake Samsonvale regularly exceed 8.0 (Figure 16), indicating free CO2 3 

concentrations would be low and HCO3
-
 would be the predominant inorganic carbon 4 

source available for photosynthesis. Under these conditions, the gradual depletion of 5 

primary producer 
13

C values could occur as the discrimination difference from 6 

atmospheric CO2 is less and the added effect of utilising depleted HCO3
-
 as a carbon 7 

source. This progressive depletion of primary producer values, a process observed in other 8 

eutrophic lakes (Wu et al., 2006).   9 

 10 

 11 

Figure 16: Monthly average pH values recorded from two locations (10009 and 10010) in 12 

Lake Samsonvale, measured in daylight hours for the period November 2004 to July 2007. 13 

Data sourced from Seqwater.  14 

 15 

The macroscopic filamentous algae were found to be the most 
13

C-enriched primary 16 

producer (mean -6.64 ‰).  The cause for this highly enriched value may be related to the 17 

same diffusion effect that occurs in littoral macrophytes whereby the restricted supply of 18 

free CO2 during active photosynthesis leads to a greater rate of uptake of the discriminated 19 

13
C, leading to progressively enriched tissues.  This effect is likely intensified as a result of 20 
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the dense growth form of filamentous algae and the shallow depth it typically grows in, 1 

thus further reducing the diffusion of CO2 to these often dense mats of algae.  Other studies 2 

in marine and freshwater habitats have found that light intensity and temperature have a 3 

similar effect of inducing high rates of photosynthesis that result in the progressive 4 

enrichment of algae 
13

C values (MacLeod & Barton, 1998; Smit, 2001).  It is likely then 5 

that the enriched values of Spirogyra are a result of the dense growth form in the shallow, 6 

warm littoral regions that are exposed to full sunlight leading to high rates of 7 

photosynthesis combined with restricted free CO2 diffusion within these dense mats. 8 

 9 

The mean 
13

C value of the littoral zone sediments in 2005 (-23.15, SD ± 1.71 ‰) was 10 

approximately midway between the mean 
13

C values for littoral, pelagic and catchment 11 

POM samples and macrophytes (-28.73, -26.63, -24.44 and -13.58 ‰ respectively) 12 

indicating that the organic material in the sediments may be a mixture of each of these 13 

primary carbon sources.  This is supported by the mean sediment 
15

N values (5.77, SD ± 14 

0.48 ‰) also being in between the values for littoral, pelagic and catchment POM and 15 

macrophytes (6.75, 5.34, 2.33 and 7.09 ‰ respectively).  Mixing models confirm this, 16 

however there is a greater proportion of pelagic POM that contributes to these sediments 17 

than the other two carbon sources.  18 

 19 

The 
13

C values for the catchment POM as measured from the two largest inflowing 20 

streams (Kobble Creek and North Pine River sites) were variable in the period preceding 21 

the 2005 sampling.  In particular, Kobble Creek had POM values that were within the 22 

expected range for 
13

C and 
15

N of organic matter derived from typical C3 terrestrial 23 

vegetation sources as measured in other Australian locations (Bunn & Boon, 1993; Bunn et 24 

al., 2003; Clapcott & Bunn, 2003; Douglas et al., 2005).  However, the North Pine River 25 

POM values were significantly more enriched in 
13

C than the Kobble Creek sample.  The 26 

catchment of North Pine River is more developed than Kobble Creek and in general the 27 

river network is larger with greater areas of open pool habitats and less dense riparian 28 

vegetation.  This may influence the 
13

C value of the North Pine River as there is likely a 29 

greater contribution to the POM value from in-stream production in the form of 30 

macrophytes and benthic algae, which are generally more depleted compared to riparian 31 

vegetation values.  Additionally there is likely to be a greater contribution in the North 32 

Pine River to the instream biomass from the introduced riparian para-grass (Urochloa 33 
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mutica) which can dominant in more developed catchments with greater areas of cleared 1 

riparian zones.  As para-grass has a C4 photosynthetic pathway, the 
13

C values are 2 

enriched compared to native riparian vegetation.  Previous surveys of the biological and 3 

riparian condition confirm that a greater proportion of the North Pine River system is in 4 

poorer ecological condition, partly due to para-grass and contains greater pool habitats and 5 

often high algal productivity due to eutrophication, compared to Kobble Creek (Nolte & 6 

Haase, 2001).  No instream macrophytes from these rivers were collected during the study, 7 

however results from other Australian freshwater habitats indicate that macrophyte isotope 8 

values are typically more enriched over riparian vegetation (Bunn & Boon, 1993; Bunn et 9 

al., 2003) supporting this proposition. 10 

 11 

3.4.2 Trophic Enrichment 12 

 13 

Estimating the degree of trophic enrichment that occurs in 
13

C and 
15

N between the 14 

consumer’s tissues and that of their food sources is required to determine the trophic 15 

structure of a food web and to estimate the proportion of different food sources in a 16 

consumer’s diet using mass balance mixing models.  The results for Lake Samsonvale 17 

demonstrate that there is measurable and predictable trophic enrichment that occurs across 18 

the food web.  This is most strongly demonstrated in the 
15

N values from the base of the 19 

food web to the top level carnivores.  Moreover this trophic enrichment is consistent with 20 

previously reported values, although may be considered on the high end of the range of 21 

reported mean values in the literature (McCutchan et al., 2003; Post, 2002a; Vander 22 

Zanden & Rasmussen, 2001). 23 

 24 

It is generally accepted that fractionation of 
13

C results in only minor changes with each 25 

trophic step.  Due to the wide range of 
13

C ratios of potential food sources to higher 26 

consumers observed in Lake Samsonvale (Figure 9), it is not intuitively obvious if and how 27 

much trophic shift in 
13

C is occurring with each trophic step.  This is in part due to there 28 

being three distinct groupings of potential carbon sources, including the littoral 29 

macrophytes, pelagic POM and detritus material (includes the sediment and catchment 30 

POM) and a range of potential higher trophic level consumers that could all conceivably 31 

utilise any one, or a combination of these sources.  To overcome this, a number of primary 32 
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consumers from two habitats (littoral and pelagic) with previously reported dietary habits 1 

were chosen for an analysis of the fractionation in 
13

C between trophic levels.   2 

 3 

In contrast to 
13

C, the 
15

N values of Lake Samsonvale food web components exhibit 4 

more regular and predicable fractionation increases across the food web.  This is in part 5 

due to the occurrence of relatively constant 
15

N values at the base of the food web and the 6 

presence of distinctive top-order carnivores with 
15

N values well separated from basal 7 

resources and all other consumers within the food web.  The approach taken here was to 8 

calculate a site-specific fractionation factor for the whole food web based on the difference 9 

in 
15

N in the basal resources and top carnivores.  This approach however required the 10 

presumption of the number of trophic levels of the food web prior to performing this 11 

calculation.  This was estimated using published literature on the dietary habits of species 12 

that occupied key positions in the food web which included herbivores, omnivores and 13 

carnivores. 14 

 15 

In a recent meta-analysis of the trophic fractionation values in the published literature, 16 

Vanderklift (Vanderklift & Ponsard, 2003) recommend that when using stable isotopes for 17 

trophic investigations, that species specific estimates of trophic shift values using 18 

empirically derived means be used for the particular study location, wherever possible.  19 

This is in preference to using literature values that may represent means of many different 20 

taxa and habitats, sometimes not relevant to the study site.  The approach used here 21 

provides for a whole-of-system estimate of the trophic enrichment in 
13

C and δ
15

N for 22 

Lake Samsonvale derived over a number of species, functional feeding groups and 23 

habitats.  This approach to deriving enrichment factors is considered superior to using 24 

mean values reported in the literature from other studies using different communities, and 25 

also helps to reduce the potential variance of estimations of trophic enrichment (Matthews 26 

& Mazumder, 2008; Post, 2002a). 27 

 28 

There is a growing body of literature reporting trophic shift values for 
13

C and 
15

N that vary 29 

for different consumers and in response to a range of endogenous and exogenous factors 30 

(McCutchan et al., 2003).  Despite this apparent variability, the commonly used means for 31 

13
C and 

15
N of 0.4 ‰ and 3.4 ‰ respectively have been shown to provide a reasonable 32 

approximation in the absence of specific empirical data when applied to entire food webs 33 
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with numerous species and possible trophic interactions (Post, 2002a).  However, some 1 

modification to these generally applicable trophic shift values should be considered 2 

depending on the tissue types used (Sweeting et al., 2007).  In a review of the effect of using 3 

different fractionation factors when back-calculating trophic positions, Vander Zanden and 4 

Rasmussen (2001) found that given sufficient separation of source 
13

C values and using 5 

primary consumers as a baseline for estimating trophic position, the effect on calculated 6 

trophic positions was small. 7 

 8 

The approach taken here to derive 
13

C and 
15

N trophic shift values specific for Lake 9 

Samsonvale is in line with recommended practices when suitable data are available for the 10 

system under investigation.  Despite not having direct experimental trials of consumers with 11 

known diets, the use of an mean trophic shift across the whole food web and the use of 12 

consumer-diet shifts from species with relatively constrained diets is a suitable alternative to 13 

applying system non-specific means.  The results of this approach found quite distinct 14 

trophic shifts and thus the site specific values as calculated for 
13

C (0.96 ‰) and 
15

N 15 

(3.65 ‰) are considered reasonable estimates of mean trophic shift for the Lake Samsonvale 16 

food web. 17 

 18 

3.4.3 Sample Treatment 19 

 20 

Adjusting 
13

C results of samples for the lipid content of tissues, whether by chemical 21 

removal or mathematical corrections based on C:N ratios, has been shown to produce 22 

significant changes in the 
13

C values of samples (Kiljunen et al., 2006; Logan et al., 23 

2008).  This is related to the proportion of isotopically depleted lipids of those samples.  24 

The sample preparation methods employed in this study aimed to reduce the potential 25 

effects of lipids by standardising the tissue type and source location on all large bodied 26 

species, being white muscle from the dorsal section of the fish above the lateral line.  In 27 

this way, excess fatty deposits were avoided and when intramuscular lipids where present, 28 

the variability was reduced by keeping the tissue source location constant. 29 

 30 

Data from a range of Lake Samsonvale fish species across different trophic groups 31 

suggests that lipid content is generally quite low (C:N ratios generally <3.5), and the 32 

effects of lipids on 
13

C values are variable between species and could change over time.  33 



95 

The C:N ratios of the liver tissues of bass, golden perch and silver perch were higher and 1 

more variable than muscle tissues, as would be expected given the higher lipid content 2 

typically associated with liver tissues (Pinnegar & Polunin, 1999; Sweeting et al., 2006).   3 

Previous studies on Australian and overseas fish species indicate that C:N ratios are a 4 

reliable predictor of lipid content and corrections for lipid can produce significant increases 5 

in 
13

C values (Logan et al., 2008).  However, it has been reported that lipid correction 6 

may not be necessary in samples with low C:N ratios (e.g <3.5) (Post et al., 2007) or when 7 

using low lipid content tissues such as white muscle (Pinnegar & Polunin, 1999).  Given 8 

that the majority of fish muscle tissue samples from Lake Samsonvale exhibit low C:N 9 

ratios (with the exception of silver perch) it would seem that corrections for lipid content is 10 

not warranted.  However, for snub-nose gar there was a significant depletion in 
13

C with 11 

increasing C:N ratio in the 2005 samples but not in subsequent years, suggesting that lipid 12 

correction may be warranted in some cases.  Despite the statistical significance often 13 

observed in lipid corrected tissue values, the biological relevance of these changes has 14 

been questioned (Logan et al., 2008; Schlechtriem et al., 2003).  In many examples, the 15 

change in 
13

C of lipid corrected tissues can be quite small (<1 ‰), particularly for muscle 16 

tissues.  Logan et al. (Logan et al., 2008) found that in samples containing C:N ratios <3.4, 17 

the change in 
13

C after lipid correction as generally <0.7 ‰. 18 

 19 

The primary reason for considering lipid correction here is for the potential for uncorrected 20 

sample values to affect the estimation of food web structure and likely dietary sources of 21 

consumers.  Mass balance mixing models rely on the discrimination between potential 22 

food sources and subtle, but predictable, changes in the consumer’s 
13

C values.  Even 23 

small differences of 1 ‰ can result in appreciable changes in the estimates of consumer 24 

diets, particularly when the potential sources have relatively similar 
13

C values.  The 25 

greater the separation in 
13

C values between potential energy resources of a consumer, the 26 

less this may affect the interpretation.  It has been demonstrated here that there are only 27 

subtle differences for most species tested between lipid corrected and uncorrected 
13

C 28 

results.  In addition, the relatively wide separation of potential energy sources, indicates 29 

that the need for lipid correction is not warranted for the purposes of this study.  All 30 

subsequent analysis of trophic position and diet estimations has been performed using lipid 31 

uncorrected data. 32 

 33 
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The other common tissue treatment is the acidification of samples to remove inorganic 1 

carbonates such as bones or shells before 
13

C determination.  This is because carbonates 2 

are generally enriched in 
13

C.  Based on the results presented for selected species and the 3 

sample processing approach adopted for the study in Lake Samsonvale, it was decided not 4 

to acidify samples prior to analysis but rather prepare them by removing the fins, head, 5 

scales and viscera prior to isotope analysis.  This was shown to produce comparable results 6 

to muscle tissue only.  Given the variable results of acid treatment for other carbonate 7 

containing food web components (e.g. zooplankton) it was also deemed unnecessary to 8 

acid treat those samples prior to analysis. 9 

 10 

3.4.4 Spatial Variability in 15N 11 

 12 

The presence of spatial variation in the 
15

N values of certain food web components has 13 

been observed in other large lake ecosystems (Harvey & Kitchell, 2000; Xu et al., 2005) 14 

but can often be absent in small to medium sized lakes when no obvious anthropogenic 15 

point source influences are present (Mehner et al., 2005; Syvaranta et al., 2006).  Spatial 16 

variability in 
15

N values also occurs across latitudes and gradients of trophic state (Gu, 17 

2009).  The spatial patterns observed in the Lake Samsonvale food web indicate that site 18 

10001 had enriched 
15

N values of basal food web components and primary consumers 19 

over the other three sites, indicating that there some unique conditions influencing values 20 

at this site but not at the other three sites.   21 

 22 

Enriched 
15

N values of basal energy resources can result from a variety of factors 23 

including the presence of an enriched source of inorganic nitrogen such as fertilisers or 24 

sewerage effluents (Anderson & Cabana, 2006; Hansson et al., 1997; Lindau et al., 1989; 25 

Ulseth & Hershey, 2005), certain biogeochemical processes such as anoxia and high rates 26 

of denitrification (Menzel et al., 2013; Udy et al., 2005), or through the progressive 27 

enrichment of a limited nitrogen pool during periods of high primary productivity 28 

(Syvaranta et al., 2006).  One of the more common drivers for spatial variation in δ
15

N 29 

values is the presence of inorganic nitrogen derived from sewage treatment (Cabana & 30 

Rasmussen, 1996; Xu et al., 2005).  Sewerage derived from humans is generally elevated 31 

in δ
15

N, in part due to the relatively high proportion of animal matter in human diets 32 

producing enriched nitrogen values, but also due to the ammonification processes in 33 
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sewerage treatment plants that volatilises the lighter isotope leading to progressive 1 

enrichment of the effluent.  There are no known sewerage discharges in the vicinity of site 2 

10001, however the same ammonification processes leading to enrichment of 
15

N could 3 

be occurring at the anoxic sediment/water interface due to biogeochemical processes that 4 

are present during periods of stratification. 5 

 6 

Enrichment of δ
15

N values due to biogeochemical processes has been proposed as the 7 

cause for elevated δ
15

N values in sediments, phytoplankton, zooplankton and fish from 8 

various lake ecosystems (Harvey & Kitchell, 2000; Lehmann et al., 2004b; Menzel et al., 9 

2013; O'Reilly et al., 2002) and in streams (Bergfur et al., 2009; Kohzu et al., 2008; Udy 10 

& Bunn, 2001).  The enrichment is largely attributed to the processes of denitrification in 11 

anoxic sediments, resulting in the preferential removal of the lighter isotope being lost to 12 

the atmosphere as nitrogen gas (Havens et al., 2003; Lehmann et al., 2003).  The presence 13 

of a bubble plume destratification unit in the vicinity of site 10001 enhances to some 14 

degree the mixing of the hypolimnion with the epilimnion, thus bringing to the surface 15 

potentially enriched dissolved nitrogen generated by denitrification occurring at the 16 

sediment/water interface.  Research into the biogeochemical effects of the bubble plume 17 

destratifier in Lake Samsonvale (Jones et al., 2000; Littlejohn, 2004) suggests that this 18 

devise is capable of breaking down thermal stratification through physical mixing in close 19 

proximity to the bubble plume, however, this mixing may also be increasing nutrient 20 

concentrations in the epilimnion. The persistence of sediment anoxia, despite the 21 

destrafication unit increasing water column dissolved oxygen concentrations, is thought to 22 

be an ongoing source of nutrients to the water column (Littlejohn, 2004).  Much of the 23 

evidence of the effect of the destratifier is based on phosphorus dynamics, with some 24 

incomplete data on nitrogen dynamics (Littlejohn, 2004), however, the author postulated 25 

that the increased oxygen concentrations throughout the water column as a result of the 26 

destratification unit, would provide conditions conducive to rapid nitrification of ammonia 27 

in the hypolimnion.  28 

 29 

The partial destratification of Lake Samsonvale by the bubble plume could result in a 30 

constant upward movement of δ
15

N enriched inorganic nitrogen from bottom waters of the 31 

lake where denitrification processes continue to occur at the sediment water interface. This 32 

would lead to a progressive enrichment of epilimnion POM over the period of stratification 33 
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in summer months. A comparison of ammonia concentrations at the surface and near 1 

bottom waters indicate there are generally higher concentrations in the bottom waters of 2 

the lake for the majority of the year, with periodic peaks during the warmer months when 3 

partial or complete stratification is likely to occur (Figure 17). Anoxic conditions in the 4 

sediments of lakes and reservoirs can result in elevated concentrations of nitrogen in 5 

overlying water (Al Bakri & Chowdhury, 2006) a process observed to occur in sediment 6 

cores taken from Lake Samsonvale (Jones et al., 2000). 7 

 8 

 9 

Figure 17: Ammonia concentrations (mgL
-1

) measured at the dam wall site (10001) from 10 

the top 1m of the water column (black line) and near bottom (grey line) in Lake 11 

Samsonvale from January 2005 to July 2007. Data sourced from Seqwater. 12 

 13 

In situations where nitrogen may be in high concentrations, this cycling from the sediments 14 

may lead to progressive enrichment of the 
15

N value due to high microbial activity and 15 

incomplete denitrification (Hart & Grace, 2000; Ostrom et al., 2002).  However, the degree 16 

of enrichment in 
15

N can be complicated by the complexity of nitrification and 17 

denitrification occurring in lakes (Ostrom et al., 2002) that are also likely to occur in Lake 18 

Samsonvale due to the complex conditions occurring at the sediment-water interface and 19 



99 

with the destratification unit only partially influencing stratification patterns across the lake 1 

(Littlejohn, 2004). 2 

 3 

When present, differences in δ
15

N values at the base of the food web have often been 4 

observed to persist into higher order consumers, particularly the more sedentary consumers 5 

that inhabit restricted geographic areas and source all their energy from these areas 6 

(Harvey & Kitchell, 2000).  This enrichment effect diminishes with the larger more mobile 7 

fish species whose values are likely reflecting food sources derived from widely spread 8 

geographical areas within their habitat range (Harvey & Kitchell, 2000).  This general 9 

pattern is also apparent in Lake Samsonvale whereby the smaller bodied and benthic 10 

dwelling primary consumers closely reflect the variability in the 
15

N value at the base of 11 

the food web for each site, but this effect diminishes in the larger bodied, more mobile 12 

species like bass. 13 

 14 

In summary, this chapter has shown that stable isotopes provide a suitable tool to describe 15 

food web structure and trophic processes in Lake Samsonvale.  Many of the fundamental 16 

geochemical processes that establish stable isotope values in primary producers, and the 17 

subsequent transfer of these unique signatures to higher order consumers apply in this 18 

system.  It has also shown that the methods used in this study are sufficient to describe the 19 

food web of Lake Samsonvale.20 
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Chapter 4 Lake Samsonvale Food Web 1 

4.1 Introduction 2 

 3 

Considerable research effort has been invested in recent years to improve the knowledge 4 

base of ecosystem functioning in Lake Samsonvale, with a particular focus on the 5 

causative factors leading to cyanobacteria blooms.  This effort has largely concentrated on 6 

the ecophysiology of the dominant cyanobacteria species Cylindrospermopsis raciborskii 7 

and characterising the nutrient dynamics of the pelagic zone of the lake (Antenucci et al., 8 

2005; Burford, 2006; Burford et al., 2006; Burford & O'Donohue, 2006; Harris & Baxter, 9 

1996; Littlejohn, 2004).  Other research has attempted to quantify the nutrient budget of 10 

the reservoir, principally focussing on the catchment nutrient loads, benthic release rates 11 

and pelagic nutrient pools (AWT, 1998; Barry & McAlister, 2002; Chiswell & Huang, 12 

2002; Douglas et al., 2001; Jones et al., 2000; Longmore, 2001; Sinclair Knight Merz, 13 

2002).  In terms of the role and functioning of the broader ecosystem, past research effort 14 

is largely restricted to baseline descriptive surveys following the lake first filling (King, 15 

1982) and selected species-specific investigations (Arthington et al., 1992; Arthington et 16 

al., 1994; Hamlyn & Murphy, 1995). 17 

 18 

Despite the importance of this lake as a drinking water supply and the historical research 19 

efforts, there has been limited research to understand the role of the macroscopic biota and 20 

the broader food web in lake functioning and productivity.  This is despite evidence in the 21 

literature that the broader lake food web has the potential to influence phytoplankton 22 

populations and nutrient dynamics through various processes including direct consumer 23 

interactions and indirect resource processing functions (Carpenter, 1988; DeAngelis, 1992; 24 

Griffiths, 2006; Jeppesen et al., 2005b; Polis & Winemiller, 1996; Rejas et al., 2005; 25 

Sereda et al., 2008b; Vanni et al., 2006).  Describing the food web structure provides a 26 

platform for holistic management of aquatic ecosystems.  Many of the common problems 27 

facing management of water quality in lakes and reservoirs require an understanding of the 28 

community structure and how populations interact to affect various ecosystem attributes.  29 

In the case of Lake Samsonvale, some of these resource management problems would 30 

include the impact of long-term eutrophication on phytoplankton productivity (e.g. toxic 31 
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cyanobacteria blooms), the influence of macrophyte biomass on nutrient dynamics (e.g. 1 

alternative stable states), impacts of introduced species on system functioning (e.g. tilapia, 2 

red-claw crayfish, fish stocking) and the effects on ecosystem functioning of prolonged 3 

periods of drought.  Food webs provide a model of how different producers and consumers 4 

are linked and how they interact to affect lake community composition and population 5 

dynamics of particular species or components of concern. 6 

 7 

Given the food web within Lake Samsonvale is a highly modified system with numerous 8 

introduced and native species, combined with high catchment nutrient loads and long water 9 

retention times, there is a need to better understand the dominant processes and interactions 10 

that occur within the food web and what roles individual components have in nutrient 11 

cycling and overall ecosystem functioning.  Understanding these dominant food web 12 

interactions within Lake Samsonvale will provide a basis for incorporating broader food 13 

web processes into the longer term management goal of reducing the harmful effects of 14 

cultural eutrophication within the lake and ultimately reducing the frequency and severity 15 

of harmful algae blooms. 16 

 17 

The productivity of a reservoir is driven by the energy sources available and the pathways of 18 

cycling through the food web community, mediated by various biogeochemical processes.  19 

Energy sources enter the reservoir as inputs from the catchment (allochthonous) and through 20 

the production and cycling by organisms within the lake (autochthonous).  Once these 21 

energy sources enter the system they undergo various processes including physical break 22 

down, decomposition or direct consumption by consumers.  These processes utilise the 23 

organic matter in the system and subsequently release inorganic compounds making them 24 

available for uptake into new sources of primary production.  The productivity of a reservoir 25 

is thus dependant on both the inputs of energy to the system from external sources, but also 26 

just as importantly, the internal energy cycling pathways of organic and inorganic matter 27 

mediated by components of the food web and the biogeochemical processes operating within 28 

the system.  While external energy inputs may determine the potential productivity of a 29 

reservoir ecosystem though periodic loading and accumulation in sediments, it is the 30 

complexity of food web processes and various consumer mediated processing of this energy 31 

that is of fundamental importance in regulating the productivity of reservoir ecosystem 32 

(Carpenter et al., 1985). 33 

 34 
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Combining the concepts of conventional food web theory with literature on the trophic 1 

ecology of the macroscopic biota in Lake Samsonvale, I have proposed a conceptual food 2 

web model that depicts the theoretical food web linkages and likely pathways of energy 3 

flow through the major components of a typical lake food web system (Figure 18).  The 4 

conceptual model provides no indication of the relative importance of the linkages or what 5 

species belong to the various functional categories, neither does it attempt to represents all 6 

possible direct and indirect interactions between food web components of the lake.  The 7 

purpose of the model is to provide an initial framework for investigation and to condense 8 

available information on the food web components in Lake Samsonvale in terms of 9 

dominant interactions and the energy flow paths.  The model thus provides a representation 10 

of the overall pattern of energy flow through the system and does not aim to represent 11 

temporal aspects, such as seasonal changes, or catchment inflows, or ontogenetic 12 

variability within species.  For this research, carbon and nitrogen isotopes have been used 13 

to determine the dominant sources of energy entering the food web, and the major energy 14 

pathways throughout the food web. 15 

 16 

The conceptual model represents new sources of energy (in terms of carbon) and nutrients 17 

(principally referring to nitrogen) for stimulating primary and secondary production as 18 

three dominant components, as represented by yellow boxes, including catchment energy, 19 

detritus (representing a bacterial decomposition pathway) and phytoplankton (specifically 20 

nitrogen fixing cyanobacteria).  New sources of energy represented in this model are those 21 

supplied to the system either externally or via biogeochemical processes cycling nutrients 22 

largely unavailable to the food web (e.g. as detritus under the thermocline).  The catchment 23 

inflows deliver energy and nutrients during periods of flood in dissolved and particulate 24 

forms.  A second potential source of new energy and nutrients is through the nitrogen 25 

fixing capability of cyanobacteria.  The phytoplankton community of Lake Samsonvale is 26 

often dominated by cyanobacteria, particularly Cylindrospermopsis and Anabaena species.  27 

Both are known to fix atmospheric nitrogen, but at relatively low rates (Burford et al., 28 

2006) so potentially represent a new source of nitrogen and organic carbon to the system. 29 

 30 

Another major source of energy to the lake is the detritus.  For the purposes of defining the 31 

energy sources available to the food web, the detritus is considered a separate energy 32 

source.  A large proportion of this detritus may reside deep in the lake below the 33 

thermocline and in the anoxic hypolimnion of the lake.  Detritus in the littoral, oxic zone of 34 
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the lake would be more available directly as an energy source to consumer.  In addition, 1 

biogeochemical processes in the lake would liberate some of this bound organic matter as 2 

dissolved nutrients.  This then conceptually forms a new source of energy in the form of 3 

dissolved nutrients, to the primary producers of the lake.  There are other potential sources 4 

of new energy inputs to the lake such as atmospheric deposition, or aquatic bird inputs for 5 

example (Finlay et al., 2007; Hahn et al., 2008; Mosello et al., 2001) for Lake Samsonvale 6 

it is assumed that the predominant energy sources come from the catchment during large 7 

flood events and internally cycled from the sediments.  Energy sources from the catchment 8 

can enter the system in a variety of forms including highly bioavailable dissolved nutrients 9 

and readily digestible/degradable organic matter, as well as less available forms of organic 10 

and inorganic dissolved nutrients and coarse particulate matter.  Once these forms of new 11 

energy enter the lake they are either assimilated directly by the autotrophs, consumed by 12 

some components of the food web or contribute to the sediment pool as detritus. 13 

 14 

 15 

Figure 18: Preliminary conceptual diagram of the food web structure and potential 16 

energy pathways within Lake Samsonvale. 17 

 18 

The major components of primary production in the lake are represented in the conceptual 19 
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diagram as macrophytes, periphyton, phytoplankton and cyanobacteria.  Although not 1 

strictly a form of primary production, the detritus pool is a form of primary energy 2 

available to some higher consumers as well as representing a potential source of new 3 

dissolved nutrients.  These primary energy sources (including detritus) then enter a number 4 

of pathways via higher consumers, which ultimately all contribute to the particulate and 5 

dissolved nutrient pools through excretion and decomposition of dead organisms.  These 6 

complex set of interactions between the resources and consumers establish a cycling of 7 

energy between the living and non living components of the food web.  In this study, 8 

carbon and nitrogen isotopes are used to trace this cycling of energy. 9 

 10 

The use of stable isotopes to construct food webs provides a time-integrated picture of the 11 

dominant resource-consumer interactions.  In some cases this provides a much more 12 

reliable picture of the dominant processes and can also reveal some patterns often not 13 

obvious using traditional gut content analysis or observational studies.  Stable isotopes also 14 

provide tools to assess the dominant nutrient cycling pathways through the food web and 15 

can highlight the relative importance of different food web components in nutrient cycling 16 

processes. 17 

 18 

One of the major assumptions with describing food webs using stable isotopes is that the 19 

primary energy sources, through their unique isotope values, establish unique patterns 20 

between the consumer and resource links such that these patterns can be used to trace 21 

interactions in the food web.  Variations in the 
13

C and 
15

N values of the energy sources 22 

available in food webs are a reflection of the available sources of nitrogen and inorganic 23 

carbon and the variable fractionation effects that occur during uptake and assimilation of 24 

these sources (Post, 2002a).  Typically under conditions of naturally occurring 25 

concentrations of nitrogen, there are only minor fractionation effects during assimilation by 26 

primary producers and thus the 
15

N value of these organisms often reflects the value of 27 

the dominant sources of inorganic nitrogen available to the food web (Fry, 2006).  Carbon, 28 

however, can undergo considerable fractionation during the processes of photosynthesis 29 

that captures inorganic forms of carbon and through processes of bacterial decomposition 30 

(Fry, 2006). 31 

 32 

Although the Lake Samsonvale conceptual food web model does not represent temporal or 33 
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spatial variation, this is an important feature of many lake ecosystems.  Sources of 1 

inorganic carbon and nitrogen can change temporally and spatially within lake ecosystems 2 

as a result of various factors including biogeochemical processes and inputs of external 3 

sources (Gu & Schelske, 1996; Lehmann et al., 2004b; Matthews & Mazumder, 2003; 4 

Syvaranta et al., 2006; Xu et al., 2005).  These changes can have significant effects on the 5 

isotope values of primary energy sources and can confound the use of isotopes in extreme 6 

cases if the drivers are not understood (Finlay, 2004).  As a result, it is often necessary to 7 

characterise the variability in the isotope values of the food web across spatial and 8 

temporal scales to determine the significance of these effects on food web patterns.  The 9 

amount of spatial variability in the food web patterns has been explored in Chapter 3.  10 

Temporal patterns are often associated with seasonally driven processes due to a range of 11 

factors.  In the case of carbon, the seasonal change in productivity of primary producers 12 

and associated shifts in the CO2/HCO3 balance can influence primary producer 
13

C values 13 

(Finlay, 2004).  While changes in the oxygen balance of the lake ecosystem can increase 14 

anoxic bacterial breakdown liberating depleted inorganic carbon sources (Keough et al., 15 

1998; Rau, 1978). 16 

 17 

When the aim is to describe broader whole of food web shifts over time, an alternative 18 

approach to characterising these short term ‘seasonal’ changes in primary producer isotope 19 

values, could be to sample the food web at the same fixed point in time each year.  Using 20 

this approach, similar seasonal conditions will prevail at each chosen sample time and can 21 

then be used to compare across longer time scales (e.g. annual changes) in order to detect 22 

major shifts in food web patterns.  This assumes that for the chosen period, the preceding 23 

conditions are generally similar between years sampled.  The seasonal changes in isotopes 24 

values of primary producers have been shown to be relatively predictable between years 25 

(Perga & Gerdeaux, 2006).  For this reason, the period chosen for sampling the food web 26 

each year for this study was fixed in the late summer to early autumn period. 27 

 28 

Studies have shown that for many of the larger bodied consumers, the temporal shift in 29 

tissue isotope values can take considerable time to equilibrate, or turnover, following a 30 

change in primary energy sources consumed (Gustafson et al., 2007).  Turnover times can 31 

be greater than 100 days in many fish species (Logan et al., 2006) and can be greatly 32 

affected by the stage of growth and metabolic rate of an individual (Bosley et al., 2002; 33 

Grey, 2000).  Generally pelagic invertebrates, zooplankton or fish larvae have much higher 34 
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rates of turnover, in the order of days to weeks (Grey, 2000; Kaufman et al., 2008; Perga & 1 

Gerdeaux, 2006).  Given these variations in isotope values are reasonably predictable for 2 

source and primary consumers, and that isotope values of larger organisms integrate over 3 

quite long time scales, the presence of short term seasonal fluctuations may not be a 4 

significant factor that would affect the interpretation of longer term (e.g. annual) shifts in 5 

food web patterns.  Various methods have been proposed to account for the possibility of 6 

seasonal or episodic changes in primary energy source isotope values such as sampling a 7 

suitable primary consumer at the base of the food web that integrates the effects of 8 

temporal variability in isotope values of primary energy sources (Post, 2002a).  It has been 9 

demonstrated that long-lived filter feeding mussels and surface grazing snails are suitable 10 

organisms to provide stable baseline isotope values for determining trophic structure of 11 

lakes (Cabana & Rasmussen, 1996; Post, 2002a; Vander Zanden & Rasmussen, 1999). 12 

 13 

This chapter presents the results of the food web analysis of Lake Samsonvale in 2005, a 14 

point in time when the lake was experienced hydrological conditions that are at the 15 

extreme lower range of what could be considered typical conditions over the reservoir’s 16 

history.  The chapter also identifies the likely energy sources available to the food web, the 17 

dominant feeding interactions between major food web components and the species 18 

specific feeding patterns observed.  This information will provide a basis for describing the 19 

major species’ functional roles in nutrient processing within the lake and will enable the 20 

refinement of the conceptual food web model to better depict the relative importance of 21 

energy sources and the dominant pathways of energy flow through the system. 22 

 23 

This chapter aims to address the following questions: 24 

1. What are the dominant source of carbon and nitrogen supplying the Lake 25 

Samsonvale food web; 26 

2. Does the Lake Samsonvale food web exhibit trophic structure; 27 

3. Does the Lake Samsonvale food web exhibit ontogenetic, spatial or temporal 28 

variability in stable isotope values. 29 

 30 
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4.2 Methods 1 

4.2.1 Sampling 2 

 3 

Data for this chapter was collected in the summer from January to March in 2005 at the 4 

sites described in Chapter 3 (Figure 8).  Data were collected on two separate occasions 5 

including 27 and 28 January 2005 and 8 and 9 March 2005, with a small number of 6 

additional samples being collected between these dates.  Additional samples of catchment 7 

POM were analysed from flow events that occurred within the 6 months prior to the 2005 8 

sampling events to provide an indication of catchment energy sources available to the food 9 

web.  Monthly lake nutrient samples collected by South East Queensland Water 10 

Corporation were also retained for analysis of POM for the periods between major 11 

sampling events. 12 

 13 

Details of the sampling strategy have been covered in Section 3.2 in Chapter 3.  In summary 14 

the dominant primary producers collected from the lake included the submerged 15 

macrophytes Hydrilla verticillata, Vallisneria sp. and Potamogeton pectinatus, the 16 

periphyton attached to these macrophytes and the suspended particulate organic matter 17 

(POM).  Macrophytes were collected in the shallow littoral zone (<1.5 m deep) and a sub-18 

sample of 10-15 cm piece of the actively growing shoot tip.  A single sample consisted of a 19 

composite of multiple shoots from plants across an area of approximately 20 m around the 20 

designated sample site.  Periphyton samples were sourced from the surfaces of macrophytes 21 

by removal with a soft brush and filtered onto pre combusted 0.45 µm glass fibre filters.  22 

Other primary producers that were also sampled when present at a site included filamentous 23 

algae (Spirogyra) and a charophyte (Chara sp.).  Bulk POM samples were collected using a 24 

3 m long (70 mm dia.) PVC depth integrating sampling tube and 5 L van Dorn bottle for 25 

surface and bottom waters samples respectively.  Particulate material was then filtered onto 26 

the same glass fibre filters as for periphyton.  Due to the lake storage volumes decreasing in 27 

the months prior to sample collection (Figure 1) no emergent littoral or terrestrial vegetation 28 

growing along the shoreline was collected. 29 

Detritus samples were obtained with a sediment grab from two depth regions, the photic 30 

littoral zone adjacent the macrophyte beds, and the profundal zone in approximately 31 

10-30 m of water, depending on the site conditions.  The rationale behind these two sample 32 
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depths was to obtain samples exposed to two extremes of oxygen concentration in the 1 

overlying water that is typically observed in the lake during the summer months.  Strong 2 

thermoclines develop in summer producing distinct layers with considerable oxygen 3 

depletion occurring in the deeper layers.  The thermocline is typically positioned around 8 4 

m deep, thus samples taken in depths less than 8 m represent sediments exposed to well 5 

oxygenated waters and those deeper than 8m represent sediments exposed to 6 

oxygen-depleted waters.  It was postulated that due to oxygen availability in these two 7 

zones, the shallow water benthic samples were more likely to represent what higher order 8 

benthic consumers were feeding on.  It is likely that the deep water benthic samples subject 9 

to dissolved oxygen depletion are also important sources of recycled carbon and nitrogen 10 

via biogeochemical processes.  For this reason a comparison of the isotope values of the 11 

deep water and shallow water benthic samples was undertaken. 12 

 13 

The majority of macroscopic biota was sampled using a combination of baited traps, seine 14 

netting, gill netting and angling.  The range in sampling gear ensured a broad range of sizes 15 

and species were collected for analysis.  This also enabled the analysis of ontogenetic 16 

variations in the diet of certain consumers.  All fresh samples were stored in clean plastic 17 

bags or vials, kept on ice until return to the laboratory for freezing prior to processing for 18 

isotope analysis.  In addition to samples being collected for stable isotope analysis, a range 19 

of other data was collected for the larger macroscopic biota including catch per unit effort, 20 

length and weight.  For the larger recreationally important fish species stocked into the 21 

lake, otoliths were retained for age estimates. 22 

 23 

For species with sufficiently large sample sizes and with a wide range of body size 24 

collected, the ontogenetic variation in isotope values was assessed for significant linear 25 

relationships.  For species with non-linear patterns in length or weight and isotope values, 26 

the data were first log transformed to improve linearity.  A comparison of the relationship 27 

between isotope values and size for many of the larger bodied omnivorous and carnivorous 28 

fish species was somewhat constrained by the capture of large specimens.  This was in part 29 

due to the sampling methods used, but may also due to the fact that most of these larger 30 

bodied species do not reproduce in the reservoir and thus only occur as fingerlings stocked 31 

periodically.  For many of the smaller bodied forage fish and macroinvertebrates species, 32 

samples were obtained by pooling a number of individuals, so any assessment of 33 

ontogenetic isotope changes were not possible.  Tests for the significance of the linear 34 
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regression of length or weight and 
13

C and δ
15

N values were determined using SPSS.  1 

Assumptions for the linear models were checked by visual assessment of the cumulative 2 

probability plots and standardised residuals. 3 

 4 

Some components of the food web that were used to estimate diets of consumers, or 5 

construct trophic level estimates were not collected on these main sample dates due to either 6 

methodological restrictions or incorrect assumptions made at the time of sampling.  The 7 

initial analysis of the results revealed that a number of refinements to sample protocols were 8 

needed for future sampling rounds to account for these assumptions and to refine the 9 

composite nature of some samples that were collected.  This included undertaking greater 10 

size separation of zooplankton samples and investing additional effort to collect aquatic 11 

invertebrates and juvenile stages of certain fish species.  In some cases data may be drawn on 12 

from these later sampling rounds (in both 2006 and 2007) to assist in the interpretation of the 13 

2005 data. 14 

 15 

The hydrology of the Lake Samsonvale catchment leading up to the 2005 sampling included 16 

below average catchment rainfall and inflows resulting an extended period of steady lake 17 

level declines (see Figure 1, Chapter 2).  The lake level in 2005 was at the lower range of 18 

lake levels typically experienced at the end of a period of below average rainfall and was 19 

approximately 50% of FSL. 20 

 21 

4.2.2 Estimation of Trophic Levels 22 

 23 

Using the 
15

N value of consumers to estimate trophic position is a widely used technique, 24 

however it is necessary to correct the consumer 
15

N values against a baseline value for the 25 

system being described (Post, 2002a).  This is typically required when comparing different 26 

sites or periods in time, because it has been demonstrated that 
15

N values of basal 27 

resources can vary between locations and this variability will propagate through to the 28 

higher consumers making comparisons between locations difficult.  Therefore, before 29 

determining the trophic level of consumers, an estimate of the isotope value of the base of 30 

the food web from each location is required.  This value is then used in the calculation of 31 

trophic level by correcting for any differences between sites or times.  The trophic level 32 
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(TL) for each consumer relative to basal sources (TL = 1) is then calculated using the 1 

equation: 2 

 3 

TL = [ (
15

Nconsumer – 
15

Nbase) / ∆
15

N ] + 1    (1) 4 

 5 

where 
15

N = the mean trophic enrichment in δ
15

N per trophic step and δ
15

Nbase is the 6 

mean δ
15

N value for the basal sources at each site (Post, 2002b).  The unit 1 in this 7 

equation is used to represent the trophic position of the 
15

Nbase. 8 

 9 

One problem often encountered with this estimation method is the degree of spatial 10 

variability often observed in the 
15

N values of the base of the food web (Syvaranta et al., 11 

2006; Xu et al., 2005) which can make estimating a reliable mean for the δ
15

Nbase in 12 

equation 1 difficult.  One suggested approach to overcome this problem when it occurs is 13 

by using the isotope value of a relatively long-lived primary consumer such as unionid 14 

mussels (Cabana & Rasmussen, 1996; Post, 2002a; Vander Zanden et al., 1999) or snails 15 

(Post, 2002a) that integrate the temporal variation in primary producer isotope values 16 

within the study system, while still retaining the spatial variability that is inherent in the 17 

systems being studied.  Trophic levels are then estimated using the mean 
15

N value of the 18 

selected primary consumer(s).  This however may not always be necessary and will depend 19 

somewhat on the degree of spatial and temporal variability observed in values at the base 20 

of the food web. 21 

 22 

The combined means of 
15

N values for Lake Samsonvale basal resources from most sites 23 

were relatively similar (Figure 10).  As demonstrated previously however (see Chapter 3 24 

Section 3.3.5) the mean δ
15

N values of all basal resources combined were significantly 25 

different between the four sample sites, with site 10001 being largely responsible for the 26 

significant difference.  When site 10001 samples were removed from the analysis, the three 27 

remaining sites were not significantly different (F2,36 = 2.77, P=0.08).  One-way ANOVA 28 

and Tukey HSD tests between all the individual basal resources from all sampling sites 29 

combined, indicated there was no significant differences between any of these individual 30 

basal component 
15

N values (F8,43 = 1.98, P=0.07) (Table 9).  However, given the 31 

significant differences observed in the δ
15

N values of all basal resources combined from 32 

site 10001, the ANOVA and Tukey HSD tests on individual basal components were re-run 33 

excluding site 10001 samples.  This revealed significant differences between basal 34 
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resources (F8,30 = 3.84, P=0.003) with Vallisneria and Chara being significantly different 1 

to Pelagic POM samples (Table 9). Vallisneria and Chara were present at most sites 2 

however in relatively low abundance and when present typically found in the very shallow 3 

margins of the lake.  For this reason it was decided that these two basal resources would be 4 

excluded from the analysis and the ANOVA and Tukey HSD tests were re-run.  The 5 

resulting analysis showed that the basal components sampled from each of these three sites 6 

(10006, 10009, 10010) were not significantly different (F6,27 = 1.66, P = 0.17).  Ultimately 7 

the mean 
15

N value of basal resources, excluding Vallisneria and Chara, were used from 8 

site 10001 to estimate 
15

Nbase in equation 1 to calculate the trophic position of food web 9 

components at site 10001, and the same basal resources combined from sites 10006, 10009 10 

and 10010 were used to estimate 
15

Nbase for the remaining food web components sampled 11 

across the lake. 12 

 13 

The 
15

N trophic enrichment value (∆15
N = 3.65 ‰) used in equation 1 was that derived 14 

from the whole of food web analysis of 
15

N values as detailed in Chapter 3.  Detritus in 15 

this study is assigned a trophic level of 1 on the assumption that detritus represents a basal 16 

resource for the food web.  This is consistent with the reasoning of Williams and Martinez 17 

(Williams & Martinez, 2004) in that the detritus represents a combination of many 18 

potential dead and decomposing organisms and thus cannot explicitly be assigned an 19 

intermediate trophic position. 20 

 21 
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Table 9: Tukey HSD test for significance differences between all basal resources from 1 

sites 10006, 10009, 10010. 2 

Basal Resource 
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Vallisneria           

 Spirogyra 0.99         

Potamogeton 0.93 0.99        

Periphyton 0.17 0.66 0.96       

Pelagic POM 0.02* 0.28 0.74 1      

Chara 1.00 0.99 0.83 0.14 0.02*     

Littoral Sediment 0.14 0.70 0.98 1.00 0.99 0.12    

Littoral POM 0.06 0.53 0.93 1.00 0.99 0.06 1.00   

Hydrilla 0.10 0.51 0.89 1.00 1.00 0.09 0.99 1.00  

* Significantly Different (P<0.05). 3 

 4 

4.2.3 Diet Estimations 5 

 6 

Within large lake ecosystems there can be numerous potential diet sources available to a 7 

consumer.  This creates problems when using mass balance mixing models that are 8 

constrained by the number of tracers used to calculate a unique solution.  For this reason the 9 

diet of Lake Samsonvale consumers was estimated using the IsoSource mass balance mixing 10 

model of Phillips (Phillips & Gregg, 2003).  This model can handle a relatively large number 11 

of potential food sources, however to reduce the complexity and computation times of the 12 

IsoSource mixing model, the total number of potential food sources available to a consumer 13 

were rationalised to a maximum of five or six using a number of source reduction 14 

approaches.  The first approach was to plot the mean consumer values, after correcting for 15 

the trophic shift (0.96 ‰ for 
13

C and 3.65 ‰ for 
15

N) against the means for a range of 16 

likely energy sources.  This biplot provided a heuristic tool to visualise the range of potential 17 

dietary sources and to flag any that are isotopically dissimilar and thus can be eliminated or 18 
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tested to see if the inclusion made any relative difference to the diet estimations.  The 1 

decision to include or exclude a potential energy source from these plots was also guided by 2 

known dietary information for a consumer (Appendix 1) as well as logical restrictions such 3 

as physical limitations of either the prey or consumer (e.g. mouth gape, body size, etc).  The 4 

second approach used to reduce the total number of potential energy sources was to assess 5 

for significant differences between potential sources that were isotopically similar using 6 

pair-wise t-tests or ANOVA techniques and then grouping those found to be not significantly 7 

different.  The grouping together of sources was only done when those under consideration 8 

belonged to similar functional categories within the food web.  For example it was not 9 

appropriate to combine a fish and a plant sample even if their values were similar.  These 10 

source reduction approaches are similar to those suggested by Phillips and Gregg (Phillips et 11 

al., 2005a). 12 

 13 

The output from the IsoSource mixing model includes a summary of all feasible solutions for 14 

the proportions of dietary sources that equate to the consumer value, within a specified 15 

tolerance range.  The summary information provided from the model includes the mean and 16 

the range (maximum, minimum and the 1
st
 and 99

th
 percentiles).  The 1

st
 and 99

th
 percentiles 17 

were reported here as they effectively truncated the long tails of any widely spread 18 

distribution estimates.  In addition, the mean of all feasible distributions was used as a 19 

relative indication of the likely importance of a source to a consumer.  The starting point for 20 

all IsoSource models was a tolerance value of 0.1 and an increment of 1 ‰.  In some cases, 21 

using these constraints failed to produce any feasible solutions.  This was often due to the 22 

trophic shift corrected consumer values being marginally out of bounds of the polygon made 23 

up the likely dietary sources.  In these cases, the tolerance was gradually increased until a 24 

feasible solution was achieved. 25 

 26 

Previous stable isotope studies have observed changes in the isotope values of a range of 27 

species as body size increases (Bunn et al., 2003; Genner et al., 2003; Xu et al., 2008).  To 28 

assess if changes in isotope values occur with body size, a number of the more abundant 29 

species with sufficient sample sizes were analysed using Pearson correlation regression 30 

analysis.  Species chosen for this analysis included bass (Macquaria novemaculeata), red-31 

claw crayfish (Cherax quadricarinatus), snub-nose gar (Arrhamphus sclerolepis) and bony 32 

bream (Nematolosa erebi). 33 

 34 



114 

Not all species sampled were analysed for diet estimations.  Only those that were present in 1 

high relative abundance, were of recreational importance and thus actively stocked into the 2 

reservoir, known translocated or invasive species or are perceived to have the potential to 3 

influence the ecosystem structure and function were chosen for analysis.  In general these 4 

represented most species that occupied unique isotope space in the 
13

C and δ
15

N biplots.  5 

For some of the species not chosen for dietary estimations and had isotope values that 6 

closely aligned to another modelled species, their diets may broadly be inferred from those 7 

modelled species. 8 

 9 

4.3 Results 10 

4.3.1 Ontogenetic Variability in 13C and 15N 11 

 12 

Graphs presenting the results of species body size compared to 
13

C and δ
15

N values 13 

indicate that for a number of consumers there are considerable ontogenetic variations in the 14 

13
C and δ

15
N values (Figure 19).  The Pearson’s correlations and significance levels for 15 

each regression are presented in Table 10. 16 

 17 

Based on the relationship between body size and the 
13

C and 
15

N values for bass (M. 18 

novemaculeata), golden perch (M. ambigua) and silver perch (B. bidyanus), it was found 19 

that there were only minor changes in isotope values with increasing size.  With the 20 

exception of length versus 
13

C for silver perch, all other comparisons were not significant 21 

(Figure 19, Table 10).  The top level carnivore, Australian bass, showed only minor 22 

variation in isotope values over the range of sizes sampled.  The linear regression model 23 

for these relationships and the ANOVA F tests reveal that the slope, although positive for 24 

δ
15

N, is not significantly different to zero (equation = 15.84 + 0.005 x bass length, F1,29 = 25 

3.25, P = 0.082, r
2
 = 0.10).  Similarly for 

13
C, the slope is tending to decrease with 26 

increasing body length but this is not significantly different to zero (equation = -21.16 - 27 

0.006 x bass length, F1,29 = 4.13, P = 0.051, r
2
 = 0.13).  Analysis of the golden perch 28 

samples shows some tendency for changes in either δ
15

N or 
13

C over the length of fish 29 

sampled but both were not significantly different to a slope of zero (δ
15

N equation = 13.61 30 

+ 0.007 x golden perch length, F1,7 = 1.4, P = 0.28, r
2
 = 0.17, and 

13
C = -26.71 + 0.013 x 31 

golden perch length, F1,7 = 3.20, P = 0.12, r
2
 = 0.31).  The results for silver perch showed 32 
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only slight increases in δ
15

N values over a relatively small size range of adult fish, whereas 1 

the 
13

C values show a considerable enrichment of around 5 ‰ over this size range.  The 2 

linear regression model and ANOVA F test found there to be no significant difference 3 

from zero in the slope for δ
15

N (equation = 10.42 – 0.005 x silver perch length, F1,14 = 4 

0.81, P = 0.39, r
2
 = 0.05), whereas for 

13
C the regression explained around 45% of the 5 

variation and the ANOVA F test found a highly significant slope greater than zero 6 

(equation = -36.19 + 0.036 x silver perch length, F1,14 = 11.66, P = 0.004, r
2
 = 0.45). 7 

 8 

Table 10: Pearson’s correlation coefficients and associated levels of significance for 9 

the linear relationship between 
13

C and 
15

N, length and weight for those species 10 

with sufficient data. 11 

Species 
13

C vs 
15

N Length vs 
13

C  Length vs 
15

N  

Bony Bream 

(N. erebi) – 2005 Data 

0.06 

F44 = 2.74 

0.04 

F44 = 1.63 

0.07 

F44 = 3.58 

Bony Bream 

(N. erebi) – All Data 

0.03 

F114 = 3.41 

0.10*** 

F114 = 12.47 

0.28*** 

F114 = 44.46 

Snub-nose Gar  

(A. sclerolepis) 

0.15  

F24 = 4.10 

0.63 *** 

F24 = 41.42 

0.009 

F24 = 0.23 

Silver Perch  

(B. bidyanus) 

0.08 

F14 = 1.21 

0.45 ** 

F14 = 11.66 

0.05 

F14 = 0.81 

Golden Perch  

(M. ambigua) 

0.18 

F7 = 1.54 

0.31 

F7 = 3.2 

0.17 

F7 = 1.4 

Bass 

(M. novemaculeata) 

-0.75 *** 

F29 = 87.93 

0.13 

F29 = 4.13 

0.10 

F29 = 3.25 

  Weight vs 
13

C  Weight vs 
15

N 

Red-claw Crayfish  

(C. quadricarinatus) 

-0.86 *** 

F16 = 108.18 

-0.64 *** 

F16 = 31.67 

0.67 *** 

F16 = 35.86 

* P < 0.05, **P < 0.01, ***P < 0.001. 12 

 13 

 14 
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Figure 19: Body size relationships with 
13

C (diamond symbols) and 
15

N (squares symbols) values for (a) Bass (M. novemaculeata), (b) Golden Perch 

(M. ambigua), (c) Silver Perch (B. bidyanus), (d) Bony Bream (N. erebi), (e) Snub-nose gar (A. sclerolepis), (f) Red-claw Crayfish (C. quadricarinatus). 

All samples collected in 2005. 
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 1 

The 2005 data for bony bream indicate there was no relationship between body length and 2 

either 
15

N and 
13

C values (Figure 19 d), (δ
15

N equation = 9.99 – 0.008 x bony bream 3 

length, F1,44 = 3.58, P = 0.065, r
2
 = 0.07, and 

13
C equation = -22.8 + 0.006 x bony bream 4 

length, F1,44 = 1.63, P = 0.21, r
2
 = 0.04).  The absence of any relationship found in the 2005 5 

Lake Samsonvale samples may be due to the size range of bony bream sampled which 6 

consisted of fish between 120 – 300 mm with no representative samples from fish less than 7 

120 mm.  Samples of bony bream collected in 2006 and 2007, which included a wider 8 

range of sizes, were combined into the analysis and the resulting scatter plot (Figure 20) 9 

indicates there is a non-linear pattern in the δ
15

N values over the size range.  Due to the 10 

non-linear characteristics of the data, the δ
15

N and length values were first log transformed 11 

and then analysed using a linear regression.  The resulting equation and ANOVA F test for 12 

δ
15

N is 1.52 - 0.20 x bony bream length, F1,114 = 44.46, P = <0.001, r
2
 = 0.28.  This 13 

indicates that smaller bony bream (<~100 mm) derive their energy from different sources 14 

to that of the larger adult fish.  Given that the 
13

C values remain relatively similar over the 15 

full range in sizes, this suggests that the diet of small and large fish are only differentiated 16 

by the δ
15

N values of these food sources. 17 

 18 

The 
15

N values of snub-nose gar (A. sclerolepis) changed very little over the full range of 19 

size classes sampled (δ
15

N equation = 11.32 – 0.001 x gar length, F1,24 = 0.23, P = 0.64, r
2
 = 20 

0.009), however 
13

C values show a progressive enrichment with increasing body size in a 21 

non-linear curve.  Due to the non-linear characteristics of the data, the 
13

C and length values 22 

were first log transformed and then analysed using a linear regression.  To handle the 23 

negative values of the 
13

C data, all measurements were translated to positive signs by 24 

adding 50 to each value before log transformation.  The resulting equation and ANOVA F-25 

test for 
13

C is 21.24 + 0. 31 x gar length, F1,24 = 41.42, P = <0.001, r
2
 = 0.63.  This indicates 26 

that smaller snub-nose gar (<~80 mm) derive their energy from different sources to that of 27 

adults.  Given that δ
15

N values remain similar over the full range in sizes, the diet of 28 

juveniles and adults differ only in their 
13

C values.   29 

 30 
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 1 

Figure 20: Bony bream (N. erebi) fork length (mm) versus 
15

N (square symbols) and 2 
13

C (diamond symbols) for all samples collected in Lake Samsonvale from 2005 to 3 

2007. 4 

 5 

Another species that exhibited considerable variability in isotope values across the size 6 

range sampled was the red-claw crayfish (C. quadricarinatus) (Figure 19).  The patterns 7 

observed between 
13

C and δ
15

N values and body size were quite different to any patterns 8 

in the fish species analysed such that there was an increase in 
15

N (δ
15

N equation = 9.97 + 9 

0.023 x red-claw crayfish weight, F1,16 = 35.86, P = <0.001, r
2
 = 0.67) with increasing 10 

body size (measured as body weight) and a decrease in 
13

C (
13

C equation = -17.32 – 11 

0.028 x red-claw crayfish weight, F1,16 = 31.67, P = <0.001, r
2
 = 0.64)  with increasing 12 

body size (Table 10).  This indicates a substantial shift in the diet of red-claw crayfish 13 

between juveniles and adults both in terms of the primary energy sources utilised and the 14 

functional trophic level of the species as it grows in size.  The body size separating 15 

juveniles from adults was set at 75 g, which corresponds approximately to the size of 16 

crayfish maturation (between 50 and 100 g) or 12 months of age (Jones, 1993). 17 

 18 
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4.3.2 Food Web Structure 1 

 2 

The mean (±SE) stable isotope values of food web components for all four sites combined 3 

are shown in Figure 21.  The isotope bi-plot shows that most food web components exhibit 4 

unique 
13

C and δ
15

N values with low standard errors.  This indicates that there is 5 

sufficient differentiation between the food web components and the various potential 6 

energy sources to enable the estimation of resource consumer interactions using 7 

mathematical diet estimation techniques.  The individual basal resources, including 8 

macrophytes, macroalgae, catchment and lake particulate organic matter and detritus, all 9 

exhibit a wide range in 
13

C values (-28.73 to -6.64 ‰), but a relatively small range in 10 


15

N values (2.86 to 8.74 ‰).  More detailed discussion of the difference in 
13

C values of 11 

these basal energy sources has been presented in Chapter 3. 12 

 13 

The broad range in 
13

C values of the basal resources is also reflected in many of the 14 

primary consumers, with littoral zooplankton being the most enriched (-14.66 ‰) and 15 

bivalve mussels being the most depleted (-30.03 ‰).  The range in 
13

C values of species 16 

gradually decreases as trophic level increases such that most of the larger presumed 17 

omnivorous and carnivorous fish have relatively similar 
13

C values clustering around -21 18 

to -23 ‰.  The 
15

N values across the whole food web exhibit a consistent enrichment 19 

from the basal energy resources up to the higher order consumers.  Primary producers and 20 

detritus components consistently exhibit the lowest 
15

N values and the presumed top order 21 

carnivores having the most enriched values.  A more complete analysis of the food web 22 

trophic positions is provided in the next section. 23 

 24 

As previously demonstrated, there are considerable ontogenetic differences apparent in the 25 

snub-nose gar, bony bream and red-claw crayfish populations sampled in 2005.  Those 26 

species with ontogenetic differences have been separated in Figure 21 into discrete groups 27 

broadly representing the juvenile and adult stages based on the rationale outlined in Section 28 

4.3.1. 29 

 30 
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 1 

Figure 21: Mean (± standard error) 
13

C and δ
15

N values for all sites combined 2 

sampled in the summer of 2005 showing ontogenetic differences in Cherax, 3 

Nematolosa and Arrhamphus species. Abbreviations POM (Particulate Organic 4 

Matter), PPOM (Pelagic POM), LPOM (Littoral POM). 5 

 6 

4.3.3 Trophic Levels 7 

 8 

Trophic levels were calculated and the results support the earlier proposition that there are 9 

four trophic levels in Lake Samsonvale (Figure 22, Table 11).  However many consumers 10 

do not necessarily align to one specific trophic level, rather there is a continuum of trophic 11 

positions between each level.  Primary producers including macrophytes, macroalgae, 12 

littoral and pelagic water column POM and sediments form the base of the food web and 13 

occupy trophic level 1.  The trophic position, as indicated by the δ
15

N value of the POM 14 

samples from Kobble Creek and North Pine River is considerably lower than the assigned 15 

trophic level 1.  This is due to their low δ
15

N values and also that these components were 16 

not included in the calculation of the mean basal source δ
15

N value for input into equation 17 

1 to calculate trophic levels.  These POM samples were excluded from the calculation as 18 
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the amount of POM delivered to the lake from these two major rivers, due to the preceding 1 

dry years, had been relatively low and based on the assumption that the majority of any 2 

POM entering the lake would have been incorporated into the sediments and thus would be 3 

reflected in the mean sediment δ
15

N values measured in the lake.  Although considered a 4 

primary consumer, the bivalve mussels and the snails (Thiarissa sp) were both closely 5 

aligned to trophic level 1, with snails being slightly below trophic level 1 and mussels 6 

almost half a trophic level above the basal resources. 7 

 8 

Closely aligning to trophic level 2 was a variety of primary consumers including 9 

zooplankton, the introduced tilapia and juvenile red-claw crayfish.  Slightly higher than 10 

trophic level 2 were a range of species including Macrobrachium, adult and juvenile snub-11 

nose gar, adult bony bream, adult red-claw crayfish and a mix of smaller omnivorous fish 12 

species.  The third trophic level is occupied by a diversity of species including the larger 13 

bodied silver perch and eel-tail catfish, as well as range of smaller omnivores including 14 

fly-specked hardyheads and gudgeon species.  Close to the top of the food web at trophic 15 

level 4 are the predators golden perch and bass.  One unusual result was the elevated δ
15

N 16 

values and thus the high trophic level (TL 3.8) calculated for juvenile bony bream, despite 17 

this species being a presumed planktivore/detritivore.  These values for juvenile bony 18 

bream used in Figure 22 were calculated from means of all small fish collected between 19 

2006 and 2007 from three of the study sites across the storage.  This was done as there 20 

were no juvenile bony bream collected in 2005.  This mean value was used for all 21 

calculations for juvenile bony bream in Table 11 and applied both the basal resource values 22 

for 10001 and 10006, 9 and 10 in the equation 1 to provide a global mean across the lake. 23 

 24 
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Figure 22: Mean (± standard error) 
13

C and δ
15

N values of food web components of Lake Samsonvale sampled in 2005 from all sites combined 

showing estimated locations of trophic levels. Abbreviations POM (Particulate Organic Matter), PPOM (Pelagic POM), LPOM (Littoral POM), Lit. 

(Littoral). 
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Table 11: Trophic level calculations for dominant food web components from all sites 1 

combined sampled in the summer of 2005. 2 

Food Web 

Component 

δ
15

Nconsumer δ
 15

Nbase ∆
15

N Trophic Level 

Estimate 

Mean 

Trophic 

Level Site Number 10001 10006, 

9, 10 

10001 10006, 

9, 10 

10001 10006, 

9, 10 

Snails NS 5.76 7.81 5.45 3.65 NS 1.1 1.1 

O. mossambicus 8.85 NS 7.81 5.45 3.65 1.3 NS 1.3 

Mussel 6.99 8.91 7.81 5.45 3.65 0.8 1.9 1.4 

>250 um Pelagic 

POM 

9.48 9.49 7.81 5.45 3.65 1.5 2.1 1.8 

>250 um Littoral 

POM 

11.11 8.73 7.81 5.45 3.65 1.9 1.9 1.9 

C. quadricarinatus 

<75g 

11.42 8.51 7.81 5.45 3.65 2.0 1.8 1.9 

A. sclerolepis 

>100mm 

12.40 10.52 7.81 5.45 3.65 2.3 2.4 2.3 

Ambassis sp. 12.57 10.39 7.81 5.45 3.65 2.3 2.4 2.3 

Macrobrachium sp. 13.08 10.08 7.81 5.45 3.65 2.4 2.3 2.4 

G. affinis 12.92 10.40 7.81 5.45 3.65 2.4 2.4 2.4 

C. quadricarinatus 

>75g 

13.34 10.15 7.81 5.45 3.65 2.5 2.3 2.4 

N. erebi (>80mm) 12.34 11.46 7.81 5.45 3.65 2.2 2.6 2.4 

N. erebi (<80mm) 16.70 16.70 7.81 5.45 3.65 3.4 4.1 3.8 

M. duboulayi NS 11.05 7.81 5.45 3.65 NS 2.5 2.5 

Hypseleotris sp. 13.76 10.71 7.81 5.45 3.65 2.6 2.4 2.5 

B. bidyanus 12.35 12.51 7.81 5.45 3.65 2.2 2.9 2.6 

A. sclerolepis 

<100mm 

0.00 11.28 7.81 5.45 3.65 NS 2.6 2.6 

C. stercusmuscarum 13.73 11.71 7.81 5.45 3.65 2.6 2.7 2.7 

M. ambigua 16.18 16.13 7.81 5.45 3.65 3.3 3.9 3.6 

M. novemaculeata 18.20 17.26 7.81 5.45 3.65 3.8 4.2 4.0 

 3 

The diverse range of 
13

C values of the littoral and pelagic primary producers’ are also 4 

reflected in the isotope values of a number of the primary consumers.  Within the littoral 5 

zone, the dominant macrophytes (Potomageton pectinatus, Vallisneria gigantean, and 6 

Hydrilla verticillata) had 
13

C values that range between -12.78 to -14.63 ‰ (mean -7 

13.58 ‰, SE 0.49), while the mean for periphyton samples collected from the surfaces of 8 

macrophytes was -15.33 ‰, being slightly depleted over the macrophyte values.  The 9 

consumers that appear to align with these energy sources include the adult snub-nose gar 10 

(
13

C, -14.69 ‰) and the introduced pest tilapia (-15.38 ‰), albeit tilapia values were 11 

slightly more depleted than these primary producers values.  Based on the calculated 12 
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trophic shift in 
13

C being 0.96 ‰, this indicates that these primary consumers are likely to 1 

rely mostly on these potential carbon sources for their principal source of energy forming a 2 

significant component of the consumer’s diet.  While the bivalve mussel predominantly 3 

occupies the littoral zone, its 
13

C value more closely aligns with pelagic POM (Figure 21). 4 

 5 

The distinction between organisms classed as primary and secondary consumers is 6 

somewhat arbitrary.  This is highlighted in Figure 22 and Table 11 whereby trophic levels 7 

are characterised by a gradient of values defined mathematically based on their δ
15

N 8 

values.  Very few food web components align precisely with the integer values of each 9 

trophic level, rather there is progression of species between trophic levels 2 and 3 (i.e. the 10 

primary and secondary consumer levels). 11 

 12 

The secondary consumers in Lake Samsonvale comprised a range of fish and invertebrate 13 

species including many small bodied fish, adult red-claw crayfish and a number of larger 14 

bodied fish species.  The smaller bodied species seem to cluster into two groups based on 15 

similar 
13

C and 
15

N values.  The first cluster occurs around 
13

C values of between -18 16 

and -21‰.  This includes gambusia, rainbowfish (Melanotaenia duboulayi), juvenile snub-17 

nose gar and Ambassis.  These four species have δ
15

N values around 11‰ indicating a 18 

trophic level of between 2.3 – 2.6.  A second cluster of species occurs around 
13

C values 19 

of -22 to -23‰.  These include the hardyhead (C. stercusmuscarum) and gudgeons 20 

(Hypseleotris sp. and P. Grandiceps).  These latter three species also exhibit a notably 21 

higher δ
15

N values and consequently higher calculated trophic levels over the previously 22 

described group, situated at approximately TL 2.5 to 3.2.  The tight clustering of the means 23 

and overlapping standard errors of these two groups suggests they have similar diets 24 

amongst those species. 25 

 26 

Adult red-claw crayfish were considerably enriched 
15

N values over the juveniles and have 27 

13
C values that suggest a shift away from littoral primary production as the dominant energy 28 

source to a more varied diet.  This is reflected in the calculated trophic positions, whereby 29 

adult red-claw were 0.5 of a trophic level higher than juveniles.  Another of the introduced 30 

pest fish, gambusia (G. affinis) had 
13

C values that suggest a greater reliance on littoral than 31 

pelagic production.  Gambusia 
15

N values indicate they are largely herbivorous, with the 32 

possibility of supplementing the diet with zooplankton or another un-sampled food source 33 
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such as insect larvae.  The absence of an isotope value for littoral macroinvertebrates 1 

somewhat hinders the interpretation of the diet of some of these species that have 2 

intermediate trophic positions between primary and secondary consumers.  Two of the larger 3 

bodied fish species, the silver perch (B. bidyanus) and eel-tailed catfish (T. tandanus) have 4 

isotope values that indicate a secondary consumer role with diets that are likely a 5 

combination of plant, detritus, primary and secondary consumer species. 6 

 7 

Australian bass (M. novemaculeata) were found to be the most 
15

N enriched species in the 8 

food web which is reflected in the calculated trophic level of 4.0.  The next most enriched 9 

species were golden perch (M. ambigua) with a trophic level of 3.6.  The 
13

C values of bass 10 

and golden perch were, however, more depleted than most of the potential food items lower 11 

in the food web.  Additionally, bass were considerably more δ
15

N enriched over the majority 12 

of potential prey they most likely consume, or that could be explained by the trophic 13 

enrichment factor calculated for Lake Samsonvale (3.65 ‰).  The closest potential food 14 

source to bass and golden perch may include small bony bream and possibly red-claw 15 

crayfish.  No juvenile bony bream were sampled in 2005, thus necessitating the use of a 16 

mean for all fish collected in 2006 and 2007.  Given the δ
15

N isotope signatures from these 17 

two years were relatively consistent (16.16 and 16.75 ‰ respectively) the use of a mean 18 

value provides a reasonable estimate of δ
15

N for this size range.  These small bony bream of 19 

length < 80 mm have more enriched 
15

N and slightly depleted 
13

C values over larger bony 20 

bream (Figure 20 and Figure 21). 21 

 22 

4.3.4 Diet Estimations 23 

 24 

For the two top level carnivores, bass (M. novemaculeata) and golden perch (M. ambigua) 25 

the potential prey items are shown in the isotope bi-plot in Figure 23.  Bass and golden perch 26 

values (after adjusting 
13

C and δ
15

N for trophic shift) lie within the range of several 27 

potential prey items sampled from the lake.  In order to reduce the total number of individual 28 

potential prey items that needed to be modelled, the mean 
13

C and 
15

N values for 29 

individual prey components with similar isotope values were compared for significant 30 

differences and were combined into sub-groups before being modelled in IsoSource.  These 31 

included a group termed the pelagic forage fish (PFor) made up of the fly-specked hardihead 32 
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(C. stercusmuscarum), gudgeons (Hypseleotris sp.), flat head gudgeon (P. grandiceps) and 1 

glass perchlet (A. agassizzi) (
13

C, F3,25 = 1.29, P = 0.30 and for 
15

N F3,25 = 1.71, P = 0.19).  2 

The variances were found to be equal for this sub-group of species (Levene Statistic 
13

C P = 3 

0.51, 
15

N P = 0.21).  The term pelagic was used for this grouping as the 
13

C values 4 

suggested the diets were derived from pelagic carbon.   5 

 6 

 7 

Figure 23:  Potential prey available to bass (M. novemaculeata - MN) and golden 8 

perch (M. ambigua - MA) as indicated by the isotopic space occupied by a range of 9 

feasible prey items. Symbols are NE Juv (N. erebi juveniles <80mm), NE Ad (N. erebi 10 

adults >80mm), PFor is the mean of the forage fish (P. grandiceps, Hypseleotris sp., C. 11 

stercusmuscarum, A. agassizzi), LFor is the mean of the forage fish (G. affinis, M. 12 

duboulayi), LCru is the mean of littoral crustaceans (Macrobrachium sp., C. 13 

quadricarinatus juveniles <75g), CQ Ad (C. quadricarinatus adults >75g), AS (A. 14 

sclerolepis juveniles <100mm). Isotope values of consumers have been adjusted to 15 

account for the diet-tissue isotopic fractionation effect. 16 

 17 

The second grouping, termed the littoral forage fish (LFor) comprised the gambusia (G. 18 

affinis) and rainbowfish (M. duboulayi) (
13

C, F1,11 = 1.10, P = 0.32 and for 
15

N F1,11 = 0.53, 19 

P = 0.48).  Variances were higher between these species for 
13

C than for δ
15

N (Levene 20 

statistic 
13

C P = 0.009, 
15

N P = 0.06).  The term littoral was used for this group because the 21 
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13
C value suggested the diets were derived from littoral carbon.  The final grouping, Littoral 1 

Crustaceans (LCru) included juvenile (<80 g) red-claw crayfish (C. quadricarinatus) and 2 

Macrobrachium sp. (
13

C, F1,11 = 1.10, P = 0.32 and for 
15

N F1,11 = 0.53, P = 0.48).  3 

Juvenile bony bream (<80 mm) were not collected in 2005 thus the mean values for the 2006 4 

and 2007 were used as an estimate for the 2005 analysis. 5 

 6 

Table 12: Summary of proportional contributions of diet items to bass (M. 7 

novemaculeata) and golden perch (M. ambigua). 8 

Source 1-99
th

 %ile Mean 

 Bass (M. novemaculeata) 

Littoral Forage Fish 0.03 – 0.34 0.18 

Pelagic Forage Fish 0 – 0.26 0.07 

N. erebi Juveniles (<80mm) 0.39 – 0.52 0.46 

N. erebi Adults (>80mm) 0 – 0.11 0.03 

Littoral Crustacean 0 – 0.33 0.09 

Red-claw Adults (>75g) 0 – 0.31 0.08 

A. sclerolepis Juveniles (<100mm) 0 – 0.32 0.09 

 Golden Perch (M. ambigua) 

Littoral Forage Fish 0 – 0.33 0.09 

Pelagic Forage Fish 0 – 0.65 0.23 

N. erebi Juveniles (<80mm) 0 – 0.21 0.12 

N. erebi Adults (>80mm) 0.02 – 0.32 0.17 

Littoral Crustacean 0 – 0.37 0.11 

Red-claw Adults (>75g) 0 – 0.52 0.15 

A. sclerolepis Juveniles (<100mm) 0 – 0.45 0.13 

 9 

Results of the IsoSource mixing model for bass (Figure 24, Table 12) indicate that juvenile 10 

bony bream were the most likely dietary source, estimated to contribute between 39-52 % of 11 

the diet (mean of 46 %).  The next most likely dietary item was the littoral forage fish with a 12 

range of 3-34 % (mean 18 %).  The remaining five potential dietary sources modelled have 13 

similar mean contributions of between 3 and 9 % suggesting only minor contributions to the 14 

diet of bass.  Results for golden perch were somewhat different to bass (Figure 25, Table 12).  15 

The proportion of juvenile bony bream estimated by the model was less and there was no 16 

single clearly dominant dietary source.  The order of importance based on the mean 17 

proportional contributions were pelagic forage fish (range 0-65, mean 23 %), bony bream 18 

(>80mm) (range 2-32, mean 17 %), red-claw adults (range 0-52, mean 15 %) and 19 
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approximately equal proportions of juvenile snub-nose gar, juvenile bony bream, littoral 1 

crustaceans and littoral forage fish (13, 12, 11, 9% respectively). 2 

 3 

 4 

Figure 24: Distribution of feasible dietary proportions for bass (M. novemaculeata) 5 

from IsoSource output in 2005 (Increment = 1%, Tolerance = 0.1). 6 
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 1 

Figure 25: Distribution of feasible dietary proportions for golden perch (M. ambigua) 2 

from IsoSource output in 2005 (Increment = 1%, Tolerance = 0.1). 3 
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15

N values, 6 

but had distinctly different 
13

C values, suggesting their diet differs substantially in 
13

C, but 7 

not δ
15

N values.  The mean 
13

C and 
15

N values for the macrophyte species H. verticillata, 8 

Vallisneria sp. and Potamogeton pectinatus were not significant different so were combined 9 
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as one macrophyte category for input into IsoSource (
13

C, F2,8 = 1.51, P = 0.28 and for 
15

N 1 

F2,8 = 2.29, P = 0.16).  Variances were found to be equal (Levene statistic 
13

C P = 0.51, 2 


15

N P = 0.21).  The differences between profundal and littoral sediments for all sample 3 

years were not statistically different so were also combined to provide a mean value for the 4 

combined category of detritus (
13

C, F2,20 = 1.80, P = 0.19 and for 
15

N F2,20 = 12.01, P = 5 

0.48).  Variances was higher between these components for 
13

C than for δ
15

N (Levene 6 

statistic 
13

C P = 0.009, 
15

N P = 0.06). 7 

 8 

 9 

Figure 26: Potential energy sources available to adult (AS Adu - solid polygon) and 10 

juvenile (AS Juv - dashed polygon) snub-nose gar (A. sclerolepis) as indicated by the 11 

isotopic space occupied by a range of feasible prey items.  Symbols are PZoop 12 

(>250µm pelagic zooplankton), LZoop (>250µm littoral zooplankton), Spi (Spirogyra 13 

sp.), Macro (combined macrophytes H. verticillata, Vallisneria sp., Potamogeton 14 

pectinatus), Peri (periphyton), Det (combined littoral and profundal detritus), PPOM 15 

(pelagic POM), LPOM (littoral POM). Isotope values of consumers have been 16 

adjusted to account for the diet-tissue isotopic fractionation effect.  17 

 18 

Results from the Isosource model for adult gar (Figure 27, Table 12) indicate that both 19 

macrophytes and filamentous algae contribute the greatest to the diet, estimated to contribute 20 

between 0-78% of the diet (mean of 26%) for macrophytes and between 5-57% (mean 30%) 21 
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for filamentous algae.  Given that the distribution of filamentous algae was restricted in 1 

distribution to the very shallow margins of the lake within dense beds of macrophytes, it is 2 

possible that this is an overestimate.  To test the changes in the predicted diets assuming 3 

filamentous algae are not readily available, the Isosource model was re-run taking out the 4 

algae.  The results indicate that macrophytes were still the dominant potential source of 5 

energy for gar with only minor contributions from zooplankton (Table 13). 6 

 7 

Table 13:  Summary of proportional contributions of diet items to snub-nose gar (A. 8 

sclerolepis). 9 

Source 1-99
th

 %ile Mean 

 A. sclerolepis Adults (>100mm) 

Pelagic Zooplankton 0 – 0.2 0.08 

Littoral Zooplankton 0 – 0.32 0.13 

Littoral POM 0 – 0.22 0.07 

Periphyton 0 – 0.41 0.16 

Macrophytes 0 – 0.78 0.26 

Filamentous Algae 0.05 – 0.57 0.30 

Excluding Filamentous Algae A. sclerolepis Adults (>100mm) 

Pelagic Zooplankton 0 – 0.02 0.004 

Littoral Zooplankton 0.04 – 0.16 0.10 

Littoral POM 0 – 0.01 0 

Periphyton 0 – 0.07 0.02 

Macrophytes 0.8 – 0.94 0.87 

 A. sclerolepis Juveniles (<100mm) 

Pelagic Zooplankton 0 – 0.38 0.15 

Littoral Zooplankton 0.01 – 0.54 0.31 

Littoral POM 0 – 0.25 0.09 

Pelagic POM 0 – 0.31 0.11 

Periphyton 0.12 – 0.56 0.33 

 10 

The mixing model results for juvenile gar were quite different to adults (Figure 28, Table 11 

13).  The proportion of littoral zooplankton (1-54, mean 31%) and periphyton (12-56, mean 12 

33%) were roughly equal and overall dominated the estimated contributions to the diet.  13 

Additionally, there were considerable contributions from pelagic zooplankton (0-38, mean 14 

15%), littoral and pelagic POM (0-25%, mean 9% and 0-31%, mean 11% respectively). 15 

 16 
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 1 

Figure 27: Distribution of feasible dietary proportions for adult (>100mm) snub-nose 2 

gar (A. sclerolepis) from IsoSource output in 2005 (Increment = 1%, Tolerance = 0.1). 3 

Black bars are IsoSource results using all six sources, grey bars are the results 4 

excluding Filamentous Algae in the analysis. 5 
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 1 

Figure 28: Distribution of feasible dietary proportions for juvenile (<100mm) snub-2 

nose gar (A. sclerolepis) from IsoSource output in 2005 (Increment = 1%, Tolerance = 3 

0.1). 4 

 5 

Another species with considerable ontogenetic differentiation in isotope values is the bony 6 

bream (N. erebi).  The potential food sources for bony bream adults and juveniles are shown 7 

in Figure 29.  Unlike for snub-nose gar, adult and juvenile bony bream were quite similar in 8 

13
C values, but had distinctly different 

15
N values.  This is consistent with a diet derived 9 
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from the same carbon source for both size ranges, but comes from different trophic levels.  1 

The data for juvenile bony bream and pelagic zooplankton samples are derived from the 2 

combined means from sampling events in 2006 and 2007.  The littoral (LPOM) and pelagic 3 

(PPOM) POM samples were combined as they were similar and were only marginally 4 

statistically different in 
13

C but not 
15

N.  The data for Chaoborus were from the summer 5 

2006 samples. 6 

 7 

 8 

Figure 29:  Potential energy sources available to adult (NE Adu) and juvenile (NE 9 

Juv) bony bream (N. erebi) as indicated by the isotopic space occupied by a range of 10 

feasible prey items.  Symbols are PZoop (>250µm Pelagic Zooplankton), LZoop 11 

(>250µm Littoral Zooplankton), Peri (Periphyton), Det (combined littoral and 12 

profundal Detritus), POM (combined Pelagic POM & Littoral POM). Isotope values 13 

of consumers have been adjusted to account for the diet-tissue isotopic fractionation 14 

effect.  15 

 16 

Fitting the data using the mean value for littoral zooplankton samples from all locations 17 

failed to find a unique solution.  Closer inspection of the data found site 10006 zooplankton 18 

samples were considerable lower in δ
15

N values to the other three lake sites.  Given the 19 

samples of juvenile bony bream were sourced from the more open water sites (10008, 10009 20 

and 10010) the zooplankton data from site 10006 were excluded from the analysis.  Site 21 
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10006 is a small inlet of the lake and thus is probably not as representative of the more open 1 

water habitat of the lake where the juvenile bony bream were sampled from.  Subsequent 2 

analysis excluding data from site 10006 was able to converge on a unique solution. 3 

 4 

Results from the Isosource model for adult bony bream (Figure 30, Table 14) indicate that 5 

POM and detritus are the most important sources contributing to the diet, with means of 25 6 

and 24 % respectively.  The next most important sources was littoral zooplankton (mean 7 

18 %) and then Chaoborus, pelagic zooplankton and periphyton (means of 12, 11 and 11% 8 

respectively).  The results of the mixing model for juvenile bony bream were quite different 9 

to the adults (Figure 31, Table 14).  The model indicated a predominance of the predatory 10 

zooplankton species Chaoborus, with an estimated 82 % contribution (99 %ile range 79-11 

85%).  The next most dominant item was pelagic zooplankton (11-19, mean 14%).  There 12 

were insignificant contributions from littoral zooplankton (2 %), periphyton (1 %), POM and 13 

detritus (0.2%).  This clearly indicates that the juvenile bony bream are planktonic 14 

consumers, targeting larger bodied zooplankton in the pelagic zone, whereas adults switch to 15 

a detrital diet. 16 

 17 

Table 14:  Summary of proportional contributions of items to bony bream (N. erebi) 18 

diets. 19 

Source 1-99
th

 %ile Mean 

 N. erebi Adults (>80mm) 

Littoral Zooplankton 0 – 0.46 0.18 

Pelagic Zooplankton 0 – 0.29 0.11 

POM 0 – 0.51 0.25 

Periphyton 0 – 0.30 0.11 

Detritus 0 – 0.53 0.24 

Chaoborus sp. 0 – 0.27 0.12 

 N. erebi Juveniles (<80mm) 

Littoral Zooplankton 0 – 0.08 0.02 

Pelagic Zooplankton 0.11 – 0.18 0.14 

POM 0 – 0.02 0.002 

Periphyton 0 – 0.04 0.01 

Detritus 0 – 0.02 0.002 

Chaoborus sp. 0.79 – 0.85 0.82 

 20 
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 1 

Figure 30: Distribution of feasible dietary proportions for adult (>80mm) bony bream 2 

(N. erebi) from IsoSource output in 2005 (Increment = 1%, Tolerance = 0.1). 3 
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 1 

Figure 31: Distribution of feasible dietary proportions for juvenile (<80mm) bony 2 

bream (N. erebi) from IsoSource output in 2005 (Increment = 1%, Tolerance = 0.5). 3 

 4 

Another of the numerically abundant species chosen for Isosource modelling were red-claw 5 

crayfish (C. quadricarinatus).  Redclaw crayfish also exhibit considerable ontogenetic 6 

isotope variation between juvenile and adults.  The potential energy sources used in the 7 

model for adult and juveniles are shown in Figure 32.  The ontogenetic changes of redclaw 8 

crayfish show a progressive enrichment in δ
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N with increasing body size and a progressive 9 
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depletion in 
13

C with increasing body size.  To simplify the model, those potential dietary 1 

components found to have no significant differences in isotope ratios were combined.  These 2 

included the previously used combined macrophyte and sediment group (Det), a group 3 

termed the pelagic forage fish (PFor) made up of the fly-specked hardihead (C. 4 

stercusmuscarum), gudgeons (Hypseleotris sp.), flat-head gudgeon (P. grandiceps) and glass 5 

perchlet (A. agassizzi), and finally a group termed the littoral forage fish (LFor), comprising 6 

the gambusia (G. affinis) and rainbowfish (M. duboulayi). 7 

 8 

 9 
Figure 32: Potential energy sources available to adult (CQ Adu - solid polygon) and 10 

juvenile (CQ Juv - dashed polygon) red-claw crayfish (C. quadricarinatus) as indicated 11 

by the isotopic space occupied by a range of feasible prey items.  Symbols are PFor 12 

(forage fish species C. stercusmuscarum, Hypseleotris sp., A. agassizzi, P. grandiceps), 13 

LFor (littoral forage fish M. duboulayi, G. affinis), Macro (combined macrophytes H. 14 

verticillata, Vallisneria sp., Potamogeton pectinatus), Peri (Periphyton), Det (combined 15 

littoral and profundal Detritus), Msp (Macrobrachium sp.). Isotope values of consumers 16 

have been adjusted to account for the diet-tissue isotopic fractionation effect. 17 

 18 

Results from the Isosource mixing model for adult red-claw crayfish (Figure 33, Table 15) 19 

indicate that Macrobrachium and snails are the most likely dietary items, with estimated 20 

mean contributions of 30 and 21 % respectively.  The next most likely source was detritus 21 

(18 %).  The remaining potential dietary sources had similar estimates including the forage 22 
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fish groupings (LFor 12 and PFor11 %), macrophytes (11 %) and periphyton (13 %).  The 1 

model results for juvenile red-claw crayfish (Figure 34, Table 15) predicted similar 2 

contributions to the diet from macrophytes and periphyton (mean of 30 and 28% 3 

respectively).  The remaining potential energy sources modelled were snails (20%), detritus 4 

(14%) and Macrobrachium (7%).  These results indicate that juvenile red-claw crayfish start 5 

out as primary consumers relying in littoral primary production and then as they grow their 6 

diet shifts to one with less reliance on macrophytes and more on animal production, 7 

effectively filling a secondary consumer trophic role. 8 

 9 

Table 15: Summary of proportional contributions of diet items to red-claw crayfish 10 

(C. quadricarinatus). 11 

Source 1-99
th

 % ile Mean 

 C. quadricarinatus Adults (>75 g) 

Littoral Forage Fish 0 – 0.35 0.12 

Pelagic Forage Fish 0 – 0.28 0.11 

Macrobrachium sp. 0 – 0.38 0.30 

Macrophytes 0 – 0.31 0.11 

Periphyton 0 – 0.36 0.13 

Snails 0 – 0.52 0.21 

Detritus 0 – 0.35 0.18 

 C. quadricarinatus Juveniles (<75 g) 

Macrobrachium sp. 0.01 – 0.14 0.07 

Macrophytes 0 – 0.59 0.30 

Periphyton 0 – 0.65 0.28 

Snails 0 – 0.49 0.20 

Detritus 0 – 0.32 0.14 

 12 
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 1 

Figure 33: Distribution of feasible dietary proportions for adult (>80 g) red-claw 2 

crayfish (C. quadricarinatus) from IsoSource output in 2005 (Increment = 1%, 3 

Tolerance = 0.1). 4 
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 1 

Figure 34: Distribution of feasible dietary proportions for juvenile (<80 g) red-claw 2 

crayfish (C. quadricarinatus) from IsoSource output in 2005 (Increment = 1%, 3 

Tolerance = 0.1). 4 
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lower trophic level primary producers and primary consumers.  The plot of likely diet items 1 

(Figure 35) indicates that after taking into account the trophic fractionation effect for δ
15

N 2 

and 
13

C, tilapia are positioned below the likely dietary source, a situation that will fail to 3 

result in model convergence.  To address this issues the model tolerance value was increased 4 

to 0.8 while the increment remained at 1 ‰, which enables the model to include potential 5 

dietary items that were further from the consumer’s isotope values than would otherwise be 6 

permitted with a lower tolerance value. 7 

 8 

 9 

Figure 35:  Potential energy sources available to tilapia (O. mossambicus) as indicated 10 

by the isotopic space occupied by a range of feasible prey items.  Symbols are LCru 11 

(Littoral dwelling crustaceans Macrobrachium sp. and juvenile C. quadricarinatus), 12 

Peri (Periphyton), Macro (combined macrophytes H. verticillata, Vallisneria sp., 13 

Potamogeton pectinatus). Isotope values of consumers have been adjusted to account 14 

for the diet-tissue isotopic fractionation effect. 15 

 16 

The results of this model showed that tilapia predominantly consume periphyton as their 17 

primary energy source contributing a mean of 69 % (99 %ile 22-94 %).  The next most 18 

important diet source was filamentous algae (15 %) and then detritus (10 %).  Relatively 19 
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littoral crustaceans.  Interestingly macrophytes were also shown to contribute a small 1 

proportion of the diet at only 1 %. 2 

 3 

Table 16:  Summary of proportional contributions of diet items to tilapia (O. 4 

mossambicus) in 2005. 5 

Source 1-99
th

 % ile Mean 

 Tilapia Adults (>80mm) 

Filamentous Algae 0.02 – 0.39 0.15 

Macrophytes 0 – 0.06 0.01 

Periphyton 0.22 – 0.94 0.69 

Littoral Crustaceans 0 – 0.01 0 

Snails 0 – 0.14 0.04 

Detritus 0 – 0.36 0.10 

Excluding Filamentous Algae Tilapia Adults (>80mm) 

Macrophytes 0 – 0.28 0.16 

Periphyton 0.65 – 0.98 0.80 

Littoral Crustaceans 0 – 0.03 0 

Snails 0 – 0.08 0.02 

Detritus 0 – 0.05 0.01 

 6 

Using a similar rationale for the exclusion of filamentous algae in the analysis of adult snub-7 

nose gar diets, the analysis for tilapia was redone excluding filamentous algae.  This analysis 8 

required further refinement of the Isosource model parameters to a tolerance value of 1.0 9 

while the increment remained at 1 ‰.   The results essentially support the outcomes from the 10 

analysis including filamentous algae, that tilapia predominantly consume periphyton with 11 

some contribution from macrophytes. 12 

 13 

 14 
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 1 

Figure 36: Distribution of feasible dietary proportions for tilapia (O. mossambicus) 2 

from IsoSource output in 2005 (Increment = 1%, Tolerance = 0.8).  Model 3 

parameters used when run excluding filamentous algae were increment = 1%, 4 

Tolerance = 1.0. 5 
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Pelagic and Littoral Forage Fish groupings are within the range of a variety of dietary 1 

sources (Figure 37).  The species that comprise these two groupings were not modelled 2 

individually as their isotope values were found not to be statistically significant from each 3 

other and thus the outcomes of mixing models would likely be very similar for each species.  4 

In the case of Ambassis sp., the 
13

C values seem different to the other two cluster of species, 5 

however, they were not significantly different for the pelagic species of fly-specked 6 

hardyhead, Hypseleotris and flat-head gudgeons.  They were however significantly different 7 

to the rainbowfish and gambusia species.  In both the littoral and pelagic groups, the δ
15

N 8 

values were not significantly.  As such, Ambassis sp. were grouped in with the pelagic 9 

species for all mixing model calculations. 10 

 11 

 12 

Figure 37:  Potential energy sources available to the two forage fish groupings 13 

(Pelagic and Littoral) as indicated by the isotopic space occupied by a range of 14 

feasible prey items.  Symbols are PZoop (Pelagic Zooplankton), LZoop (Littoral 15 

Zooplankton) Peri (Periphyton), POM (Particulate Organic Matter). Isotope values 16 

of consumers have been adjusted to account for the diet-tissue isotopic fractionation 17 

effect. 18 

 19 

The results of the mixing model (Table 17, Figure 38, Figure 39) indicate considerable 20 

differences in the likely diet of these two groups of fish.  The modelled contribution to the 21 
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diet of pelagic forage fish was dominated by pelagic zooplankton (mean 41 %, 99 %ile 7 - 1 

68%) followed by littoral zooplankton (mean 23%, 99 %ile 3 - 40%).  The remaining sources 2 

modelled, including littoral invertebrates, sediment, periphyton and pelagic POM, show low 3 

proportional contributions to the diet of these groups, with means ranging between 4 and 4 

12%. 5 

 6 

Table 17:  Summary of proportional contributions of diet items to pelagic and littoral 7 

forage fish groups. 8 

Source 1-99
th

 %ile Mean 

 Pelagic Forage Fish 

Pelagic Zooplankton 0 07– 0.68 0.41 

Littoral Zooplankton 0 03– 0.40 0.23 

Corixidae 0 – 0.38 0.10 

Periphyton 0 – 0.20 0.06 

Detritus 0 – 0.14 0.04 

Chironomids 0 – 0.42 0.12 

POM 0 – 0.16 0.04 

 Littoral Forage Fish 

Pelagic Zooplankton 0 – 0.21 0.06 

Littoral Zooplankton 0.32 – 0.66 0.50 

Corixidae 0 – 0.17 0.05 

Periphyton 0.1 – 0.43 0.28 

Detritus 0 – 0.20 0.05 

Chironomids 0 – 0.14 0.04 

POM 0 – 0.13 0.04 

 9 

In contrast to the pelagic forage fish, the littoral forage fish model results indicate littoral 10 

zooplankton were the most likely sources (mean 50%, 99 %ile 32 - 66%).  The next most 11 

likely dietary item is periphyton (mean 28%, 99 %ile 1 - 43%).  These results support the 12 

assumption that these species are primarily littoral foragers.  The model results indicate that 13 

these littoral forage fish did not utilise in appreciable quantities some of the more common 14 

littoral invertebrates such as chironomids, Corixidae, or detritus and POM directly.  Also 15 

unlike the pelagic forage fish, there seems to be little cross habitat food utilisation by the 16 

littoral forage fish, with very low predicted contributions to the diet from pelagic 17 

zooplankton (mean 6%).  Some of the potential dietary items modelled were mean values 18 

sourced from the 2006 and 2007 sample rounds. 19 

 20 
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 1 

Figure 38: Distribution of feasible dietary proportions for pelagic forage fish from 2 

IsoSource output in 2005 (Increment = 1%, Tolerance = 0.2). 3 
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 1 

Figure 39: Distribution of feasible dietary proportions for littoral forage fish from 2 

IsoSource output in 2005 (Increment = 1%, Tolerance = 0.2). 3 

 4 

 5 

 6 

 7 

 8 

0

2

4

6

8

10

0 0.1 0.2 0.3 0.4 0.5 0.6 0.7 0.8 0.9 1

Pelagic Zooplankton (>250µm)

0

2

4

6

8

10

0 0.1 0.2 0.3 0.4 0.5 0.6 0.7 0.8 0.9 1

Littoral Zooplankton (>250µm)

0

5

10

15

20

0 0.1 0.2 0.3 0.4 0.5 0.6 0.7 0.8 0.9 1

P
e

rc
e

n
t 
F

re
q

u
e

n
c

y

Lake POM 

0

5

10

15

20

0 0.1 0.2 0.3 0.4 0.5 0.6 0.7 0.8 0.9 1

Periphyton

0

5

10

15

20

0 0.1 0.2 0.3 0.4 0.5 0.6 0.7 0.8 0.9 1

Detritus

0

5

10

15

20

0 0.1 0.2 0.3 0.4 0.5 0.6 0.7 0.8 0.9 1

Chironomids
&

Corixidae



149 

4.4 Discussion 1 

4.4.1 Ontogenetic Differences 2 

 3 

Many of the consumers studied from Lake Samsonvale show considerable ontogenetic 4 

shifts in diet patterns, highlighting the various functional roles within the food web.  Body 5 

size, as an indicator of age, is a key determinant of many ecological and physiological 6 

functions of a species, influencing all manner of important processes, including energy 7 

demands, access to prey, susceptibility to predation, fecundity and fitness to environmental 8 

conditions (Stein et al., 1988; Werner & Gilliam, 1984).  Size is particularly influential on 9 

two important ecological functions that relate to trophic processes, the diet and habitat 10 

preferences, both having considerable implications for a species’ role and function in an 11 

ecosystem.  The ontogenetic diet shifts of an organism that occur over its life span are of 12 

particular interest in determining the ecological significance of species within Lake 13 

Samsonvale. 14 

 15 

Ontogenetic diet changes are generally universal in fish species and are typically attributed 16 

to the increasing body size from larval to adult stages and the subsequent shifts in habitat 17 

utilisation and access to prey over this size range (Davis et al., 2012; Turker, 2013; Werner 18 

& Gilliam, 1984; Yasuno et al., 2012).  Ontogenetic diet shifts can occur as progressive 19 

changes over the full life history of a species, or can occur as abrupt changes at certain 20 

points in an organism’s life.  The factors that influence these changes can be related to 21 

many things including physiological/morphological changes as organisms increase in size 22 

and develop new or modified organs to access different resources (Fisher Huckins, 1997; 23 

Tibbetts et al., 2008); shifts in habitat use as size increases resulting in access to new 24 

resources (Pusey et al., 2004; Turker, 2013); avoidance of competition or predation 25 

(Persson & Crowder, 1998; Wu & Culver, 1992); or the onset of maturity leading to 26 

greater demands for high energy food sources (Werner & Gilliam, 1984).  The timing of 27 

these ontogenetic diet shifts can be either genetically driven or environmentally driven.  In 28 

some circumstances, the timing of the shift may be drive by external factors such as 29 

predation pressure, habitat availability or prey availability (Garicia-Berthou & Moreno-30 

Amich, 2000; Werner & Gilliam, 1984).  The conventional theory relates body size to an 31 

increase in trophic level (Berlow et al., 2008; Nakazawa et al., 2010) and an increase in the 32 

proportion of larger prey in the diet.  However this may not always the case whereby 33 
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dietary specialisation and consumer progressively larger prey, does not always result in 1 

increasing trophic position leading to diverse food web patterns (Layman et al., 2005).  2 

These complexities can lead to many and varied forms of interactions within food webs 3 

and may offer important insights to the potential role of different species and provide for 4 

management options for modifying food web components with specific specialised dietary 5 

traits. 6 

 7 

The results of the food web and dietary analysis demonstrate that within Lake Samsonvale 8 

there are considerable ontogenetic differences observed for a number of species including 9 

the snub-nose gar (A. sclerolepis), red-claw crayfish (C. quadricarinatus) and bony bream 10 

(N. erebi).  Ontogenetic diet shifts have been observed in a range of Australian freshwater 11 

fish species (Bunn et al., 2003; Davis et al., 2012; Medeiros, 2004; Meredith et al., 2003; 12 

Pusey et al., 2004; Stoffels & Humphries, 2003).  The number of species from Lake 13 

Samsonvale found to have ontogenetic diet shifts is likely to have been greater, however, 14 

the limited size ranges sampled for this study, or the use of composites samples for some 15 

species may have obscured any ontogenetic patterns.   16 

 17 

Bony bream is one of the most ubiquitous Australian native species and often comprises 18 

the most abundant species of a location (Pusey et al., 2004).  Bony bream are an important 19 

forage species for many predatory fish and other aquatic vertebrates (Pusey et al., 2004).  20 

Ontogenetic diet shifts in bony bream have been reported from other habitat types (Bunn et 21 

al., 2003; Pusey et al., 2004).  These shifts are typically associated with a change in diet 22 

from zooplankton and small invertebrates as larvae and juveniles, to more detritus and 23 

algae associated with the benthos as adults.  Bony bream collected from Lake Samsonvale 24 

in 2005 did not show a correlation between body length and 
15

N or 
13

C ratios.  This is 25 

likely due to the restricted size range collected in 2005 and with the inclusion of a wider 26 

range of fish sizes collected in 2006 and 2007 sample rounds, there was ontogenetic 27 

variation observed.  The diets shifts in Lake Samsonvale bony bream seem to occur at 28 

approximately 80-100 mm body length.  The isotope mixing model for diet estimation 29 

indicates that this difference is largely due to the switch from the consumption of 30 

zooplankton as juveniles (< 80 mm) to detritus and particulate organic matter as adults 31 

(> 80 mm).  These diet shifts are likely due to the body size constraints of the smaller 32 

individuals, combined with the pelagic habit of juveniles making zooplankton the most 33 
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abundant and accessible energy source.  The diet then shifts when juveniles move from 1 

pelagic to littoral habitats and commence consuming benthic detritus and algae. 2 

 3 

Although there are very few detailed studies of the trophic role of bony bream in 4 

Australian ecosystems, parallels can be draw from a functionally similar northern 5 

hemisphere species, in gizzard shad (Dorosoma cepedianum).  Bony bream belong to a 6 

similar functional group of fishes as the gizzard shad, being in the herring family 7 

(Clupeidae) and having similar morphological and digestive system features to Australian 8 

bony bream.  This includes having a muscular gizzard and elongated stomach and mouth 9 

structure capable of grazing the surface of sediments to utilise detritus (Vanni et al., 2005). 10 

Gizzard shad, similarly to bony bream, are a widespread and abundant forage fish found in 11 

most American lakes and reservoirs (DeVries & Stein, 1992) and have distinct ontogenetic 12 

diets shifts from juveniles (< 50 mm) predominantly consuming zooplankton, to adults 13 

largely consuming detritus (Dettmers & Stein, 1996; Higgins et al., 2006; Schaus et al., 14 

1997; Vanni et al., 2005). 15 

 16 

Numerous studies have demonstrated the important role that gizzard shad play in lake and 17 

reservoir ecosystems through various direct and indirect effects such as direct consumption 18 

and depression of zooplankton populations, recycling of nutrients via sediment grazing and 19 

excretion, indirectly affecting recruitment of other species by affecting food availability 20 

and being important prey for larger predatory fish (Dettmers & Stein, 1992; Dettmers & 21 

Stein, 1996; DeVries & Stein, 1992; Nowlin et al., 2005; Pope et al., 2001; Schaus & 22 

Vanni, 2000; Sereda et al., 2008a).  Based on the relative similarities between bony bream 23 

and gizzard shad, it is likely that bony bream have many ecological parallels to the gizzard 24 

shad and are likely to play a similar and significant role on the trophic ecology of large 25 

lakes and reservoirs.  In particular the preference of juvenile bony bream for zooplankton 26 

is likely to exert similar controlling influences on zooplankton populations as seen for 27 

juvenile gizzard shad, while the adult’s diet of detritus is likely to result in important 28 

nutrient recycling implications, a feature well reported for gizzard shad (Vanni et al., 2005; 29 

Vanni et al., 2006). 30 

 31 

Another species found to have ontogenetic diet shifts is the snub-nose gar (Arrhamphus 32 

sclerolepis).  Stable isotope analysis of this species indicates that juvenile snub-nose gar 33 

(< ~80 mm fork length) exhibit more depleted 
13

C values to the larger adults (> 100 mm 34 



152 

fork length), but have only slightly higher δ
15

N values.  This pattern indicates the adult diet 1 

contains considerably more 
13

C enriched food items than the juveniles, however the trophic 2 

level at which both life stages feed is relatively similar.  This conclusion is supported by the 3 

trophic level estimations showing adult snub-nose gar have similar trophic positions of 2.3 4 

and 2.6 respectively.  As reported previously, the energetic base of the food web has widely 5 

differing 
13

C values between primary producers, but relatively constant 
15

N values.  In 6 

particular the pelagic primary production is significantly depleted in 
13

C to the littoral 7 

primary production, despite both having similar δ
15

N values.  These differences are reflected 8 

in the isotope values of gar, indicating that the ontogenetic diet shift is associated with a 9 

switch in the dominant source of primary production supporting their diet from pelagic 10 

production as juveniles, to littoral production as adults.   11 

 12 

Previous research has also reported similar ontogenetic diets shifts for snub-nose gar 13 

(Tibbetts & Carseldine, 2005).  They demonstrated a definitive shift to herbivory when fish 14 

were approximately 50-70 mm standard length, below which, the diet is almost exclusively 15 

zooplanktivorous with only a brief transitionary omnivorous diet.  This shift is quite abrupt 16 

and is not believed to be associated with sexual development (Tibbetts et al., 2008), rather is 17 

most probably attributed to changes in the functional development of the digestive system to 18 

handle macrophytes as food sources.  The adaptive advantages of snub-nose gar switching to 19 

an herbivorous diet may be related to the potential for reduced resource competition given 20 

the relative paucity of truly herbivorous fish fauna in Australia.  This would enable snub-21 

nose gar to have access to abundant resources with minimal competition from other fish 22 

species.   However an adult diet of macrophytes comes with some costs as this food source is 23 

less energetically rich as other food items.  To compensate for the lower energetic content of 24 

plants, herbivores tend to have much higher consumption and excretion rates than carnivores 25 

(Mill et al., 2007). 26 

 27 

Red-claw crayfish (Cherax quadricarinatus) were another abundance species found to 28 

exhibit ontogenetic diet shifts between juveniles and adults.  Stable isotopes reveal a rather 29 

complex pattern whereby the juveniles have more depleted δ
15

N and more enriched 
13

C 30 

values than the adults.  This indicates that the diet of juveniles is composed of lower 31 

trophic level items and is derived from littoral carbon compared to the adults who consume 32 

prey at a higher trophic level and from carbon sources with a greater proportion of pelagic 33 
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carbon.  The 
13

C values of juveniles are not as closely aligned with macrophytes as would 1 

be the case for true herbivores, but rather reflect a mixed diet predominantly of littoral 2 

production supplemented with other possible food sources like detritus, gastropods or 3 

possibly some other food sources not sampled.  Juvenile preferences for littoral primary 4 

production, in particular macroalgae, is a feature observed in other crayfish species 5 

(Warner & Green, 1990).  The enrichment observed in 
15

N values between the adult and 6 

juvenile red-claw crayfish (14 and 10 ‰ respectively) is consistent with a shift toward a 7 

more carnivorous diet comprising higher trophic categories.  These may include other 8 

littoral fish and invertebrates like Macrobrachium, or carrion and potentially some degree 9 

of cannibalism.  The progressive depletion of 
13

C generally supports a shift away from a 10 

diet dominated by littoral primary production to one with greater proportion of items 11 

deriving their energy from pelagic carbon. 12 

 13 

Red-claw crayfish are a translocated native species from northern Australia.  The trophic 14 

role of red-claw crayfish is poorly understood both in the natural and translocated ranges.  15 

Of the few studies to investigate the ecological role of Australian native freshwater 16 

crayfish species, most demonstrate a similar pattern of increasing trophic level with size, 17 

indicative of increased carnivory (Beatty, 2006; O'Brien & Davies, 2000). Generally it is 18 

considered that the Cherax genera are omnivorous in nature with a flexible diet strategy 19 

able to exploit readily available food items when abundant.  The spread of red-claw across 20 

Australia and the world (Ahyong & Yeo, 2007; Bortolini et al., 2007) is testament to the 21 

adaptability of this species. 22 

 23 

The ecological importance of crayfish in freshwater ecosystems has been demonstrated 24 

previously, having been responsible for significant bioturbation of sediments (Nyström et 25 

al., 1996; Parkyn et al., 1997), grazing control of primary production in lake littoral zones 26 

(Chambers et al., 1990; Flint & Goldman, 1975; Lodge, 1991; Lodge et al., 1994; Nyström 27 

et al., 1996), physical removal of macrophytes (Lodge, 1991; Lodge et al., 1994; 28 

Rodriguez et al., 2003), competitive or predatory impacts on other littoral species (Lodge, 29 

1991), or as significant food sources for predators (Rabeni, 1992).  There is also the 30 

potential for secondary cascading effects such as altering lake water quality conditions 31 

switching from a clear water, macrophyte dominated state, to a turbid, phytoplankton 32 

dominated state via direct consumption and reduction of macrophyte biomass (Rodriguez 33 
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et al., 2003).  Given the strength of these ecosystem impacts from crayfish, many consider 1 

them to be keystone species which have the potential to influence a broad range of 2 

ecosystem processes (Olsson, 2005).  Based on these overseas observations and the high 3 

abundance that red-claw crayfish can attain in Lake Samsonvale (data not presented), it is 4 

highly likely that this species has the potential to exert considerable effects on the 5 

ecosystem which warrants further investigation. 6 

 7 

The occurrence of ontogenetic diets shifts between post-larvae and juveniles of aquatic 8 

organisms is likely a strategy to maximise the post-larval survival and juvenile growth 9 

rates by utilising high energy and abundant food sources such as zooplankton or littoral 10 

biofilms and invertebrates (Pilati & Vanni, 2007).  In adult aquatic organisms, the 11 

advantages of an ontogenetic diet shifts could be many but may include providing a 12 

competitive advantage, either through accessing better quality energy sources, or by 13 

accessing under-utilised energy sources not readily accessed by other species.  This is 14 

likely the case for many detritivorous and herbivorous species such as bony bream and 15 

snub-nose gar which shift to these lower energetic food sources as adults.  In effect these 16 

shifts present a trade-off between utilising a food source of lower energetic content, but 17 

one that is widely available with few competitors.  In herbivores and detritivores these 18 

shifts are associated with physiological and morphological specialisations that enable them 19 

to cope with these energetically inferior food sources, such as strongly acidic digestive 20 

tracts, specialised gastric mills, or specific grinding dentition allowing complete extraction 21 

of nutrients bound in cellulose tissues of plants (Popma & Masser, 1999; Tibbetts et al., 22 

2008). 23 

 24 

The relatively minor changes between size and 
15

N values for many of the larger bodied 25 

fish sampled indicates that for the size range sampled there was generally little change in 26 

the trophic position and feeding habits.  The one exception being silver perch for which the 27 

13
C value became more enriched with increasing body size.  This was observed over a 28 

size range for larger mature fish of between 300 and 450 mm fork length.  The reason for 29 

this enrichment in 
13

C is not clear but may be related to an increase in the proportion of 30 

more enriched macrophyte carbon with increasing size, but could also be related to 31 

increased deposits of isotopically enriched lipids accumulated in these larger fish as they 32 

lay down more intramuscular fat stores instead of muscle growth.  It is highly likely that 33 
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for many of these larger bodied species, there would be progressive shifts in the diet over 1 

their full size range.  Many of these species however do not breed in the lake and are there 2 

as a result of stocking of fish fingerlings (~30-50 mm long).  Fish stocking generally 3 

occurs annually, but the numbers in any one year can be highly variable.  Further research 4 

is needed to determine what ontogenetic shifts occur in these stocked species and if annual 5 

stockings have any impact on the ecosystem dynamics. 6 

 7 

4.4.2 Food Web Structure 8 

 9 

The food web of Lake Samsonvale in 2005 depicts a system with clearly discernible 10 

trophic levels and a diversity of potential energy sources supporting the consumers.  11 

Within the food web there are a mix of species that exhibit both specialised diet patterns 12 

(e.g herbivore, carnivore, detritivore) and more generalist diets (omnivores).  The food web 13 

pattern of Lake Samsonvale in 2005 is typical of many northern hemisphere lake and 14 

reservoir ecosystems (Gu et al., 1996; Jones & Waldron, 2003; Keough et al., 1996).  A 15 

significant feature of the Lake Samsonvale food web in 2005 was the apparent importance 16 

of littoral primary production (macrophytes and periphyton) as a direct energy source to a 17 

number of abundant consumers.  Two of the more numerically abundant fish species, 18 

including the adult snub-nose gar and tilapia, were both shown to directly utilise littoral 19 

production for the majority of their energy requirements.  Additionally there are a suite of 20 

other consumers that rely on littoral production for a considerable proportion of their 21 

energy requirements. 22 

 23 

There is an historical debate about the usefulness of the trophic level concept when 24 

describing the structure of lake communities (Lindeman, 1991; Oksanen, 1991).  It is often 25 

argued that trophic levels are an over-simplistic abstraction of real communities by 26 

conveniently aggregating species into functionally similar categories to allow 27 

simplification of an otherwise complex system, rather than describe the full range of all 28 

possible interactions.  An alternatively view is that trophic level descriptions of food webs 29 

offer a method to organise major patterns in the food web, offer a method to describe the 30 

dominant processes and provide a means for comparison across different ecosystems.  31 

Trophic levels provide a measure of food chain length and represent the number of energy 32 

transfers from the base of the food web to the top consumers and thus provide a 33 



156 

representation of the efficiency of energy use in an ecosystem.  In effect trophic levels 1 

provide a map of the energy flow and energy transfers from one ecosystem component to 2 

another (Lindeman, 1991).  Trophic level classifications provide an opportunity to discern 3 

whole of food web pattern changes in response to stressors that may influence multiple 4 

components of a food web and may elicit responses best observed as major component 5 

shifts, rather than subtle changes to individual species interactions.  It is for this latter 6 

purpose that trophic level classification explored here, to provide an aggregated view of the 7 

Lake Samsonvale food web and how these groups of similarly functioning species 8 

influence the system productivity and overall functioning.  Stable isotopes of carbon and 9 

nitrogen provide a means to trace the energy sources supporting the food web and a 10 

measure of the number of energy transfers from these basal resources to top predators. 11 

 12 

The trophic structure of Lake Samsonvale has four clearly discernible trophic levels with 13 

Australian bass comprising the top level predator, closely followed by golden perch.  In a 14 

literature review of trophic level studies in lake ecosystems it was found that the 15 

predominant number of trophic levels was typically 4, but may be as high as 5.5 (Vander 16 

Zanden & William, 2007).  This however is highly variable between ecosystem types and 17 

is dependent on a number of factors including species diversity, productivity or size of the 18 

ecosystem (Vander Zanden et al., 1999).  The next highest piscivorous fish on the trophic 19 

scale was the golden perch at 3.6.  Both bass and golden perch are stocked into the lake to 20 

service recreation fishing and do not form self-recruiting populations.  Although bass may 21 

well have been present in the North Pine River prior to the construction of the reservoir the 22 

abundance of these predators far outstrips any naturally occurring abundance that would 23 

occur in riverine populations.  In effect, the stocking of Lake Samsonvale with large 24 

predators has increased the number of trophic levels and created a new pathway for energy 25 

transfer and recycling within the food web of the reservoir.  There are other large bodied 26 

predacious fish present in Lake Samsonvale including the Mary River cod (Maccullochella 27 

peelii mariensis) and saratoga (Scleropages leichardti).  Both these species are relatively 28 

uncommon in Lake Samsonvale and would not likely contribute substantially to the food 29 

web dynamics due to their rarity.  Neither of these species were sampled in this study due 30 

to their low abundances. 31 

 32 

Another species that occupies a high trophic level position of 3.8, is the post larvae / 33 

juvenile (<80 mm) bony bream.  This seems exceptionally high for the juvenile stage of a 34 
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species typically known for detritivory or zooplanktivory.  As described earlier, bony 1 

bream show considerable ontogenetic variation, particularly with respect to δ
15

N values 2 

which steadily decrease from juveniles to adults.  This is consistent with a diet shift from 3 

high trophic level prey to detritus.  However their elevated δ
15

N values are much higher 4 

than the commonly assumed prey, which would include > 250 μm zooplankton samples.  5 

Further sampling in 2006 and 2007 revealed the presence of abundant Chaoborus in the 6 

plankton, particularly at depth.  Chaoborus is a large predatory zooplankton that inhabits 7 

the deeper waters of lakes during the day, typically below the photic zone, but often in the 8 

anoxic hypolimnion to avoid fish predation (Jones et al., 1999b).  Chaoborus is known to 9 

exert considerable predatory control over large zooplankton (Dawidowicz et al., 2002) and 10 

its 
13

C and δ
15

N values often reflect this predatory behaviour (Ventura & Catalan, 2008). 11 

 12 

Additionally the Chaoborus 
13

C and δ
15

N values may reflect the utilisation of bacterially-13 

degraded organic sources prevalent in the hypolimnion that are known to have elevated 14 

δ
15

N and depleted 
13

C values (Goedkoop et al., 2006; Lehmann et al., 2004b).  Based on 15 

the enriched δ
15

N and depleted 
13

C values seen in Chaoborus and juvenile bony bream, it 16 

is likely that bony bream have a very selective diet and may represent an efficient energy 17 

transfer pathway from pelagic production to the top of the food web.  The δ
15

N and 
13

C 18 

values of these juvenile bony bream could also explain the enriched δ
15

N and depleted 
13

C 19 

values for bass, over other likely food sources such as littoral and pelagic forage fish.  This 20 

assumes that bass are actively seeking these small pelagic bony bream as preferred prey.  21 

This closely coupled predator-prey relationship between Chaoborus, juvenile bony bream 22 

and bass results in an elevation of the number of trophic levels in the food web.  A similar 23 

effect has been observed for the predatory invertebrate Mysis in lake ecosystems (Sprules 24 

& Bowerman, 1988). 25 

 26 

Other anomalies discovered in this study that contradict the expected trophic level for a 27 

species, include the results for the littoral snail Thiarissa.  This species had depleted δ
15

N 28 

values which were similar to many of the potential dietary items such as detritus and 29 

periphyton, indicating no trophic level enrichment was occurring.  The lack of clear trophic 30 

level enrichment was also evident in the δ
15

N values for pelagic zooplankton (>250 µm).  31 

They were somewhat more enriched than would be expected based on their assumed food 32 

sources, pelagic POM.  This may indicate that the bulk sample of zooplankton may comprise 33 
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a mix of more omnivorous feeding plankton or that this component is utilising a particularly 1 

enriched primary energy source not identified in the 2005 sample round. 2 

 3 

There are some inherent problems with the use of a trophic level classification system, 4 

particularly when there is a prevalence of omnivory in aquatic food webs (France, 1997).  5 

Omnivory often results in non-discrete classification of species producing a gradient of 6 

trophic levels from basal resources up to top level carnivores.  There are a number of 7 

species in Lake Samsonvale that are considered omnivorous having intermediate trophic 8 

levels based on their δ
15

N values.  This is supported by previously published stomach 9 

content analysis (Pusey et al., 2004).  While omnivory may be a preferred life history trait 10 

for many species, it could also be viewed as a response strategy for organisms to cope with 11 

variable environmental conditions and fluctuating food availability.  For example, a largely 12 

herbivorous animal might also consume other non-photosynthetic organisms, even higher 13 

order prey (e.g. carnivory) to supplement their energetic and metabolic requirements.  The 14 

relative proportion of these alternative resources may be small when preferred foods are 15 

available, but when they are in short supply, those organisms may revert to a greater 16 

proportion of these alternate prey. 17 

 18 

Much has been written about the presence of omnivory and the implications for food web 19 

studies (Polis, 1994), and some authors feel omnivory constrains the accurate description 20 

of food web interactions.  This concern relates to the implication of omnivory on direct and 21 

indirect interactions between trophic levels and thus the strength of effects between trophic 22 

levels, and thus the strength of trophic cascades (Okun et al., 2008).  While there are 23 

numerous documented cases of strong and pervasive trophic cascades occurring in lakes 24 

(Attayde & Hansson, 2001b; Beklioglu et al., 2003; Carpenter & Kitchell, 1993; Jeppesen 25 

et al., 1998a; Kitchell & Carpenter, 1993; Vanni et al., 1990), there are also many whereby 26 

trophic cascades have not occurred as predicted, or have not persisted (Mehner, 2010; 27 

Rondel et al., 2008).  There are a multitude of factors implicated in either the success or 28 

demise of attempts to elicit trophic cascades in lakes, including climate, lake trophic status 29 

and morphology, the fish, plankton and macrophyte community compositions, external 30 

loadings of nutrients, to mention a few (Benndorf et al., 2002; Horppila et al., 1998; 31 

Jeppesen et al., 2003; Matveev, 2003; Scharf, 2007; Sommer, 2008; Tatrai et al., 2003).  32 

However, a pre-requisite for determining the success or otherwise of trophic cascades, is a 33 

firm understanding of the food web interactions.  Thus food webs provide a framework to 34 
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work within and formulate theories and test predictions, subsequently amending this 1 

conceptual framework as understanding of the system grows. 2 

 3 

Although the description of the Lake Samsonvale food web aimed to be comprehensive, 4 

there were a number of food web components not sampled in 2005.  These included many 5 

of the macroinvertebrates of the littoral habitat.  Including additional samples of littoral 6 

macroinvertebrates may have provided further resolution of the dietary patterns of the 7 

smaller bodied fish and invertebrate species, however the original source of their dietary 8 

carbon can still be reliably interpreted without this additional level of food web detail.  9 

This is largely due to the widely separated isotope values of these two energy sources. 10 

 11 

4.4.2.1 Relative Importance of Allochthonous vs Autochthonous Energy 12 

Sources 13 

 14 

Determining the relative importance of allochthonous versus autochthonous energy to lake 15 

food webs has been an ongoing question for limnologists.  Understanding the contributions 16 

of these external and internal sources of energy has important implications for a range of 17 

food web structure and stability attributes, whole of system metabolism and broader carbon 18 

balances (Caraco & Cole, 2004; DeAngelis & Mulholland, 2004; Power et al., 2004).  19 

Allochthonous energy inputs can come from a variety of sources including the air, riparian 20 

inputs, biota migrations, groundwater and surface water flows for example.  In lacustrine 21 

environments, the major source of carbon in most situations is by riverine transport during 22 

flows (Caraco & Cole, 2004).  Studies addressing this question have found the relative 23 

importance of allochthonous versus autochthonous energy contributions is often very site-24 

specific and varies according to the prevailing environmental conditions (Carpenter et al., 25 

2005; Doi, 2009; Herwig et al., 2007; Reid et al., 2008). 26 

 27 

There are various theories that describe the relative importance of allochthonous vs 28 

autochthonous energy sources supporting aquatic ecosystems including the River 29 

Continuum Concept (Vannote et al., 1980). This concept describes the importance of 30 

allochthonous inputs at the headwaters of rivers and the gradual shift toward 31 

autochthonous energy sources in the lower reaches.  As a further development, the 32 
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Riverine Productivity Model (Thorp & Delong, 1994) postulates that autochthonous 1 

energy sources are of much greater significance to larger riverine ecosystems and that the 2 

importance of autochthonous and allochthonous energy contributions may be dependent on 3 

the type and quality of the energy source, such that inedible or unpalatable forms may not 4 

contribute directly to the food web initially but may accumulate and break down over time 5 

(Bunn et al., 2003; Caraco & Cole, 2004; Thorp & Delong, 1994).  In all cases, these 6 

theories recognise the importance of hydrology and the influence it has on the energetics of 7 

aquatic ecosystems. 8 

 9 

In lacustrine environments the relative importance of autochthonous and allochthonous 10 

energy sources may be mediated by the hydrologic conditions (Caraco & Cole, 2004).  It 11 

stands to reason that periods of increased inflows would deliver additional allochthonous 12 

energy in the form of particulate and dissolved organic matter, while in periods of reduced 13 

inflows, autochthonous energy sources would dominate.  Changes in the relative 14 

importance of the two energy sources may also be influenced by the stimulatory effects of 15 

allochthonous nutrients during and following inflows (Caraco & Cole, 2004).  In effect this 16 

would shift a system toward dependence on autochthonous energy when nutrient inputs 17 

and lake nutrient concentrations are elevated.  The importance of hydrologic drivers in 18 

determining the relative importance of either allochthonous or autochthonous energy 19 

sources to lake ecosystems, is an emerging consensus in the literature (Caraco & Cole, 20 

2004; Lennon, 2004; Perga et al., 2005).  The influence of hydrology on ecosystem 21 

energetics is particularly important for reservoir ecosystems that have large catchment to 22 

water volume ratios and often exhibit long water retention times.  These factors combined 23 

with the fact that many reservoirs are built in dry climates punctuated by periods of 24 

drought and flood, highlights the strong driving influences of hydrology in determining the 25 

availability and balance of different forms of energy driving the food web (Power et al., 26 

2004).  In Lake Samsonvale, the extended period of below average catchment inflows 27 

leading up to the sampling in 2005, and thus the low levels of allochthonous energy inputs, 28 

would be a significant driver for the contribution of autochthonous energy sources in 29 

supporting the food web.  However it is clear that a reasonable proportion of the detritus is 30 

made up of allochthonous POM and that this proportion may change considerably 31 

following an extended period of catchment inflows. 32 

 33 
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The importance of littoral production to the food web, as was shown in Lake Samsonvale, 1 

is not a consistent feature in the literature on lake food web studies.  The majority of 2 

studies found few direct linkages between littoral macrophyte production and higher 3 

trophic level consumers.  Often it is concluded that phytoplankton or benthic periphyton 4 

carbon supports the majority of consumers (Bunn & Boon, 1993; Herwig et al., 2004; 5 

James et al., 2000; Keough et al., 1996) and that macrophytes are relatively insignificant as 6 

direct contributors to the food web of lakes (Beaudoin et al., 2001; James et al., 2000; 7 

Jones & Waldron, 2003; Keough et al., 1996; Xu & Xie, 2004).  However, there are 8 

examples of components of the food web being directly supported by littoral macrophyte 9 

production (Vander Zanden et al., 2006; Weis, 2005).  Typically the contributions from 10 

littoral primary production to the food web are dominated by periphyton production 11 

associated with the large surface area of macrophyte stands, as opposed to direct inputs 12 

from macrophytes themselves (Hoyer et al., 1998; Jones et al., 1999a; Vadeboncoeur et 13 

al., 2002).  In warmer sub-tropical climates high rates of algal productivity are thought to 14 

support the majority of the food web (Aresco & James, 2005; Havens et al., 1996).  This is 15 

despite often high biomass of macrophytes in these systems.  In the sub-tropical Lake 16 

Samsonvale however, it has been demonstrated that macrophytes and the associated 17 

periphyton contribute significantly to the food web. 18 

 19 

One cited reason for the apparent insignificant direct contribution to food webs from 20 

macrophytes is the lack of true herbivores in many aquatic ecosystems (James et al., 2000).  21 

In the case of Lake Samsonvale, there is one true herbivore, the snub-nose gar, but there 22 

are also species that exhibit herbivory in at least some life stages, including red-claw (C. 23 

quadricarinatus) and tilapia (O. mossambicus).  The similarity in 
13

C isotope values of 24 

periphyton and macrophytes, may however make distinguishing the relative importance of 25 

the two sources difficult.   Irrespective of whether macrophytes are directly utilised as 26 

energy sources, they also play important roles in the provision of complex habitat as sites 27 

for periphyton growth (Wetzel & Sondergaard, 1998) and secondary productivity in the 28 

form of littoral invertebrates (Cronin et al., 2006; Diehl & Kornijow, 1998).  They also 29 

have a significant role in nutrient cycling, comprising a store of nutrients during growth 30 

phases and source of nutrients when decomposing (Barko & James, 1998; Carpenter & 31 

Lodge, 1986; Landers, 1982; Wang et al., 2007). 32 

 33 
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While a number of consumers had 
13

C values that align with specific carbon sources, 1 

indicating those consumers primarily utilise that source of carbon for energy, the degree of 2 

trophic fractionation due to trophic level shift was not always consistent across all 3 

consumers.  Some cases a trophic shift in 
15

N values was non-existent, while for others, it 4 

was in excess of that expected for one trophic level shift.  The capacity of organisms for high 5 

nitrogen use efficiency has been proposed as one mechanism that may lead to low levels of 6 

fractionation between consumer and their resources (Vanderklift & Ponsard, 2003).  This 7 

capacity for high nitrogen use efficiency would be an advantageous adaptation for 8 

consumers utilising low nitrogen-containing resources such as detritus or catchment POM.  9 

This may explain the low levels of fractionation apparent in some species that were shown to 10 

utilise detritus that would consist of variable proportions of catchment derived POM e.g. 11 

snails and mussels, in Lake Samsonvale. 12 

 13 

Unlike food webs from dryland, tropical rivers and floodplain systems in Australia, detritus 14 

did not seem to be a major direct food source for consumers in Lake Samsonvale in 2005.  15 

Of the possible species utilising detritus, only adult bony bream were found to consume 16 

appreciable quantities of detritus (mean of 24 %).  This may in part reflect the relatively 17 

high water clarity and lack of riparian influence on Lake Samsonvale compared to other 18 

smaller systems, which are typically riverine with low light penetration conditions or an 19 

extensive proportion of riparian area (Balcombe et al., 2005; Bunn et al., 2003; Reid et al., 20 

2008; Sternberg et al., 2008).  The conditions in Lake Samsonvale seem much more 21 

conducive to the development of extensive littoral zones supporting a high biomass of 22 

macrophytes and periphyton.  Both these forms of primary production provide an abundant 23 

source of relatively available energy for consumers with the physiological and 24 

morphological adaptations to utilise these sources. 25 

 26 

4.4.2.2 Seasonal effects on 
13

C values 27 

 28 

In general the 
13

C values of the components of the food web, particularly the primary 29 

producers, were within the range commonly reported for other lake ecosystem studies 30 

(France, 1995a; 1995b).  In Lake Samsonvale the most depleted carbon sources were the 31 

littoral and pelagic plankton measured as bulk POM, (-28.73 and -26.63 ‰ respectively).  32 
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This compares to a mean of -32 (SD±3) from 146 separate estimates of pelagic POM 1 

(France, 1995) with typical ranges of between -25.5 and -29.9 ‰ (Hodell & Schelske, 2 

1998; Lehmann et al., 2004a; Owen et al., 1999).  These reported values are comparable to 3 

the POM values from Lake Samsonvale suggesting that the values observed in this study 4 

may well reflect typical values for large lake ecosystems.   5 

 6 

One factor that has an influence on POM stable isotope values is the commonly observed 7 

seasonal shift that can occur in isotope values in primary producers.  Seasonal shifts in 8 


13

C and 
15

N values tend to result in progressively more enriched 
13

C values and 9 

depleted 
15

N values throughout periods of increased primary productivity in the warmer 10 

months of a growing season (Hodell & Schelske, 1998; Lehmann et al., 2004a; Lehmann 11 

et al., 2004b; Owen et al., 1999; Syvaranta et al., 2006; Zohary et al., 1994).  A similar 12 

pattern of progressive 
13

C enrichment and 
15

N depletion was observed in the limited 13 

POM data collected from Lake Samsonvale over a seven month period in 2004/05 (Figure 14 

40).  The presence of seasonal shifts may be partly influencing the 
13

C values observed 15 

for mussels, whereby their depleted 
13

C values are a reflection of POM values they 16 

assimilated for a period of several months prior to sampling.  It is possible that had POM 17 

samples been collected earlier in the growing season the values would have been much 18 

more depleted for 
13

C and enriched for δ
15

N. 19 

 20 

This seasonal shift in isotope values could be one of the possible explanation for the 21 

slightly depleted 
13

C values of bass and golden perch over the likely food items those 22 

species would consume.  Any progressive seasonal shift in the carbon values of primary 23 

energy sources would then transfer to the primary consumers and then up the food web.  24 

However, this exchange of body tissues in consumers has a delay and may take several 25 

months to become apparent in the consumer.  For large bodied fish like bass and golden 26 

perch, this delay may result in the body tissues sampled in 2005 reflecting values of 27 

primary production several months prior. 28 

 29 
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 1 

Figure 40: Mean monthly changes in carbon (
13

C) and nitrogen (
15

N) isotope ratios 2 

for pelagic particulate organic matter collected from August 2004 to February 2005. 3 

 4 

4.4.3 Revised Conceptual Food Web Model 5 

 6 

The 2005 food web analysis of Lake Samsonvale has shown there are a number of resource 7 

consumer interactions that appear important in the overall trophic structure of the reservoir.  8 

The basal energy sources for the food web in 2005 were dominated by autochthonous 9 

sources, including pelagic and littoral primary production.  Allochthonous energy sources 10 

in the reservoir provided a relatively minor direct contribution to the food web.  It is more 11 

likely that the contribution to the food web from allochthonous energy would occur via 12 

biogeochemical breakdown of accumulated material in the sediments releasing dissolved 13 

inorganic nutrients (e.g. ammonia, nitrate, orthophosphate and carbon dioxide).  These new 14 

sources of nutrients would then stimulate further autochthonous primary production.  15 

However, during periods of increased catchment inflows to the reservoir, the relative 16 

importance and direct contribution of allochthonous energy could well shift. 17 

 18 

Based on the findings of the 2005 food web analysis, a revised conceptual food web model 19 
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for Lake Samsonvale was developed that depicts these dominant energy cycling pathways 1 

between major food web components (Figure 41).  The direction of the arrows between 2 

components represents the flow of energy through the food web, while the relative 3 

thickness of arrows provides an indication of the importance or strength of the interaction.  4 

The yellow boxes depict new sources of inorganic nutrients that can stimulate primary 5 

productivity.  To reduce complexity of the model, generally only the top two dominant 6 

energy sources for a consumer are depicted as links between components.  In most cases, 7 

these top two sources for comprised greater than 50% of the predicted sources for the 8 

consumer. 9 

 10 

Allochthonous energy contributions from the catchment were greatly reduced in the period 11 

leading up to the 2005 sampling, representing a period below average summer inflows.  12 

Data indicated that the relative importance of allochthonous energy sources in supporting 13 

the food web, compared to autochthonous energy, was minimal.  In the 12 months prior to 14 

sampling, there were no appreciable catchment inflows, while the previous 36 months 15 

there were only two small inflow events resulting in reservoir water level rises of 16 

approximately 16 % in January 2004 and 7 % in January 2003.  Prior to these two small 17 

inflows, the last time that Lake Samsonvale had significant inflows resulting in the filling 18 

of the reservoir, was in January 2001, four years prior to this study.  Since 2001, the 19 

reservoir water levels have been in steady decline and consequently there have only been 20 

minor allochthonous energy contributions from the catchment.  This may in part explain 21 

why autochthonous energy sources, including macrophytes, periphyton and pelagic 22 

phytoplankton, were the dominant forms of energy supporting the food web.  These 23 

autochthonous sources would primarily be stimulated by recycled nutrients from the biota, 24 

as well as recycled from bacterial decomposition in the sediments.  This situation may well 25 

be different following periods of above mean runoff from the catchment when large and 26 

consistent inputs of allochthonous energy have occurred. 27 

 28 
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Figure 41: Revised conceptual food web model for Lake Samsonvale in 2005 depicting the dominant food web interactions and relative 

importance (as indicated by thickness of arrows) of energy pathways. 
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 1 

The dominant primary producers represented in the conceptual diagram, including 2 

phytoplankton, macrophytes and periphyton, provided the majority of the energy 3 

requirements for the higher level consumers.  In the case of phytoplankton, the dominant 4 

consumers were zooplankton, but may also include benthic feeders (mussels and snails).  5 

The energy captured by zooplankton supports a range of omnivorous feeding fish, which in 6 

turn support the larger-bodied consumers.  Macrophytes were shown to provide an 7 

important linkage between primary production in the littoral zone and primary consumers, 8 

including the abundant herbivores, snub-nose gar and tilapia.  A significant community of 9 

littoral consumers, namely red-claw crayfish, Macrobrachium and a range of small forage 10 

fish, were also shown to utilise macrophyte and periphyton production.  This littoral 11 

energy pathway, however, does not contribute greatly to higher trophic levels as isotope 12 

evidence suggests higher order consumers did not heavily utilise these littoral biota.  The 13 

littoral production and consumers that depend on it represent an important pathway for the 14 

recycling of nutrients formerly tied up in macrophyte biomass, back into the water column 15 

as excreted nutrients. 16 

 17 

The importance of macrophytes in affecting ecosystem productivity and the cycling of 18 

nutrients within lakes has been well documented in the literature (Barko & James, 1998; 19 

Carpenter & Lodge, 1986; Wang et al., 2007).  Some of the direct influences littoral 20 

macrophytes have on nutrient cycling include nutrient removal from the water column 21 

during growth phases, conversion of sediment bound nutrients to organic matter, recycling 22 

of nutrients during decomposition phases, uptake of nutrients from the sediments, the 23 

production of dissolved organic carbon, a host site for periphyton production, and a direct 24 

source of food to a range of consumers (Carpenter & Lodge, 1986; Jeppesen et al., 1998b; 25 

Wang et al., 2007).  The extent to which macrophytes will influence nutrient cycling 26 

within a reservoir is dependent on the overall trophic status of the system, with more 27 

nutrient enriched systems having a greater potential contribution from the macrophytes 28 

(Barko & James, 1998).  In eutrophic systems, the production of macrophytes, fuelled by 29 

high water column nutrient concentrations, could sustain high growth rates, further 30 

exacerbating the potential influence of macrophytes in lake ecosystems (Barko & James, 31 

1998; Carpenter & Lodge, 1986).  The potential exists due to the eutrophic status and 32 

morphometry of Lake Samsonvale to develop and sustain high biomass of littoral 33 

macrophytes which are exploited by a number of relatively abundant herbivorous and 34 
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omnivorous consumers.  This creates the potential for secondary effects through the 1 

recycling of nutrients bound in the macrophyte biomass via excretion from these 2 

consumers.  In effect there could be a recycling and transferring of littoral nutrients into the 3 

pelagic zone by these mobile consumers. 4 

 5 

An important driver for eutrophication of reservoirs includes inputs of allochthonous 6 

nutrient sources from anthropogenic and catchment loads.  Although these allochthonous 7 

nutrient sources are important in reservoir ecosystems, they may not always be the 8 

dominant sources of nutrients driving phytoplankton production or whole of system 9 

productivity levels.  During times of reduced catchment inflows, sources of internally 10 

derived nutrients will become more important.  Studies have shown that during times of 11 

reduced catchment inflows, autochthonous energy sources (e.g. fish and zooplankton 12 

nutrient recycling) can fuel high phytoplankton production (Tarvainen et al., 2005; Vanni, 13 

2002; Vanni et al., 2006).  Although the allochthonous energy sources typically dominate 14 

the total load of nutrients that enters a lake ecosystem, these sources may only stimulate 15 

the phytoplankton production for relatively short periods (Harris & Baxter, 1996).  16 

Following these pulse loads, internal biogeochemical processes take over providing a 17 

continual supply of recycled nutrients.  Given the highly episodic nature of catchment 18 

inflows to Lake Samsonvale, these shifts in the predominant sources of energy driving 19 

phytoplankton production need to be considered.  Particularly during periods of sustained 20 

below average inflows, when it is highly likely that internal biogeochemical processes, 21 

including contributions from the food web, will have a greater influence on driving 22 

phytoplankton production. 23 

 24 
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Chapter 5 Drought induced shifts in 1 

reservoir food web structure and 2 

function 3 

 4 

5.1 Introduction 5 

 6 

Reservoirs are important freshwater ecosystems that provide human population centres 7 

with reliable sources of water.  Understanding the ecological processes within reservoirs is 8 

important for their long-term management (Moss, 2007), in particular those processes that 9 

are likely to impact on water quality and overall health of the system.  Extended periods of 10 

drought and the extraction of water for human use results in a hydraulic deficit producing 11 

marked water level fluctuations, in particular, sustained declines in water levels (Lake, 12 

2008; Zohary & Ostrovsky, 2011).  Relatively little is known about the effects of these 13 

water level fluctuations on reservoir ecosystems.  This chapter addresses a number of key 14 

knowledge gaps of food web structure and function under the influence of drought and 15 

declining water levels. 16 

 17 

The use of the term drought, in the context of this study, refers to an extended period of 18 

time when reservoir inflows are substantially less than losses from extractions and 19 

evaporation, leading to the progressive lowering of reservoir water levels (Lake, 2008).  20 

This situation can arise from a combination of both natural processes, such as periods of 21 

below average river inflows combined with high rates of evaporation, but can be 22 

exacerbated by extraction of water for human use at a rate faster than the inflows from the 23 

catchment can replenish.  Both processes contribute to the same outcome, the progressive 24 

lowering of water levels.  In the period from 2001 to 2007, Lake Samsonvale was in 25 

drought.  During this period the lake level surpassed previously recorded low water levels 26 

of approximately 50% capacity, to an unprecedented low level of approximately 13% in 27 

2007 (Figure 42). 28 

 29 

Drought and the associated WLF in aquatic environments can be viewed as a whole-of-30 

ecosystem stressor having the potential to elicit wide ranging responses in the ecosystem 31 
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(Bond et al., 2008; Humphries & Baldwin, 2003; Wantzen et al., 2008b).  Despite Australia 1 

being a dry continent with regular periods of drought and highly irregular runoff 2 

characteristics (Puckridge et al., 1998), relatively little attention has been given to measuring 3 

whole-of-ecosystem responses to drought in freshwater environments, and almost no 4 

research has occurred on reservoir ecosystem responses (Baldwin et al., 2010; Humphries & 5 

Baldwin, 2003; Lake, 2008).  Most research effort into the effects of WLF are directed 6 

toward measuring individual species responses or selected functional groups (Leira & 7 

Cantonati, 2008) such as primary producers including macrophytes, algae and biofilms 8 

(Caramujo et al., 2007; Havens et al., 2005; McGowan et al., 2005; Sidinei et al., 2006; 9 

Turner et al., 2005; Wang et al., 2012), secondary producers such as zooplankton (Havens et 10 

al., 2007b), macroinvertebrate communities (Aroviita & Hämäläinen, 2008), fish species and 11 

fish community dynamics (Arthington et al., 2005; Baker & Jennings, 2005; DeBoer et al., 12 

2013; Havens et al., 2005; Oliva-Paterna et al., 2003), and water quality changes 13 

(Cavanaugh et al., 2006; Geraldes & Boavida, 2005).  Individually these studies provide 14 

valuable insights to what may be occurring across the whole ecosystem, however research is 15 

needed to assess the effects of WLF on a wider range of functional groups, and ecosystem 16 

structural and process oriented measures. 17 

 18 

In addition to the many biological changes that may occur in response to drought, there are a 19 

range of key ecological drivers within lakes and reservoir that are likely to change following 20 

declining water levels.  Significant changes may also occur at the resource base of food webs 21 

such as the alteration in nutrient availability (Beklioglu et al., 2007; McGowan et al., 2005), 22 

or a change in the dominance of primary energy sources available for consumers within 23 

lakes and reservoirs (Bucak et al., 2012; Leon Lopez et al., 2012; McGowan et al., 2005; 24 

Piet & Vijverberg, 1999; Thomas et al., 2000; Turner et al., 2005).  There are also the 25 

physical effects such as the restrictions to biota accessing preferred energy sources as a result 26 

of the flooding and drying cycles altering available habitats (Perga et al., 2005). 27 

 28 

The response of whole ecosystems to a prolonged stressor may be expressed in a variety of 29 

ways.  Ulanowicz (1996) proposes that whole of ecosystem responses to stressors may be 30 

linked to changes in the natural ecosystem succession patterns that would occur in the 31 

absence of that stress.  Examples may include changes in species richness, altered trophic 32 

efficiencies and recycling of energy, altered system activity and changes in specialisation of 33 

trophic interactions (Boschilia et al., 2012; Leira & Cantonati, 2008; Luek et al., 2013; 34 
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Rapport & Whitford, 1999; Ulanowicz, 1996).  The challenge, however, is to quantitatively 1 

measure these processes before and following a sufficient stressor to the system in order to 2 

understand how the stressor is affecting the ecosystem. 3 

 4 

It has long been established that various food web attributes such as trophic structure, the 5 

number of trophic levels and trophic level biomass can be constrained by the size or type of 6 

the energy resource base supporting it (Brigitte et al., 2004; Huxel et al., 2002; Jepsen & 7 

Winemiller, 2002; Lewis et al., 2001; Pace, 1986; Schulz et al., 2004; Stenroth et al., 2008; 8 

Thompson & Townsend, 2005; Wetzel, 2001).  As such, it stands to reason that major 9 

changes in the size or type of the resource base of an ecosystem due to a stressor will 10 

translate to changes in the structure and functioning of the rest of the food web.  Alterations 11 

to the available energy supplies of a food web are likely to transfer through the ecosystem at 12 

the species level, through dietary shifts forced by the changes in availability of preferred 13 

food sources (Luek et al., 2013; Piet & Vijverberg, 1999; Wang et al., 2011).  Further, these 14 

changes may have negative consequences on species level attributes such as health or body 15 

condition.  Such pervasive changes that can occur as a result of shifts in the energy sources 16 

available to food webs, may lead to other whole of ecosystem changes, such as alterations to 17 

trophic cascades, leading to major shifts in the structure and function of whole food webs.   18 

 19 

Stable isotopes of carbon and nitrogen provide an integrated measure of key ecosystem 20 

attributes including energy cycling pathways and trophic structure (Fry, 2006).  Given this, 21 

they can provide an integrated measure of the whole of ecosystem effects of a sustained 22 

stressor, such as drought and the associated water level declines on reservoir ecosystems.  23 

Given the potential for drought to affect both individual ecosystem components and the 24 

energetic drivers of ecosystems, it is imperative to understand the combined effects of 25 

drought on whole of ecosystem processes. 26 

 27 

This chapter focuses on changes that have occurred in the food web structure of Lake 28 

Samsonvale as a result of drought induced water level declines, and discusses some of the 29 

key drivers for these shifts and the resulting effects on various functional attributes of the 30 

ecosystem. 31 

This chapter aims to address the following questions: 32 

1. Does the Lake Samsonvale food web structure change in response to reduced water 33 
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levels and catchment inflows; 1 

2. Do ontogenetic diet patterns of dominant consumers change in response to 2 

changing available energy sources; 3 

3. Does the Lake’s trophic status (nutrient and chlorophyll a concentrations) change 4 

with varying water level. 5 

 6 

5.2 Methods 7 

 8 

Food web data presented in this chapter was collected in the summers of 2005, 2006 and 9 

2007 typically between the months of January to early March each year.  In the summer of 10 

2006 a reduced suite of food web components were sampled monthly between October 11 

2005 and February 2006.  The majority of the 2005 summer samples were collected on two 12 

separate occasions: 27 and 28 January 2005 and the 8 and 9 March 2005, with a small 13 

number of additional samples being collected between these dates.  The 2006 summer 14 

samples were collected on 27 October, 3 November and 5 December 2005, 21 and 22 15 

January and 15 February 2006.  The 2007 summer samples were collected on the 14 and15 16 

February 2007 with some supplemental samples of bass collected on the 13 and 14 March 17 

2007.  The littoral zone of the lake following 2005 contained very few aquatic insects.  18 

Following considerable searching with a 1 mm pond net, only a few representatives of the 19 

Corixidae and Chironomidae families were recovered.  In addition, despite considerable 20 

searching of the littoral zone of Lake Samsonvale during the 2006 and 2007 summer 21 

sampling periods, no submerged macrophytes were located.  Periphyton samples were 22 

collected from hard substrates such as rocks and logs in the absence of macrophytes. 23 

Details of the sampling strategy have been covered in more detail in Section 3.2 in Chapter 24 

3. 25 

 26 

The number of sites sampled in 2007 was fewer than in previous years due to the extreme 27 

low water levels of the lake resulting in some of the sites that were previously sampled in 28 

2005 becoming very shallow and potentially reflecting more ephemeral pool habitats, as 29 

opposed to open water lake environments.  This effect was greatest in the Kobble Creek 30 

arm of the lake (site 10010) at which time there was insufficient water present to collect 31 

many of the larger food web components, particularly secondary and tertiary level 32 
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consumers.  A limited range of samples were collected from the North Pine River arm (site 1 

10009), however the majority of samples collected in 2007 were from a new site (10003) 2 

which is located at the junction of the North Pine River and Kobble Creek arms of the lake 3 

(see Chapter 3 Figure 8).  This site was chosen as it was the nearest location to the former 4 

sampling sites that resembled a typical lake habitat with areas of relatively deep water 5 

(>5m) representing a pelagic zone, adjacent to a littoral zone. 6 

 7 

The approach used in 2006 and 2007 to characterise POM samples was to separate a range of 8 

different size fractions of the POM by progressively filtering the bulk POM samples through 9 

different sized sieves.  The sieve fractions used included 250, 150 and 75 µm as well as a 10 

0.45 µm GF/F of the <75 µm filtrate.  Additional samples of catchment POM were analysed 11 

from flow events that occurred in October, November and December 2005 from both the 12 

Kobble Creek and North Pine Rivers (see Chapter 3 Figure 8).  These were bulk POM 13 

samples retained on 0.45 µm GF/F.  A small number of additional monthly lake nutrient 14 

samples collected by Seqwater personnel were also retained for analysis of bulk POM for the 15 

periods in between major sampling events.  Zooplankton samples were stored fresh in clean 16 

jars in distilled water for approximately 2-4 h to facilitate gut evacuation prior to freezing 17 

and later analysis.  All samples, bulk or size separated, were filtered through a 0.45 µm pre-18 

combusted GF/F to facilitate collection of particulate matter for isotope analysis. 19 

 20 

Stable isotopes of carbon and nitrogen were used to describe food web patterns, 21 

supplemented with species condition indices for the dominant species (e.g. abundance and 22 

morphometrics) to describe the trophic interactions and consequences of any changes as a 23 

result of the drought. 24 

  25 

Changes in the physical attributes of the lake were assessed by comparing the historical 26 

rates of water level decline to years included in this study.  All yearly plots commenced in 27 

July of each year as starting point.  Only years that experienced water level declines for 28 

more than 15 weeks in a row were used.  July was chosen as it typically represents the 29 

driest period of the year and precedes the commencement of the annual spring and summer 30 

macrophyte growth cycle (Bowes et al., 1979) thus providing an indication of the degree of 31 

water level change the littoral zone has incurred prior to summer.  Each plot continues at 32 

weekly intervals through to the first two consecutive weeks in which the reservoir levels 33 

were either stable or rose, indicating catchment inflows exceeded extractions.  The plots 34 
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for each year were standardised to the water level that occurred in July of the 2006/07 1 

summer, which was 29.42 mAHD which represents the lowest July water level for any 2 

year observed.  Standardising the data to a common point of origin also aided in visualising 3 

the different rates of water level decline for each year and in the interpreting the GLM 4 

results.  Significant differences in the slopes of each year were assessed using the 5 

univariate general linear modelling procedure of SPSS.   6 

 7 

The relationships between lake water quality (TN, TP, and Chlorophyll a) and the two 8 

independent variables, lake level, represented as either above or below long term average, 9 

and the presence/absence of macrophytes, were assessed with ANCOVA using the general 10 

linear model (GLM) function of SPSS (Ver. 15.0).  In addition, a covariate factor of the 11 

percent deviation in lake water level from the previous month, was included in the model 12 

to account for a falling or rising lake water levels.  Prior to running the ANCOVA, the 13 

dependant variables were checked for normality and homogeneity of variances by 14 

visualising the cumulative histograms and completing a Levene's test for equality of error 15 

variances.  Some parameters were positively skewed so they were square root transformed 16 

to improve the distribution of the data, prior to running the ANCOVA.  All variances were 17 

found to be not significantly different across test groups. Mean values were converted back 18 

to original units by taking the square of the mean values.  All water quality data were 19 

provided by Seqwater collected as part of their ongoing water quality monitoring program 20 

in Lake Samsonvale. 21 

 22 

Estimates of macrophyte biomass were obtained using GIS data for lake contours in 23 

February of each sample year, and then interpreting the contour 4 m below this level.  The 24 

area of land occupied between these two contours was calculated in each year.  The depth 25 

of 4 meters was chosen to represent the likely depth range that macrophytes would 26 

colonise based on personal observations and estimates from King’s report (King et al., 27 

1975).  The values provided in King for mean macrophyte biomass (4.2 kg m
-3

), mean total 28 

nitrogen (3,400 mg kg
-1

) and total phosphorus (436 mg kg
-1

) content were used to estimate 29 

the potential standing crop of macrophytes and the nutrient content contained within this 30 

biomass. 31 

 32 

As a relative comparison of the quantity of TN and TP in the water column compared to 33 

that stored in the estimated macrophyte biomass, estimates of total lake water column 34 
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nutrients were calculated from annual average concentrations for 2005, 2006 and 2007, 1 

using the 12 months commencing in July of each year.  Estimates for the epilimnion and 2 

hypolimnion were calculated separately using the surface and bottom water nutrient 3 

samples respectively.  The volumes of each layer were determined from known water 4 

volumes corresponding to lake AHD levels.  The assumed epilimnion depth was taken as 5 

approximately equal to the surface mixed layer.  The depth of the surface mixed layer used 6 

(6 m) was an average of previously reported values of 5 m, from Littlejohn (2004), 7 m in 7 

Antenucci et al. (2005) and 5-6 m from King (1982).  The estimates of the surface mixed 8 

layer from Burford et al. (2007) (10.1 ± 6.7 m) and Burford & O’Donohue (2006) (10.4 m 9 

± 9.6 m) were much greater, however these estimates are for a site relatively close to the 10 

artificial destratification unit in the lake.  Littlejohn (2004) highlights that the 11 

destratification unit only results in destratification within a relatively small area around the 12 

destratifier itself, so is not likely to influence most of the remaining lake area away from 13 

the unit.  The surface mixed layer for other large reservoirs in the south east Queensland 14 

region ranged between 3.9 and 7.3 m (Burford et al., 2007).  For this reason the pre-15 

destratification values and values from temperature profiles away from the influence of the 16 

destratification unit were used to estimate a nominal surface mixed layer for calculation of 17 

the epilimnion and hypolimnion water volumes. 18 

 19 

In an effort to determine if there were any spatial differences in macrophytes propagules in 20 

the sediments of the lake, sediment samples were collected from the exposed shoreline 21 

above and below where the approximate 50 % of full supply water level would be.  The 22 

50 % of full supply level was chosen as the demarcation above and below which sediment 23 

samples were collected, as this level approximates the previously lowest historical water 24 

level recorded since the dam first filled.  The sediment samples were collected by 25 

removing a core of sediment approximately 150 mm long, by 100 mm wide and 50 mm 26 

deep with a shovel and transferring them with minimal disturbance of the soil profile into 27 

clear plastic containers of the same approximate dimensions.  These samples were then 28 

submerged within individual clear plastic bags that were sealed and submerged in a large 29 

water trough and left for 6 - 8 weeks for propagules to emerge from the sediments.  A 30 

photographic record was collected to indicate relative abundance of propagules that 31 

emerged from the sediments. 32 

 33 
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Changes in the body condition of fish, for which there were sufficient sample sizes for 1 

meaningful analysis, were assessed by comparing the changes in the length-weight 2 

relationships between 2005 and 2007.  The species analysed represent a range of trophic 3 

levels including carnivores (Australian bass), herbivores (snub-nose gar, and tilapia), 4 

detritivores (bony bream) and omnivores (silver perch) and span a range of size classes 5 

from juveniles to adults.  The difference in the relationship between length and weight 6 

between years was assessed using ANCOVA by the univariate general linear modelling 7 

procedure of SPSS.  Prior to analysis the equality of variances assumption was tested.  The 8 

dependant variable was weight, with length as the covariate and year the fixed factor or 9 

independent variable.  Both length and weight were log transformed to ensure a linear 10 

relationship and to improve the assumption of normality in the distribution of the data, 11 

while Levene’s statistics was used to test for equality of variances.  Finally the assumption 12 

of homogeneity of regressions (slopes) between years was tested by determining the 13 

significance of the interaction between year and length.  A second indicator of body 14 

conditions used to assess changes over time was the differences in tissue C:N ratios 15 

between years, reflective of lipid storage conditions.  The C:N ratio of bass, snub-nose gar, 16 

bony bream, red-claw, silver perch and tilapia were assessed using single factor ANOVA 17 

to determine if there were significant differences in the C:N ratio between each year 18 

sampled.  Assumptions of homogeneity of variances were tested using Levene’s statistic 19 

and the post-hoc Tukey HSD comparison was used to determine which of the three years 20 

were responsible for any significant differences. 21 

 22 

5.3 Results 23 

5.3.1 Physical Lake Characteristics 24 

 25 

The extended drought in SEQ has resulted in a dramatic reduction in reservoir water levels 26 

that is unprecedented in the reservoir’s history (Figure 42) (see also (Harris & Baxter, 27 

1996) for historic lake level data).  In the 31 year history of the lake prior to 2007, dam 28 

levels rarely fell below 50 % FSL.  Prior to 2007 the lowest recorded water levels for Lake 29 

Samsonvale where approximately 45 % of FSL, which occurred on three occasions in the 30 

summers of 1988, 1994 and 1995.  These low water levels persisted for only a few months, 31 

often returning to greater than 50 % of FSL, or returning to full supply by the end of the 32 
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summer wet season of that year.  The steady decline in lake water levels observed since the 1 

commencement of this study in 2005, were only punctuated by brief inflows in late 2005.  2 

These inflows resulted in reservoir volume increases in July (0.5 % of FSL), October (1 % 3 

of FSL) and December (4.0 % of FSL) (Figure 42).   4 

 5 

There were other occasions when small rain events in the catchment resulted in minor 6 

reservoir level rises, often much less than 1 % of full supply level, however these minor 7 

rises were often negated within several days afterwards as water extraction and evaporation 8 

drew down water levels.  Following 2005, the most significant inflows to the lake occurred 9 

in August and September of 2007 (combined 1.5 % increase in FSL) which occurred well 10 

after the final sampling occasion for this study in March.  Prior to the commencement of 11 

this study, the most significant inflows leading to increases in reservoir volume occurred in 12 

March 2003 (~ 6 % of FSL) and April 2004 (~ 11 % of FSL).  Other than those small 13 

inflows, the six years from February 2001 to the end of the study coincided with a period 14 

of steadily declining water levels in Lake Samsonvale. 15 

 16 
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 1 

Figure 42: Lake Samsonvale water levels (% of Full Supply Level) from January 2 

1990 to January 2008.  Arrows indicate approximate sampling dates for this study, 1 3 

= Jan/Mar 2005, 2 = Oct 2005 - Feb 2006 and 3 = Feb/March 2007). Data source: 4 

Seqwater. 5 

 6 

 7 

The other feature of interest during the study period is the rate of the decline in water level 8 

each year.  It would seem based on Figure 43 that the rates of decline for most years are 9 

relatively similar, other than for 2005/06 and 2006/07.  In most years the decline in water 10 

level persisted for approximately 30 weeks post July of that year, but not in 2005/06 year, 11 

when a series of small lake level rises occurred after approximately 15 weeks.  Figure 44 12 

presents the linear regression line of best fit and regression equation for the data in Figure 13 

43.  All regressions had an R
2
 of greater than 0.95. 14 
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 1 

Figure 43: Weekly reservoir water levels in Lake Samsonvale for years in which 2 

levels consistently fell for 3 months or more. All plots commence in July of each year 3 

(Week 1). Data source Seqwater. 4 

 5 

The regression equations for the years 2005/06 and 2006/07 have steeper slopes (-0.10 and 6 

-0.09 respectively) and hence higher rates of water level decline than all other years (slopes 7 

of -0.05 to -0.06).  The homogeneity of regressions (slopes) between years was tested by 8 

determining the significance of the interaction between year and reservoir level using the 9 

univariate general linear modelling procedure of SPSS, the dependant variable being 10 

reservoir level, with week as the covariate and year the fixed factor or independent 11 

variable.  The analysis for the homogeneity of slopes indicated that the relationship 12 

between the covariate (week) and the dependant variable (year) was significant (F7,209 = 13 

62.51, P < 0.0001) indicating there were significant differences in the slopes between 14 

years. 15 

 16 
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 1 

Figure 44: Linear regressions of weekly reservoir water levels in Lake Samsonvale for 2 

years in which levels consistently fell for 30 weeks from July to mid January. Data 3 

source Seqwater. 4 

 5 

Associated with these reductions in water levels were changes to the physical 6 

characteristics of the storage including shallower mean depths and shoreline length 7 

reductions (Figure 45).  The declines in these two physical characteristics are 8 

approximately linear over the range of FSL from 100 to 50 %, but show a progressive 9 

steepening of the curve at around 50 % storage capacity.  This steeper section of the curve 10 

corresponds with the period of this study, in effect, resulting in a decrease in the shoreline 11 

length and the surface area of the reservoir of approximately 44 % and 56 % respectively.  12 

This is despite the actual reservoir capacity only falling by 30 % over the same period.  13 

Therefore, the rate of change in the shoreline length and surface area characteristics are 14 

much higher than occurs when the reservoir is above 50 % storage capacity levels.  These 15 

physical changes in the size and physical features of the lake are clearly seen in the areal 16 

images of the lake in 2005 and 2007 (Figure 46 and Figure 47).  17 

 18 
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 1 

Figure 45:  Physical storage characteristics over the full range of storage capacities in 2 

Lake Samsonvale.  Arrows indicate the characteristics corresponding to sample dates 3 

for this study, (1 = Jan/Mar 2005, 2 = Oct 2005 - Feb 2006 and 3 = Feb/March 2007). 4 

Data source: Seqwater. 5 
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 1 

Figure 46:  Satellite image of Lake Samsonvale in January 2005. Source: Seqwater.  2 

 3 

Figure 47:  Satellite image of Lake Samsonvale in September 2007. Source: Seqwater. 4 

 5 
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5.3.2 Reservoir Water Quality Characteristics 1 

 2 

Reservoir water quality indicators, including mean monthly chlorophyll a, total nitrogen 3 

(TN) and total phosphorus (TP) concentrations, were highly variable over the period of 4 

record from 1997 to 2007 (Figure 4 and Figure 48).  Exhibited within this variability were 5 

a number of discrete peaks and troughs in concentrations.  Peaks in TN occurred in 1998, 6 

1999, 2000, 2001, 2005 and 2007 and seemed to correspond with years of increased or 7 

repeated inflow events (Figure 48).  The TP data shows relatively fewer peaks than for TN, 8 

but were often associated with inflow events.  The TN data shows a tendency for higher 9 

annual peaks in late 2005 (0.86 mg L
-1

) and 2007 (0.92 mg L
-1

).  The peak in late 2005 10 

occurred around October and is considered an event that occurred in the 2006 summer 11 

period.  The TN concentrations observed in those two years were amongst the highest on 12 

record and were substantially higher than any concentrations recorded since 1999 and 13 

2001, the last years in which major inflows occurred.  The data in Figure 48 indicate there 14 

is an association between lake nutrient concentrations, water level changes (e.g. catchment 15 

inflows) and periods when water levels were extremely low.   In addition, the unusually 16 

high peaks in 2006 and 2007, occurring at a time when only minor catchment inflows 17 

occurred (i.e. small lake level rises) suggesting other internal lake factors may be 18 

influencing nutrient concentrations.  One of the major differences that was apparent during 19 

this period, was the absence of littoral macrophytes from mid 2005 to 2007. 20 

 21 

The catchment inflows of late 2005 (October) were relatively small despite the appreciable 22 

rise in TN and TP concentrations that coincided with this event (Figure 48).  Catchment 23 

inflows that occurred in years prior to 2005 also resulted in nutrient increases, but not of 24 

the same magnitude as seen in 2005.  This small inflow resulted in a 1 % (2,215 ML) rise 25 

in reservoir FSL capacity.  This equates to an approximate lake volume increase of 3.2 % 26 

of the storage volume at the time of the inflow.  Further inflows occurred in the weeks 27 

following this initial rise totalling approximately 8,760 ML, however these inflows did not 28 

result in the same degree of nutrient increase observed from the October event.  The 29 

second major peak in TN that occurred in August 2007 resulted in an increase of 1.6 % of 30 

FSL (3,346 ML).  This equates to a 12.1 % increase in the volume of the lake at the time of 31 

the inflow.  The unusual feature about the inflow in August 2007 was despite the large rise 32 

in TN, there was no appreciable rise in TP.  This suggests that other factors may have been 33 

influencing this unusual event.  These small inflow events were often followed by 34 
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additional minor inflows occurring sporadically over the space of several days and would 1 

have added to the nutrient loads entering the reservoir, however they did not exhibit large 2 

peaks in concentrations as seen at the commencement of these inflow events.   3 

 4 

 5 

Figure 48:  Lake Samsonvale monthly mean total nitrogen (TN) and total phosphorus 6 

(TP) concentrations for the period July 1997 to Dec 2007, collected as a three meter 7 

surface integrated sample at the dam wall (site 10001). The red line indicates the 8 

proportional fullness of the reservoir (scale from 0-1). Data source Seqwater. 9 

 10 

Comparing the monthly mean TN, TP and Chl a concentration from 1997 to 2007 reveals 11 

differences between periods when the lake water level is above or below the long term 12 

mean water levels and in the presence or absence of macrophytes (Table 18).  The mean 13 

concentrations of most parameters were higher during periods of macrophyte absence, but 14 

there was an interaction effect, such that periods of below average lake levels, combined 15 

with the absence of macrophytes, were considerably higher (Table 19). There were 16 

however no periods identified in the data to compare when water levels were above 17 

average and macrophytes were also absent. 18 
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Table 18: Differences in the mean (±SD) monthly concentrations of TN, TP and Chl a 1 

for the period 1997-2007 during periods in which lake levels were either above or 2 

below long term mean levels and when macrophytes were present or absent. 3 

Lake Level Macrophyte Status Mean TN Mean TP Mean Chl a 

Above Av. Absent NA NA NA 

 Present 0.54 (±0.09) 0.018 (±0.007) 13.1 (±4.76) 

Below Av. Absent  0.60 (±0.11) 0.020 (±0.005) 13.8 (±4.65) 

 Present 0.52 (±0.07) 0.015 (±0.004) 11.4 (±4.04) 

 Total 0.55 (±0.10) 0.017 (±0.005) 12.4 (±4.43) 

Total Absent  0.60 (±0.11) 0.020 (±0.005) 13.8 (±4.65) 

 Present 0.53 (±0.08) 0.017 (±0.006) 12.3 (±4.48) 

NA: There was no period in which lake level was above average and macrophytes were absent, thus no 4 
means for this category, similarly there is no mean reported for the Total category in Above Av. lake 5 
conditions as it is the same for Present. 6 
 7 

The ANCOVA was significant for TN (F (2,5) = 8.4, p = <0.00) and TP (F (2,5) = 14.7, p 8 

= <0.00), but not for Chl a (F (2,5) = 1.1, p = 0.37) (Table 19).  There were slight 9 

differences in the effect of each of the independent variables and the covariate on either 10 

TN or TP, however the presence or absence of macrophytes was significant for both 11 

nutrients.  The influence of the factor relating to the long term difference in average lake 12 

level (Av. Lake Level) was low for TN and Chl a, but significant for TP, and the 13 

importance of the covariate (% deviation in lake level between months) was significant at 14 

the 0.05 level for TN but marginally insignificant for TP and not significant for Chl a.  The 15 

interaction of all factors was marginally significant for TN but not for TP or Chl a.  These 16 

results suggest there has been a change in the nutrient concentrations in the lake, 17 

particularly for nitrogen, and that this may be influenced by lake level changes and the 18 

presence of macrophytes. 19 

 20 
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Table 19: ANCOVA results for the mean monthly concentrations of TN, TP and Chl 1 

a for the period 1997-2007 during periods in which lake levels were either above or 2 

below long term mean levels and when macrophytes were present or absent, and 3 

monthly change in lake level as the covariate. 4 

Model Parameters 
TN TP Chl a 

F Sig. F Sig. F Sig. 

Corrected Model 8.4 <0.00 14.6 <0.00 1.1 0.36 

Intercept 10801.7 <0.00 4335.3 <0.00 1660.9 <0.00 

Av. Lake Level 0.6 0.43 16.3 <0.00 2.5 0.12 

Macros 23.5 <0.00 29.4 <0.00 3.3 0.07 

% Deviation 11.1 <0.00 3.7 0.06 0.00 0.9 

Av.LakeLevel * Macros * 

%Deviation 
3.2 0.05 1.8 0.16 0.07 0.9 

 5 
 6 

The mean chlorophyll a concentrations in the period corresponding to the warmer spring 7 

and summer months were compared between years.  This seasonal period was chosen to 8 

broadly represent the period of most active phytoplankton growth coinciding with the 9 

highest annual peaks in phytoplankton abundance that typically occur in the spring and 10 

summer (Burford & O'Donohue, 2006; Havens et al., 2007a).  The chlorophyll a 11 

concentrations during the spring and summer period show considerable variations between 12 

years, from a 10 year low of 10.5 μg L
-1

 in the spring/summer commencing in 2004 (which 13 

corresponds to the 2005 food web sampling date), to the second and third highest ever 14 

recorded values for the spring/summer of 2005 (18.3 μg L
-1

) and 2006 (17.3 μg L
-1

) 15 

(corresponding to the 2006 and 2007 food web sampling periods respectively) (Figure 49).  16 

The previous highest recorded chlorophyll a concentrations occurred in the spring/summer 17 

of 2001 (18.5 μg L
-1

) which coincided with the last summer in which there was a large 18 

inflow event.  The previous spring/summer in which chlorophyll a concentrations were 19 

below the 2004 levels was 10 years ago, in 1994.  Despite this variability, the linear line of 20 

best fit indicates a progressive increase in chlorophyll a over time, and R
2
 for this 21 

regression is 0.58. 22 

 23 

In a similar trend to the combined spring/summer season results, a comparison of the 24 

chlorophyll a concentrations for the summer months only (December – February) also 25 

found the concentrations in 2006 (corresponding to the 2007 sampling period) were the 26 
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highest concentrations on record, being 19.1 μg L
-1

 (Figure 49).  The previous summer of 1 

2005 (corresponding to the 2006 sampling period) also ranked as one of the highest 2 

historical concentrations of 16 μg L
-1

.  The summer chlorophyll a concentrations in 2004 3 

(corresponding to the 2005 sampling period) were considerably lower at 13.4 μg L
-1

, a 4 

value on par with summer values for the preceding five or six years.  The line of best fit for 5 

the summer chlorophyll a data also indicates a progressive increase over time, however the 6 

R
2
 is less than for the spring/summer period of only 0.32. 7 

 8 

 9 

Figure 49:  Mean chlorophyll a concentrations (μg L
-1) measured at the dam wall or 10 

lake offtake valve in Lake Samsonvale from 1978 to 2007, for the summer (December 11 

to February) and the combined spring and summer (September to February) periods. 12 

Data source Seqwater. 13 

 14 

To further explore the significance of the period 2004 to 2007, reservoir storage volumes 15 

measured as % of full supply level were plotted against the mean spring/summer 16 

chlorophyll a values (Figure 50). This indicates that prior to 2004 the chlorophyll a values 17 

generally increased following inflow events and decreased during periods of decreasing 18 

storage volume. This pattern however is reversed in the summers of 2005, 2006 and 2007, 19 
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when some of the highest chlorophyll a values on record were recorded during a period of 1 

declining and record low storage volumes.  2 

  3 

 4 

Figure 50:  Mean spring/summer (September to February) chlorophyll a 5 

concentrations (μg L
-1) (black line) measured at the dam wall or lake offtake valve in 6 

Lake Samsonvale and mean summer reservoir level (% of Full Supply Level) (blue 7 

line) measured from 1978 to 2007. Data source Seqwater. 8 

 9 

5.3.3 Changes to Available Energy Sources 10 

 11 

Allochthonous Energy Sources 12 

The period from 2001 to 2007 coincided with below average rainfall conditions and thus 13 

correspondingly below average catchment inflows to the storage (QCCCE, 2007).  During 14 

the study period from 2005 to 2007, the reservoir water levels steadily declined with only 15 

one brief period between October and December 2005 when a series of small inflows 16 

occurred in the order of 5 % of the total storage volume (Figure 42).  The net effect of this 17 

period of drought has been a reduction in the quantity of allochthonous nutrients from 18 
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catchment into the lake. 1 

 2 

In an effort to determine the significance of these small catchment inflows as potential 3 

sources of energy to the food web, samples of particulate organic matter of varying size 4 

fractions were collected from the two major arms of the reservoir before, during and after 5 

the small inflow events of October and December 2005.  These size fractions included 6 

<63 μm, 63-150 μm, >250 μm, and >0.45 μm and were chosen as broad approximations of 7 

the detritus/phytoplankton/bacterioplankton (<63), small zooplankton (63-150), large 8 

zooplankton (>250) and bulk particulate organic matter (>0.45) components.  The 9 

assumption was that if catchment nutrients were actively assimilated into the food web, 10 

this would be evident by changes in the stable isotope values of each component after the 11 

inflows occurred.  There was a small but noticeable effect on the bulk POM and <63 μm 12 

POM samples, as shown by an initial increase in the δ
15

N values (Figure 51).  This effect, 13 

however, was short lived and the δ
15

N values of the <63 μm POM samples decreased back 14 

to pre-inflow values within one month after the inflows occurred.  All other size fractions 15 

remained relatively stable for δ
15

N, however there was some changes in the δ
13

C values.  16 

No samples were collected to confirm the isotope signatures of the dissolved nitrogen and 17 

carbon fraction from the North Pine Rr and Kobble Ck inflow samples.  The higher δ
15

N 18 

values in the bulk (>0.45 μm) did not seem to transfer up the food web to the larger size 19 

fractions of > 63 up to >250 μm.   20 

 21 
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 1 
Figure 51: Stable isotope ratios for carbon (

13
C) and nitrogen (δ

15
N) for particulate 2 

organic matter (POM) samples of varying size fractions.  Triangles represent bulk 3 

POM > 0.45 μm, circles represent POM <63 μm, diamonds represent 63-150 μm, 4 

rectangles represent 150-250 μm, squares represent >250 μm, stars represent Kobble 5 

Ck bulk POM >0.45 μm and crosses represent North Pine Rr bulk POM >0.45 μm.  6 

Colour codes represent samples collected in each of the months/years they were 7 

collected. 8 

 9 

Autochthonous Energy Sources 10 

One of the consequences of the declining water levels and the reduction in total shoreline 11 

length has been the potential for reduced contributions of littoral macrophytes and 12 

associated periphyton production as energy sources to the food web.  The record low water 13 

levels following the summer of 2004/2005 resulted in an almost halving of the length of 14 

shoreline that was present at the commencement of the study in 2005 (Figure 45) and at the 15 

same time there was a complete loss of submerged macrophytes in the littoral zone in the 16 

summers of 2006 and 2007.  In the summer of 2004/2005, the littoral macrophytes 17 

comprised dense stands of mostly Hydrilla verticillata with some Ceratophyllum, 18 

Potamogeton and Vallisneria species.  These stands were generally found in depths down 19 
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to 4 m and were relatively uniform around the shoreline of the reservoir, other than some 1 

very steep rocky shoreline areas. 2 

 3 

No recent studies have been undertaken on the biomass of macrophytes in Lake 4 

Samsonvale.  The only study done was shortly after the reservoir commenced filling in 5 

1975 (King et al., 1975) which included estimates of the biomass and the extent of 6 

macrophyte coverage.  This study estimated the total macrophyte biomass in the reservoir 7 

to be 136 t (dry weight) which comprised 0.8 t of phosphorus and 6.2 t of nitrogen.  These 8 

estimates are likely conservative estimates given the study was done shortly after the lake 9 

had partially filled and thus the macrophyte stands would have not fully developed.  10 

Additionally, the survey was undertaken in winter, a time when certain species are 11 

senescing.  It is highly likely that the biomass and total nutrient content would be 12 

considerably higher following a period of stable and higher water levels when more 13 

extensive macrophyte beds would have had time to develop. 14 

 15 

Macrophyte biomass estimates calculated here, for lake conditions in 2005 when the lake 16 

was at 32.95 mAHD (Table 20), correspond reasonably well the Kings et al. (1975) 17 

original estimates done at a level of 33.5 mAHD of 20,553 t fresh weight, 69.9 t of 18 

nitrogen and 9.0 t of phosphorus.  Although there were no macrophytes present in the lake 19 

in either 2006 or 2007, the estimated potential biomass based on GIS estimates of the areal 20 

extent of the littoral zone for 2006 (lake level of 30.4 mAHD) were 14,449 t fresh weight, 21 

containing 49 and 6.3 t of nitrogen and phosphorus respectively.  Similar estimates in 2007 22 

(lake level of 26.06 mAHD) were 10,231 t fresh weight, containing 35 and 4.5 t of nitrogen 23 

and phosphorus respectively.  These estimated values provide a relative indication of the 24 

potential macrophyte biomass that could have developed in the littoral zone during the 25 

2006 and 2007 summers, and represent a significant reduction in the availability of 26 

potential autochthonous energy sources to the food web.  These estimates also provide an 27 

indication of the scale of change to potential nutrient storage and cycling processes that 28 

involve littoral primary production. 29 

 30 

The estimated quantities of TN and TP contained within the lake water column were 31 

comparable, although always less than the quantity estimates contained in macrophyte 32 

biomass (Table 20).  The water column estimates from King (1982) were substantially 33 

higher for TN but relatively similar for TP.  These estimates occurred in years with 34 
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substantial inflows so may have been influenced by the recent influx of catchment derived 1 

nutrients. 2 

 3 

Table 20: Estimated potential macrophyte biomass, macrophyte and water column 4 

total nitrogen and total phosphorus quantities for Lake Samsonvale in 2005, 2006 and 5 

2007. Values for 2006 and 2007 are hypothetical biomass estimates given there was no 6 

macrophytes present in those years. 7 

 Year 

Parameter 2005 2006 2007 

Shoreline AHD (m) 32.95 30.42 26.06 

4m Depth Contour AHD (m) 28.95 26.42 22.06 

Surface Area Submerged (km
2
) 4.28 3.44 2.44 

Standing Crop Fresh Weight (tonnes) 17,979 14,449 10,231 

Standing Crop Total Nitrogen (tonnes) 61 49 35 

Standing Crop Total Phosphorus (tonnes) 7.8 6.3 4.5 

#Water Column Total Nitrogen (tonnes) 49 41 21 

# Water Column Total Phosphorus (tonnes) 2.4 1.5 0.7 

*Water Column Total Nitrogen (tonnes) 186.4 – 278.2  

*Water Column Total Phosphorus (tonnes) 1.54 – 3.86 

# Estimates using annual average TN and TP values for each respective year collected 8 

from the dam wall site (10001). * Estimates from King (1982) for years 1980/81. 9 

 10 

Another major change observed in autochthonous energy sources of the lake was the 11 

change in seasonal patterns in chlorophyll a concentrations.  The historical mean monthly 12 

chlorophyll a concentrations for the period 1978 to 2004 show a steady increase from 13 

winter minimums, through to late summer (~February) maximums (Figure 52).  These 14 

maximum concentrations typically persist for 2-3 months, before rapidly declining during 15 

autumn.  This general seasonal pattern of summer phytoplankton bloom formation is also 16 

observed in the phytoplankton cell count data for the dominant species as demonstrated in 17 

Burford & O’Donohue (2006).  In the 2004/05 year, this pattern was altered whereby 18 

chlorophyll a concentrations were depressed in the months leading up to summer, 19 

increased rapidly during in mid-summer, then declined rapidly to below long-term mean 20 

values during autumn.  The summer spike observed may have be associated with a small 21 

catchment inflow event that occurred in December 2004.  This inflow is not readily 22 
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apparent in Figure 48 as the lake levels barely changed during this period, rather the 1 

inflows were only sufficient to reduce the rate of decline from extractions over this period.  2 

In stark contrast to the chlorophyll a monthly means for the periods 78-04 and 04-05, was 3 

the pattern observed over the 05-07 period.  Over these two years, the chlorophyll a 4 

concentrations rapidly rose from winter minimums, which were above the long term 5 

historical mean values, to reach maximums in spring (October and November).  This peak 6 

in chlorophyll a occurs approximately four months earlier than the peaks in the historical 7 

data.  These high concentrations were then maintained for several months through to 8 

autumn, when concentrations rapidly declined to near long-term mean values. 9 

 10 

 11 

 12 

Figure 52:  Mean chlorophyll a concentrations (µgL
-1

) (±SE bars) for the period 1978 13 

to 2004 (square symbols), 2004 to 2005 (diamond symbols) and 2005 to 2007 (triangle 14 

symbols), and the mean monthly surface water temperature for years 2004 to 2007 15 

(circles) collected at the dam wall from Lake Samsonvale. Data source Seqwater. 16 

 17 

The drought conditions prevailing over the study period and the resulting lowering of 18 

reservoir water levels have altered the availability and quantity of potential energy sources 19 
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to the food web in a number of ways.  These include the reduction in the quantity of 1 

allochthonous inputs, in the form of catchment nutrients delivered to the lake in runoff, and 2 

the loss of the autochthonous energy source in littoral macrophytes.  This would also likely 3 

include a reduction in the periphyton production associated with the structurally complex 4 

habitat provided previously by the macrophytes (Wetzel & Sondergaard, 1998).  Over the 5 

same period, the reservoir has experienced record high chlorophyll a concentrations in the 6 

pelagic zone (Figure 49).  These factors combined have created contrasting conditions of 7 

available energy sources since the commencement of the study in 2005. 8 

 9 

The results of the propagule emergence trial from sediment samples taken above and 10 

below the 50 % FSL found that there were abundant macrophyte propagules from the 11 

genus Vallisneria, Potamogeton, Persicaria and Chara as well as a range of emergent 12 

species unidentified, in the sediments collected above the 50 % water level, whereas 13 

propagules of these species were largely absent from the sediments collected below the 50 14 

% water line (Figure 53). Only a few indivual plants emerged of Chara in the samples from 15 

below the 50 % water level mark. These may have been accidentally transferred from 16 

equipment used to sample the sediments, or may reflect propagules of species with greater 17 

dispersal capabilities under the conditions preceding complete exposure of the sediments. 18 

No propagule counts were taken as the trial was only for presence and absence purposes. 19 

 20 
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 1 

  2 
 3 
 4 
Figure 53: Macrophyte emergence trial of Lake Samsonvale sediments from above (a 5 

& b) and below (c & d) the 50 % storage volume water line showing the presence and 6 

absence of propagules after 8 weeks of submergence. 7 

 8 

 9 

a b 

c d 
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5.3.4 Food Web Structural Changes 1 

 2 

The drought and associated lowering of the lake water level have imposed considerable 3 

changes to the available energy supplies to the food web over the period of the study.  As 4 

detailed in Chapter 4, the food web in 2005 contained a diverse range of potential energy 5 

sources, each with unique 
13

C values and relatively similar δ
15

N values (Figure 21).  The 6 

stable isotope biplot for 2006 reflects the loss of a number of potential energy sources that 7 

were present in the littoral zone in 2005 (Figure 54).  The only littoral primary production 8 

remaining was periphyton that occurred as a sparse covering on any hard substrates like 9 

rocks or logs.  Periphyton isotope values changed relatively little between years becoming 10 

depleated in 
13

C (-15.3 to -16.6 ‰) and enriched in δ
15

N (5.9 to 7.9 ‰).  All other forms 11 

of littoral production including macrophytes and filamentous algae were absent in 2006. 12 

Catchment POM inputs to the reservoir were greatly reduced, only occuring associated 13 

with a few minor inflow events in the period preceeding the 2006 food web sampling.  14 

Pelagic particulate organic matter (assumed to be dominated by phytoplankton) and 15 

detritus changed relatively little in isotope space between 2005 and 2006 (
13

C from -26.6 16 

to -26.3 ‰ and δ
15

N from 5.3 to 6.9 ‰ respectively). 17 

 18 

One distinctive change that occurred in the food web structure in 2006 was the shift in 
13

C 19 

values of a number of species that were predicted to rely on littoral primary production as 20 

an energy source in 2005.  The food web components that exhibited the greatest changes 21 

were adult and juvenile snub-nose gar, tilapia, Gambusia, Macrobrachium and snails.  22 

Each species exhibited shifts in 
13

C values away from the values for littoral macrophytes 23 

and periphyton of 2005, and more toward the depleted values of the pelagic energy 24 

sources.  The shift in the 
13

C values between 2005 and 2006 for adult snub-nose gar (>100 25 

mm) was 2.0 ‰, 3.7 ‰ for juvenile snub-nose gar (<100 mm), 5.8 ‰ for tilapia, 4.6 ‰ for 26 

Gambusia, 4.5 ‰ for Macrobrachium and 3.0 ‰ for snails. 27 

 28 
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 1 
Figure 54: Stable isotope ratios for carbon (

13
C) and nitrogen (δ

15
N) for dominant 2 

food web components of Lake Samsonvale sampled in the summer of 2006. 3 
 4 

 5 

The loss of littoral production and consequent shifts in consumer 
13

C signatures occurred 6 

at the same time that 
13

C values for other potential energy sources including pelagic 7 

POM, detritus, periphyton and catchment POM changed relatively little.  Additionally, 8 

consumers with 
13

C values that formerly aligned with the more depleted pelagic and 9 

benthic carbon sources in 2005, did not shift much in 2006 indicating that their diets 10 

remained relatively unchanged over this period.  Similarly many of higher trophic level 11 

consumers did not change appreciably in 
13

C between these two years. 12 

 13 

The isotope biplot for the 2007 summer sampling depict a food web that has undergone 14 

further food web structural changes compared to both 2005 and 2006 (Figure 55).  In 15 

addition to the continued absence of macrophytes in 2007, there were also practically no 16 

catchment inflows of any significance in the preceding months and thus catchment POM 17 

energy inputs were largely absent in the year prior to sampling.  The majority of the food 18 
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web consumers had 
13

C values that were more closely aligned to pelagic POM and 1 

detritus sources of carbon.  Over the three years of this study, the 
13

C values of the pelagic 2 

POM and detritus energy sources remained essentially the same from 2005 to 2007 (
13

C 3 

from -26.6 to -26.9 ‰ and δ
15

N from 5.3 to 6.3 ‰ respectively).  In addition the 
13

C 4 

values of the littoral periphyton and littoral zooplankton samples remained relatively 5 

constant over this period. 6 

 7 

 8 
Figure 55: Stable isotope ratios for carbon (

13
C) and nitrogen (δ

15
N) for dominant 9 

food web components of Lake Samsonvale sampled in the summer of 2007. 10 

 11 

 12 

Comparing the stable isotope values of all the commonly sampled food web components 13 

between 2005 and 2007 revealed a general trend for the majority of consumers for the 
13

C 14 

values to become more depleted (Table 21).  This pattern is consistent with a greater 15 

reliance of the food web on the more depleted energy sources of the pelagic POM and 16 

detritus.  Out of the 25 food web components sampled in both 2005 and 2007, other than 17 

snails and Gambusia which were only sampled in 2005 and 2006, the majority (21) shifted 18 
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toward a more 
13

C depleted signature.  Three of these four food web components that 1 

became more enriched were littoral based components (>250 μm Littoral POM, mussels 2 

and littoral sediments).  Those consumers showing the largest depletions in 
13

C were 3 

those previously shown to assimilate a large proportion of their energy needs from littoral 4 

carbon sources, including snub-nose gar, Gambusia , tilapia, juvenile red-claw crayfish and 5 

Macrobrachium.  Over the same period as these major shifts were observed in these 6 

consumers, there were only minor changes in the 
13

C values of the remaining primary 7 

energy sources.  In the case of detritus, periphyton and pelagic POM, the 
13

C values 8 

changed by less than 0.5 ‰ from 2005 to 2007. 9 

 10 

There were also clear trends in the δ
15

N values toward more enriched values in 2007 11 

compared to 2005 (Table 21).  This enrichment occurred in all but one of the food web 12 

components.  Six out of the 25 food web components sampled became more enriched by at 13 

least one trophic level (>3.65 ‰), and in the case of mussels, Ambassis and Tandanus, the 14 

enrichment was much greater than one trophic level.  Only littoral sediments became more 15 

depleted between years.  The degree of enrichment in δ
15

N for the primary energy sources 16 

present in the reservoir in 2007 was relatively small.  Littoral and profundal sediments only 17 

changed by -0.13 and 0.49 ‰ respectively.  Similarly pelagic POM samples only became 18 

enriched by 0.97 ‰.  There was however considerable enrichment found in periphyton 19 

samples (3.78 ‰).  There did not appear to be a consistent relationship between the trophic 20 

level of a consumer and the degree of δ
15

N enrichment with individuals low in the trophic 21 

order showing both high (e.g. tilapia and mussel) and low (e.g. snails and >250 µm littoral 22 

POM) levels of enrichment.  Similarly there were examples at higher trophic levels of high 23 

degrees of enrichment (e.g. golden perch and juvenile snub-nose gar) and low enrichment 24 

(e.g. bass and juvenile bony bream).  However, in general, the higher trophic level 25 

consumers (i.e. having trophic levels > 2.3), seemed to exhibit the greatest degree of 26 

enrichment with 10 out of the 15 being enriched by at least 2 ‰. 27 

 28 



200 

Table 21: Shifts occurring in common food web components between 2005 and 2007. 1 

The Direction column indicates if enrichment or depletion has occurred and Shift (‰) 2 

indicates the magnitude of the shift. 3 

Food Web 

Component 

Category δ
13

C δ
 15

N 2005 

Trophic 

Level 
Direction Shift 

(‰)  

Direction Shift 

(‰)  

Littoral Sediment 

(5mm) 

Particulate 

Organic 

Enriched 0.28 Depleted -0.13 1.0 

Profundal Sediment 

(5mm) 

Particulate 

Organic 

Depleted -0.44 Enriched 0.49 1.0 

Periphyton Particulate 

Organic 

Depleted -0.09 Enriched 3.78 1.0 

Snails * Invertebrate Depleted -3.02 Enriched 1.70 1.1 

O. mossambicus Fish Depleted -8.68 Enriched 2.98 1.3 

Mussel Invertebrate Enriched 4.79 Enriched 5.28 1.4 

Pelagic POM 

(>0.45μm) 

Particulate 

Organic 

Depleted -0.21 Enriched 0.97 1.0 

>250 μm Pelagic 

POM 

Particulate 

Organic 

Depleted -3.06 Enriched 2.09 1.8 

>250 μm Littoral 

POM 

Particulate 

Organic 

Enriched 2.32 Enriched 0.07 1.9 

C. quadricarinatus 

<75 g 

Invertebrate Depleted -4.52 Enriched 3.47 1.9 

A. sclerolepis >100mm Fish Depleted -7.44 Enriched 3.68 2.3 

Ambassis sp. Fish Depleted -2.62 Enriched 5.06 2.3 

Macrobrachium sp. Invertebrate Depleted -4.89 Enriched 2.36 2.4 

G. affinis * Fish Depleted -4.63 Enriched 2.12 2.4 

C. quadricarinatus 

>75 g 

Invertebrate Depleted -1.51 Enriched 0.85 2.4 

N. erebi (>80mm) Fish Depleted -1.38 Enriched 1.28 2.4 

N. erebi (<80mm) Fish Depleted -0.55 Enriched 0.60 3.8 

P. grandiceps Fish Depleted -1.58 Enriched 2.28 3.2 

Hypseleotris sp. Fish Depleted -1.78 Enriched 2.40 2.5 

B. bidyanus Fish Depleted -0.40 Enriched 1.53 2.6 

T. tandanus Fish Depleted -2.73 Enriched 7.59 3.0 

A. sclerolepis <100mm Fish Depleted -4.01 Enriched 3.78 2.6 

C. stercusmuscarum Fish Depleted -2.01 Enriched 2.71 2.7 

M. ambigua Fish Depleted -1.67 Enriched 3.48 3.6 

M. novemaculeata Fish Enriched 0.08 Enriched 0.07 4.0 

*Based on data for 2005 and 2006. 4 

 5 
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5.3.5 Altered Ontogenetic Feeding Patterns 1 

 2 

In 2005 the diet of juvenile snub-nose gar was derived mostly from pelagic energy sources, 3 

whereas the adult diet consisted predominantly of littoral primary production (Figure 56).  4 

This is evidenced by the significant differences in the 
13

C values of these two energy 5 

sources, with pelagic sources being much more depleted than the littoral.  These widely 6 

separated energy sources are reflected in the depleted 
13

C values for juveniles and the 7 

enriched 
13

C values for adults.  The δ
15

N values were similar between both adults and 8 

juvenile snub-nose gar which can be explained by the relatively similar δ
15

N values of the 9 

pelagic and littoral primary energy sources.  In 2006 this pattern changed whereby the 10 

juvenile snub-nose gar (<100 mm) show considerable depletion of 
13

C values and 11 

enrichment of δ
15

N values over the 2005 values.  The difference in 
13

C values of juvenile 12 

snub-nose gar between 2005 and 2006 was significant (t0.05 = 4.14, df = 8, P< 0.001).  The 13 

larger size classes of snub-nose gar (> 100 mm) show a higher degree of variability in 
13

C 14 

values, whereby the smaller adult size class (between ~100 mm and ~170 mm) shifts 15 

considerably, whereas the larger adults show no real changes in the 
13

C values.  16 

Comparing all adult snub-nose gar size classes > 100 mm together shows a significant 17 

depletion in the 
13

C values between 2005 and 2006 samples (t0.05,(2) = 3.35, df = 66, 18 

P< 0.001). 19 

 20 
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Figure 56: Ontogenetic diet shifts as expressed in length (mm) and depicted by 
13

C and δ
15

N values for snub-nose gar (Arrhamphus sclerolepis) in (a) 

2005, (b) 2006 and (c) 2007. 

 

 

y (Carbon) = 4.31ln(x) - 37.68

r² = 0.63

y (Nitrogen) = -0.0014x + 11.32

r² = <0.01

-25

-20

-15

-10

-5

0 50 100 150 200 250 300

(a)

y (Carbon) = 0.05x - 27.19

r² = 0.82

y (Nitrogen) = -0.02x + 16.20

r² = 0.59

0 50 100 150 200 250 300
Length (mm)

(b)

y (Carbon) = 0.02x - 24.57

r² = 0.21

y (Nitrogen) = -0.00x + 14.79

r² = 0.00

0

5

10

15

20

0 50 100 150 200 250 300

(c)

δ
1

5N
 (‰

) δ
1

3
C

 (
‰

) 



203 

 

 

Figure 57: Ontogenetic dietary shifts as expressed in weight (g) as depicted by 
13

C and δ
15

N values for Red-claw crayfish (Cherax quadricarinatus) in 

(a) 2005, (b) 2006 and (c) 2007. 
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Figure 58: Ontogenetic dietary shifts as expressed in weight (g) as depicted by 
13

C and δ
15

N values for Bony Bream (Nematalosa erebi) in (a) 2005, (b) 

2006 and (c) 2007. 

 

 

y (Carbon) = 0.01x - 25.11

r² = 0.03

y (Nitrogen) = -0.00x + 12.29

r² = 0.02

-30

-25

-20

-15

-10

-5

0 50 100 150 200 250 300

(a)

y (Carbon) = -0.00x - 24.73

r² = 0.00

y (Nitrogen) = -0.04x + 16.78

r² = 0.42

0 50 100 150 200 250 300
Length (mm)

(b)

y (Carbon) = 0.01x - 26.95

r² = 0.25

y (Nitrogen) = -0.02x + 16.65

r² = 0.26

0

5

10

15

20

0 50 100 150 200 250 300

(c)



205 

In 2007 the progressive depletion of 
13

C and enrichment of δ
15

N over 2005 and 2006 1 

values was apparent in all snub-nose gar size classes, such that adults and juveniles had 2 

relatively similar isotope values.  For juvenile snub-nose gar, there were no further 3 

significant changes in 
13

C values between 2006 and 2007 (t0.05,(2) = 0.8, df = 3, P = 0.48) 4 

however for adult snub-nose gar, there was a further shift in 
13

C values, becoming more 5 

depleted (unequal variances, t0.05 = 11.69, df = 74, P < 0.001).  There were significant 6 

differences in the mean 
13

C values in juveniles between all years (F2,11 = 14.21, P = 7 

<0.001) and the Tukey HSD post-hoc procedure confirmed this was attributed to the large 8 

differences between 2005 and 2006, and not 2007.  There were also significant differences 9 

to compare adult 
13

C values across all three years (F2,118 = 124.93, P = <0.001) and the 10 

Tukey HSD post-hoc procedure highlighted this was attributed to significant differences 11 

among all three years. 12 

 13 

In addition to the shifts observed for 
13

C, there were also significant changes in δ
15

N 14 

values for snub-nose gar between years.  Juvenile snub-nose gar became more enriched 15 

between 2005 and 2006 (t0.05 = 3.65, df = 4, P < 0.011) but not significantly so between 16 

2006 to 2007 (t0.05,(2) = 0.94, df = 3, P = 0.42).  Adult snub-nose gar also exhibited 17 

significant enrichment in δ
15

N between 2005 and 2006 (t0.05 = 3.22, df = 42, P < 0.001) as 18 

well as between 2006 and 2007 (t0.05 = 7.77, df = 99, P < 0.001).  The ANOVA and Tukey 19 

HSD post-hoc procedure confirmed significant enrichment of δ
15

N in juveniles between all 20 

three years, which was due to the large shift between 2005 and 2006 (F2,11 = 11.67, P = 21 

<0.002) and not 2007.  For adult snub-nose gar the ANOVA and Tukey HSD post-hoc 22 

procedure confirmed significant differences across all three years but the majority of this 23 

was attributed to the large shift between the 2006 and 2007 (F2,118 = 51.57, P = <0.001). 24 

 25 

Red-claw crayfish was another species with sufficient data to determine ontogenetic diet 26 

changes over time (Figure 57).  Stable isotope values in 2005 clearly separated juveniles 27 

from adults in terms of diet.  The juveniles have more depleted δ
15

N values and more 28 

enriched 
13

C values than the adults.  This indicates the diet of juveniles is dominated by 29 

items of lower trophic level and derived from littoral carbon production compared to the 30 

adult diet which is likely to consist of prey from higher trophic levels and is derived from 31 

pelagic carbon production.  In 2006 the isotope values show a flattening of this relationship 32 

such that δ
15

N and 
13

C values become more similar, although highly variable, across the 33 
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full range of red-claw sizes sampled.  In 2007 this pattern of similar 
13

C and δ
15

N values 1 

over the full range of sizes samples remained, however δ
15

N values were more enriched 2 

and 
13

C more depleted than in 2006. 3 

 4 

The shift in 
13

C values for juveniles was significant between 2005 and 2006 (t0.05 = 2.56, 5 

df = 12, P < 0.012) and between 2006 and 2007 (t0.05 = 4.16, df = 45, P < 0.001).  The 6 

ANOVA and Tukey HSD post-hoc procedure confirmed significant depletion of 
13

C in 7 

juveniles between all three years (F2,53 = 13.47, P = <0.001).  Adult 
13

C values became 8 

significantly more enriched between 2005 and 2006 (t0.05 = 2.56, df = 9, P < 0.015) and 9 

between 2006 and 2007 (t0.05 = 12.09, df = 88, P < 0.001).  The ANOVA and Tukey HSD 10 

post-hoc procedure confirmed significant depletion of 
13

C in adults between all three 11 

years (F2,127 = 50.61, P = <0.001) and this was largely attributed to the significant 12 

difference between 2005 and 2006 samples, not 2007. 13 

 14 

There were no significant shifts between in δ
15

N values for juvenile red-claw, between 15 

2005 and 2006 (t0.05 = 1.26, df = 50, P = 0.11) but there was a significant enrichment 16 

between 2006 and 2007 (t0.05 = 4.31, df = 4, P < 0.006).  The ANOVA and Tukey HSD 17 

post-hoc procedure confirmed significant depletion of δ
15

N in juveniles between all three 18 

years (F2,53 = 10.33, P = <0.001) and was attributed to the large difference between 2005 19 

and 2007 samples.  For adults there was a significant depletion in δ
15

N between 2005 and 20 

2006 (t0.05 = 8.52, df = 92, P < 0.001) but a significant enrichment of δ
15

N between 2006 21 

and 2007 (t0.05 = 11.34, df = 119, P < 0.001).  The ANOVA and Tukey HSD post-hoc 22 

procedure confirmed significant changes in δ
15

N of adults between all three years (F2,127 = 23 

88, P = <0.001). 24 

 25 

Bony bream also exhibit ontogenetic variability in diet between the juveniles and adults.  26 

In 2005 the size range of bony bream sampled only included adults of sizes greater than 27 

100 mm (Figure 58).  The 
13

C and δ
15

N values in those fish showed very little variation 28 

over the size range sampled, with only a slight depletion in δ
15

N and slight enrichment in 29 

13
C.  In 2006 and 2007 a greater size range was sampled including a number of juvenile 30 

fish less than 100 mm.  These showed that bony bream had ontogenetic separation of 31 

juveniles and adults diet.  There was a small but statistically significant shift in the mean 32 

13
C values for juvenile bony bream between 2006 and 2007 (-25.02 and -25.56 ‰ 33 
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respectively) however the sample size for juveniles in 2006 was only two specimens and 1 

the practical significance of a 0.54 ‰ shift is likely irrelevant.  There were no significant 2 

changes in 
13

C or δ
15

N values between years for adults, or the δ
15

N values of juveniles. 3 

 4 

5.3.6 Species-specific Changes in Body Condition  5 

 6 

The length-weight relationship for Australian bass, snub-nose gar, bony bream, red-claw 7 

crayfish and silver perch show variable relationships between years depending on the 8 

species (Figure 59).  There were no significant difference in the slopes of the length-weight 9 

curves between years for bass (F1,140 = 0.115, P = 0.74), snub-nose gar (F1,129 = 3.4, P = 10 

0.07), bony bream (F1,184 = 0.51, P = 0.48) and silver perch (F1,18 = 0.03, P = 0.87).  For 11 

redclaw crayfish there was a significant interaction effect possibly as a result of the 12 

differences in the length range of samples in both year (F1,195 = 4.59, P = 0.03).  There 13 

were considerably larger bodied crayfish in the samples from 2006/07 than in 2005.  To 14 

reduce this bias, the 2006/07 data set was censored to remove all samples that were larger 15 

than the maximum sized crayfish in the 2005 sample. The resulting censored red-claw 16 

crayfish samples from 2006/07 did not contain a significantly different slope to 2005 17 

samples (F1,169 = 1.39, P = 0.24).  The ANCOVA revealed significant differences in the 18 

length-weight relationship between years for bass (F1,141 = 54.28, P < 0.0001), snub-nosed 19 

gar (F1,130 = 58.98, P < 0.0001), bony bream (F1,185 = 27.24, P < 0.0001) and silver perch 20 

(F1,19 = 28.58, P < 0.0001).  Redclaw crayfish however did not exhibit significant 21 

differences in the length-weight relationship between years. (F1,170 = 0.59, P = 0.44).  The 22 

only species to violate the homogeneity of variances assumption was silver perch (F1,20 = 23 

6.84, P = 0.2).   24 

 25 
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 1 

Figure 59: Length weight relationships of (a) Australian Bass (M. novemaculeata), (b) Snub-nose gar 2 

(A. sclerolepis), (c) Bony Bream (N. erebi), (d) Red-claw Crayfish (C. quadricarinatus), (e) Silver Perch 3 

and (B. bidyanus) in 2005 and 2007. 4 

 5 

 The C:N ratios of bass were significantly different between years (F2,59 = 18.07, 6 

P<0.0001) (Table 22) and the post-hoc comparisons sowed that each year was significantly 7 

different from the other showing an initial decrease in the C:N ratio in 2006 followed by a 8 

small but significant increase in 2007.  The difference between years for snub-nose gar was 9 
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also highly significant (F2,141 = 66.86, P<0.0001), however the post-hoc comparisons 1 

showed the difference was due to the 2005 C:N ratios being significantly different from 2 

both 2006 and 2007.  For snub-nose gar, the Levene test failed the assumption of 3 

homogeneity of variances (Levene = 6.18, P < 0.003), so the non-parametric Kruskal-4 

Wallis test was applied to the data.  The large chi square value confirmed there to be 5 

significant differences between years (χ
2
 = 66.76, P < 0.0001).  Bony bream C:N ratios 6 

were also shown to be significantly different between years (F2,125 = 27.22, P<0.0001).  In 7 

a similar pattern to snub-nose gar, the difference between years for bony bream was 8 

attributed to the large differences between 2005 and the other two years which were both 9 

similar.  The Levene statistic marginally failed for bony bream (Levene = 3.13, P = 0.04).  10 

Despite the relative robustness of the ANOVA to departures from this assumption, the non-11 

parametric Kruskal-Wallis test was also performed and confirmed the significant 12 

difference between years (χ
2
 = 64.82, P < 0.0001).  Red-claw crayfish C:N ratios varied 13 

significantly between all years (F2,211 = 69.15, P<0.0001) and the post-hoc tests attributed 14 

this to the significant differences between all three years.  In the case of silver perch, there 15 

were no data for 2006 so the 2005 and 2007 years were compared using the independent 16 

samples t-test and were shown to be significantly different (t0.05, (2),26 = 5.25).  As for all 17 

other samples the assumption of equal variances was tested with the Levene test and found 18 

not to be equal between years.  The non-parametric Mann-Whitney test was also applied to 19 

the data and there were significant differences between all years (P < 0.0001).  There were 20 

no significant differences between years for tilapia, despite an apparent decline in the C:N 21 

ratio between years, however the small sample size in 2005 (2 fish) may have obscured any 22 

significant difference between 2005 and subsequent years. 23 
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Table 22: Comparisons of C:N ratios between years for bass, snub-nose gar, bony 1 

bream, red-claw crayfish, silver perch and tilapia. 2 

Species Mean (±SD) ANOVA Levene 

Test  2005 2006 2007 

Bass 3.30 

(0.10) 

3.01 

(0.07) 

3.13 

(0.18) 

F2,59 = 18.07, 

P<0.0001 

0.18 

Snub-nose Gar 3.20 

(0.04) 

3.04 

(0.09) 

3.02 

(0.08) 

F2,141 = 66.86, 

P<0.0001 

0.003 

Bony Bream 3.31 

(0.24) 

3.02 

(0.14) 

3.11 

(0.08) 

F2,125 = 27.22, 

P<0.0001 

0.04 

Redclaw 

Crayfish 

3.21 

(0.10) 

3.03 

(0.11) 

2.97 

(0.09) 

F2,211 = 69.15, 

P<0.0001 

0.45 

Silver Perch 3.56 

(0.22) 

ND 3.15 

(0.08) 

F2,26 = 27.53, 

P<0.0001 

0.03 

Tilapia 3.18 

(0.02) 

3.04 

(0.11) 

3.07 

(0.10) 

F2,38 = 1.55, P=0.23 0.40 

ND = No Data 3 

 4 

5.4 Discussion 5 

 6 

This study found that the persistent drought conditions and declining water levels led to a 7 

major shift in the range and availability of energy sources and a corresponding shift in the 8 

structure and functioning of the food web.  In particular, there was a reduction of two 9 

significant energy sources including allochthonous catchment nutrients and autochthonous 10 

macrophytes and the periphyton associated with the structurally complex macrophyte 11 

habitat.  Macrophytes and periphyton were shown to be important sources of energy for a 12 

number of consumers and the loss of these sources resulted in dietary shifts of those 13 

consumers to alternative energy sources.  In particular, the diet of consumers shown to 14 

utilise littoral sources of energy shifted with a greater reliance on pelagic and/or benthic 15 

energy sources.  Some species showed declines in body condition indices corresponding to 16 

these dietary shifts.  In addition, there were changes to pelagic primary production patterns 17 

including the development of algal blooms earlier in the year and at higher magnitudes 18 

than seen in the historical data.  These results indicate that significant changes to reservoir 19 
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hydrologic patterns can lead to a cascading series of changes to the food web structure and 1 

function that may have implications for key ecosystem processes including overall 2 

productivity and water quality, in particular phytoplankton bloom dynamics. 3 

 4 

5.4.1 Significance of Reservoir Water Level Fluctuations  5 

 6 

It is widely acknowledged that water level fluctuations (WLF) can result in considerable 7 

changes to many physical and ecological attributes of lake and reservoir ecosystems 8 

(Boschilia et al., 2012; Hofmann et al., 2008; Kolding & van Zwieten, 2012; Leira & 9 

Cantonati, 2008; Van Geest et al., 2007; Wantzen et al., 2008a; Wetzel, 2001).  Despite 10 

this, past research has focussed on the impacts to specific biota or functional groups, as 11 

opposed to whole of ecosystem structural and functional attributes.  In addition, most 12 

studies of WLF on lentic ecosystems have occurred within natural lakes, or over seasonal 13 

changes in level, where the absolute WLF are relatively small in relation to the total depth 14 

or size of the water body (Wantzen et al., 2008a).  WLF in reservoir ecosystems, however, 15 

are potentially of much greater magnitude than natural lakes due to reservoir hydrology 16 

being heavily influenced by highly variable rainfall, extended periods of low inflow, 17 

interspersed with large floods (Wetzel, 2001; Zohary & Ostrovsky, 2011).  In addition, 18 

reservoirs are largely built for the sole purpose of consumptive water supply that brings 19 

about the additional pressures on water level fluctuations from sustained water extraction 20 

for human use.  This can result in much larger fluctuations in reservoir water levels and 21 

thus a greater potential for effects on physical and ecological attributes, than in most 22 

natural lakes. 23 

 24 

The literature highlights the multitude of physical, chemical or biological responses that 25 

can occur in response to WLF and the many factors that may be driving those responses.  26 

Of particular interest in this study are the effects of extended water level declines on lake 27 

and reservoir ecosystem processes.  Most studies have focussed on natural seasonal cycles 28 

in WLF (Baumgartner et al., 2008; Geraldes & Boavida, 2005), alterations to the natural 29 

periodicity or range of WLF (McEwen & Butler, 2010; Sidinei et al., 2006; Turner et al., 30 

2005) or periods of seasonally higher or lower than mean water levels (Hamabata & 31 

Kobayashi, 2002; Havens et al., 2004; Naselli-Flores & Barone, 1997).  Dramatic water 32 

level decreases associated with persistent drought conditions, exacerbated by extractions, 33 
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are much less studied in reservoir and lake ecosystems.  In general, of those studies dealing 1 

specifically with low and declining water levels, these declines are often only a small 2 

percentage of the total depth of the lake system, typically only in the order of a few meters 3 

(Blindow et al., 1993; Havens et al., 2007b; McEwen & Butler, 2010; White et al., 2008).  4 

Although these water level changes may be considered extreme for systems that exhibit 5 

naturally stable water levels, they do not approach the magnitude of water level declines 6 

seen in Lake Samsonvale during this study.  Of those studies that have investigated 7 

extreme water level declines, the effects have been shown to influence fundamental 8 

reservoir ecosystem attributes, such as stratification and internal mixing patterns (Baldwin 9 

et al., 2008; Naselli-Flores & Barone, 2005; Zohary & Ostrovsky, 2011) and 10 

phytoplankton biomass (Olds et al., 2011).  This can have flow-on effects to nutrient 11 

cycling and ecosystem productivity patterns (Kolding & van Zwieten, 2012), particularly 12 

phytoplankton productivity and community composition (Bouvy et al., 2003). 13 

 14 

Impacts from WLF are often observed in the littoral zone first, through changes in the 15 

primary producers and littoral fauna communities including declines in species richness 16 

and biomass (Baumgartner et al., 2008; Hofmann et al., 2008; Turner et al., 2005; White et 17 

al., 2008; Zohary & Ostrovsky, 2011).  The sustained declines in water level seen in Lake 18 

Samsonvale during this study are likely to be the primary driver for the loss of 19 

macrophytes.  In considering the factors that could lead to the loss of littoral macrophytes, 20 

both the rate of water level decline and the ultimate extent of the low water levels 21 

experienced need to be considered (Poovey & Kay, 1998; Sidinei et al., 2006).  It seems 22 

plausible that an increase in the rate of water level decline, as seen in Lake Samsonvale in 23 

2005/06 and 2006/07, could reduce the capacity for macrophytes to recolonise vegetatively 24 

new areas of sediment as the littoral zone recedes to progressively expose areas of 25 

sediments previously deeper than the photic zone.  Alternatively, extremes in low water 26 

levels may contribute to the loss of macrophytes through the lack of sufficient or viable 27 

propagules being present in the sediments exposed that ordinarily would not be in the 28 

photic zone and thus propagule generation and viability would be low. The extreme low 29 

water levels seen in Lake Samsonvale in 2005/06 and 2006/07 were the lowest experienced 30 

since dam construction and were well below the typical summer minimum water levels of 31 

~50 % FSL.  This situation may have resulted in the exposure of sediments that would, 32 

under normal water level conditions, have been below the photic zone and would have 33 

likely been below the oxycline within the anoxic hypolimnion layers of the lake, a 34 
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condition that occurs for much of the year in Lake Samsonvale (Antenucci et al., 2005).  1 

This combination of factors may have reduced the presence of viable propagules in these 2 

sediments for the re-colonisation of the littoral zone as water levels declined at a rate faster 3 

than macrophytes could propagate vegetatively.  4 

 5 

It is possible that the faster rate of water level decline for the years 2005/06 Pre-October 6 

and in 2006/07 could have negatively affected the biomass of macrophytes in the littoral 7 

zone, but would be unlikely to have completely eliminated them if there were viable 8 

propagules present in the sediments at these lower water levels (Bakker et al., 2013).  It 9 

seems more likely that the combined effect of an increase in the rate of water level decline 10 

and lack of viable propagules in the sediments below the 50 % storage water level, resulted 11 

in conditions that hindered the colonisation of macrophytes following the summer of 2005.  12 

Other factors such as intense predation from herbivores may also be plausible factors 13 

influencing the loss of macrophytes (Rodrigo et al., 2013), however no data were collected 14 

to determine the significance of this possible cause. 15 

 16 

Such is the potential for WLF to influence lake ecosystems, some authors postulate 17 

changes in water level may be an overriding driver for many ecosystem primary 18 

productivity attributes, such as phytoplankton dynamics (Gulati et al., 2008; Leira & 19 

Cantonati, 2008; Nöges & Nöges, 1999), macrophyte dynamics and biomass (Bucak et al., 20 

2012; Kolding & van Zwieten, 2012) particularly in more productive or eutrophic systems 21 

(Naselli-Flores, 2000).  Of greatest concern from a human use perspective, is an often cited 22 

increase in chlorophyll a concentrations and cyanobacteria community dominance during 23 

these low water periods in lakes and reservoirs (Bouvy et al., 2003; Harris & Baxter, 1996; 24 

Naselli-Flores, 2003; O’Farrell et al., 2011; Olds et al., 2011; Zohary & Ostrovsky, 2011).  25 

Typically during these low water periods, reservoirs are under greater strain through 26 

ongoing demand for raw water supplies, thus any increase in human health risk associated 27 

with drought-induced changes to phytoplankton, particularly potentially toxic 28 

cyanobacteria dynamics, needs to be understood.  The findings of this study, that the 29 

period of extreme low water levels coincided with some of the highest recorded 30 

chlorophyll a concentrations and a shift in the timing and duration of algal blooms, raises 31 

concerns and highlights the need to better understand the key ecosystem drivers for 32 

cyanobacterial bloom development and in particular, identifying those key ecosystem 33 

drivers that can be managed to reduce the incidence and severity of cyanobacteria blooms. 34 
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 1 

5.4.2 Ecosystem Structural and Functional Changes 2 

Importance of the Littoral Zone 3 

 4 

A consistent feature of WLF studies on lakes and reservoirs is the potential for impacts 5 

associated with the littoral zone (Hofmann et al., 2008; Zohary & Ostrovsky, 2011), 6 

particularly the macrophyte community (McGowan et al., 2005; Osborne et al., 1987; 7 

Turner et al., 2005) and littoral fauna community (Baumgartner et al., 2008; Brauns et al., 8 

2008; McEwen & Butler, 2010; White et al., 2008).  Littoral zones provide a hot spot for 9 

primary and secondary productivity (Cronin et al., 2006; James et al., 2000; Lauster et al., 10 

2006), often forming a zone of dense macrophyte growth and associated periphyton and 11 

bacterial production supporting diverse and abundant fauna communities.  As such, littoral 12 

zone primary production can in certain circumstances, contribute a considerable amount of 13 

energy sources to the food web (Bunn et al., 2003; Hampton et al., 2011).  It is well 14 

established in the literature that there are strong linkages between littoral and pelagic zones 15 

within lakes, supporting processes such as the exchange of nutrients, the provision of 16 

refuge and breeding habitats for aquatic biota, and the provision of food resources for 17 

consumers (Crowder et al., 1998; Keough et al., 1998; Vadeboncoeur et al., 2002).  It has 18 

also been shown that fish are often a critical link between these habitats (Dejenie et al., 19 

2009; Vander Zanden & Vadeboncoeur, 2002) transporting nutrients between the two.  20 

This close coupling of littoral and pelagic habitats may provide a stabilising effect 21 

(Vadeboncoeur et al., 2005) that may enhance food web processes that exert direct and 22 

indirect controlling forces on phytoplankton blooms, such as trophic cascades or nutrient 23 

retention. 24 

 25 

Given the complexity of the littoral zone and the many biological and geochemical 26 

processes that occur in this zone, declining water levels that lead to progressive exposure 27 

and desiccation, have the potential for cascading effects on other ecosystem components 28 

that are linked to, or reliant in some way on the littoral zone.  This potential for flow-on 29 

effects from littoral zone changes was observed in Lake Samsonvale when water level 30 

declined below long-term historical levels resulting in the complete elimination of 31 

macrophytes from the lake.  There were a number of important ecosystem structural and 32 
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functional changes that followed, including a shift in the dominant source of primary 1 

production supporting the food web, changes in the ontogenetic diet patterns of a number 2 

of consumers, and a shift in the seasonality and biomass of phytoplankton.  The first two 3 

changes can be directly attributed to the loss of macrophytes and periphyton as food 4 

sources, whereas changes in phytoplankton characteristics may be an indirect change that 5 

could be attributed to a range of processes influenced by consumer dietary habits and 6 

nutrient cycling. 7 

 8 

Macrophyte communities, including the associated periphyton and bacterial production, 9 

have many important functions in lake ecosystems including nutrient cycling, provision of 10 

habitat, primary energy sources for fauna communities, direct and indirect effects on 11 

chemical and physical properties of the water body (Bachmann et al., 2002; Barko & 12 

James, 1998; Carpenter & Lodge, 1986; Gasith & Hoyer, 1998; Jeppesen et al., 1997; 13 

Pieczynska, 1993; Wetzel & Sondergaard, 1998).  Of particular interest to this study is the 14 

importance of littoral macrophyte communities on nutrient cycling, either directly or 15 

indirectly, within Lake Samsonvale.  Macrophyte communities are known to function as a 16 

storage pool for nutrients, being capable of sequestering dissolved nutrients from the water 17 

column (Barko & James, 1998), actively extract nutrients from the sediments (Barko et al., 18 

1988), as well as change sediment characteristics leading to greater nutrient retention 19 

capacity of the sediments (Wang et al., 2007).  Despite these previously described 20 

functions, many macrophyte species are believed to source a large proportion of their 21 

nutrient needs directly from the substrate via the roots (Pieczynska, 1993; Wetzel, 2001).  22 

The predominance of this mode of nutrient acquisition however may change depending on 23 

the nutrient concentration of the water column, or the stage of growth, such that under 24 

active growing periods and when water column nutrients are high, more of the plants 25 

nutrient needs can be met from the water column (Carpenter & Lodge, 1986; Wetzel & 26 

Sondergaard, 1998).  It could be expected then that in Lake Samsonvale, during the more 27 

active macrophyte growing periods in spring and summer, this expanding biomass of 28 

macrophytes and periphyton will act as a net nutrient sink, drawing nutrients from both the 29 

sediments and water column and retaining these nutrients in the biomass. 30 

 31 

The degree to which macrophytes draw on sediment nutrients versus water column 32 

nutrients may be species-specific.  For example, Vallisneria sp. rely more on sediment 33 

nutrients than water column nutrients (Xie et al., 2005), while nutrient use by Hydrilla 34 
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verticillata, the dominant species in Lake Samsonvale, is generally dominated by sediment 1 

uptake, but will shift to a greater reliance on nutrients from the water column when 2 

sediment nutrients become depleted (Barko et al., 1988).  In addition during periods of 3 

active growth, macrophytes retain the majority of the nutrients stored (Carpenter & Lodge, 4 

1986) and thus can reduce the potential for sediment-derived nutrients to reach the water 5 

column.  Unlike macrophytes, the periphyton associated with macrophytes draw the 6 

majority of their nutrient needs directly from the water column (Wetzel, 2001) and thus 7 

form an important store of nutrients in the littoral zone.  The net effect of littoral primary 8 

production during active growth stages would be to reduce the movement of dissolved 9 

nutrients from the sediments to the water column and to draw excess nutrients out of the 10 

water column and retain these in the littoral zone. 11 

 12 

It has long been demonstrated that macrophyte communities in shallow lake ecosystems 13 

can have a significant controlling effect on pelagic primary productivity and water clarity 14 

(Jeppesen et al., 1998b).  When water clarity is high, macrophytes can contribute 15 

considerable primary production to the system (Wetzel, 2001) however the total 16 

contribution of macrophytes to ecosystem productivity will depend on the morphology of 17 

the lake (Scheffer & van Nes, 2007).  Lakes with low surface area to shoreline ratios and 18 

shallow mean depths would have proportionally more macrophyte contributions than larger 19 

deeper lakes with relatively simple shoreline morphologies.  It has been shown that 20 

macrophyte areal productivity rates can exceed phytoplankton productivity in shallow 21 

lakes (Wetzel, 2001), but this contribution declines dramatically in lakes with a smaller 22 

proportional areas of shallow littoral zone. 23 

 24 

A number of key morphological descriptors of Lake Samsonvale indicate that this lake has 25 

the potential to develop extensive littoral zones and consequently the potential for littoral 26 

primary production to contribute a significant energy source to the food web, as well as 27 

influence the pelagic zone, in according with the alternative stable state theory.  One such 28 

morphological descriptor is the shoreline Development Ratio (DL) which describes the 29 

ratio of the shoreline length to the circumference of a circle that equals the surface area of 30 

the lake (Wetzel, 2001).  In lakes with bowl-like morphologies, the DL is often as low as 2 31 

(approaching a circular or elliptical shaped shoreline) whereas for Lake Samsonvale the DL 32 

is 10.2.  This DL is quite high in comparison to other reservoirs in the SEQ region 33 

including Hinze Dam (6.2), Borumba Dam (6.5), Moogerah Dam (3.0), Maroon Dam (2.8) 34 
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and Baroon Pocket Dam (3.7).  The two largest reservoirs of this region in Lake Wivenhoe 1 

and Lake Somerset have DL values of 12.5 and 10.6 respectively.  The DL is one way to 2 

describe the potential for littoral zone development, however this descriptor does not take 3 

into account the area of the lake that contains depth ranges suitable for the establishment of 4 

macrophytes.  A more appropriate morphological descriptor used to assess the potential for 5 

the development of high macrophyte biomass in the littoral zone, is the Basin Slope.  This 6 

is a measure of the size of the lake related to the mean depth and has been shown to be an 7 

important predictor for the development of littoral macrophyte communities in lakes 8 

(Gasith & Hoyer, 1998).  The Basin Slope value for Lake Samsonvale is 4.5, which 9 

indicates a relatively shallow lake for its volume.  In comparison the small but relatively 10 

deep lakes of Hinze Dam, Borumba Dam, Moogerah Dam, Maroon Dam and Baroon 11 

Pocket Dam, have basin slopes of 1.8, 1.6, 2.5, 1.4, and 1.2 respectively.  The two largest 12 

lakes in the SE Qld region, Lake Wivenhoe and Lake Somerset have basin slopes of 9.8 13 

and 6.6.  These two morphological metrics indicate that Lake Samsonvale has the potential 14 

to development significant macrophyte biomass in the littoral zone and thus a high 15 

potential for littoral zone production to contribute to the food web and influence other lake 16 

wide ecosystem processes. 17 

 18 

In an effort to estimate the relative importance of littoral macrophytes and the potential to 19 

influence broader ecosystem processes in Lake Samsonvale, the proportion of the total lake 20 

surface area that could potentially be occupied by macrophytes was estimated in 2005, 21 

when macrophytes were last present and then again for lake level conditions in 2007, when 22 

macrophytes were absent.  This was done by calculating the total surface area of the lake 23 

contained between the current reservoir water level contour at the time of food web 24 

sampling and the bathymetric contour that is 4 m below this level.  The 4 m contour was 25 

chosen as the extent of the littoral zone and the depths that macrophytes would likely 26 

colonise down to, based on anecdotal observations at the start of the study and those 27 

observations of King et al. (1975).  The areal extent of the potential littoral zone in 2005 28 

was estimated to be ~34% (4.2 km
2
) of the total reservoir surface area.  This proportion 29 

rose to ~40% (2.4 km
2
) of the total reservoir surface area in 2007.  These proportional areal 30 

estimates of littoral zone indicate that macrophytes when present under stable water level 31 

conditions have the potential to interact with the broader lake water body by the very 32 

nature of the amount of lake area they occupy.  This translates to a potentially significant 33 

influence on broader food web processes and nutrient cycling patterns in the reservoir.  34 
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Given this potential, changes in the biomass of macrophytes in Lake Samsonvale under 1 

different water level conditions as a result of natural and anthropogenic management, may 2 

trigger a range of broader ecosystem wide responses including changes in the nutrient 3 

cycling processes and food web consumer patterns.  Ultimately this may have important 4 

consequences for issue of particular concern for reservoir managers such as algae bloom 5 

dynamics and cyanobacteria dominance. 6 

 7 

Cascading Changes in the Food Web and Nutrient Cycling 8 

 9 

In Lake Samsonvale there were a number of important changes in ecosystem structure and 10 

function that occurred over the period of this study that suggest the littoral zone may have 11 

an important role in lake water quality, in particular nutrient dynamics with possible 12 

consequences for phytoplankton dynamics.  In the two years following the complete loss of 13 

macrophytes from Lake Samsonvale, there were significantly higher nitrogen and 14 

phosphorus concentrations and elevated, though not statistically significant, chlorophyll a 15 

concentrations over historical levels and the seasonal phytoplankton bloom occurred much 16 

earlier in the year than had historically occurred.  In 2005, the last year in which 17 

macrophytes were present, the chlorophyll a concentrations were at the lowest recorded in 18 

a decade.  These changes occurred over a period of insignificant catchment inflows and 19 

with seasonal reservoir stratification exhibiting similar historical patterns.  It is probable 20 

that the high macrophyte biomass in 2005, combined with low water levels and negligible 21 

catchment inflows, created conditions whereby the macrophyte biomass of the lake 22 

provided some sequestration of nutrient concentrations in the water column, which could 23 

have acted to dampen the severity of the summer phytoplankton bloom.  The large biomass 24 

of littoral macrophytes would also have provided a substantial food source for herbivorous 25 

and omnivorous consumers, keeping them within the littoral zone during foraging.  In 26 

years when macrophyte biomass was low or absent, as it was in 2006 and 2007, and 27 

catchment inflows were negligible, the potential nutrient sequestration effect from the 28 

littoral macrophytes would be largely absent.  In addition, those littoral consumers 29 

formerly utilising littoral energy sources would need to supplement their diet with 30 

alternative energy sources, in this case, this was likely pelagic secondary production in the 31 

form of zooplankton and detritus.  Under such conditions, nutrients within the water 32 

column and nutrients released from the sediments would be directly available to the 33 
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phytoplankton, while any potential grazing suppression by zooplankton on phytoplankton 1 

would be lessened due to increased consumer predation rates on large bodied zooplankton.  2 

Add to this, an increased level of fish mediated nutrient recycling from excretion that 3 

would occur in the pelagic zone as more fish seek prey in the pelagic zone or recycle 4 

nutrients to the water column through detritus consumption.  The chlorophyll a patterns 5 

observed in 2006 and 2007 support this assertion, such that the seasonal development of 6 

the summer phytoplankton bloom occurred earlier and at higher concentrations than 7 

historical averages during this period of low water levels when macrophyte biomass was 8 

non-existent. 9 

 10 

The potential importance of macrophytes in nutrient cycling within Lake Samsonvale is 11 

further supported by the patterns seen in the pelagic nutrient concentrations.  Mean 12 

monthly nutrient concentrations in the lake were higher in the years following the loss of 13 

macrophytes.  This included 2006 and 2007 when there were negligible catchment inflows.  14 

On those occasions that inflows did occur, there were corresponding spikes in nutrient 15 

concentrations in the pelagic zone, despite the inflows only comprising a few per cent of 16 

the reservoir volume.  These nutrient spikes however rapidly declined within a few weeks, 17 

back to pre-inflow concentrations.  It seems likely from these results that macrophyte 18 

communities do have some role in nutrient cycling within Lake Samsonvale, other than 19 

just providing an energy source for consumers.  It is likely that this role would be greater 20 

during lower water levels when the shoreline to volume ratio is less and there is a greater 21 

proportion of the reservoir’s surface area that is of a suitable depth for the colonising of 22 

macrophytes in the littoral zone.  This role in nutrient cycling may include the potential to 23 

sequester pelagic nutrients directly, to reduce the movement of littoral sediment nutrients 24 

and thus nutrients into to the water column, and through the absorption of catchment-25 

derived nutrients from small scale catchment inflow events. 26 

 27 

Very few studies have investigated the impacts of WLF on the pelagic zone (Geraldes & 28 

Boavida, 2005; Naselli-Flores, 2003; Osborne et al., 1987; Turner et al., 2005) or how 29 

changes in the littoral zones due to WLF may link to the pelagic zone (Havens et al., 30 

2007b).  The most commonly observed effects from WLF in the pelagic zone involve 31 

increases in major ions, including nutrients, increase in the phytoplankton biomass and 32 

often a shift in the phytoplankton community toward an increasing dominance of 33 

cyanobacteria (Bouvy et al., 2003; Geraldes & Boavida, 2005; Nöges & Nöges, 1999).  34 
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There are also effects on water column physical characteristics, including changes to 1 

stratification patterns, such that in years of extreme low water level thermal stratification 2 

often breaks down (Naselli-Flores & Barone, 2005).  It is widely accepted that three of the 3 

most important drivers for phytoplankton bloom formation include the supply of nutrients, 4 

light conditions and physical mixing status of the water body (Burford et al., 2006; Burford 5 

& O'Donohue, 2006; Lawrence et al., 2000; Naselli-Flores, 2000).  The effects of the 6 

extended drought on Lake Samsonvale and the associated declines in water level have 7 

resulted in apparent changes to the nutrient conditions of the pelagic zone of the lake.  8 

Light conditions, as indicated by turbidity, and the temperature stratification patterns 9 

changed relatively little over the study period, being largely consistent with historical 10 

patterns (data not presented).  It appears that the most likely contributor to the changes 11 

observed in the chlorophyll a concentrations of the lake were the altered nutrient 12 

conditions.  The exact cause of these altered nutrient conditions was not the focus of this 13 

research but may be related to changes in the physical and biological conditions of the lake 14 

over this period as discussed previously. 15 

 16 

There may well be other physical and biogeochemical processes occurring in Lake 17 

Samsonvale during this study that could influence the changes in nutrient and chlorophyll 18 

a concentrations seen in the lake.  These may include the progressive concentration of 19 

nutrients as water volumes decline.  An increase in nutrient concentrations has been 20 

observed in other lakes experiencing rapid draw down of lake volumes (Naselli-Flores, 21 

2003) however, in this particular case, this was attributed to the progressive incorporation 22 

of hypolimnion water, containing higher nutrient concentration, into the epilimnion.  It is 23 

not clear if the increase in nutrients in Lake Samsonvale is due to the concentrating effect 24 

as water volume declines, or due to the progressive mixing of the hypolimnion with the 25 

epilimnion.  The rate of water level decline seen in Lake Samsonvale was quite slow (in 26 

the order of years) compared to the above mentioned study (in the order of months), and 27 

thus summer stratification patterns would have likely maintained stratification and reduced 28 

mixing of the layers each year. The persistence of summer stratification in Lake 29 

Samsonvale suggests that the annual pattern of stratification remained the same and thus is 30 

possibly not a primary driver in this case.  However, it is plausible that the shallower 31 

overall water depth of Lake Samsonvale could have facilitated more complete mixing 32 

during winter turnover events and thus resulted in greater quantities of hypolimnetic 33 

nutrients being incorporated into surface waters.  34 
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 1 

Another possible driver for the increasing nutrient concentrations in the lake could be the 2 

change in the ratio of the sediment to surface water as the lake volume declined.  This 3 

would occur as result of the increase in surface area of the lake being occupied by 4 

shallower water depths, leading to greater sediment to surface water interaction, leading to 5 

greater proportion of sediment released nutrients reaching the photic zone of the lake.  6 

Additionally, the loss of a vegetated littoral zone around the lake may have exposed 7 

shoreline sediments to increased erosion and re-suspension from wind and wave erosion 8 

(Leira & Cantonati, 2008) possibly leading to higher nutrient loading into the water 9 

column. 10 

 11 

Finally there is also the possibility that the reduced volume of the lake could result in the 12 

concentration of biota into this smaller volume of water, into which the excreted nutrients 13 

from those biota would accumulate.  Lake Samsonvale contains a high biomass of fish that 14 

are not able to emigrate from the lake during drought conditions.  This would lead to 15 

increasing areal densities of fish and other aquatic fauna as water volumes declined.  The 16 

stable isotope results confirm that many of these fish species rely solely, or have shifted 17 

their dietary patterns to pelagic food sources and thus would spend considerable time in the 18 

pelagic zone.  In effect, this would shift consumption and thus excretion of nutrients, into 19 

the pelagic zone.  Numerous studies have demonstrated the significance of fish mediated 20 

nutrient excretion in lakes to influence phytoplankton dynamics and biomass (Attayde & 21 

Hansson, 2001a; Boros et al., 2009; Persson, 1997; Vanni et al., 2006; Vanni & Layne, 22 

1997). However, under certain lake conditions, such as variable lake depth, fish growth 23 

rate, diet or species present, the potential for fish nutrient excretion can change (Griffiths, 24 

2006; Tarvainen et al., 2002; Verant et al., 2007). 25 

 26 

Based on the findings of the 2007 food web analysis, the conceptual food web model for 27 

Lake Samsonvale proposed in Chapter 4 has been revised (Figure 60).  This conceptual 28 

food web model depicts the dominant energy cycling pathways between major food web 29 

components.  The direction of the arrows between components represents the direction of 30 

energy flow through the food web, while the relative thickness of arrows provides an 31 

indication of the importance to the consumer of that energy source, as estimated from 32 

isotope mixing model results.  The yellow boxes depict new sources of inorganic nutrients 33 

that can stimulate primary productivity.  To reduce complexity of the model, generally 34 
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only the two highest proportional energy sources for a consumers diet are depicted in the 1 

model.  In most cases, these top two sources for comprised greater than 50% of the 2 

predicted energy source for a consumer. 3 

 4 

 5 

Figure 60: Conceptual Model of the Food Web Structure and Energy Pathways 6 

occurring under drought conditions within Lake Samsonvale. 7 

 8 

A major change in the conceptual food web model previously proposed under normal 9 

water level conditions (Figure 18) is the change in the relative importance of the catchment 10 

and the littoral energy sources.  This has led to an increase in the cycling of energy directly 11 

through the pelagic (phytoplankton and zooplankton) and detritus energy pathways, in 12 

effect providing the majority of the energy for the whole food web.  This condition is 13 

reflected in changes to the relative importance of energy sources for many of the 14 

consumers, including a shift in herbivore diets from littoral production to pelagic 15 

production.  There is also an increase in the proportional contribution of pelagic energy 16 

sources for most of the consumers, other than the detritivores. 17 
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 1 

The importance of autochthonous energy sources to the food web of Lake Samsonvale was 2 

demonstrated using stable isotope analysis, in particular how littoral zone primary 3 

production supplies considerable energy to the food web.  It was also postulated that the 4 

littoral zone has an important function in nutrient cycling of Lake Samsonvale.  The 5 

drought and record low water levels that led to a reduction in littoral primary production, 6 

resulted in a series of cascading shifts in the food web structure, via changes in the dietary 7 

habits of certain consumers.  These shifts were most evident in the herbivores, but also 8 

occurred in a range of other omnivorous species.  The directions of the shift in 
13

C values 9 

of those consumers indicated a greater reliance on pelagic carbon (ie. phytoplankton).  In 10 

addition there was considerable enrichment in the δ
15

N values of consumers associated 11 

with these shifts which could indicate a greater reliance on pelagic secondary production 12 

(ie. zooplankton) (Syvaranta & Jones, 2008).  The isotope values of those species shown to 13 

utilise phytoplankton and detritus-derived carbon under normal reservoir water level 14 

conditions, remained relatively unchanged over this period supporting the contention that 15 

the diet shifts observed were largely due to the loss of the littoral production and were not 16 

due to change in the isotope values of other potential carbon sources. 17 

 18 

Dietary shifts in aquatic consumers are typically associated with the normal ontogenetic 19 

development cycle of consumers from larvae, through to adults (Werner & Gilliam, 1984).  20 

Dietary shifts in consumers can also occur in response to a variety of other factors 21 

including hydrological variability (Perga et al., 2005; Sternberg et al., 2008), prey 22 

availability (Stetter et al., 2005; Syvaranta & Jones, 2008), changes in predation pressure 23 

(Keyse et al., 2007; Lepak et al., 2006), changes to habitat complexity (Sammons & 24 

Maceina, 2006) or in response to major changes in available energy supplies (Maguire & 25 

Grey, 2006; Piet & Vijverberg, 1999).  It is clear from the annual isotope bi-plots that there 26 

have been major shifts in the structure of the food web, dietary patterns of consumers and a 27 

change in the major source of energy to the food web.  Although a number of the 28 

previously mentioned drivers for dietary shifts may have played a role in the observed 29 

patterns in the consumers of Lake Samsonvale, it is the change in available energy sources 30 

as a result of the extreme low water levels that are believed to be the most likely driver 31 

responsible for the observed diet shifts.  Having established that consumers undergo 32 

dietary shifts in response to changes in the availability of energy sources, we may seek to 33 
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understand the implications of these shifts, both to the species, and also the ecosystem 1 

structure and functioning. 2 

 3 

There are a number of potential implications from consumer diet shifts including effects on 4 

the individual as well as broader ecosystem wide cascading effects.  The most obvious and 5 

direct effect on the food web of consumer diet shifts is the increased predation pressure 6 

that occurs on alternative food sources (Keyse et al., 2007; Lepak et al., 2006).  The shifts 7 

observed in a number of formerly littoral feeding fish (e.g. snub-nose gar, tilapia and 8 

gambusia) toward pelagic secondary production highlights the potential for impacts on the 9 

alternative food sources, in this case zooplankton.  The increased predation pressure on 10 

zooplankton as a result of these diet shifts is likely to have implications for zooplankton 11 

community characteristics.  Fish have long been recognised as having the potential to 12 

structure zooplankton communities through size selective predation (Fernando, 1994).  The 13 

majority of planktivorous fish are visual predators and selectively prey on larger bodied 14 

zooplankton.  This predation effect can shift zooplankton communities toward smaller 15 

bodied species.  The forced dietary shifts observed in a number of Lake Samsonvale 16 

consumers, from littoral primary production to pelagic secondary production, could serve 17 

to increase the selective predation pressure on zooplankton communities.  This may in turn 18 

reduce the zooplankton size structure and overall biomass of zooplankton in the lake. 19 

 20 

It is well documented that large bodied zooplankton have the potential to exert 21 

considerable grazing effects on phytoplankton populations, leading to decreases in 22 

phytoplankton biomass and alterations to the proportion of edible and inedible 23 

phytoplankton species (Carpenter & Kitchell, 1988; Carpenter & Kitchell, 1993; Sommer, 24 

2008; Wetzel, 2001).  It is probable that the increased predation pressure by fish on 25 

zooplankton in Lake Samsonvale, may have cascading effects to the phytoplankton 26 

community including an overall decrease in the grazing potential.  The chlorophyll a 27 

concentrations in Lake Samsonvale were noticeably higher than long-term historical means 28 

during the period corresponding to these diet shifts suggesting this change in grazing 29 

pressures may be an important factor affecting phytoplankton biomass in Lake 30 

Samsonvale.  Although not specifically assessed in this study, the apparent changes in 31 

chlorophyll a concentrations support this proposition.  As previously discussed, the 32 

nutrient concentrations were also found to be significantly higher during this period.  Thus 33 

it is more probable that the apparent higher chlorophyll a concentrations would be 34 
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influenced by the combined effect of both changes in nutrient dynamics stimulating greater 1 

production, and increased consumer grazing pressure on zooplankton communities leading 2 

to lower phytoplankton grazing rates. 3 

 4 

Another potential impact of consumer diet switching that could influence phytoplankton 5 

communities, include the alteration of nutrient cycling patterns resulting from changes in the 6 

way consumers recycle and transport nutrients via excretion (Attayde & Hansson, 2001a; 7 

Dejenie et al., 2009; Sereda et al., 2008b).  Changes in nutrient cycling patterns can occur as 8 

fish seek alternative food sources within different foraging habitats, such as moving from 9 

littoral zones to pelagic zones (Vanni, 1996; Vanni et al., 2006).  A clear shift in diets 10 

associated with different habitats was observed for a number of littoral feeding species in 11 

Lake Samsonvale.  Prior to the loss of littoral macrophytes in Lake Samsonvale, the excreted 12 

nutrients from consumers feeding on littoral production would likely have been taken up 13 

directly by macrophytes and periphyton and thus largely remained within the littoral zone.  14 

Following the shifts in diet and the associated changes in foraging habitat, there is the 15 

potential for increased recycling of nutrients directly into the pelagic zone.  Many macro-16 

consumers of the Lake Samsonvale food web were found under normal water level 17 

conditions to exhibit an omnivorous diet composed of various proportions of littoral and 18 

pelagic food sources.  Under drought conditions the diets of many species shifted toward 19 

more pelagic production, which represents a greater potential for increased pelagic nutrient 20 

recycling. 21 

 22 
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Chapter 6 Synthesis 1 

 2 

This thesis presents the outcomes of an investigation into the trophic ecology of a sub-3 

tropical reservoir ecosystem over a period of extreme drought during which time there 4 

were major changes in the physical, chemical and biological attributes of the reservoir.  5 

The study revealed new insights into reservoir food web structure and functioning and how 6 

reservoir ecosystems respond to major environmental perturbations.  These insights 7 

provide a framework for understanding food web complexity in reservoirs that experience 8 

large water deficits, and provides new information to guide future research directions and 9 

ultimately management decisions. 10 

 11 

Understanding the implications of variable water levels on ecosystem functioning of 12 

reservoirs in dry climates and those in regions with highly variable hydrology, is important 13 

information to determine likely future outcomes of a more variable climate, increasing 14 

rates of eutrophication and ultimately the sustainable management of reservoirs for the 15 

provision of raw drinking water, recreation and habitats for aquatic biota.  This study 16 

revealed pervasive ecosystem wide responses to drought that highlight a number of 17 

important consequences of severe water deficits on reservoir food web structure and 18 

functioning.  These changes have potential cascading effects on other important ecosystem 19 

features, such as phytoplankton dynamics and overall ecosystem health.  Based on the 20 

results of this research, the implications of variable water levels in reservoirs on ecosystem 21 

functioning are discussed and presented in a new conceptual framework for how reservoir 22 

ecosystems may respond to contrasting hydrologic conditions. 23 

 24 

6.1 Implications of Drought for Reservoir Ecosystems 25 

 26 

The hydrologic status of freshwater environments is a critical driver of many ecosystem 27 

functional and structural features (Bond et al., 2008; Hoeinghaus et al., 2007; Perkins et 28 

al., 2010; Puckridge et al., 2000).  The importance of hydrologic variability also extend to 29 

lake and reservoir ecosystems by affecting many attributes including water quality, 30 

primary production, elemental cycling, biodiversity, biotic community structure and 31 

trophic structures (Baldwin et al., 2010; Brauns et al., 2008; Geraldes & Boavida, 2005; 32 
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Loverde-Oliveira et al., 2009; McEwen & Butler, 2010; Perga et al., 2005; Sidinei et al., 1 

2006; Wantzen et al., 2008b).  Research into the ecological effects of drought on lake and 2 

reservoir ecosystems in Australia is largely absent (Lake, 2008).  Historically, studies on 3 

the effects of drought on Australian freshwater ecosystems have focussed on river and 4 

shallow wetland systems (Arthington et al., 2005; Balcombe & Arthington, 2009; Bond et 5 

al., 2008; Brock, 2011; Humphries & Baldwin, 2003; James et al., 2007).  Of the few 6 

studies undertaken on Australian reservoirs, most are restricted to periods of seasonally 7 

low water levels, or on artificially induced low water levels, occurring over relatively short 8 

temporal scales (Baldwin et al., 2008; Baldwin et al., 2010; Harris & Baxter, 1996; Scholz 9 

et al., 2002; Watts, 2000).  Similarly research on drought like conditions including severe 10 

water deficits from other regions of the world is limited, but emerging as an important 11 

knowledge gap attracting research attention (Kolding & van Zwieten, 2012; Mihaljevic & 12 

Stevic, 2011; O’Farrell et al., 2011; Olds et al., 2011; Zohary & Ostrovsky, 2011).  13 

 14 

This lack of information regarding the effects of drought on sub-tropical reservoir 15 

ecosystems is an impediment to predicting future impacts associated with climate change 16 

and increasing demands on limited freshwater resources.  Climate change is predicted to 17 

increase variability in terms of the timing and quantum of rainfall (Watts et al., 2011). This 18 

change combined with increased consumptive demand through population and industrial 19 

growth will lead to greater variability in water levels in reservoirs and lakes (Wantzen et 20 

al., 2008a). 21 

 22 

The results of this research indicate that the antecedent hydrologic conditions of a sub-23 

tropical reservoir are a critical feature that drives many important ecosystem structural and 24 

functional characteristics.  The following sections present the key findings of how 25 

hydrologic variability, due to extended drought conditions, can affect a number of 26 

important ecosystem structural and functional attributes. 27 

 28 

6.1.1 Changes in Available Energy Sources 29 

 30 

Previous research has found that water level declines have far reaching effects on many 31 

components of lake food webs including littoral macrophytes, invertebrates and fish 32 

communities (Havens et al., 2007b; Johnson et al., 2007; Loverde-Oliveira et al., 2009; 33 
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McEwen & Butler, 2010; O’Farrell et al., 2011; Turner et al., 2005; Wang et al., 2010).  1 

However, few studies have highlighted the implications of water level declines on the 2 

availability of energy sources to the food web, or the consequential changes in the structure 3 

and function of food webs as a result.  These knowledge gaps have led to recent calls for 4 

research into the effects of water level fluctuations on lake and reservoir ecosystems 5 

(Hofmann et al., 2008; Wantzen et al., 2008a).   6 

 7 

The prolonged period of drought in South East Queensland affected Lake Samsonvale 8 

directly through two significant changes in the availability of energy sources to the system.  9 

Firstly, there was a reduction in the delivery of allochthonous energy sources to the lake 10 

due to the reduced catchment runoff volumes and reduced area of shoreline inundation that 11 

occurred over the study period.  Secondly, the progressive decline in water levels resulted 12 

in the desiccation of littoral zones and loss of all littoral submerged macrophytes.  In 13 

addition, the loss of the structurally complex habitats associated with submerged 14 

macrophytes would have also reduced the available surfaces for periphyton colonisation 15 

(Jones et al., 1998) resulting in declines in periphyton production.  Coincident with these 16 

changes, was an increase in the nutrient concentration in the lake and an apparent increase 17 

in the chlorophyll a concentrations in the water column during the period of extreme low 18 

water levels.  These shifts in the available primary energy supplies resulted in pervasive 19 

effects on the food web structure and functioning.  The most obvious change was a shift in 20 

the structure of the food web to one supported almost entirely by pelagic primary 21 

production, either directly through utilisation of primary or secondary pelagic production, 22 

or indirectly as detritus that was largely derived from pelagic primary production. 23 

 24 

Despite the lack of research directly focussing on food web impacts resulting from changes 25 

in water levels and availability of energy sources, there has been a complementary field of 26 

research that seeks to explain the drivers and outcomes of major shifts or imbalances in the 27 

dominant forms of primary production within lakes.  That field of research explores the 28 

concept of ‘alternative stable states’ in lakes.  The alternative stable states theory proposes 29 

that an ecosystem can experience progressive changes in key ecosystem drivers, such as 30 

the nutrient status, climate, or biotic communities, which result in small but progressive 31 

changes in ecosystems attributes.  However, a threshold can be reached when the system 32 

undergoes a marked alteration to a new state (Beisner et al., 2003a; Scheffer et al., 2001; 33 

Schröder et al., 2005).  A typical example is when a lake switches from a clear water, 34 
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macrophyte dominated state with low phytoplankton biomass, to one with little or no 1 

macrophytes and turbid water, largely as a result of high phytoplankton biomass (Scheffer 2 

et al., 1993; Schröder et al., 2005).  Often this switch can occur suddenly and without 3 

warning, or without clear indications of the impending change (Scheffer et al., 2001).  The 4 

capacity of an ecosystem to resist these sudden shifts in state is often termed the 5 

‘resilience’ of the system, and it is an important factor to consider when predicting the 6 

occurrence of alternative stable states (Beisner et al., 2003a).  The premise of this theory 7 

has many parallels to the observed changes that have occurred in Lake Samsonvale 8 

including a major shift in the dominant source of primary production within the system. 9 

 10 

The forces that bring about alternative stable states may be external (e.g. nutrient 11 

loading/climate variability) or related to internal changes in the ecosystem (e.g. species 12 

loss or biotic community changes) that can be a result of, or exacerbated by external 13 

forces.  Ultimately however, the shift brings about a new ecosystem condition that may 14 

persist or further evolve until a new stable state is reached.  Often this alternative state will 15 

resist further change until a sufficiently large force brings about another shift that may 16 

either return the ecosystem back to its former state, or result in an entirely new state.  A 17 

classic example of these forces is the process of eutrophication in lakes.  Eutrophication is 18 

typically a slow acting, gradual process that results in an increase in a lake’s nutrient status 19 

over long timeframes.  However, evidence is mounting that there may be critical thresholds 20 

at which point a lake can switch to an alternative state e.g. from clear to a turbid state, over 21 

a relatively short timeframe (Scheffer et al., 2001; Scheffer & Carpenter, 2003).  To return 22 

a system from a eutrophic state may require inordinate efforts to remove the source of 23 

nutrients and create the biological conditions to support the former state (Jeppesen et al., 24 

2008). 25 

 26 

It has been proposed that there are a number of key characteristics, or consistently 27 

observed features that occur within ecosystems experiencing alternative stable state shifts 28 

(Scheffer et al., 2001).  These include: an alternative stable state shift may occur as a result 29 

of major stochastic forces (e.g. floods, droughts, disease); the onset is typified by a major 30 

change in the dominance of certain biota of contrasting life forms (e.g. macrophytes vs. 31 

phytoplankton); and finally the processes that maintain a stable state are controlled by a 32 

combination of mechanical, biological or chemical processes (Scheffer et al., 2001).  If a 33 
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reservoir ecosystem were to exhibit some or all of these features, it may be predisposed to 1 

experiencing alternative stable state changes. 2 

 3 

The results of this study support the contention that Lake Samsonvale may be predisposed 4 

to the occurrence of alternative state like shifts.  Firstly, Lake Samsonvale under the strong 5 

climate driven force of drought has experienced a sudden and abrupt shift in the 6 

availability of energy to the food web (i.e. a shift from multiple energy sources to largely a 7 

single source).  This shift may typify the first and second features explained above, of a 8 

system experiencing alternative stable states, in that there was a major stochastic force 9 

applied (i.e. drought) that resulted in a change in the dominance of biota with contrasting 10 

life forms (i.e. from a mix of littoral and pelagic primary producers, to largely just 11 

phytoplankton). What followed was a series of ecosystem-wide changes including food 12 

web structural shifts, changes to consumer dietary patterns, and the apparent shift in the 13 

productivity of the system via increases in nutrient and pelagic chlorophyll a 14 

concentrations.  It appears that in this new state, Lake Samsonvale exhibits a range of 15 

physical (e.g. lake morphology), biological (e.g. loss of littoral production and consumer 16 

diet patterns) and chemical processes (e.g. altered nutrient status) that may be acting to 17 

maintain this state.  This is consistent with the third commonly observed feature of 18 

ecosystems experiencing alternative state shifts.  It is not known what other forces may act 19 

on the state of Lake Samsonvale over time, but it is likely that a major reservoir inflow 20 

event and the consequential changes to lake morphology and the return of littoral 21 

macrophyte communities will be a significant driver and an interesting area for future 22 

research. 23 

 24 

6.1.2 Restructuring of the Food Web 25 

 26 

This research has revealed widespread changes to the structure and function of the food 27 

web, driven largely by the changes in available energy supplies.  These food web changes 28 

are a result of shifts in the dietary habits of many consumers in the food web following the 29 

loss in range of available energy sources and switching to alternative energy sources.  This 30 

was most evident in the diet of herbivorous species, that shifted from a diet of littoral 31 

macrophytes and associated periphyton, to either pelagic secondary production (e.g. 32 

zooplankton) or detritus.  Shifts in diet away from littoral energy sources also occurred in a 33 
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number of omnivorous consumers that were estimated to consume higher proportions of 1 

pelagic or detritus based energy sources following the reduction in available littoral energy 2 

sources. 3 

 4 

The restructuring of food webs has potential for flow-on effects to other important lake 5 

ecosystem characteristics, including changes to the trophic level organisation of the food 6 

web (Lepak et al., 2006; Specziar & Rezsu, 2009; Stenroth et al., 2008), effects on fitness 7 

and abundance of consumers (Keyse et al., 2007; Piet & Vijverberg, 1999; Stetter et al., 8 

2005), and shifts in the nutrient cycling patterns of the system (Mehner et al., 1998; Pilati 9 

& Vanni, 2007).  These changes may result in cascading effects on other components of 10 

the food web, in particular zooplankton communities and potentially phytoplankton 11 

through direct (consumption) and indirect (nutrient cycling) mechanisms.  Traditional 12 

theory on pelagic food web dynamics suggest that changes in herbivore grazing pressure 13 

due to shifts in the zooplankton biomass can affect phytoplankton dynamics, either through 14 

depressing phytoplankton biomass or changing the community from edible to inedible 15 

species (Carpenter, 1988; Sommer, 2008).  Addition food web interactions that can 16 

influence phytoplankton communities can include changes to the nutrient recycling 17 

processes as a result of shifts in zooplankton community dynamics (Vanni & Findlay, 18 

1990) or fish consumption patterns (Schindler et al., 2001; Vanni et al., 2006). 19 

 20 

Some of the findings from this research, which are consistent with well established 21 

principles of lake food web function from research on northern hemisphere lake 22 

ecosystems, highlight a range of implications resulting from changes in food web structure 23 

in sub-tropical reservoirs.  Of most significance for phytoplankton dynamics is the 24 

observed shift in food web structure to one supported predominantly by pelagic production 25 

which could result in the suppression of large bodied zooplankton (Attayde & Hansson, 26 

2001b; Beisner et al., 2003b; Mehner & Thiel, 1999).  The isotope results show that most 27 

consumers shift toward a greater reliance on pelagic carbon production. For most 28 

consumers in Lake Samsonvale, this is unlikely to be a result from the direct consumption 29 

of phytoplankton, largely due to consumers lacking the specialised feeding structures to 30 

filter algae from the water. A more likely scenario for utilising this source of energy is via 31 

direct consumption of primary consumers utilising phytoplankton, including large bodied 32 

zooplankton.  Other important indirect effects of consumers switching to pelagic carbon 33 

sources include alterations to nutrient cycling patterns and nutrient exchanges between the 34 
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littoral and pelagic zones (Schindler & Scheuerell, 2002; Vanni et al., 2005), and changes 1 

in the nutrient ratios of primary producers and consumers due to stoichiometic interactions 2 

between consumers, their diet and excretion of nutrients (Boersma et al., 2008; Danger et 3 

al., 2008; Torres & Vanni, 2007).  The combination of these changes in key ecosystem 4 

processes has the potential to ultimately affect phytoplankton biomass and species 5 

composition to include a greater prevalence of inedible, grazer resistant or more nutrient 6 

competitive phytoplankton species such as cyanobacteria (Elser et al., 2000; Hall et al., 7 

2006; Hall et al., 2007; Liess et al., 2006). 8 

 9 

In contrast to some species of the northern hemisphere fish biota, most Australian fish 10 

species do not possess the feeding structures that allow them to effectively consume 11 

phytoplankton directly and are generally considered to be macrophagic carnivores, benthic 12 

algivores, insectivores, detritivores or herbivores (Pusey et al., 2004; Pusey et al., 2000; 13 

Pusey et al., 2010).  Many of the small bodied fish species that are abundant in Lake 14 

Samsonvale (e.g. hardyheads, gudgeons, juvenile bony bream and snub-nose gar) consume 15 

microcrustaceans including zooplankton as a major food source, either continuously, or 16 

during periods of low resource availability (Balcombe & Humphries, 2006; Medeiros & 17 

Arthington, 2008; Medeiros & Arthington, 2011; Meredith et al., 2003).  These same 18 

species do not possess traits allowing them to directly consume phytoplankton in any 19 

appreciable quantities.  Their influence on phytoplankton is likely to be indirect via the 20 

consumption of herbivorous zooplankton and the recycling of nutrients via excretion.  21 

These functional features of a fish community are important prerequisites to trophic 22 

cascades which occur as a result of trophic interactions involving predator-prey 23 

interrelationships and nutrient cycling processes.  The loss of littoral production in Lake 24 

Samsonvale and the shift in energy utilisation of consumers from littoral production toward 25 

pelagic production and detritus, could represent a significant shift and destabilising effect 26 

on the ecosystem, the outcome of which may drive further ecosystem productivity changes 27 

and potentially push the system toward an alternative state of elevated phytoplankton 28 

production. 29 

 30 

Further research is needed to confirm how the well established principles of lake food web 31 

functioning developed in northern hemisphere lake and reservoir ecosystems apply to 32 

Australian sub-tropical reservoir ecosystems.  However the observed shifts in the food web 33 

of Lake Samsonvale indicate that under particular circumstances of resource limitation, 34 
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considerable pelagic secondary consumption occurs which is an important prerequisite for 1 

cascading trophic interactions. 2 

 3 

6.2 An Alternative Trophic State Hypothesis for Sub-Tropical 4 

Reservoirs 5 

 6 

The ‘alternative stable states’ concept is well grounded in ecological theory and supported 7 

by documented cases and experimental results (Blindow et al., 1998; Scheffer & 8 

Carpenter, 2003; Scheffer & van Nes, 2007).  This concept however, when applied to lake 9 

environments, has largely developed from observations in naturally occurring lake 10 

ecosystems with relatively stable hydrologic regimes (Scheffer et al., 2001).  It could be 11 

said that many of the forces that bring about alternative states in these systems (e.g. 12 

eutrophication in lakes) are relatively long term processes.  Although these forces may 13 

manifest in an alternative stable state shift that may occur over a relatively short timeframe 14 

once a critical tipping point has been reached, the driving forces are generally slow acting 15 

and incremental (Hargeby et al., 2006) and may take many years to decades before an 16 

effect is evident or a state shift occurs. 17 

 18 

A fundamental difference between sub-tropical reservoirs and northern hemisphere natural 19 

lake ecosystems that the alternative stable states concept was developed from, is the 20 

stochastic nature of hydrological variability that sub-tropical reservoirs can experience.  21 

This variability can be further exacerbated by the extraction of water for human 22 

consumption, so can manifest much more rapidly than natural drought cycles would in the 23 

absence of extraction.  As such, key hydrological driving forces influencing reservoir 24 

ecosystems can act on much shorter timescales to traditional alternative stable state driving 25 

forces.  Adding to this complexity, certain dominating hydrological driving forces such as 26 

droughts, may be interspersed with stochastic events such as major floods that in 27 

themselves impose a new set of conditions driving a reservoir into an alternative state.  The 28 

hydrologic status of a sub-tropical reservoir, be that drought, flood or relatively stable 29 

water level conditions, could conceivably be a major driving force moving a reservoir 30 

ecosystem between alternative states. 31 

 32 
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It is widely accepted that the hydrology of Australian freshwater riverine ecosystems is a 1 

fundamental driver for many ecosystem attributes, including the availability of energy 2 

sources and productivity status, and consequently food web structure and functioning (Bunn 3 

et al., 2006; Douglas et al., 2005; Leigh et al., 2010b).  The importance of hydrology in 4 

riverine systems is central to many contemporary models and concepts that aim to describe 5 

the key processes and drivers of riverine ecosystem functioning, such as the Riverine 6 

Productivity Model (Thorp & Delong, 1994), the River Continuum Concept (Vannote et al., 7 

1980) and the Flood Pulse Concept (Junk et al., 1989; Tockner et al., 2000).  Each of these 8 

concepts attempt to describe the predominant processes influencing productivity and the 9 

cycling of energy in lotic systems and each feature in some way aspects of the hydrology of 10 

the system as a dominant influence.  Only recently have authors begun to develop similar 11 

whole-of-system functional classifications for lake ecosystems (Wantzen et al., 2008b).  12 

While it is widely recognised that hydrology is a critical ecosystem driver in many lotic 13 

Australian freshwater ecosystems, the role of hydrology in shaping Australian sub-tropical 14 

reservoir ecosystems has not previously been explored.  Intuitively, hydrological processes 15 

and the hydrologic status of a reservoir will be a critical driver in the structure and 16 

functioning of food webs via changes in the physical, chemical and biological conditions that 17 

prevail under different hydrologic scenarios. 18 

 19 

There are a number of fundamental differences between the hydrological characteristics of 20 

rivers and of some reservoirs that may be critical to consider when developing an 21 

overarching conceptual model of food web dynamics and trophic status for sub-tropical 22 

reservoirs.  These include the often long water retention times of reservoirs compared to 23 

rivers, the timeframes of hydraulic variability that occur on annual and decadal timeframes 24 

in reservoirs as opposed to seasonal variability in rivers, and that reservoirs often 25 

experience dramatic changes in water levels and volumes over long timeframes as a result 26 

of extended periods of minimal catchment inflows, high rates of evaporation, continual 27 

drawdown due to consumptive water use, which are interspersed with large and sudden 28 

flooding events (Geraldes & Boavida, 2005; Naselli-Flores & Barone, 2005; Wetzel, 29 

2001).  The combination of these features results in widely contrasting hydrologic patterns, 30 

or phases, within sub-tropical reservoirs that are likely to impose considerable influence on 31 

ecosystem structure and functioning.  These hydrologic phases may include periods of 32 

sustained water level declines, occasional large inflow events leading to extensive flooding 33 

of terrestrial habitats, and periods of relative stability as inflows and losses are balanced. 34 
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 1 

The various hydrologic phases that can occur in a sub-tropical reservoir are also likely to 2 

drive considerable changes in the range and availability of energy sources to the food web, 3 

as has been demonstrated here.  For example, during stable water phases, extensive littoral 4 

zones with abundant macrophytes and periphyton production can develop.  This will occur 5 

in conjunction with sustained inputs of allochthonous energy sources from the catchment 6 

and regular seasonal inputs from phytoplankton during summer biomass maximums.  7 

Under this set of conditions, the food web has multiple and abundant energy sources 8 

available to utilise and all major consumer niches are likely to be exploited (e.g. 9 

herbivores, planktivores, detritivores, carnivores, etc).  Alternatively, during a phase of 10 

sustained water level decline, the littoral zones will reduce in area and allochthonous 11 

energy sources will decrease markedly due to reduced catchment inflows.  Under extreme 12 

cases, such as during periods of sustained drought when water levels are rapidly declining, 13 

littoral primary production may become largely absent and there may be practically no 14 

allochthonous energy inputs from the catchment.  Such major shifts in the balance of 15 

available energy sources have been shown in this study to cascade strongly throughout the 16 

food web, with likely flow on effects to various resource and consumer interactions and 17 

key nutrient cycling pathways, which may ultimately affect the whole of ecosystem 18 

structure and functioning. 19 

 20 

Based on the findings of this research, I propose a conceptual model for sub-tropical 21 

reservoir ecosystem structure and functioning that seeks to capture key drivers of 22 

ecosystem structure and function important in reservoir systems that takes into account the 23 

widely differing hydrologic phases and the highly stochastic nature of these phases.  This 24 

conceptual model is termed the Reservoir Alternating Trophic State (RATS) model for 25 

sub-tropical reservoirs.  The Alternating term is used to describe the state shifts that occur 26 

between different hydrological scenarios.  The stochastic nature of reservoirs is such that 27 

certain states may persist for long periods, or be reset after relatively short periods due to 28 

extreme hydrological conditions that prevail, but each state is defined based on the 29 

predominant energy sources available to the food web of the reservoir during that phase.  30 

Ultimately these sources are driven by external (allocthonous sources) and internal 31 

(autochthonous sources) that are mediated by hydrology and internal reservoir processes. 32 

The RATS model seeks to account for the large and sporadic changes to the allochthonous 33 

and autochthonous energy sources available to the food web including changes in 34 
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catchment energy sources during, or in the absence of inflows, the contribution from 1 

internally recycled energy sources available for phytoplankton production, and the 2 

potential changes in contributions of littoral primary production. 3 

 4 

There are three main identifiable states proposed under the RATS model.  The first is the 5 

‘Stable State’ (Figure 61 a) which is characterised by a period of relative stability in 6 

reservoir water levels, or when water levels fluctuate around a nominal average level.  7 

Reservoirs are never completely stable due to the balance between catchment inflows, 8 

evaporation and water extraction, however under average climatic conditions sub-tropical 9 

reservoirs will fluctuate around a relatively stable range in water levels.  This creates 10 

conditions in which littoral communities develop and have the capacity to respond to 11 

minor variations in water levels, such as propagule banks in the sediments, or vegetative 12 

propagation.  During this period there are appreciable quantities of allochthonous energy 13 

supplied to the system with regular seasonal inflows from the catchment.  Allochthonous 14 

energy contributes both directly to the food web via detritus consumers, but also 15 

contributes to the autochthonous energy sources via dissolved nutrients contributing 16 

toward both littoral primary production, but also phytoplankton production. 17 

 18 

Under the Stable state, complex consumer resource interactions develop within the food 19 

web involving all available ecological niches and the food web develops a typical pyramid 20 

food web structure with a range of specialist and generalist consumers being supported by 21 

multiple energy sources from multiple habitats.  It is also under this state that the littoral 22 

and pelagic zones are strongly linked, via both consumer and resource interactions, and via 23 

the provision of multiple ecosystem functions involving the cycling, retention and 24 

mobilisation of nutrients as previously discussed in Chapter 5.  This is hypothesised to be 25 

the most resilient of the states and would likely be the most resistant to large and 26 

unpredictable shifts in ecosystem productivity conditions.  In the context of the alternative 27 

stable states concept, this state would also be the most likely to remain in a relatively clear 28 

water state and least likely to shift suddenly to a turbid, phytoplankton dominated state. 29 

 30 

The second identified state is the ‘Contraction State’ (Figure 61 b).  In this state the 31 

reservoir experiences a period of sustained water level declines.  This state is characterised 32 

by a period when the rate and the total extent of water level decline will often exceed the 33 

average rates of water level decline and may reach low water levels not often experienced 34 



237 

in the reservoir’s recent history.  In sub-tropical reservoirs this can be a direct result of 1 

sustained below average catchment inflow volumes, and can be exacerbated by high rates 2 

of evaporation and high rates of consumptive water extraction.   3 
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Figure 61:  Conceptual Food Web model depicting dominant energetic pathways and trophic interactions contrasting drought and pre-

drought conditions corresponding to (a) Stable State conceptual diagram,  and (b) Contraction State conceptual diagram from the 

proposed Reservoir Alternative Trophic States model for sub-tropical reservoir ecosystems. 

(a) 

(b) 
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Under this state the persistent declines in water level lead to a reduction in the littoral 1 

habitat area and the biomass of littoral primary production that is available to the 2 

ecosystem.  The reduction of littoral primary production may be further exacerbated during 3 

this period by wind and wave action increasing the littoral turbidity and further depressing 4 

primary production (Ibelings et al., 2007).  In the most extreme state, the littoral zone may 5 

become largely devoid of primary production and will contribute very little energy to the 6 

food web of the reservoir.  In conjunction with the reduced primary production from the 7 

littoral zone, there will be reductions in the quantity of allochthonous energy sources 8 

entering from the catchment as a result of the reduced inflows.  In the Contraction state the 9 

available energy sources are constrained to largely pelagic production, detritus and 10 

biogeochemical recycled nutrients. 11 

 12 

Significant changes in water quality may occur during the Contraction state (i.e. declining 13 

water levels) including increases in chlorophyll a and nutrient concentrations, lower water 14 

column dissolved oxygen concentrations and shifts in the phytoplankton community 15 

composition (Bouvy et al., 2003; Geraldes & Boavida, 2005; O’Farrell et al., 2011; Olds et 16 

al., 2011; Özen et al., 2010).  Although these changes are consistently observed in 17 

response to low water levels in lakes, the exact mechanism for these changes is often 18 

unclear.  A number of suggested driving mechanisms producing these water quality 19 

changes include changes to nutrient budgets as a result of greater contributions from 20 

internally recycled nutrients (Özen et al., 2010), increased biological recycling from 21 

consumers such as fish re-suspending and excreting nutrients (Dejenie et al., 2009), or 22 

changes to the physical mixing and stratification characteristics of the lake (Nowlin et al., 23 

2004) leading to greater nutrient geochemical cycling within the reservoir (Baldwin et al., 24 

2008; Geraldes & Boavida, 2005).  Some authors speculate that the combination of 25 

processes occurring during low water levels may well be leading to an acceleration of the 26 

eutrophication of lakes (Naselli-Flores, 2003; O’Farrell et al., 2011).  Elucidating the 27 

drivers for these observed shifts in ecosystem primary productivity is a research area 28 

requiring considerable further effort. 29 

 30 

In the Contraction state, the littoral and pelagic zones would become largely decoupled, 31 

such that processes of nutrient exchange and cycling between the two zones mediated by 32 

littoral macrophytes and consumer foraging habits, change.  The littoral zone in this state 33 

would now become a site of net nutrient contribution to the pelagic zone via consumer 34 
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mediated recycling and direct transfer of nutrients to the pelagic zone, and a reduced 1 

nutrient retention role due to the lack of littoral zone macrophyte production.  In addition, 2 

consumers formerly reliant on littoral primary production now resort to increased detrital 3 

energy sources and pelagic secondary production.  In effect this increases the transfer of 4 

sediment bound nutrients into the pelagic zone and increases the rate of nutrient recycling 5 

via consumer excretion rates in the pelagic zone.  In conjunction with internal processes, 6 

there may be other external processes occurring during the Contraction state such as the 7 

seepage of saturated groundwater tables back into the lake following the reduction in head 8 

pressures as water levels decline.  These seepages may transport considerable dissolved 9 

nutrients into a lake (Wantzen et al., 2008b).  If they were to be mobilised during periods 10 

of reduce littoral macrophyte biomass, these nutrients may well be directly available to 11 

stimulate additional phytoplankton production.  These processes are hypothesised to 12 

increase pelagic nutrient concentrations and lead to increased production of phytoplankton. 13 

 14 

A third state of productivity may be hypothesised, termed the ‘Expansion State’.  Under 15 

the Expansion state the reservoir experiences a period of rapid filling over a relatively short 16 

timeframe typically due to large flood events.  This may occur as one single event or a 17 

series of ongoing large inflow events.  This results in a large influx of allochthonous 18 

energy sources from both the catchment inflows and the inundation of dry ground and 19 

subsequent mobilisation of nutrients from the shoreline of the lake.  Out of all the states, 20 

this could be considered the most transient in that the initial inflow period provides an 21 

influx of energy to the system that would stimulate a period of increased overall 22 

autochthonous productivity, until the Stable or Contraction states re-establish.  During the 23 

period of this study, no large flood events occurred to observe the ecosystem response 24 

following such an event, so this state is hypothesised and requires further research.  It is 25 

hypothesised that during the Expansion state, the rewetting of the system results in 26 

increased nutrient release from the sediments, an expansion of littoral productivity and a 27 

large pulse of allochthonous energy from the catchment that is available for utilisation by 28 

many components of the food web, particularly the pelagic biota (Wantzen et al., 2008b). 29 

 30 

The Reservoir Alternative Trophic States model is cognizant of many of the more influential 31 

riverine functional concepts, but accounts for the unique spatial and temporal hydrologic 32 

features of sub-tropical reservoirs.  For example, the Riverine Continuum Concept (Vannote 33 

et al., 1980) which is based on connectivity along the river length and energy production 34 
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within the headwaters being linked to productivity in the lower reaches, is in part relevant to 1 

sub-tropical reservoirs under stable hydrologic conditions.  Under the Stable state, energy 2 

sources are being delivered to the reservoir from the catchment, but this does not take into 3 

account the potential production associated with the littoral, pelagic and profundal zones of a 4 

reservoir.  The Riverine Productivity Model (Thorp & Delong, 1994) proposes that local 5 

scale production is a significant source of energy, which also holds true for reservoirs when 6 

under Stable state.  During this state, allochthonous energy inputs are continuing to varying 7 

degrees, however autochthonous and recycled energy increase in importance and may 8 

dominate the ecosystem.  Finally, the Flood Pulse Concept (Junk et al., 1989) has relevance 9 

to reservoirs during periods of major or sustained inflows and flooding when new energy 10 

inputs from the catchment may re-set the reservoir ecosystem and establish a new 11 

productivity state that will at least initially, be dominated by allochthonous energy.  In recent 12 

times authors have been testing the applicability of these traditional riverine process models 13 

to lake ecosystems (Wantzen et al., 2008b) acknowledging the many features of lakes (and 14 

reservoirs) that separate them from rivers that create a suite of unique conditions that require 15 

the modification of these traditional river based process concepts for reservoirs. 16 

 17 

6.3 Implications for Management of Sub-tropical Reservoirs 18 

 19 

Predicting the ecological outcomes resulting from a range of environmental and human 20 

induced pressures such as eutrophication, climate variability or increased consumption 21 

rates on sub-tropical reservoir ecosystems is important information to assess future 22 

scenarios, particularly as they relate to the effects on drinking water quality.  This cannot 23 

be done without knowledge of how the food web functions and responds to various 24 

hydrologic scenarios.  I have demonstrated in this research that sub-tropical reservoir food 25 

webs have the capacity to undergo considerable shifts in response to different hydrological 26 

states which may have important implications for the health of the ecosystem and the 27 

quality of the raw water within the reservoir. 28 

 29 

One critical observation that has emerged from decades of lake and reservoir ecological 30 

studies investigating the effects of pressures such as eutrophication, is that these systems 31 

can suddenly, and sometimes with little warning, undergo marked shifts in their status, 32 

often from one which is more desirable (e.g. clear water state) to one that is less desirable 33 
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(e.g. turbid water / high phytoplankton state).  This sudden shift is often termed the tipping 1 

point of an ecosystem and is considered to be the point at which the ecosystem can no 2 

longer resist the forces being exerted and the system undergoes a state shift.  The capacity 3 

of an ecosystem to resist these alternative state shifts is termed resilience (Beisner et al., 4 

2003a; Scheffer et al., 2001).  The concept of resilience is important for sub-tropical 5 

reservoir ecosystems like Lake Samsonvale that are under sustained pressures from 6 

catchment nutrient loading and variable water levels due to increasing rates of water 7 

abstractions for human use and potential climate change influences.  It is the resilience of a 8 

reservoir to withstand these forces that will dictate if and when it may undergo a major 9 

shift to an alternative and possibly undesirable state.  Understanding the point at which this 10 

resilience is overcome, is important information to predict the future status of a reservoir.  11 

Just as important though, is an understanding of the critical ecosystem processes that may 12 

have a driving role in these state shifts. 13 

 14 

It is often recognised that once a system shifts to an alternative state, it may require an 15 

even larger intervention to bring it back to its original state (Scheffer & Carpenter, 2003).  16 

In effect sub-tropical reservoirs may be resilient to eutrophication forces, or climatic 17 

variations, up to a certain point, but beyond this, a shift may result in an alternative state 18 

that could feature many undesirable consequences such as phytoplankton dominance and a 19 

shift in phytoplankton species toward toxic forms.   Certainly the long term trend in 20 

chlorophyll a concentrations in Lake Samsonvale is increasing and approaching a hyper-21 

eutrophic state.  This trend may bring the reservoir closer to point of major state shifts, 22 

tipping the reservoir from the current state, to one that is more turbid with higher 23 

chlorophyll concentrations, little or no littoral macrophytes and potential increases in toxic 24 

cyanobacterial blooms.  Variation in water levels may predispose reservoirs to be less 25 

resilient and more prone to contrasting shifts in productive states.  This study has shown 26 

that sustained and large water level declines may make reservoir ecosystems less resilient 27 

(more variable) and that water level declines may play an important role in shifting the 28 

system to an alternative state that includes one of greater phytoplankton production, that 29 

may have ecosystem wide cascading implications and negative effects on water quality. 30 

 31 

Sub-tropical reservoirs are characterised by extended periods between filling events due to 32 

the highly variable nature of rainfall in sub-tropical regions.  During this study, South East 33 

Queensland experienced one of the most extreme drought periods on record with rainfall 34 
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well below long term averages (QCCCE, 2007).  The effects of drought will be further 1 

exacerbated by the growing demand for raw water from the expanding population and 2 

industry base in the region.  Add to this the complexity of climate change predictions 3 

suggesting there will be an increase in the severity of extreme climate patterns (e.g. 4 

drought and floods).  These multiple factors combined suggest that reservoirs in the SEQ 5 

region will be operating under widely fluctuating water level regimes into the future, with 6 

extended periods of water level decline, interspersed with occasional large filling events.  7 

This scenario presents a number of unique management challenges when multiple 8 

objectives are being sort from the regions drinking water reservoirs.  Of paramount 9 

importance however is the management of reservoirs to provide reliable and high quality 10 

raw water supplies to sustain the region. 11 

 12 

In light of these research findings a number of management implications can be suggested.  13 

Initially, further research is needed to determine the potential water quality impacts of 14 

sustained water level declines and a change in the resilience of reservoirs to state shifts. 15 

This could be achieved through targeted experimental studies that allow for the testing of 16 

the Reservoir Alternative Trophic States model, and to explore the resilience of reservoir 17 

ecosystems to major productive state shifts.  Secondly consideration should be given to the 18 

management of reservoirs and water supplies with the view of minimising major changes 19 

in water levels, or at least reducing the likelihood of major and rapid water level changes 20 

that will adversely affect reservoir littoral zones.  Lastly, consideration should be given to 21 

undertaking further research into the applicability of food web management that may 22 

enhance the resilience of a system to changes in water level.  Activities such as more food 23 

web modifications (biomanipulation), reintroduction of littoral zone habitats affected by 24 

water level variations (littoral zone macrophyte seeding) or understanding the implication 25 

of new and emerging pest species with reservoir food webs and how they may influence 26 

nutrient cycling processes of reservoirs. 27 

 28 
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Appendix 1  

Dietary preference based on literature values. 
Data Source: 

1.  Pusey, B., Kennard, M., Arthington, A.. (2004). Freshwater Fishes of North-Eastern 

Australia. Collingwood, CSIRO Publishing. 
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Macquaria 

novemaculeata 

Australia 

Bass 

4 Euyphagic 

Carnivore (A) 

1 19.7 0.1 3.3 0.1 31.5 0.9 21.7 0.8 1.1 0.2  0.4 1.2 17.9 1.1 

 Carnivore (J)     33.5   40.2 8.1      10.1 8.1 

Macquaria 

ambigua 

Golden 

Perch 

4 Macrophagic 

Carnivore (A) 

1 13.9- 

63.8 

  18.6-

15.8 

55.8-

11.8 

0.1 11.4- 

2.6 

0.1  0.1   5.9 0.1- 

0.2 

0.2 

Bidyanus 

bidyanus 

Silver Perch 3         ●  ●   ●    

Tandanus 

tandanus 

Eel-tailed 

Catfish 

3 Carnivore 

(A) 

1 4.7  0.1 0.1 27.2 14.9 25.5 0.3 0.6 16.4 1 0.1 0.1 7.3 2.1 

3 (J) 1 13.6   10.4 0.9 1.4 61.9   2.2    9.5  

Oreochromis 

mossambicus 

Tilapia 2        ● ● ●   ●     

Leiopotherapon 

unicolor 

Spangled 

Perch 

3 Omnivore (A) 1 10.3 0.1 1.1 2.9 15.6 0.8 44.4 6.1 5.6 0.5 1.7  1.1 3 6.8 

Arrhamphus 

scherolepis 

Snub-nose 

Gar 

2 Herbovore (A)     ●   ● ● ●    ●   

3 Microphagic 

Carnivore (J) 

    ●            

Nematolosa erebi Bony Bream 2 Detritivore 

(A) 

1    10.7  1.8 5.1 14.7 1.4 57.3    1 8 

Craterocephalus 

stercusmuscarum 

Fly-specked 

Hardyhead 

3 Microphagic 

Carnivore (A) 

1 0.1 0.2 0.4 26.9 0.2 4.2 35.6 11.2 1.6 0.4 0.2  0.8 0.6 14.8 

Melanotaenia 

duboulayi sp 

Rainbowfish 2 Omnivore (A) 1 0.1  2.1 1.5 0.1 0.2 19.2 42.5 2.6 2.3 1.7  2.5 12.3 12.9 

Retropinna 

semoni 

 3 Microphagic 

Carnivore (A) 

1 0.8  0.2 21.7   44.2 0.5   0.7  4.1 15 12.8 

Philypnodon 

grandiceps 

Flat-head 

Gudgeon 

3 Microphagic 

Carnivore (A) 

1 4  5.3 3.8 3 12.4 58.3        13.3 
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Hypseleotris sp. Gudgeons 3 Microphagic 

Carnivore (A) 

1 0.1 4.7  15.7   77.1 1.3  0.4     0.8 

Hypseleotris galii Firetail 

Gudgeon 

3 Microphagic 

Carnivore (A) 

1 0.1 4 1.2 21.4 12.2 0.2 42 1.9   0.2  1 0.6 15 

Gambusia affinis Mosquito 

Fish 

3        ●  ● ●       

Ambassis 

agassizii 

Glass 

Perchlet 

3 Microphagic 

Carnivore (A) 

1 0.4 0.1 1.3 27.9 3.5 0.4 45.4 0.1   0.2  3.7 1.6 15.5 

Cherax 

quadricarinatus 

Red-claw 

Crayfish 

                  

Macrobracium Shrimp N                  

Shaded cells represent the dominant combined dietary components totalling >80% of total diet.  * present as H. galli.  ** present as A. nigripinnis.   

(A = Adult, J = Juvenile) 



293 

Appendix 2 

Analytical precision of stable isotope analysis  
Batch Numbers Animal Isotope Standard Sediment Isotope Standard Plant Isotope Standard 

Expected Value 
13

C -12.2 ‰  
15

N 0.5 ‰  
13

C -12.2 ‰  
15

N 0.5 ‰  
13

C -12.2 ‰  
15

N 0.5 ‰  

RDG0508A (N=12) -12.2 ± 0.1 SD 0.2 ± 0.2 SD   -12.2 ± 0.0 SD 0.7 ± 0.2 SD 

RDG0509A (N=13) -12.2 ± 0.1 SD 0.7 ± 0.5 SD     

RDH0727A (N=9) -12.3 ± 0.1 SD 0.7 ± 0.2 SD     

RDH0723A (N=13) -12.3 ± 0.1 SD 0.5 ± 0.2 SD     

RDH0722A (N=15) -12.3 ± 0.1 SD 0.4 ± 0.2 SD     

RDH0721A (N=10) -12.2 ± 0.1 SD 0.5 ± 0.2 SD     

RDH0719A (N=14) -12.2 ± 0.1 SD 0.4 ± 0.2 SD     

RDK0701A (N=4) -12.1 ± 0.1 SD 0.6 ± 0.6 SD     

RDI0704A (N=6)   -12.2 ± 0.3 SD 0.4 ± 0.2 SD   

RDJ0724A (N=3)   -12.3 ± 0.2 SD 0.3 ± 0.5 SD   

RDL0708A (N=4)   -12.4 ± 0.2 SD 0.4 ± 0.2 SD   

RDI0708B (N=4)   -12.3 ± 0.1 SD 0.4 ± 0.2 SD   

RDH0717C (N=12)     -12.2 ± 0. SD 0.6 ± 0.2 SD 

RDJ0723A (N=12)   -12.3 ± 0.5 SD 0.4 ± 0.2 SD   

DR381E618A (N=7)   -12.2 ± 0.1 SD 0.7 ± 0.2 SD   

DR381F608A (N=5)   -12.2 ± 0.1 SD 0.4 ± 0.2 SD   

DR381E629A (N=15) -12.2 ± 0.1 SD 0.6 ± 0.4 SD     

DR381F607A (N=8)     -12.2 ± 0.0 SD 0.6 ± 0.2 SD 

DR381 SED (N=7)   -12.3 ± 0.1 SD 0.2 ± 0.3 SD   
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DR292 G (N=9)     -12.2 ± 0.1 SD 0.4 ± 0.3 SD 

Primary standards, N: Ambient Air, IAEA-305a.  Primary Standard, C: ANU Sucrose. Elemental Standard : Acetanilide. Working standards for 

animal tissues: 'Prawn'. Working standards for plant tissues: 'Flour'.
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