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ABSTRACT 
 

The contamination and degradation of many sediment environments have been attributed to the 

global surge of anthropogenic activities near coastlines. Organism-sediment interactions (i.e. 

bioturbation) are known to alter sediment biogeochemistry and potentially increase the risk of 

contaminant exposure and toxicity to surrounding ecosystems. Current risk assessment 

frameworks for contaminated sediments seldom consider the impacts of bioturbation on 

contaminant exposure explicitly, leading to potentially inaccurate assessments and ineffective 

management strategies. In this thesis, the impacts of bioturbation on benthic organism exposure 

and toxicity were assessed.  

The impacts of bioturbation on: (i) metal bioaccumulation and toxicity in the bivalve Tellina 

deltoidalis in metal contaminated sediments; and, (ii) toxicity (survival and reproduction) in the 

amphipod Melita plumulosa in sediments contaminated by primarily metals and a mixture of 

metals and hydrocarbons are addressed in Chapters 2 and 3, respectively.  In both studies, 

increased bioturbation intensities (presence of the amphipod Victoriopisa australiensis) in metal-

contaminated sediments resulted in large differences in metal partitioning between the sediment 

and overlying water column, although the degree of partitioning varied for different metals. Lower 

toxicity in both T. deltoidalis (survival) and M. plumulosa (survival and reproduction) bioassays 

with increased bioturbation was attributed to lower copper exposure. In contrast, for sediments 

contaminated by both metals and hydrocarbons, high bioturbation intensities enhanced toxicity, 

and was attributed to increased bioavailability of polycyclic aromatic hydrocarbons (PAHs). Both 

studies demonstrated that bioturbation modifies the concentrations and forms of metals in the 

particulate and dissolved phase, altering exposure and toxicity to cohabiting organisms. Greater 

bioturbation intensities were shown to increase metal exposure (due to disruption of contaminant 

binding) or decrease metal exposure by providing a source of contaminant sequestration in the 

water column via sediment resuspension and/or increased efflux of dissolved pore water metals.  

Therefore, overall sediment toxicity may either be increased or decreased depending on the types 

of organism, bioturbation intensity and contaminants present, and indicates the need to consider 

such interactions when assessing the risks contaminated sediments pose to aquatic environments.  

The fourth chapter of this thesis investigated the influence of bioturbation (absence/presence of 

T. deltoidalis and V. australiensis) on metal bioavailability and toxicity to M. plumulosa (survival 

and reproduction) in a metal contaminated sediment with different concentrations of acid volatile 

sulfides (AVS). Acid volatile sulfides are considered a major metal binding phase in anoxic 

sediments, and the molar difference between AVS and simultaneously extractable metals (SEM, 

where SEM=Cd+Cu+Ni+Pb+Zn). SEM-AVS is commonly used by environmental scientists 

and managers to predict risk of effects of these common metal contaminants in sediments. 
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However, such chemical-extraction methods do not consider how organisms burrowing 

behaviours may modify metal bioavailability in sulfidic sediments, and this is typically not 

discussed when evaluating the significance of SEM-AVS results. Bioturbation resulted in lower 

AVS concentrations through oxidation and increased SEM concentrations. Similar to Chapters 

2 and 3, toxicity to reproduction was lower in the more highly bioturbated sediments that 

contained low AVS and corresponded with lower dissolved copper and zinc concentrations in the 

overlying water column and tissues of M. plumulosa. In contrast, greater bioturbation resulted in 

higher toxicity in the sediments that contained high AVS, despite lower dissolved copper and zinc 

concentrations. These results indicate that the AVS-SEM paradigm cannot be accurately used to 

predict low risk of toxicity in sediments bioturbated or mechanically reworked during 

remediation. 

The addition of bioturbators to degraded sediments can either immobilise contaminant stressors 

or mobilise and facilitate their removal, potentially facilitating further recruitment of benthic 

organisms assisting in restoring functioning ecosystems. The fifth chapter of this thesis 

investigated the tolerance of bioturbating organisms to hypersalinity, another common physico-

chemical stressor in many degraded coastal ecosystems. In order to utilise bioturbators to assist 

with hypersaline sediment remediation, salinity tolerance thresholds need to be determined for a 

variety of benthic organisms. Hypersaline sediments (~400‰ salinity) collected from 

decommissioned salt ponds were used to delineate the salinity threshold limits for a range of 

benthic organisms to better understand their role in remediation strategies for removing stressors 

such as hypersalinity. The results from this study identified the tolerances for a range of benthic 

organisms to hypersaline sediments and enabled the extrapolation of a range of salinity limits, 

above which recolonisation by bioturbating organisms may be inhibited. This information is 

critical for designing monitored natural recovery strategies to restore hypersaline sediments to 

functioning ecosystems. 

Collectively, the research in this thesis has illustrated the importance of considering organism-

sediment interactions within existing sediment quality assessment frameworks and management 

strategies. Bioturbation by benthic organisms has been shown to alter the biogeochemistry and 

toxicity of many common contaminants in sediments. These changes can either be positive or 

negative for the resident biota. Despite these differences, the presence of bioturbation in 

contaminated sediments may reduce the concentration of sediment contaminants over time, and 

ultimately lead to sediment recover and rehabilitation. 
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CHAPTER 1: INTRODUCTION  

1.1 Statement of context 

Much of the ocean floor is covered by sediment, and over one third of Earth’s organisms are 

estimated to inhabit these environments, incorporating the largest spatially distributed faunal 

assemblage on the planet. Sediments are dynamic and ecologically diverse substrates playing an 

integral role in global biogeochemical cycles and helping to maintain overall sediment and ocean 

health. Microbial activities within sedimentary profiles govern many complex biogeochemical 

cycles which alter the physicochemistry of this substrate. Globally, increased anthropogenic 

activities in proximity to coastal fringes have led to the contamination and degradation of many 

sediment environments, impacting the health of benthic communities, and for some, becoming 

depauperate. With the health of the oceans dwindling and the extensive loss of marine habitats 

and keystone species, it is integral to protect the remaining pristine sedimentary habitats and 

remediate/ recover those which have been degraded by contaminants.   

Unlike most contaminants, metals are not biodegradable and persist within sediments for a long 

time. The interactions of organisms within sediments are known to alter sediment 

biogeochemistry, potentially increasing the risk of contaminant exposure and toxicity to the 

surrounding ecosystem and associated food chains.  Current risk assessments, guidelines (e.g. the 

Sediment Quality Guidelines, SQGs) and associated threshold values seldom consider the 

conditions experienced in the field such as those brought about by ecological communities, 

leading to inaccurate assessments being made by regulators/ consultants and potentially 

ineffective management strategies. For more definitive and environmentally relevant risk 

assessments to be undertaken it is therefore imperative for pre-existing frameworks to incorporate 

methods which investigate the impacts of natural environmental interactions both above and 

below the sediment-water interface. This will also increase the potential for success in 

implemented remediation strategies for contaminated sediments (e.g. monitored natural 

recovery). This study addresses some key challenges by investigating endpoints associated with 

organism-sediment interactions as an indicator of sediment toxicity and investigating the impact 

of active, bioturbating organisms on overall contaminant exposure and biogeochemistry.  

Techniques used to undertake this include whole sediment toxicity bioassays evaluating both 

acute and chronic endpoints, and biogeochemical investigations into the impacts of organism-

sediment interactions on contaminant fate and bioavailability. 
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  The influence of sediment bioturbation on contaminant exposure and toxicity to benthic fauna: 

metal bioavailability, metal stressors and organism-organism interactions. 

Phase 1: Preliminary 

Research & Design Stage  

Chapter 1 

Literature review 

Chapter 2 

Impacts of bioturbation 

bioavailability & exposure. 

 

 

 

 

 

Chapter 3  

Impacts of bioturbation to 

exposure and chronic toxicity. 
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Chapter 5 

Determining salinity thresholds for natural recovery scenarios – hypersaline 
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1.2 Sediment biogeochemistry 

Sediments are highly heterogeneous particulate substrates formed through solid deposition from 

the water column onto the floor of aquatic environments. Sediments consist of particles of various 

grain-sizes, mineralogy and provenance in a matrix of interstitial water known as pore water 

(Bewers et al., 1998, Li and Schoonmaker, 2003, Fütterer, 2006, Palma et al., 2013).  Sediment 

particles are classified by size as either gravel (>2 mm), sand (63 µm – 2 mm) or silt/clay 

(<63µm). Sediments comprised mainly of larger particles (e.g. sand) have low porosity (20 – 

35%) but high permeability (with few yet larger pores) enabling easy exchange of solutes between 

sedimentary fractions and overlying waters. Finer sediments (e.g. silts and clays) have greater 

porosities (33 – 60%, with higher surface areas) with low permeability limiting solute exchange 

to molecular diffusion. When they enter the water column, dissolved chemical species either 

undergo geochemical/ biological consolidation followed by either solid deposition or bind to 

particles suspended in the water column or comprise the sediment water interface (Burdige, 2006; 

Fütterer, 2006). 

Sediment composition and chemistry changes with depth, largely driven by the sequential 

utilisation of oxidised species as electron acceptors for microbial respiration. Inorganic electron 

acceptors are preferentially consumed in order of decreasing energy yield of the respiration type: 

O2 (ΔGo=-479 kJ mol-1) > NO3
- (ΔGo=-453 kJ mol-1) > Mn(IV) (ΔGo=-349 kJ mol-1) > Fe (III) 

(ΔGo=-114 kJ mol-1) > SO4
2- (ΔGo=-77 kJ mol-1) > CO2 (ΔGo=-28 kJ mol-1) (Bosselmann, 2007; 

Burdige, 2006; Lehto et al., 2017; Zilius et al., 2012). The distribution of microbial respiration 

and the redox conditions they generate segregate sediments into oxic, sub-oxic (zone of NO3
-, Mn 

& Fe reduction) and anoxic redox zones as described below and depicted in Figure 1.1.  As they 

influence sediment redox chemistry (Figure 1.2), microbial communities also strongly influence 

metal sequestration/ immobilisation in sediments and the oxidation/reduction of important metals 

and metal-binding phases (Capone et al., 1983; Dell’Anno et al., 2003; Gillan et al., 2005; Kunito 

et al., 2017; Riding and Awramik, 2000). For example, electrogenic bacterial communities 

collectively known as ‘cable-bacteria’ (Meysman et al., 2015; Pfeffer et al., 2012; Schauer et al., 

2014; Seitaj et al., 2015)  can induce electrical currents within sediments and coupling of oxygen-

reduction within the oxic zone with metal and/or sulfide-oxidation in deeper, sulfidic sediment 

potentially altering the mobilisation/sequestration of toxic trace metals (Matturro et al., 2017; 

Meysman et al., 2015; Sulu-Gambari, 2017; van de Velde et al., 2017).  Please note that from 

here on ‘metals’ will be used as a collective term for both metals and metal(loid)s (e.g. As and 

Sb), although generally only divalent metals (e.g. Cd(II), Cu(II), Pb(II), Ni(II) Zn(II)) are focused 

on. 
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Figure 1.1 Typical biogeochemical stratification of sediments based on terminal electron acceptors and diagenetic processes. Modified from Alloway and Ayres (1997), 

Kristensen (2000) and Zilius et al. (2012).  Constructed on the basis that 0-15 cm is dominated by bioturbation and advection processes, whilst lower depths are dominated 

by diffusion processes (Burdige, 2006). Eh versus depth profile (left) shows the relationship of terminal electron acceptors with changing redox potential and example 

reactions on the right.   Note, yellow arrows indicate terminal electron acceptor pathway during respiration. 
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Figure. 1.2. Schematic representation of the major microbial processes involved in organic matter turnover and element cycling in sediment systems. Modified from: 

Amend et al. (2004), Emerson (1985), Gruber (2008) and Middelburg et al. (1999). DIC= dissolved inorganic carbon, DOM = dissolved organic matter (carbon), DIN = 

dissolved inorganic nitrogen, DOM ‘R’= Refractory dissolved organic matter, DOM ‘L’= Labile dissolved organic matter. 
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i) The sediment-water interface (SWI) and oxic zones 

The sediment-water interface (SWI) is the boundary between the water column and solid sediment 

phase where the steepest gradients of chemical, physical and biological activity are observed 

(Kristensen, 2000; Santschi et al., 1990). Physical and biological properties of the sediment 

(surface area, particle size and chemistry) and water column (ionic strength, pH, redox etc.) 

(Adamson, 1990; Santschi et al., 1990) drive many reactions, including the oxidation of soluble 

iron(II) and manganese(II) phases, which precipitate as their corresponding insoluble Fe(III) 

/Mn(IV) (oxy)hydroxides (Atkinson et al., 2007; Burdige, 2006; Zilius et al., 2012). The SWI is 

also the site of particulate deposition, and where contaminants are scavenged from the overlying 

water column (via processes such as absorption/adsorption and precipitation). Below the SWI lies 

the oxic zone which extends approximately 2-20 mm in depth, depending on the overall sediment 

oxygen demand. For sediments with low-permeability, the transport of chemical species is limited 

to molecular diffusion (Kristensen, 2000, Fu et al., 2014), and oxygen availability within the oxic 

zone drives aerobic respiration, nitrification and oxidation reactions. The depth of oxygen 

diffusion is dependant on sediment texture and composition, organic matter content and lability, 

and the presence of benthic biota which utilise the oxygen for respiration (Alloway and Ayres, 

1997, Ward, 2006, James, 2002, Fu et al., 2014).  A significant proportion of sediment redox-

reactions are controlled by microbial processes which further lower sediment redox potential (Eh), 

with the influx of electrons produced during the biogeochemical decomposition of organic matter 

(Bennett et al., 2015; Bird et al., 2000; Riding and Awramik, 2000; Welsh and Castadelli, 2004). 

Some examples of the microbial cycles for N, S and C in the sulfur cycle of marine sediments are 

depicted in Figure 1.2. 

ii) The suboxic zone 

The suboxic region serves as a chemolithic buffer between oxidative and reductive (anoxic) zones 

(Li and Schoonmaker, 2003), based on the availability of electron donors (Canfield et al., 1993; 

Zilius et al., 2012).  In the suboxic zone, nitrate reduction primarily occurs by microbial 

respiration (e.g. denitrifying bacteria). The redox potential decreases with depth in the suboxic 

zone, as oxidised species used as electron donators during microbial respiration are consumed, 

whilst the reduced products accumulate (Burdige, 2006; Jickells, 1998; Jickells and Rae, 2005; 

Malcolm and Sivyer, 1997). Iron and manganese cycle between the solid phase and dissolved 

phase driven primarily by microbial respiration. Solid phase iron(III) and manganese(IV) (oxides 

and (oxy)hydroxides) are reduced by microbes before they are diffused into deeper anoxic 

sediments where iron(II) is precipitated as FeS and deeper down, manganese(II) to MnS.  Reduced 

iron(II) and manganese(II) ions also diffuse into the oxic zone where they are re-oxidised to form 

manganese(IV) and iron(III), which then precipitate into their corresponding oxides and 

(oxy)hydroxides (Burdige, 1993; Stumm and Morgan, 2012). 
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ii) The anoxic (reducing) zone 

In the deeper anoxic sediments organic matter turnover is mediated via the reduction of sulfate 

and methanogenesis. The anoxic zone is characterised by reducing conditions (negative Eh), as a 

result of the accumulation of reduced organic compounds and sulfides (Alipes and Blowes, 1994; 

Burdige, 2006; Casas and Crecelius, 1994).  Organic matter is degraded by either microbial 

respiration relying on sulfate as a terminal electron acceptor or methanogenesis (Zilius et al., 

2012; Oremland and Polcin, 1982), yielding free sulfides (H2S, HS-and S2-), HCO3
-, CO2 or CH4 

as the major end-products (Fig. 1.1). At pH 8.1 HS- is the dominant species (97 %), followed by 

H2S (3 %), and then S2- (3.8 x 10-4 %) (Morse et al., 1994, Morse and Luther, 1998). The oxidation 

reactions (microbial and chemical) and the diffusive transport of oxidised and reduced species 

between each zone (e.g. Fe and Mn) results in complex elemental cycles in both oxic and suboxic 

zones (Burdige, 2006; Jickells, 1998; Jickells and Rae, 2005; Malcolm and Sivyer, 1997). 

1.3 Metals in marine sediments 

1.3.1 Origins and behaviour 

Many metals (e.g. Cu, Co, Fe, Mn, Ni, Zn) are essential nutrients utilised by organisms to 

undertake/ maintain certain important physiological and biochemical functions to survive 

(Campbell et al., 2006; Meador, 1996). Other metals such as Hg, As, Pb, Cd, Sb are regarded 

as non-essential, not known to participate in essential biochemical functions. At elevated 

concentrations, metals can become toxic, persistent pollutants, which exist as either free ions, 

organic/inorganic complexes, colloidal suspensions or are bound to particulates in aquatic 

systems (Chapman and Feiyue, 2011; Du Laing, 2011; Montero et al., 2012).  Decades of 

industrialisation, mining, urbanisation and agriculture have seen increased concentrations of 

toxic metals such as Cd, Cr, Cu, Hg, Ni, Pb, Zn within aquatic environments. Metal speciation 

is governed by physicochemistry (ionic strength, temperature, Eh and pH), ligand properties 

(concentration, stability, binding affinity, etc.), interactions with other dissolved/ suspended 

species (e.g. organic carbon), solid/liquid partitioning (Kd) and microbially or chemically 

mediated redox reactions (Cochran, 1985; Dunn et al., 2009; Frassinetti et al., 2012; Gupta et 

al., 2007; Sadiq, 1992; Stumm and Morgan, 2012).  Dissolved metals within sediment 

porewaters have greater bioavailability and toxicity than those bound to sediment particles 

(Atkinson et al., 2007, Laing, 2011).  Generally, the concentrations of metals within 

sediments are substantially greater than those in overlying waters and porewaters, due to the 

natural affinity of sediments to scavenge and accumulate contaminants (Alloway and Ayres, 

1997, Atkinson et al., 2007, Gupta et al., 2007; Zoumis et al., 2001).   
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The partitioning of metals between sediment porewaters and solids is defined in Equation 1, 

where Cs are the concentrations of metals bound to sediments, and Cw are the concentrations 

of the metal present in porewaters and Kd is the partitioning coefficient of the metal.  

𝐶𝑠 =
𝐾𝑑

𝐶𝑤
          or      𝐶𝑤 = 

𝐾𝑑

𝐶𝑠
      Equation 1 

Metals are scavenged by sediments based on their solubility and competing ion effects for 

precipitation, sorption and dissolution/remobilisation. They may also become transitionally 

trapped within the porewaters between sedimentary particles, where they may undergo redox 

transformations or ion-exchange processes with the surrounding matrix. Sorption is initiated 

by functional groups which are bound to sediment particles, such as hydroxyl (-OH), sulfur 

hydryl (-SH) and carboxyl groups (-COOH) (Kooner, 1993; Sadiq, 1992; Stumm and 

Morgan, 2012; Zhang et al., 1995; Zoumis et al., 2001).  Particle size and sediment porosity 

also influence the binding capacity of metals based on surface area and available binding 

sites. The sorption selectivity of metals to iron and manganese metal oxides is 

Cs+>Rb+>K+>Na+>Li+>Ba2+>Sr2+>Ca2+>Mg2+ (Group I and II metals) and 

Cr≥Pb≥Cu>Co≥Zn,Ni≥Cd (heavy metals) (Dzombak, 1990). Sorption selectivity for 

common metal contaminants in the presence of Fe/Mn (oxy)hydroxides are displayed in 

Table 1.1.   

 

Table 1.1   Adsorption selectivity’s for common metal pollutants, and specific adsorption equilibria. * 

Sorption Selectivity Sequence* Sorbent 

Pb>Cu>Zn>Cd Ferrihydrite 

Cu>Pb >Zn>Co>Mn>Cd~Ni -FeOOH (goethite) 

Cu>Zn>Ni>Mn Fe3O4 

Co>Cu>Mn > Pb> Zn >Cd>Ni MnO2 

Cu>Zn>Co>Ni -MnOOH (manganite) 

Cu>Pb>Fe2+>Ni>Mn~Co>Zn | Fe3+>Al>Cu>Zn>Ni>Co>Mn Soil fulvic acid  

Binding Conditions Example Reaction(s) 

Generic binding for nonporous and porous solids+ 

 

Nonporous 

   

Sa (s) + Mn+ ⇋ Sa-M(n-1 

Sb (s) + Mn+ ⇋ Sb-M(n-1)+ 

Sc (s) + Mn+ ⇋ Sc-M(n-1)+ 

Porous Mn+ 
𝑆𝑖𝑡𝑒 𝑎
⇔    |Sa-M(n-1)+| 

𝑆𝑖𝑡𝑒 𝑏
⇔   |Sb-M(n-1)+| 

𝑆𝑖𝑡𝑒 𝑐
⇔   |Sc-M(n-1)+| 

Metal Binding† S-OH(s) + Mn+(aq) ⇋ S-OM(z-1)+ (s) + H+(aq)  

2S-OH(s) + Mn+(aq) ⇋ (S-O)2M(z-2)+ (s) + 2H+(aq)  

S-OH(s) + Mn+(aq) + H2O (l) ⇋ S-OMOH(z-2)+(s) + 2H+(aq) 

S-OH(s) + L-(aq) + Mn+(aq) ⇋ S-L-Mz+(s) + OH-  

S-OH(s) + L-(aq) + Mn+(aq) ⇋ S-OM-L(z-2)(s) + H+ 

*Sorption selectivity data from Smith (1999), Trivedi et al. (2001) and Dzombak (1990). *= based on 

dissolved metal sorption mechanisms in Laing (2011), where Sa, Sb and Sc represent binding sites of 

increasing energy. For porous structures, Sa, Sb and Sc also represent metal migration from external surfaces 

(Sa, predominantly reversible adsorption) to the internal pore structure (Sc, adsorption is less reversible).  
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Generally, sediments with a greater silt content have a lower toxicity than those 

predominantly comprised of sand for a given metal concentration, due to greater partitioning 

of contaminants to the porewaters of sandy sediments (Simpson et al., 2005, Stumm and 

Morgan, 1996). In addition, sediments <63 µm have a greater surface area and number of 

available binding sites than those >2 mm in size but have also been found in the guts of 

deposit-feeding benthic organisms (Volkenborn et al., 2010, Simpson et al., 2005, Tessier et 

al., 1984). This shows that particles <63 µm pose a greater risk of toxicity as they can carry 

higher concentrations of bound contaminants as well as natural organic material (which 

typically constitutes the diet of deposit-feeding organisms), indicating the probability of 

ingestion is higher than for particles >2 mm in size.  Therefore, it is common for 

ecotoxicological studies to exclude sediment fractions >2 mm in size as they are not 

considered bioavailable via ingestion (Meysman et al., 2006, Volkenborn et al., 2010, 

Simpson et al., 2005, Tessier et al., 1984).  

1.3.2 Acid volatile sulfides (AVS) and simultaneously extractable metals (SEM) 

In the anoxic zone, metal ions can be incorporated into / adsorbed onto the surface of existing 

metal sulfides (e.g. FeS) or react with either exchangeable metals sulfides (e.g. FeS) or free 

sulfides (HS- or S2-) to produce insoluble metal sulfides and other reduced chemical species (Berry 

et al., 1996; Di Toro et al., 1992; Di Toro, 2001; Morse and Luther, 1999; Rickard and Morse, 

2005).  Some predicted metal-sulfide interactions are shown in Table 1.2. The affinity of metals 

to form sulfides follows the order of Hg >> Cu > Pb > Cd > Zn > Ni based on the solubilities of 

their corresponding monosulfides (Table 1.2) (Berry et al., 1996; Middelburg and Levin, 2009; 

Morse and Luther, 1999). For some oxyanions and highly oxidised species (e.g. AsO4
2-, Cr(VI)) 

these must first be reduced before they can react with sulfides involving complex redox chemical 

pathways (Morse and Luther, 1999)). In addition, Cr(III) will not readily react with dissolved or 

solid phase sulfides due to its high ligand field stabilisation energy because it exists as either the 

reduced free ion, Cr3+ or as a carbonate (Morse and Luther, 1999). The order of decreasing sulfide 

solubility/ increasing leachate tendency of selected metals in porewaters from sulfidic sediments 

is Ni, Zn, Pb=Cd & Cu (Du Laing, 2011) and the solubility constants (Log Ksp) for selected metal 

sulfides are listed in Table 1.2.  This assumes the majority of Zn, Pb and Cd within the sulfidized 

zone will potentially only form weakly bonded discrete sulfide phases or co-precipitate with other 

metal sulfides. Sediment porewaters therefore serve only as transitional sinks for metals and the 

retention of these within anoxic sediments and susceptibility for remobilization is determined by 

their individual binding affinities (Alipes and Blowes, 1994; Casas and Crecelius, 1994).  

The reactive sulfide fractions are defined as the fraction that liberates H2S gas when reacted with 

cold dilute (1 M) HCl and are referred to as acid volatile sulfides (AVS) (Simpson, et al. 2005; 

Rickard and Morse, 2005).  
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The leachate susceptibility for metals in cold 1 M HCl is: HgS < CuS < PbS < CdS < ZnS < NiS 

< FeS, but the sulfides usually focused on are CdS, CuS, NiS, PbS and ZnS (also known as 

simultaneously extractable metals, SEM) (Du Laing, 2011; Morse and Luther, 1999; Simpson et 

al., 2012). The AVS-SEM model was a widely used approach to measure the potential toxicity 

posed by contaminated sediments (Berry et al., 1996; Fang et al., 2005; Simpson et al., 2012; 

Simpson and Batley, 2016; Søndergaard et al., 2014). According to the model sediments with a 

molar ratio of ΣSEM(Cd,Cu,Ni,Pb,Zn):AVS of <1 pose minimal acute toxicity to aquatic organisms, 

whereas sediments with ΣSEM(Cd,Cu,Ni,Pb,Zn):AVS >1 pose a greater risk of toxicity as metals will 

likely be present in the porewaters (Berry et al., 1996; Di Toro et al., 2005; Fang et al., 2005; 

Simpson and Batley, 2016).   

The relationship between increasing SEM/AVS ratios and organism mortality in sediments 

contaminated by metals and metal-mixtures were investigated by Berry et al. (1996) and Hansen 

et al. (1996) as summarised in Figure 1.3.  Berry et al. (1996) and Di Toro et al. (1992) deduced 

a relationship for these sediments with respect to M(II), Fe(II) and S(-II), as show in Equation 2, 

where aM(II) is the activity of the metal (M(II)) in the pore water; [M(II)]Total is the total metal 

concentration for M(II) in the sediment, MSKsp is the solubility product for the metal sulfide and 

FeSKsp is the solubility product for FeS. For this system, the ratio of MSKsp:FeSKsp for Ni, Zn, Cd, 

Pb and Cu are 10-5.6, 10-6.0, 10-10.5,10-11.0, 10-18.6, respectively (Berry et al. (1996)). They concluded 

that the order in which metals would be released into sediment porewaters during oxidation/ 

dissolution events would be the reverse of the order of metal sulfide precipitation; that is, for Cu, 

Pb, Cd, Zn and Ni, the order of release into sediment pore water would be: Ni> Zn> Cd> Pb and 

Cu (Berry et al., 1996; Di Toro et al., 2005; Fang et al., 2005).  

𝑎𝑀

[𝑀]𝑇𝑜𝑡𝑎𝑙
> 

𝑀𝑆𝐾𝑠𝑝

𝐹𝑒𝑆𝐾𝑠𝑝
               Equation 2 

The AVS-SEM model is unable to predict potential risk for toxicities posed by metals within 

sediments as when the AVS:SEM ratio is <1, metals may either be present in the aqueous phase 

(dissolved species) or interacting with non-sulfide binding phases such as iron (oxy)hydroxides 

and particulate organic carbon (POC).  A more acceptable approach to measure potential toxicity 

is the molar difference between SEM and AVS (SEM-AVS) (Simpson et al., 1998, 2005), where 

if the SEM-AVS is <0, then the potential for sediment toxicity is unlikely. Limitations of the 

models and studies of metal-sulfide interactions within the literature are that they typically have 

relied upon bulk sediment characterisations, and the toxicity tests which have followed on from 

these analyses have typically used one organism and acute endpoints (e.g. lethality). Research is 

required to see how active organism processes (e.g. bioturbation) affect the biogeochemistry of 

metal contaminated sulfidic sediments, and how these alter/elicit exposure and toxicity. One of 

the main aims of this thesis was to investigate the effects of bioturbation to exposure and toxicity 

in metal-contaminated sediments with and without a molar excess of AVS. 
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Table 1.2 Metal – sulfide reactions and solubility constants (Log Ksp) for metal sulfides in 0.5 and 1 M 

HCl. 

Reaction Example 

Synthesis of FexSy 

YHS- + XFe2+  FexSy(s) + YH+ 

HS- + Fe2+  FeS(s)+ H+(aq) 

FeS or [Fe(Me)S] + S0  FeS2 

Metal adsorption onto FeS and FeS2  

FeS + Me2+ 
 Fe-S-Me2+ or FeS2 + Me2+ 

 Fe-S-S-Me2+ 
Pb2+(aq) + FeS2(s)  Pb2+-FeS2(s) 

Metal inclusion into FeS and FeS2 

Fe-S-Me2+  Fe(Me)S or Fe-S-S-Me2+ 
 Fe(Me)S2 

Fe-S-Cu2+ FeCuS or Fe-S-S-Zn2+ 

FeZnS2 

Metal based ionic exchange of Fe in FeS  

M2+(aq) + FeS(s)   MS(s) + Fe2+(aq) 
Pb2+(aq) + FeS(s)  PbS(s)+ Fe2+(aq) 

Metal sulfide solubility constants (Log Ksp) for metal sulfides in 0.5 and 1 M HCl 

Sulfide species aLog Ksp bLog Ksp 
cLog Ksp (1M HCl) 

CdS -14.10 -32.85 -27.0 

CuS -22.19 -40.94 -36.1 

FeS -3.64 -22.39 -18.1 

-NiS -9.23 -27.98 -26.6 

PbS -14.67 -33.34 -27.5 

-ZnS -9.64 -28.39 -24.7 

HgS -38.50 -57.25 - 

  *Interactions between M and S adapted from Morse and Luther (1989) John and Leventhal (1995), Stumm 

and Morgan (1996). Log Ksp (columns a and b) values obtained from Di Toro et al. (1992) using 0.5 mol/L 

HCl extractions, where a = M2+ + HS- MS(s) + H+ and b= M2+ + S2- MS(s) were used. Log Ksp values in 

column c = were obtained from Allen et al. (1993), where extractions were done in 1 M HCl, solubilities 

calculated by [Ks/(M2++S2-)]½.  

 

 

Figure 1.3. Top: impact of increasing SEM/AVS on mortality in A: laboratory-spiked sediments (amphipods 

Ampelisca abdita and Rhepoxynius hudsoni (sediments spiked with individual and mixtures of Cd, Cu, Ni, Zn, 

Pb, Berry et al. (1996)) and B: field-contaminated and laboratory-spiked sediments (oligochaete Lumbriculus 

variegaius, polychaetes Capitella capitata and Neanthes aranaceodentata; amphipods Ampelisca abdita and 

Hyalella azteca and gastropod Helisoma sp.; obtained from Hansen et al. (1996). Bottom: changes in sediment 

C: AVS and D: SEM concentrations for Cu and Ni during 8-h resuspension events in seawater and river water. 

For the AVS graph, filled circles are results for seawater, and open triangles are results for river water. Data 

obtained from Simpson et al. (1998). 

C D 
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1.4 Organism-sediment interactions 

Sediments serve as habitats for a functionally and taxonomically wide range of fauna. Benthic 

organisms play important roles in altering sediment properties and in the cycling of sedimentary 

nutrients and constituents, including modifying the distribution of solutes trapped within 

porewaters, and fluxes of dissolved species across the sediment-water interface (Aller et al., 2001; 

Aller and Aller, 1998; Levinton, 1995; Mermillod-Blondin, 2011).  Some examples of the 

distribution of benthic organisms are depicted in Figure 1.4, and common organism-sediment 

interactions are shown in Figure 1.5 and Table S1 in Appendix 1.  

 

Figure 1.4. Distribution of benthic organisms in sedimentary profile (note: not to scale).  Epibenthic 

(mainly impact surficial sediments): (a) = sea urchin, e.g. Heliocidaris tuberculate; (b) = mudskipper e.g. 

Periophthalalmodon septemraditus; (e) = benthic octopi, e.g. Hapalochlaena maculosa; (g) = gastropod, 

e.g. Nassarius kraussianus; (h) = stingray, e.g. Pastinachus ater, (j)= amphipod, e.g. Melita plumulosa. 

Endobenthic (impact deeper sediments): (c) = bivalve, e.g. Tellina deltoidalis; (d)= polychaete, e.g. Nereis 

diversicolor; (f)= polychaete, e.g. Nereis virens; (I) = amphipod, e.g. Victoriopisa australiensis. 

 

Bioturbation consists of several processes, comprising the physical mixing of sediments and 

bioirrigation (the circulation and exchange of water within burrow structures). These processes 

have been shown to influence the physicochemistry of sediment and the speciation, mobilisation, 

sequestration and degradation of potentially harmful contaminants, nutrients and waste products 

(Beauchard et al., 2012, Volkenborn et al., 2010, Pischedda et al., 2008, Fanjul et al., 2011, 

Dorador and Rodríguez-Tovar, 2014, Shull et al., 2014). Some examples of bioturbating marine 

organisms and the extent of their bioturbation are tabulated in Table S1 in Appendix 1.  

Bioturbation and bioirrigation can lead to the further penetration of electron-accepting molecules 

such as oxygen below the SWI resulting in the re-distribution of redox zones within the sediment 

(Figure 1.6).   
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Spatial changes to oxygen distributions are a function of organism behaviour, organism density 

at the local level (Delefosse et al., 2015; Pischedda et al., 2008; Volkenborn et al., 2007, 2010) 

and sediment type, examples are shown in Figure 1.7. The penetration of oxygen into the 

sediments surrounding organism burrows can occur via diffusion from burrow waters or animal 

tissues or by injection of oxygenated water by the organisms. Studies using 2D-planar oxygen 

optodes (Pischedda et al., 2008, 2011) have shown extended sediment-water interfaces and 

increased oxygen penetration into sediments inhabited by the surface-dwelling gastropod, 

Cyclope neritea (1.2-1.7 fold), polychaetes Nereis diversicolor and Nereis virens  (3.7-10 fold). 

Enhanced pore water exchange has been observed in exposed burrow wall sediments of tube-

dwelling polychaetes (Santschi et al., 1990) and the lugworm Arenicola marina (Volkenborn et 

al., 2007, 2010), where bi-directional pressure oscillations and hydraulic pulses induced mass 

transport of oxygenated burrow water into the surrounding sediment and the transport of anoxic 

porewaters to the overlying water column.  

Changes to sediment and pore water distributions of iron(II) and sulfide were observed within 

and surrounding the burrow of the burrowing amphipod Victoriopisa australiensis after addition 

to an anoxic sediment (Robertson et al. (2009), Figure 1.8). Sessile organisms such as bivalves 

(Boening, 1999; Ciutat and Boudou, 2003) and aquatic plants (Hoefer et al., 2015) can also induce 

significant effects through inducing changes to redox cycling via sediment oxygenation; or in the 

case of some plants release enzymes to increase nutrient accessibility (Santner et al., 2012).  

Additionally, organism-sediment interactions show short-term temporal variability as activities 

such as burrow irrigation are not continuous and often follow cycles of active pumping and resting 

periods of various lengths (Aller et al., 2001; Defew et al., 2005; Maire et al., 2007, 2008; Riedel 

et al., 1987); and/or are influenced by environmental conditions such as diel (day/night) and tidal 

cycles (e.g. for photosynthetic or diurnal/nocturnal organisms) (D’Avanzo and Kremer, 1994; 

Pages et al., 2014). Prominent examples include the diel fluctuations of iron, sulfide and 

phosphate within hypersaline microbial mats, as observed by Pages et al. (2014). These effects 

are greatest in permeable, sandy sediments as processes incorporate both diffusion and water 

exhange via bioirrigation into the sediment; whereas for siltier sediments (higher porosity, low 

permeability) oxygen exchange is limited by diffusion processes (Burdige, 2006; Cadée, 2001; 

Volkenborn et al., 2010).  These types of effects can also alter the behaviour of ions such as 

phosphate, nitrate and sulfate within the sedimentary zone, potentially altering the typical 

behaviour of surrounding biota or trigger a biological response  (Officer and Lynch, 1989, 

Michaud et al., 2006, Pillay et al., 2007, Zhang et al., 2014, Schaller, 2014).  
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Figure 1.5. Typical organism-sediment interactions which may contribute to changes in sediment chemistry based on the physiological behaviour of the organism, 

including feeding and metabolism pathways, bioturbation processes.  Compiled from  Aller et al.(2001), Kristensen (2005), Merillod-Blondon and Rosenberg (2006) and 

Meysman et al. (2006).  

Feeding  

Includes filter feeding, suspension 

feeding, grazing, deposit feeding etc.  

Membrane Diffusion 

Passive and facilitated diffusion across biotic 

membranes (e.g. gills and cells).  

Lithophagy 

Assisted-digestion of larger sedimentary particles such as 

gravels (larger than the particles constituting the 

organisms’ typical diet) to aid in digestion. 

 

Geophagy 

Process involving substituted digestion of clay and 

other earthy materials to alleviate mineral 

deficiencies.  
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Bio-irrigation  
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Sediment movement via Biogenesis  

Biologically-assisted disturbance of 
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movement/ progression within the 
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Habitat construction and modification  
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including excavation, tunnelling and 

boring, mass movement and deposition. 
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Reproduction 
Death and Degradation 
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Feeding and Metabolic Processes 



- 15 - 
 

 

Figure 1.6. The impact of organism-sediment interactions to the distribution of tertiary electron acceptors 

in a) undisturbed sediment, b) an amphipod burrow, c) a bivalve burrow, d) a gastropod burrow, e) a 

polychaete u-shaped burrow. Modified from Aller et al. (2001) and Robertson et al. (2009).  

 

 

Figure 1.7. A: Differences in the distribution of O2 in marine sediment bioturbated by a gastropod (Cyclope 

neritea, 28 h) and polychaete (Nereis diversicolor, 68 h) obtained using planar oxygen optodes measured 

by Pischedda et al. (2008). B: Cross-section of a lugworm (Arenicola marina) burrow showing temporal 

changes in radial bioirrigation over 17, 33 and 52 mins (top to bottom) measured by Delefosse et al. (2015) 

using positron-emission tomography (PET) and computed tomography (CT). 

 

 
Figure 1.8.  The impact of amphipod burrows (1 and 2) on porewater distributions of Fe(II) (left image) 

and S (II) (central image). The image on the right is a photograph of a burrow where oxic sediments appear 

orange due to the presence of Fe(III) oxides and anoxic, reduced sediments appear black due to the presence 

of precipitated FeS. Images obtained by Robertson et al. (2009).   



- 16 - 
 

1.5 Metal effects to aquatic organisms and toxicology  

1.5.1 Effects of bioturbation on metal bioavailability 

The behaviour of organisms can also impact the extent of bioturbation-induced changes to 

sediment-contaminant biogeochemistry; for example, burrowing organisms have a greater impact 

on the efflux of nutrients from sediments than surface dwellers such as the sand dollar Peronella 

lesueuri (Li et al., 2013) and sea urchin Echinocrepis rostrata (Vardaro, 2008; Vardaro et al., 

2009).  Similarly for metals, higher metal concentrations were observed in overlying waters and 

in the tissues of the bivalve Tellina deltoidalis when bioturbation processes triggered metal release 

from metal-spiked sediments (King et al., 2010) and for the polychaete Tubifex tubifex residing 

in uranium-contaminated sediments (Lagauzère et al., 2009). Bioturbation-enhanced zinc fluxes 

from zinc contaminated sediment by the annelid worm Lumbriculus variegatus were reported by 

Colombo et al. (2016) which also reduced toxicity in cohabiting chironomid larvae (Chironomus 

tepperi) as zinc bioavailability in porewaters was reduced (Colombo et al., 2016).  The mixing of 

anoxic sediment pore water with oxic burrow water during bioturbation (Pischedda et al., 2008, 

Volkenborn et al., 2010) may have induced changes to pH, redox and metal (speciation) chemistry 

contributing to these effects.   

 

 

Figure 1.9. A visual representaion of the potential impacts of bioturbation to metal partitioning in stratified 

sediments. MS = metal sulfide. A: stratified sediments with metal(loids) immobilised as their non-

bioavailable sulfides within the anoxic zone, while redox active electron acceptors exist in the oxic layers. 

B: during bioturbation events sediments are re-partitioned and C: redox-active chemical species can react 

with the anoxically stable metal phases which can lead to their release as potentially bioavailable forms. 

 

 

 

 

A B C 
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Bioturbation by the sand prawn Callianassa kraussi significantly suppressed food uptake by 

neighbouring organisms Eumarcia paupercula (filter-feeding bivalve) and Nassarius kraussianus 

(gastropod) (Pillay et al., 2007). This is potentially due to enhanced nutrient fluxes occuring 

across the sediment water interface, where the surface area available for exchange has been 

extended through bioturbation (e.g. creation of oxic burrow walls). Further examples of this 

include bioturbation by the  polychaete Nereis virens  (gallery-diffuser) and bivalve Macoma 

balthica inducing nitrate fluxes into the overlying water column (Michaud et al., 2006), and the 

bio-diffusing organism Mya arenaria to increase nitrate metabolism, and efflux of ammonium 

and phosphate into the water column.  Large surface dwelling organisms such as stingrays (e.g. 

Pastinachus atrus, Himantura Spp, Taeniura lymma and Urogymnus asperrimus) (O'Shea et al., 

2012), dugongs (Dugong dugong) (Meysman et al., 2006) (Neotrypaea californiensis) and sea 

cucumbers (Holothuria whitmaei) (Shiell and Knott, 2010) can cause large-scale sedimentary 

disturbance, with the feeding activities of stingrays and dugongs impacting large-surface areas of 

sediment and sea cucumbers ingesting and processing significant volumes of surface sediment.  

Figure 1.9 provides a visual depiction of organism effects to contaminant remobilisation. 

  

1.5.2 Ecosystems, contaminant exposure and toxic effects 

At elevated concentrations, metals can affect different organizational levels of an ecosystem, 

where there may be several discrete and observable levels of change derived from single or 

multiple contaminants. Following preliminary responses, biochemical and physiological changes 

may occur which may alter taxonomic and genetic diversity within the ecosystem. The biotic 

ligand model (BLM) for waters and sediments (Figure 1.10) defines metal bioavailability and 

affinity for accumulation on the biotic ligand, usually the gills of aquatic organisms. In doing so, 

the BLM considers the potential routes of exposure for dissolved and particulate species (in the 

water column or in burrows), and interactions of the biotic ligand with free ions, complexed ions 

(inorganic or organic) or ions bound to suspended particulates (e.g. sediment particles or 

particulate organic carbon, POC) (Campbell and Fortin, 2013; Di Toro et al., 2005; Slaveykova 

and Wilkinson, 2005; Tessier et al., 1984). Site-specific conceptual modes such as the one shown 

in Figure 1.11 define the behaviour of contaminants from point-source to organisms including 

transport rates and physicochemical changes, and implications to singular organisms, food chains 

and finally overall ecosystem functioning.  
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Figure 1.10:   Biotic ligand model for waters and sediments. Modified from Paquin et al. (2002) Campbell and Fortin (2013), Di Toro et al. (2005) and Slaveykova and Wilkinson 

(2005).  
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Figure 1.11.   Adapted model of environmental pollution and interactions with environmental, individual and community levels. Diagram modified from Francis (1994), Alloway and 

Ayres (1997) Chapman et al. (1998) and Manahan (2003). Purple lines correspond to pollutant migration and implications.  
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The risk of toxic effects from contaminants is amplified with their bioavailability (the accessibility 

of the contaminants to organisms) and chemical activity (Kristensen, 2000, 2001; Liehr et al., 

2013). Exposure can be via several routes involving the dissolved (overlying water, pore and 

burrow waters) and solid phase (ingestion of  contaminated sediments, organisms or detritus) 

(Alquezar and Markich, 2006; Bewers et al., 1998; Fu et al., 2014; Simpson and Batley, 2016) 

and there are several pathways (both active and facilitative) for the transport of metals across 

cellular membranes (e.g. passive diffusion and active uptake by specific transportases, examples 

shown in Figure S1 in Appendix 1) (Ballatori and Madejczyk, 2005; Rainbow, 1997; Worms et 

al., 2006; Zalups and Koropatnick, 2010).  Metal bioaccumulation by benthic organisms is 

dependent on the burrowing and feeding behaviour of the organism, the partitioning of the metal 

between dissolved and solid phases and the overall bioavailability and speciation of the metal in 

these phases and how these vary within the sediment profile e.g. across redox profiles.   

As per the biotic ligand model, route of uptake for dissolved metals is usually across the gills (e.g. 

active influx through specific ion channels) or dermal exposure (Ballatori and Madejczyk, 2005; 

Campbell et al., 2006; Rainbow, 1997).  Organisms which ingest sediments (e.g. deposit and 

suspension feeders) can accumulate contaminants via digestion of sediment particles, but as not 

all the metals will be dissolved and absorbed in the organism’s gut exposure may be lower than 

the total amount of contaminated sediment ingested with some being excreted as waste. Metal 

speciation and the organisms’ in-house physiological and biochemical processes also regulate the 

behaviour of contaminants and govern whether biochemical detoxification, bioaccumulation, 

compartmentalisation and/or excretion occurs (Forbes, 1994, Manahan, 2002, Gebel, 1997).  A 

brief comparison of biological activities associated with organic and inorganic species of metals 

is outlined in Table 1.3. 

Table 1.3.  Comparison of physiological interactions with organic and inorganic metal species 

Biological Process Organic Species Inorganic Species 

Adsorption Yes Yes 

Plasma Protein Binding Albumin Globulin 

Target Organs Yes Yes 

Metabolized Yes Yes 

Main route of excretion Bile Urine 

Induction Enzyme (P-450) Metallothionein 

Oxidation states Not important Important 

Biodegradation Yes No 

Compartmentalisation No Yes 

* Obtained from Gupta et al. (2007). 

 

The amount of contaminant absorbed by the gut in organisms (defined as assimilation efficiency) 

depends on the contaminant’s bioavailability and potential detoxification mechanisms possessed 

by the organism (Ahearn et al., 2004; Coombs and George, 1978; Rainbow, 1997; Srikanth et al., 

2013).  
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 In brief, the excretion of solid and dissolved contaminants can be summarised by Equations 1.13 

and 1.14; where Equation 1.13 denotes the amount of contaminant excreted from the organism, 

where Kew is the efflux rate constant following uptake and COW is the concentration of the 

contaminant per the octanol-water partitioning coefficient; whereas Equation 1.14 is for solid 

excretion (faeces) where Kes is the efflux rate constant following ingestion and Cos is the 

concentration of the contaminant sequestered in the excreta.  

𝐴𝑞𝑢𝑒𝑜𝑢𝑠 𝑐𝑜𝑛𝑡𝑎𝑚𝑖𝑛𝑎𝑛𝑡 𝑒𝑥𝑐𝑟𝑒𝑡𝑖𝑜𝑛 = K𝑒𝑤 × C𝑂𝑊 Equation 1.13 

𝑆𝑜𝑙𝑖𝑑 𝑐𝑜𝑛𝑡𝑎𝑚𝑖𝑛𝑎𝑛𝑡 𝑒𝑥𝑐𝑟𝑒𝑡𝑖𝑜𝑛 = K𝑒𝑠 × C𝑂𝑆 Equation 1.14 

However, these equations do not factor in the many detoxification pathways which involve 

changes to metal speciation followed by the active or passive excretion of these species. Well 

known detoxification strategies implemented by invertebrates include (i) binding metals to inert 

granules which are then excreted as solid waste, (ii) binding to metallothioneins (sulfur-based 

low-molecular weight proteins with an affinity for metals), (iii) compartmentalisation followed 

by removal via vacuoles (Amiard et al., 2006; Coombs and George, 1978; Jakimska et al., 2011; 

Meador, 1996; Rainbow, 1997; Srikanth et al., 2013). Wang et al. (2011) observed cellular debris 

to be a major depository for binding ingested metals in the oysters Crassostrea hongkonensis and 

Crassostrea angulata, yielding metal-rich granules; yet metallothioneins were upregulated for 

zinc. Although metallothioneins have been widely studied and acknowledged as the main 

detoxifying agents for metals (Bundy et al., 2014). For other environmental stressors associated 

with the degradation of sediments (e.g. elevated concentrations of sulfide and salinity) other 

mechanisms of detoxification may exist. For example, it has been reported that some aquatic 

organisms deal with elevated sulfide concentrations either via i) exclusion at the cellular interface, 

ii) oxidation to less toxic species (e.g. SO3
2- or SO4

2-), iii) maintenance of aerobic functions 

(homeostasis) via sulfide-insensitive cytochrome c-oxidase, or iv) ability to switch to anaerobic 

metabolic pathways (e.g. in polychaetes) (Bagarinao, 1992; Powell and Somero, 1986; Volkel 

and Grieshaber, 1995).  

For systems impacted by higher osmotic stress (e.g. hypersalinity), organisms either have to be 

osmoconformers, or have been able to develop physiological strategies to mitigate/ alleviate 

osmotic stress, for example the alteration of cellular concentrations of glycine betaine, H2O and 

salt ions (Na+, K+, and Cl-) in the horseshoe crab Limulus polyphemus to maintain cellular 

isotonicity (Dragolovich and Pierce, 1992; Laughlin, 1981), and the mediation of cell volume by 

the production of  ninhydrin positive substances (NPS) in the sea anemone Bunodosoma 

cavernata to rapidly tolerate osmotic stress (Benson-Rodenbough and Ellington, 1982).  Although 

some organisms do exhibit key toxicological signatures when exposed to contaminated sediments, 

accumulation alone is a poor measure of risk to organism health.  
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This has been reported in bivalves (Wallace and Luoma, 2003; Wang, 2001; Yap et al., 2004) and 

polychaetes which might take advantage of poor sediment conditions to become dominant 

inhabitants, for example, those reported by Dafforn et al. (2013). Nevertheless, accumulation in 

these species can still be beneficial for biomonitoring assessments of contaminated sediments as 

an indicator of overall metal bioavailability, and how this changes with time or during 

environmental changes (Bryan and Langston, 1992; King et al., 2004; Polgar and Lim, 2011). 

Some organisms have shown the ability to detect contamination/ unfavourable environments and 

counter these effects. For example, the amphipod Melita plumulosa, copepod Nitocra spinipes 

and gastropod Phallomedusa solida were shown by Ward et al. (2010, 2013) to be able to detect 

metal contaminated sediments and relocate to cleaner uncontaminated sediments.  

Similarly, the isopod Saduria entomon, shrimp Crangon crangon  and common sole Solea solea, 

have shown similar avoidance behaviour in sediments contaminated with metals or pesticides 

when clean, uncontaminated sediments were available (Møhlenberg and Kiørboe, 1983; 

Pynnönen, 1996).  Recent studies showed similar responses in the deep-sea holothurians 

Holothuria forskali and Amperima sp. (Brown et al., 2017), amphipod Gammarus locusta (Barros 

et al., 2017) and fishes Fundulus grandis, Poecilia latipinna, Cyprinodon variegatus (Martin, 

2017) and Onchorhynchus mykiss (Reichert et al., 2017) which were shown to avoid sediments 

contaminated with metals, pharmaceuticals and organics. Furthermore, reduced burrowing and 

feeding activities were observed for Melita plumulosa (Ward et al., 2013), Saduria entomon  

(Pynnönen, 1996) the tellinid bivalve Macomona liliana, (Roper, 1994, Roper et al., 1995) 

Macoma baltica, Crangon crangon,  Solea solea, Carcinus meanas, Pomatoschistus minutes, 

Cerastoderma edula, Abra alba, Neris diversicolor and Scoloplos armiger (Møhlenberg and 

Kiørboe, 1983)  and Tubifex tubifex  (Lagauzère et al., 2009) when these organisms were exposed 

to both metal and pesticide/organic contaminated sediments.   

The ability of organisms to avoid contaminated/ degraded sediments can be a positive defence 

mechanism for the organisms’ wellbeing, but can be more deleterious to the ecosystem. Organism 

interactions such as bioturbation will enhance the oxygenation of surficial sedimentary layers, 

and potentially facilitate contaminant detoxification and the degradation of nutrients which 

become more available to other benthic organisms (Aller et al., 2001; Kristensen, 2005; 

Mermillod-Blondin, 2011).  In contaminated ecosystems, these processes need to be unimpeded 

by chemical stressors such as industrial/ legacy contaminants in order to be maintained. The 

absence/ removal of key biotic regulators in sediments can lead to the accumulation of secondary 

stressors. For example, the rapid accumulation of sulfide and ammonia from high concentrations 

of degraded/ partially degraded organic matter; or increased salinity in sediment/ sediment 

porewaters where there is minimal water exchange with the water column (Borja et al., 2016, 

2010; Breitburg and Riedel, 2005; Kennish, 2002; Vye et al., 2015).  
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Some reported examples include the Peel-Harvey estuary in Western Australia where sediments 

have accumulated excess nutrients and sulfide as a result of eutrophication (Kraal et al., 2013; 

McComb et al., 1981); and hypersalinity in naturally (e.g.  the Sahelian estuary (Senegal, Africa) 

(Savenije and Pagès, 1992) and anthropogenically altered systems (e.g. Coorong estuaries (South 

Australia) (Kingsford et al., 2009) and salt ponds such as the San Francisco Bay salt ponds 

(Williams and Faber, 2001; Williams and Orr, 2002).  The accumulation of secondary stressors 

in sediments can also increase the sensitivity of already existing organisms to other contaminants 

present, for example when the clam Potamocorbula laevis is exposed to higher salinities, its 

sensitivity to copper toxicity is increased (Chen et al., 2017), despite other studies noting the 

reduction in availability/ toxicity of contaminants at higher salinities. For example, reduced 

bioavailability and toxicity of antifouling biocides (copper and tributyltin) to the copepod 

Tigriopus japonicus at higher salinities (Kwok and Leung, 2005), and reduced bioavailability and 

toxicity of Cu, Zn and CuO and ZnO nanoparticles to the same organism due to the increased 

precipitation and aggregation (Park et al., 2014). 

Avoidance or behavioural changes (such as reduced burrowing activity) may deter an organism 

from inhabiting contaminated sediments reducing exposure to the contaminants present in the 

sediments they inhabit. However even ‘temporary’ habitation of contaminated sediments may still 

elicit toxic effects, including the inhibition of reproduction and/or physiological processes, and/or 

secondary physiological stress to the organism as a result of energy costs of detoxification 

(Sokolova et al., 2012; Ward et al., 2013). Such implications have been linked with energy 

depletion induced by exposure to contaminants (Sokolova et al., 2012; Ivanina and Sokolova, 

2013). Studies on the harpacticoid copepod Attheyella crassa by Gardeström et al. (2008) have 

shown that exposure to metal contaminated sediments can reduce genetic diversity in a population 

which in turn reduces the adaptive potential of populations to environmental change. 

Increased exposure to potentially toxic trace metals can induce inhibition of normal metabolic 

function and energy balance within aquatic invertebrates (Rainbow, 2007; Sokolova et al., 2012; 

Viarengo and Nott, 1993).  Energy balance is impacted due to elevated basal metabolic demand 

caused by the increase of cellular protective mechanisms which include production of 

metallothioneins, molecular chaperones, proteins, phagocytes, antioxidants, oxidative/ reductive 

enzymes and/or increased synthesis of enzymes involved in cellular repair pathways and 

maintenance of homeostasis (Chapman and Feiyue, 2011; Manahan, 2003; Sokolova et al., 2012). 

A graphical representation of the impact of these effects on the energy balance in a benthic 

organism, a crab under different levels of contaminant bioavailability, is shown in Figure 1.12 

(adapted from Sokolova et al., 2012).  In unstressed organisms, the adenosine triphosphate (ATP) 

energy demand is equally assigned across all physiological functioning, but on exposure to a 

pulsed-release of contaminants (e.g. metal fluxes) the distribution of ATP is shifted to remedy 

initial stress on exposure at the expense of other essential functions.  
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Exposure to greater fluxes of metals (e.g. by bioturbation), induces detoxification pathways and 

other coping mechanisms, further depleting energy stores to maintain physiological functioning 

at an expense to other essential processes (e.g. growth and reproduction). For example, a reduction 

in growth in the polychaete Armandia brevis and sand dollar Dendraster excentricus was reported 

by Rice et al. (1995) when exposed to sediments contaminated with both metals and organic 

contaminants; and Moreira et al. (2005) reported a reduction in food uptake in the polychaete 

Hediste diversicolor following exposure to sediments contaminated by both organics and heavy 

metals. 

 

Figure 1.12.   Bioenergetic implications of contaminated sediment exposure to an organism (based on 

Sokolova et al. 2012). ATP= adenosine triphosphate, STOR. = energy storage, REPRO. = reproduction, 

GROW. = growth and development, ACTIV. = activity, MAIN. = maintenance and immunity AEROBIC 

METABOLISM= aerobic functioning (optimal for respiration), ANAEROB. METAB. = anaerobic 

functioning (during cellular damage control). In an unstressed organism, ATP demand is equally assigned 

across all physiological functioning, and cellular respiration is optimal, on initial exposure to contaminated 

sediments, energy is used to remedy initial stress on exposure; after bioturbation and exposure to greater 

fluxes of metals, detoxification pathways and other coping mechanisms are initiated depleting energy stores 

to maintain physiological functioning at an expense to other essential processes. 

Taylor and Maher (2012, 2014) deduced that the exposure of Tellina deltoidalis to sediments 

containing significant amounts of lead induced lysosomal destabilisation, and exposure was 

negatively correlated with antioxidant capacity and positively correlated with lipid peroxidation; 

whereas Anadara trapezia exhibited significant lysosomal destabilisation and increases to 

micronuclei frequency indicating cellular genotoxic effects, and impairment to oxidative 

reduction pathways.  Frassinetti et al. (2012) noted that exposure to elutriates extracted from 

heavy metal contaminated sediments caused DNA damage within the D7 strain of the yeast 

Saccharomyces cerevisiae, inferring mutagenic damage. Polgar and Lim (2011) noted that studies 

into the effects of metal contaminated sediments on the mudskipper Boleophthalmus dentatus 

induced HgCl2-inhibition of ATPases and acid/alkaline phosphatases in the gill tissues, extensive 

cellular damage attributed to the blockage of transport mechanisms in cellular membranes and 

the inhibition of all identified enzymes as metal concentrations increased, with the kidneys, liver 

and gills proving to be the most sensitive organs. 
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In similar studies, Polgar and Lim (2011) also noted that elevated activities of the antioxidant 

enzymes xanthine oxidase (XOD) and superoxide dismutase (SOD) in Boleophthalmus 

pectinirostris when exposed to sediments containing high metal burdens, and damage to 

intracellular organelles including mitochondria, endoplasmic reticulum and nucleolus/nucleus 

induced by metal triggered lipidic oxidation in Periophthalamus modestus. 

Recent studies into the toxicological effects of metal contaminants have shown alterations in 

organism behaviour and consequent inhibitions to normal metabolic functions and energy balance 

within aquatic invertebrates. However, the behaviour and activity of one organism can also 

influence the exposure of other organisms to these contaminants and change the speciation 

(bioavailability) of metals. Although such indirect impacts at the community level have received 

relatively little attention (Chariton et al., 2015; Clark et al., 2015; Dauwe et al., 1998; Gillan et 

al., 2005; Johnston and Roberts, 2009), a specific aim of this thesis was to investigate the impacts 

of bioturbation intensity to the exposure and toxicity to other neighbouring organisms.  

1.6     Methods for assessing and managing sediment toxicity in 

aquatic ecosystems  

1.6.1 Sediment Quality Guidelines (SQGs) 

Overall ecosystem health is measured as the capacity of the ecosystem to allow and support the 

development and prevalence of biological communities, and normal functioning (Maher et al., 

1999; Viaroli et al., 2004; Welsh and Castadelli, 2004). Despite wide-knowledge of the state of 

global sediment-environments, the rapid global deterioration of sediment quality continues 

(Simpson et al., 2005, Atkinson et al., 2007, Batley and Simpson, 2008, Wilson et al., 2012, 

Hallare et al., 2011, Zhang et al., 2014). The accumulation of contaminants within sediments can 

alter existing biogeochemical processes (e.g. nutrient cycling by microbial communities) and 

increase concentrations of secondary stressors (e.g. sulfide and ammonia) further degrading these 

habitats (Burton and Johnston, 2010; Clark et al., 2015; Marzinelli et al., 2018; Mayer-pinto et 

al., 2018; Sutherland et al., 2017).  The contaminant-burden of heavily modified sediments can 

interfere with the quality of the overlying water, through contaminant fluxes or anoxia (e.g. 

increased sediment oxygen consumption); adversely affecting ecosystem health (Adams and 

Stauber, 2008, Burdige, 2006, Francis, 1994, Hallare et al., 2011, Handy et al., 2012) even after 

contaminant inputs has ceased (Sullivan and Taylor, 2003).  Metal persistence within the marine 

environment and their tendency for bioaccumulation within associated food chains (Gebel, 1997, 

Manahan, 2010, Manahan, 2002, Zhang et al., 2014) prompts the need for further research into 

the ecological risks posed by metal contaminated sediments on the aquatic ecosystems. Such 

investigations need to address those contaminants which exist beneath and above sediment-water 

interface and in the presence of other contaminants to mimic conditions which exist within the 
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natural environment (Batley and Simpson, 2008, Simpson, 2005, Hallare et al., 2011, Handy et 

al., 2012, Burton et al., 2012).  

Global sediment quality guidelines (SQGs) are credible, scientifically derived values which 

provide quantitative reference points for the assessment and evaluation of contaminated 

sediments and the risks that these potentially pose to the surrounding aquatic ecosystem in terms 

of the production of adverse biological effects (CCME, 2001; Hallare et al., 2010; Simpson et al., 

2013). As well as providing critical guideline values for specific contaminants, they also provide 

detailed methods and tests, which serve for: 

a) Site-specific screening to identify contamination hotspots and toxicity in sediments 

b) Identification of sediments which contain contaminant concentrations likely to adversely 

impact on the ecological health of the sediment 

c) Assessment of the likelihood of contaminant remobilisation into the overlying water 

column and/or aquatic food chains 

d) Provision of additional results in weight of evidence (WOE) assessments 

e) Derivation of sediment quality guideline for individual contaminants based on spiked 

sediment toxicity examinations and  

f) Identification and protection of uncontaminated sediments 

The current methods utilised in sediment quality frameworks are either chemical or toxicological 

in nature and include: 

a) Chemical: 

- Total contaminant assessments 

- Sediment physicochemical characterisation (particle size, redox chemistry, total organic 

carbon (TOC) and AVS analysis) 

- Contaminant bioavailability assessments through chemical manipulations (acid/ solvent 

manipulations at various concentrations; (E.g. A-EM, 1% TOC assessments for organics) 

b) Toxicological: 

- Acute and chronic (preferred) toxicity bioassays of sediment or porewaters 

- Bioaccumulation/ bioavailability bioassays 

- Biomarker assessments 

- Environmental omics analyses 

In Australia, the established ANZECC/ARMCANZ (2000) Guidelines for Fresh and Marine 

Water Quality lists interim sediment quality guideline (ISQG) and trigger values (TVs),  which 

can be used to assess and evaluate the risk posed by sediment contaminants in aquatic ecosystems. 

These have been supplemented by sediment quality assessment guides such as those referenced 

in Batley and Simpson (2016).  
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The SQG-Low (trigger) values are threshold concentrations lower than the concentration required 

to induce adverse biological effects and SQG-High values are concentrations above which, 

adverse biological effects are likely. However, such values alone are not representative of definite 

adverse toxic effects, but are indicators that further investigation is required.   

Generally, sediment quality assessment frameworks are tiered, as shown in Figure 1.13 for the 

Australian sediment quality guidelines (SQG), and often consider factors that influence 

contaminant bioavailability, such as pore water and dilute acid-extractable metals (AEM) and, 

acid volatile sulfide (AVS) for assessing metal (Besser and Brumbaugh, 2014; Mitchell et al., 

2002), before determining the need for direct toxicity testing or ecological community 

assessments (Simpson et al., 2005). Where contaminants exceed SQG values, the next tier of 

analysis is executed; but when contaminants are below these guideline values, then less stringent 

management options are implemented as the sediments are assumed to pose a low risk to 

surrounding ecosystems (Apitz et al., 2005; Burton, 2017; Reible and Algar, 2014; Simpson and 

Batley, 2016). 

Despite the wide use of SQGs, most assessments rely on surrogate chemical approaches e.g.  

AVS, AEM, total recoverable metals (TRM), TOC, pore water analyses etc. to assess contaminant 

bioavailability. These also seldom account for changes to bioavailability by natural disturbance, 

and typically require the removal of indigenous organisms prior to toxicity testing on singular 

species, without considering the effects of bioturbation intensity, multiple-organism 

interactions/exposures or physical factors (tides etc.). While the exposure conditions in 

laboratory-based bioassays need not exactly resemble field conditions, they should at least aim to 

provide representative assessments that mimic as best as practicable the natural field setting of 

where the sediment(s) were collected.  These factors include tidal dynamics, where the fate of 

contaminants may be impacted by emersion/ immersion cycles and sediment resuspension, the 

impact of biotic interactions such as bioturbation, and the effects on bioavailability, exposure and 

potential for effects of contaminants to other species. 

Although there have been several studies undertaken since the dissemination of the 

ANZECC/ARMCANZ (2000), considerable work is still required to improve certainty in 

addressing the anomalies between trigger values and toxicological risks posed by contaminated 

sediments (Belzunce-Segarra et al., 2015; Burton, 2017; Fu et al., 2014; Posthuma et al., 2016; 

USEPA, 1994). Reviews into the assessments of sediment quality (Adams and Stauber, 2008; 

Burton, 2017; Posthuma et al., 2016; Viaroli et al., 2004) agree that guidelines need to incorporate 

improved weight of evidence assessment protocols consisting of multiple lines of evidence which 

take in to account the influences of biogeochemistry, ecotoxicology, biotic interactions and other 

stressors, which are likely to impact effects. 



- 28 - 

 

-  

- Figure 1.13 Tierd framework for the assessment of contaminated sediments. Modified from Batley and Simpson (2016) (discussed in text in sections 

1.6.1 onwards). SQGV refers to the sediment quality guideline values.
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Additionally, the persistence of nature metals and the potential for sediment disturbances (such 

as those depicted in Table 1.4) to influence their speciation, bioavailability and toxicity, and high 

probability for bioaccumulation and/or toxic effects of metals at both the individual and 

ecosystem levels, prompts further research into the ecological risks posed by metals 

contaminated sediments on the aquatic ecosystems (Gebel, 1997; Manahan, 2003, 2000; Zhang 

et al., 2014). These investigations need to address metals which exist in the presence of other 

contaminants/ stressors, and mimic the biotic and abiotic conditions of the natural environment 

(Belzunce-Segarra et al., 2015; Burton et al., 2012; Burton, 2017; Hallare et al., 2010; Handy et 

al., 2012; Posthuma et al., 2016; Taylor and Maher, 2014).  There is also a requirement for greater 

research into the effects of high-energy disturbances (e.g. bioturbation) on the fate and mobility 

of metals when considering existing bioavailability/ toxicity models such as the AVS paradigm, 

which works well for static, undisturbed sediments, but seldom consider biotic disturbances such 

as bioturbation (Burton et al., 2012; Magar and Wenning, 2006; Piva et al., 2011; Posthuma et 

al., 2016; Reible and Algar, 2014). A specific aim of this thesis was to investigate the impacts of 

bioturbation intensity to metal contaminated sediments when the molar concentration of metals 

exceeds the AVS (SEM>AVS); and when the molar concentration of AVS exceeds the molar 

concentration of sediment-bound metals (AVS>SEM). 

Table 1.4.  Natural and anthropogenic disturbances to sediments in marine systems 

Natural Human 

Hydraulic (physical)  

Tides, currents, wind, waves, seiches Breach of dams and water retention facilties 

Storm events – surges, cyclones (hurricanes, 

waterspouts etc.), waves 

Water diversion, watershed development etc. 

(e.g. runoff and sediment loading) 

Direct 

Fish, aquatic birds and mammal activity Commercial fishing 

Benthic activity: bioturbation, bioirrigation etc. 
Watercraft activity (e.g. propellor, bow wakes, 

anchoring etc.) 

Groundwater advection and gas ebullition Dredging/ excavation 

Impact by debris 
Construction and development (e.g. boating 

terminals, wharves and marinas) 

  *obtained and modified from Reible and Algar (2014). 

1.6.2 Sediment ecotoxicology  

Ecotoxicology integrates the toxicological and ecological effects of pollutants on populations, 

communities and ecosystems with consideration to their fate (transport, transformation and 

degradation) and behaviour (physicochemical, etc.) within environmental systems (Alloway and 

Ayres, 1997, Forbes, 1994)). A toxicant response could initiate a biochemical change (at the 

molecular level) which then, in turn, produces physiological changes (muscles, tissues and 

organs) and organism changes (behavioural, reproductive etc.) which then causes community 

changes that impact the ecosystem (decline in populations, genetic mutations etc.).   
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These effects may be addressed through ecotoxicity testing, and the nature of these tests are 

dependent on research targets and the desired results, but they are solely used to i) evaluate the 

effects of contaminated media on at the individual organism, or communal ecosystem level; and 

ii) to determine thresholds at which organisms can survive without severe impairment of normal 

physiological functions (Alquezar and Markich, 2006; Kristensen, 2001, 2005; Liehr et al., 2013). 

Toxicity tests can be broadly categorised based on their design (laboratory, field, modelled), level 

and type of biological organization (type of organism, population size, distribution, etc.) exposure 

period (acute and chronic) and desired response/ endpoint of the toxicity tests (lethal, sub-lethal, 

biochemical/ physiological inhibition, alteration of behaviour etc.). Generally, the duration of 

acute toxicity bioassays is short relative to the organisms’ lifespan and involves rapid, detrimental 

effects (e.g. lethality). Sub-lethal bioassays are used to observe non-lethal, chronic effects to 

contaminant exposure, including reproduction, embryonic development, growth etc. As defined 

by the USEPA (1994) and Simpson and Batley (2016), chronic tests are generally longer and 

more labour intensive than acute tests, but are favoured as these are perceived to have a greater 

sensitivity than acute endpoints (Adams and Stauber, 2008; Anderson et al., 2001; Forbes, 1994).  

Outcomes of ecotoxicity tests can demonstrate a contaminants bioavailability, evaluate the 

aggregate toxic effects of multiple contaminants in a medium (antagonistic, synergistic effect) or 

evaluate the toxicity of contaminants of potential ecological concern (COPEC) (Burton and 

Johnston, 2010; Frassinetti et al., 2012; USEPA, 1994). Whole-sediment toxicity tests are the 

primary tool used for assessing the potential effects of contaminants on benthic communities, and 

the dose-response relationships derived from these lines of testing highlight the relationship 

between contaminant(s) and adverse biological responses such as those shown in Figure 1.14.  

(Burton, 2017; Burton and Johnston, 2010; Forbes 1994; Hansen et al., 1996).  

 

 

Figure 1.14. Typical layouts of dose-response profiles in ecotoxicology. Graph A is representative of an 

acute dose-response curve comparing the effects of a contaminant to a population compared to a control 

treatment. Graph B is representative of a chronic/ sub-lethal dose response curve (e.g. reproduction) 

comparing the effects of the concentration of a contaminant to an organism’s ability to reproduce compared 

to a control population.  EC = effect concentrations for 10% (EC10) and 50% (EC50) of the population. 

A B 
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Effect concentrations (ECx) are a measure of exposures that induces an effect to a given 

percentage of the population; for example, EC50 corresponds to concentrations of a contaminant 

inducing 50% effect to a test population. Previously used no observable effect concentrations 

(NOEC) and the lowest observed effect concentrations (LOEC) have been discouraged by a 

number of sources due to associated statistical errors, and instead been replaced with effective 

concentrations at 5% (EC5) and 10% (EC10) measurements (Warne and van Dam, 2008). The 

complexity and site specificity of contaminated sediments has led to the allocation of whole-

sediment toxicity values to contaminated sites, whereas for individual contaminants, these can 

only be derived from non-toxic sediments, spiked with known concentrations of contaminant 

(Simpson et al., 2004).  

For the evaluation of sediment toxicity, benthic fauna and flora are typically used as they are 

dependent on the sediment as a habitat where they undertake and maintain normal physiological 

functions and can be sensitive to changes in sediment and overlying water quality; and are 

relatively common in most aquatic environments and the pinnacle support for most food chains 

(Ankley et al., 1991, 1996; ASTM, 2014). Before ecotoxicity testing can be executed, a number 

factors need to be assessed to ascertain a realistic evaluation of contaminant bioavailability and 

ecotoxicity; and these include: (i) organism physiology and behaviour, (ii) contaminant exposure 

pathways, (iii) organism sensitivity to contaminants (toxicity); and, (iv) contaminant distribution 

within the organism (Forbes, 1994; Hallare et al., 2010; Handy et al., 2012; Simpson and Batley, 

2016). 

Routes of exposure and organism behaviour, physiology and sensitivity to contaminants will 

directly affect an organism’s vulnerability to toxicological effects (Gianguzza et al., 2002).  For 

example, the amphipod Melita plumulosa was observed to be susceptible to two pathways of 

exposure which are direct adsorption of dissolved copper through the gills (potentially during 

respiration), and exposure to solid phase copper species during ingestion of solid particles (deposit 

feeding) (Spadaro et al., 2008, Ward et al., 2013).  Similarly, the bivalve Tellina deltoidalis is 

exposed to dissolved and suspended particulate phases through filter feeding and direct ingestion 

of particles (deposit feeding) (Atkinson et al., 2007).  Investigations into biomarkers, defined as 

indicators of a biological state or condition initiated by contaminant exposure (Forbes, 1994), 

have gained considerable momentum in ecotoxicological research (examples listed in Table 1.5). 

However, these are usually only used as “weighted lines of evidence” because few have been 

proven to be more sensitive or have less variability than standard, well-established sub-lethal/ 

chronic whole sediment toxicity tests (Edge et al., 2012; Martın-Dıaz et al., 2004; Piva et al., 

2011; Simpson and Batley, 2016).   
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Nonetheless, they do prove useful as ‘early warning signs’ for organism exposure to contaminants 

before chronic, irreversible effects occur; and therefore, it has been encouraged that multiple 

biomarkers such as those prescribed within standard methods (e.g. those by Hook (2016) 

(ecotoxicogenomic analysis of gene expressions) and Taylor (2016) (biomarker assessment in 

benthic bivalves) are used alongside other tests to provide more robust indicators (Frassinetti et 

al., 2012; Martın-Dıaz et al., 2004).  

Other tools for assessing the impact of contaminants to sediment ecosystems have included 

ecological biodiversity surveys and environmental omics, which use DNA or RNA-derived 

measurements, or whole taxonomic investigations to evaluate the effects of contaminants and/or 

stressors on species richness and biodiversity (Chariton et al., 2010, 2014, 2015; Clark et al., 

2015; Dafforn et al., 2012; Johnston and Roberts, 2009). However, these investigations are in 

their infancy, but a large volume of research is being undertaken to develop new methods and 

strengthen existing methods. These tools become valuable when considering the effects of 

multiple stressors (e.g. sulfides, salinity and built up organic matter) in degraded estuaries in 

combination with contaminants. 

Table 1.5.  Recent biomarker studies using contaminated sediments 

Reference Description of test 

Dizer et al.(2002) 

Bioluminescence in the bacteria Photobacterium phosphoreum and 

subdued growth in Salmonella typhimurium (unu-assay) when exposed 

to contaminated waters  

Brouwer et al. (1992) 
Expression for copper-targetted metallothionine in the blue crab when 

exposed to metal mixtures 

Edge et al. (2012) 
Lysosomal membrane destabilisation in the Sydney rock oyster 

Saccostrea glomerata 

Martín-Díaz et al. (2004) 

Expression of metallothionein-like-proteins when the were exposed to 

metal contaminated sediments and ethoxyresorufin O-demethylase 

(EROD) and glutathione peroxidase (GPX) when exposed to organic 

contaminated sediments in the crab Carcinus maenas and clam 

Ruditapes philippinarum  

 

1.6.3 Laboratory versus field assessments 

Current assessments of sediment toxicity consist of controlled laboratory studies using pre-

equilibrated, homogenized sediments split randomly into test chambers (ASTM, 2014; Simpson 

and Batley, 2016). Indeed, deployable sampling devices such as diffusive gradients in thin films 

(DGT) and peepers offer a cost-effective, rapid way of measuring contaminant bioavailability 

without the burden of variables which might affect test organisms in in-situ bioassays; but these 

typically only are comparable to bioavailability and not toxic effects (Boehler et al., 2017; Burton, 

2017; Cleveland et al., 2017; Posthuma et al., 2016; Qi et al., 2017). Examples of sampling 

environmental contaminant monitoring devices are listed in Table S2 in Appendix 1. Before these 

devices can be used in place of standard toxicity tests the relationship between metal 

bioavailability, measured DGT concentrations and adverse organism effects is required, and this 
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has attracted great interest globally (Amato et al., 2016; Davison and Zhang, 2012; Simpson et 

al., 2012). 

Collected sediments are usually sieved to remove indigenous biota and debris which is likely to 

impose confounding effects to test endpoints. These types of tests are usually orthogonal in nature 

to assess all variables linking exposure to toxicity and run against a clean control sediment for 

QA/QC for the efficiency and validity of the test endpoints. For more detailed examinations into 

the biogeochemical interactions between multiple trophic levels and sediments, whole sediment 

cores can be used and maintained in controlled laboratory conditions allowing for the 

measurement of multiple biogeochemical parameters through time (Gribsholt and Kristensen, 

2002; Nizzoli and Welsh, 1999; Pagès et al., 2011; Pages et al., 2014).  

One of the longstanding challenges faced by regulators and toxicologists is the ability to mimic 

field-conditions within the laboratory and the design and installation of successful field-

deployable tests. The high variability of natural phenomenon, confounding factors such as 

interferences such as predatory organisms preying on test organisms, the issue of over/under-

estimating natural exposure conditions and overall test logistics have deterred many from field-

based tests (Belzunce-Segarra et al., 2015; Burton et al., 2012; Burton, 2017). A comparison 

between exposure and bioaccumulation using the bivalve Tellina deltoidalis was carried out by 

Belzunce-Segarra et al.  (2015), who found the loss of resuspended sediment and deposition of 

suspended particulate matter in the field-deployed chambers decreased Cu, Pb and Zn within 

surficial sediments, but not in the laboratory test chambers; and greater dilution effects to metal 

fluxes in the field-deployed chambers compared to the laboratory mesocosms.  

In contrast to the study by Belzunce-Segarra, et al.  (2015), Marasinghe Wadige et al. (2017) 

observed stronger exposure-dose-responses in the bivalve Hyridella australis when field 

transplanted compared to sediment bioassays within the laboratory. These transpired to overall 

accumulation of multiple metals as well as increases in lipid peroxidation (MDA) and lysosomal 

membrane destabilisation (LMS); but decreased total antioxidant capacity (TAOC), whereas only 

single metal (Cd) dose-response relationships were observed for the bivalves in laboratory 

bioassays. Similarly, Ringwood and Keppler (2002) observed higher growth rates of the field-

deployed bivalve Mercenaria mercenaria compared to those used within laboratory studies; and 

greater potential for toxicity within field-deployed organisms compared to those in laboratorys 

due to increased exposure to dissolved metals and contaminated food sources.  

Nevertheless, recent reviews by Burton (2017), Birch (2017), Posthuma et al. (2016) and Piva et 

al., (2011) all acknowledge that aquatic ecosystems are dynamic, with multiple-stressor and 

contaminant effects occurring at most legacy/ superfund sites; and that common assessment of 

sediment quality do not always address these types of effects or organism-organism biotic 

interactions occurring within these sites also. The consensus within the literature for the 
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assessment of contaminated sediments is pushing toward in-situ assessments which not only 

address chemical and toxicological assays, but also ecological impacts at the communal level 

either through bulk sampling of organisms or through alternative methods (e.g. DNA/RNA 

extraction or metabarcoding) (Burton et al., 2005; Burton, 2017; Chariton et al., 2015; de Souza 

Machado et al., 2016; Marasinghe Wadige et al., 2017; Posthuma et al., 2016). 

 

Major issues addressed in the current literature are centred around a) the need for better 

understanding of the effects and chemistry of mixtures of contaminants and 

contaminants/stressors and how these fit in with current SQGs and assessments, and b) the need 

for better replication of natural environmental interactions within laboratory-based toxicity 

assessments. The research undertaken in the field of samplers, especially diffusive gradient in 

thin films (DGTs) has assisted with closing the gap between observed toxicity and aqueous-

sediment contaminant concentrations (Amato et al., 2016, 2014; Belzunce-Segarra et al., 2015; 

Davison and Zhang, 2012; Wegener et al., 2002). These advances might one day see the use of 

biological-based toxicity testing become redundant, however much more work is needed to link 

DGT-based concentrations to organism exposure and toxic effects (or potential to cause toxicity), 

especially in the realm of multiple stressors and organism-organism processes (e.g. bioturbation).  

To address the above-mentioned factors, and a major aim of this thesis was to examine the impacts 

of active organism-sediment interactions within contaminated sediments of various 

physicochemical and contaminant properties (metals, organics, stressors (e.g. sulfide and 

salinity)) using standard and developed laboratory bioassays.  

 

1.6.4 Strategies of dealing with contaminated sediments: remediation and 

monitored natural recovery 

When sediment quality guidelines are exceeded or when there is potential for embedded sediment 

contaminants to become more bioavailable through disturbance events (e.g. near-coast 

development or increased boating), then there is a requirement of environmental regulators to 

determine how (if at all) to remediate these systems (Reible and Algar, 2014; Simpson et al., 

2002). Several options currently exist for the mitigation/ remediation of contaminated sediments, 

with some depicted in Table 1.6. The suitability/ success of these strategies is dependent on 

several factors include: (i) biogeochemistry/ physicochemistry of the system; (ii) the types of 

contaminants present and the extent of contamination (scale and spatial distribution); (iii) physical 

and biological disturbances to the system (e.g. large watercraft, presence of large bioturbators 

etc.); and, the overall cost and feasibility (economics) to remediate the system (Gomez-Eyles et 

al., 2013; Magar and Wenning, 2006; Pedersen et al., 2016; Perelo, 2010; Walker et al., 2013). 

Prior to remediation, three main steps need to be considered before the best strategy for 

management is determined. 
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These include control of contaminant sources (if they still exist), detailed chemical and biological 

site surveys, development of a conceptual site model and monitoring throughout the remediation 

process to determine whether the process is working and to determine whether there are any 

increased risks of exposure to neighbouring ecosystems (Apitz et al., 2005; Apitz and Power, 

2002; Burton and Johnston, 2010; de Souza Machado et al., 2016; Owens, 2005; Posthuma et al., 

2016;  Reible and Algar, 2014).  

The remediation of some contaminated sediments using methods such as capping or dredging 

prove costly, and potentially ineffective. Therefore, the use of natural remediation techniques, 

such as monitored natural recovery processes, which utilise natural physical, chemical and 

biological processes to modify, destroy or reduce contaminant bioavailability is often the 

favoured choice (Lotze et al., 2006; Perelo, 2010; Pedersen et al., 2016; Reible and Algar, 2014). 

As noted by Reible and Algar, (2014), strategies rely on four key processes to reduce the risk of 

contaminated sediments:  

(i) Chemical transformation to eliminate, detoxify or reduce contaminant 

bioavailability.  These include redox transformations, abiotic or biotic 

degradation or mineralisation into less bioavailable phases. 

(ii) Contaminant sequestration to reduce contaminant mobility/ bioavailability. 

These include sorption, precipitation or compartmentalisation.  

(iii) Physical isolation through burial and dilution of contaminated sediments by 

cleaner sediments during organism-sediment interactions (e.g. bioturbation), or 

via sediment consolidation/ cohesion, winnowing (removal of fine, contaminated 

sediments by advection) and bed armouring (deposition of large particles such as 

gravel or boulders.  

(iv) Contaminant dispersion through sediment resuspension or contaminant 

dissolution. 

Even though it is the preferred method, there is no guarantee of success of MNR methods (Borja 

et al., 2016, 2010; Duarte et al., 2015; Strong et al., 2015). Thus, it is critical for ongoing 

monitoring (both chemical and ecotoxicological) during remediation processes, to determine 

whether remediation strategies are working; and if not, be able to implement other methods such 

as those used within enhanced monitored recovery protocols. There are also many obstacles which 

may impede mitigation/remediation processes (Beeftink and Rozema, 1993; Borja et al., 2010 

Larson and Belovsky, 2013; Daurte et al., 2015), and these include the effects of secondary 

stressors which might have accumulated in the absence of other key biotic processes, or nutrient 

cycles inhabited by the contaminants present (e.g. organism-mediated mass movement and 

degradation of biodegradable detritus) (Levinton, 1995; O’Brien et al., 2009; Wrede et al., 2017).  

The end-goal of sediment remediation is the re-establishment/ creation of healthy benthic faunal 

communities in previously degraded system.  
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Table 1.6.  Types of remediation available. 

Method Description 

Dredging 

The removal of sediment, debris and other materials from the bottom of 

lakes, rivers, harbours etc. using mechanical means (e.g. excavators etc.). 

These are then disposed of and managed as contaminated wastes. 

Capping 

Covering the sediment with an appropriate capping material designed to 

retain the contaminant insitu. The composition of capping material is 

generally site-specific, consisting of an adsorbent/ absorbent layer to bind 

leachable contaminants (e.g. clays, zeolites, activated carbon, zero valent 

iron, apatites etc.), followed by another inert substrate.  

Insitu bioremediation  

Generally applied to sediments comprising of organic contaminants, 

Bioremediation is a process consisting of the manipulation of in situ 

conditions to increase the rates of contaminant degradation. An example is 

the utilisation of aquatic plants to degrade potentially toxic contaminants 

into less available forms which can then be removed. 

Monitored natural 

recovery (MNR) 

MNR uses natural physical, chemical and biological processes to modify, 

destroy or reduce contaminant bioavailability. 

Enhanced monitored 

recovery 

Uses a combination of MNR with other techniques to enhance, greatly 

improve the chances of remediation, especially for complex contaminated 

sites. 

*Obtained from Reible and Algar (2014), Chapman and Feiyue (2011), Perelo (2010), Magar and Wenning 

(2006) and Borja et al. (2010).  

 

However, bioturbation processes from recolonising organisms would impact the physicochemical 

and biogeochemical characteristics of the sediment and potentially increase the mobilisation and 

bioavailability of contaminants. In these cases, it is valuable to also identify thresholds of toxicity 

for these stressors in order to determine the extent of remediation before organisms (i) will start 

recolonising; and, (ii) are able to proliferate for generations without adverse effects to create 

healthy, functioning ecosystems. A specific aim of this thesis was to investigate the three criteria 

of MNR strategies for a stressor affected sediment, that is: thresholds to enable (i) organism 

recolonization, (ii) organism endurance and (iii) organism reproduction.  The ability for certain 

more tolerant organisms to recolonise may be beneficial for some systems as it could accelerate 

contaminant/ stressor removal from porewaters, increasing the rate of generally slow remediation 

processes. There is also a requirement for greater research into the effects of high-energy 

disturbances (e.g. bioturbation) on the fate and mobility of contaminants within various sediment 

matrices (various combinations of contaminants (metal and organic) and contaminants with other 

stressors etc.) (Burton et al., 2012; Magar and Wenning, 2006; Piva et al., 2011; Posthuma et al., 

2016; Reible and Algar, 2014). 

Based on the reviewed literature, a significant amount of research has been undertaken in order 

to understand the role of organism-sediment interactions in altering sediment biogeochemistry in 

the aspects of redox, nutrients and the distribution of reactive chemical species (e.g. terminal 

electron acceptors). Studies have also investigated the impact of organism processes such as 

bioturbation on the re-distribution and release of contaminants (organic and metallic) from 

sediments in the laboratory and field.   
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Additionally, studies into the risk of toxicity posed by metal-contaminated sediments have 

typically consisted of single species bioassays and are reliant on bulk-sediment chemistry and 

impacts from secondary sources of active bioturbation and multiple stressor effects have typically 

not been considered.  
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1.7 Objectives and scope of research 

Major gaps identified in the current scientific literature include:  

(i) implications of bioturbation intensities in metal-contaminated sediments to 

contaminant biogeochemistry and overall exposure and toxicity to cohabiting 

organisms.  

(ii) implications of bioturbation intensities in metal- and metal plus organic contaminated 

sediments to contaminant exposure and toxicity to cohabiting organisms. 

(iii) implications of bioturbation intensity to sediment biogeochemistry in metal-sulfide 

systems, and how these transpire to predicting/ evaluating toxicity. 

(iv) effects of multiple stressors to bioturbating organisms and their performance in 

facilitating the recovery and remediation of degraded sediments.  

To address these gaps, the principle aim of this research was to characterise the influences of 

bioturbating organisms, metal speciation in the sediment and therefore on metal exposure and 

toxicity both to themselves and other fauna, organism-sediment, and organism-organism 

interactions. The focus of this thesis was metal contaminated sediments with consideration of how 

other environmental factors/stressors such as elevated sulfides and salinity affect ecosystem 

health. The specific aims of this research are listed below. 

 (i) investigate the effects of bioturbation by an amphipod (Victoriopisa australiensis) on metal 

exposure and toxic effects exhibited by a secondary organism (Tellina deltoidalis) (Chapter 2), 

(ii) examine the effects of bioturbation on chronic toxicity (survival and reproduction in the 

amphipod Melita plumulosa) when exposed to sediments contaminated with a) predominantly 

metals; and, b) metals and hydrocarbons (Chapter 3), 

 (iii) evaluate the effects of a bioturbation to the AVS-metal paradigm, and the influence of 

metal-sulfide chemistry in these systems to exposure and chronic effects (survival and 

reproduction in the amphipod Melita plumulosa) (Chapter 4); and, 

(iv) examine the effects of salinity on a range of benthic organisms to delineate exposure 

threshold limits that may be feasible for implementation into a monitored natural recovery 

program (Chapter 5). 

The relevance of this research not only addresses both the assessment of sediment quality 

(regulators and environmental consultants) and the remediation/ effect of remediation.   
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CHAPTER 2: THE IMPACT OF SEDIMENT BIOTURBATION 

BY SECONDARY ORGANISMS ON METAL BIOAVAILABILITY, 
BIOACCUMULATION AND TOXICITY TO TARGET 

ORGANISMS IN BENTHIC BIOASSAYS: IMPLICATIONS FOR 

SEDIMENT QUALITY ASSESSMENT. 

 

Typical standard whole-sediment toxicity bioassays rely on the use of a single species. In the 

field, a plethora of organisms inhabit aquatic benthic environments and for sediment toxicity 

bioassays to be more environmentally realistic, they should consider these organism-organism 

interactions. There was a gap in our current knowledge around the role of bioturbation intensity 

on the exposure and toxicity of sediment-bound metal contaminants to existing inhabiting 

organisms. To address these problems, a sediment bioassay consisting of three sediments (a 

control, and two contaminated sediments with different physicochemical properties) was 

undertaken using the benthic bivalve Tellina deltoidalis, and the impact of bioturbation intensity 

evaluated through the presence/absence of the active bioturbating amphipod, Victoriopisa 

australiensis. This research includes measurement of chemical changes to the overlying water 

and sediments, acute toxicity (survival) and metal accumulation in the bivalve. 

Highlights: 

• Bioturbation intensity modifies metal exposure and outcomes of sediment bioassays. 

• Sediment fluxes of Cu decrease, and Mn and Zn increase with increased bioturbation. 

• Strong correlations between bioaccumulated and dissolved Cd, Cr, Pb, Zn, Cu and Ni. 

• Weak correlations between bioaccumulated and particulate metals. 
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CHAPTER 3: EFFECTS OF ENHANCED BIOTURBATION 

INTENSITIES ON THE TOXICITY ASSESSMENT OF 

LEGACY-CONTAMINATED SEDIMENTS. 

 

It was observed in Chapter 2 that increased bioturbation in contaminated sediments:  

• lowered dissolved metal (copper and zinc) concentrations in the overlying waters. 

• reduced dissolved metal exposure to cohabiting organisms. 

• resulted in lowered observed toxicity. 

Next, we will investigate the effects of bioturbation intensity to sediments contaminated with 

mixtures of contaminants (metals and metals and hydrocarbons) and a range of different 

physicochemical properties to survival and reproductive effects in the epibenthic amphipod 

Melita plumulosa. 

 

Highlights: 

• Bioturbation by cohabiting organisms alters contaminant exposure and chronic toxicity 

to the epibenthic amphipod Melita plumulosa. 

•  Bioturbation intensity altered the fluxes of dissolved Cu, Zn and Mn from sediments, 

with a lower dissolved Cu and Zn linked to increased adsorption to resuspended 

sediments. 

• Decreased toxicity observed with higher bioturbation intensities for predominantly metal-

contaminated sediments. 

• Increased toxicity observed with higher bioturbation intensities in sediments highly 

contaminated with hydrocarbons. 
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CHAPTER 4:  CONTRASTING EFFECTS OF 

BIOTURBATION ON METAL TOXICITY OF 

CONTAMINATED SEDIMENTS RESULTS IN MISLEADING 

INTERPRETATION OF THE AVS-SEM METAL-SULFIDE 

PARADIGM. 
 

As identified in the introduction, the AVS-SEM paradigm is heavily used by regulators and 

environmental scientists alike to predict low risk of potential adverse effects of contaminated 

sediments. The model uses surrogate chemical analyses to measure the concentrations of acid 

volatile sulfide (AVS) and simultaneously extractable metals (SEM) in bulk sediment samples 

but does not consider the effects of interactions by bioturbating organisms. This presents serious 

implications for delivering adequate sediment quality assessments and successful remediation 

strategies (e.g. monitored natural recovery) for sulfidic metal-contaminated sediments devoid of 

bioturbators (where AVS accumulated). In this chapter, we evaluated the effects of organism-

sediment interactions to sediment and water chemistry and toxicity in a metal-contaminated 

sediment when SEM>AVS and (ii) SEM<AVS.  Toxicological endpoints used in this work were 

survival and reproduction using the 10-day Melita plumulosa sediment bioassay, undertaken to 

sediments exposed and not exposed to an active bioturbation period (similar to a monitored 

natural recovery scenario). 

Highlights: 

• Variations in organism bioturbation activity complicate the assessment of risk of toxicity 

when applying the AVS-SEM paradigm, where a molar excess of acid-volatile sulfide 

(AVS) over simultaneously extracted metals (SEM) may not confirm a low risk of 

adverse effects.   

• Increased bioturbation of metal-contaminated sediments resulted in less toxicity to 

amphipod reproduction in oxidized sediments (SEM>AVS) and greater toxicity for 

sulfidic sediments (AVS>SEM).  

• Lower dissolved copper and zinc in the water column corresponded with lower 

reproductive toxicity in M. plumulosa in metal-contaminated, low-AVS sediment. 
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CHAPTER 5: ASSISTED NATURAL RECOVERY OF 

HYPERSALINE SEDIMENTS: SALINITY THRESHOLDS FOR 

ESTABLISHMENT OF A COMMUNITY OF BIOTURBATING 

ORGANISMS 

 

Remediation strategies for contaminated sediments, for example monitored natural recovery 

(MNR), presents several challenges including the tolerance of organisms to the contaminants of 

potential environmental concern (COPECs) embedded within the sediments and to other stressors 

present which might be immobilised/ disturbed during bioturbation events.  In this chapter 

degraded, hypersaline sediments and associated porewaters are characterised and a tolerance 

limits are investigated which might impede the recolonisation of benthic organisms during 

secondary stages of salt pond remediation. Exposures are used on a range of species and toxicity 

test endpoints relevant to assessing the role bioturbating organisms play in the recovery of these 

environments and potential to facilitate organism recolonisation and longevity in these harsh 

environments.  

Highlights: 

• Adverse effects to reproduction of invertebrates becomes significant at salinities >45‰. 

• Avoidance and short-term intolerance of invertebrates occurs for salinities >50-70‰. 

• Natural recovery of benthic communities may commence at porewater salinities <65‰. 
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CHAPTER 6: CONCLUSIONS 

5.0 Rationale for research: 

The global encroachment of anthropogenic activities toward coastal fringes has seen a rapid 

decline in sediment quality, which has degraded many benthic ecosystems. Within many risk 

assessment frameworks, the comparison of contaminant concentrations with sediment quality 

guidelines values act as the first step toward aquatic ecosystem protection.  A potential 

consideration for scientists and regulators during these assessments is the sediment modifications 

induced by benthic organisms; which are seldom explicitly considered in assessments due to their 

complexity. Sediment-organism interactions (e.g. bioturbation) can affect sediment 

biogeochemistry and the redox-cline, forming microinches of chemical activity capable of 

altering the chemistry of embedded contaminants, i.e. potentially changing the concentrations and 

forms of redox-sensitive contaminants and their bioavailability and toxicity considerably.  

Although previous studies have investigated the effects of metals to benthic organisms, and the 

effects of bioturbation to contaminant behaviour, few have assessed the impacts of bioturbation 

intensity to surrounding biota (exposure and toxicity) within different sediment matrices in the 

context of assessments and remediation. This thesis aimed to reduce the knowledge gaps by 

examining the influences of bioturbation in contaminated sediments on sediment 

biogeochemistry, contaminant exposure and toxicity to benthic fauna. This was achieved by 

undertaking experiments that investigated: 

(i) the effects of bioturbation on metal exposure, bioaccumulation and acute toxicity  

(Chapter 2); 

(ii) the effects of bioturbation on sub-lethal toxicity (survival and reproduction) in sediments 

contaminated with a) predominantly metals; and, b) metals and hydrocarbons (Chapter 3); 

(iii) the effects of bioturbation on sediment biogeochemistry, metal exposure and sub-lethal 

toxicity (survival and reproduction) within a metal-contaminated sediment when there is low and 

high acid volatile sulfides (Chapter 4); and, 

(iv) the effects of salinity on a range of benthic organisms to delineate threshold limits that 

determine their suitability for inclusion in a monitored natural recovery program (Chapter 5).  

The conclusions of this thesis explained in the following section have been summarised in 

Conceptual Models 1 and 2. 

 

 



105 
 



106 
 

6.1 Conceptual Model 1: The impact of bioturbation intensity on exposure, toxicity and 

metal distributions in contaminated sediments 

Static, undisturbed sediments are stratified into oxic and anoxic zones based on the distribution 

and availability of terminal electron acceptors. In most sediments, contaminants are sequestered 

primarily by Fe/Mn (oxy) hydroxides, particulate organic carbon or acid volatile sulfides (AVS) 

phases which mediate the availability of these constituents in the porewaters. For the most part, 

stratified sediments are typically classified as low-risk for eliciting toxic effects, as long as 

availability of binding phases (e.g. AVS for many metals) are greater than the concentration of 

contaminants they are predicted to bind in forms that exhibit low bioavailability (e.g., AVS > 

SEM = Cd+Cu+Ni+Pb+Zn)).  

As shown in the conceptual model, for sediments where AVS concentrations are lower than those 

of metal contaminants, disturbances by low bioturbation intensities induce the release of weakly-

bound, potentially toxic metals (e.g. copper) which increases organism exposure and potentially 

toxicity. The cohabitation of larger, active bioturbators in these sediments yielding high 

bioturbation intensities and the resuspension of particulates and dissolved manganese into the 

water column that then precipitates and leads to the sequestration of bioavailable dissolved metals 

and reduction in exposure and toxicity to surrounding organisms. This was shown in Chapter 2, 

where the addition of the bioturbating amphipod Victoriopisa australiensis to contaminated 

sediments containing the bivalve Tellina deltoidalis altered metal partitioning between 

contaminated sediments and the water column which decreased metal exposure, accumulation 

(e.g. chromium and nickel) and toxicity to the bivalve.  

Similarly, in Chapter 3 the addition of V. australiensis to predominantly metal-contaminated 

sediments containing the epibenthic amphipod Melita plumulosa lowered contaminant exposure 

and toxicity (survival and reproduction) (with less dissolved copper, and higher concentrations of 

total suspended solids (TSS) and dissolved manganese in the overlying water column in these 

treatments compared to sediments with only M. plumulosa present). These effects were relatable 

to: (i) lower dissolved copper concentrations in the overlying waters of the high-bioturbation 

treatments compared to low-bioturbation treatments (bivalve only, observed lethality), and (ii) 

high concentrations of dissolved manganese (precipitating upon oxidation) and TSS which were 

potentially scavenging potentially toxic dissolved metals and reduced exposure to the bivalve.  

When sediment AVS is higher than the molar concentration of SEM a large portion of the metals 

are bound up as metal sulfides, as shown in the conceptual model, and so are predicted by the 

AVS-SEM model to present a low risk of toxicity to organisms based on the low solubility of 

metal sulfides (CdS, CuS, NiS, PbS, ZnS). The cohabitation of larger, active bioturbators such as 

amphipods and bivalves disrupt the sediment strata and the partitioning of metals-sulfide during 

the oxidation of sediments (via bioturbation and bioirrigation). These effects trigger pulsed-
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releases of metals into burrow waters and the overlying water, potentially increasing exposure 

which may increase toxicity to other organisms. This was demonstrated in Chapter 4, where the 

low bioturbation (only one organism, M. plumulosa, present) treatment showed low toxicity to 

the amphipod M. plumulosa (survival and reproduction) in metal-contaminated sediment where 

the concentration of AVS>SEM, potentially because interactions between the amphipod and 

sediment were limited to surficial sediments (epibenthic species). The predictions of the SEM-

AVS theory were less reliable when in the high bioturbation treatment with cohabitation of the 

bivalve, T. deltoidalis and the amphipods V. australiensis with M. plumulosa.  Here sediments 

became more toxic, congruent with the oxidation of sediment AVS, and greater concentrations of 

sediment SEM concentrations, despite less dissolved copper and zinc in the overlying water 

column of the bioturbation treatment. 

Similar effects are expected in sediments contaminated by high levels of both metals and 

hydrocarbons and sediments contaminated by high levels of metals but with an excess of AVS 

present to bind the metals. When there are limited sediment disturbances, polycyclic aromatic 

hydrocarbons (PAHs) are predicted to be partitioned to organic matter within the sediment, and 

so moderate toxicity is observed (potentially from small releases of metals and PAHs during 

surficial sediment disturbances). When sediments are cohabitated by larger active bioturbators, 

the partitioning of PAHs to organic matter is disturbed inducing a greater release of PAH into 

sediment porewaters and the overlying water column, making them more available for exposure 

and eliciting toxicity. This was shown in Chapter 4, in sediments contaminated by both metals 

and hydrocarbons with significant organic matter present. Although increased bioturbation 

suppressed concentrations of dissolved copper in the overlying water column, greater toxicity was 

observed, attributed to the higher concentrations of PAHs in the overlying waters and in burrow 

waters where M. plumulosa cohabited with V. australiensis (released during the disturbances to 

deeper sediments).   

6.2 Conceptual Model 2: Perspectives on monitored natural recovery, and the role of 

bioturbation. 

The results of Chapters 2 – 4 have shown that bioturbation alters the biogeochemistry and 

toxicity of contaminants within contaminated sediments. As well as being important factors to 

consider for the application and design of more environmentally relevant sediment quality 

assessments, they also bear importance for the design and implementation of successful 

management/remediation processes such as monitored natural recovery. Based on the results 

ascertained within this thesis, a second conceptual model was constructed. The addition of 

bioturbators to degraded sediments can either remove or immobilise potentially harmful 

contaminants and therefore facilitate the re-establishment of benthic communities. However, a 

factor hindering the initiation and success of the natural recovery processes is the tolerance of 
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introduced bioturbating organisms to embedded contaminants and stressors in the degraded 

sediments. As described in Chapter 3, the introduction of bioturbators could potentially induce 

the release of contaminants of potential concern, e.g. PAHs in sediments contaminated by both 

metals and hydrocarbon pollution, or metals in sulfidic metal-contaminated sediments, which 

could elicit toxic effects and inhibit remediation outcomes. Although these aspects were addressed 

in Chapters 3 and 4, other stressors (e.g. sulfide, accumulated organic matter, salinity) needed to 

be considered. These factors have also been identified as contributors to poor ecosystem health 

in degraded sediments, where the inhibition of biogeochemical processes (e.g. microbial 

respiration, sediment reworking by bioturbation) necessary for their removal have been impaired 

or diminished. For these sediments, it may be necessary to first implement manual engineering 

controls (e.g. dredging or irrigation) to bring about concentration thresholds tolerable for the 

return of larger bioturbating organisms, such as crabs (ecosystem engineers) which can improve 

the remediation process by facilitating the greater rate of removal of accumulated stressors.  

Hypersalinity-impacted sediment (~400‰ salinity) collected from a decommissioned salt 

evaporation facility poised for remediation and redevelopment was characterised and examined 

to delineate salinity threshold limits for a range of benthic organisms potentially feasible for 

implementation into a monitored natural recovery program (Chapter 5).  Here it was found that 

both crab and polychaete species were the most tolerant to higher pore water salinities, with the 

ability to endure exposures 60‰, with an upper range of 70‰ (48 h exposure), indicating their 

potential use as the ‘ecosystem engineers’ to facilitate the removal the excess salt from the 

sediment porewaters following mechanical remediation. Avoidance bioassays (amphipod, 

bivalve and gastropod) determined that organisms would avoid sediments >50‰, yet both 

amphipod reproduction (Melita plumulosa) and shrimp (Artemia salina) larval development 

bioassays indicated potential for population maintenance at salinities up to 45‰. The results from 

this study identify the tolerances for a range of benthic organisms to sediments impacted by 

hypersalinity and enabled the extrapolation of a range of threshold limits which could enable the 

successful rehabilitation of hypersalinity-degraded sediment environments.  
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6.3 Final conclusions, recommendations and future research 

This study assessed the effects of bioturbation intensity by benthic organisms to contaminated 

sediment biogeochemistry, exposure and toxicity. This research was undertaken to improve 

current knowledge and understanding of bioturbation in contaminated sediments, and the 

interplay between organism-sediment interactions with biogeochemistry and toxicity and how 

these might be extrapolated to the assessment, management and remediation of contaminated 

sediments.  

The research in this thesis highlighted several key points pertaining to the impacts of bioturbation 

to contaminant distribution, exposure and elicited toxicity which may ultimately determine how 

contaminated sediments are assessed and managed. For sediment quality assessments to be 

environmentally relevant they should also consider the organism-sediment interactions 

experienced in the field and the effects of these to contaminant exposure and toxicity. 

Assessments should also consider the tolerances of larger benthic organisms to stressors of 

concern to aid with the removal of secondary stressors accumulated in sediments (e.g. sulfide and 

hypersalinity) and reinstate biogeochemical cycles for substances (nutrients, sulfide) that have 

been disrupted due to the impacts of contaminants. Ultimately, these considerations will ensure: 

(i) the conclusions of the sediment quality assessments better reflect the dynamic processes 

occurring in the sediment habitat, and (ii) any follow-on management or remediation strategies 

are designed to account for these dynamics to improve the chances of success.  

Based on the outcomes and conclusions from this thesis, the following areas should be 

addressed in future research.  

1. From the results obtained in Chapters 2 and 3, future studies should investigate the 

interactions between of mixtures of chemical contaminants (e.g. PAHs and metals), and 

combinations of chemical and non-chemical stressors (e.g. excessive fine silts, organic 

matter, sulfide and ammonia) in sediments under static (non-bioturbated) and bioturbated 

conditions to better understand the chemistry and behaviour of these constituents within 

degraded sediments and their influence on the health of benthic communities. The effects 

of these mixtures to organisms should also be investigated congruently in order to 

delineate their behaviour, contributing factors to observable effects and modes of action 

to elicit toxicity (e.g. additive or independent modes of action). A combination of 

standard toxicity endpoints as well as biomarkers (e.g. traditional chemical approaches 

and more modern gene expression approaches) would be invaluable to reach stronger 

conclusions.  
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2. Similar studies to the one described in Chapter 5 should be undertaken to represent other 

stressor-degraded environments, for example those impacted by eutrophication and 

accumulated nutrients (e.g. ammonia). Therefore, a compendium of thresholds and 

tolerance limits can be delineated to aid with successful monitored natural recovery and 

rehabilitation programs for other degraded sediments worldwide.  

 

3. In order to understand the specific mechanisms responsible for observed toxicity, high-

resolution imaging techniques such as diffusive gradients in thin films (DGT) and planar 

optodes should be employed in order to gain a better understanding of organism induced 

modifications to sediment biogeochemistry (e.g. metal-sulfide) on the fine spatial scale.  

Similar passible sampling approaches for organic contaminants will also assist in filling 

knowledge gaps. 
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CHAPTER 7: APPENDICES 

Appendix 1. Supporting Information for Chapter 1. 
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Table S1. Examples of benthic organisms and their interactions with sediments and contaminants 

Organism Observed movement in sediment 
Behaviour and extent of sediment profile affected by 

bioturbation 
Reference(s) 

Amphipods and Crustacea 

Corophium volutator 

 

Burrowing, feeding and redepositing 

sediments. 

Exposure pathways: Ingestion of 

sediment, overlying water, burrow waters 

and/or porewaters;  absorption through 

gills. 

The disturbance to the sedimentary profile during turbation by C. volutator 

is extensive, cosquent to their ongoing burrowing and reworking of the 

sediment.  They inhabit and  feed on sub-surface sediments as they 

progress.  They redeposit these within the burrow system.  These amhipods 

also shift large amounts of sediment out of their burrow causing the re-

suspended particles in the water column,. 

Backer et al. (2011) 

Victoriopisa australiensis 

 The disturbance to the sedimentary profile during turbation by V. 

australiensis is extensive as they rapidly excavate into sediments and 

construct multiple networks of burrows which extend off their originating 

burrow.  V. australiensis inhabit fixed burrows which are constantly 

modified, whilst they feed on sub-surface sediments as they progress.  

They redeposit these within the burrow system.  These amhipods also shift 

large amounts of sediment out of their burrow causing heavyloads of 

suspended particles in the water column, and creating peaked volcano-like 

burrow entrances.  

Dunn et al. (2009) 

Callianassa kraussi (sand prawn) 

 

 

 

Callianassa kraussi are active burrowers, digging burrows as deep as 1m 

into the sediment profile. The burrow entrances, like those associated with 

V. australiensis burrows, are tall and peaked like volcanoes. During the 

burrowing process they expell large volumes of sediment out of these 

dwellings as well as feed on the sediment within the burrow system, 

causing resuspension of these materials into the overlying water column 

and the oxygenation of sediments lining their burrows.  

Pillay et al. (2007) 

Neohelice granulata  (burrowing 

crab) 

 Burrowing, feeding and redepositing 

sediments.   

Exposure pathways: Ingestion of 

sediment, overlying water, burrow waters 

and/or porewaters;  absorption through 

gills. 

These crabs are semi-terrestrial, inhabiting mudflats and estuaries.  They 

are omnivorous deposit/ sediment feeders, and construct burrows for 

concealment from predators during tidal movements and for egg laying 

and bearing their young.  Significant turbation of subsurface sediments are 

likely to occur during these processes. 

Simonetti et al. (2013) 

Fanjul et al. (2011) 

Melita plumulosa 

 Burrowing, feeding and redepositing 

sediments.   

Exposure pathways: Ingestion of 

sediment, overlying and porewaters;  

absorption through gills. 

M. plumulosa is an epibenthic amphipod residing in surifical sediments 

and under debris. Their disturbance to surficial sediments is extensive, 

cosquent to their ongoing burrowing and reworking of the sediment 

(creating trenches).  They inhabit and  feed on surface sediments as they 

progress.   These amhipods contribute significantly to the resuspension of 

particles into the water column. 

Spadaro et al. (2008) 
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Bivalvia and Gastropoda 

Cerastoderma edule   

(Common cockle)  

 

Filter and deposit feeding organism 

which burys into the sediment. Exposure 

pathways: Ingestion of sediment, 

overlying water, burrow waters and/or 

porewaters;  absorption through gills. 

Filter feeding benthic organism, which feeds on microscopic plankton 

and suspended nutrients.  In habits shallow areas where it burrows into 

sediments at a depth of approximately 5cm, deep enough to still allow for 

efficient filter feeding.  Organism may also deposit feed whilst burying 

into sediments and flushes out burrow through the propulsion of water 

through their shells. 

Goñi-Urriza et al. 

(1999) 

Cyclope neritea 

(sea snail)  

 Organism primarily forages on the sediment surface for dead organic 

matter.  The organism buries into shallow surface sediments 1-2cm into 

the sedimentary profile, deep enough to still allow for the organism to 

extend its syphon for respiration and filtration feeding.   

Pischedda et al. 

(2008) 

 

Macoma balthica  

 Filter feeding benthic organism, which feeds on microscopic plankton 

and suspended nutrients.  It burrows into sediments at a depth of 

approximately 5cm, deep enough to still allow for efficient filter feeding 

through its two syphons.  Organism may also deposit feed whilst burying 

into sediments and flushes out burrow using water propelled by internal 

vascular systems. 

Michaud et al. (2006) 

Tellina deltoidalis  

 

Filter feeding benthic organism, which feeds on microscopic plankton 

and suspended nutrients.  It burrows into sediments at a depth of 

approximately 5 - 10cm, deep enough to still allow for efficient filter 

feeding through two syphons.  Organism may also deposit feed whilst 

burying into sediments and flushes out burrow using water propelled by 

internal vascular systems. 

Atkinson et al. (2007) 

Pecten fumatus (scallop) 

 

Filter feeding organism, which both live freely swimming in the water 

column and burying themselves into sediments using extendable feet.  

The species feeds on microscopic plankton and suspended nutrients.  It 

burrows into sediments at a depth of approximately 10 cm, they lack 

syphons, so their shell openings need to be exposed to the surface to 

allow for active filtration through a filter membrane and cilia in the 

bivalve’s shell Organism may also deposit feed whilst burying into 

sediments and flushes out burrow using water propelled by internal 

vascular systems. 

Currie and Parry 

(1999) 

Copepod 

Amphiascus tenuiremis cf. 

 

Exposure pathways: Ingestion of 

sediment, overlying water, burrow waters 

and/or porewaters;  absorption through 

gills. 

Amphiascus tenuiremis cf. are active burrowers, digging extensive  

burrow networks throughout the upper 1cm of the sediment profile.  

They use these burrows for both habitation and constructing mucous 

nests to bear their young.  During the burrowing process they expell 

sediment out of these dwellings as well as feed on the sediment within 

the burrow system, causing resuspension of these materials into the 

overlying water column and the oxygenation of sediments lining their 

burrows. 

Green and Chandler 

(1996) 

Hagopian-Schlekat et 

al. (2001) 
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Polychaeta 

Arenicola marina (Lugworm) 

 

Burrowing, feeding and redepositing 

sediments.  Live in U-shaped burrows. 

Exposure pathways: Ingestion of 

sediment, overlying water, burrow waters 

and/or porewaters;  absorption through 

gills. 

Sedimentary disturbance is variable as the worm can penetrate deeper 

anoxic sediments.  These worms burrow using a piston-like oscillation, 

shifting sand out of the burrow and pulsing water in as the worm 

progresses deeper into the sedimentary profile.  Burrows are typically U-

shaped and are segregated into two sections one half of the U (the L) is a 

gallery-type burrow which is lined with mucus from the worm.  The 

remaining burrow is unlined.  The worm remains at the base of the 

burrow whilst consuming sediments, biota and material within the 

burrow and those that enter the burrow from the overlying water column.  

Flushing of water caused by hydraulic pressure gradients exerted by the 

worms’ movement within the burrow enhances bioturbation effects and 

oxygenation of anoxic sediments lining the burrow. 

Volkenborn et al. 

(2010) Goñi-Urriza et 

al. (1999) 

Nereis diversicolor (Ragworm) 

 

Burrowing, feeding and redepositing 

sediments.  Live in J and U-shaped 

burrows. Exposure pathways: Ingestion 

of sediment, overlying water, burrow 

waters and/or porewaters; absorption 

through gills. 

Sedimentary disturbance is variable as the worm can penetrate deeper 

anoxic sediments.  These worms burrow using a piston-like oscillation, 

shifting sand out of the burrow and pulsing water in as the worm 

progresses deeper into the sedimentary profile.  Unlike other polychaetes, 

these worms tend to create temporary burrows.  Burrows are either J or 

U-shaped and lined with mucus.  Ragworms are opportunistic 

omnivorous feeders which have been shown to dislodge and drag 

seaweed and other flora into their burrows; however, also spin mucus 

nets at the entrance to their burrows to entrap plankton, diatoms, bacteria 

and other materials. The worm also consumes and deposits sediment 

within their burrows during excavation. During predation and burrow 

construction, the worm uses hydraulic pressure gradients exerted by the 

worms’ movement to flush water and foreign materials into and out of 

the burrow.  These processes enhance bioturbation effects and the 

oxygenation of anoxic sediments lining the burrow. 

Fernandes et al. 

(2006), Pischedda et 

al. (2008) 
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Tubifex tubifex (sludge worm) 

 

Burrowing, feeding and redepositing 

sediments. 

Exposure pathways: Ingestion of 

sediment, overlying water, burrow waters 

and/or porewaters;  absorption through 

gills. 

Sedimentary disturbance is variable as the worm can penetrate deeper 

anoxic sediments.  These worms burrow using a piston-like oscillation, 

shifting sand out of the burrow and pulsing water in as the worm 

progresses deeper into the sedimentary profile.  Burrows are typically 

narrow and elongated, with most of their time within the confines of their 

burrows; however, do venture out to feed.  The diets of these worms 

typically consist of sediments, selective types of bacteria and microfauna; 

as well as molecules which they diffuse and absorb through their skin.   

Sludge worms have been shown to be tolerant of contaminated 

sediments, being found in proximity to effluent outlets (Lagauzère et al., 

2009).  Other adaptive strengths are the worm’s ability to persist in 

oxygen deficient water by absorbing available O2 through their tails 

which are rich in haemoglobin (Palmer, 1968).   In addition, if conditions 

are unfavourable, T. tubifex can form protective cysts and slow their rate 

of metabolism, preserving the worm for long periods until conditions are 

favourable to reinstate normal physiological functioning. Flushing of 

water caused by hydraulic pressure gradients exerted by the worms’ 

movement within the burrow enhances bioturbation effects and 

oxygenation of anoxic sediments lining the burrow. 

Lagauzère et al. 

(2009) Mermillod-

Blondin and 

Rosenberg (2006), 

Palmer, 1968) 

Actinozoan (Urchins, Sea Cucumbers and Stars) 

Holothuria whitmaei (Sea 

cucumber) 

 

Scavengers and algae eaters – eat algae, 

plankton and seaweed/ grasses. Exposure 

pathways: Ingestion of  sediments, 

overlying water,  absorption through gills 

Bioturbation activities associated with the behaviour of the sea cucumber 

have been shown by sources to be significant as it leads to the 

disturbance of large amounts of sediment over a prolonged period while 

the sea cucumber feeds.  Sea cucumbers are depository feeders, feeding 

on dead matter and sediments off the seafloor over large spans of area, 

before redepositing the material as waste once they digest the essential 

nutrients required for their survival.  

Shiell and Knott 

(2010) 

Amphiura filiformis (Brittle Star) 

 

These organisms only penetrate within the upper 5-10mm of the 

sediment profile ascertained by their movement through sediment regions 

and during feeding.  Being omnivorous, they can prey on smaller 

invertebrates which may lead to small amounts of ingested sedimentary 

particles. 

Wood et al. (2009) 

Peronella lesueuri (Pink sand 

dollar) 

 

 

 

These organisms only penetrate within the upper 5-10mm of the 

sediment profile ascertained by their movement through sediment regions 

and during feeding.  Being omnivorous, they can prey on smaller 

invertebrates which may lead to small amounts of ingested sedimentary 

particles. 

 

Li et al. (2013) 
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Gobiidae: Oxudercinae (Mudskippers) 

Periophthalmodon septemradiatus 

 

Dredging, burying for concealment from 

predators, egg laying and 

thermoregulation.  

Exposure pathways: Ingestion of  

overlying water, burrow waters and/or 

porewaters;  absorption through gills. 

Mudskippers, being surficial dwelling amphibious fish, spend 90% of 

their time in the epibenthos.  However, to keep thermoregulated, and to 

contribute to camouflage from predation, they submerge themselves 

under surficial sediments varying from 2-10mm with their upper half of 

their body still visible.  They also construct deep burrows for 

concealment from predators during tidal movements and for egg laying 

and bearing their young.  Significant turbation of subsurface sediments 

are likely to occur during these processes. 

Bhatt et al. (2009) 

Boleophthalmus pectinirostris 

 

Polgar and Lim 

(2011) 

Octopoda 

Hapalochlaena maculosa (Southern 

blue-ringed octopus) 

 

Dredging, feeding and burying for 

concealment from predators. 

Exposure pathways: Ingestion of  

sediments, overlying water,  absorption 

through gills. 

Depending on the size and behaviour of the octopus, sedimentary 

disturbance can range from 5 – 30cm into the sedimentary profile.  

Although benthic octopuses typically inhabit the epibenthos zone, they are 

not restricted from bioturbation processes.  Bioturbation processes extend 

from concealment from predators by burying in surficial sediments, 

digging nests (semi-permanent burrows), flushing with funnel jets, and 

hunting benthic biota by dredging. 

The bioturbation of these sediments can constitute the re-suspension of 

particulates back into the overlying water column. 

Ezzeddine and El 

Abed (2004) 

Von Boletzky (1997) 

Boletzky (1996) 

Myliobatoidei (rays) 

Pastinachus atrus 

 

Dredging, feeding and burying for 

concealment from predators. Exposure 

pathways: Ingestion of sediment, 

overlying water,  absorption through gills. 

Sedimentary disturbance ranges from 5 – 30cm into the sedimentary 

profile.  Various rays bury under sediments as a form of camouflage 

during hunting for prey or as concealment against predation.  Rays also 

consume benthic fauna, and ‘feeding pits’ have been reported by 

Meysman et al. (2006) where rays dredge surface sediments exposing 

subsurface sediments.  These zones have been recorded to reach 

approximately 1-2m wide and up to 30cm deep.  The bioturbation of 

these sediments can constitute the re-suspension of large volumes of 

particulates back into the overlying water column. 

O'Shea et al. (2012), 

Meysman et al. 

(2006) 

Himantura spp. 

 

O'Shea et al. (2012), 

Meysman et al. 

(2006) 
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TableS2. Information on some common types of sediment environmental samplers 

Type Application Advantages Disadvantages Target Analytes 

Sediment peepers 

(probe type) 

The sampler contains a rigid casing with 

a permeable membrane such as PES 

(Polyether sulfone) and filled with 

water.  

Easy installation and extraction 

of sediment porewaters. Can 

differentiate between horizontal 

and vertical distributions of 

contaminants. 

Typically, only small volumes of pore 

water extracted, and sediment porosity 

and permeability can be an issue with 

the amount of water used within 

peepers. 

Metal(loids), organics 

(polar and non-polar, 

volatiles etc.), 

pesticides, radionuclides  

Dialysis bags 

Dialysis bag comprising polyvinylidene 

fluoride or polycarbonate is inserted into 

the sediment and filled with water.  

Easy installation and extraction 

of sediment porewaters where 

analytes osmotically diffuse 

across the dialysis membrane. 

Sediment porosity and permeability 

can be an issue with the amount of 

water to use within bags. Cannot 

differentiate between vertical or 

horizontal contaminant distributions.   

Metal(loids), organics 

(non-polar), pesticides 

Diffusion 

equilibration in 

thin films (DET) 

The sampler contains a rigid casing with 

a thin binding film (containing a binding 

agent which is analyst specific), and 

then a permeable protective membrane. 

Deployed into the sediment as a probe 

and reaches equilibrium with sediment 

porewater. Osmotic diffusion carries 

analytes into the binding layer.  

Time-friendly deployment times 

as they rapidly reach 

equilibration with sediment 

(faster than peepers). 

High resolution vertical and 

horizontal distributions can be 

obtained.  

Typically requires laborious 

extraction-based techniques to measure 

analytes.  

Recent developments for some 

analytes (e.g.  Fe2+, PO4
3-, alkalinity, 

pH) have developed colourimetric-

based gels which can be analysed 

using computer imaging software. 

Metal(loids), alkalinity, 

pH and some inorganic 

anions 

Diffusive 

gradients in thin 

films (DGT) 

Sampler contains a rigid casing with a 

thin binding film (containing a binding 

agent which is analyte specific), 

followed by a diffusive gel and then 

permeable protective membrane.  

Probes are deployed into sediment for a 

known time (based on sediment/water 

properties). Ions are accumulated in the 

binding layer through time and result in 

Easy and time-friendly 

deployment, with the rapid 

determination of fluxes in 

sediments.  

Can determine speciation (e.g. 

Sb(V) vs. Sb(III)).  

High resolution vertical and 

horizontal distributions can be 

obtained 

Is based on an accumulation-based 

measurement, with results based on 

integrated time-averaged 

concentrations, not equilibrated 

porewater concentrations as observed 

in other techniques (e.g. DET).  

Typically requires laborious 

extraction-based techniques to measure 

analytes.  

Recent developments for some 

Metal(loids), some 

inorganic anions (e.g. 

S(II)).  
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Type Application Advantages Disadvantages Target Analytes 

an estimate of contaminant fluxes within 

porewaters.  

Deployed into the sediment as a probe 

and reaches equilibrium with sediment 

porewater. Osmotic diffusion carries 

analytes into the binding layer.  

analytes (e.g.  S2-) have developed 

densitometric-based gels which can be 

analysed using computer imaging 

software. 

Semipermeable 

membrane devices 

(SPMDS) 

Consists of a deployable rigid casing 

with a semi-permeable bag containing a 

purified oil such as glyceryl trioleate 

(triolein). Similar to DGTs, probes are 

deployed into sediment for a known 

time and hydrophobic contaminants 

diffuse through the semipermeable 

membrane into the oil binding agent.  

 

Easy and time-friendly 

deployment, with the rapid 

determination of fluxes in 

sediments.  

 

Does not measure equilibrated 

porewater concentrations, but is an 

accumulation-based measurement, 

providing integrated time-averaged 

concentrations. 

 

Nonpolar organics, 

pesticides and other 

non-polar constituents.  

Solid-phase 

microextraction 

(SPME) fibres 
Consists of a deployable glass fibre (5- 

10 cm long) coated with an ultra-thin 

layer of poly (dimethyl siloxane). Fibres 

are deployed in the sediment and are 

retrieved several days after and then 

extracted using organic solvents and 

analysed.  Long sample times as method 

is reliant on equilibration. 

Determines equilibrated 

porewater concentrations with 

low detection limits. 

Equilibration/ deployment times 

usually > 2 weeks (>14 days). 

 

Requires EqP for the method and 

analytes. Usually restricted to non-

polar organics and pesticides. Recent 

developments have produced SPME’s 

capable of measuring polar organics 

(e.g. amines and alcohols).  

Nonpolar and polar 

organics. Hg and 

volatiles. 

*Information from (Adams et al., 2007; Bennett et al., 2016; Greenwood et al., 2007; Jitaru and Adams, 2004; Jolley et al., 2016; Lydy et al., 2014; Peijnenburg et al., 

2014) 
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Figure S1.   Transportation modes that might be involved in the uptake and removal of metals, ions and metal complexes across cellular membranes according to Ballatori 

and Madejczyk (2005).  Red arrows refer to general modes of transport, blue arrows refer to metal selective modes of transport via membrane transport proteins and 

purple arrows refer to ion and organic transporters which may contribute to the intake/outtake of metal complexes. MRPs = multidrug resistance-associated proteins; 

MDRs = P-glycoproteins associated with multidrug resistance; Ca ATP-ase = calcium (II) associated adenosine triphosphates; ATP7A and ATP7B= copper transporting 

ATPase’s; hCTR1= copper uptake transporters (human); LAT11 and LAT2 = L-type neutral amino acid transporters; DMT1= divalent metal transporter-1; ZIPs = zinc 

ion transporter proteins; OAT. OATP, NTCP and OCT = organic solute characters, including amino acids, peptides, phospholipids or organic substances.  
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Appendix 2. Supporting Information for Chapter 2. 
 

 

Remaili, T. M., Simpson, S. L., Amato, E. D., Spadaro, D. A., Jarolimek, C. V., & Jolley, D. F. 

(2016). The impact of sediment bioturbation by secondary organisms on metal bioavailability, 

bioaccumulation, and toxicity to target organisms in benthic bioassays: Implications for 

sediment quality assessment. Environmental Pollution, 208, 590-599. 

http://dx.doi.org/10.1016/j.envpol.2015.10.033 
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Table A1 Physicochemical properties of initial sediments used for the  28-day bioturbation bioassay 

Sediment 
Al Fe Mn Ag As Cd Cr Cu Ni Pb V Zn 

(%) (%) TRM  (mg kg-1 or % for Al and Fe, dry weight) 

S1 0.3 ± 0.04 0.8 ± 0.1 44 ± 16 <0.1 2.1 ± 0.3 0.3 ± 0.1 5.0 ± 1 16 ± 2 2.3 ± 0.3 10 ± 1 17 ± 2 37 ± 4 

S2 1.1 ± 0.1 4.0 ± 0.5 240 ± 90 1.0 ± 0.4 40 ± 2* 2 ± 0.2* 68 ± 1 550 ± 10+ 19 ± 0.1 460 ± 6+ 76 ± 0.2 900 ± 3+ 

S3 1.0 ± 0.04 0.5 ± 0.02 67 ± 2 5.0 ± 0.04+
 50 ± 1* 8 ± 0.1* 390 ± 10+ 1200 ± 30+ 36 ± 0.7* 1400 ± 20+ 51 ± 2 2800 ± 30+ 

TRM of <63 µm sediment size fraction (mg kg-1 or % for Al and Fe, dry weight) 

S1 1 ± 0.05 2 ± 0.02 64 ± 2 <0.1 3 ± 0.2 1 ± 0.04 12 ± 0.4 44 ± 2 6 ± 0.2 15 ± 1 44 ± 1 92 ± 1 

S2 1 ± 0.01 4 ± 0.04 130 ± 2 1 ± 0.1 33 ± 1* 2 ± 0.05* 66 ± 1 490 ± 30+ 19 ± 0.5 400 ± 12* 74 ± 1 790 ± 31* 

S3 1 ± 0.05 4 ± 0.1 180 ± 3 5 ± 0.04+ 57 ± 1 10 ± 0.03* 450 ± 5+ 1400 ± 4+ 43 ± 1+ 1500 ± 20* 62 ± 3 3300 ± 30* 

Dilute-acid extractable metals (AEM) (mg kg-1 or % for Al and Fe, dry weight) 

S1 0.1 ± 0.1 0.3 ± 0.09 33 ± 6 0.1 ± 0.03 0.5 ± 0.2 0.2 ± 0.05 1.0 ± 0.1 7.0 ± 0.4 1.0 ± 0.04 8.0 ± 0.2 30 ± 1 30 ± 1 

S2 0.4 ± 0.1 1.0 ± 0.8 113 ± 14 0.2 ± 0.02 11 ± 1 1.0 ± 0.2 24 ± 2 240 ± 20* 5.6 ± 0.3 380 ± 20+ 560 ± 30+ 530 ± 50+ 

S3 0.3 ± 0.1 0.4 ± 0.06 25 ± 3 0.2 ± 0.01 1.0 ± 0.4 2.0 ± 0.2* 55 ± 6 0.4 ± 0.04 5.0 ± 0.5 390 ± 60+ 850 ± 94+ 820± 70+ 

  AEM/TRM Ratio 

S1 - - 0.2 0 0.2 0.7 0.2 0.5 0.8 0.5 0.5 0.3 

S2 - - 0.3 0.2 0.3 0.5 0.3 0.4 0.8 0.4 0.4 0.6 

S3 - - 0.1 0.04 0.02 0.2 0.1 0.003 0.3 0.3 0.3 0.3 

SQGV 1 20 1.5 80 65 21 50  200 

SQGV – high 3.7 70 10 370 270 52 220  410 

<63 µm (%) = percentage (by mass) of fine sediment particles; TRM (<63 µm) refers to TRM on the <63 µm sediment fraction. AEM = 1 M HCl extractable metals.  Mean ± 

standard deviation. SQGV and SQGV-high are those upper guideline values as recommended in the revised ANZECC/ARMCANZ sediment quality guidelines (Simpson and 

Batley, 2013 ). * = exceed SQGV. + = exceed SQGV-high. 
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Table A2. Bioaccumulation effects and system chemistry  

Sediment 
Organism and 

Bioturbation Intensity 

Survival 

(%) 
N# 

Total body burden (mg kg-1) 

As Cd Cr Cu Mn Ni Pb Zn 

Initial 
Bivalves - 15 6 ± 1 0.2 ± 0.04 0.3 ± 0.1 210 ± 80 4 ± 5 1 ± 0.1 0.3 ± 0.01 150 ± 12 

Amphipods - 18 9 ± 0.6 0.4 ± 0.04 2 ± 0.3 180 ± 20 5 ± 1 2 ± 0.2 21 ± 3 78 ± 3 

S1  

Bivalves/ Low Bio. 100 15 14 ± 4 1 ± 0.2 3 ± 1 290 ± 120 52 ± 5 8 ± 8 21 ± 7 210 ± 90 

Bivalves/ High Bio. 100 15 14 ± 3 1 ± 0.1 2 ± 0.2 230 ± 70 45 ± 3 4 ± 1 23 ± 4 250 ± 80 

Amphipods/ High Bio. 89 16 8 ± 1 0.1 ± 0.02 1 ± 0.2 170 ± 10 10 ± 2 2 ± 0.2 1 ± 1 80 ± 1 

S2  

Bivalves/ Low Bio. 53 9 26 ± 8 1 ± 0.2 2 ± 0.2 630 ± 270 13 ± 2 3 ± 0.3 39 ± 10 280 ± 100 

Bivalves/ High Bio. 100 15 21 ± 6 1 ± 0.3 5 ± 1 350 ± 0.4 23 ± 3 4 ± 1 57 ± 16 320 ± 180 

Amphipods/ High Bio. 83 15 9.5 ± 1 0.1 ± 0.02 1 ± 0.1 190 ± 10 7 ± 1 2 ± 0.3 13 ± 0.3 83 ± 4 

S3  

Bivalves/ Low Bio. 87 13 26 ± 17 2 ± 2 16 ± 15 540 ± 60 9 ± 7 7 ± 6 120 ± 100 420 ± 40 

Bivalves/ High Bio. 100 15 27 ± 4 2 ± 0.2 35 ± 16 510 ± 100 15 ± 5 10 ± 2 190 ± 40 820 ± 11 

Amphipods/ High Bio. 94 17 11 ± 1 0.4 ± 0.2 5 ± 2 180 ± 20 4 ± 1 2 ± 0.3 29 ± 12 98 ± 19 

    TSS (mg L-1) Dissolved metals in overlying water (µg L-1) 

S1 

No 25 ± 17 <5 <5 <0.2 <0.2 1 ± 1 1 ± 3 <3 <0.5 

Low 34 ± 11  <5 <0.2 <0.2 1 ± 0.4 12 ± 9 <0.9 <3 1 ± 1 

High  93 ± 34 <5 <0.2 <0.2 <0.8 31 ± 25 <0.9 <3 1 ± 1 

S2 

No 15 ± 11 <5 <5 <0.2 <0.2 7 ± 3 <0.9 <3 9 ± 4 

Low 20 ± 16 <5 <0.2 <0.2 6 ± 3 18 ± 18 <0.9 <3 5 ± 2 

High  190 ± 30 <5 1 ± 0.2 <0.2 4 ± 1 96 ± 55 <0.9 <3 5 ± 2 

S3 

No 17 ± 7  <5 <5 2 ± 1 0.2 ± 0.1 15 ± 3 <0.9 10 ± 2 76 ± 12 

Low 18 ± 12 <5 1 ± 0.5 0.3 ± 1 9 ± 3 11 ± 5 2 ± 1 10 ± 1 190 ± 50 

High  65 ± 30 <5 0.5 ± 0.1 0.3 ± 0.5 0.8 ± 0.5 49 ± 15 2 ± 1 7 ± 3 290 ± 140 

For bioaccumulation results (Mean ± standard error (SE, n=3) (bivalves = 5 organisms per replicate; Biv and Amp = 5 bivalves and 6 amphipods per replicate). 

Survival % is based on the total number of organisms recovered from each condition at the end of the test (15 bivalves per test and 18 amphipods in each test 

containing both amphipods and bivalves). N# is the total number of organisms used in the digestion. TRM= total recoverable metals, TSS= total suspended solids.  
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Table A3. Overlying water chemistry during the 28-day bioassay               

Sediment 
Bioturbation 

Intensity 

TSS 

(mg L-1) 

Dissolved Metal Concentration (µg L-1) 

Fe Mn As Cd Cr Cu Ni Pb V Zn 

S1 No 25 ± 17 <2 4 ± 6 <5 <0.2 <0.2 1 ± 1 1 ± 3 <3 <0.9 <0.5 

  Low 34 ± 11  3 ± 5 12 ± 9 <5 <0.2 <0.2 1 ± 0.4 <0.9 <3 <0.9 1 ± 1 

  High 93 ± 34 2 ± 3 31 ± 25 <5 <0.2 <0.2 <0.8 <0.9 <3 <0.9 1 ± 1 

S2 No 15 ± 11 3 ± 8 0.4 ± 2 <5 <0.2 <0.2 7 ± 3 <0.9 <3 <0.9 9 ± 4 

  Low 20 ± 16 2 ± 9 18 ± 18 <5 <0.2 <0.2 6 ± 3 <0.9 <3 <0.9 5 ± 2 

  High 190 ± 30 4 ± 12 96 ± 55 <5 1 ± 0.2 <0.2 4 ± 1 <0.9 <3 1 ± 1 5 ± 2 

S3 No 17 ± 7  2 ± 3 1 ± 1 <5 2 ± 1 0.2 ± 0.1 15 ± 3 <0.9 10 ± 2 <0.9 76 ± 12 

  Low 18 ± 12 4 ± 5 11 ± 5 <5 1 ± 0.5 0.3 ± 1 9 ± 3 2 ± 1 10 ± 1 <0.9 190 ± 50 

  High 65 ± 30 3 ± 2 49 ± 15 <5 0.5 ± 0.1 0.3 ± 0.5 0.8 ± 0.5 5 ± 2 7 ± 3 <0.9 290 ± 140 

* TSS refers to total suspended solids (n=3).   For dissolved metals, n=15 over 28 days. Mean ± standard deviation. 
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Table A4. General averaged water quality parameters 

Sediment 
Bioturbation 

Intensity 
pH DO 

Salinity 

(psu) 
T (oC) 

S1 No 7.8 ± 0.2 92 ± 0.4 35 ± 1 21 ± 1 

  Low 8.1 ± 0.0 91 ± 0.4 35 ± 1 21 ± 1 

  High 8.0 ± 0.1 93 ± 0.3 35 ± 1 21 ± 1 

S2 No 8.1 ± 0.0 93 ± 0.4 35 ± 0.4 21 ± 1 

  Low 8.1 ± 0.1 92 ± 0.4 34 ± 1 22 ± 1 

  High 8.0 ± 0.1 90 ± 0.5 34 ± 2 22 ± 1 

S3 No 8.1 ± 0.0 92 ± 0.4 35 ± 0.5 21 ± 1 

  Low 8.1 ± 0.1 92 ± 0.4 35 ± 1 21± 1 

  High 7.9 ± 0.1 91 ± 0.3 35 ± 1 22 ± 1 

* DO2 refers to dissolved oxygen.  For all test parameters, n=4, taken 

weekly over 28 days. Mean ± standard deviation. 
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Table A5. Chemistry of sediments after 28-day bioassay 

Sediment Strata 
Bioturbation 

Intensity 

SEM AVS SEM-
AVS 

Dilute-acid extractable metals (AEM) (mg kg-1, dry weight) 

Fe (%) Mn As Cd Cr Cu Ni Pb V Zn 
(µmol g-1) 

  Initial - 0.6 0.1 0.5 0.3 ± 0.01 33 ± 6 0.5 ± 0.2 0.2 ± 0.05 1.0 ± 0.1 7.0 ± 0.4 1.0 ± 0.04 8.0 ± 0.2 30 ± 1 30 ± 1 

S1 

Surface No 0.6 0.6 0.01 0.3 ± 0.02 26 ± 3 0.5 ± 0.1 0.4 ± 0.1 1 ± 0.05 9 ± 0.5 0.5 ± 0.1 10 ± 0.5 10 ± 0.2 28 ± 0.8 

Surface Low 0.7 0.1 0.6 0.3 ± 0.02 43 ± 26 1 ± 0.4 0.4 ± 0.1 1 ± 0.01 10 ± 1 0.5 ± 0.1 9 ± 1 9 ± 1 30 ± 0.5 

Surface High 1 0.3 0.7 0.3 ± 0.2 27 ± 12 1 ± 0.4 0.8 ± 0.3 1 ± 1 9 ± 5 1 ± 0.3 10 ± 5  10 ± 5 48 ± 28 

Deeper No 0.5 2.0 -1.5 0.3 ± 0.1 27 ± 3 0.5 ± 0.2 0.4 ± 0.1 1 ± 0.3 7 ± 1 0.3 ± 0.2 8± 2  8 ± 2 24 ± 5 

Deeper Low 0.6 2.0 -1.4 0.3 ± 0.01 24 ± 0.3 1 ± 0.02 0.4 ± 0.02 1 ± 0.03 8 ± 1  1 ± 0.1 10 ± 1 10 ± 0.3 29 ± 0.4 

Deeper High 0.4 2.0 -1.6 0.1 ± 0.1 10 ± 4 0.4 ± 0.1 0.3 ± 0.1 0.3 ± 0.2 3 ± 3 0.2 ± 0.1 4 ± 2 4 ± 2 19 ± 7 

  Initial - 13 0.2 13 1 ± 0.07 113 ± 14 11 ± 1 1.0 ± 0.2 24 ± 2 240 ± 20* 5.6 ± 0.3 380 ± 20+ 560 ± 30+ 530 ± 50+ 

S2 

Surface No 9 0.6 8.4 1 ± 0.1 77 ± 14 8 ± 2 1 ± 0.3 19 ± 3 160 ± 20 4 ± 1 270 ± 40 23 ± 4 340 ± 50 

Surface Low 15 0.7 14.3 2 ± 0.1 190 ± 34 20 ± 1 2 ± 1 29 ± 3 280 ± 12 6 ± 1 420 ± 30 35 ± 2 610 ± 20 

Surface High 29 1.0 28 2 ± 1 230 ± 40 31 ± 7 3 ± 1 53 ± 12 500 ± 110 12 ± 2 740 ± 210 65 ± 15 1160 ± 360 

Deeper No 9 0.5 8.5 1 ± 1 81 ± 5 7 ± 1 1 ± 0.4 18 ± 1 140 ± 5 4 ± 0.2 270 ± 10 24 ± 2 380 ± 20 

Deeper Low 15 0.6 15 1 ± 0.03 130 ± 2 12 ± 2 1 ± 0.2 31 ± 1 240 ± 10 6 ± 0.03 440 ± 30 39 ± 1 570 ± 40 

Deeper High 17 0.5 17 1 ± 0.1 130 ± 9 15 ± 2 1 ± 1 31 ± 3 280 ± 30 6 ± 0.5 470 ± 50 38 ± 3 690 ± 60 

  Initial - 14 10 4.3 0.4 ± 0.06 25 ± 3 1.0 ± 0.4 2.0 ± 0.2* 55 ± 6 0.4 ± 0.04 5.0 ± 0.5 390 ± 60+ 850 ± 94+ 820± 70+ 

S3 

Surface No 21 14 7.0 0.5 ± 0.02 30 ± 8 2 ± 2 4 ± 2  63 ± 3 58 ± 58 6 ± 1 460 ± 50 15 ± 1 1140 ± 300 

Surface Low 14 4.0 10 0.5 ± 0.03 27 ± 12 1 ± 0.3 2 ± 0.2 62 ± 2 6 ± 4 6 ± 1 420 ± 40 16 ± 0.4 800 ± 60 

Surface High 18 3.0 15 0.5 ± 0.06 33 ± 15 5 ± 3 3 ± 1  63 ± 14 160 ± 120 7 ± 1 420 ± 110 19 ± 4 900 ± 120 

Deeper No 23 15 8.0 0.5 ± 0.02 28 ± 3 0.4 ± 0.1 5 ± 4  67 ± 3 3 ± 2 6 ± 1 450 ± 20 17 ± 0.2 1370 ± 580 

Deeper Low 15 11 4.0 0.5 ± 0.02 25 ± 1 1 ± 1 2 ± 0.3 67 ± 2 1 ± 0.4 6 ± 1 420 ± 60 17 ± 0.4 860 ± 50 

Deeper High 13 8.0 5.0 0.5 ± 0.04 24 ± 3 0.5 ± 0.1 2 ± 0.1 16 ± 6 1 ± 1 5 ± 1 390 ± 20 15 ± 1 740 ± 50 

AEM = 1 M HCl extractable metals. SEM- simultaneously extractable metals in 1M HCl. AVS= acid volatile sulfide, the reactive sulfide fraction of sediments.  SEM-AVS = the theoretical fraction of 

metals bioavailable to the benthos.  Mean ± standard deviation. 
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Table A6. Chemistry of sediments after 28-day bioassay (2) 

Sediment 
Bioturbation 

Intensity 
Profile 

SEM AVS SEM-AVS 

(µmol g-1) 

SEM (µmol g-1, dry weight) 

(µmol g-1) (µmol g-1) Fe  Mn Cd Cu Ni Pb Zn 

S1 

No 
Surface 0.6 0.6 0.01 50 0.001 0.001 0.1 0.01 0.04 0.4 

Deeper 0.5 2.0 -1.5 50 0.001 0.001 0.1 0.01 0.04 0.4 

Low 
Surface 0.7 0.1 0.6 50 0.002 0.002 0.2 0.01 0.04 0.5 

Deeper 0.6 2.0 -1.4 50 0.001 0.001 0.1 0.01 0.04 0.4 

High 
Surface 1.0 0.3 1.7 90 0.002 0.002 0.2 0.02 0.1 0.7 

Deeper 0.4 2.0 -1.8 40 0.001 0.001 0.1 0.005 0.03 0.3 

S2 

No 
Surface 9.0 0.6 8.4 140 0.004 0.004 2.4 0.1 1.2 5.4 

Deeper 9.0 0.5 8.5 150 0.01 0.01 2.2 0.1 1.3 5.8 

Low 
Surface 15 0.7 15 260 0.01 0.01 4.4 0.1 1.9 8.8 

Deeper 15 0.6 15 250 0.01 0.01 3.6 0.1 2.1 9.3 

High 
Surface 29 1.0 28 420 0.03 0.03 7.7 0.2 3.5 18 

Deeper 17 0.5 17 450 0.02 0.02 4.3 0.1 2.2 11 

S3 

No 
Surface 21 14 7.0 80 0.03 0.03 1.0 0.1 2.2 18 

Deeper 23 15 8.0 90 0.05 0.05 0.04 0.1 2.1 21 

Low 
Surface 14 4.0 10 74 0.02 0.02 0.08 0.1 1.8 12 

Deeper 15 11 4.0 80 0.02 0.02 0.01 0.1 1.8 13 

High 
Surface 18 3.0 15 80 0.02 0.02 2.2 0.1 2.2 14 

Deeper 13 8.0 5.0 70 0.01 0.01 0.01 0.1 1.6 11 

AEM = 1 M HCl extractable metals. SEM- simultaneously extractable metals in 1M HCl. AVS= acid volatile sulfide, the reactive sulfide fraction of 

sediments.  SEM-AVS = the theoretical fraction of metals bioavailable to the benthos. Mean ± standard deviation. 
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Figure A1. Test Timeline. 
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Figure A2. Visual representation of the impact bioturbation on the concentration of total 

suspended solids in the overlying water for the three test conditions 

 

Figure A3. Visual representation of sediment characteristics during bioturbation.  A= U-shaped 

amphipod burrow with entrance mound (S1), B= Y-shaped amphipod burrow and associated 

networks (S2), C & D= bivalve dens (S2 (C) and S3 (D)).   
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Figure A4. Comparisons between average metal concentrations in bivalve tissues with average metal concentrations in the dissolved and solid phase (Cr, Cu, Ni, Pb, 

Zn). Note: linear regressions are only shown for data where the value for R2 is ≥ 0.5.     
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Figure A5. Comparisons between average metal tissue concentrations in bivalves with average dilute-acid extractable metal concentrations in surficial 

sediments. Note: linear regressions are only shown for data where the value for R2 is ≥ 0.5.     
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Figure A6. Comparisons between average metal tissue concentrations in bivalves with average dilute-acid extractable metal concentrations in surficial 

sediments as a function of initial AEM concentrations (AEMinitial + AEMsurface)/2).  
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Appendix 3. Supporting Information for Chapter 3. 
 

 

Remaili, T.M., Simpson, S.L., Jolley, D.F., 2017. Effects of enhanced bioturbation intensities on 

the toxicity assessment of legacy-contaminated sediments. Environmental Pollution, 226, 335-

345. http://dx.doi.org/10.1016/j.envpol.2016.11.038. 
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Table A1. Categories for ranking the test endpoints as acute and chronic 

Category 

Toxicity 

Ranking 

Score 

Survival (Acute toxicity) Reproduction (Chronic toxicity) 

% of Control % of Control 

No 0 >80% survival at day 10 termination >85% reproduction at day 10 termination 

Low 25 <60-80% survival at day 10 termination <65-80% reproduction at day 10 termination 

Moderate 50 30-60% survival at day 10 termination 30-65% reproduction at day 10 termination 

High 75 <30% survival at day 10 termination <30% reproduction at day 10 termination 

Very High 100 <10% survival at day 5 renewal <10% reproduction at day 10 termination 
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Table A2.  Chemistry of initial sediments – Individual polycyclic aromatic hydrocarbons (PAHs) 

 

 

 

 

 

 

 

 

 

  

Sediment Naphthalene Acenaphthylene Acenaphthene Fluorene Phenanthrene Anthracene Fluoranthene Pyrene 

S1 (Ref.) <0.01 <0.01 <0.01 <0.01 <0.02 <0.01 0.01 0.01 

S2 2.8 0.31 0.13 0.34 1.2 0.43 2.1 2 

S3 0.02 0.03 0.01 0.02 0.25 0.1 1.2 1.4 

S4 0.32 0.48 0.06 0.15 0.5 0.25 1.3 2.3 

S5 0.07 0.15 0.08 0.14 1.2 0.54 3.3 3.6 

S6 3.6 5.6 0.5 1.5 3.4 3 9 24 

Sediment Benzo(a)anthracene Chrysene 
Benzo(b, j+k) 

fluoranthene 

Benzo(a)pyren

e 

Indeno(1,2,3-c,d) 

pyrene 

Dibenzo(a,h ) 

anthracene 
Benzo(g,h,i)perylene 

S1 (Ref.) <0.01 <0.01 <0.02 <0.01 <0.01 <0.01 <0.01  

S2 0.81 1.1 1.8 1 0.63 0.2 0.81  

S3 0.41 0.62 0.98 0.61 0.36 0.1 0.41  

S4 0.6 0.82 2.7 1.9 0.92 0.4 0.6  

S5 1.2 2 3 1.8 1.1 0.3 1.2  

S6 4.2 6.7 24 18 7.5 1.5 4.2  

Data for total PAHs are derived from single samples (n=1), the accuracy of the method was validated to be within ±30% of the certified reference material. 
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Table A3.  Chemistry of initial sediments – Total recoverable hydrocarbons (TRHs) and BTEX fractions. 

Sediment 

Total recoverable hydrocarbons (TRHs) 

 (fraction by carbon chain length, mg kg-1) 

Benzene, toluene, ethylbenzene and xylene (BTEX)  

(mg kg-1) 

C6 - C9 C10 -C14 C15 - C28 C29 – C36 B T E m+p X o-X 

S1 (Ref.) <25 <50 <100 <100 <0.2 <1 <0.5 <2 <1 

S2 <25 <50 <100 <100 <0.2 <1 <0.5 <2 <1 

S3 <25 <50 <100 <100 <0.2 <1 <0.5 <2 <1 

S4 <50 <50 120 250 <0.4 <2 <1 <4 <2 

S5 <50 <50 250 400 <0.4 <2 <1 <4 <2 

S6 <25 <50 1100 860 <0.2 <1 <0.5 <2 <1 

Data for TRHs and BTEXs (B= benzene, T= toluene, E= ethylbenzene and m+p X = meta-xylene + para-xylene, o-X = ortho-

xylene) are derived from single samples (n=1), the accuracy of the method was validated to be within ±30% of the certified 

reference material 

 

Table A4.  Physicochemical properties of initial sediments – Dilute-acid extractable metals (AEM) 

Sediment. 
Initial Dilute-acid extractable metals (AEM) (mg kg-1 ) 

As Cd Ni V 

S1 (Ref.) 0.4 ± 0.3 0.3 ± 0.3 1.4 ± 0.5 29 ± 4 

S2 18 ± 6 3.0 ± 3.9 11 ± 7.3 660 ± 350 

S3 1.7 ± 0.2 0.4 ± 0.0 1.0 ± 0.0 380 ± 90 

S4 6.4 ± 0.4 0.7 ± 0.1 8.2 ± 0.4 640 ± 30 

S5 0.4 ± 0.3 2.1 ± 0.0 24 ± 2.1 660 ± 10 

S6 4.5 ± 0.02 0.6 ± 0.0 7.7 ± 1.2 420 ± 50 

AEM = 1 M HCl extractable metals (n-3).  
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Table A5. Toxicity results for the 10-day test. 

Sediment Treatment 

Average Survival  

 (M. plumulosa) 

Level of 

Acute 

Average Offspring 

 (M. plumulosa) 

Level of 

Chronic 

Average Survival 

 (V. australiensis) 

% of Control Toxicity % of Control Toxicity % of Control 

S1 (Ref) 
Low 100 ± 7 - 100 ± 8 - - 

High 100 ± 4 - 100 ± 6 - 100 ± 0 

S2 
Low 42 ± 6 Moderate 3 ± 1 Very High - 

High 93 ± 7 No 65 ± 13 Low 100 ± 13 

S3 
Low 113 ± 3 No 11 ± 1 High - 

High 117 ± 3 No 65 ± 5 Low 88 ± 13 

S4 
Low 100 ± 3 No 31 ± 2  Moderate - 

High 90 ± 6 No 117 ± 4 No 100 ± 13 

S5 
Low 77 ± 6 Low   22 ± 3 High - 

High 80 ± 6 Low 32 ± 3 Moderate 75 ± 0.0 

S6  
Low 94 ± 9 No 44 ± 8 Moderate - 

High 80 ± 12 Low 23 ± 1 High 75 ± 0.0 

*Represented S1 values are an average of S1 values from all 4 tests. n=4, ± = standard error (SE). 
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Table A6. Dilute-acid extractable metal chemistry at the end of the 10-day bioassay (Mn, Cd, Cr, 

Cu). 

 
 

 

 

 

 

 

 

 

 

  

S
ed

im
e
n

t 

C
o

n
d

it
io

n
 Dilute-acid extractable metals (AEM) (mg kg-1, dry weight) 

Mn Cd Cr Cu 

surface Depth surface depth surface depth surface Depth 

S1 

Initial 26 ± 4.0 0.3 ± 0.3 1.1 ± 0.4 4.2 ± 1.0 

No 21 ± 1 25 ± 9 0.3 ± 0.1 0.2 ± 0.1 0.9 ± 0.1 4.5 ± 5 5.0 ± 0.4 5.2 ± 2 

Low 19 ± 0.9 22 ± 1 0.2 ± 0.05 0.3 ± 0.1 0.7 ± 0.03 1.0 ± 0.5 5.2 ± 0.3 4.4 ± 0.4 

High 19 ± 0.8 19 ± 0.9 0.2 ± 0.1 0.2 ± 0.1 0.7 ± 0.1 0.8 ± 0.2 5.4 ± 0.4 5.0 ± 1 

S2 

Initial 162 ± 40 3.2 ± 4.0 40 ± 14 278 ± 198 

No 179 ± 5 207 ± 2 0.9 ± 0.1 1.3 ± 0.3 41 ± 2.0 46 ± 0.2 481 ± 24 523 ± 2 

Low 193 ± 4 193 ± 13 1.1 ± 0.4 1.2 ± 0.1 43 ± 0.6 42 ± 3 504 ± 2 500 ± 22 

High 
196 ± 

17  
181 ± 8 1.1 ± 0.2 0.9 ± 0.1 44 ± 4.5 38 ± 3 521 ± 44 465 ± 18 

S3 

Initial 11 ± 0.2 0.4 ± 0.05 7.0 ± 0.2 20 ± 1.0 

No 10 ± 1.1 11 ± 0.2 0.5 ± 0.05 0.4 ± 0.01 7.2 ± 0.6 7.4 ± 0.5 24 ± 0.5 24 ± 1 

Low 10 ± 0.5 17 ± 12 0.4 ± 0.04 0.5 ± 0.1 7.2 ± 0.3 11 ± 5 25 ± 0.5 26 ± 2 

High 11 ± 0.8 12 ± 0.7 0.4 ± 0.02 0.42 ± 0.1 7.9 ± 0.4 7.9 ± 0.4 27 ± 2 25 ± 2 

S4 

Initial 106 ± 3.1 0.7 ± 0.1 80 ± 1.7 98 ± 6.3 

No 
103 ± 

19 
90 ± 19 0.6 ± 0.1 0.6 ± 0.1 77 ± 16 67 ± 17 100 ± 27 81 ± 14 

Low 99 ± 8.6 93 ± 3.0 0.4 ± 0.03 0.5 ± 0.04 74 ± 7 71 ± 3 90 ± 9 89 ± 2 

High 87 ± 4.0 99 ± 0.8 0.6 ± 0.1 0.5 ± 0.03 65 ± 5 75 ± 2 82 ± 5 93 ± 3 

S5 

Initial 24 ± 2.0 2 ± 0.002 10 ± 0.1 11 ± 1.3 

No 21 ± 1.3 24 ± 2.0 2.0 ± 0.1 2.1 ± 0.03 12 ± 1.8 13 ± 2 49 ± 20 33 ± 11 

Low 16 ± 5.3 19 ± 5.2 1.4 ± 0.4 1.7 ± 0.6 7.8 ± 3 9.6 ± 3 27 ± 17 48 ± 32 

High 20 ± 13 9.5 ± 0.1 1.1 ± 0.1 1.0 ± 0.1 6.6 ± 0.8 5.7 ± 0.4 24 ± 5 25 ± 12 

S6 

Initial 40 ± 4.1 0.6 ± 0.04 67 ± 7.2 45 ± 6.1 

No 33 ±2.2 39 ± 0.5 0.6 ± 0.1 0.6 ± 0.04 67 ± 3 65 ± 4 47 ± 2 42 ± 0.6 

Low 35 ± 1.7 39 ± 4.4 0.6 ± 0.1 0.7 ± 0.07 61 ± 4 66 ± 8 45 ± 0.3 45 ± 6 

High 36 ± 3.6 35 ± 3.3 0.6 ± 0.2 0.6 ± 0.1 62 ± 7 60 ± 8 42 ± 5 40 ± 3 

AEM = 1 M HCl extractable metals. Mean ± standard deviation. 
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Table A7. Dilute-acid extractable metal chemistry at the end of the 10-day bioassay (Ni, 

Pb, V, Zn). 

  

  

S
ed

im
e
n

t 

C
o

n
d

it
io

n
 Dilute-acid extractable metals (AEM) (mg kg-1, dry weight) 

Ni Pb V Zn 

Surface depth surface depth surface depth surface depth 

S1 

Initial 1.4 ± 0.5 7.0 ± 1.2 10 ± 2.0 29 ± 4.0 

No 0.8 ± 0.03 67 ± 94 6.6 ± 0.8 6.6 ± 1.0 7.2 ± 0.3 6.4 ± 0.9 26 ± 0.5 33 ± 13 

Low 0.7 ± 0.1 7.6 ± 12 6.0 ± 0.2 5.5 ± 0.8 6.9 ± 0.2 6.1 ± 0.8 32 ± 13 24 ± 0.6 

High 1.2 ± 1.0 2.0 ± 2 6.4 ± 0.2 6.0 ± 0.5 7.1 ± 0.4 7.0 ± 0.2 26 ± 0.9 25 ± 0.4 

S2 

Initial 11 ± 7.0 511 ± 196 30 ± 20 660 ± 350 

No 8.2 ± 0.5 9.8 ± 0.2 694 ± 26 794 ± 2.0 41 ± 2.0 46 ± 0.1 986 ± 35 1114 ± 9 

Low 8.5 ± 0.05 8.6 ± 0.5 728 ± 3.0 741 ± 55 42 ± 0.3 43 ± 3.0 1015 ± 4 1062 ± 95 

High 9.1 ± 0.7 7.8 ± 0.6 754 ± 55 684 ± 27 43 ± 4.0 39 ± 2.0 1098 ± 77 981 ± 47 

S3 

Initial 1 ± 0.02 76 ± 2 6.0 ± 0.1 377 ± 9 

No 1.5 ± 0.1 2.1 ± 0.9 83 ± 3.0 82 ± 2.0 5.4 ± 0.3 5.3 ± 0.4 410 ± 14 417 ± 0.7 

Low 3.6 ± 3.0 53 ± 88 80 ± 2.0 84 ± 4.0 5.0 ± 0.01 5.6 ± 0.3 411 ± 1.0 443 ± 28 

High 1.7 ± 0.2 1.5 ± 0.2 85 ± 3.0 85 ± 6.0 5.5 ± 0.3 5.6 ± 0.4 440 ± 10 433 ± 30 

S4 

Initial 8.2 ± 0.4 260 ± 9.7 27 ± 1.1 635 ± 28 

No 7.3 ± 1.0 6.4 ± 2.0 254 ± 47 221 ± 46 25 ± 5.0 22 ± 5.0 648 ± 122 539 ± 123 

Low 7.1 ± 0.7 6.9 ± 0.4 243 ± 23 235 ± 14 24 ± 3.0 24 ± 1.0 598 ± 55 581 ± 29 

High 6.5 ± 0.2 7.2 ± 0.2 215 ± 11 251 ± 4.0 22 ± 2.0 25 ± 0.3 512 ± 29 618 ± 15 

S5 

Initial 24 ± 2.0 272 ± 8.0 28 ± 0.6 656 ± 12 

No 4.8 ± 0.4 9.5 ± 7.0 334 ± 14 351 ± 20 29 ± 1.0 31 ± 1.0 718 ± 22 762 ± 46 

Low 3.8 ± 2.0 3.9 ± 1.0 234 ± 91 263 ± 88 21 ± 7.0 23 ± 7.0 508 ± 186 591 ± 201 

High 2.8 ± 0.4 2.7 ± 0.4 171 ± 10 159 ± 4.0 16 ± 1.0 16 ± 0.8 373 ± 21 351 ± 14 

S6 

Initial 7.7 ± 1.0 141 ± 12 15 ± 1.2 418 ± 46 

No 7.5 ± 0.7 7.0 ± 0.3 136 ± 7.0 139 ± 5 14 ± 0.5 14 ± 0.7 387 ± 24 408 ± 9.0 

Low 6.7 ± 0.3 7.1 ± 0.8 130 ± 7.0 140 ± 14 13 ± 0.7 15 ± 2.0 367 ± 12 369 ± 51 

High 7.0 ± 0.4 6.8 ± 0.7 128 ± 13 124 ± 12 13 ± 2.0 14 ± 1.0 382 ± 43 368 ± 31 

AEM = Dilute-acid (1 M HCl) extractable metals. Mean ± standard deviation. 
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Table A8. Sediment AVS, SEM and SEM-AVS chemistry after 10-day test period. 

Sediment  Condition 

SEM AVS SEM-AVS 

(all in µmol g-1) 

surface depth surface depth surface depth 

S1 

Initial 0.6 ± 0.1 2.2 ± 0.6 -2.0 ± 0.1 

No 0.5 ± 0.01 2.0 ± 2.0 0.2 ± 0.1 0.5 ± 0.02 0.3 ± 0.1 1.2 ± 2.0 

Low 2.7 ± 3.0 0.6 ± 0.1 0.6 ± 0.1 0.7 ± 0.4 0.6 ± 0.2 0.02 ± 0.4 

High 0.5 ± 0.01 0.5 ± 0.05 0.6 ± 0.1  1.0 ± 0.3 -0.2 ± 0.4 -0.5 ± 0.2 

S2 

Initial 11 ± 4.4 0.8 ± 0.1 10 ± 4.4 

No 26 ± 1.0 29 ± 0.4 1.4 ± 0.2 1.5 ± 0.2 25 ± 1.2 27 ± 0.1 

Low 27 ± 0.1 28 ± 2.0 1.6 ± 0.5 1.8 ± 0.5 26 ± 0.5 26 ± 2.0 

High 29 ± 2.0 26 ± 1.0 1.0 ± 0.4 1.2 ± 0.3 27 ± 2.2 27 ± 3.0 

S3 

Initial 6.5 ± 0.1 2.7 ± 0.5 3.8 ± 0.1 

No 7.1 ± 0.2 7.2 ± 0.1 0.7 ± 0.3 1.5 ± 0.1  6.4 ± 0.5 4.9 ± 0.01 

Low 7.1 ± 0.03 8.5 ± 2.0 2.3 ± 0.1 1.2 ± 0.1 5.3 ± 0.7 7.0 ± 2.0 

High 7.6 ± 0.2 6.4 ± 0.3 1.8 ± 0.7 1.1 ± 0.1 7.5 ± 0.5 6.4  ± 0.4 

S4 

Initial 12 ± 0.6 0.9 ± 0.1 12 ± 0.6 

No 12 ± 2.0 10.7 ± 2 2.4 ± 0.5 1.4 ± 0.4  10 ± 2.0 8.3 ± 1.0 

Low 11 ± 1.0 11 ± 0.5 2.4 ± 0.9 1.2 ± 0.1 10 ± 0.6 9.0 ± 0.3 

High 10 ± 0.6 12 ± 0.2 1.4 ± 0.5 1.3 ± 0.2 9.2 ± 0.5 11 ± 0.4 

S5 

Initial 12 ± 0.2 71 ± 0.8 -59 ± 0.2 

No 13 ± 0.6 14 ± 0.7 31 ± 3.0 33 ± 8.1 -17 ± 2.0 -21 ± 9.0 

Low 9.4 ± 3.6 11 ± 4.0 35 ± 8.0 39 ± 5.7 -35 ± 3.0 -22 ± 12 

High 7.0 ± 0.3 6.6 ± 0.4 44 ± 7.0 44 ± 9.4 -32 ± 6.0 -37 ± 10 

S6 

Initial 7.9  ± 1.0 0.9 ± 0.1 7.0 ± 1.0 

No 7.5 ± 0.4 7.7 ± 0.2 1.3 ± 0.8 1.7 ± 0.2  6.4 ± 0.7 5.7 ± 0.2 

Low 7.1 ± 0.2 7.6 ± 1.0 1.6 ± 0.2 1.3 ± 0.4 5.7 ± 0.1 5.9 ± 1.0 

High 7.0 ± 0.8 7.0 ± 0.6 1.4 ± 0.1 1.2 ± 0.3 5.7 ± 1.0 5.7 ± 0.7 

* SEM = simultaneously extractable metal (1 M HCl), AVS = acid volatile sulfide. For all values, n=3, and 

expressed as mean ± standard deviation (σ).   
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Table A9. TRH, total PAHs and BTEX present in waters 

 

Sed. 

Total recoverable hydrocarbons  (TRHs) 

(fraction by carbon chain length, mg kg-1) 
Individual polycyclic aromatic hydrocarbons (PAHs) (mg kg-1) 

C6 - C9 C10 -C14 C15 - C28 C29 – C36 Naphthalene Acenaphthylene Acenaphthene Fluorene Phenanthrene Anthracene Fluoranthene Pyrene 

S4 (Low) <20 <50 <100 <50 <0.02 0.05 <0.02 <0.02 0.02 <0.02 0.04 0.05 

S4 

(High) 

<20 <50 <100 <50 <0.02 0.07 <0.02 <0.02 0.04 <0.02 0.07 0.08 

S5 (Low) <20 <50 <100 <50 <0.02 <0.02 <0.02 <0.02 0.02 <0.02 0.05 0.04 

S5 

(High) 

<20 <50 <100 <50 <0.02 0.02 <0.02 <0.02 0.03 <0.02 0.06 0.06 

S6 (Low) <20 <50 <100 <50 <0.02 0.17 <0.02 0.03 0.03 0.02 0.05 0.14 

S6 

(High) 

<20 <50 <100 <50 <0.02 0.22 <0.02 0.03 0.04 0.02 0.05 0.17 

Sed. 

Benzene, toluene, ethylbenzene and xylene  

(BTEX) (mg kg-1) Benzo(a)anthrac

ene 
Chrysene 

Benzo(b,j+k)fluor

anthene 

Benzo(a)p

yrene 

Indeno(1,2,3-

c,d)pyrene 

Dibenzo(a,h)anthrac

ene 
Benzo(g,h,i)perylene 

B T E m+p X o-X 

S4 (Low) <2 <2 <2 <2 <2 0.04 0.02 0.07 0.02 0.055 0.04 <0.02 

S4 

(High) 

<2 <2 <2 <2 <2 0.07 0.04 0.12 0.04 0.094 0.08 0.02 

S5 (Low) <2 <2 <2 <2 <2 0.03 0.02 0.05 0.02 0.036 0.03 <0.02 

S5 

(High) 

<2 <2 <2 <2 <2 0.05 0.03 0.06 0.03 0.051 0.04 <0.02 

S6 (Low) <2 <2 <2 <2 <2 0.06 0.04 0.17 0.05 0.151 0.08 0.03 

S6 

(High) 

<2 <2 <2 <2 <2 0.08 0.04 0.21 0.05 0.183 0.1 0.04 

Data for individual PAHs, TPH and BTEX are derived from single samples (n=1), the accuracy of the method was validated to be within ±30% of the certified reference material. For BETX, B= 

benzene, E= ethylbenzene, T= toluene and m+p X = meta-xylene + para-xylene, o-X = ortho-xylene 
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Figure A1. Images of Melita plumulosa habitation during the 10-day bioassay in Low bioturbation 

treatments (A, M. plumulosa only) and High bioturbation treatments (B, M. plumulosa with V. 

australiensis).   
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Figure A2. Radar charts depicting the changes in acute (survival), chronic (reproductive), and average 

combined toxicity due to greater level of bioturbation in relation to the contaminants of potential 

concern (COPCs) present. For the combined chart, the average for the acute and chronic toxicity were 

taken and plotted to provide the final ranking. The reported values for acute, chronic and combined 

toxicity was ranked as either No, Low, Moderate, High or Very High and allocated a score based on 

that level (0, 25, 50, 75 or 100). Numbers (1-6) are indicative of the sediments tested (S1-S6). Triangles 

are indicative of Low bioturbation treatments and black dots are indicative of High bioturbation 

treatments respectively. Arrows are representative the direction and extent (via length) of significant 

changes in toxicity from low to high bioturbation. 
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TRH and PAH analyses, surrogate QA/QC information: 

The recoveries for the in-house spikes of TRHs and total PAHs were within 91 – 129% of expected 

values, as were the surrogate spikes for TRHs and total PAHs (ranges for surrogate spikes are described 

in the Supplementary Information).  The limits of reporting for the various methods were less than 10% 

of the lowest measured values in samples. Blanks were less than practical quantitation limits (PQLs) 

and duplicates were typically within 20% for metals and (20-30%) for total PAHs and TRHs.   

 

A10.1 Surrogate spike recoveries for TRH, BTEX and PAH suites in waters 

Analyte Group Surrogate LOR 

Sample 

S4 

(Low) 

S4 

(High) 

S5 

(Low) 

S5 

(High) 

S6 

(Low) 

S6 

(High) 

TRH & BTEX 

1.2-Dichloroethane-D4 2% 97 103 90 95 97 98 

Toluene-D8 2% 101 104 102 107 105 103 

4-Bromofluorobenzene 2% 110 115 108 108 113 109 

Base/ Neutral 

Extractable Surrogates 

2-Fluorobiphenyl 0.02% 97 115 76 77 91 102 

Anthracene-d10 0.02% 103 122 102 109 109 105 

4-Terphenyl-d14 0.02% 98 85 108 98 94 104 

 

A10.2 Surrogate spike recoveries for TRH, BTEX and PAH suites in sediments 

Analyte Group Surrogate LOR 

Sample 

S4 

(Low) 

S4 

(High) 

S5 

(Low) 

S5 

(High) 

S6 

(Low) 

S6 

(High) 

TRH & BTEX 
aaa-Trifluorotoluene 2% 72 74 84 68 79 67 

 o-Terphenyl 2% 110 91 89 92 90 91 

Base/ Neutral Extractable 

Surrogates 
p-Terphenyl-d14 0.02% 98 85 108 98 94 104 

 

 

 

  



145 
 
 

Appendix 4. Supporting Information for Chapter 4. 

 

 

Remaili, T.M., Yin, N., Bennett, W.W., Simpson, S.L., Welsh, D.T., Jolley, D.F. (2018) Contrasting 

effects of bioturbation on metal toxicity of contaminated sediments results in misleading interpretation 

of the AVS-SEM metal-sulfide paradigm. Environmental Science: Processes and Impacts, 20, 1285 – 

1296.  

For references cited this section please refer to the manuscript.   
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General methods 

All salts used for the preparation of solutions were of AR grade or higher. For physicochemical 

measurements, salinity was measured using a Mettler Toledo Seven2Go S3 conductivity meter fitted 

with an InLAB® 73X series conductivity probe; dissolved oxygen (DO) and pH were measured using 

WTW (Wissenschaftlich-Technische Werstätten) instruments (Multi 3410 with FDO® 925 probe and 

pH320 with SenTix 41 pH electrode). Dissolved ammonia was measured using a rapid test kit (API 

Fish Care, LR8600). All probes were pre-calibrated using the manufacturer’s instructions.  

 

Sediment characterisation  

Total recoverable metals (TRM) were determined after low-pressure microwave-assisted (MARS 5, 

CEM) aqua regia digestion (3:1 HNO3: HCl). Total organic carbon (TOC) analysis was determined as 

CO2 evolution following a prescribed method.1.  Dried, ground sediment samples were acid-treated to 

remove inorganic carbonates followed by high temperature combustion in an oxygen atmosphere (Leco 

TruMAC instrument) followed by infrared detection. Frozen sediment mini-cores were extruded within 

a nitrogen-filled glove box.  Sections were taken from the surface (~0.5 cm from the top) and at depth 

(0.5-1 cm from the bottom) and three replicate core samples for each fraction homogenized before being 

analyzed for AVS and SEM.2 

  

(1) Matejovic I. Determination of Carbon and Nitrogen in samples of various soils by the dry combustion.  Comm. Soil Sci. 

Plant Anal. 1997, 28, 1499-1511. 

(2) Simpson, S. L. A rapid screening method for acid‐volatile sulfide in sediments. Environ. Toxicol. Chem. 2001, 20 (12), 

2657–2661. 

Sulfidization procedure 

Sulfidised sediment was prepared synthetically by the addition of a neutralized sulfide stock solution in 

molar excess to the sediment SEM concentration to convert the reactive iron and metals into their 

respective monosulfides (as shown in Equation S1).  

Fe(OH)3 + 3HS-  FeS + 3H2O      Equation S1 

A neutralized solution was used as using a sulfide solution prepared using just Na2S.9H2O resulted in a 

highly alkaline solution due to the excess of hydroxides produced during the reduction of Fe(OH)3 

(Equation S2). 

8Fe(OH)3 + 9S2-  8FeS + SO4
2- + 16OH- + 4H2O  Equation S2 
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Sulfide stock solutions (Na2S.9H2O (Sigma Aldrich) in deoxygenated deionized water) were neutralised 

with 2 mol L-1 of H2SO4 (BDH) until a pH of 7.3 was reached (yielding a lemon-coloured solution). In 

a bucket purged with N2, neutralised (1.5 L, 200 mmol L-1) sulfide solution was mixed into 10 kg wet 

weight sediment and the bucket sealed for 10 days, yielding a total AVS of 16 ± 0.1 mmol kg-1 dry 

weight.  This was repeated using a second neutralised sulfide solution (150 mmol L-1, yielding an AVS 

of 16 mmol kg-1 dry weight after 6 days); and then a third time using 1.0 L of 200 mmol L-1 sulfide 

solution and after 5 days, yielding an AVS of 33 ± 0.7 mmol kg-1 dry weight. The overlying water was 

removed (3.0 L) and the sediment was then washed with 1.0 L of deoxygenated seawater. To ensure 

consistency with sediment treatments, the reference sediment and non-sulfidized metal-contaminated 

sediments were washed with 2.5 L of deionised water then covered with 1.0 L of deoxygenated seawater 

a week prior to use. 
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Figure S1. Timeline for the toxicity testing phase 
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Table S1. Final physicochemical properties of surficial sediments for the AVSLow treatment 

Treatment Day 

Simultaneously extractable metals (SEM) (1M HCl –extractable; mg kg-1 or % for Fe, dry 

weight) 
SEM AVS 

SEM-

AVS 

SEM-

AVS/ fOC 

Fe Mn As Cu Ni Pb V Zn (µmol g-1) 

No AVSLow 10 0.5 76 ± 24 10 ± 2.9 165 ± 45 2.5 ± 1.0 310 ± 103 19 ± 6.4 438 ± 131 18 ± 3.1 0.6 ± 0.3 17 ± 2.7  3.1 ± 0.5 

Static AVSLow 

0 0.5 51 ± 32 6.8 ± 4.6 108 ± 65 1.2 ± 0.9 199 ± 153 13 ± 10 286 ± 208 7.1 ± 4.9 0.7 ± 0.7 6.4 ± 4.2  1.2 ± 0.8 

6 0.3 39 ± 11 4.9 ± 1.4 88 ± 25 1.5 ± 0.5 138 ± 43 9.0 ± 3.0 219 ± 61 5.4 ± 1.5 0.3 ± 0.1 5.1 ± 1.4  0.9 ± 0.3 

10 5.5 76 ± 24 10 ± 2.9 165 ± 45 2.5 ± 1.0 310 ± 103 19 ± 6.0 483 ± 131 18 ± 2.3 0.8 ± 0.2 17 ± 2.1  3.1 ± 0.4 

Bioturbated 

AVSLow 

0 0.4 47 ± 4.0 7.1 ± 1.7 105 ± 6.0 1.4 ± 0.3 190 ± 7.1 13 ± 0.7 286 ± 14 7.0 ± 0.3 0.3 ± 0.3 6.6 ± 0.5  1.2 ± 0.1 

6 0.4 69 ± 26 11 ± 3.6 172 ± 64  3.2 ± 1.5 275 ± 100 19 ± 7.4 433 ± 159 11 ± 3.9 0.7 ± 0.3 10 ± 3.7  1.9 ± 0.7 

10 1 154 ± 15 15 ± 1.3 343 ± 28 5.3 ± 0.9 664 ± 63 37 ± 4.9  865 ± 88 22 ± 2.1 0.5 ± 0.1 21 ± 2.0  3.9 ± 0.4 

For all results, n= 3 (mean ± SD). ∑SEM = 1 M HCl extractable metals.  AVS = acid-volatile sulfide. fOC = fraction of organic carbon, where the ∑SEM-AVS fraction is normalised 

by the fraction of organic carbon. 
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Table S2. Final physicochemical properties of deeper sediments for the AVSLow treatment 

Treatment Day 

Simultaneously extractable metals (SEM) (1M HCl –extractable; mg kg-1 or % for Fe, dry 

weight) 
SEM AVS SEM-AVS 

SEM-

AVS/ fOC 

Fe Mn As Cu Ni Pb V Zn (µmol g-1) 

No AVSLow 10 0.5 59 ± 20 6.4 ± 2.1 83 ± 26 1.8 ± 0.4 228 ± 75 15 ± 5.0 337 ± 110 7.8 ± 3.0 0.2 ± 0.1 7.6 ± 2.9 1.4 ± 0.5 

Static 

AVSLow 

0 0.5 27 ± 2.0 3.0 ± 0.8 48 ± 10 0.8 ± 0.2 108 ± 9.0 7.0 ± 0.2 163 ± 13 3.8 ± 0.4 0.4 ± 0.0 3.4 ± 0.4 0.6 ± 0.1 

6 0.4 93 ± 87 5.1 ± 0.4 89 ± 18 1.6 ± 0.5 162 ± 37 11 ± 3.0 253 ± 64 6.1 ± 1.4 0.3 ± 0.1 5.8 ± 1.4 1.1 ± 0.3 

10 8.5 124 ± 15 14 ± 0.8 327 ± 36 4.2 ± 0.6 507 ± 57 28 ± 4.0 674 ± 86 18 ± 5.0 0.9 ± 0.8 17 ± 5.8 3.1 ± 1.1 

Bioturbated 

AVSLow 

0 0.3 43 ± 15 5.8 ± 1.4 93 ± 34 1.4 ± 0.6 189 ± 68 12 ± 4.5 277 ± 107 6.6 ± 2.5 0.5 ± 0.2 6.1 ± 2.3  1.1 ± 0.4 

6 0.3 69 ± 11 9.2 ± 3.7 164 ± 44 3.3 ± 1.1 282 ± 42 22 ± 1.2 487 ± 35 11 ± 1.4 0.9 ± 0.6 11 ± 2.1  2.0 ± 0.4 

10 8.4 126 ± 9.0 11 ± 0.3 263 ± 35 4.4 ± 0.3 562 ± 45 30 ± 2.0 722 ± 55 18 ± 1.6 0.4 ± 0.1 18 ± 1.6  3.3 ± 0.3 

For all results, n= 3 (mean ± SD). ∑SEM = 1 M HCl extractable metals.  AVS = acid-volatile sulfide. fOC = fraction of organic carbon, where the ∑SEM-AVS fraction is 

normalised by the fraction of organic carbon. 
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Table S3. Final physicochemical properties of surficial sediments for the AVSHigh treatment 

Treatment Day 

Simultaneously extractable metals (SEM) (1M HCl –extractable; mg kg-1 or % for Fe, dry 

weight) 
∑SEM AVS 

∑SEM-

AVS 

∑(SEM-

AVS)/fOC 

Fe Mn As Cu Ni Pb V Zn (µmol g-1) 

No AVSHight 10 0.4 39 ± 1.8 3.3 ± 0.3 49 ± 3.0 0.8 ± 0.2 105 ± 9.9 11 ± 1.2 185 ± 13 4.1 ± 0.3 2.3 ± 0.4 2.6 ± 0.7  1.4 ± 0.4 

static AVSHigh 

0 0.4 27 ± 5.7 2.7 ± 0.7 35 ± 7.1 0.7 ± 0.1 91 ± 17 9.6 ± 1.5 168 ± 25 3.6 ± 0.6 4.7 ± 3.0 -1.1 ± 3.5 
 -0.6 ± 

1.8 

6 0.8 66 ± 4.3 6.5 ± 1.3 97 ± 15 2.2 ± 0.5 198 ± 36 20 ± 4.1 378 ± 71 8.3 ± 1.5 6.5 ± 5.3 1.8 ± 4.1  0.9 ± 2.2 

10 0.5 38 ± 16 3.9 ± 0.9 58 ± 22 1.3 ± 0.8 127 ± 57 11 ± 4.9 226 ± 104 5.0 ± 2.2 1.0 ± 0.5 3.9 ± 1.7  2.1 ± 0.9 

Bioturbated 

AVSHigh 

0 0.6 37 ± 0.9 6.5 ± 1.3 70 ± 19 1.7 ± 0.9 154 ± 30 16 ± 3.3 275 ± 57 6.1 ± 1.3 6.0 ± 2.1 0.1 ± 1.0  0.1 ± 0.5 

6 0.3 22 ± 4.6 2.8 ± 0.8 47 ± 12 1.0 ± 0.3 96 ± 21 9.7 ± 2.2 117 ± 8.2 3.9 ± 0.9 2.8 ± 1.1 1.2 ± 0.3 0.6 ± 0.2  

10 0.6 37 ± 5.7 3.0 ± 0.1 63 ± 9.2 1.7 ± 0.3 166 ± 24 16 ± 3.0 295 ± 37 6.3 ± 0.8 2.8 ± 1.2 3.5 ± 0.7  1.8 ± 0.4 

For all results, n= 3 (mean ± SD). ∑SEM = 1 M HCl extractable metals.  AVS = acid-volatile sulfide. fOC = fraction of organic carbon, where the ∑SEM-AVS fraction is 

normalised by the fraction of organic carbon. 
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Table S4. Final physicochemical properties of deeper sediments for AVSHight through the test 

Treatment Day 
Simultaneously extractable metals (SEM) (1M HCl –extractable; mg kg-1 or % for Fe, dry weight) SEM AVS 

SEM-

AVS 

(SEM-

AVS)/ 

fOC 

Fe Mn As Cu Ni Pb V Zn (µmol g-1) 

No AVSHight 10 0.4 30 ± 1.5 1.1 ± 1.0 26 ± 6.7 0.8 ± 0.2 111 ± 7.5 13 ± 0.4 211 ± 14 4.2 ± 0.3 25 ± 6.4 -20 ± 6.2  -11 ± 3.3 

AVSHight 

0 0.5 31 ± 7.8 1.6 ± 0.5 31 ± 7.7 1.3 2) 0.2 108 ± 18 12 ± 2.8 225 ± 50 4.5 ± 0.9 7.4 ± 4.4 -2.9 ± 3.9  -1.5 ± 2.0 

6 0.6 44 ± 11 2.9 ± 1.4 42 ± 15 1.7 ± 0.3 156 ± 46 17 ± 4.6 316 ± 98 6.3 ± 2.0 14 ± 4.2 -7.2 ± 2.3  -3.8 ± 1.2 

10 0.6 39 ± 1.1 1.8 ± 0.3 34 ± 7.6 1.7 ± 0.1 149 ± 6.2 16 ± 0.2 302 ± 10 5.9 ± 0.2 19 ± 2.0 -12 ± 2.3  -6.3 ± 1.2 

Bioturbated 

AVSHigh 

0 0.5 28 ± 2.8 2.9 ± 1.4 38 ± 3.9 0.9 ± 0.2 112 ± 7.8 12 ± 0.6 211 ± 20 4.4 ± 0.3 7.0 ± 1.9 -2.6 ± 1.7  -1.4 ± 0.9 

6 0.3 19 ± 1.6 2.4 ± 0.6 40 ± 11 0.7 ± 0.1 81 ± 14 7.4 ± 2.2 137 ± 19 3.1 ± 0.4 2.3 ± 0.5 4.1 ± 1.3  2.2 ± 0.7 

10 0.5 30 ± 3.1 2.8 ± 1.3 43 ± 9.4 1.5 ± 0.04 126 ± 16 12 ± 1.1 233 ± 24 4.9 ± 0.6 3.3 ± 0.6 1.6 ± 0.3  0.8 ± 0.2 

For all results, n= 3 (mean ± SD). ∑SEM = 1 M HCl extractable metals.  AVS = acid-volatile sulfide. fOC = fraction of organic carbon, where the ∑SEM-AVS fraction is normalised by 

the fraction of organic carbon. 
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Table S5. Water chemistry and dissolved metal concentrations during the bioturbation (Bio) and Toxicity (Tox) test phases. 

 Sediment 

Dissolved metal concentrations (0.45 µm-filtered, µg L-1) Mean physicochemical Parameters 

Fe Mn As Cd Cr Cu Pb Zn DO (%) T (oC) pH 
NH3 

(ppm) 
Salinity● 

Reference 

staticTox 5.8 ± 2.1 2.1 ± 3.4 0.8 ± 0.2 0.1 ± 0.02 0.3 ± 0.1 2.3 ± 0.4* 0.1 ± 0.03 7.8 ± 5.3 97 ± 2.9 20 ± 0.5 7.8 ± 0.3 0.3 ± 0.6 32 ± 0.9 

bioturb.Bio 3.8 ± 1.4 2.9 ± 2.4 0.7 ± 0.0 0.1 ± 0.1 <0.2 1.1 ± 0.1 0.1 ± 0.1 8.5 ± 3.1 98 ± 1.3 20 ± 0.3 7.9 ± 0.1 1.2 ± 0.7 32 ± 0.6 

bioturb.Tox 42 ± 105 79 ± 76 2.1 ± 0.5 <0.1 <0.2 1.8 ± 1.9* 0.2 ± 0.2 4.8 ± 4.8 99 ± 0.6 21 ± 0.6 7.9 ± 0.1 0.0 ± 0.1 32 ± 0.6 

AVSLow 

staticNO  2.5 ± 0.5 0.1 ± 0.2 2.3 ± 0.5 0.2 ± 0.1 0.4 ± 0.1 4.7 ± 1.1* 1.1 ± 0.3 15 ± 1.4 97 ± 1.2 20 ± 0.3 7.9 ± 0.1 0.1 ± 0.2 32 ± 0.8 

staticTox 2.1 ± 0.9 0.1 ± 0.1 2.2 ± 0.4 0.2 ± 0.1 0.3 ± 0.1 6.9 ± 2.3* 1.5 ± 0.5 19 ± 1.8 97 ± 2.4 20 ± 0.6 8.0 ± 0.2 0.0 ± 0.0 32 ± 0.6 

bioturb.Bio 2.8 ± 1.9 17 ± 15 2.8 ± 0.5 0.2 ± 0.1 <0.2 5.3 ± 2.2* 3.2 ± 0.6 18 ± 4.9 97 ± 1.7 20 ± 0.5 7.9 ± 0.2 0.7 ± 0.6 32 ± 0.6 

bioturb.Tox 3.3 ± 0.5 85 ± 28 5.1 ± 1.0 0.2 ± 0.1 <0.2 5.7 ± 1.6* 3.7 ± 1.5 12 ± 2.0 99 ± 0.7 21 ± 0.3 8.0 ± 0.1 0.6 ± 0.3 31 ± 0.4 

AVSHigh 

staticNO  2.9 ± 0.9 0.2 ± 0.2 1.2 ± 0.5 <0.1 <0.2 1.5 ± 0.3* 0.1 ± 0.1 1.5 ± 0.5 96 ± 3.5 20 ± 0.4 8.2 ± 0.1 0.0 ± 0.1 32 ± 0.5 

staticTox 1.9 ± 0.4 6.2 ± 19 1.9 ± 0.4 <0.1 <0.2 3.2 ± 1.2* 0.2 ± 0.1 1.8 ± 0.8 94 ± 4.9 21 ± 0.4 8.2 ± 0.1 0.2 ± 0.3 32 ± 0.4 

bioturb.Bio 7.6 ± 5.6 123 ± 112 5.8 ± 3.3 <0.1 <0.2 1.0 ± 0.9 0.3 ± 0.1 3.5 ± 2.9 94 ± 5.0 20 ± 0.4 8.2 ± 0.1 1.3 ± 0.7 32 ± 0.4 

bioturb.Tox 12 ± 14 207 ± 76 3.4 ± 1.4 <0.1 <0.2 0.4 ± 0.3 0.4 ± 0.1 1.7 ± 0.7 97 ± 1.0 21 ± 0.4 8.0 ± 0.1 1.0 ± 0.6 32 ± 0.7 

WQGV (µg L-1) 750 NV 5.5 
4.4 

(Cr(VI)) 
1.3 4.4 100      

The Water Quality Guideline values (WQGV) are reported at 95% species protection level. WQGVs for Cd, Cu, Pb, V and Zn were from ANZECC/ARMCANZ (2000). • WQGV for Mn is the 

recommended value currently under review Golding et al. (2016). * exceeded the WQGV.  Superscript ‘NO’ = no organisms (mean ± SD, n= 6) Superscript ‘Bio’ = bioturbation phase 

(mean± SD, n= 4), Superscript ‘Tox’ = toxicity testing phase (mean ± SD, n= 12). GV. ●salinity measured on the practical salinity scale (psu). 
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Table S6. Survival and sub-lethal toxicity data from the 10-day M. plumulosa bioassay 

Sediment 

& 

treatment 

Survival (% of control) 
Reproduction (% of control) 

Renewal  Termination  

Males Females Total Males Females Total Average Per female Per surviving female 

Reference  

static 89 ± 5.6 89 ± 5.6 89 ± 2.8 89 ± 5.6 83 ±  9.6 86 ± 5.6 100 ± 8.6 100 ± 8.6 100 ± 19 

bioturb. 94 ± 5.6 94 ± 5.6 94 ± 2.8 89 ± 5.6 94 ± 5.6 92 ± 0.01 94 ± 22 94 ± 22 78 ± 15 

AVSLow 

static 106 ± 11 94 ± 11 100 ± 3.1 100 ± 13 93 ± 13 97 ± 0.01 4.1 ± 3.1 4.1 ± 3.1 4.6 ± 3.8 

bioturb. 106 ± 6.2 88 ± 6.2 94 ± 5.4 94 ± 11 87 ± 6.7 90 ± 6.5 46 ± 7.5 46 ± 7.5 52 ± 11 

AVSHigh 

static 100 ± 6.2 106 ± 6.2 109 ± 3.1 94 ± 11 93 ± 26.7 94 ± 18 57 ± 14 57 ± 14 69 ± 21 

bioturb. 75 ± 0.01 69 ± 6.2 72 ± 3.1 81 ± 6.3 73 ± 6.7 77 ± 5.6 23 ± 4.4 23 ± 4.4 31 ± 8.2 

All data are expressed as mean ± standard error, where n=3. 
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Table S7. Organism bioaccumulation data following 10 d (M. plumulosa) and 27 d (V. australiensis and T. deltoidalis) exposures  

 Sediment Organism 
Metal accumulation (µg/g dwt.) 

Toxicity Data 

Number of 

organisms digested 

Average 

Survival 

As Cr Cu Ni Pb Zn N#  (% control) 

Reference 

static Melita 10 ± 5.1 1.8 ± 1.4 72 ± 16 4.0 ± 0.3 6.1 ± 3.5  85 ± 26 6,5,5 89 ± 5.6 

bioturb. 

Melita 13 ± 3.0 2.5 ± 0.5 113 ± 32 5.1 ± 0.8 11 ± 1.7 163 ± 24 6,5,5 89 ± 5.6 

Victoriopisa 13 ± 5.1 0.7 ± 0.4 213 ± 99 1.4 ± 0.6 5.6 ± 2.7 137 ± 48 4,4,2 83 ± 17 

Tellina 15 ± 1.8 2.6 ± 0.8 173 ± 51 3.9 ± 0.8 37 ± 6.0 383 ± 35 6,6,6 100 ± 0.0 

AVSLow 

static Melita 9.1 ± 3.1 3.2 ± 0.6  159 ± 7.4 16 ± 2.6 8.2 ± 1.5 145 ± 42 6.4.6 100 ± 13 

bioturb. 

Melita 9.1 ± 2.0 4.2 ± 1.2 100 ± 15 34 ± 10 5.2 ± 3.9 155 ± 60 5.6.4 94 ± 11 

Victoriopisa 8.8 ± 1.9 1.4 ± 0.3 172 ± 7.5 1.0 ± 0.2 29 ± 8.8 107 ± 10 4,4,2 100 ± 20 

Tellina 21 ± 3.3 7.8 ± 2.4 335 ± 126 5.8 ± 1.3 123 ± 30 614 ± 161 6,6,6 100 ± 0.0 

AVSHigh 

static Melita 7.8 ± 3.2 1.8 ± 0.2 112 ± 18 8.1 ± 1.3 3.2 ± 0.6 113 ± 3.7 5.6.4 94 ± 11 

bioturb. 

Melita 9.9 ± 3.6 4.6 ± 2.4 94 ± 21 25 ± 8.1 6.7 ± 2.8 264 ± 30 5.4.4 81 ± 6.3 

Victoriopisa 12 ± 3.8 0.9 ± 0.3 148 ± 24 1.0 ± 0.4 7.4 ± 2.9 117 ± 38 4,4,4 120 ± 0.0 

Tellina 19 ± 4.0 5.7 ± 2.6 290 ± 51 5.3 ± 1.3 87 ± 31 585 ± 68 6,6,6 100 ± 10 

Melita = amphipod Melita plumulosa (males only), Victoriopisa= amphipod Victoriopisa australiensis, = bivalve Tellina deltoidalis. Bioaccumulated concentrations are based on 

dry weight of tissue. N= 3, mean ± SE. 
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Figure S2.  Metal accumulation data for M. plumulosa (top row) and bioturbators (bottom row) V.australiensis and T. deltoidalis. Reference = toxicity-control sediment, 

AVSLow= metal- contaminated sediment, AVSHigh= sulfidic metal-contaminated sediment.  All data are mean ± SE (n=3). Different symbols indicate statistical differences 

between treatments (p<0.05).  
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Figure S3.   Relationship between sediment ∑SEM (blue triangles) and ∑SEM-AVS (open black circles) 

concentrations: A at the end of the bioturbation phase (Day 0 of toxicity testing phase, (n=3, mean ± SD)) 

and B: during the toxicity testing phase (average of Days 0, 6 and 10, (n=9, mean ± SD)) with reproductive 

toxicity to M. plumulosa (n=3 mean ± SE).  

 

Figure S4.   Relationship between water column dissolved metals (Cd, Cu, Ni, Pb and Zn) expressed as a 

toxic units (TUs) throughout the toxicity test phase and reproductive toxicity in M. plumulosa (n=3 mean 

± SE). TU =  [dM]/WQGV), where dM = Cd, Cu, Ni, Pb, and Zn. Reference = toxicity-control sediment, 

AVSLow= metal-contaminated sediment, AVSHigh= sulfidic metal-contaminated sediment.  

 

Explanation for Figure S4: 

A toxic unit (TU) approach based on water chemistry was used to assist in delineating 

relationships between dissolved metal (Cr, Cu, Ni, Pb, Zn) exposures and observed toxicity 

(Figure S4 of the SI). As expected for the AVSLow sediment, lower toxicity in the bioturbated 

AVSLow treatment corresponded with slightly lower TU (TU= 5.4) than in the undisturbed static 

AVSLow (TU= 5.9) sediment. Conversely, the static AVSHigh treatment was less toxic with higher 

TU (TU= 2.5), whereas the bioturbated AVSHigh treatment was significantly more toxic with lower 

TU (TU= 0.4) than the static AVSLow treatment. These predictions do not match the observed 

toxicity, and therefore correspond with the observations from the dissolved metal chemistry and 

suggests that perhaps bulk water samples were not adequate for predicting exposure and/or toxic 

effects.  

A B 
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Appendix 5. Supporting Information for Chapter 5. 
 

Remaili, T.M., Simpson, S.L., Bennett, W.W., King, J. J., Mosley, L.M., Welsh, D.T., Jolley, 

D.F. (2018) Assisted natural recovery of hypersaline sediments: salinity thresholds for the 

establishment of a community of bioturbating organisms. Environmental Science: Processes and 

Impacts, 20, 1244 – 1253. 

For references cited this section please refer to the manuscript.   
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Methods A: general chemical methods 

Sediment characterisation 

Quantitative x-ray powder diffractometry (XRD, Philips PW 1771/00 diffractometer) was used 

to characterise the initial 400‰ sediments using Cu K radiation, x-ray-tube at 1 kW and a 

Spellman DF3 generator (40 kV and 30 mA). Sediment was dried and crushed before being 

analysed with a diffraction angle of two theta ranging from 4 to 70o at a step size of 0.02o. 

Estimated quantities of crystalline material were quantified directly from the x-ray powder 

diffraction traces using the PANalytical X’Pert Highscore Plus Version 2 software.  

 

Elemental analysis of the sediments (metals and major ions) was made on dried and crushed 

samples following a low-pressure microwave assisted (MARS 5, CEM) aqua-regia digestion of 

the samples (Belzunce-Segarra et al., 2015).  As the sediments were not significantly 

contaminated (i.e. metal concentrations were well below the sediment quality guideline values 

(Simpson and Batley, 2016)), these particulate analyses targeted the major ‘saltwater ions’ Na+, 

K+, Mg2+, Ca2+, and SO4
2-. For QC, 10% of the samples were blanks and all were measured in 

duplicate, with the mean result reported, with certified reference materials (CRMs) for metals 

(ERM®-CC018, European Reference Material), with recoveries falling between 90 – 105 %.  For 

the target seawater ions, sediment digests were validated against in-house calcium recovery values 

of the sediment CRM, with 100 – 105% recoveries. To validate the performance of the 

instrumental analyses, spike recoveries were performed on selected digest diluents, with 

recoveries within 90 – 100% for all ions of interest.  Blanks were less than practical quantitation 

limits (PQLs) and duplicates were typically within 20% for target elements. Acid-volatile sulfide 

(AVS) in sediments was determined colorimetrically as per Simpson (2001). Total organic carbon 

(TOC) analysis was conducted using a high temperature CO2 evolution method, in which dried 

and crushed samples were acid-treated to remove inorganic carbonates followed by combustion 

(LECO furnace) in the presence of strong oxidants/catalysts and infrared detection of CO2.  

 

Pore water-brines and metal analyses 

Brine densities and total dissolved solid (TDS) concentrations were determined gravimetrically 

using pre-weighed 5 mL polycarbonate vials, which were then heated to 90oC for 48 h (low 

temperature used to minimise the loss of organic carbon fractions). Estimations of porewater 

turbidity were undertaken at 750 nm using a UV-VIS spectrophotometer (LKB Biochrom 

Ultraspec 2E, glass cuvette, 1 cm path length). 

Water samples taken for analyses of seawater elements (Na, K, Mg, Ca, chloride and sulfate) and 

metals were filtered (0.45 µm cellulose nitrate, 25 mm Minisart Sartorius) and acidified to 2% 

HNO3 (v/v, Tracepur, Merck) before storage (<4oC).  Analyses were made by ICP-AES (Varian 

730-ES), where porewater brine solutions were diluted as necessary (up to 100-fold) to be within 
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the concentration range of the standards (1 – 10,000 mg L-1; QCS-27, High-Purity Standards in 

deionised water). To validate the performance of the instrumental analyses, spike recoveries were 

performed on selected diluents, with recoveries within 90 – 110% for all ions of interest.  For 

QA/QC, 10% of the samples were blanks and all were measured in duplicate, with the mean result 

reported. Blanks were less than practical quantitation limits (PQLs) and duplicates were typically 

within 20% for metals.   

 

The quantification of bromide (Br-), chloride (Cl-) and sulfate (SO4
2-) was done by ion 

chromatography with direct conductivity detection (IC-CD) (Metrohm 838 IC-CD). QC for the 

IC method was undertaken by using spike recovery where recoveries were between 90 – 110%. 

 

Physicochemistry 

Salinity measurements were made using a Mettler Toledo Seven2Go S3 conductivity meter fitted 

with an InLAB® 73X series conductivity probe. If salinities exceeded the probe’s calibration 

range, solutions were diluted 5- to 10-fold with RO water and the salinities remeasured, and then 

multiplied by the dilution factor. Dissolved oxygen (DO) and pH were measured using WTW 

(Wissenschaftlich-Technische Werstätten) instruments (Multi 3410 with FDO® 925 probe and 

pH320 with SenTix 41 pH electrode) calibrated as per manufacturer’s instructions. Dissolved 

ammonia was measured using a rapid test kit (API Fish Care, LR8600). 

 

Test organism handling  

The epibenthic amphipod Melita plumulosa (Zeidler, 1989) and harpacticoid copepod 

Nitocra spinipes (Boeck, 1865) are endemic to the estuaries of south-eastern Australia, 

and were obtained from previously established laboratory cultures, maintained as 

described by Spadaro and Simpson26,27. The burrowing amphipod Victoriopisa 

australiensis (Chilton, 1923; 2-3 cm body length) gastropod Pyrazus ebeninus (mud 

whelk; Bruguière, 1792; 3-4 cm shell length) and polychaete Neanthes succinea (Frey & 

Leuckart, 1847; 3-4 cm body length) were collected via sieve (2 - 4 mm mesh). Individual 

burrowing mangrove crabs Parasesarma erythrodactyla (Hess, 1865; 4-5 cm leg span) 

were collected by hand and plastic spatula.  The bivalve was sourced Plebidonax deltoides 

(Lemarck, 1818; 5-6 cm shell length) was sourced from the Younghusband Peninsula, 

South Australia via sieve. All benthic organisms were stored within maintained and 

aerated cultures of their native sediments in a temperature-controlled laboratory (21 ± 1.0 

oC) for two weeks prior to their use in tests. Organisms (except the crab) were fed a mixture 

of sera Micron Powdered Food (containing approximately 50% Spirulina and 16% Krill) 

and a mixture of in-house cultured algal species (temperate Ceratoneis closterium, 

Temperate Tetraselmis sp. and Tropical Tisochrysis lutea). Crabs were fed a mixture of 
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John West Tuna (Katsuwonus pelamis) chunks and Aqua One 10mm Vege wafers. Crab 

cultures also contained a matrix of bark and mangrove vegetation collected from their 

collection site for shelter and food and underwent 6-h tide cycles three times per week. 

Cysts of the shrimp Artemia salina (Linnaeus, 1758) were sourced from the Great Salt 

Lake, Utah USA by Aquasonic Pty Ltd.  Nauplii of A. salina were prepared by cyst 

reactivation in fresh seawater (31 ± 1.3 psu, 23 ± 1 oC) under fluorescent light with gentle 

aeration and used after 48-h of acclimatisation. Nauplii were fed with fed with sera Micron 

Powdered Food (containing approximately 50% Spirulina and 16% Krill) every 24-h.  

 

Methods B: test media preparation 

Sediments 

For whole-sediment bioassays, treatments with porewater salinities ranging from 50 to 400‰ 

were prepared by washing the Dry Creek sediment with RO water. For each wash, 

approximately 1 kg of sediment was suspended in the RO water by vigorous shaking by hand 

for several minutes, followed by rolling for 3 h. Sediments were left to settle at 4oC for > 24 h 

and the overlying waters decanted off before the remaining slurry was centrifuged (9700 g). The 

salinities of the extracted porewater-brines were measured before storage in polyethylene bottles 

and then the sediments were reconstituted back into their respective containers, mixed well and 

then stored at 4oC.   

 

Pore water-brines 

As filtering most of the porewater-brines was near-impossible due to their high viscosities, they 

were extracted by centrifuging (6000 - 9000 g, 2 × 30 min bursts) the original and RO-washed 

Dry Creek sediments, and the dark, viscous brines collected via decantation. The brine extracted 

from the initial, un-manipulated sediment had a salinity of approximately 400‰. To prepare for 

the porewater brine bioassays (50, 100 and 200‰), the brines were centrifuged for 1 h (9000 g) 

to remove most of the suspended material, and then diluted with RO water to produce waters 

covering the desired salinity range (40, 60, 65, 70, 80 and 300‰). Diluted brines were mixed 

for 1 h (magnetic stirrer) prior to bioassay commencement to ensure homogeneity.  To compare 

the effect of salt composition to toxicity, an additional artificial brine solution of salinity of 

50‰ was prepared by dissolving artificial sea salts (Instant Ocean ® Sea Salt) in seawater until 

the salinity was reached. 
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Methods C: bioassays 

The bioassay endpoints differed between species, and included behaviour, e.g. Avoidance and 

movement behaviour (mollusc: gastropods and bivalve), endurance (time to death, using most test 

organisms), and reproduction/development (crustacean: amphipod, and shrimp.  Brief summaries 

of the test are provided below. At the start of tests, porewaters were extracted from sediments and 

salinity measurements were made on these porewaters and repeated for the porewater brines that 

had been stored.  In all tests, physicochemical measurements were made periodically (dissolved 

oxygen (DO), temperature, salinity, pH, ammonia and seawater ions). 

 

Avoidance tests – measuring the threshold for recolonisation 

  Pore water-brine bioassays 

Brine avoidance tests were undertaken using the gastropod P. ebeninus (mud whelk) and bivalve 

P. deltoides by observing the time taken for either reorientation in brine or burial in brine-

saturated sand. For the gastropod bioassay, two individuals were placed corneous-operculum up 

into 250 mL beakers containing 150 mL of test solution (salinities of 30 – 400‰), and the time 

taken for them to flip over was measured.   Following 96-h exposure, the gastropods were 

transferred to seawater (31 ± 1.3‰) and the test repeated to compare post-exposure recovery.  The 

bivalve burial bioassay was conducted using a single bivalve, placed in a 250-mL beaker 

containing 200 g of clean sand saturated with the test solution (seawater or brine of varied 

salinity), and the time taken to bury was measured.  Three replicates were conducted for each test 

for both species. 

 

Sediment bioassays 

Sediment avoidance tests were undertaken with the amphipod, M. plumulosa, and the gastropod, 

P. ebeninus, following the approach described by Ward et al. (2013), with the following changes. 

The chamber design for the avoidance tests are shown in Figure S5 in Appendix 4. For both 

organisms, sediments with three salinities were tested, 30 ± 2.0 (control), 50 and 100‰. Each 

treatment was prepared in triplicate, with two sediments tested separated by a polycarbonate 

barrier (within the chamber).  The control sediment was placed on the left-hand side, and a more 

saline sediment placed on the right-hand side. In the control treatment, the control sediment was 

placed on each side of the barrier. The overlying water was initially 31 ± 1‰ and increased in the 

tests that contained a portion of hypersaline sediment, because the overlying water salinity was 

the same on both sides of the exposure chamber. For the amphipod test, 30 adult organisms (8-12 

mm body length) were placed on the right-hand side (treatment) of a barrier and no organisms on 

the left (control), the organisms were left to adjust for 5 min, the barrier was removed for 120 min 

(avoidance test termination), and the numbers of amphipods on each side of the barrier were 
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counted. For the gastropod tests, four organisms (2-3 cm shell length) were placed on the midline 

between the two sediments (no initial barrier) and after 120 h a barrier was added. The number of 

gastropods on each side of the barrier were then counted, and the number buried on each side also 

quantified. For the gastropod, the test was then repeated to reduce the variability resulting from 

these being slow-moving organisms. 

Endurance tests with amphipod, copepod, polychaete worm, and crabs in porewater-brines 

Organism endurance, assessed by considering the length of time an organism can survive 

unfavourable conditions, was undertaken in porewater brine solutions with salinities ranging from 

40 - 400‰. Five organisms were assessed: copepod (N. spinipes), amphipod (M. plumulosa), 

amphipod (V. australiensis), polychaete (N. succinea); and crab (P. erythodactyla). These were 

added to test chambers (3 to 4 replicates). The time taken to death was recorded to evaluate a 

threshold limit. The test conditions are shown in Tables S4 and S8 of the Supplementary 

Information. If no effect was observed (after 68 h for copepod and amphipod, and after 120 h for 

crab and polychaete tests), treatments were terminated.  

Amphipod reproduction and survival tests 

The survival and reproduction of the amphipod M. plumulosa was assessed in 10-d renewed 

whole-sediment bioassays as per Spadaro and Simpson (2016a) using sediments with porewater 

salinities of 30 ± 2 (control), 50, 60, 70, 80, 100, 200, 300 and 400‰. In brief, 40 g of test sediment 

was added to 250 mL beakers covered with 150 mL of fresh seawater and left to equilibrate for 

1-day, the waters were exchanged, and organisms added, and the number of juveniles and 

embryos counted after 10 days. Sediments were renewed on day 5, and waters were exchanged 

on days 3, 5 and 7 with periodical physicochemical measurements taken.  

Shrimp toxicity tests 

The survival of shrimp nauplii and development of brine shrimp eggs were assessed in separate 

tests.  A 24-h survival bioassay was undertaken using 3-d old nauplii of A. salina.  From a batch 

of nauplii, 10 organisms were transferred via pipette into microwell plates (Sigma® cell culture 

plates polystyrene, well area = 9.5 cm2, 6 wells per plate) containing 5 mL of test solution. Four 

replicates were tested for each salinity treatment (30, 40, 50, 100, 200, 400‰). The plates were 

covered with Parafilm and incubated at 23 ± 1oC (Labec Refrigerated Cycling Incubator, 12:12-

h light:dark cycle, light intensity = 3.5 µmol photons/s/m2) for 24 h. After 24-h, survival of the 

nauplii was determined by first chilling organisms in the microwell plates at 4oC for at least 1 h 

to suppress the nauplii movement, and then counting the surviving nauplii under light microscopy 

(Leica dissecting microscope). 

A 48-h gastrulation (cyst development) bioassay was undertaken using desiccated shrimp eggs.  

Twenty eggs were transferred via spatula to Sigma® cell culture plates (polystyrene, well area = 

9.5 cm2, 6 wells per plate) containing 5 mL of test solution. The plates were gently swirled to 
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ensure eggs were submerged into their respective solutions before they were capped and incubated 

for 48 h at 23 ± 1oC (Labec Refrigerated Cycling Incubator, 12:12-h light:dark cycle, light 

intensity = 3.5 µmol photons/s/m2) with agitation at 24 h. At the completion of test, the plates 

were chilled at 4oC for at least 1 h to suppress the nauplii movement, and then the nauplii and 

remaining dormant eggs were counted by light microscopy (Leica dissecting microscope). Four 

replicates were tested for each salinity treatment. For quality control (QC) purposes for both 

amphipod and shrimp bioassays, tests were only deemed valid if survival and 

reproduction/development in all control replicates for each test was >80%. For the shrimp 

bioassay, >80% development of dormant cysts to nauplii within the control seawater (30‰) 

occurred within between 24 – 36 h. 
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Figure S1. Satellite images depicting locality of dry creek in South Australia.  
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Figure S2. Satellite (left) and aerial (right) imagery of the Dry Creek solar salt fields 
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Figure S3. Photographs of the Dry Creek solar salt fields in proximity of where sediments were collected from.  
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Table S1. Selected test species relevance 

 

Previous species diversity surveys of a tidal saltmarsh in the region identified twelve macroinvertebrate taxa, which included polychaetes, gastropods, 

bivalves, amphipods and dipteran (flies). This range was similar to the range of species selected for our study, making ideal for field-comparison. In 

contrast the species richness within salt ponds at Dry Creek was low (see image and table below, unpublished data), which correlates to the tolerances 

observed within this work. 

 

Species richness from tidal saltmarsh and two evaporative salt ponds (A and B). 

Group Taxa 
Tidal 

saltmarsh 

Salty 

Creek 

Saltpond 

A 

Saltpond 

B 

Nematoda Nematoda ✓   

Mollusca Salinator fragilis ✓ ✓  

Mollusca 
Marinula 

xanthosoma  
✓ 

Crustacea Eusiridae ✓   

Crustacea Talitridae  ✓  

Crustacea Halonicus sp.    ✓

Crustacea Paratemia zietiana ✓   

Diptera Ephydra sp.    ✓ ✓

Diptera Culicoides sp. ✓   

Diptera 
Tanytarsus 

barbitarsus 
✓ ✓ ✓ ✓

Diptera Dolichopodidae    ✓

Polychaeta Capitella spp. ✓   

Polychaeta Simplesetia sp. ✓   

Polychaeta Nephtys sp. ✓   

* Source: Environment Protection Authority (South Australia) 

 

  

Twelve macroinvertebrate taxa were identified from the pilot, including nematodes, four species of 

Polychaetes (bristle worms), three species of gastropods (snails), one bivalve species (cockle) and 

three dipteran species (flies; Figure 2).  

 

Figure 1 Range of macroinvertebrates identified from reference tidal marsh during the pilot study conducted on 24 January 
2017. Figure S4. Taxa identified from the healthy 

tidal saltmarsh 
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Table S2. Summary table of the specifications used for each bioassay undertaken.  

Test Organism Species Size Endpoint Test Chamber Duration Test quantities 

Behavioural bioassays 

Sediment 

Amphipod M. plumulosa 
Adult, 1 – 2 

cm 
Avoidance 

Sistema® 3 L polyethylene container (150 × 100 × 

250 mm).  Plastic divider (100 mm high) was 

installed in the centre of the exposure chamber.  

120 h 

2 cm sediment covered by 5 cm fresh seawater 

Gastropod P. ebeninus 3 – 4 cm Avoidance 

Home Leisure® StoreMAX 4 L polypropylene 

container (185 × 116 × 325 mm). Plastic divider 

(116 mm high) was installed in the centre of the 

exposure chamber. 

4 cm sediment covered by 10 cm fresh seawater 

Pore 

water=brines 

Gastropod P. ebeninus 3 – 4 cm Time to flip  250 mL borosilicate beaker 

120 h 

150 mL of test solution per replicate 

Bivalve P. deltoides 5 – 6 cm Time to bury  400 mL borosilicate beaker 
150 mL of test solution and 8 cm of clean sand per 

replicate 

Endurance bioassays 

Pore 

water=brines 

Amphipod 
V. australiensis 2 – 3 cm 

Endurance  

(Time to death) 

250 mL borosilicate beaker 

   68 h 

150 mL of test solution per replicate 

M. plumulosa 1 – 2 cm 250 mL borosilicate beaker 150 mL of test solution per replicate 

Copepod N. spinipes ~1 mm FalconTM  polystyrene microplates (2 m2, 24-well) 2 mL of test solution per replicate 

Crab P. erythodactyla 4 – 5 cm 1 L borosilicate beaker 
  120 h 

200 mL of test solution per replicate 

Polychaete N. succinea 3 – 4 cm Techno Plas polystyrene petri dish (90 × 140 mm) 25 mL of test solution per replicate 

Sub-lethal bioassays 

Sediment Amphipod M. plumulosa 
Adult, 1 – 2 

cm 

Survival and 

reproduction 
250 mL borosilicate beaker   10 d 

Approximately 40 g of test sediment and 240 mL 

of fresh seawater. 

Pore 

water=brines 
Shrimp A. salina 

Cysts Developmental Sigma® cell  polystyrene cell culture plates (9.5 

cm2, 6 wells/plate) 
48 h 5 mL of test solution per replicate 

Nauplii Survival 
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Table S3. Summary of physicochemical parameters of test waters 

  

Bioassay pH 
N-NH3 Dissolved O2 Temperature 

(mg/L) (mg/L) (oC) 

Sediment-based tests 

Avoidance  

Amphipod (MP) 7.6 - 8.3 0.0 - 2.0 98 - 99 21.1 - 22.5 

Gastropod 7.8 - 8.1 0.5 - 1.5 98 - 99 21.1 - 22.5 

Sub-lethal tests 

Amphipod (MP) 7.6 - 8.3 1.0 - 4.0 98 - 99 21.2 - 22.0 

Pore water-brine based tests 

Behavioural        

Bivalve 7.0 - 8.2 1.5 - 4.0 97 - 99 21.1 - 21.5 

Gastropod 7.6 - 8.1 1.5 - 2.5 97 - 100 20.9 - 21.3 

Endurance     
Amphipod (MP) 7.2 - 7.9 0.5 - 1.5 98 - 100 21.1 - 21.5 

Amphipod (VA) 7.3 - 8.3 0.5 - 2.0 97 - 99 20.5 - 21.9 

Copepod 7.2 - 8.2 1.0 - 2.0 97 - 99 21.0 - 21.9 

Crab  7.5 - 8.3 0.5 - 4.0 95 - 99 21.1 - 21.5 

Polychaete 7.5 - 8.2 1.5 - 4.0 96- 99 21.5 - 21.8 

Sub-lethal tests 

Shrimp Survival 7.3 - 8.3 0.0 97 - 100 21.5 - 22.6 

Shrimp Development 7.5 - 8.3 0.0 - 0.5 97 - 99 21.2 - 21.9 

*Data presented as ranges between treatments throughout the test periods. 



- 171 - 
 
 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure S5 Avoidance test chamber designs and experiment process 

Amphipod avoidance test  

Whelks placed on central border 
between two sediments 

Whelk avoidance test  

Perspex barrier installed before 
amphipods were added but removed 

when the test commenced. 

Hypersaline  
sediment (30 ‰ ) 

Control Sediment 

Hypersaline sediment  

Control sediment  
(30‰) 

Test sediment 

Removable plastic barrier 

Control sediment 

Gastropod test chamber  

Amphipod test chamber  
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  Figure S6. XRD powder diffraction pattern (PDF) for the 400‰ and RO-washed 100‰ Dry Creek sediment 

  

 
 
  

Reference peaks obtained from Mindat.Org (2017).  
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Table S4.  Physicochemistry 

Sediment 

Salinity (‰) 
<63 µm TOC Moisture Content AVS 

 % µmol/g 

29 (Ref) 40 ± 3.0 1.64 0.5 ± 0.0 0.3 ± 0.0 

400 (Undiluted) 20 ± 1.5 0.68 0.4 ± 0.0 5.4 ± 0.4 

Porewater properties 

Treatment (‰) pH 

Salinity 

(‰) 

N-NH3  

(mg/L) 

Density  

(g/mL) 

TDS            

(g/mL) 

Turbid

ity        

(Abs) 

30 (Seawater) 8.0 30.2 0 1.1 ± 0.1 2.0 ± 0.1 0.006 

22 (Brine)) 7.3 29.0 0 1.9 ± 0.3 2.0 ± 0.3 0.23 

40 6.7 40.2 0 1.0 ± 0.0 2.0 ± 0.0 0.89 

50 6.7 50.0 1.0 1.0 ± 0.1 2.0 ± 0.1 0.78 

50(A) 8.1 50.2 0 1.0 ± 0.1 2.0 ± 0.1 0.13 

80 7.5 80 1.0 1.1 ± 0.1 2.1 ± 0.3 2.7 

100 8.3 100 2.0 1.6 ± 0.5 2.8 ± 0.8 2.0 

200 7.7 201 4.0 1.6 ± 0.1 2.4 ± 0.1 10 

300 7,3 310 4.0 2.1 ± 0.1 3.3 ± 0.2 10 

400 (Undiluted) 7.5 409 4.0 2.6 ± 0.1 3.5 ± 0.5 10 

< 63 µm fraction (n=2, mean ± SD), TOC = total organic carbon (n=1), moisture content (n=2, mean ± SD).  
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 TRM = microwave-assisted aqua-regia digested metal fraction, , n=2, mean ± SD.   

Table S6. Selected compositions of unwashed and washed Dry Creek sediment  

Sediments 

Treatment 
Pore water salinity Concentrations (g kg-1) 

(‰) Na K Mg Ca S 

Control 30±1.3 3.6 ± 0.1 0.7 ± 0.01 2.8 ± 0.1 27 ± 2.1 1.3 ± 0.2    
Wash 3 50 ± 2.5 8.7 ± 0.1 0.5 ± 0.4 1.9 ± 0.1 111 ± 2 60 ± 3.8 

Wash 2 100 ± 1.5 18 ± 4 1.1 ± 0.1 3.6 ± 0.4 127 ± 3 62 ± 16 

Wash 1 200 ± 1.2 29 ± 4 0.5 ± 0.01 2.1 ± 0.1 105 ± 3 50 ± 9.9 

Unwashed  400 ± 1.0 79 ± 5 1.2 ± 0.2 5.0 ± 0.8 91 ± 11 44 ± 7.6 

Pore water-brines 

Salinity (‰) 
Density        

(g mL-1) 

I          

(mol L-1) 

Dissolved concentrations (g L-1) 

Na K Mg Ca S Cl- Br- SO4
2- 

Control 30 1.1 ± 0.1 0.6 8.2 ± 0.04 0.3 ± 0.002 1.1 ± 0.01 0.4 ± 0.01 0.9 ± 0.02 17 0.06 2.5 

50 1.0 ± 0.1 1 18 ± 0.6 0.5 ± 0.01 1.5 ± 0.02 0.94 ± 0.09 1.3 ± 0.09 28 0.08 3.4 

100 1.6 ± 0.1 1.9 26 ± 0.7 0.7 ± 0.04 0.7 ± 0.04 3.8 ± 0.1 0.98 ± 0.06 56* 0.16* 6.8* 

200 1.6 ± 0.1 2.9 31 ± 0.9 0.8 ± 0.01 2.8 ± 0.06 2.4 ± 0.05 2.9 ± 0.03 112* 0.32* 14* 

400 2.6 ± 0.1 6.3 78 ± 0.6 3.0 ± 0.04 10 ± 0.1 0.57 ± 0.10 4.8 ± 0.05 224* 0.64* 27* 

50(†) 1.0 ± 0.1 1.2 11 ± 0.3 0.3 ± 0.003 1.6 ± 0.02 0.41 ± 0.03 0.9 ± 0.03 47 0.06 5.6 

control sediment: non-hypersaline, uncontaminated sediment; control pore water = seawater (31± 1‰). Sediment treatments unwashed = original sediment and washes undertaken using RO 
water.   Porewater brines isolated from the Dry Creek sediment initially and following consecutive washes; † represents an artificial brine created from the dissolution of artificial sea salts in 
seawater, until the salinity of ~50‰ was reached. Additional pore water-brine treatments of 40, 60, 65, 70, 80 and 300‰ were prepared by dilution of the brines with RO water.  Detailed 
dissolved ionic analyses of these dilutions were not undertaken, but analyte concentrations are assumed to decrease linearly. Density was measured gravimetrically.  I = ionic strength 
(calculated using concentrations only for Na+, Mg2+, K+, Ca2+, Cl-, Br-, HCO3-). *=Extrapolated from anion concentrations in 50‰ brine. For both sediment and brine analyses, n=2, mean ± SD.   

Table S5. Sediment metal concentrations 

TRM Concentrations (mg/kg) 

 Sediment 

(‰) 
Al As Cd Co Cr Cu Fe Mn Ni Pb V Zn 

Control 

(30)  
6340 ± 100 11 ± 1.3 0.2 ± 0.04 2.8 ± 0.2 14 ± 0.1 16 ± 0.2 13200 ± 406 0.6 ± 0.2 4.9 ± 0.3 29 ± 1.0 21 ± 0.04 87 ± 0.5 

50 1050 ± 150 1.1 ± 0.1 0.02 ± 0.01 0.8 ± 0.4 1.8 ± 0.2 1.6 ± 0.4 1390 ± 183 6.0 ± 0.7 0.6 ± 0.1 1.7 ± 0.2 6.3 ± 0.6 5.8 ± 0.6 

100 2030 ± 110 0.7 ± 0.2 0.04 ± 0.02 1.1 ± 0.3 3.4 ± 0.04 3.1 ± 0.3 2512 ± 84 11 ± 0.004 1.3 ± 0.1 3.1 ± 0.6 10 ± 0.6 10 ± 0.1 

250 268 ± 80 1.1 ± 0.1 0.003 ± 0.02 0.7 ± 0.4 0.4 ± 0.0001 0.4 ± 0.5 303 ± 44 2.4 ± 0.4 0.1 ± 0.1 0.7 ± 0.1 4.3 ± 1.7 2.2 ± 0.001 

400 445 ± 170 0.6 ± 0.1 0.0002 ± 0.004 0.2  ±  0.2 0.6 ± 0.1 0.6 ± 0.2 488 ± 105 3.2 ± 0.6 0.5 ± 0.04 0.4 ± 0.4 3.5 ± 0.8 4.1 ± 0.4 
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Table S7. Behavioural toxicological effects (avoidance) of salinity to M. plumulosa and P. ebeninus 

Sediment 

Treatment Population residence (%) Population (%) 

Amphipod  Gastropod Gastropod 

Left side Right Side Left side Right Side Left side Right Side Buried Flipped  

29‰ 29‰ 44 ± 5.9 56 ± 10 50 ± 6.5 50 ± 6.5 88 ± 5.6 0.0 ± 0.0 

29‰ 50‰ 59 ± 2.9 41 ± 2.9 46 ± 7.7 54 ± 7.7 67 ± 11 33 ± 11 

29‰ 100‰ 79 ± 4.0 19 ± 2.9 75 ± 9.1 21 ± 10 38 ± 14 67 ± 12 

Porewater-brines 

Bivalve – time to bury Gastropod – time to flip 

Salinity (‰) Time to bury (min) Salinity (‰) 
During exposure 

(min) 

Post-exposure (seawater 

recovery) (min) 

30‰ (control)  5.0 ± 0.3 30‰ (control)  2.2 ± 0.2 3.8 ± 0.2 

40‰ 23 ± 3.7 50‰(A) 11 ± 0.6 16 ± 1.1  

50‰ (†) 39 ± 2.2 65‰ 7.7 ± 0.4 37 ± 1.5 

50‰ 0.0 ± 0.0 80‰ 47 ± 0.6 80 ± 2.0 

400‰ 0.0 ± 0.0 100‰ 88 ± 7.5 92 ± 0.9 

  200‰ 0.0 ± 0.0 0.0 ± 0.0 

  300‰ 0.0 ± 0.0 0.0 ± 0.0 

  400‰ 0.0 ± 0.0 0.0 ± 0.0 

Sediment bioassays: data = mean ± SE (M. plumulosa: n=4, using 30 organisms per replicate) (P. ebeninus: n=6, using 

4 organisms per replicate). Pore water-brine bioassays: data = mean ± SE (P. deltoides: n=3, 1 bivalve per replicate) 

(P. ebeninus: n=3, 2 gastropods per beaker). 50‰(†) = represents an artificial brine created from the dissolution of artificial  

sea salts in seawater, until the salinity of ~50‰ was reached. 
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Table S8. Endurance bioassay data and Calculated salinity thresholds for survival of organismsa 
Organism Copepod Amphipod Crab Polychaete 

Species N. spinipes M. plumulosa V. australiensis P. erythodactyla N. succinea 

Habitat epibenthic epibenthic endobenthic epi/endobenthic endobenthic 

Time to death (mins) 

S
a

li
n

it
y

 (
‰

) 

22 NR NR NR NR NR 

30 NR NR NR NR NR 

40 NR NR NR NR NR 

50 (A) NR NR NR NR NR 

50 68 ± 0.0 NR 51 ± 0.1 NR NR 

60 24 ± 0.6 51 ± 0.0 38 ± 0.1 NR NR 

65 3.0 ± 0.1 9.0 ± 0.2 3.4 ± 0.5 NR NR 

70 2.5 ± 0.0 5.0 ± 0.1 1.1 ± 0.1 NR 2.1 ± 0.4 

80 1.0 ± 0.0 1.5 ± 0.1 0.4 ± 0.01 5.0 ± 0.03 1.0 ± 0.07 

100 - 1.0 ± 0.1 0.3 ± 0.01 4.2 ± 0.04 - 

130 0.02 ± 0.01 0.2 ± 0.01 0.3 ± 0.01 3.4 ± 0.03 0.5 ± 0.02 

190 - - 0.3 ± 0.01 - - 

200 - - 0.3 ± 0.01 - - 

290 0.01 ± 0.001 0.04 ± 0.01 0.2 ± 0.002 1.2 ± 0.02 0.4 ± 0.01 

300 - -  - 0.3 ± 0.02 

400 0.005 ± 0.002 0.02 ± 0.0 0.2 ± 0.01 0.9 ± 0.01 0.2 ± 0.01 

Estimated lethal salinities (‰) 

Time 

(hours) 

6 58 61 59 74 71 

12 57 59 58 74 69 

24 55 58 56 73 68 

48 52 55 54 72 68 
aOrganisms were exposed in brine solutions for 68 h (copepods and amphipods), and 120 h (polychaete and crab)  

with the time taken for mortality timed for each organism in each replicate (n=3-4). Salinity of 30‰ is the seawater 

control - = Not Tested. (mean ± SE); -NR= No Response; † represents an artificial brine created from the dissolution  

of artificial sea salts in seawater, until the salinity of ~50‰ was reached. 
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Table S9. Chronic toxicity of M. plumulosa and A. salina to sediments and elutriates. 

M. plumulosa (10-day sediment bioassay) 

Porewater Salinity 

(‰) 

Survival Ave. offspring/ female 

( % control) 

30 (control) 100 ± 2.9 100 ± 5.0 

50 79 ± 8.8 80 ± 12 

70 79 ± 8.8 47 ± 4.7 

80 63 ± 3.0 35 ± 18 

100 74 ± 2.9 19 ± 4.0 

200 71 ± 5.1 16 ± 2.8 

300 53 ± 0.0 6.8 ± 3.6 

Calculated EC 

Values 

Salinity 

(‰) 
95 % CI Salinity (‰) 

95 % 

CI 

EC20 >65 ND 37  (20, 70) 

EC50 >100 ND 65  (50,84) 

 

A. salina  (48-h brine bioassays) 

Elutriate Salinity 

(‰) 

Acute bioassay Chronic Bioassay 

Survival Hatched nauplii 

( % control) 

30 100 ± 0.4 101 ± 3.4 

40 (†) 98 ± 0.5 88 ± 4.4 

40 94 ± 1.5 76 ± 7.7 

50 (†) 97 ± 0.4 79 ± 3.6 

50 92 ± 0.4 54 ± 2.5 

100 (†) 36 ± 0.6 0.0 ± 0.0 

100 21 ± 0.6 2.4 ± 1.7 

200 0.0 ± 0.0 0 ± 0.0 

400 0.0 ± 0.0 0 ± 0.0 

Calculated EC 

Values 

Salinity 

(‰) 
95 % CI Salinity (‰) 

95 % 

CI 

EC20 64 (54, 76) 41 (35,49) 

EC50 96 (84,110) 54 (49,59) 
Data for M. plumulosa: n=3, mean ± SE. ND= not able to be determined from the data.  

For A. salina: n=4. Mean ± SE. Salinity of 30‰ is the seawater control - = Not Tested. (mean ± SE);  

-NR= No Response; † represents an artificial brine created from the dissolution of artificial sea salts  

in seawater, until the defined salinity was reached.   
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Figure S7. Example of generational adaptation to salinity. Adapted from: http://fishkeepingadvice.com/brine-shrimp/. 

 

 


