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Abstract 

Lakes comprise 87% of surface freshwater existing in liquid form on Earth. In recent 

years, however, lake condition has deteriorated at an alarming rate primarily attributed 

to an increase in anthropogenic-related nutrient inputs. These inputs present the greatest 

challenge to lake ecosystem stability as they cause eutrophication, which is often 

characterised by deoxygenation of bottom waters and phytoplankton blooms. Blooms of 

cyanobacteria are of particular concern as some species or strains produce toxins that 

affect biodiversity and organisms that are part of the foodweb, as well as causing 

sickness and death of livestock, wildlife, and humans reliant on lakes for water 

consumption. In addition, cyanobacteria may also produce taste and odour-causing 

compounds, increasing water treatment costs. It is therefore imperative to develop an 

understanding of the drivers contributing to cyanobacteria blooms so that blooms may 

be better understood and predicted, as well as their effects mitigated. 

Phosphorus (P) is an essential element for all organisms—including 

phytoplankton—and in lakes is widely considered to be the key nutrient limiting or co-

limiting (with nitrogen [N]) phytoplankton productivity. Excess P can alter 

phytoplankton communities and lead to phytoplankton blooms. The forms of P are 

usually determined operationally as: 1) particulate organic P (POP), including P in 

living and dead organisms; 2) particulate inorganic P (PIP), including inorganic 

complexes of P sorbed to mineral phases of rock and soil; 3) dissolved organic P 

(DOP), including low molecular-weight esters and organic colloids; and 4) dissolved 

inorganic P (DIP; or soluble reactive P [SRP]; or dissolved reactive P [DRP]), including 

orthophosphate (PO4
3-) and polyphosphates. Despite the DIP fraction composing the 

only forms able to be directly assimilated by the phytoplankton community, each 

fraction is in a constant state of flux and thus—on account of the action of various 
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biogeochemical processes occurring across space and time—carries the potential to 

affect phytoplankton productivity. The influence of P on phytoplankton productivity is 

therefore highly dynamic, as a result of the transformations and transportation of P 

within the system. 

Phytoplankton are known to upregulate high-affinity transporters that increase P 

uptake under DIP-depauperate conditions. Therefore—Chapter 2 (i.e., the first data 

chapter)—examines the relationships between 1) physicochemical drivers and 

phytoplankton community P uptake rates, and 2) phytoplankton community P uptake 

and species composition, in the surface waters of the seasonally DIP-depauperate 

subtropical lake; Lake Wivenhoe, Queensland, Australia. P starvation was also 

examined in the dominant cyanobacterium Raphidiopsis raciborskii (Wołoszyńska 

1912) Aguilera et al. 2018 (previously Cylindrospermopsis raciborskii) under 

controlled laboratory conditions. Phytoplankton P uptake was quantified using the 

radioisotope phosphorus-33, with field study measurements complemented by a suite of 

physicochemical parameters measured in the lake at monthly intervals over a 12-month 

period. Surface DIP concentrations and P uptake rates were demonstrated to be 

inversely related, with substantially higher uptake rates occurring under thermally 

stratified, DIP-depauperate conditions during summer. Surface DIP concentration and 

temperature explained 50.3% of the variation in P uptake rate, per classification and 

regression tree (CART). A primary split in the CART at 4.75 µg L−1 P indicated a 

transition between low- and high-affinity uptake, with high-affinity P uptake rates (i.e., 

P uptake < 4.75 µg L−1 P) associated with a phytoplankton assemblage dominated by 

cyanobacteria, including the dominant cyanobacterium R. raciborskii. Field results were 

corroborated by the in vitro P-starvation study of the R. raciborskii strain, with uptake 

rates increasing as the culture became progressively starved of P. These results indicate 
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that P scavenging via high-affinity uptake is advantageous under DIP-depauperate 

conditions, and the ability to scavenge P via high-affinity uptake may be a key factor in 

the dominance of bloom-forming cyanobacteria under DIP-depauperate stratified 

conditions. 

As demonstrated in Chapter 2, during stratified periods when DIP is low, the 

phytoplankton assemblage had elevated P uptake rates. Further, under these conditions, 

DOP became the dominant source of dissolved P (DP; i.e., DIP + DOP) available to 

phytoplankton. Therefore—Chapter 3 (i.e., the second data chapter)—examines how 

DOP mineralisation by alkaline phosphatase (AP) activity (APA), relative to 

regeneration processes in the SML, could meet phytoplankton P uptake and how it is 

associated with phytoplankton community composition changes under thermally 

stratified DIP-depauperate conditions in Lake Wivenhoe. APA was quantified 

fluorometrically using 4-methylumbelliferyl phosphate, and phytoplankton P uptake and 

regeneration determined radiometrically using the isotope phosphorus-33 at monthly 

intervals during a summer-stratified period. APA was demonstrated to increase when 

phytoplankton cell P quotas were low (<0.65 µg P µg−1 Chl-a), with potential DOP 

mineralisation rates increasing to 88 µg L−1 h−1 P. Such rates are at the upper end of 

rates in the literature. APA represented up to 89% of the total phytoplankton P uptake 

and was much higher than the P regeneration rate in the SML. The highest APA 

coincided with peak phytoplankton biovolume and dominance of the phytoplankton 

assemblage by cyanobacteria. Further, APA was strongly positively related to the 

majority of the 10 most dominant cyanobacteria, including the toxin-producing species 

R. raciborskii. This indicates that under DIP-depauperate conditions, DOP mineralised 

by APA is a substantial source of P for phytoplankton, and the ability to produce AP 

may be a key factor in the occurrence of bloom-forming cyanobacteria. 
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As demonstrated in Chapter 2 and Chapter 3, P fluxes strongly impact 

phytoplankton biomass in Lake Wivenhoe. Therefore—Chapter 4 (i.e., the third data 

chapter)—examines the key physical and biogeochemical fluxes of P available affecting 

the time-distance continuum of phytoplankton in Lake Wivenhoe. Physical transport 

and biogeochemical transformation was determined in the context of a horizontally-

resolved mass balance, comprising four zones down the drowned river channel that 

forms the lake. The mass balance was informed by integrating field and laboratory 

measurements of selected biogeochemical P fluxes with transport fields from a 

hydrodynamic model (AEM3D). P regeneration within the surface waters was 

demonstrated as being more important than the physical processes introducing ‘new P’ 

into the surface waters. Vertical transport of DOP to the SML was comparable to 

regeneration at times during the stratified period, and advective fluxes of P were 

comparable to regeneration during a storm event in May of which remained elevated 

above pre-storm levels for several weeks. On an annual basis, the flux of P was also 

demonstrated to transition from one of physical to biogeochemical dominance, and the 

physical-component from one of horizontal to vertical dominance, longitudinally down-

reservoir. Changes in phytoplankton biomass following the storm event were positively 

related to the down-reservoir DIP flux. In contrast, changes in phytoplankton biomass 

during stratification were negatively related to phytoplankton cell P quota and positively 

related to vertical transport of DOP, likely attributed to dominance by R. raciborskii and 

its capacity to metabolise luxury P storages and use organic P. 

In using a novel combination of in situ, in vitro, and in silico techniques to 

derive phosphorus fluxes, alongside phytoplankton community data, this study has 

demonstrated that vertical fluxes of DIP and DOP into the surface waters of a 

subtropical lake are critical for promoting the dominance of bloom-forming 
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cyanobacteria, including toxic R. raciborskii. Cyanobacteria and R. raciborskii in 

particular possess the ability to effectively utilise DIP and DOP from regeneration and 

transient fluxes from the hypolimnion through mechanisms such as high affinity P 

uptake and mineralization of DOP. These findings provide new insights into the P-

related strategies used by cyanobacteria, and how they interact with physical and 

chemical processes to drive phytoplankton dominance in lakes. It has important 

implications for our scientific understanding of P processes in lakes and management of 

P-depauperate lakes, and raises important questions with respect to potential directions 

for future research. 
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Chapter 1 General introduction 

1.1 Motivation 

1.1.1 The value of freshwater resources 

Water is a natural resource essential to all life on earth (Gleick 1998). Freshwater 

resources, both surface and groundwater, are intrinsically important as a drinking water 

resource for many species, including an exponentially increasing human population 

(Dudgeon et al. 2006). They also provide fundamental services to humans for use in 

agriculture, aquaculture, fisheries, industry, recreation, tourism, and urban areas; to 

other organisms for food, habitat, reproduction, and dispersal; and to the wider 

biosphere through, for example, climate control and nutrient cycling (Correll 1998; 

Carpenter et al. 2001). Few attempts have been made to estimate the total value of 

freshwater resources, owing to the diverse nature of services they provide to the 

economy, society, and the environment. Recent estimates in the United States, however, 

suggest declining freshwater quality might impose an annual economic loss to the 

country of US$21.8 billion (Viscusi et al. 2008). It is therefore essential that the 

integrity of earth’s water resources is preserved in a way that maintains the fundamental 

services water provides to humans, other organisms, and the wider biosphere. 

1.1.2 Lakes and the problem of eutrophication and phytoplankton blooms 

Lakes comprise 87% of surface freshwater existing in a liquid state on Earth (Gleick 

1996), and as such their management is integral to managing the integrity of earth’s 

ecosystems. Lakes have not traditionally been well managed and in recent decades their 

integrity has deteriorated at an alarming rate (Dixit et al. 1999; Schallenberg et al. 

2013). The continued deterioration of lakes has primarily been attributed to an increase 

in anthropogenic-related inputs (Carpenter 2005; Hamilton et al. 2016). This has 
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included point source inputs such as wastewater discharges, industry waste and non-

point source inputs such as runoff from highly developed catchments comprising urban 

and agrarian areas (Correll 1998; Elser 2012). The inputs include a wide variety of 

contaminants such as herbicides, insecticides, nutrients, pharmaceutical drug 

metabolites and volatile organic compounds, among others (Murray et al. 2010; 

Schallenberg et al. 2013). Nutrient inputs present the greatest challenge to lake 

ecosystem stability as they cause eutrophication (i.e., over-enrichment) which is 

commonly characterised by deoxygenation events and phytoplankton blooms (Correll 

1998; Conley et al. 2009; Carpenter et al. 2011). 

Phytoplankton blooms, which usually form as an accumulation of one or more 

species at or near the water surface, have severe and far-reaching impacts on lake 

ecosystems. They typically result in discoloration and reduced transparency to a lakes 

surface waters (Paerl et al. 2001). Blooms are also associated with hypolimnetic 

deoxygenation (Hamilton et al. 2014), and nutrient release from lakebed sediments 

(Burger et al. 2008). Blooms of cyanobacteria are of particular concern as some species 

or strains produce toxins, such as anatoxins, cylindrospermopsins, microcystins, 

nodularins, and saxitoxins (Carmichael & Boyer 2016), which have hepatotoxic, 

nephrotoxic, neurotoxic or dermatotoxic effects (Woodhouse et al. 2014; Harke et al. 

2016). The toxins can kill aquatic plants and animals thus reducing biodiversity and 

foodweb resilience in lakes, and cause sickness and death of livestock, wildlife, and 

humans reliant on lakes as a source of water (Carmichael & Boyer 2016). In addition to 

toxins, cyanobacteria may also produce other metabolites including taste (e.g., trans-

1,10-dimethyl-trans-9-decalol; geosmin) and odour-causing compounds (e.g., 2-

methylisoborneol; 2-MIB) resulting in considerable water treatment costs to remove 

these compounds from drinking water supplies (Izaguirre & Taylor 2004; Ho et al. 
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2012; Janssen 2019). It is therefore imperative to develop an understanding of the 

drivers contributing to cyanobacteria blooms so that blooms may be better understood 

and predicted, as well as their effects mitigated. 

Phytoplankton have specific stoichiometric requirements for macro and 

micronutrients. Two of the macronutrients that commonly limit phytoplankton 

productivity in lakes are nitrogen (N) and phosphorus (P; Conley et al. 2009). Redfield 

(1958) examined the composition of organic matter in the ocean and found the 

phytoplankton community to comprise N and P in a 16:1 molar ratio (7.2:1 mass ratio). 

According to Liebig’s Law of the Minimum (Liebig 1840), and assuming adequate 

supply of all other macro- and micro-nutrients, N:P < 16:1 is indicative of N limitation, 

and N:P > 16:1 is indicative of P limitation (Redfield 1958). Based on many lakes with 

N:P ratios >16:1, the widely accepted paradigm has been that P is the nutrient limiting 

phytoplankton productivity in lakes (Schindler 1974, 1977). Despite this, more recently 

it has become accepted that the phytoplankton community may be limited by P, N+P, 

and even in some instances N (Elser et al. 2007; Schindler et al. 2008; Paerl 2009), and 

limitation may in fact vary within a system across temporal and spatial gradients 

(Dzialowski et al. 2005; Kolzau et al. 2014). Further, it has been increasingly 

acknowledged that species within a phytoplankton community vary considerably; in 

their absolute and relative requirements for N and P (Sterner & Hessen 1994); in their 

ability to store and assimilate dissolved inorganic N (DIN) and dissolved inorganic P 

(DIP; e.g., Yue et al. 2014); and in their ability to access alternative sources for N or P 

under DIN- or DIP-depauperate conditions (e.g., Trommer et al. 2020). Phosphorus is, 

however, often considered the key limiting nutrient or a co-limiting nutrient with N for 

phytoplankton in most lakes (Schindler et al. 2008; Paerl 2009). Therefore, the 
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remainder of this introductory chapter is devoted to reviewing P transport and 

transformation processes contributing to phytoplankton productivity in lentic systems.  
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1.2 Background 

1.2.1 Phosphorus in lakes 

Phosphorus is an essential element for all life forms (Karl 2000; Elser & Bennett 2011). 

It accounts for ~2–4% of the dry weight of most cells (Karl 2000), where it forms a 

central component in deoxyribonucleic acid (DNA) and ribonucleic acid (RNA), 

playing a critical role in the storage, replication, and transcription of genetic 

information. Further, adenosine triphosphate (ATP) plays a critical role in the 

production of cellular energy, and phospholipids play a critical role in the structure of 

cellular membranes (Elser 2012; Lin et al. 2016). In lakes, as with other aquatic 

systems, P has a wide variety of forms, yet is typically operationally determined as 

being: 1) dissolved (dissolved P; DP) or particulate (particulate P; PP); and 2) organic 

(organic P; OP) or inorganic (inorganic P; IP). Thus, P in lakes, based on its operational 

determination, is deemed to comprise four fractions: 1) particulate organic P (POP), 

including P in living and dead organisms; 2) particulate inorganic P (PIP), including 

inorganic complexes of P sorbed to mineral phases of rock and soil; 3) dissolved 

organic P (DOP), including low molecular-weight esters and organic colloids; and 4) 

dissolved inorganic P (or soluble reactive P [SRP]; or dissolved reactive P [DRP]), 

including orthophosphate (PO4
3-) and polyphosphates (Reddy et al. 1999; Wetzel 2001). 

Within the surface waters (i.e., the epilimnion [i.e., surface mixed layer; SML] during 

stratification, and entire water column [i.e., mixed layer] during isothermy), PP 

typically comprises a major proportion of the total P (TP), with DP comprising a 

relatively small proportion. Further, in the SML of warm-monomictic lakes under 

thermally stratified conditions, DIP may become substantially reduced (Burford et al. 

2012), with DOP typically present at concentrations several times that of DIP 

(Spijkerman & Coesel 1998; Rengefors et al. 2001; Nausch & Nausch 2004). 
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P fractions vary considerably in their bioavailability to the phytoplankton, with 

DIP the only fraction able to be directly assimilated by phytoplankton (Thingstad et al. 

1993). Yet despite this, the bioavailability of POP, PIP, and DOP, and therefore their 

potential to contribute to phytoplankton growth, varies considerably due to various 

biogeochemical processes occurring across space and time (Abell & Hamilton 2014). 

For example, DOP is subject to mineralization by phosphohydrolases, thus making it 

available to phytoplankton (Litchman & Nguyen 2008); and PIP is subject to dynamic 

desorption processes between sediments and the aqueous phase, thus making it 

available to the phytoplankton (Kerr et al. 2011). Consequently, and notably under DIP-

depauperate conditions in the SML during thermally stratified conditions, it is not the 

static stock of DIP but instead the fluxes of DIP derived from transport and 

transformation processes made available to primary producers that governs 

phytoplankton growth. It follows that further understanding of P fluxes is central to 

controlling phytoplankton growth and bloom-formation in lakes. 

1.2.2 Phosphorus: towards a process-based view 

P dynamics in lakes has been a subject of much research since the early-mid 1900s. 

Mortimer (1941) first demonstrated the mineralization of DIP, alongside other nutrients, 

from lakebed sediments under hypoxic conditions. Since that time, various aspects of P 

transport and transformation have been explored, including, for example, the 

mineralization of DOP by enzymes (Berman 1970; Chrost & Overbeck 1987), the 

regeneration of DP by biota (Vanni & Layne 1997; Vanni et al. 2006), and the vertical 

transport of P via internal seiches (MacIntyre et al. 2006; MacIntyre et al. 2009). 

Further, since the 1980s, the development and advancement of ecological models have 

permitted the exploration of P transport and transformation at an ecosystem scale 

(Hamilton & Mitchell 1997). Combined, such findings have resulted in a vastly 



General introduction  

 

7 

 

improved understanding of P transport and transformation, and subsequently, 

phytoplankton productivity in lakes (Moss 2012). Nevertheless, P dynamics include 

highly intricate processes that need additional resolution to further understand the fate 

of P in lakes, and more importantly the impact in fuelling phytoplankton growth and 

blooms. 

Broadly speaking, P dynamics can be seen as beginning outside the lake, where 

P, as a mixture of DIP, DOP, PIP, and POP, is primarily transported via surface and 

subsurface inflows and atmospheric deposition into the lake. Upon entering a lake, P is 

transported and transformed, with a large portion of PP precipitated and deposited in the 

lakebed sediments (Reddy et al. 1999; Kaiserli et al. 2002). In the lakebed sediments, 

aerobic bacteria may play a large role in the transformation of PP into DIP (Sondergaard 

et al. 2003). In lakebed sediments under oxic conditions, typical during isothermy, DIP 

is largely sorbed to the sediments, with only a small fraction within the pore water 

transported to the overlying water by molecular diffusion or turbulent mixing. 

Conversely, in lakebed sediments under hypoxic (dissolved oxygen 1-2 mg L−1) or 

anoxic (dissolved oxygen <1 mg L−1) conditions, typical during thermally-stratified 

conditions, decomposition of organic matter by aerobic bacteria results in oxygen 

consumption and—as oxygen demand exceeds supply—a hypoxic or even anoxic 

hypolimnion. Such a redox sensitive system, under thermally-stratified conditions, 

results in a large proportion of DIP (as PO4
3-) being desorbed from the sediments (as 

PIP), released into the pore water, and transported vertically through the water column 

by molecular diffusion or turbulent mixing (Penn et al. 2000; Hupfer & Lewandowski 

2008). However, under thermally-stratified conditions, vertical transport of DIP and 

DOP from the hypolimnion to the SML, where it can support phytoplankton growth, is 

largely obstructed by strong density gradients in the metalimnion (Salonen et al. 1984). 
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Consequently, it is essential to determine the processes transporting P into and out of 

the surface waters (via external and internal sources), and the processes responsible for 

transforming P within the surface waters, of which sustains phytoplankton productivity. 

1.2.3 Phosphorus in the surface waters 

Phytoplankton take up P from water across the cell membrane and into the cell where it 

is assimilated for growth and cell division (Cembella et al. 1984; Jansson 1988). 

Phosphorus uptake is enabled by two systems; the constitutive passive low-affinity 

phosphate transport (Pit) system, and the repressible active high-affinity phosphate 

specific transport (Pst) system (Vershinina & Znamenskaya 2002). Under DIP-replete 

conditions, P is taken up passively over the transmembrane electrochemical gradient 

into the cell via the constitutive Pit system (Vershinina & Znamenskaya 2002; Orchard 

et al. 2009). However, in some lakes during thermally stratified periods, DIP may 

become substantially reduced to the point where passive transport across the 

transmembrane electrochemical gradient is no longer sufficient to meet the cellular 

maintenance requirements of the phytoplankton (Tanaka et al. 2004). Under these 

conditions some phytoplankton species encode and up-regulate high-affinity P-binding 

proteins of the repressible Pst system (Orchard et al. 2009; Willis et al. 2017). These 

high-affinity binding proteins bind and transport DIP at nanomolar levels, at rates up to 

two orders of magnitude faster than rates under DIP-replete conditions (Aubriot & 

Bonilla 2012). 

High affinity P uptake (also referred to as active or surge uptake) confers an 

adaptive advantage under DIP-depauperate conditions, which could cause changes in 

the phytoplankton assemblage. Yet high-affinity P uptake has not been widely studied 

in natural assemblages (e.g., Aubriot et al. 2000; Tanaka et al. 2006; Aubriot et al. 

2011). Instead, the majority of studies have been on cyanobacteria culture, examining 
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responses to specific P regimes (e.g., Wagner et al. 1995; Donald et al. 1997; 

Isvánovics et al. 2000; Ritchie et al. 2001). More recently, analysis has been undertaken 

of the genes involved in producing high affinity P-binding proteins in a range of 

cyanobacteria and some eukaryotic algae (e.g., Dyhrman & Haley 2006; Orchard et al. 

2009; Bar-Yosef et al. 2010; Willis et al. 2019). As such, high-affinity uptake studies 

and genetic analyses have not been translated to an understanding of its consequences at 

an ecological level. 

Little is known about the environmental drivers causing the transition between 

low-affinity P uptake and high-affinity P uptake in situ, and the resultant changes in the 

phytoplankton community composition. Further, the rate limiting P fluxes into and 

within the surface waters supporting phytoplankton productivity are not well 

understood. This is particularly the case under thermally-stratified conditions, whereby 

density differences between different lake water strata largely restrict the movement of 

P. The dominant rate-limiting fluxes occurring within the limnetic zone with respect to 

the key routes fuelling phytoplankton P uptake are expanded below, in approximate 

descending order. 

1.2.3.1 Phytoplankton- and bacteria-mediated regeneration of DIP and DOP 

During phytoplankton metabolism, P is leaked from the biomass into the surrounding 

water as DIP and DOP (Hudson & Taylor 1996; Wetzel 2001). Although, 

phytoplankton- and bacteria-mediated DIP and DOP regeneration is typically less than 

uptake, it may provide a significant proportion of the P required for the growth of the 

phytoplankton community (Nowlin et al. 2007). In addition, certain species may 

translocate P vertically through an ability to vertically migrate within the water column 

(Salonen et al. 1984). Under stratified conditions, this ability allows them to exploit 

nutrients, from a potentially DIP-replete hypolimnion, and regenerate them within the 
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SML (Salonen & Rosenberg 2000). Phytoplankton- and bacteria-mediated regeneration 

of DIP and DOP has not been widely studied relative to many other P transport and 

transformation processes. 

1.2.3.2 Enzymatically-mediated mineralization of DOP 

Enzymes known as phosphohydrolases mineralize DOP to DIP (Healey & Hendzel 

1979; Cembella et al. 1984; Jansson et al. 1988). Phosphohydrolases, produced by 

phytoplankton and heterotrophic bacteria, are a diverse set of enzymes that vary in their 

cell-oriented activity (i.e., endogenous or exogenous), their optimal pH for activity (i.e., 

acid, neutral or alkaline), and their mode of expression (i.e., constitutive or inducible; 

Bruckmeier et al. 2005). Phosphohydrolases also vary with respect to the specific DOP 

constituents they are able to mineralize. For example, 5'-nucleotidase mediates the 

mineralization of nucleotides and its derivatives, CP lyase and phosphonatase mediate 

the mineralization of phosphonates, and alkaline phosphatase (AP) mediates the 

mineralization of phosphomonoesters (e.g., Dyhrman et al. 2006; Ilikchyan et al. 2009; 

Willis et al. 2019). 

Alkaline phosphatase is considered to be the most ecologically important of the 

phosphohydrolases under DIP-depauperate conditions (Cembella et al. 1984; Duhamel 

et al. 2011). Its importance can be attributed to three main factors: 1) ability to 

mineralize phosphomonoesters, which are the most abundant and labile constituents of 

the DOP pool (Heath 1986; Hantke et al. 1996; Huang & Hong 1999); 2) production in 

a large proportion of phytoplankton species (e.g., Rengefors et al. 2001; Rengefors et 

al. 2003; Štrojsová et al. 2003; Štrojsová et al. 2008); and 3) inducibility, at an 

energetic cost, by phytoplankton in response to DIP-depauperate conditions and 

repression under DIP-replete conditions (Sebastián et al. 2004; Labry et al. 2005; 

Tanaka et al. 2006). Consequently, through the action of AP mineralizing DOP under 
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DIP-depauperate conditions, it is possible AP might provide a considerable flux of P to 

phytoplankton under DIP-depauperate conditions (Duhamel et al. 2010; Ivančić et al. 

2010). 

Despite the potential importance of AP, relatively few studies have focused on 

its application as a metric for quantifying the actual rate of DOP mineralization 

(Dyhrman & Ruttenberg 2006; Ivančić et al. 2009; Duhamel et al. 2011). Instead, most 

work has focused on its application as an indicator of P stress or P limitation (Jamet et 

al. 1997; Rengefors et al. 2001; Rengefors et al. 2003) and few studies have examined 

its application for meeting phytoplankton P uptake under DIP-depauperate conditions 

(e.g., Chrost & Overbeck 1987) or the relationship between in situ changes in AP and 

phytoplankton community composition. 

1.2.3.3 Hydrodynamic-mediated vertical transport of P 

A suite of hydrodynamic processes transport DP and PP vertically within a lake, thus 

affecting the distribution and transformation of P. Each process is influenced by thermal 

and wind forcings, and inflows and outflows, within the context of the lake thermal 

structure (Imberger 1985; MacIntyre et al. 2014). During isothermal conditions, the 

vertical flux attributed to turbulent mixing generated by wind and convective motions 

maintains a well-mixed water column, and more P is available to support phytoplankton 

growth (Vincent 1983). During thermally stratified conditions, however, the effects of 

wind-induced turbulent mixing are severely restricted in deep waters by the 

metalimnion, thus limiting the transport of P vertically from the P-rich hypolimnion to 

the P-depauperate SML (i.e., the epilimnion; MacIntyre et al. 2006). At this time 

molecular diffusion (MacIntyre & Melack 2009), as well as upwelling and downwelling 

from internal seiches (MacIntyre et al. 2002; MacIntyre et al. 2006), are responsible for 

most of the P transported into the SML. Little is known about the degree to which these 
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vertical fluxes contribute DP for P uptake and growth, including DIP that is taken up 

directly by phytoplankton and the DOP which is taken up indirectly by phytoplankton 

following mineralization by phosphatases. 

1.2.3.4 Hydrodynamic-mediated horizontal transport of P 

Two major hydrodynamic processes—advection and dispersion—transport dissolved 

and particulate P horizontally within a lake, thus affecting the distribution and 

transformation of P (Okely et al. 2010). Advection refers to the transport of water and 

its properties, and dispersion refers to the spreading and mixing of water and its 

properties by molecular diffusion and turbulent mixing perpendicular and lateral to the 

advective flow (Abell & Hamilton 2014). Advective flows may be generated by 

downstream discharges (Rueda et al. 2007) and wind effects on the lake water surface 

(Schoen et al. 2014), horizontally transporting P within the system as a result of bank 

erosion and/or bed scour (Shaw et al. 2013). However, the greatest advective flows are 

usually generated by river inflows. 

The ability of an inflow-driven advective flow to alleviate DIP-limitation and 

contribute to phytoplankton P uptake and growth is strongly influenced by density 

differences between the inflow and the lake attributed to differences in temperature, 

salinity and particulate matter composition (Imberger & Patterson 1990). These density 

differences dictate whether the inflow propagates through the lake as an overflow, 

interflow, or underflow density current (Vincent et al. 1991). Inflows occurring as an 

underflow, for example, will enter the hypolimnion and have little immediate impact on 

P available to support phytoplankton growth (e.g., Romero et al. 2004; Spigel et al. 

2005). Conversely, an overflow may distribute P in the SML, thus alleviating 

phytoplankton DIP-limitation particularly near the lotic-lentic transition (e.g., Botelho 

& Imberger 2007; Vidal et al. 2012). Moreover, an interflow of which inserts at the 
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metalimnion may transport P great distances from the lotic-lentic transition, which in 

association with vertical mixing processes, may alleviate phytoplankton DIP-limitation 

more throughout the lake (e.g., Cherry Chen et al. 2006; von Westernhagen et al. 2010). 

Longitudinal sorting of suspended sediments by grain size occurs where there 

are large inflows. Fine-grained sediments, which are generally rich in P may be 

transported well into the main lake basin, due to processes referred to as “particle 

sorting” and “focusing” (Håkanson & Jansson 1983). Particle sorting and focusing can 

also affect DP supply within a lake, of which may become particularly pronounced in 

long-narrow lakes or reservoirs. The extent to which P transported within advective 

flows influence phytoplankton uptake and growth, in the short- and long-term, has not 

been well established (Abell & Hamilton 2014). 

1.2.3.5 Fish- and zooplankton-mediated regeneration of DIP and DOP 

Fish and zooplankton contribute to the transformation of PP into DIP and DOP within 

the surface waters in a lake (Vanni 2002; Vanni et al. 2006; McIntyre et al. 2008), 

through the regeneration of DIP and DOP via breakdown and excretion of egested 

organic material (Urabe 1993). In addition, these fluxes may result in net import or 

export of P from the SML based on the direction of the transport. For example, in the 

case of excretion of egested organic material, fish that feed on prey below the SML, yet 

excrete egested organic material in the SML, would effect a net vertical transport of DIP 

and DOP into the SML, and vice versa (Griffiths 2006; Vanni et al. 2013). Despite the 

potential importance of fish- and zooplankton-mediated transformation of PP to DIP 

and DOP, relatively little is known about the fate of excreted material in fish and 

zooplankton (Vanni et al. 2013). Nevertheless, with the exception of systems with a 

high zooplankton and/or fish biomass fuelling high regeneration of DIP and DOP (e.g., 

Vanni 2002; McIntyre et al. 2008), the potential contribution of DIP and DOP by fish 



General introduction  

 

14 

 

and zooplankton is considered relatively small compared with the phytoplankton 

community (Cyr & Peters 1996). 

1.2.3.6 Atmospheric deposition of P 

Atmospheric deposition transports P from the atmosphere to the surface waters of a lake 

(Carpenter et al. 1998). Forms of P arise from fine particles of soil and rocks or from 

living and dead organisms, but also fires, ash from volcanoes, or the burning of fossil 

fuels (Newman 1995; Tipping et al. 2014). Atmospheric deposition consists of dry 

deposition, as DP and PP transported via wind or gas exchange; and wet deposition as 

DP and PP transported in rain, mist, and snow (van Dijk & Guicherit 1999; Anderson & 

Downing 2006). Mean atmospheric deposition rates across approximately 250 sites 

worldwide covering the period from 1954–2012 were 3.1 and 1.6 µg m−2 h−1 for TP and 

DIP, respectively (Tipping et al. 2014). However, the percentage of P as DIP may range 

from <5% and >80% (Luo et al. 2011), partly due to differences in the type of 

deposition, i.e., dry vs. wet. Wet deposition has been demonstrated as being relatively 

consistent over hundreds of km, but dry deposition is highly influenced by 

anthropogenic factors and varies considerably over small areas (Anderson & Downing 

2006). Total P transport via atmospheric deposition is typically low relative to that of 

surface water inflows (Luo et al. 2011) except where P loads from inflows are very low 

(e.g., Jassby et al. 1994; Herut et al. 1999; Zhai et al. 2009). 

1.2.4 Phosphorus: flux quantification 

Phosphorus transport and transformation routes have traditionally been determined 

biogeochemically. Biogeochemical techniques are often specific to the process being 

quantified, and may be measured in situ or in vitro. Phytoplankton P uptake and P 

regeneration has typically been quantified radiometrically in vitro using the radioisotope 
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phosphorus-32 (32P) or phosphorus-33 (33P; Thingstad et al. 1993; Tanaka et al. 2006). 

In addition, AP-mediated DOP mineralisation has typically been determined in vitro 

colorimetrically or fluorometrically using substrates (i.e., phosphomonoester analogues) 

such as p-nitrophenyl phosphate (pNPP), and 4-methylumbelliferyl phosphate (4-MUP), 

respectively (Hoppe 1983). Although analytical techniques vary across transport and 

transformation processes, such methods have been applied with moderate to high 

success across a variety of lake systems. 

More recently, P transport and transformation routes have increasingly been 

determined in silico using highly parameterized numerical models (Bruce et al. 2006). 

These numerical models typically take the form of a 1-dimensional (1-D) or 3-

dimensional (3-D) hydrodynamic model which may or may not be coupled to an 

ecological model or module (Hodges et al. 2000). Hydrodynamic models allow fine 

resolution simulations of the temporal and spatial behaviour of stratified waterbodies 

subject to environmental forcing by inflows, outflows, surface heat fluxes, and wind 

stress (Hodges & Dallimore 2018). Moreover, coupled to an ecological model, these 

models allow fine resolution assessment of interactions amongst forcing variables and 

their subsequent effects on phytoplankton dynamics (Chan & Hamilton 2001). A variety 

of models have been developed over the last several decades. For example, the 1-D 

hydrodynamic Dynamic Reservoir Simulation Model (DYRESM; Imberger & Patterson 

1981) and the 3-D hydrodynamic Estuary, Lake and Coastal Ocean Model (ELCOM; 

Hodges et al. 2000), both of which may be coupled with the water quality and 

ecological model Computational Aquatic Ecosystem Dynamics Model (CAEDYM; 

Hamilton & Schladow 1997); and more recently the 3-D Aquatic Ecosystem Model 

(AEM3D; Hodges & Dallimore 2018)—itself based on ELCOM-CAEDYM—which 

may be configured to run with or without its water quality and aquatic ecology module. 
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These models have been applied well across a variety lakes from a range latitudes and 

with markedly different morphometries (Hodges et al. 2000; Romero et al. 2004; León 

et al. 2005; Chung et al. 2009; Caramatti et al. 2020). 

P fluxes may therefore be determined in situ/in vitro or in silico. Each strategy, 

however, presents their own innate strengths and weaknesses, and the choice of 

method(s) is best determined based on a trade-off with respect to their strengths and 

weaknesses. For example, in situ or in vitro measurements are preferable for 

quantification of processes such as AP-mediated mineralization of DOP due to 

considerable variation of induction-repression thresholds across species, of which is not 

easily captured in silico. By contrast, in silico measurements of hydrodynamic 

processes—being based on well established physical laws—are preferable for 

quantification of processes such as vertical and horizontal transport of P, of which are 

not easily measured in situ or in vitro. 

1.2.5 Synthesis 

P governs phytoplankton growth in lakes through a complex suite of physical and 

biogeochemically mediated processes. These processes either transport P vertically or 

horizontally, or transform it between fractions within a system. This review has drawn 

attention to P transport and transformation within the surface waters, its transport to the 

surface waters, and effects in limiting phytoplankton productivity. This review drew 

attention to the major processes governing phytoplankton growth, with the processes 

most likely to drive phytoplankton P uptake identified as: 1) phytoplankton- and 

bacteria-mediated regeneration of DIP and DOP; 2) the enzymatically-mediated 

mineralization of DOP; 3) the hydrodynamically-mediated vertical transport of P; and 

4) the hydrodynamically-mediated horizontal transport of P. This review also made 

mention of the primary strategies researchers have used to quantify fluxes of P, and a 
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rationale for choosing a particular strategy based on a trade off of the strategies 

strengths and weaknesses. Quantification of the identified P fluxes within the context of 

the phytoplankton community P uptake, using a suite of methods based on a trade-off of 

their strengths and weaknesses, was determined as an ideal framework to determine the 

sources of P fuelling phytoplankton blooms in a subtropical reservoir. 
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1.3 Study site: Lake Wivenhoe 

1.3.1 Value 

Lake Wivenhoe (Wivenhoe Reservoir; 27°23'38″S; 152°36′28″E) is a dual-purpose 

man-made reservoir located in south-east Queensland, Australia. It was created in 1984, 

following the damming of the Brisbane River with a 2.3 km long dam wall comprising 

five radial water release gates (Department of Energy and Water Supply 2014). The lake 

provides drinking water to over 2 million people within Brisbane city and the 

surrounding region in addition to flood mitigation (Douglas et al. 2007). It also carries 

additional extrinsic value to the public via a variety of tourism and recreation services, 

including: picnic areas; playgrounds; campgrounds; and designated areas for boating 

(non-motorised, and restricted motorised watercraft), and other water activities 

(shoreline fishing, swimming, and rowing, etc.). 

1.3.2 Features 

Lake Wivenhoe is located within a 7,020 km2 watershed, comprising approximately 

50% forested land and 50% agricultural land which is primarily used for cattle grazing 

(Leigh et al. 2015). It holds 1,165,000 ML at full water supply capacity, with the ability 

to store an additional 1,450,000 ML for flood mitigation (Douglas et al. 2007). At full 

water supply capacity, it has a mean depth of 10.7 m, covers an area of 107 km2, and 

has a high catchment area to lake area ratio of 66:1 (Burford & O'Donohue 2006; 

Burford et al. 2007; Leigh et al. 2015). The lake has a long-narrow morphometry, and 

receives input water via controlled releases from the impounded Stanley River (i.e., 

Somerset Reservoir) and unregulated inputs from the Upper Brisbane River (UBR), 

while controlled releases are taken from the dam wall (O'Brien et al. 2016). 

Additionally, controlled inputs and releases occur daily from an adjacent hydro-electric 

power station (Splityard Creek), which alters the thermocline structure over short time 
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frames (Gibbes et al. 2009). Located at 27° latitude, its climate is subtropical (i.e., 

between 25–35° latitude). Consequently, the lake receives highly unpredictable and 

intermittent rainfall, with most of the annual rainfall typically falling over several days 

(Burford et al. 2012). Further, the rainfall is concentrated during summer, with mean 

monthly rainfall of 75 mm in summer (i.e., summer-wet season) and 34 mm in winter 

(winter-dry season; Burford & O'Donohue 2006). 

Lake Wivenhoe is considered a warm-monomictic lake, stratifying and 

overturning once a year (Burford & O'Donohue 2006), and has a relatively long 

stratified period due to the subtropical climate (Bicudo et al. 2007). The lake has been 

classified as eutrophic (Burford & O'Donohue 2006). The phytoplankton community is 

typically dominated by bacillariophytes and chlorophytes under isothermal conditions, 

and cyanobacteria under stratified conditions (Burford & O'Donohue 2006; Muhid et al. 

2013). 

1.3.3 Phytoplankton blooms 

Undesirable and toxic cyanobacterial blooms have increased during the stratified period 

in recent years (Burford & O'Donohue 2006; Muhid et al. 2013). Such blooms have 

included the colonial coccoid species Aphanocapsa spp., Cyanodictyon spp., and 

Merismopedia spp.; and the solitary filamentous species Aphanizomenon spp., 

Dolichospermum spp., Planktolyngbya spp., Pseudoanabaena spp. and Raphidiopsis 

raciborskii (Wołoszyńska 1912) Aguilera et al. 2018 (previously Cylindrospermopsis 

raciborskii; Burford & O'Donohue 2006; Burford et al. 2007; Leigh et al. 2010; Muhid 

et al. 2013). These blooms are typically associated with reduced surface water 

transparency, reduced surface water dissolved nutrients, reduced hypolimnetic oxygen 

(to the point of anoxia), and release of nutrients from the lakebed. The blooms have 

occasionally been associated with the occurrence of foul taste (geosmin) and odour (2-
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MIB) causing compounds (Burford et al. 2007). These blooms have also increasingly 

been associated with elevated toxin concentrations and species with the ability to 

produce toxins, such as the cylindrospermopsin producers Aphanizomenon spp., and R. 

raciborskii (Burford & O'Donohue 2006; Burford et al. 2007; Leigh et al. 2010; Muhid 

et al. 2013). Moreover, R. raciborskii has been demonstrated to exhibit pronounced 

strain variation with respect to its production of the toxin cylindrospermopsin (Willis et 

al. 2018). 

1.3.4 Phosphorus limitation 

The phytoplankton community in Lake Wivenhoe is largely seen as being limited by P; 

with evidence for both P limitation, N+P co-limitation, but not N limitation. 

Phytoplankton productivity in Lake Wivenhoe, based on N:P ratios (Redfield 1958; 

Sterner 2008), was originally posited by Burford et al. (2012) as being P limited. These 

authors found surface water total N (TN): TP ratios of 54:1 far exceeding the 16:1 ratio 

proposed by Redfield (1958), and also exceeding the adjusted 50:1 ratio proposed by 

Guildford and Hecky (2000) to account for variations in the nutrient requirements of 

different taxa in the community. More recently however, Muhid et al. (2013), in a 

mesocosm study, found evidence for N+P limitation. These authors found the 

combination of N and P were required to stimulate an increase in chlorophyll-a 

concentration. These authors, however, also demonstrated that orthophosphate (PO4-P) 

additions alone resulted in the highest growth rate of one of the most prolific, and the 

most problematic species in Lake Wivenhoe, R. raciborskii. Further, despite several N-

fixing species comprising a large portion of the phytoplankton assemblage in Lake 

Wivenhoe, Burford et al. (2012) demonstrated 15N ratios in the water column were not 

indicative of N fixation (Burford et al. 2006). This suggests that N-fixing species may 

in fact dominate in Lake Wivenhoe due to a variety of factors, including an ability to 



General introduction  

 

21 

 

effectively access P (i.e., via high-affinity P uptake) under DIP-depauperate conditions 

of which enables them to maximise N-fixation.  

1.3.5 Phosphorus transport and transformation 

P is primarily delivered to Lake Wivenhoe from two upstream tributaries; the 

unregulated UBR, and the regulated Stanley River. The UBR is the primary contributor 

of P, and the dominant source during high-flow events, contributing an average 66% of 

the total P input. In addition, DIP content of the UBR input is high (46% of total P; 

Burford et al. 2012) as UBR catchment soils are derived from Neara volcanic soils high 

in DIP (Douglas et al. 2007). Following long dry periods, these soils release P when 

inundated (Kerr et al. 2010, 2011). The Stanley River is a secondary contributor of P, 

but becomes the largest source under low-flow conditions, contributing 34% of the total 

P received. The DIP content is only 24% of total P (Burford et al. 2012). Combined, 

these two sources were shown to result in a net P retention in the lake of 58%. Yet 

despite high P input and net P retention, the system exhibits relatively low ambient DIP 

concentrations. 

P concentrations in Lake Wivenhoe are relatively low. For example, two 

samplings taken during November/December 2005 and March 2006 across a six site 

transect, demonstrated mean TP concentrations of 36 µg L−1 in surface waters and 60 

µg L−1 in bottom waters, and mean DIP concentrations of 5 µg L−1 in surface waters and 

5 µg L−1 and bottom waters (Burford et al. 2012). There are large peaks of DIP, >200 

µg L−1, in the bottom waters under hypoxic conditions, typically between December and 

February/March. These peaks are consistent with large P effluxes from the bottom 

sediments under stratified conditions, but transport rates into the SML remain unclear 

(Burford et al. 2012). In addition, high DIN:DIP ratios in the hypolimnion during 

anoxia, and low DIN:DIP ratios in the sediment, suggest net P effluxes are low relative 
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to N (Burford et al. 2012). There is evidence of pronounced longitudinal P gradients in 

the system, with surface TP, PP, DP, DOP, and DIP typically decreasing in a 

downstream direction (Muhid & Burford 2012). Phytoplankton species are also 

expected to influence surface water P cycling in Lake Wivenhoe owing to regeneration 

of DIP and DOP via cell leakage and lysis (Hudson & Taylor 1996) and AP-mediated 

mineralisation of DOP to DIP (Wu et al. 2009). 
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1.4 Direction 

This research attempts to resolve knowledge gaps identified in section 1.2.2 that relate 

to understanding the key P transport and transformation routes and impacts on 

phytoplankton growth and bloom-formation in a subtropical lake. This research seeks to 

address the following knowledge gaps: 

1. Upregulation of high-affinity P uptake transporters can substantially increase 

phytoplankton P uptake rates under DIP-depauperate conditions. Phosphorus 

uptake rates and their environmental drivers however have not been well 

quantified in lakes, particularly with respect to impact on surface water P-

cycling and phytoplankton community biomass and composition. 

2. Phytoplankton release of DP and phosphatase-mediated mineralization of DOP 

to DIP are thought to be the primary DIP supply routes to phytoplankton under 

DIP-depauperate stratified conditions. Rates of phytoplankton release of DP and 

phosphatase-mediated mineralization of DOP however have not been well 

related to the extent to which they meet phytoplankton P uptake requirements, 

and or their impact on phytoplankton composition, particularly in relation to 

cyanobacterial dominance. 

3. Biogeochemical transformation and physical transport are critical fluxes in the 

supply of P required by phytoplankton to grow. Rates of P transformation and 

transport within the surface waters however have not been related to changes in 

phytoplankton P-physiological status (i.e., cell P quota and uptake rate) and 

phytoplankton biomass. 

4. The key gaps identified above in 3) are placed in the context of an annual cycle 

of a subtropical warm-monomictic lake where inflows can be highly sporadic 

and extremely large relative to baseflow. 
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Combined, this research endeavours to demonstrate the key routes of biogeochemical 

transformation and hydrodynamically-mediated transport of P in a warm-monomictic 

lake, and how they influence phytoplankton growth and bloom formation. 
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1.5 Aims & hypotheses 

The purpose of this research is to investigate the P sources, i.e., key transport and 

transformation routes, influencing phytoplankton productivity and bloom formation in a 

warm-monomictic subtropical reservoir. Based on the literature review in Chapter 2 it 

was hypothesized that the phytoplankton community would have effectively adapted a 

range of strategies to deal with the physically and biogeochemically driven variability of 

P supply in lakes, and that this adaptability is a key element driving their dominance in 

lakes. More specifically, the research consists of three data chapters each addressing 

three specific aims and hypotheses, outlined below: 

In Chapter 2—the first data chapter—I sought to determine the temporal and 

spatial variability in phytoplankton P uptake rates, what drives this variability, and how 

this variability relates to phytoplankton composition and cyanobacterial dominance. I 

hypothesized that as DIP becomes depleted phytoplankton community P uptake rates 

will increase due to upregulation of high-affinity transporters, resulting in an increased 

P uptake rate and an elevated phytoplankton biomass dominated by cyanobacteria. 

In Chapter 3—the second data chapter—I sought to determine whether, and to 

what extent, mineralization of DOP via AP activity meet phytoplankton P uptake 

requirements, and how the processes impact phytoplankton composition and 

cyanobacterial dominance. I hypothesized that, under DIP-depauperate stratified 

conditions, DOP mineralization by AP will be critical in meeting phytoplankton P 

uptake, and the ability to produce AP will promote an elevated phytoplankton biomass 

dominated by AP-producing cyanobacteria. 

In Chapter 4—the third data chapter—I sought to investigate the key physical 

and biogeochemical (i.e., as biotically regeneration-derived; aka internally cycled) 

fluxes of P available to primary producers along a dynamic time-distance continuum in 
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a warm-monomictic subtropical lake, and impact on the phytoplankton community. I 

hypothesized that: 1) under DIP-depauperate stratified conditions, a tight coupling 

between phytoplankton P uptake and the collective measured biogeochemical and 

physical flux of P would drive phytoplankton productivity; and 2) the relative 

composition of the flux would transition from physical to regeneration dominant, and 

the physical-flux from horizontal to vertical dominant, in an inflow–outflow direction, 

and 3) episodic storm events would result in marked disruptions to the tightly-coupled 

phosphorus-phytoplankton biomass relationships observed during periods of low flow. 
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2.1 Introduction 

Phosphorus (P) is an essential element for energy transfer, structural components, and 

growth of all organisms (Karl & Tien 1992; Tanaka et al. 2004). In aquatic systems, 

eukaryotic algae and cyanobacteria rely solely on the transport of P from water across 

the cell membrane and into the cell for growth and cell division (Jansson 1988). 

Phosphorus is available in a variety of forms but only dissolved inorganic P (DIP), 

consisting of orthophosphate and polyphosphates, is considered to be immediately 

available for uptake (Thingstad et al. 1993). Acquisition of DIP is definable with kinetic 

constants like the half saturation constant (e.g., Hwang et al. 1998), maximum uptake 

velocity (e.g., Thingstad et al. 1993) and specific affinity (e.g., Tanaka et al. 2006). 

In lakes and reservoirs, DIP concentrations may become substantially reduced 

(particularly in the surface mixed layer) during periods of thermal stratification (Tanaka 

et al. 2004). This stratification, typically driven by warmer summer temperatures, may 

in turn affect competition amongst phytoplankton assemblages (Thingstad et al. 1993). 

For a species to dominate under seasonally-depauperate DIP concentrations, it must 

possess a means to support some minimum basal cellular P requirement. Phytoplankton 

possess a variety of adaptations to enhance P uptake and storage. These include the 

ability to take up P during DIP-replete conditions and store it in excess of their 

immediate cellular requirements (e.g., as polyphosphate bodies; Cotner & Wetzel 

1992), the ability to produce enzymes which hydrolyze DIP from a variety of dissolved 

organic P (DOP) compounds (Vidal et al. 2003; Muñoz-Martín et al. 2011), and the use 

of a high-affinity P uptake system (Jansson 1993; Aubriot & Bonilla 2012). 

High-affinity uptake is initiated when the concentration of extracellular P 

decreases to a concentration too low to cross the transmembrane electrochemical 

gradient into the cell via the constitutive low-affinity phosphate transport (Pit) system 
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(Jansson 1988; Vershinina & Znamenskaya 2002). Under such P depauperate 

conditions, Pho regulon genes are induced, which encode and up-regulate high-affinity 

P-binding proteins, such as pstS and sphX, of the repressible active (Pst) system 

(Jansson 1988; Vershinina & Znamenskaya 2002; Orchard et al. 2009). These high-

affinity binding proteins bind and transport DIP into the cell, enabling species to 

assimilate DIP at nanomolar levels (Aubriot & Bonilla 2012). It has been suggested that 

the high-affinity uptake process may enable phytoplankton to exploit the heterogeneity 

of P supply associated with hydrodynamic processes and allow for growth under 

chronically or seasonally low DIP levels (Jansson 1993). In P-limited systems, high-

affinity P uptake has been demonstrated in a few eukaryotic algae such as the 

coccolithophorid Emiliania huxleyi (Riegman et al. 2000) and the diatom Thalassiosira 

pseudonana (Dyhrman et al. 2012) as well as a range of cyanobacteria including 

Anacystis (Wagner et al. 1995), Aphanizomenon (Bar-Yosef et al. 2010), Crocosphaera 

(Dyhrman & Haley 2006), Cylindrospermopsis (Isvánovics et al. 2000), 

Dolichospermum (Muñoz-Martín et al. 2011), Microcystis (Harke et al. 2012), 

Prochlorococcus (Moore et al. 1998), Scenedesmus (Jansson 1993), Synechococcus 

(Donald et al. 1997; Ritchie et al. 2001) and Trichodesmium (Orchard et al. 2003, 

2009). Possession of a high-affinity uptake system may provide these taxa with a 

competitive advantage over others in which the process is either absent or weakly 

developed (Isvánovics et al. 2000; Posselt et al. 2009). 

Cyanobacteria possess a suite of adaptations that allows them to dominate in 

summer months (Paerl & Huisman 2009). These adaptations include (but are not limited 

to) survival and growth under elevated temperatures via higher temperature optima 

(Robarts & Zohary 1987; Coles & Jones 2000), low irradiance via accessory 

photosynthetic pigments (Scheffer et al. 1997), luxury uptake of P (Xiao et al. 2020), 
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and variable nutrient supply via nitrogen (N) fixation and the aforementioned high-

affinity nutrient uptake (Isvánovics et al. 2000; Dyhrman & Haley 2006; Posselt et al. 

2009). These adaptations can result in frequent, large scale summer algal blooms and an 

expanding geographical range for many cyanobacterial species around the world 

(Isvánovics et al. 2000; Paerl & Huisman 2009; Posselt et al. 2009). This is of particular 

concern as many cyanobacteria produce harmful toxins, including hepato-, neuro and 

cytotoxins. One toxin of major importance is cylindrospermopsin (CYN), an alkaloid 

hepatotoxin produced in several genera including Raphidiopsis raciborskii (Bláha et al. 

2009; Burford & Davis 2011). In humans, CYN can cause necrotic injury to organs 

including the liver, kidneys, spleen, lungs, and intestine, as well as being a protein 

synthesis inhibitor and genotoxic (Bláha et al. 2009). With global temperatures 

expected to continue rising, so too is a potential increase in the geographical range and 

frequency and severity of toxic cyanobacterial blooms around the world (Wiedner et al. 

2007; Paerl & Huisman 2009; O’Neil et al. 2012). 

High-affinity P uptake has mostly been studied with cultured cyanobacterial 

species responding to imposed P regimes (e.g., Jansson 1993; Wagner et al. 1995; 

Donald et al. 1997; Isvánovics et al. 2000; Ritchie et al. 2001), and to a lesser extent in 

natural phytoplankton assemblages (e.g., Aubriot et al. 2000; Tanaka et al. 2006). More 

recently, genes involved in producing high-affinity P-binding proteins for high-affinity 

uptake have been identified in a range of cyanobacteria and some eukaryotic algae 

(Dyhrman & Haley 2006; Orchard et al. 2009; Bar-Yosef et al. 2010). This 

understanding at the molecular level, however, has not been well translated to an 

understanding at the ecological level. 
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2.1.1 Aims and objectives 

The aim of this study was to quantify the drivers of phytoplankton P uptake rate, and 

how phytoplankton P uptake rate relates to seasonal phytoplankton succession in a large 

monomictic, DIP-depauperate lake, Lake Wivenhoe, Queensland, Australia. It was 

hypothesised that as DIP became depleted, the phytoplankton assemblage would 

transition towards one with the ability to perform high-affinity uptake. To validate this 

prediction, the P uptake response was also determined in the dominant cyanobacteria, 

Raphidiopsis raciborskii. 
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2.2 Materials and methods 

2.2.1 Site description 

Lake Wivenhoe (27°23′38″S; 152°36′28″E) is a warm-monomictic reservoir in 

southeast Queensland, Australia. The climate of the region is subtropical, with mean 

monthly rainfall of 75 mm in summer and 34 mm in winter (Burford & O'Donohue 

2006). Its watershed area is 7020 km2, comprising ~50% forested and 50% agricultural 

land used primarily for cattle grazing (Leigh et al. 2015). The lake receives input water 

from an upstream dam (Somerset Reservoir), the Upper Brisbane River, and via a 

pumpback hydroelectric power station (Splityard Creek; Gibbes et al. 2009; O'Brien et 

al. 2016). At full water storage capacity its volume is 1 165 000 ML, area is 107 km2, 

and mean depth is 10.7 m (Leigh et al. 2015). The lake stratifies during the summer wet 

season (austral summer, Oct–May). The phytoplankton community is generally 

dominated by bacillariophytes and chlorophytes during winter and by cyanobacteria, 

including the toxic R. raciborskii, during summer (Burford & O'Donohue 2006; Muhid 

et al. 2013). 

2.2.2 Data collection 

I sampled 4 sites in Lake Wivenhoe from February 2009 to January 2010. The sites 

were selected within the drowned river channel that forms a longitudinal transect along 

Lake Wivenhoe (Figure 2.1). The sites were within 3 distinct sub-basins; Site 1 in the 

upstream-riverine zone, Sites 2 and 3 at either end of the midstream-transitional zone 

and Site 4 in the downstream−lacustrine zones near the dam wall, referred to as the 

‘basin’. Water depths at the sites varied during the study due to a substantial inflow 

event in mid-May 2009, when ~200 000 ML of water entered the lake in 1 week, 

increasing the dam storage from 46 to 63% of full storage capacity and increasing the 

water level by 3 m (from 28 to 31 m at the dam wall) over a period of 1 wk. For 4 
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weeks after this event, more frequent sampling was undertaken. The water level 

increased approximately 6 m over the 1-year study period. The maximum depth during 

this study was 17 m at Site 1, 20 m at Site 2, 27 m at Site 3 and 34 m at Site 4. 

 

 

Figure 2.1: Lake Wivenhoe study Sites 1–4. Site 1 is nearest the inflows from the Upper Brisbane River 

and Stanley River and Site 4 is nearest the dam wall. 

 

Lake water physicochemical parameters (temperature [T], dissolved oxygen 

[DO], and pH) were measured at each site using a calibrated SONDE (model no. 6920; 

Yellow Springs Instruments, OH, USA) profiling at 1 m depth (z) intervals from 0 to 10 

m, and then at 2 m intervals to the lakebed. Temperature and DO were also measured 

sub-daily at Site 4 with a pontoon-mounted automated vertical profiling system (model 

no. 6951; Yellow Springs Instruments, OH, USA) fitted with a SONDE (model no. 

6600 V2; Yellow Springs Instruments, OH, USA), profiling every 2 h at 1 m depth 

intervals. Determination of thermocline depth was complicated due to daily intakes and 
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outtakes from an adjacent hydro-electric power station (Splityard Creek), which altered 

the thermocline structure over short timeframes (Gibbes et al. 2009). As such, the 

thermocline depth was determined as the depth of the greatest change in temperature 

over change in depth (dT/dz) > 0.5 °C m−1, rather than conventional changes in depth 

(e.g., 0.25 °C m−1; Burford et al. 2007). Where dT/dz > 0.5 °C m−1 the system was 

considered stratified (i.e., summer-stratified) and when <0.5 °C, isothermal (i.e., winter-

isothermal). Similarly, thermocline strength was determined as the greatest change in 

temperature over change in depth (dT/dz) > 0.5 °C m−1. Secchi depth was recorded at 

the same time. 

Water samples were collected in triplicate using a PVC pipe to collect 3 m 

depth-integrated surface water samples and a 3.2 L Van Dorn sampler to collect bottom 

water samples 1 m above the lakebed, or at 30 m depth if >30 m deep. Unfiltered 

subsamples were collected for total N (TN) and total P (TP) measurements, and filtered 

subsamples (0.45 µm pore size membrane filters; Millipore, Germany) were collected 

for dissolved N (DN), dissolved P (DP), oxidised forms of inorganic N (NOx-N; nitrate 

+ nitrite [NO2-N + NO3-N]), ammonium (NH4-N), and DIP analysis and stored on ice 

until frozen in the laboratory at −30 °C. Subsamples for chlorophyll-a (Chl-a) were 

syringe-filtered through precombusted glass fibre filters (GF-75; Advantec, Japan), with 

vials and foil-wrapped filters stored on ice until frozen in the laboratory at −30 °C. 

Subsamples for phytoplankton enumeration were fixed with Lugol’s solution and stored 

in the dark. Subsamples for P uptake were kept cool and in the dark until returned to the 

laboratory. Subsamples for Chl-a, phytoplankton enumeration, and P uptake were 

collected for surface water only. 
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2.2.3 Laboratory analyses 

2.2.3.1 Field samples 

Total and dissolved nutrient samples were analysed by accredited National Association 

of Testing Authorities (nata.com.au/nata/); Queensland Health, Australia, and 

Queensland Department of Environment and Resource Management, Australia. 

Samples were measured using standard colorimetric methods (American Public Health 

Association 1999) with a LACHAT 8000 Quick Chem flow injection analyzer (Lachat 

Instruments, WI, USA). Samples for measurements of NH4-N, NOx-N, and DIP were 

analysed from undigested filtered samples, DP and DN from persulphate-digested 

filtered samples, and TN and TP from persulphate-digested unfiltered samples (Ebina et 

al. 1983). Concentrations of dissolved inorganic N (DIN) were calculated as the sum of 

NOx-N and NH4-N. Concentrations of DOP and dissolved organic N (DON) were 

calculated as the difference between DP and DIP, and DN and DIN, respectively. 

Detection limits were 2 µg L−1 for filtered samples and 10 µg L−1 for unfiltered samples. 

Samples below detection limits were entered as half the detection limit. 

Chl-a was analysed photometrically on a spectrofluorometer (Jeffrey & 

Welschmeyer 1997). Filters were sonicated (Sonifier 450; Branson Ultrasonics) in 90% 

acetone and syringe-filtered (0.45 µm pore size; GF-75; Advantec, Japan) prior to 

analysis. Phytoplankton were identified to genus or species level where possible using 

phase-contrast microscopy, with cells enumerated and biovolume established from fixed 

samples using a Sedgewick Rafter counting chamber (Hötzel & Croome 1999). A 

minimum of 30 fields was counted to include at least 90% of the taxa present (McAlice 

1971). Biovolume was determined by measuring the dimensions of 30 cells for each 

observed taxa and calculating the mean volume for each using formulae for geometric 

shapes most representative of the taxa. The mean volume of each taxa was multiplied by 
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its cell count, and the product of all taxa summed to produce a biovolume (in mm3 L−1; 

Hötzel & Croome 1999). Cyanobacterial taxa were counted at all sites, and the entire 

phytoplankton assemblage was counted at Sites 2 and 4 only. 

Phytoplankton P uptake rates were quantified radiometrically using the 

radioisotope phosphorus-33 (33P) in orthophosphoric acid (PerkinElmer, MA, USA; 

Thingstad et al. 1993; Tanaka et al. 2006). Within a few hours of water collection, 500 

mL samples were equilibrated at temperatures similar to in situ water temperatures and 

incubated under fluorescent lights (Gro Light) at a light intensity of 220 µmol m−2 s−1. 

Samples were spiked with 20 µL of 33P solution of known activity, made up in a 

dilution of 0.3 Megabecquerel (MBq) 33P in 500 µL Milli-Q water. Subsamples of 5 mL 

were taken at set time intervals and filtered through 0.6 µm polycarbonate membrane 

filters (Sterlitech, WA, USA). Between 6 and 12 subsamples were collected over 2–10 

min, depending on expected turnover time (Tanaka et al. 2006), with filters analysed for 

33P radioactivity on a liquid scintillation analyser (Tri-Carb 2100TR; PerkinElmer, MA, 

USA). Also analysed were standards of known concentration, quenching standards, and 

blanks, to correct samples for radioactive decay and background radioactivity (Hudson 

& Taylor 1996). 

The turnover time (TT) for DIP was calculated as: 

 

 𝑻 =  
𝑪

𝑼
 (1) 

 

where T is the DIP turnover time (h−1), C is the in situ concentration of DIP (µg L−1 P), 

and U is the calculated P uptake (µg L−1 h−1 P). U was calculated by linear regression 

using the linear portion of the relationship between UV, the P uptake values (µg L−1 

 P), and time. Here, UV, was calculated as: 
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 𝑼𝑽 =
𝑺𝒂𝒄𝒑𝒎

𝑬𝒇𝒇
×

𝟏

𝑺𝒑𝒅𝒑𝒎
×  𝑪 (2) 

 

where Sacpm is the counts per minute of 33P in the subsample at time t, standardised to 

per litre, Eff is the efficiency of the liquid scintillation analyzer used to count 33P, C is 

the in situ concentration of DIP (µg L−1 P) of the lake water sample, and Spdpm is the 

disintegrations per minute of the 33P spike added at time t = 0 standardised to per litre 

and calculated as: 

 

 𝑺𝒑𝒅𝒑𝒎 = 𝑺𝒑𝑴𝑩𝒒 × 𝟔. 𝟎 × 𝟏𝟎𝟕 (3) 

 

where SpMBq is the radioactivity (MBq) of the 33P spike added at t = 0. Eff was 

calculated as: 

 

 𝑬𝒇𝒇 =
𝑺𝒕𝒄𝒑𝒎

𝑺𝒕𝒅𝒑𝒎
 (4) 

 

where Stcpm is the mean cpm of the standards, and Stdpm is the dpm of the standards, 

calculated as: 

 

 𝑺𝒕𝒅𝒑𝒎 = 𝑺𝒕𝑴𝑩𝒒 × 𝟔. 𝟎 × 𝟏𝟎𝟕 (5) 

 

where StMBq is the radioactivity of 33P in the standards, in MBq. 

Phytoplankton P uptake rates are presented as community values (µg L−1 h−1 P) 

and Chl-a specific values (µg P µg−1 Chl-a h−1). Concentrations of DIP in summer were 

occasionally at or below detection limits. Therefore, DIP values and their associated 

uptake rates at or less than the detection limit of 2 µg L−1 were excluded from 

subsequent analyses. 
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2.2.3.2 R. raciborskii P uptake assay 

Laboratory studies were undertaken to measure P uptake rates by R. raciborskii, the 

dominant cyanobacterium in Lake Wivenhoe during summer (Burford & O'Donohue 

2006). A non-axenic monoculture of R. raciborskii (isolated from adjacent North Pine 

reservoir, Queensland, Australia) was grown in Jaworski’s Media (JM; CCAP culture 

collection) in a growth cabinet at a constant temperature of 28°C under 12 h light:12 h 

dark cycles with illumination by fluorescent lights (Gro Light; 80 µmol photons m−2 

s−1). At the commencement of the study, a subsample of culture was used to inoculate 

200 mL of JM media without P addition. Sub-samples of 100 mL were then removed 

and replaced with P-free JM Media on Days 0, 5, 11, 18 and 26 for P uptake 

experiments using the protocols outlined above. A portion of each sub-sample was fixed 

in Lugol’s solution for measurement of cell density, and another portion was filtered for 

DIP and Chl-a concentrations as outlined above. Half of the growth media was removed 

and the culture topped up with additional P-free JM media to ensure that DIP 

concentrations in the media progressively decreased. Cell densities at the 

commencement of the study were 51 000 cells mL−1, and decreased with subsequent 

sub-culturing into P-free JM media. By the end of the culture period, cell densities were 

11 000 cells mL−1. Phosphorus uptake experiments were performed as described for 

field samples. 

2.2.4 Statistical analysis 

Statistical analysis of physicochemical data (surface water temperature, pH, DIP, DOP, 

DIN molar DIP:DIN, Chl-a, secchi depth, bottom water DIP, DOP, DIN and molar 

DIP:DIN) and P uptake rates were conducted using PRIMER 6 (Clarke & Gorley 2006). 

Changes in the variance of physicochemical data and P uptake rate between sites (1–4), 

and the mixing regime (stratified versus isothermal) were performed using repeated 
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measures permutational analysis of variance (PERMANOVA; Anderson 2001) via the 

PERMANOVA+ add-on for Primer V6 (Anderson et al. 2008). 

Classification and Regression Trees (CARTs; De'ath & Fabricius 2000; Olden et 

al. 2008) were used for statistical analyses and to explain variation in P uptake with 

regards to physicochemical data as explanatory variables via a univariate regression tree 

using the ‘rpart’ package in R v.3.14 (R Core Team 2017). CARTs are non-parametric 

and therefore ideal for modelling nonlinear data containing independent variables 

thought to interact in a hierarchical fashion. The tree is built by repeatedly partitioning 

the dataset into a nested series of mutually exclusive groups. The terminal nodes of the 

tree represent groups of samples with similar values of both response and explanatory 

variables. To calculate the overall importance of the independent variables in a decision 

tree, the CART analysis quantifies the improvement measure attributable to each 

variable in its role as a surrogate to the primary split. The values of these improvements 

are summed over each node and scaled relative to the best performing variable (Olden et 

al. 2008). Explanatory variables considered in the model included surface water 

temperature, surface DIP, surface DOP, surface DIN, bottom DIP, bottom DOP and 

bottom DIN. To avoid over-fitting the data, trees were set to a minimum terminal node 

count of 8. 

Finally, indicator phytoplankton species based on 1) the thermal regime and 2) the 

terminal nodes in the CART analysis were generated as per Dufrêne & Legendre (1997) 

using the ‘labdsv’ package (Roberts 2010). The indicator index is the product of the 

relative abundance and relative frequency of occurrence of the species within a group. 

The index ranges from 0 through 100, with an index value of 0 equating to no 

occurrences and an index value of 100 equating to species counted on all instances 

within the group and no other group (De'ath 2002). Each index value is returned with a 
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corresponding p-value. For brevity, species presented were limited to those considered 

statistically significant (p < 0.05) with indicator values >50.  
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2.3 Results 

2.3.1 Physicochemical parameters 

Variation in surface water temperature across all sites was comparable during the study 

period (ranging from 16.2°C in winter to 29.4°C in summer; Table 2.1). The water 

column was determined to be thermally stratified from September to February at Site 1, 

from August to February at Site 2, from August to March at Site 3 and from September 

to March at Site 4 (Figure 2.2). For the purposes of this study, however, the lake was 

considered stratified only where all 4 sites consisted of a dT/dz > 0.5°C m−1. 

Consequently, the lake was classified as stratified from September to February, and 

isothermal from March to August. Mean (SD) thermocline depth was 9.0 (2.4), 8.8 

(1.3), 9.1 (3.1), 13.6 (5.2) m below the surface at Sites 1, 2, 3 and 4, respectively. 

Thermocline strength (i.e., maximum dT/dz) typically reached higher values upstream, 

with mean values of 0.99 (0.54), 1.18 (0.85), 0.67 (0.33) and 0.67 (1.60) °C m−1 

recorded at Sites 1, 2, 3 and 4, respectively. 

 

Table 2.1 Mean (SD) of water quality parameters at the surface and bottom of each site over the study 

period. Surface refers to 3-m integrated surface samples and bottom to samples taken 1.5 m from the lake 

bottom. Isothermal = Mar–Aug, Stratified = Sep–Feb. 

 Site 1 Site 2 Site 3 Site 4 

 Isothermal Stratified Isothermal Stratified Isothermal Stratified Isothermal Stratified 

Surface                 

    Temp ( C) 20.8  (3.4) 26.1  (2.8) 20.1  (3.8) 25.8  (3.2) 20 5  (3.8) 26.3  (2.6) 20.7  (3.8) 26.2  (2.7) 

    pH 7 5  (0.3) 8.1  (0.9) 7.4  (0.5) 8.1  (1.2) 7 9  (0.2) 8.5  (0.6) 7.8  (0 2) 8.5  (0.7) 

    DIP (µg L−1) 21.4   (16.6) 7.8  (9.5) 15.4  (13.2) 6.4  (7.1) 2.8  (0.4) 2.9  (0.9) 3.8  (2.4) 2.5  (0.6) 

    DOP (µg L−1) 22 2  (10.6) 10.8  (2.7) 17.9  (8.8) 8.2  (2.2) 11.6  (2.0) 8.6  (3.3) 9.9  (4.7) 8.8  (4.0) 

    DIN (µg L−1) 81.6  (64.7) 21.4  (4.9) 70.0  (79.9) 21.4  (9.1) 14 5  (12.1) 16.8  (7.6) 86.0  (68.9) 15.8  (6.7) 

    DIN:DIP (molar) 13.0  (11.3) 11.9  (7.3) 12.7  (11.9) 15.2  (10.8) 11.4  (8.6) 13.1  (6.1) 62.7  (74.3) 14.6  (6.0) 

    Chl-a (µg L−1) 12.7  (7.3) 22.4  (11 5) 15.2  (9.5) 19.9  (10.4) 14.4  (3.8) 14.6  (7.3) 8.1  (2.7) 11.2  (4.6) 

    Secchi (m) 1 2  (0.3) 1.2  (0.3) 1.2  (0.4) 1.3  (0.2) 1.4  (0.2) 1.5  (0.3) 1.7  (0 3) 1.6  (0.3) 

                 

Bottom                 

    DIP (µg L−1) 30 2  (20.5) 32.0  (12.7) 34.3  (24.9) 37.0  (7.2) 22 1  (12.3) 23.8  (11.2) 11.3  (5.7) 17.8  (9.4) 

    DOP (µg L−1) 6 1  (5.6) 75.0  (114.3) 9.6  (4.7) 89.0  (92.0) 7 3  (6.0) 75.8  (81.1) 12.7  (22.4) 21.8  (52 3) 

    DIN (µg L−1) 151.8  (66.8) 412.9  (415.7) 178.7  (60.5) 466.4  (338.3) 198 3  (57.5) 444.1  (322 3) 303.7  (265.9) 330.3  (222.5) 

    DIN:DIP (molar) 15.6  (8.7) 24.4  (17.7) 20.1  (15.7) 25.9  (13.8) 25 2  (16.0) 48.0  (50.2) 64.3  (59.5) 49.6  (46.6) 
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Figure 2.2: a) Water temperature (°C), and b) dissolved oxygen concentration (mg L−1) by elevation (m 

above lakebed; m ALB) and time at Site 4, over the 1-year study period (Feb 2009 to Jan 2010). Plots 

were generated in Ocean Data View 3.4.1 (Schlitzer 2008). 

 

Surface pH was significantly higher (F 1, 28 = 3.7, p = 0.03) at all sites under 

stratified conditions (mean, x̄ [SD] = 8.1 [0.9] to 8.5 [0.7]) compared to isothermal 

conditions (x̄ = 7.4 [0.5] to 7.9 [0.2]; Table 2.1). pH varied significantly between sites 

(F 3, 28 = 6.8, p < 0.01), and was elevated downstream at Sites 3 (x̄ = 8.2 [0.5]) and 4 (x̄ 

= 8.2 [0.6]) relative to upstream Sites 1 (x̄ = 7.8 [0.7]) and 2 (x̄ = 7.7 [0.9]). 

Surface water DIN concentrations did not vary significantly between stratified 

and isothermal conditions (F 1, 28 = 2.9, p = 0.07; Table 2.1). However, surface DIN 

concentrations varied significantly between sites (F 3, 28 = 2.8, p = 0.05), largely due to 

differences in concentrations between Site 3 and the other sites. Mean surface DIN 

concentrations were 82 (65), 70 (80), 15 (12) and 86 (69) µg L−1 during isothermy, and 

21 (5), 21 (9), 17 (8) and 16 (7) µg L−1 during summer-stratification at Sites 1, 2, 3 and 
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4, respectively. Bottom water DIN did not vary significantly between sites (F 3, 19 = 1.2, 

p = 0.35) or between stratified and isothermal conditions (F 1, 19 = 1.8, p = 0.19). 

Secchi depth across all sites increased significantly in a downstream manner (F 3, 

25 = 5.1, p < 0.01), with a mean of 1.2 (0.3) m at Site 1 through 1.7 (0.3) m at Site 4 

(Table 2.1). Secchi depth, however, showed no significant variation between stratified 

and isothermal conditions (F 3, 25 = 1.6, p = 0.23), with differences in mean depths <0.1 

m at all sites. Surface water Chl-a varied significantly with site (F 3, 28 = 5.0, p < 0.01; 

Table 2.1). Mean concentrations at Sites 1–4 were 18 (11), 17 (10), 15 (6) and 10 (4) µg 

Chl-a L−1, respectively. Chl-a did not vary significantly between stratified and 

isothermal conditions (F 1, 28 = 1.6, p = 0.23), with mean concentrations of 17 (9) µg L−1 

during stratified and 13 (7) µg L−1 during isothermal conditions. 

2.3.2 Phosphorus concentrations 

Surface DIP concentrations were typically higher during isothermal conditions (x̄ = 11 

[12] µg L−1) than during stratified conditions (x̄ = 5 [6] µg L−1; Figure 2.3a); however, 

since higher concentrations did not completely overlap with isothermal conditions, there 

was no significant difference between the 2 periods (F 1, 28 = 2.1, p = 0.15). Surface DIP 

concentrations varied significantly between sites (F 3, 28 = 6.6, p < 0.01) and generally 

decreased downstream, with means of 14 (14), 11 (11), 3 (1) and 3 (2) µg L−1 at Sites 1, 

2, 3 and 4, respectively. Variation between stratified and isothermal surface DIP 

concentrations was considerable upstream but negligible downstream, where surface 

DIP concentrations were low year round (Figure 2.3a). Bottom water DIP 

concentrations were greater than surface water concentrations and varied little between 

stratified and winter- isothermal conditions (F 1, 28 = 0.2, p = 0.98). Bottom water DIP 

varied significantly between sites (F 3, 28 = 7.2, p < 0.01) and generally decreased in a 
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downstream direction, with means of 31 (16), 36 (18), 23 (11) and 15 (8) µg L−1 at Sites 

1, 2, 3 and 4, respectively. 

There was a wide range of molar DIN:DIP ratios in the surface water within 

each site and within each thermal regime, i.e., stratified and isothermal conditions, in 

both surface and bottom waters (Figure 2.3b). DIN:DIP ratios in the surface waters 

ranged between lows of 0.8:1 (Site 2, 23 September) and highs of 207:1 (Site 4, 21 

April); and in the bottom waters, lows of 7:1 (Site 1, 24 June) and highs of 178:1 (Site 

4, 21 April). Overall, DIN:DIP ratios were highest at Site 4, predominantly during 

periods of isothermy. 

 

 

Figure 2.3: a) Mean (SD) surface dissolved inorganic phosphorus (DIP) concentrations (μg L−1), and b) 

surface dissolved inorganic nitrogen (DIN):DIP at Sites 1, 2, 3 and 4 over the study period (Feb 2009 to 

Jan 2010). Horizontal black line denotes 16:1 N:P Redfield Ratio; shaded area denotes period of 

isothermy. No sample was taken at Site 1 on 22 July. 
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Surface DOP concentrations did not vary significantly between isothermal (x̄ = 

14 [7] µg L−1) and stratified conditions (x̄ = 9 [3] µg L−1) (F 1, 28 = 1.5, p = 0.26; Table 

2.1). Surface DOP concentrations varied significantly between sites (F 3, 28 = 7.7, p < 

0.01) and decreased in a downstream direction, with mean concentrations of 16 (9), 14 

(8), 10 (3) and 9 (4) µg L−1 measured at Sites 1–4. Unlike surface water, bottom water 

DOP concentrations during summer-stratification were significantly (F 1, 28 = 5.6, p = 

0.02) higher than those measured during isothermy, with means of 75 (83) µg L−1 and 7 

(12) µg L−1, respectively. During stratified conditions, concentrations commonly 

reached values in excess of 100 µg L−1, with a maximum concentration of 289 µg L−1 

measured at Site 1 on 20 January. Mean bottom water DOP was noticeably lower at Site 

4 (27 [43] µg L−1) than the other sites (44 [88], 46 [71] and 41 [66] µg L−1 at Sites 1–3, 

respectively). Bottom water DOP concentrations did not vary significantly between sites 

(F 3, 28 = 0.6, p = 0.60). 

2.3.3 Phytoplankton composition 

The 10 most abundant species throughout the study period were all cyanobacteria, with 

the filamentous species Planktolyngbya limnetica, and the small colonial species 

Aphanocapsa spp. and Aphanothece spp. the most abundant numerically. Similarly, of 

the 10 species comprising the largest biovolume, 8 were cyanobacteria, with 

filamentous R. raciborskii, Dolichospermum circinale (previously Anabaena circinalis) 

and other Dolichospermum spp. (previously Anabaena spp.) making up the largest 

biovolume. Specifically, R. raciborskii comprised up to 41% of the cyanobacteria and 

21% of the total biovolume during stratified conditions. Cyanobacterial densities were 

highest during summer-stratification and generally increased downstream (Figure 2.4a). 

Maximum cell concentrations and biovolumes were 249 000 cells mL−1 and 4.7 mm3 

L−1, 348 000 cells mL−1 and 4.6 mm3 L−1, 872 000 cells mL−1 and 7.9 mm3 L−1 and 679 
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000 cells mL−1 and 5.3 mm3 L−1 at Sites 1–4, respectively. The cyanobacteria 

Planktolyngbya limnetica, Aphanothece spp., Gloeothece spp., Myxobaktron spp. and 

D. circinale and the chlorophytes Tetraedron spp. and Oocystis spp. were the strongest 

indicators of stratified conditions. 

 

 

Figure 2.4: Biovolumes of a) dominant phytoplankton phyla at Site 4, and b) total cyanobacteria at Sites 

1, 2, 3 and 4 over the study period (Feb 2009 to Jan 2010). Shaded area denotes period of isothermy 

 

Other than cyanobacteria, many chlorophyte, cryptophyte and diatom species 

were identified in the lake during the study. They were, however, most abundant during 

isothermy (Figure 2.4b). It was under these conditions that the diatoms comprised the 

largest proportion of the assemblage biovolume, although cyanobacteria remained the 

most numerically abundant. The numerically dominant genera were the chlorophyte 
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Monoraphidium spp., the cryptophyte Chroomonas spp. and an unidentified colonial 

chlorophyte, while the cryptophyte Cryptomonas spp. and the diatoms Aulacoseira spp. 

and Urosolenia spp. dominated by biovolume. The strongest indicators of isothermy 

were the diatoms Aulacoseira spp., Urosolenia spp., an unidentified filamentous 

diatom, and the chlorophtyes Chlamydomonas spp., Carteria spp., and an unidentified 

small ovoid chlorophyte. 

2.3.4 Phytoplankton P uptake 

Specific P uptake rates varied significantly between sites (F 3, 28 = 9.0, p < 0.01) and 

between stratified and isothermal conditions (F 1, 28 = 5.8, p = 0.01). Mean specific P 

uptake rates were 4.0 (2.8) μg P μg−1 Chl-a h−1 during stratified conditions and 1.6 (2.1) 

μg P μg−1 Chl-a h−1 during isothermal conditions. Mean annual specific P uptake rates 

were typically higher downstream than upstream, i.e., 1.3 (1.5), 1.6 (2.0), 3.9 (2.7) and 

4.3 (3.2) μg P μg−1 Chl-a h−1 at Sites 1, 2, 3 and 4, respectively (Figure 2.5). The 2 most 

upstream sites (Sites 1 and 2) exhibited higher monthly variation, whereas the 

downstream sites had consistently high uptake during the stratified period. Calculated 

TTs for DIP (i.e., the time taken by the phytoplankton to assimilate the DIP pool) were 

substantially shorter during stratified conditions. Under these conditions, when surface 

DIP concentrations were commonly at or below detection limits (<2 μg L−1), TTs were 

on the order of minutes (as low as 2 min). Conversely, under isothermal conditions 

when DIP concentrations were higher, TTs were as long as 22 h. 
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Figure 2.5: Mean (SD) surface specific phosphorus (P) uptake rates (μg P μg−1 Chl-a h−1) across Sites 1, 

2, 3 and 4 over the 1-year study period (Feb 2009 to Jan 2010). Shaded area denotes period of isothermy. 

 

Across all sampling sites and times, specific P uptake rates in the surface waters 

were highest (but highly variable) at the lowest surface DIP concentrations, correlating 

with the transition of 4.75 μg L−1 DIP (Figure 2.6a). Above 4.75 μg L−1 P, specific P 

uptake rates (excluding 1 outlier measured at Site 2 on 16 January 2009) were at their 

lowest, increasing linearly (R2 = 0.36) with surface water DIP concentrations (Figure 

2.6b). Biomass-specific P uptake rates (μg P mm3 h−1) demonstrated the same 

relationship with DIP concentration as Chl-a specific P uptake rates (Figure 2.6c). 
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Figure 2.6: Mean (SD) surface dissolved inorganic phosphorus (DIP) concentrations (μg L−1) versus 

mean specific P uptake (μg P μg−1 Chl-a h−1) for a) the entire data set (Feb 2009 to Jan 2010), and (b) at 

DIP concentrations > 4.75 μg L−1 (excluding an outlier measured at Site 2 on 16 January 2009). Also 

shown are c) mean surface DIP concentrations versus mean biovolume specific P uptake (μg P mm3 h−1) 

at Sites 2 and 4. Vertical dashed line denotes 4.75 μg L−1 DIP. 
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2.3.5 Association between DIP concentration and phytoplankton P uptake 

and composition 

Surface water DIP concentration and water temperature explained 50.3% of the 

variation in P uptake rate (Figure 2.7). The branching sequence of the regression tree 

had DIP concentration as the primary split occurring at 4.75 µg P L−1 and surface water 

temperature as secondary split at DIP concentrations below 4.75 µg P L−1. The resulting 

regression tree ended with 3 terminal nodes at 1) DIP concentration >4.75 µg l−1 with a 

mean P uptake rate of 0.4 µg P µg−1 Chl-a h−1, 2) DIP concentration <4.75 µg L−1 and 

temperature <26.85°C with a mean P uptake rate of 3.3 µg P µg−1 Chl-a h−1, and (3) 

DIP concentration <4.75 µg L−1 and temperature >26.85°C with a mean uptake rate of 

5.6 µg P µg−1 Chl-a h−1. Further splits in the data based on the best alternative splits did 

not improve the model fit significantly. 

 

 

Figure 2.7: Regression tree of surface phosphorus (P) uptake (μg P μg−1 Chl-a h−1; Feb 2009 to Jan 

2010). 
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A total of 13 species were identified as strong indicators of a terminal node in 

the CART analysis. The strongest indicators of terminal node 1 (DIP concentration 

>4.75 µg L −1) were an unidentified filamentous diatom, and unidentified small ovoid 

chlorophyte. At terminal node 2 (DIP concentration <4.75 µg L−1 and temperature 

<26.85 °C), the cyanobacteria Merismopedia punctata and Aphanocapsa spp. and the 

chlorophyte Fusola spp. were the strongest indicators. Finally, at terminal node 3 (DIP 

concentration <4.75 µg L−1 and temperature >26.85 °C), Monoraphidium spp., 

Urosolenia spp. and 6 species of cyanobacteria (Planktolyngbya minor, Gloeothece 

spp., Planktolyngbya limnetica, Pseudanabaena limnetica, R. raciborskii and 

Rhabdoderma spp.) were the strongest indicators. 

In addition, R. raciborskii monocultures progressively starved of DIP were 

shown to increase their specific P uptake rates in a manner resembling Michaelis-

Menten kinetics with respect to time: y = 2.417x/ (3.144 + x) (Figure 2.8). During this 

time, specific P uptake rates went from 0.06 μg P μg−1 Chl-a h−1 on Day 0 of the 

experiment to 2.2 μg P μg−1 Chl-a h−1 by Day 26, corresponding to a 36-fold increase in 

specific P uptake rate. The theoretical maximum uptake rate was 2.4 μg P μg−1 Chl-a 

h−1. Measured DIP concentrations were less than the detection limit (2 μg L−1) 

throughout the duration of the experiment. 
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Figure 2.8: Lab-based phosphorus (P) uptake (μg P μg−1 Chl-a h−1) in cultures of Raphidiopsis 

raciborskii. Cultures were placed in P-free media and sampled every 3 to 5 d. Error bars denote 1 SD for 

3 replicates. NB. sample on Day 12 consists of only 1 replicate (n = 1). 
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2.4 Discussion 

In this chapter it was demonstrated that specific uptake rates of DIP by phytoplankton 

were higher during the stratified period when DIP concentrations were at their lowest, 

i.e., <4.75 μg L−1. Furthermore, P uptake rates were demonstrated to increase in 

response to progressive DIP-starvation in culture studies of R. raciborskii, one of the 

dominant cyanobacteria in Lake Wivenhoe (Burford & O'Donohue 2006; Muhid 2011). 

This study also represents the first attempt to explain variation in P uptake with the 

physicochemical data by multivariate means, with 50.3% of the variation in P uptake 

rate explained by surface water DIP concentration and temperature. This study also 

shows that the best indicator species of elevated P uptake rates, based on species 

abundance, were primarily cyanobacteria, including R. raciborskii. 

Specific P uptake rates in Lake Wivenhoe were substantially elevated under 

stratified conditions. Specific P uptake rates during stratified conditions were 4.2 μg P 

μg−1 Chl-a h−1, and specific P uptake rates during isothermal conditions were 1.6 μg P 

μg−1 Chl-a h−1. Using carbon to Chl-a ratios ranging from 1:27 to 1:67 as with Riemann 

et al. (1989), reported uptake rates were equivalent to 88 to 218 μmol P mg C−1 d−1 

during stratified conditions and 33 to 83 μmol P mg C−1 d−1 during isothermy. These 

rates were comparable to those reported in the literature, which were as high as 236 

(Isvánovics et al. 2000) and 631 μmol P mg C−1 d−1 (Posselt 2010). Turnover times (i.e., 

DIP concentration divided by P uptake rate) during winter were on the order of hours to 

days, while during summer were in the order of minutes. Rapid TTs found in this study 

were consistent with a study of a stratified P-limited North American lake, showing TTs 

of 5 to 8 min (Nowlin et al. 2007), and a study of 53 P-limited North American lakes 

showing TTs of 1 to 10 min (Hudson et al. 2000). 
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Specific P uptake rates in Lake Wivenhoe were largely explained (50.3% of the 

variation) by both surface water DIP and surface water temperature. Although such a 

relationship has not yet been published in the literature, both variables have precedence 

in explaining the rate of P uptake by phytoplankton. External DIP concentration has 

often been associated with enhanced DP uptake rate, where rates substantially increase 

as external DIP concentrations fall below the said threshold (e.g., Aubriot et al. 2011). 

In the present study, surface water DIP concentration had a strong effect on P uptake 

rate where phytoplankton community P uptake kinetics increased substantially at a 

concentration below 4.75 μg L−1 DIP. Despite this, there was considerable variability in 

the uptake rates below this threshold. DIP concentration was therefore shown to be a 

necessary (but not the only) variable explaining variation in P uptake rate. Much of this 

variation in P uptake rates below concentrations of 4.75 μg L−1 was explained in the 

model by surface water temperature, with 26.85°C appearing to be an important 

threshold. Changes in temperature have substantial effects on phytoplankton 

physiology, including affecting enzyme activity (e.g., alkaline phosphatase; Healey & 

Hendzel 1979), as well as N uptake rates (Reay et al. 2001) and P uptake rates (Rhee & 

Gotham 1981). 

Transition from low to high P uptake rates at DIP concentrations of 4.75 μg L−1 

indicates a change between low-and high-affinity P uptake in Lake Wivenhoe. Above 

4.75 μg L−1, DIP is taken up via the Pit system. This process is energetically inexpensive 

as DIP passively crosses the transmembrane electrochemical gradient into the cell 

(Jansson 1988; Vershinina & Znamenskaya 2002). Conversely, at concentrations below 

4.75 μg L−1 DIP, Pho regulon genes are induced, encoding and upregulating the high-

affinity pstS and sphX P-binding proteins of the repressible Pst system (Jansson 1988; 

Vershinina & Znamenskaya 2002; Orchard et al. 2009). These high-affinity binding 
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proteins bind and transport DIP into the cell, enabling species to assimilate DIP at 

nanomolar levels (Aubriot & Bonilla 2012). As high-affinity uptake is energetically 

expensive, species will use the passive low-affinity Pit system by default, and the Pst 

system will only be initiated (in those that possess it) when DIP cannot be taken up at 

concentrations sufficient to ensure their survival. 

Diatoms, cryptophytes and chlorophytes dominated the phytoplankton 

biovolume under isothermal conditions in Lake Wivenhoe. Isothermal conditions were 

largely characterized by lower water temperatures, elevated surface water DIP 

concentrations, and reduced P uptake rates. Furthermore, as water temperatures cooled 

in autumn and the water column mixed, accumulated DIP in the bottom waters was 

mixed into surface waters, resulting in increased surface water DIP. Such a relationship 

is typical of seasonally stratified systems and has been previously reported in Lake 

Wivenhoe (Muhid & Burford 2012) as well as other neighbouring lakes (Burford & 

O'Donohue 2006). These cooler and well-mixed waters during winter create more 

suitable growing conditions for species such as diatoms and cryptophytes with lower 

temperature optima (Paerl & Huisman 2009). Water column instability during 

isothermal conditions is also ideal for diatoms to reduce sinking out of the surface 

waters, as occurs during stratified conditions (Istvánovics et al. 1994; Paerl & Huisman 

2009). The dominance of diatoms, cryptophytes and chlorophytes during this period, as 

well as diatom and chlorophytes being indicator species, appears to reflect the low 

measured P uptake rates, and is consistent with the low-affinity uptake mode as 

described by Michaelis-Menten kinetics (Dugdale & Goering 1967). 

Cyanobacteria principally dominated the phytoplankton numerically and by 

biovolume under stratified conditions in Lake Wivenhoe. They also proved the best 

indicator species under such conditions. Stratified conditions were characterized by 
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higher water temperatures and P-depauperate conditions. These conditions are ideal for 

cyanobacteria, many of which possess a high temperature optima and the ability of 

high-affinity P uptake (Robarts & Zohary 1987; Burford & Davis 2011). Eight 

cyanobacteria were also found to be indicative of the elevated P uptake rate in Lake 

Wivenhoe as denoted by the terminal nodes in the CART analysis. Of these species, R. 

raciborski (Isvánovics et al. 2000) has been reported as having the ability of high-

affinity P uptake, while other numerically dominant species such as Dolichospermum 

spp. were not revealed as an indicator to possess the ability. It is possible that other 

cyanobacterial species either identified as indicator species of elevated P uptake rates, 

or other dominant species, also possess the capacity for high-affinity uptake. The results 

of the field and laboratory studies nonetheless suggest that DIP depletion is promoting 

high-affinity P uptake under P-limited conditions. Possession of a high-affinity uptake 

system may provide a competitive advantage over others in which the process is either 

absent or weakly developed (Isvánovics et al. 2000; Posselt et al. 2009). 

Diatoms and chlorophytes comprised several of the species strongly associated 

with elevated P uptake. Although not numerically abundant, the presence of Urosolenia 

spp., Fusola spp. and Monoraphidium spp. were indicative of high P uptake as seen in 

terminal nodes 2 and 3 of the CART analysis. While none of these species are known to 

possess high-affinity P uptake genes, some eukaryotic algae, such as the 

coccolithophorid Emiliania huxleyi (Riegman et al. 2000) and the diatom Thalassiosira 

pseudonana (Dyhrman et al. 2012), possess the capacity for high-affinity P uptake. 

This, however, is the exception rather than the rule. It is therefore unlikely that the 

species in this study possess the capacity for high-affinity P uptake, although 

temperature may be important. Shafik et al. (1997) and Mitrovic et al. (2010) surmised 
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that the diatom Cyclotella meneghiniana is selected for under warmer surface water 

temperatures (>23°C). 

Unexplained variation in the P uptake model may also be due factors such as 

antecedent P exposure. Aubriot et al. (2011), for instance, studied adaptive uptake 

behaviour of lake phytoplankton in response to short term fluctuations in DIP 

availability. They found that the phytoplankton had different threshold values for 

incorporation of DIP into the polyphosphate pool depending on their recent history of 

exposure to fluctuations in DIP concentrations. This led to considerable variation in 

rates of P uptake. Moreover, the capacity of a species to store P as polyphosphate bodies 

may be a factor. Phytoplankton cell P quotas (i.e., Internal P stores) have been 

demonstrated to be superior to that of external P concentrations as P limitation 

indicators (Jansson 1988). This stands to reason as phytoplankton have the ability to 

store P in excess as polyphosphate bodies, to be used during periods where external DIP 

is limited (Thingstad et al. 1993). Consequently, there may be a lag in the up-regulation 

of inducible genes encoding those involved in increasing P uptake affinity, thus making 

phytoplankton cell P quota a better predictor of environmental DIP shortage. 

Although surface water temperature was shown to explain much of the variation 

in P uptake rates below 4.75 μg L−1, it is possible some variability may also be the result 

of analytical issues relating to measurement of DIP. Current analytical methods provide 

incomplete information as DIP is only a proxy for bioavailable P. The acid-molybdate 

colourimetric method used in this study is the method typically used for measuring DIP 

in aquatic systems. However, this method has been suggested to overestimate, by also 

measuring a portion of acid-labile organic P compounds (e.g., Hudson et al. 2000; 

Hudson & Taylor 2005). Nonetheless, the same relationship observed between DIP 

concentration and P uptake rate can be seen between DIP concentration and 
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radioactivity in dpm. Therefore, the patterns observed are real despite this apparent 

analytical problem. 

As cyanobacteria dominance is largely temperature dependent, cyanobacterial 

blooms can be expected to increase in duration and geographical range as global 

warming causes water temperatures to rise and stratification to increase (O’Neil et al. 

2012). This can already be seen with species such as R. raciborskii originating from the 

subtropical latitudes spreading northward and southward (Wiedner et al. 2007). Their 

spread will lead to drastic changes in physical, chemical and biological properties of the 

newly invaded systems. Changes could include an increase in turbidity, leading to a 

suppression of aquatic macrophytes, thus destroying habitat for many invertebrates and 

fish species in invaded systems (Paerl et al. 2001; Paerl & Huisman 2009). Higher 

temperature optima in cyanobacteria and adaptations including high-affinity uptake 

(e.g., Vershinina & Znamenskaya 2002; Orchard et al. 2009), N-fixation (e.g., Burford 

et al. 2006), and the use of organic P through phosphohydrolases (e.g., Muñoz-Martín et 

al. 2011) will give them the ability to outcompete the natural phytoplankton assemblage 

should nutrients become limiting. Furthermore, many cyanobacteria possess toxin-

producing genes such as CYN, microcystin, and paralytic shellfish poison (PSP; 

Isvánovics et al. 2000; Burford & Davis 2011). These toxins are a major threat to 

freshwater systems for drinking water, irrigation, fishing and recreational purposes 

(Carmichael 2001; Paerl et al. 2001). CYN, microcystin, and PSP may cause serious 

problems in animals and humans, including liver, kidney and intestine damage, 

gastroenteritis, fever, rashes, neurological impairment and death (Hitzfeld et al. 2000; 

Carmichael 2001; Bláha et al. 2009). 

Active high-affinity P uptake kinetics are different from those described by 

Michaelis-Menten modeled uptake kinetics. This has implications for the use of 
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plankton ecosystem models to predict phytoplankton responses to nutrients. These 

models have changed little since the 1970s and continue to use, for example, Michaelis-

Menten kinetics to describe nutrient uptake and subsequent growth (Franks 2009). As a 

result, the ability of these models to predict nutrient dynamics and phytoplankton 

concentration or biomass remains relatively poor (Arhonditsis & Brett 2004). Models 

can, however, provide a method of hypothesis testing (Franks 2009), and in the case of 

this study could be used to determine whether the high-affinity P uptake under low DIP 

availability affects model predictions of phytoplankton biomass or other measures. 

2.4.1 Conclusions 

This study demonstrates that surface DIP concentration and water temperature may be 

used to predict P uptake rates. Additionally, I determined species (primarily 

cyanobacteria) that are indicative of conditions leading to elevated P uptake. Finally, I 

demonstrated a succession in phytoplankton dominance, from cyanobacteria in stratified 

conditions to diatoms, cryptophytes and chlorophytes during isothermy. Diatom and 

chlorophyte dominance during isothermy could be largely explained by cooler water 

temperatures and water instability due to isothermal conditions, while cyanobacterial 

dominance during stratified conditions was linked to elevated P uptake rates. This study 

also validated the link between P uptake and cyanobacterial dominance by 

demonstrating that the dominant cyanobacterium, R. raciborskii, increased its P uptake 

rate as it became progressively starved of P. These findings indicate that rapid DIP 

scavenging via high-affinity P uptake is advantageous under DIP-depauperate 

conditions common during stratified conditions. High-affinity uptake will therefore 

contribute to cyanobacterial dominance in P-depauperate lakes, and contribute to the 

switch from diatom, cryptophyte, chlorophyte dominance to cyanobacterial dominance 

during stratified periods in seasonally P-depauperate lakes. 
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3.1 Introduction 

Phosphorus (P) is widely considered to be the key nutrient limiting or co-limiting (with 

nitrogen [N]) phytoplankton productivity in lakes (Schindler et al. 2008; Paerl 2009). Its 

availability influences phytoplankton composition, and excess levels can lead to 

phytoplankton blooms (Karl 2000; Mackey et al. 2007). Dissolved inorganic P (DIP) is 

considered to be the only form directly assimilated by phytoplankton to meet their 

nutritional requirements (Peters 1979; Correll 1998). It typically comprises only a small 

portion of the total P in the surface waters (Jansson 1988; Cotner & Wetzel 1992; 

Burford et al. 2012), particularly during stratified periods in warm-monomictic lakes 

(see Chapter 2). Under these conditions, the phytoplankton community often exhibits 

elevated P uptake rates (see Chapter 2), known as high affinity uptake (Aubriot & 

Bonilla 2012), and low P release rates from exudation and lysis (Hudson & Taylor 

1996). Moreover, under these conditions, cyanobacteria, many of which have the 

capacity for high-affinity P uptake (Isvánovics et al. 2000; Willis et al. 2017), often 

dominate the phytoplankton assemblage and form detrimental blooms. 

Under stratified DIP-depauperate conditions, dissolved organic P (DOP) is often 

present at concentrations several times higher than DIP (Spijkerman & Coesel 1998; 

Rengefors et al. 2001; Nausch & Nausch 2004) but has been considered not to be 

directly assimilated by phytoplankton (Spijkerman & Coesel 1998; Rengefors et al. 

2001; Nausch & Nausch 2004). DOP in surface waters instead is primarily made 

available to phytoplankton for uptake following its mineralisation by a diverse group of 

enzymes known as phosphohydrolases (Healey & Hendzel 1979; Cembella et al. 1984; 

Štrojsová & Vrba 2009). Phosphohydrolase production is largely induced by 

phytoplankton and heterotrophic bacteria as they become P limited, and it is repressed 

as their P requirements are satisfied under DIP-replete conditions (Chrost & Overbeck 
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1987; Rengefors et al. 2001; Rengefors et al. 2003). Indeed, phosphohydrolase-

mediated mineralisation and utilisation of DOP may promote elevated phytoplankton P 

uptake and biomass in the surface mixed layer (SML) under DIP-depauperate 

conditions (Duhamel et al. 2010; Ivančić et al. 2010).  

Alkaline phosphatase (AP) is considered to be the most ecologically important 

of the phosphohydrolases and has been widely studied across a variety of aquatic 

systems (Cembella et al. 1984; Duhamel et al. 2011). Its importance can be attributed to 

3 main factors: 1) ability to mineralise a broad spectrum of DOP compounds known as 

phosphomonoesters which may, for example, comprise up to 70% of DOP in lakes 

(Heath 1986; Hantke et al. 1996; Huang & Hong 1999); 2) production in a large 

proportion of phytoplankton species (e.g., Rengefors et al. 2001; Rengefors et al. 2003; 

Štrojsová et al. 2003; Štrojsová et al. 2008); and 3) inducibility by phytoplankton in 

response to DIP-depauperate conditions and repression under DIP-replete conditions, 

exemplified by inverse-hyperbolic relationships or induction–repression thresholds 

where AP activity (APA) typically increases at DIP concentrations below ~3 µg L−1 

(Sebastián et al. 2004; Labry et al. 2005; Tanaka et al. 2006). 

Studies of AP have typically focused on its application as an indicator of P stress 

or P limitation (Jamet et al. 1997; Rengefors et al. 2001; Rengefors et al. 2003) and, to 

a lesser degree, as a metric for DOP mineralisation (Dyhrman & Ruttenberg 2006; 

Ivančić et al. 2009; Duhamel et al. 2011). Few studies, however, have sought to 

quantify the contribution of DOP mineralised by APA in phytoplankton P uptake (e.g., 

Heath 1986; Chrost & Overbeck 1987; Boavida & Heath 1988; Duhamel et al. 2011), 

and no studies were identified that sought to quantify the relative contributions of DOP 

mineralised by APA versus P exudation and lysis in meeting phytoplankton P uptake. 
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3.1.1 Aims and objectives 

The primary aim of this study therefore was to determine whether, and to what extent, 

DOP mineralised by APA meets phytoplankton P uptake requirements. A secondary 

aim was to examine the association of APA with phytoplankton composition, 

particularly cyanobacterial dominance. The study was conducted in Lake Wivenhoe, 

Queensland, Australia, during the DIP-depauperate stratified period when the 

phytoplankton community exhibited elevated P uptake and was dominated by 

cyanobacteria. It was hypothesised that under these conditions, DOP mineralisation by 

APA is critical to meet phytoplankton P uptake and that elevated APA is associated 

predominantly with cyanobacterial dominance of the phytoplankton community.  
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3.2 Materials and methods 

3.2.1 Site description 

Lake Wivenhoe (27°23′38″S; 152°36′28″E) is a warm-monomictic reservoir in 

southeast Queensland, Australia. The climate of the region is subtropical, with mean 

monthly rainfall of 75 mm in summer and 34 mm in winter (Burford & O'Donohue 

2006). Its watershed area is 7020 km2, comprising ~50% forested and 50% agricultural 

land used primarily for cattle grazing (Leigh et al. 2015). The lake receives input water 

from an upstream dam (Somerset Reservoir), the Upper Brisbane River, and via a 

pumpback hydroelectric power station (Splityard Creek; Gibbes et al. 2009; O'Brien et 

al. 2016). At full water storage capacity its volume is 1 165 000 ML, area is 107 km2, 

and mean depth is 10.7 m (Leigh et al. 2015). The lake stratifies during the summer wet 

season (austral summer, Oct–May). The phytoplankton community is generally 

dominated by bacillariophytes and chlorophytes during winter and by cyanobacteria, 

including the toxic Raphidiopsis raciborskii, during summer (Burford & O'Donohue 

2006; Muhid et al. 2013). 

3.2.2 Data collection 

I sampled 4 sites in Lake Wivenhoe monthly from October 2009 to January 2010 along 

a longitudinal transect within the drowned river channel; Site 1 (depth 17 m) in the 

upstream-riverine zone, Sites 2 (20 m) and 3 (27 m) at either end of the riverine-

lacustrine transitional zone, and Site 4 (34 m) in the downstream-lacustrine zone near 

the dam wall (Figure 3.1). 

Lake water physicochemical parameters (temperature [T], dissolved oxygen 

[DO], and pH) were measured at each site using a calibrated SONDE (model no. 6920; 

Yellow Springs Instruments, OH, USA) profiling at 1 m depth (z) intervals from 0 to 10 

m, and then at 2 m intervals to the lakebed. Temperature, DO, and phycocyanin 
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fluorescence were also measured sub-daily at Site 4 with a pontoon-mounted automated 

vertical profiling system (model no. 6951; Yellow Springs Instruments, OH, USA) 

fitted with a SONDE (model no. 6600 V2; Yellow Springs Instruments, OH, USA), 

profiling every 2 h at 1 m depth intervals. Phycocyanin fluorescence was calibrated 

against measured community cyanobacterial biovolume and expressed as cyanobacterial 

biovolume (mm3 L−1). The thermocline depth was where dT/dz was consistently >0.5 

°C m−1. Photosynthetically active radiation (PAR) was measured with a 4-pi sensor 

(LiCor, NB, USA) at 0.2 m depth intervals from 0 to 1 m, and then at depths of 2 and 

3 m. Euphotic depth was calculated where PAR was 1% of the surface value. 

 

 

Figure 3.1: Lake Wivenhoe study Sites 1–4. Site 1 is nearest the inflows from the Upper Brisbane River 

and Stanley River and Site 4 is nearest the dam wall. 

 

Water samples were collected in triplicate using a PVC pipe to collect 3 m 

depth-integrated surface water samples and a 3.2 L Van Dorn sampler to collect bottom 
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water samples 1 m above the lakebed, or at 30 m depth if >30 m deep. Unfiltered 

subsamples were collected for total N (TN) and total P (TP) measurements, and filtered 

subsamples (0.45 µm pore size membrane filters; Millipore, Germany) were collected 

for dissolved N (DN), dissolved P (DP), oxidised forms of inorganic N (NOx-N), 

ammonium (NH4-N), and dissolved inorganic P (DIP) analysis and stored on ice until 

frozen in the laboratory at −30 °C. Subsamples for chlorophyll-a (Chl-a) and particulate 

inorganic P (PIP) were syringe-filtered through precombusted glass fibre filters (GF-75; 

Advantec, Japan), with vials and foil-wrapped filters stored on ice until frozen in the 

laboratory at −30 °C. Subsamples for phytoplankton enumeration were fixed with 

Lugol’s solution and stored in the dark. Subsamples for P uptake, P release, and APA 

assays were kept cool and in the dark until returned to the laboratory. Subsamples for 

Chl-a, PIP, phytoplankton enumeration, P uptake, P release, and APA assays were 

collected for surface water only. 

3.2.3 Laboratory analyses 

Total and dissolved nutrient samples were analysed by accredited National Association 

of Testing Authorities (nata.com.au/nata/); Queensland Health, Australia; and 

Queensland Department of Environment and Resource Management, Australia. 

Samples were measured using standard colorimetric methods (American Public Health 

Association 1999) with a LACHAT 8000 Quick Chem flow injection analyzer (Lachat 

Instruments, WI, USA). Samples for measurements of NH4-N, NOx-N, and DIP were 

analysed from undigested filtered samples, DP and DN from persulphate-digested 

filtered samples, and TN and TP from persulphate-digested unfiltered samples (Ebina et 

al. 1983). Concentrations of dissolved inorganic N (DIN) were calculated as the sum of 

oxidised forms of inorganic nitrogen (NOx-N) and ammonium (NH4-N). Concentrations 

of dissolved organic P (DOP) and dissolved organic N (DON) were calculated as the 
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difference between DP and DIP, and DN and DIN, respectively. Detection limits were 2 

µg L−1 for filtered samples and 10 µg L−1 for unfiltered samples. 

PIP was analysed colorimetrically (Keefe 1994), with particulate organic P 

(POP) calculated as the difference between TP and DP + PIP. PIP was extracted from 

filters in 1 mol L−1 hydrochloric acid with gentle agitation for 16 h, centrifuged for 

15 min at 4000 rpm, and syringe-filtered (0.45 µm pore size; GF-75, Advantec, Japan); 

subsamples were removed and neutralised with equal parts of 1 mol L−1 analytical grade 

sodium hydroxide prior to analysis. Chl-a was analysed photometrically on a 

spectrofluorometer (Jeffrey & Welschmeyer 1997). Filters were sonicated (Sonifier 450; 

Branson Ultrasonics) in 90% acetone and syringe-filtered (0.45 µm pore size; GF-75; 

Advantec, Japan) prior to analysis. Phytoplankton cell P quota (i.e., phytoplankton 

internal P stores) were determined as the concentration of POP relative to Chl-a 

(expressed as µg P µg−1 Chl-a). 

Phytoplankton were identified to genus or species level where possible using 

phase-contrast microscopy, with cells enumerated and biovolume established from fixed 

samples using a Sedgewick Rafter counting chamber (Hötzel & Croome 1999). A 

minimum of 30 fields was counted to include at least 90% of the taxa present (McAlice 

1971). Biovolume was determined by measuring the dimensions of 30 cells for each 

observed taxa and calculating the mean volume for each using formulae for geometric 

shapes most representative of the taxa. The mean volume of each taxa was multiplied by 

its cell count, and the product of all taxa summed to produce a biovolume (in mm3 L−1; 

Hötzel & Croome 1999). Cyanobacterial taxa were counted at all sites, and the entire 

phytoplankton assemblage was counted at Site 4 only. 

Phytoplankton P uptake rates were quantified radiometrically using the 

radioisotope phosphorus-33 (33P) in orthophosphoric acid (PerkinElmer, Massachusetts, 
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USA; Thingstad et al. 1993; Tanaka et al. 2006) as described in Chapter 2 (section 

2.2.3.1). Phytoplankton P uptake rate rates are presented as community values 

(µg L−1 h−1 P) and Chl-a specific values (µg P µg−1 Chl-a h−1). 

DIP turnover time was given by: 

 

 𝑻 =  
𝑪

𝑼
  (6) 

 

where T is the DIP turnover time (h−1), C is the in situ concentration of DIP (µg L−1), 

and U is the calculated P uptake (µg L−1 h−1 P). 

Phytoplankton P release rates were quantified radiometrically using the 500 mL 

samples spiked with 33P to measure P uptake. Once the change in incorporation of 33P in 

the particulate fraction was less than detection, a saturating “cold chase” of 

orthophosphate (PO4-P; 100 µg L−1) was added to each sample. Subsampling and 

immediate filtration through 0.6 µm pore size polycarbonate membrane filters 

(Sterlitech, WA, USA) was then conducted at ~8 h intervals for 48–72 h under a 12 h 

light:12 h dark regime. Samples were analysed on a liquid scintillation analyser per the 

method used for P uptake. Phytoplankton P release was calculated per phytoplankton P 

uptake as described in Chapter 2 (section 2.2.3.1), modified by replacing DIP with POP. 

Phytoplankton P release rates are presented as community values (µg L−1 h−1 P) and 

Chl-a specific values (µg P µg−1 Chl-a h−1). 

APA, a proxy of the potential rate of DOP mineralisation by APA, was 

quantified fluorometrically using 4-methylumbelliferyl phosphate (4-MUP) substrate 

solution (Sigma Aldrich, MO, USA; Pettersson & Jansson 1978; Hoppe 1983). Whole 

water and filtered water (0.6 µm nominal pore size; GF/F; Whatman, England) samples 
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assayed as a preliminary study in Lake Wivenhoe between December and May (austral 

summer and autumn, respectively) showed that the dissolved (i.e., bacterial) APA 

portion was small (x̄ = 6%, maximum = 16%, n = 10; authors’ unpubl. data); therefore, 

whole water samples were used for subsequent assays. Assays were incubated at 

saturating concentrations (333 µmol L−1 4-MUP), optimal temperatures (37 °C), and 

optimal pH (9.6) to achieve maximum potential rates of enzyme hydrolysis and enable 

the simplest comparison with values in the literature. At the outset (t = 0), l mL of 1 

mmol L−1 4-MUP substrate solution (0.05 mol L−1 Tris hydrochloride, pH 9.6) was 

added to 2 mL of water sample and immediately measured for fluorescence on a 

spectrofluorometer (Varian Cary Eclipse, CA, USA) at excitation and emission 

wavelengths of 360 and 440 nm, respectively. Subsequent measurements were taken at t 

= 5, 10, 15, 20, 25, and 30 mins, with samples kept in the dark at 37 °C on a dry block 

heater (Ratek, Australia) between measurements. A calibration curve with a 4-

methylumbelliferone sodium salt (4-MUF; Sigma Aldrich, MO, USA) standard was 

used to express fluorescence readings as the rate of APA-mediated DOP mineralisation 

(in µg L−1 h−1 P). Alkaline phosphatase activity is presented as community values 

(µg L−1 h−1 P) and Chl-a specific values (µg P µg−1 Chl-a h−1). 

3.2.4 Statistical analyses 

Summary statistics for physicochemical parameters and the phytoplankton assemblages 

were performed using Microsoft Excel 2016 (Microsoft Corporation 2016). 

Relationships among physicochemical parameters and individual cyanobacterial taxa 

were quantified via Spearman’s rank-order correlation to account for violations of 

normality and linearity. Correlation coefficients (rs) were considered significant at p < 

0.05. 
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The relationship between the cyanobacterial assemblage and APA was determined 

using the non-metric multidimensional ordination (NMDS) function of the vegan 

package (Oksanen et al. 2018) in R 3.40 (R Core Team 2017). The NMDS was 

performed on cyanobacteria taxa biovolume using the metaMDS function, which 

combines several standard recommendations for conducting NMDS according to 

Minchin (1987). Community and Chl-a specific APA (as vectors) and sampling month 

(as centroids) were assessed for significance using Monte-Carlo permutation tests (n = 

999) and considered significant at p < 0.05.  
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3.3 Results 

3.3.1 Physicochemical parameters 

Lake Wivenhoe was vertically stratified throughout the 4-month study period (Figure 

3.2a, Site 4 shown). Stratification was relatively weak, and temperature gradients at the 

thermocline were mostly <1.0 °C m−1. Surface water temperature was between 22.8 and 

29.4 °C (Figure 3.2b, Site 4 shown), and surface water pH was between 8.2 and 9.6 

(Table 3.1). Dissolved oxygen concentrations in the surface waters were high (6.9–9.9 

mg L−1) and in the bottom waters low (typically <1 mg L−1; Figure 3.2c, Site 4 shown). 

The euphotic depth varied between 2.1 and 5.5 m (Table 3.1) and was less than the 

thermocline depth (dT/dz maximal) for the duration of the study. 

Mean (SD) TN concentrations in surface and bottom waters were 758 (208) and 

874 (329) µg L−1, respectively. In surface waters, DON comprised the majority of the 

TN, typically at concentrations >400 µg L−1 (Table 3.1), with NH4-N (mean, x̄ [SD] = 

11 [3] µg L−1) and NOx-N (x̄ = 12 [2] µg L−1) concentrations low (Table 3.1). In bottom 

waters, DON remained relatively stable at ~300 µg L−1 while DIN typically increased as 

the study progressed, from 210 (71) µg L−1 in October to 869 (313) µg L−1 in January 

(Table 3.1). Mean Chl-a concentrations in the surface waters were 18 (11) µg L−1 over 

the study period. Chl-a concentrations increased between October (12 [3] µg L−1) and 

December (30 [10] µg L−1) before decreasing in January (13 [4] µg L−1; Table 3.1). 
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Figure 3.2: a) Change in temperature per change in depth (dT/dz; °C m−1), b) temperature (°C), c) 

dissolved oxygen concentration (mg L−1), and cyanobacterial biovolume (mm3 L−1) by elevation (m above 

lakebed; m ALB) and time at Site 4, over the 4-month study period (Oct–Jan). Plots 

were generated in Ocean Data View 3.4.1 (Schlitzer 2008). 
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Table 3.1 Monthly mean (SD) of water quality and nutrient parameters in the surface (3 m depth-

integrated) and bottom (1 m from lakebed) waters from Sites 1–4 over the 4-month study period (Oct–

Jan). 

  October  November  December  January 

Euphotic depth m 4.6  (0.8)  4.1  (1.5)  3.4  (0.9)  4.8  (0.3) 

                 

Surface                 

   Temperature C 23.3  (0.4)  26.7  (0.4)  28.4  (0.3)  29.1  (0.2) 

   Dissolved Oxygen mg L−1 9.5  (0.3)  7.5  (0.2)  8.1  (0.2)  7.5  (0.6) 

   pH - 8.4  (0.2)  8.6  (0.1)  9.1  (0.3)  8.5  (0.2) 

   TN µg L−1 647.5  (59 1)  867.5  (368.5)  862.5  (111 5)  655.0  (69.5) 

   DIN µg L−1 22.3  (3.9)  20.3  (3.5)  25.8  (4.0)  22.3  (1.7) 

   DON µg L−1 507.5  (55.7)  547.4  (144.0)  523.3  (124 9)  542.2  (153.8) 

   TP µg L−1 45.0  (12.0)  50.5  (19.2)  38.3  (12.6)  33.0  (9.6) 

   DIP µg L−1 3.3  (2.5)  3.0  (0.4)  3.9  (1.0)  3.0  (0.0) 

   DOP µg L−1 11.5  (3.1)  8.0  (3.8)  6.1  (3.3)  5.3  (1.7) 

   TN:TP (mass) - 14.9  (2.8)  17.2  (2.1)  23.6  (4.4)  20.8  (4.4) 

   DIN:DIP (mass) - 9.3  (4.6)  6.7  (0.5)  6.9  (1.8)  7.4  (0.6) 

   Cell P quota µg P µg−1 Chl-a 1.7  (0.2)  2.0  (0.9)  0.5  (0.1)  0.8  (0.4) 

   Chlorophyll-a µg L−1 11.5  (2.6)  17.9  (12.2)  30.1  (10.0)  12.6  (3.5) 

                 

Bottom                 

   Temperature C 19.0  (0.6)  20.1  (0.2)  21.3  (0.5)  21.8  (0.5) 

   Dissolved Oxygen mg L−1 0.8  (0.9)  0.2  (0.1)  0.1  (0.0)  0.1  (0.0) 

   pH - 7.2  (0.1)  7.2  (0.1)  7.4  (0.2)  7.1  (0.1) 

   TN µg L−1 654.5  (25 9)  650.1  (47.5)  867.3  (205 2)  1324.4  (311 5) 

   DIN µg L−1 210.4  (70.7)  225.1  (27.7)  438.0  (146.4)  868.9  (313.0) 

   DON µg L−1 335.4  (54.6)  337.5  (47.1)  316.3  (61.1)  336.7  (60.6) 

   TP µg L−1 54.0  (25 3)  97.4  (53.0)  198.7  (88.1)  270.8  (129 9) 

   DRP µg L−1 22.3  (10.8)  21.5  (8.3)  36.1  (7.1)  41.9  (7.5) 

   DNP µg L−1 2.8  (2.1)  33.4  (31.3)  108.2  (41.5)  158.2  (82.7) 

   TN:TP (mass) - 14.7  (7.7)  9.4  (7.2)  4.8  (1.3)  5.5  (1.7) 

   DIN:DIP (mass) - 10.2  (2.3)   12.0  (5.9)   11.9  (2.3)   20.2  (4.2) 

 

3.3.2 Phosphorus concentrations 

Mean TP concentrations in surface waters were 42 (14) µg L−1 over the study period. 

Mass ratios of TN:TP in surface waters were greater than the Redfield (1958) ratio (16:1 

molar; 7.2:1 mass). In bottom waters, mean TP concentrations were 155 (115) µg L−1 

and typically increased during the study (Table 3.1). 

DIP concentrations in surface waters were mostly in the range of 2–5 µg L−1 

(Figure 3.3a). Molar ratios of DIN:DIP approximated Redfield (1958) ratios with a 

mean of 16.9 (SD 5.3; 7.6 [2.4] mass) for the study period (Table 3.1). Bottom water 

DIP concentrations were ~10 times those of the surface waters and generally increased 

over the study period (Table 3.1; Figure 3.3b). 
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Figure 3.3: Dissolved inorganic phosphorus (DIP; µg L−1), dissolved organic phosphorus (DOP; µg L−1), 

and phytoplankton cell P quota (µg P µg−1 Chl-a; surface only) concentrations at the a) surface (3 m 

depth-integrated) and b) bottom (1 m from lakebed), at Sites 1–4 over the 4-month study period (Oct–

Jan). N.B. Different scales for vertical axes in ‘a)’ and ‘b)’; hatched line in ‘a)’ denotes 2 µg L−1 detection 

limit; ˣ denotes phytoplankton cell P quota not sampled; DIP (n = 2), DOP (n = 2), phytoplankton cell P 

quota (n = 1). 

 

DOP comprised most (x̄ = 68% [12%]) of the DP in the surface waters 

throughout the study period. It also typically decreased as stratification progressed; 12 

(3), 8 (4), 6 (3), and 5 (2) µg L−1 in October, November, December, and January, 

respectively (Table 3.1; Figure 3.3a). In the bottom waters, DOP concentrations were 

typically low in October (3 [2] µg L−1) and November (33 [31] µg L−1) before 

increasing considerably to 108 (42) µg L−1 in December and to 158 (83) µg L−1 in 

January (Table 3.1; Figure 3.3b). 

Phytoplankton cell P quota, as POP per unit Chl-a, ranged between 0.4 and 2.8 

µg P µg−1 Chl-a across all dates and sites. Mean phytoplankton cell P quotas remained 
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relatively high in October (1.7 [0.2] µg P µg−1 Chl-a) and November (2.0 [0.9] 

µg P µg−1 Chl-a) before reducing considerably to 0.5 (0.1) µg P µg−1 Chl-a in 

December, and again to 0.8 (0.4) µg P µg−1 Chl-a in January. 

3.3.3 Phytoplankton composition 

In the surface waters (0–3 m surface-integrated) at Site 4, 62 phytoplankton 

species/genera (hereafter taxa) were identified, representing 8 different phyla: 

cyanobacteria (24 taxa); chlorophyta (20); bacillariophyta (8); dinophyta (3); 

charophyta (2); cryptophyta (2); euglenophyta (2); and ochrophyta (1). Abundance and 

biovolume increased from October through December before decreasing in January 

(Figure 3.4a–b). Cyanobacteria were dominant with a mean abundance of 258 800 

cells mL−1 (90% share; Figure 3.4a) and a biovolume of 2.00 mm3 L−1 (38%; Figure 

3.4b), as well as comprising 9 and 4 of the 10 most dominant taxa by abundance and 

biovolume, respectively. Of the eukaryotes, the bacillariophytes comprised 1.06 

mm3 L−1 (36%) of the phytoplankton biovolume, and along with the dinophytes and 

cryptophytes were the only other phyla to comprise >5% (Figure 3.4b). 

Collectively, the cyanobacterial assemblage in the surface waters of all sites (1–

4) comprised 40 taxa representing 4 orders: Synechococcales (18 taxa); Chroococcales 

(10); Nostocales (9); and Oscillatoriales (3). Abundance and biovolume increased from 

October through December before decreasing in January (Figure 3.2d, Site 4 shown; 

Figure 3.4a–b). Nostocales and Synechococcales were overwhelmingly dominant 

(Figure 3.5a–b). The N-fixing Nostocales comprised a mean biovolume of 1.60 

mm3 L−1 (60% share; Figure 3.5b) and represented 5 of the 10 most dominant 

cyanobacteria by biovolume, including the toxic R. raciborskii (Table 3.2), and 

typically increased in biovolume from October through December before decreasing in 

January. Synechococcales comprised a mean biovolume of 0.84 mm3 L−1 (34%; Figure 
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3.5b), representing 4 of the 10 most dominant cyanobacteria by biovolume (Table 3.2), 

and increased in biovolume from October through December before decreasing in 

January.  

 

 

Figure 3.4: Dominant phytoplankton phyla, by a) abundance, and b) biovolume in the surface waters (3 

m depth-integrated) at Site 4 over the 4-month study period (Oct–Jan). 

 

 

Figure 3.5: Dominant cyanobacterial orders, by a) abundance and b) biovolume in the surface waters (3 

m depth-integrated) at Sites 1–4 over the 4-month study period (Oct–Jan). 
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3.3.4 Phytoplankton P uptake and release 

Maximum phytoplankton community P uptake rates in the surface waters were 156.0 

µg L−1 h−1 P and Chl-a specific P uptake rates were 9.0 µg P µg−1 Chl-a h−1 throughout 

the study period (Figure 3.6a–b). Both community and Chl-a specific P uptake rates 

mostly increased from October through December before decreasing in January. At DIP 

concentrations ≤5 µg L−1, community P uptake rates ranged between 36.8 and 156.0 

µg L−1 h−1 P, and Chl-a specific P uptake rates between 1.5 and 9.0 µg P µg−1 Chl-a h−1. 

At DIP concentrations >5 µg L−1, community P uptake rates reached 1.1 µg L−1 h−1 P 

and Chl-a specific P uptake rates reached 0.1 µg P µg−1 Chl-a h−1. Phosphorus uptake 

rates at DIP concentrations ≤5 µg L−1 resulted in rapid turnover times of 2–4 min, 

whereas the P uptake rate at DIP concentrations >5 µg L−1 resulted in DIP turnover 

times of >6 h. 

Maximum phytoplankton community P release rates were 0.175 µg L−1 h−1 P, 

and Chl-a specific P release rates were 0.009 µg P µg−1 Chl-a h−1 throughout the study 

period (Figure 3.6a–b). Community and Chl-a specific P release rates remained 

relatively low and stable between sites over the duration of the study and were lowest 

during December as P release was below detection. This period coincided with elevated 

Chl-a concentrations and highest P uptake rates. 
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Figure 3.6: a) Community rates of dissolved inorganic phosphorus uptake (P uptake; μg P L−1 h−1), 

dissolved inorganic phosphorus release (P release; μg P L−1 h−1), and alkaline phosphatase activity (APA; 

μg P L−1 h−1), and b) Chl-a specific rates of P uptake (μg P μg−1 Chl-a h−1), P release (μg P μg−1 Chl-

a h−1), and APA (μg P μg−1 Chl-a h−1), in the surface waters (3 m depth-integrated) at Sites 1–4 over the 

4-month study period (Oct–Jan). N.B. Different scales on primary (P uptake and APA) and secondary (P 

release) vertical axes; ˣ denotes missing data; * denotes rates too low for detection; P uptake (n = 3), P 

release (n = 3), and APA (n = 1). 

 

3.3.5 Alkaline phosphatase activity 

Community APA ranged between 6.6 and 87.7 µg L−1 h−1 P, and Chl-a specific APA 

between 0.2 and 4.5 µg P µg−1 Chl-a h−1 across all dates and sites (Figure 3.6a–b). Both 

community and Chl-a specific APA remained low in October and November before 

increasing considerably in December and decreasing in January. During December, 

mean (SD) community APA for sites 1–4 was 76.4 (14.5) µg L−1 h−1 P, and mean Chl-a 

specific APA was 2.9 (1.3) µg P µg−1 Chl-a h−1. 
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Community APA was significantly negatively correlated with DOP (rs(degrees of 

freedom; 13) = –0.628, p < 0.01) and phytoplankton cell P quotas (rs(12) = –0.769, p < 0.01) 

and significantly positively correlated with community P uptake rates (rs(13) = 0.886, p < 

0.01). Similarly, Chl-a specific APA was significantly negatively correlated with TP 

(rs(13) = −0.839, p < 0.01) and DOP (rs(13) = −0.783, p < 0.01) and significantly 

positively correlated with Chl-a specific P uptake rates (rs(12) = 0.543, p = 0.04). 

Community APA, but not Chl-a specific APA, also demonstrated a strong inverse-

hyperbolic relationship with phytoplankton cell P quotas, where cell P quotas ≥0.65 

µg P µg−1 Chl-a typically corresponded to low community APA (x̄ = 11.9 [6.7] 

µg L−1 h−1 P) and cell P quotas <0.65 µg P µg−1 Chl-a to elevated community APA (x̄ = 

67.6 [23.2] µg L−1 h−1 P; Figure 3.7). 

 

 

Figure 3.7: Community alkaline phosphatase activity (community APA; μg P L−1 h−1) versus 

phytoplankton cell phosphorus quotas (μg P μg−1 Chl-a) from Sites 1–4 over the 4-month study period 

(Oct–Jan). N.B. Hatched line denotes AP-internal P induction-repression threshold at 0.65 μg P μg−1 Chl-

a. 
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3.3.6 Contribution of DOP mineralised by APA to phytoplankton P uptake 

The potential contribution of DOP mineralised by APA was considerably higher than 

phytoplankton P release rates. For DIP >5 µg L−1 (only in Oct at Site 1), APA-mediated 

mineralisation of DOP exceeded P uptake rates, and the P release rates were 11% of P 

uptake. For DIP ≤5 µg L−1, typical for my study, APA-mediated mineralisation of DOP 

was 12–89% of P uptake rates and P release rates were <1% of P uptake rates. Further, 

at DIP concentrations ≤5 µg L−1, APA-mediated mineralisation of DOP was also 45–

1675 times (x̄ = 327 [SD 487]; median, x̃ = 171) higher than corresponding P release 

rates. APA-mediated mineralisation of DOP as a percentage of P uptake typically 

increased from October through December before decreasing in January. It was highest 

in December and equivalent to 58, 56, 46, and 89% of the P uptake rate at Sites 1, 2, 3, 

and 4, respectively. 

3.3.7 Association between APA and cyanobacterial composition 

Elevated APA was associated with dominance of cyanobacteria throughout the summer-

stratified study period. The cyanobacteria composition by biovolume (NMDS; stress = 

0.011) changed significantly with community APA (Vector; R2 = 0.627; p < 0.01) and 

Chl-a specific APA (Vector; R2 = 0.602; p = 0.02), with many of the 10 most dominant 

cyanobacteria associated with elevated APA (Figure 3.8). In addition, the cyanobacteria 

composition by biovolume changed significantly month to month (Centroid; R2 = 0.766; 

p < 0.01), with changes between November and December associated with increasing 

APA (Figure 3.8). 
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Figure 3.8: Non-metric multidimensional scaling (NMDS) ordination for cyanobacteria taxa biovolume, 

in the surface waters (3 m depth-integrated), from Sites 1–4 over the 4-month study period (Oct–Jan). 

Vectors indicate community and Chl-a specific APA and centroids the sampling month. N.B. ordinations 

are duplicated horizontally with different aspects on each labelled; only the 10 most dominant taxa are 

labelled for emphasis. 

 

APA was significantly positively correlated with the majority of the 10 most dominant 

cyanobacteria by biovolume (Spearman’s rank-order correlation; Table 3.2). 

Specifically, 6 cyanobacterial taxa were significantly positively correlated with 

community and/or Chl-a specific APA. All 6 of these taxa were among the 10 most 

dominant cyanobacteria (Table 3.2). Conversely, 34 taxa were either not related (n = 

28) or were significantly negatively correlated (n = 6) with community and Chl-a 

specific APA. Only 4 (12%) of these 34 taxa were among the 10 most dominant 

cyanobacteria (Table 3.2), with the remaining 30 taxa (88%) outside the 10 most 

dominant cyanobacteria. 
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Table 3.2 Monthly mean of 10 most dominant cyanobacterial by biovolume (mm3 L−1), and taxa 

correlation with community and Chl-a specific APA, in the surface waters (3 m depth-integrated) from 

Sites 1–4 over the 4-month study period (Oct–Jan). Chroococcales (CHR); Nostocales (NOS); 

Oscillatoriales (OSC); Synechococcales (SYN). 

   Temporal Variation   Correlation with APA 

  Oct Nov Dec Jan   Community Chl-a specific 

Raphidiopsis raciborskii (NOS) 0.00 0.26 1.85 0.39  0.826 ** 0.677 ** 

Planktolyngbya limnetica (SYN) 0.01 0.49 1.16 0.30  0.568 * 0.514 * 

Dolichospermum circinale (NOS) 0.51 1.05 0.27 0.00  -0.396  -0.509  

Dolichospermum spp. (NOS) 0.03 0.56 1.15 0.04  0.343  0.032  

Pseudanabaena limnetica (SYN) 0.00 0.01 0.52 0.49  0.817 ** 0.642 ** 

Aphanizomenon spp. (NOS) 0.00 0.00 0.12 0.00  0.733 ** 0.724 ** 

Merismopedia spp. (SYN) 0.00 0.01 0.11 0.00  0.579 * 0.450  

Planktolyngbya minor (SYN) 0.00 0.00 0.07 0.04  0.874 ** 0.897 ** 

Aphanothece spp. (CHR) 0.02 0.06 0.02 0.02  -0.221  -0.232  

Sphaerospermopsis aphanizomenoides (NOS) 0.00 0.02 0.08 0.01   0.289   -0.134   

* p < 0.05, ** p < 0.01 
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3.4 Discussion 

In this chapter it was demonstrated that DOP mineralised by APA may account for up to 

89% (x̄ = 65%) of phytoplankton P uptake when DIP concentrations are low under 

summer-stratified conditions. This contribution of P is considerably more than that 

accounted for by phytoplankton release through exudation and lysis; therefore, APA 

may explain a large component of enhanced phytoplankton P uptake rates when DIP 

concentrations are exceptionally low. The highest APA, both absolute and relative to 

phytoplankton P uptake, coincided with the highest phytoplankton biovolume. 

Biovolumes of many of the dominant cyanobacterial taxa were significantly positively 

correlated with community and/or Chl-a specific APA, including several known AP 

producers, notably R. raciborskii (Wu et al. 2009; Wu et al. 2012). The ability of 

phytoplankton to mineralise and assimilate DOP by APA may be an important factor 

contributing to phytoplankton compositional changes under P limitation and could also 

contribute to dominance of bloom-forming cyanobacteria during summer as P limitation 

intensifies. 

Ratios of DIN:DIP found in my study were similar to those of Redfield (1958; 

i.e., 7.2:1 mass), as has been noted previously in Lake Wivenhoe (Muhid et al. 2013) 

and in adjacent water storages (Burford et al. 2014). Low phytoplankton cell P quotas, 

elevated P uptake, and rapid DIP turnover lend support to the occurrence of P 

limitation. They also support the findings of Muhid et al. (2013) who demonstrated that 

additions of PO4-P elevated R. raciborskii growth rates above dual (nitrate [NO3-N] + 

PO4-P) additions to mesocosms in Lake Wivenhoe, although the dual addition produced 

the greatest increase in phytoplankton biomass.  

Low DIP concentrations (<2 µg L−1, i.e., below detection limits) in my study 

were mostly associated with dominance of DOP in the DP pool, consistent with other 



Quantifying the role of organic phosphorus mineralisation on phytoplankton 

communities  

 

86 

 

studies (e.g., Spijkerman & Coesel 1998; Rengefors et al. 2001; Nausch & Nausch 

2004). The low DIP led to a reduction in phytoplankton cell P quotas, likely due to 

metabolization of luxury stores (Litchman & Nguyen 2008), which in turn led to 

elevated phytoplankton P uptake rates (up to 156 µg L−1 h−1 P) and rapid DIP turnover 

times (2–4 min), as shown in other systems (Aubriot et al. 2000; Isvánovics et al. 2000). 

Turnover times were mostly faster than those measured in a stratified P-limited North 

American lake (5–8 mins; Nowlin et al. 2007) and across 53 P-limited North American 

lakes (1–10 mins; Hudson et al. 2000). Elevated P uptake rates, and rapid turnover 

times, suggest that phytoplankton increase their P uptake, likely through up-regulation 

of high-affinity P-binding proteins (e.g., PstS and SphX; Jansson 1988; Vershinina & 

Znamenskaya 2002; Orchard et al. 2009). 

APA increased considerably with phytoplankton biomass under the persistent 

low DIP concentrations during the summer-stratified study period, possibly due to AP 

produced by both phytoplankton and heterotrophic bacteria (Dyhrman & Ruttenberg 

2006). However, AP production under summer-stratified DIP-depauperate conditions is 

most often associated with phytoplankton because they comprise a larger biomass 

(compared to bacteria) and typically produce inducible AP due to P stress (compared to 

bacteria, mostly producing constitutive AP; Chrost & Overbeck 1987; Labry et al. 

2005). Phytoplankton in Lake Wivenhoe under these conditions also produce 

considerably more APA (i.e., particulate APA; ~94%) than heterotrophic bacteria 

(authors’ unpubl. data). Therefore, in my study, the increase in APA as phytoplankton 

biovolume increased and DIP remained low is most likely a phytoplankton response 

rather than from heterotrophic bacteria. 

The increase in APA above constitutive levels indicates the production of 

inducible AP in phytoplankton as their cell P quotas are reduced. Thus APA was 
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negatively correlated with phytoplankton cell P quotas, as noted in other studies (e.g., 

Pettersson 1980; Litchman & Nguyen 2008). APA also increased nearly 6-fold as 

phytoplankton cell P quotas fell below 0.65 µg P µg−1 Chl-a, a value that effectively 

represents an internal P (as the phytoplankton cell P quota) induction–repression 

threshold where AP production genes are upregulated (e.g., PhoA and PhoX) so DOP 

can be utilised to meet P nutritional requirements (Orchard et al. 2009; Harke et al. 

2012). The threshold may also represent a more accurate indicator of AP induction–

repression in phytoplankton than that based on DIP (Sebastián et al. 2004; Tanaka et al. 

2004; Labry et al. 2005) because it accounts for the metabolism of luxury P stores and 

the time course of AP upregulation (Rengefors et al. 2003; Ruttenberg & Dyhrman 

2005; Štrojsová et al. 2008). 

APA peaked at 88 µg L−1 h−1 P or 4.5 µg P µg−1 Chl-a h−1 in this study. These 

rates are at the higher end of those reported across a range of marine and freshwater 

systems, with community values greater than 1.1 (Rengefors et al. 2001), 1.5 (Vidal et 

al. 2003), and 6.6 µg L−1 h−1 P (Tanaka et al. 2006) and similar to the highest reported 

values of 77 (Štrojsová et al. 2003) and 63–144 µg L−1 h−1 P (Ivančić et al. 2010). 

Similarly, Chl-a specific APA rates were greater than 0.37 µg P µg−1 Chl-a h−1 

(Rengefors et al. 2001) and comparable to the highest reported values of 2.0 (Nausch 

1998) and 6.2 µg P µg−1 Chl-a h−1 (Vidal et al. 2003). APA varies with temperature and 

pH. In my study, APA could therefore be expected to be higher than had it been 

incubated under in situ conditions (e.g., Štrojsová et al. 2003; Ivančić et al. 2010) 

because my experiments were incubated at optimal temperature and pH. Assuming 

APA increases with temperature by a factor of ~2 per 10 °C (e.g., Pettersson & Jansson 

1978), and with pH by a factor of 2.8 between pH 8.0 and 9.6 (authors’ unpubl. data), 

peak in situ corrected APA rates in my study would be 47 µg L−1 h−1 P or 2.5 
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µg P µg−1 Chl-a h−1. These high rates of APA are indicative of P limitation and indicate 

DOP mineralisation by APA is likely an important contributor to phytoplankton P 

uptake. 

DOP mineralisation by APA, based on measured rates, potentially contributed 

up to 89% of phytoplankton P uptake. This percentage is considerably higher than that 

reported in 2 lake studies where DOP hydrolysis was negligible as a fraction of the P 

uptake rate (Heath 1986; Boavida & Heath 1988) but comparable to that of an open-

water marine study where mineralisation by APA constituted up to 77% of the 

phytoplankton P uptake rate (Duhamel et al. 2011) and a lake study where DOP 

mineralisation by APA was similar to the P uptake rate (Chrost & Overbeck 1987). 

Moreover, it was found that 45–1675 times more P was potentially supplied by APA 

than that provided by phytoplankton P release. Low rates of P release in my study 

suggest the phytoplankton were P starved, and that P was conserved by cells. Thus DOP 

cycling by APA is critical in allowing the continued increase in phytoplankton 

biovolume under low DIP concentrations. 

Measuring aspects of P cycling in aquatic systems provides important insights 

into key processes that cannot be gained by measuring concentrations of P fractions 

alone. However, a number of methodological challenges and caveats must be 

considered. For instance, standard colorimetric measurements can overestimate the DIP 

fraction by a factor of ≥10 (Rigler 1968), which would result in a proportional 

overestimation of phytoplankton P uptake. Similarly, measures of POP, which may also 

include P stored in detritus and bacteria, could be expected to overestimate P in 

phytoplankton by up to a factor of 2, which would result in a proportional 

overestimation of phytoplankton P release. Assuming overestimation by a factor of 10 

for P uptake and a factor of 2 for P release, in situ corrected APA was higher than 
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corrected P uptake rates during the peak of the cyanobacterial bloom in December. It 

was also 44–1940 times higher than corrected P release rates throughout the study 

period; therefore, DOP mineralisation by APA, despite potential methodological 

caveats, may be critical in allowing phytoplankton to meet P uptake, as well as being far 

greater than phytoplankton P release. 

The phytoplankton community was dominated by cyanobacteria during the 

summer study period, consistent with other studies of this lake (e.g., Burford & 

O'Donohue 2006; Burford et al. 2007; Muhid et al. 2013). Six taxa were significantly 

positively correlated with community or Chl-a specific APA, and each was represented 

among the 10 most dominant cyanobacteria. Five of these 6 taxa are known as AP 

producers: Aphanizomenon spp. (Štrojsová et al. 2003; Wu et al. 2009), Planktolyngbya 

limnetica and Planktolyngbya minor (Rengefors et al. 2003), Pseudanabaena spp. 

(Štrojsová et al. 2003), and R. raciborskii (Wu et al. 2009; Wu et al. 2012; Willis et al. 

2015). These species may have gained dominance, in part, by successfully competing 

for the limited available P resources via the ability to produce AP (Štrojsová et al. 

2003). Further, some species or strains of Aphanizomenon spp. (Štrojsová et al. 2003; 

Wu et al. 2009) and R. raciborskii (Wu et al. 2009; Wu et al. 2012; Willis et al. 2015) 

produce hepatotoxic CYN. Alkaline phosphatase production may therefore be a 

precursor to the dominance of these species and the formation of toxic monospecific 

blooms in Lake Wivenhoe, although more detailed species- or strain-specific studies 

may be required to confirm this link. 

Alkaline phosphatase activity was negatively correlated with DOP in my study, 

indicating that rates of DOP mineralisation by APA are at least as fast as its resupply. 

These processes may consist of DOP formation in the SML and vertical entrainment of 

DOP from the hypolimnion (e.g., MacIntyre et al. 2009) where high concentrations of 
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DOP exist. However, reduced surface water DOP concentrations in December and 

January indicate a reduction in DOP resupply, possibly as a result of increased water 

column stability limiting the vertical entrainment of DOP. Because cyanobacteria may 

require DOP to produce AP (Mulholland et al. 2002), a resupply of DOP below that 

required to maintain AP production may have contributed to the attenuation of the 

cyanobacterial bloom. 

These findings have implications for the use of biogeochemical models to 

predict phytoplankton blooms. These models typically determine phytoplankton P 

uptake based on Michaelis-Menten (Michaelis & Menten 1913) or Monod kinetics 

(Monod 1949) and generally do not account for APA-mediated DOP mineralisation or 

its P-based inducibility and may therefore be limited in their application under DIP-

depauperate conditions. Instead, models including algorithms for APA-mediated DOP 

mineralisation based on an internal P induction–repression threshold (e.g., using 0.65 

µg P µg−1 Chl-a derived from this study) may provide improved predictions of P and 

phytoplankton species under DIP-depauperate conditions. 

3.4.1 Conclusions 

This study demonstrates that DOP mineralisation by APA may supply substantial P for 

phytoplankton P uptake, and use of DOP may also affect phytoplankton composition. 

Specifically, APA-mediated DOP mineralisation was demonstrated to provide up to 

89% of the P taken up by phytoplankton when ambient DIP and phytoplankton cell P 

quotas stores were low. The APA-mediated DOP mineralisation supplied 45–1675 

times more P than that provided by phytoplankton P release. This study also showed 

that APA was significantly positively correlated with the majority of dominant 

cyanobacteria taxa, including the potentially toxic R. raciborskii. Improved 

understanding of DOP composition, lability, and utilisation by phytoplankton, 
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particularly among individual cyanobacteria species under DIP-limiting conditions, may 

help elucidate the formation of harmful algal blooms under these conditions.
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Chapter 4 Differentiating physical transport and 

biogeochemical transformations of phosphorus: A 

modelling study 

Chapter 2 (i.e., the first data chapter) demonstrated that high-affinity P 

uptake in phytoplankton under DIP-depauperate conditions is critical in the 

shaping phytoplankton community composition. Further, Chapter 3 (i.e., the 

second data chapter) demonstrated DOP mineralisation by APA may supply 

substantial P for phytoplankton P uptake and use of DOP may also affect 

phytoplankton composition. Despite this, DOP mineralization rates 

determined in Chapter 3 did not fully meet observed phytoplankton P uptake 

rates nor were they able to establish whether DOP resupply to the surface 

waters would support the observed DOP mineralization rates. This chapter 

(i.e., the third data chapter), therefore, investigates 1) the key physical and 

biogeochemical fluxes of P—and its various constituents—in the surface 

waters, and 2) relationships among P fluxes and phytoplankton biomass, cell 

P quota, and uptake rate. 
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4.1 Introduction 

Phosphorus (P) is an essential element for all organisms, and in lakes is widely 

considered to be the key nutrient limiting or co-limiting (with nitrogen) phytoplankton 

productivity (Schindler et al. 2008; Paerl 2009). Excess P can lead to phytoplankton 

blooms, with far-reaching consequences for water quality and lake health (Karl 2000; 

Mackey et al. 2007). Dissolved inorganic P (DIP)—comprising orthophosphate (PO4
3-) 

and polyphosphates—is the only constituent of P that can be directly assimilated by 

phytoplankton (Peters 1979; Correll 1998). However, mineralization of dissolved 

organic P (DOP)—comprising low molecular-weight esters and organic colloids—is 

increasingly recognized as being important for phytoplankton growth (Ivančić et al. 

2010). Particulate inorganic P (PIP) and particulate organic P (POP) also contribute 

indirectly to phytoplankton growth through processes of mineral sorption/desorption 

and mineralisation, respectively, which are strongly affected by environmental drivers, 

including dissolved oxygen, pH and temperature (Reynolds & Davies 2001). 

Considerations of the influence of P constituent stocks on phytoplankton dynamics 

should therefore be approached with caution as various processes and their associated 

fluxes ultimately dictate utilisation of P by phytoplankton (Dodds 2003). 

Fluxes of P constituents in the surface waters of lakes (i.e., the epilimnion [i.e., 

surface mixed layer; SML] during stratification, and entire water column [i.e., mixed 

layer] during isothermy) vary temporally due to diurnal and seasonal variations in solar 

radiation, surface heat transfer and wind stress, which regulate energy inputs that drive 

transport and mixing through the lake water column (Imberger 1985; MacIntyre et al. 

2002; MacIntyre et al. 2014). In warm-monomictic lakes these fluxes are heavily 

modified by thermal stratification, resulting in a DIP-depauperate SML and DIP-rich 

hypolimnion, with mixing between these layers hindered by the presence of a 
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metalimnion (MacIntyre & Melack 1995; MacIntyre et al. 1999). Under these 

conditions, phytoplankton in the SML, which often closely approximates the euphotic 

zone in depth, have high P uptake potential, resulting in DIP turnover times in the order 

of 1–10 min (see Chapter 2; also Nowlin et al. (2007)) and ability to rapidly assimilate 

transient increases in DIP (Aubriot et al. 2000; Aubriot & Bonilla 2012). Phosphorus 

therefore cycles rapidly within the SML during stratification, driven by regeneration of 

DIP and DOP through cell leakage and lysis by phytoplankton (Taylor & Lean 2018), 

excretion by zooplankton and fish (Vanni 2002), and phosphatase-mediated 

mineralization of DOP to DIP induced by phytoplankton (Štrojsová et al. 2003). 

Primary productivity is therefore tightly connected with phosphorus cycling processes 

in the SML but measurements mostly fail to explain how these fluxes satisfy 

phytoplankton P uptake requirements (see Chapter 2, Heath (1986), and Boavida and 

Heath (1988)). Most P flux studies have been conducted in the laboratory (see Chapter 

2, and also Heath (1986)), thereby neglecting in situ fluxes of P from physically-

mediated horizontal (e.g., inflow intrusions) and vertical (e.g., thermocline seiching and 

wave breaking) transfers into the epilimnion (e.g., MacIntyre et al. 2009; North et al. 

2015). 

During isothermy, the vertical flux from turbulent mixing generated by wind and 

convective motions maintains a well-mixed water column, and more P is available to 

support phytoplankton growth (Vincent 1983). Conversely during stratified conditions 

when vertical turbulent mixing is dissipated by density gradients, the vertical flux of P 

from the hypolimnion to the epilimnion may be strongly constrained, approaching rates 

similar to molecular diffusion in the quiescent interior of the lake (MacIntyre et al. 

2006). At the boundary, however, turbulence from thermocline seiching and wave 

breaking has been shown to generate intermittent but substantial vertical nutrient fluxes 
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(MacIntyre & Jellison 2001; Boegman et al. 2003; MacIntyre et al. 2009) and to 

enhance primary productivity (Ostrovsky et al. 1996; Cuypers et al. 2011). Horizontal P 

fluxes generated by, for example, wind, outflows, and inflows may also be substantial, 

especially in cases where inflows insert in the metalimnion and form a density current 

that transports P over long distances (Romero et al. 2004). Several studies have also 

demonstrated marked horizontal gradients of P at lotic–lentic transition areas (Mackay 

et al. 2011; Abell & Hamilton 2014) and in narrow lakes where inflows propagate in a 

largely unidirectional flow towards an outflow (Burford et al. 2012; Dubourg et al. 

2015; North et al. 2015). 

Most studies of P transport and transformations in lakes have been focused on 

temperate regions (e.g., Abell et al. 2013; North et al. 2015). Subtropical lakes, 

however, are often subject to episodic large-scale storm events, resulting in intermittent 

P supply for phytoplankton growth (Leigh et al. 2015). In these regions, many lakes 

have long-narrow morphometry due to damming and drowning of river valley channels 

for water storage purposes (Burford & O'Donohue 2006; Burford et al. 2007). These 

lakes often have one main inflow which mostly propagates towards the outflow, 

resulting in advection-driven variability of P, with consequences for phytoplankton P 

utilisation along the reservoir (Burford et al. 2012). Recent research has demonstrated 

how extreme weather events influence biogeochemistry and primary productivity in 

lakes (Klug et al. 2012; Kasprzak et al. 2017; Wood et al. 2017), therefore subtropical 

drowned-valley lakes which experience episodic storms present an ideal opportunity to 

quantify the impact of these storms on transport and transformations of P, and responses 

of phytoplankton along a time-distance continuum. 

Quantifying physical and biogeochemical fluxes of P in lakes has traditionally 

been carried out using whole-of-system budgets (Burford et al. 2012; North et al. 2015; 



Differentiating physical transport and biogeochemical transformations of phosphorus: A 

modelling study  

 

97 

 

Ran et al. 2016) or numerical models (Romero et al. 2004; Burger et al. 2008). Whole-

of-system budgets often include field and laboratory measurements of specific P fluxes 

not easily captured in silico (e.g., threshold-based induction of high-affinity P uptake in 

phytoplankton, shown in Chapter 2; and phosphatase synthesis in phytoplankton that 

enables mineralization of DOP; shown in Chapter 3). By contrast, numerical models 

simulate hydrodynamic processes (e.g., physically mediated horizontal and vertical 

transfer of P) not easily measured in situ or in vitro. Few studies of physical and 

biogeochemical fluxes of P in lakes, however, have attempted an integrated approach 

combining hydrodynamic fields from numerical models with multiple lines of evidence 

from whole-of-system P budgets and small-scale studies (e.g. Ernst & Owens 2009). 

4.1.1 Aims and objectives 

The primary aim of this study was to quantify the key physical and biogeochemical 

fluxes of P in the surface waters that could support primary producers along a time-

distance continuum in a warm-monomictic subtropical lake. A secondary aim was to 

determine relationships between the P fluxes, phytoplankton biomass, and 

phytoplankton cell P quota and uptake rate. The study was conducted in Lake 

Wivenhoe, Queensland, Australia, of which is strongly influenced by seasonal 

stratification and intermittent flow from storm events. It was hypothesised that: 1) the 

contribution of physically-derived fluxes of P (i.e., into the surface waters) and 

regeneration-derived fluxes of P (i.e., internal fluxes within the surface waters) driving 

phytoplankton biomass would vary with the seasonal thermal regime and with distance 

from the main up-reservoir inflow; 2) storm events would substantially increase the 

physical down-reservoir flux of P at short time scales; and 3) regeneration fluxes would 

become increasingly important between storm events, associated with progressive 

reductions of P in the surface waters. These hypotheses were addressed by integrating 
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field and laboratory measurements of selected biogeochemical P fluxes with transport 

fields from a hydrodynamic model to create a horizontally and vertically resolved mass 

balance for P fluxes in the surface waters of the lake. 
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4.2 Materials and methods 

4.2.1 Site description 

Lake Wivenhoe (27°23′38″S; 152°36′28″E) is a large warm-monomictic reservoir in 

southeast Queensland, Australia (Figure 4.1). The climate of the region is subtropical, 

with monthly mean rainfall of 75 mm in summer and 34 mm in winter (Burford & 

O'Donohue 2006). The catchment area is 7020 km2, of which 1340 km2 is regulated via 

releases from Somerset Reservoir (Leigh et al. 2015). The catchment is approximately 

50% forested and 50% agricultural land used primarily for cattle grazing (Burford et al. 

2007). At full water storage capacity, Lake Wivenhoe has a volume of 1,165,000 ML, 

area of 107 km2, and mean depth of 10.7 m (Leigh et al. 2015). The lake has a long-

narrow morphometry, owing to its creation through the damming and drowning of a 

river valley (Burford & O'Donohue 2006; Burford et al. 2007). Lake inflows are 

primarily upstream via the unregulated Upper Brisbane River and the regulated Stanley 

River (via Somerset Reservoir), with minor lateral inputs, notably from Reedy Creek 

and Esk Creek (Gibbes et al. 2009; O'Brien et al. 2016). Outflow is primarily via 

regulated offtakes at the main dam wall, with minor outflows from Caboonbah, Esk, 

and Coominya offtakes. Consequently water typically propagates unidirectionally 

towards the outflow, resulting in strong hydrological (Gibbes et al. 2009) and 

biogeochemical gradients (see Chapter 2, Muhid (2011), and Burford et al. (2012)) 

which are particularly pronounced during episodic large-scale storm events. Lake 

Wivenhoe also exchanges water with adjacent Splityard Creek (SYC) reservoir via a 

pumpback hydroelectric power station SYC Dam, where water is pumped into the main 

lower basin of Lake Wivenhoe during the day and out at night on an irregular daily–

weekly frequency. The lake stratifies during the summer wet season (austral summer) 

when surface waters characteristically have low DIP concentrations (i.e., <2 μg P L–1), 
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strong phytoplankton P demand, and blooms of the toxic cyanobacterium Raphidiopsis 

raciborskii (see Chapter 2). 

 

 

Figure 4.1: Lake Wivenhoe study site showing Sites (S) 1–4, Zones 0–4, and major inflows and 

outflows.  Upper Brisbane River Inflow,  Stanley River Inflow,  Reedy Creek Inflow,  Esk Creek 

Inflow,  Splityard Creek Inflow,  Caboonbah Outflow,  Esk Outflow,  Coominya Outflow,  

Dam Wall Outflow, and  Splityard Creek Outflow. 

 

4.2.2 Data collection 

Field data were collected manually and by sensors for the duration of the study between 

January 2009 and January 2010. Data included meteorological, inflow and outflow, and 

in-lake biogeochemical measurements. 

4.2.2.1 Meteorological data 

Meteorological data were mostly from measurements from a buoy at Sites 3 and 4 (for 

details see section 4.2.2.3) operated by Seqwater, Australia (seqwater.com.au). 
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Meteorological sensors were positioned 2 m above water level and took measurements 

at hourly intervals. Shortwave (SW) and longwave (LW) radiation were measured at 

Site 3 by a Net Radiometer (model no. CNR1, Campbell Scientific, Utah, USA); 

relative humidity (RH) and air temperature (Tair) were measured at Site 4 by a Relative 

Humidity/Temperature Probe (model no. 41382, R. M. Young Company, Michigan, 

USA). Wind speed (WS) and wind direction (WD) were measured at Site 4 by a Wind 

Monitor (model no. 05103, R. M. Young Company, Michigan, USA). Rainfall was 

derived from gridded re-analysis data (BARRA-R) at a hypothetical station 

(27°19'30.0"S 152°33'36.0"E) located near Site 3, provided by the Bureau of 

Meteorology, Australia (bom.gov.au). Missing data <3 h in duration were filled by 

linear interpolation in B3 (McBride & Rose 2018), and >3 h in duration by LOESS 

regression (‘loess’ function) using the ‘stats’ package in R v. 3.40 (R Core Team 2017). 

Missing data modelled by LOESS regression for SW and LW radiation were 

determined from gridded reanalysis data (Bureau of Meteorology) at a hypothetical 

station (BARRA-R; 27°19'30.0"S 152°33'36.0"E) located near Site 3, and Tair RH, WS, 

and WD were determined using data measured at Site 3. 

4.2.2.2 Inflow and outflow volumes 

Inflow volumes from the Upper Brisbane River (Brisbane River at Gregors Creek 

[143009A] + Cressbrook Creek at Rosentreters Crossing [143921A]), Reedy Creek 

(Reedy Creek at Upstream Byron Creek Junction; 143306A), and Esk Creek (Esk Creek 

at Falls Road; 143017A) were determined from automated gauging station 

measurements. These data were provided by Department of Natural Resources, Mines 

and Energy (DNRME), Australia (dnrme.qld.gov.au). Inflow volumes from the Stanley 

River were determined from the offtake at the upstream Somerset Reservoir dam wall. 

The inflow was calculated from the percentage opening of the dam gate and a rating 
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curve provided by Seqwater. Inflows from the Upper Brisbane River, Reedy Creek, Esk 

Creek and Stanley River were calculated to encapsulate 85% of Lake Wivenhoe’s 

catchment. Outflow volumes discharged from the dam wall and the minor offtakes of 

Caboonbah, Esk, and Coominya were provided by Seqwater. In addition, inflow and 

outflow from SYC were determined from the dam pump and hydro-machine settings, in 

conjunction with the machine prototype mussel curve provided by the plant operators 

(CS Energy, Australia). Missing inflow and outflow data were filled by linear 

interpolation (B3; McBride & Rose 2018), except for the Stanley River inflow which 

was filled by deterministic regression imputation using the daily Stanley River inflow as 

target variable and the daily water balance residual, after subtracting the Stanley River 

inflow, as the explanatory variable (n = 65; R2 = 0.817). Regression imputation was 

determined from a water balance resolved at the time the lake water elevation was 

gauged, and on days with changes in reservoir volume >500 ML. These criteria were 

used to reduce uncertainty resulting from short-term variations in the gauged water level 

related to 1) wind setup and 2) diurnal trends in the direction of exchange through the 

SYC pump station. 

4.2.2.3 In-lake sampling 

Water samples were collected in the lake monthly between February 2009 and January 

2010, and at higher frequency between 26 May and 24 June in response to a storm event 

from 19 to 24 May. Samples were collected from four sites (Sites 1–4) along a 

longitudinal transect within the drowned river channel (Figure 4.1). These sites were 

selected to represent four different hydrodynamic zones (Zones 1–4)—excluding the 

uppermost riverine section of the reservoir (i.e., Zone 0)—following an initial 

assessment based on lake morphometry and the observed travel time within zones 

(Gibbes et al. 2009). 



Differentiating physical transport and biogeochemical transformations of phosphorus: A 

modelling study  

 

103 

 

Physicochemical parameters (temperature [T], dissolved oxygen [DO], and 

specific conductivity [SC]) were measured at each site using a calibrated SONDE probe 

(model no. 6920; Yellow Springs Instruments, Ohio, USA) profiling at 1-m depth (z) 

intervals from 0 to 10 m, and then at 2-m intervals to the lakebed. In addition, T, and SC 

were measured at Site 4 with a pontoon-mounted automated vertical profiling system 

(model no. 6951; Yellow Springs Instruments, Ohio, USA) fitted with a SONDE probe 

(model no. 6600 V2; Yellow Springs Instruments, Ohio, USA), profiling every 2 h at 

1 m depth intervals to the lakebed. Water clarity was measured with a Secchi disc, and 

photosynthetically active radiation (PAR) was measured with a 4-pi sensor (LiCor, 

Nebraska, USA) at 0.2 m depth intervals from 0 to 1 m, and then at depths of 2 and 3 m. 

Water samples were collected in triplicate using a PVC pipe to integrate the 

surface 3 m of water, and a 3.2 L Van Dorn sampler to collect water samples 1 m ALB 

(above the lakebed), or at 30 m depth for sites where the water depth was >30 m. 

Unfiltered and filtered (0.45 µm pore size membrane filters; Millipore, Germany) 

subsamples for nutrient analysis were collected and stored on ice until frozen in the 

laboratory at −30°C. Subsamples for particulate P and chlorophyll a (Chl-a) were 

collected and syringe-filtered through precombusted glass fibre filters (GF-75; 

Advantec, Japan). Filters were wrapped in foil and stored on ice until frozen in the 

laboratory at −30°C. Subsamples for cyanobacteria identification and enumeration were 

fixed with Lugol’s solution and stored in the dark. Subsamples for phytoplankton P 

uptake and P regeneration assays were kept cool and in the dark until return to the 

laboratory. Subsamples for particulate P, Chl-a, cyanobacteria identification and 

enumeration, phytoplankton P uptake and P regeneration were collected using 3-m 

surface water only. 
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Cylindrically shaped sedimentation chambers (Bloesch & Burns 1980) were 

deployed in triplicate 3 m below the lake surface to approximate a mid-depth of the 

SML during stratification. One-hundred mL Schott bottles (Sigma Aldrich, Missouri, 

USA) were attached to the base of each chamber for sample retrieval. Prior to 

deployment, 25 mL of 150 g L−1 NaCl solution was pipetted beneath 100 mL deionised 

water in each Schott bottle to minimise microbial breakdown of organic matter and 

increase trapping efficiency (Burger 2006). Deployments were for ~7 days 

corresponding to the week before or the same week as the monthly water samples. Upon 

retrieval, Schott bottles were removed from sedimentation chambers, lids applied, and 

stored on ice until frozen in the laboratory at −30 °C. 

4.2.3 Data analysis 

Reservoir volume was calculated daily using water level measurements (Seqwater), and 

combining bathymetric data determined from depth soundings (Seqwater) with airborne 

LIDAR for the extensive surrounding land that was not inundated at the time of LIDAR 

survey (Seqwater). Water level was daily provided by Seqwater, with brief periods of 

missing data filled by linear interpolation. The seasonal thermocline depth (hereafter 

thermolcine depth; see Imberger 1985) was the 7-day mean of the depth where dT/dz 

was highest and consistently >0.5°C m−1. This method eliminated diurnal thermoclines 

that sometimes formed within the surface mixed layer. The upper boundary of the 

metalimnion was the shallowest depth where dT/dz was consistently >0.25°C m−1, and 

the lower boundary was the deepest depth where dT/dz was consistently <0.25°C m−1. 

Consistency of dT/dz in each instance was determined as the median depth across the 24 

h proceeding 1200 h (i.e., at 15 m and 2 h intervals for modelled and ‘automated 

profiler’ measured data, respectively). Hydraulic volumes in in each zone were 

determined daily from the daily lake water level and lake water storage curve. 
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Epilimnetic and hypolimnetic volumes in each zone were also determined during 

periods of stratification.  

A 0–3 m surface integrated measured of T, DO, and SC was determined as the 

mean of the 0.1, 1, 2, and 3 m measurements, and bottom T, DO, and SC were 

determined as the measurements recorded nearest the lakebed. Hypoxic conditions were 

defined as oxygen concentrations 1–2 mg L–1, and anoxic conditions <1 mg L–1. 

Euphotic depth was calculated where PAR was 1% of the surface value, with missing 

PAR values filled by deterministic regression imputation, using PAR as the target 

variable and Secchi disc as the explanatory variable, where euphotic depth (m) = Secchi 

depth (m)  2.85 (n = 38; R2 = 0.625). 

4.2.3.1 Hydrodynamic modelling 

The Aquatic Ecosystem Model (AEM3D; v 1.1.2; Hodges & Dallimore 2018) was used 

to simulate the hydrodynamics in Lake Wivenhoe. AEM3D is a 3-dimensional 

hydrodynamic–aquatic ecosystem model that simulates the temporal and spatial 

behaviour of stratified waterbodies subject to environmental forcing (inflows, outflows, 

surface heat fluxes, and wind stress). The hydrodynamic module is based on the Estuary 

and Lake Computer Model (ELCOM) which has been applied across a variety of lakes 

from a range latitudes with markedly different morphometries (Hodges et al. 2000; 

Romero et al. 2004; León et al. 2005; Chung et al. 2009). The model applies the 

unsteady Reynolds-averaged Navier-Stokes equations for incompressible flow, with a 

Boussinesq approximation for density differences and a hydrostatic assumption for 

pressure (Hodges et al. 2000). The hydrodynamic algorithms are based on the Euler-

Lagrange method for advection of momentum, and a conservative ULTIMATE 

QUICKEST approach for active (e.g. temperature) and passive (e.g. tracer) scalar 

transport (Hodges et al. 2000; Romero et al. 2004). AEM3D may be configured to run 
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with a water quality and aquatic ecology module but was not used in this study (Hodges 

& Dallimore 2018). 

The hydrodynamic model was set up to quantify the hydraulic fluxes in the 

surface waters (i.e., the epilimnion [i.e., surface mixed layer; SML] during stratification, 

and entire water column [i.e., mixed layer] during isothermy) of the four selected 

hydrodynamic zones, including 1) horizontally between adjacent zones of the surface 

waters, and 2) vertically—when stratified—within zones from below the thermocline 

into the SML. After model configuration and calibration, multiple model runs were used 

to simulate dispersion of up to 10 hypothetical tracers. 

4.2.3.1.1 Model configuration 

The model was configured to run on a 2-min timestep between 1 January 2009 and 31 

January 2010, with the first month serving as a warm-up period. Meteorological inputs 

were derived from the meteorological data described above. Data were input hourly and 

applied uniformly to all horizontal grids. 

Lake geometry input was compiled in the pre-processor model, including 

specific input relating to 1) lake bathymetry, and 2) inflow and outflow boundary 

conditions. Lake bathymetry was input as a 3-dimensional cartesian mesh, with uniform 

cell spacing at 100 m in each of the horizontal dimensions (x and y) and at 1 m in the 

vertical dimension (z). Inflow and outflow boundary conditions included flow direction 

and x, y, and z placement within the bathymetric grid. 

Inflow and outflow volumes (see above) also included a residual inflow and 

outflow volume determined as the positive and negative discrepancies of the 7-day 

mean in the water balance equation. Flows were input at the finest resolution (i.e., 10 

min to daily) permitted by data for each inflow. T and salinity (S) in the Upper Brisbane 

River and Esk Creek inflows were determined from dataloggers at Brisbane River at 
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DNRME Sites 143009A and 143017A, respectively. T in Esk Creek inflow was 

modelled from T at an adjacent DNRME site (143009A) and historical T at both sites. S 

in Esk Creek inflow was modelled from discharge data at Esk Creek and historical data 

relating S to discharge. T and S in the Stanley River inflow were based on 

measurements from an automated profiler in Lake Somerset located at its dam wall and 

corresponding to the water offtake height (Seqwater). T and S in the SYC inflow were 

determined from measurements at Site 4 taken by the pontoon-mounted automated 

vertical profiler every 2 h at 1 m depth intervals, at the depth most closely 

corresponding to the height above the lakebed in Lake Wivenhoe where water is 

withdrawn for SYC (i.e., 23 m ALB). Missing T and S data at all sites were filled by 

linear interpolation (B3; McBride & Rose 2018). S (psu) was determined as 0.4665  

SC1.0878 where SC is in mS cm−1 (Williams 1986). 

T and S profiles for commencement of model runs were determined from 

measurements recorded by the profiling SONDE at Site 4. S was determined as 0.4665 

 SC1.0878 where SC is in mS cm−1 (Williams 1986). T and S profiles were applied 

uniformly to all horizontal grids in the lake. 

4.2.3.1.2 Model calibration and validation 

The model was calibrated by comparing field measurements of T from the surface and 

at 7 m depth intervals to the bottom of Sites 1–4 against simulated T at the same depths 

and times (to the nearest 15 min). Depth intervals of 7 m were used as preliminary 

analysis revealed these depths adequately captured the vertical variation of T during 

stratified periods. The model calibration fit was quantified statistically by evaluating the 

root mean square error (RMSE) and the coefficient of determination (R2) by site and by 

depth. Satisfactory model calibration was designated as global RMSE equivalent to <0.5 

SD (Moriasi et al. 2007) and R2 >0.95 (i.e., 60th percentile for lake model T 
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calibrations; Arhonditsis & Brett 2004), determined as the depth-integrated means of 

the horizontally-integrated mean for each depth. The model was validated following the 

same logic as the model calibration, with a 7-month period (i.e., July-08–Jan-09) 

preceding the period of interest used for validation (data provided by Seqwater). 

4.2.3.1.3 Model simulations 

Once configured and calibrated, horizontal and vertical transport of water was 

quantified for each day when field measurements were collected. A tracer (scalar value 

= 100) was released instantaneously for each zone, 24 h (during high flow) or 48 h 

(during baseflow) prior to 12:00 h on the day when tracer concentrations were evaluated 

in each grid cell. The longer sample period (i.e., 48 h) used during baseflow was used to 

ensure capture of a hydraulic flux representative of the day field measurements were 

collected. Concurrently, tracers (scalar value = 100) were released in the SYC inflow. 

Hydraulic transport was quantified from the net flux of tracer across the designated lake 

zones and depths in the previous 24 or 48 h. 

4.2.3.1.4 Model output 

Hydraulic transport into the surface waters of each zone were determined from ‘sheet’ 

data (i.e., aerial 100 m2 grids of the lake; x and y; at the surface) output at 2 h intervals. 

Using sheet data, tracer concentrations for each zone were determined at 2 h intervals 

using the ‘colSums’ and ‘apply’ functions of the ‘ncdf’ package (Pierce 2017) in R v. 

3.40 (R Core Team 2017), with concentrations for each zone and timestep summarised 

as the sum the tracer concentrations for each zone divided by the number of cells in the 

zone. Hydraulic transport into the surface waters of each zone as down-reservoir 

transport (i.e., the flux of water transported horizontally in an up-reservoir to down-

reservoir direction into the surface waters of each zone), up-reservoir transport (i.e., the 
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flux of water transported horizontally in a down-reservoir to up-reservoir direction into 

the surface waters of each zone), vertical transport (i.e., the flux of water—during 

stratification—transported vertically from below the thermocline into the SML of each 

zone) determined as the percentage change in tracer concentration per day  volume of 

the surface waters. Hydraulic transport was expressed as both percentage change d–1 and 

ML d–1. 

4.2.3.2 Laboratory analyses 

4.2.3.2.1 Nutrients 

Total and dissolved nutrient samples were determined by two National Association of 

Testing Authorities (nata.com.au/nata/) accredited laboratories of Queensland Health, 

Australia (health.qld.gov.au) and Queensland Department of Environment and Science, 

Australia (des.qld.gov.au). Samples were measured using standard colorimetric methods 

(American Public Health Association 1999) with a LACHAT 8000 Quick Chem flow 

injection analyzer (Lachat Instruments, Wisconsin, USA). Samples for measurements of 

DIP were analysed from undigested filtered samples, total dissolved P (TDP) from 

persulphate-digested filtered samples, and total P (TP) and total N (TN) from 

persulphate-digested unfiltered samples (Ebina et al. 1983). Particulate P (PP) was 

calculated as TP – TDP, and DOP calculated as TDP – DIP. Detection limits were 

2 µg L−1 for filtered samples and 10 µg L−1 for unfiltered samples. Samples for 

particulate inorganic P (PIP) were filtered, with filters placed in 1 M hydrochloric acid 

with gentle agitation for 16 h. Filters were then centrifuged for 15 min at 4000 rpm, 

syringe-filtered (0.45 µm pore size; GF-75, Advantec, Japan), and removed and 

neutralised with equal parts of 1 M analytical grade sodium hydroxide prior to 

colorimetric analysis as for DIP (Keefe 1994). Particulate organic phosphorus (POP) 

was calculated as TP – TDP – PIP. 
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4.2.3.2.2 Phytoplankton biomass 

Chl-a filters were sonicated (Sonifier 450; Branson Ultrasonics) in 90% acetone and 

syringe-filtered (0.45 µm pore size; GF-75; Advantec, Japan) prior to 

spectrophotometric analysis and quantification using the trichromatic equation (Jeffrey 

& Welschmeyer 1997). Cyanobacterial taxa were identified to genus or species level 

where possible using phase-contrast microscopy, with cells enumerated and biovolume 

established from fixed samples using a Sedgewick Rafter counting chamber (Hötzel & 

Croome 1999). A minimum of 30 fields was counted to include at least 90% of the taxa 

present (McAlice 1971), and dimensions of 30 cells for each taxon measured using 

formulae for the most representative geometric shapes to determine biovolume of each 

taxon. The mean volume of each taxon was multiplied by its cell count to determine 

total cyanobacteria, and R. raciborskii biovolume (in mm3 L−1; Hötzel & Croome 1999). 

4.2.3.2.3 Phytoplankton physiological status: phosphorus indicators 

Phytoplankton cell P quota was determined as the ratio of concentration of POP to Chl-

a (expressed as µg P µg−1 Chl-a). For the purpose of determining phytoplankton cell P 

quota, POP was assumed to only include P within cells, although it is acknowledged 

that the POP fraction includes other forms including, for example, detrital material. 

Phytoplankton P uptake rates were quantified radiometrically using the radioisotope 

phosphorus-33 (33P) in orthophosphoric acid (PerkinElmer, Massachusetts, USA; 

Thingstad et al. 1993; Tanaka et al. 2006) as described in Chapter 2 (section 2.2.3.1). 

Phosphorus uptake rate was expressed as µg L−1 h−1 P. The limit of quantification (LoQ) 

for P uptake was determined as the standard deviation of ten independent measurements 

of a blank sample  10. 
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4.2.3.2.4 Phosphorus fluxes 

Sedimentation rates of PIP and POP from the surface waters were determined from 

samples collected from sedimentation chambers, following vacuum filtration through a 

pre-combusted (450°C) and pre-weighed filter (0.6 µm nominal pore size; GF/F; 

Whatman, England) for 3 h. Settled total particulate matter (TPM) from the euphotic 

zone was determined as the difference in filter weight after drying at 45°C for 48 h, and 

expressed as mg m−2 d−1. Settled PIP and POP was determined colorimetrically 

(Murphy & Riley 1962) from the settled material following sequential extraction (Kerr 

2009) using the Standards, Measurements and Testing protocol (Ruban et al. 2001b; 

Ruban et al. 2001a). Sedimentation rates of PIP and POP from the surface waters were 

expressed as a loss of P from the surface waters in µg m2 d−1. 

P regeneration rates in the surface waters were quantified radiometrically using 

the radioisotope 33P in orthophosphoric acid (PerkinElmer, Massachusetts, USA; 

Thingstad et al. 1993; Tanaka et al. 2006) as described in Chapter 3 (section 3.2.3). The 

regeneration term determined in this study, similar to that of (Poister et al. 1994), 

includes all forms of regeneration measurable from a 500 mL sample (i.e., 

phytoplankton and zooplankton) without accounting for each flux individually. The 

limit of detection for P regeneration was determined as that measured for P uptake. 

Physical fluxes of DIP, DOP, PIP, and POP into the surface waters of each zone 

including 1) down-reservoir transport (i.e., the flux of P transported horizontally in an 

up-reservoir to down-reservoir direction into the surface waters of each zone), 2) up-

reservoir transport (i.e., the flux of P transported horizontally in a down-reservoir to up-

reservoir direction into the surface waters of each zone), 3) vertical transport (the flux of 

P—during stratification—transported vertically from below the thermocline into the 
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SML of each zone) were determined from the modelled hydraulic transport and 

measured P concentrations in each zone: 

 

 𝑃𝐻𝑡 =
(𝑇ℎ𝑡∙𝐶𝑎)+((𝑇𝑠𝑢𝑟𝑓−𝑇ℎ𝑡)∙𝐶𝑏)

𝑇𝑠𝑢𝑟𝑓∙𝐶𝑏
 

(7) 

 

where PHt (or PVt) is the horizontal (or vertical) transport of P (as DIP, DOP, PIP, or 

POP) entering the surface waters from the adjacent horizontal (or vertical) zone, 

expressed as µg L−1 d−1, Tht (or Tvt) is the horizontal (or vertical) hydraulic transport 

expressed as a percentage change per day, Ca is the in situ P concentration of the 

adjacent zone in µg L−1, Tsurf is the surface water tracer value as a percentage, and Cb is 

the in situ P concentration measured in the surface waters of the receiving zone, in 

µg L−1. Down-reservoir P transport was not quantified in Zone 1 as Ca was not 

measured in this instance. 

4.2.4 Phosphorus mass balance: modelled phosphorus fluxes 

A mass balance for DIP, DOP, PIP, and POP was constructed for the surface waters 

(i.e., the epilimnion [i.e., surface mixed layer; SML] during stratification, and entire 

water column [i.e., mixed layer] during isothermy) of each zone and updated at daily 

intervals, to demonstrate the spatial and temporal variability of fluxes of P quantified in 

this study (Figure 4.2). In addition, a mass balance was constructed for the entire water 

column in each zone to demonstrate variability in total mass of P. Any missing 

measured or modelled input was linearly interpolated, or—if missing at day 0—

modelled by deterministic regression imputation using values at an adjacent site as the 

explanatory variable. Daily values were given by interpolating measured and modelled 
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P masses and fluxes. With only PP measured in the bottom waters and not differentiated 

as PIP and POP, bottom water PIP and POP were determined as: 

 

 𝑃𝐼𝑃𝐵𝑜𝑡 =
𝑃𝐼𝑃𝑆𝑢𝑟𝑓

𝑃𝑃𝑆𝑢𝑟𝑓
∙ 𝑃𝑃𝐵𝑜𝑡 

(8) 

 

where PIPBot (or POPBot) is the PIP (or POP) bottom water concentration in μg L−1, 

PIPSurf (or POPSurf) is the PIP (or POP) surface water concentration in μg L−1, PPSurf is 

the PP surface water concentration in μg L−1, and PPBot is the PP bottom water 

concentration in μg L−1. 

To account for the disparity in surface areas and volumes in each zone, P in the 

mass balance for each zone is expressed as μg L−1 P, and P fluxes as μg L−1 d−1 P. 

Positive fluxes represent a gain of P to the surface waters, and negative fluxes a loss of 

P to the surface waters. Fluxes derived from the mass balance are referred to as: 1) 

fluxes for individual processes (i.e., the fluxes previously defined in section 4.2.3.2.4; 

Table 4.1), 2) fluxes for P fractions (i.e., the sum of the fluxes for each P fraction [i.e., 

DIP, DOP, PIP, POP]; Table 4.1), and 3) the total flux (i.e., sum of DIP, DOP, PIP, and 

POP; Table 4.1). For the purpose of the mass balance, P derived from regeneration 

processes was assumed to be DIP although it is acknowledged that DOP may also be 

included. The total flux and fluxes for P fractions in Zone 1 were not calculated as no 

Zone 0 P measurements prevented calculation of down-reservoir P transport calculated 

from to Zone 0 into Zone 1. 
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Figure 4.2: Conceptual diagram of the lake, its five zones, and the fluxes within and between each zone, 

during a) isothermal, and b) stratified periods. Fluxes include; 1: PIP and POP sedimentation; 2: DIP 

regeneration; 3: down-reservoir DIP, DOP, PIP, and POP transport; 4: up-reservoir DIP, DOP, PIP, and 

POP transport; and 5: vertical DIP, DOP, PIP, and POP transport. 

 

4.2.5 Statistical analysis 

Analysis of measured variables and fluxes were performed using Microsoft Excel 2016 

(Microsoft Corporation 2016). Summary statistics were determined from daily 

interpolated data (B3; McBride & Rose 2018) and weighted seasonally. For the mass 

balance, P mass and fluxes , and their relationships with phytoplankton biomass and P 

status were quantified with Spearman’s rank-order correlation. Correlations were 

determined across the 12-month sampling period and under seasonally related 

timeframes. Correlation coefficients (rs) were considered significant at p < 0.05. 
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Table 4.1 Different types of fluxes of phosphorus (P) quantified in Lake Wivenhoe. TP is total P, DIP is dissolved inorganic P, DOP is dissolved organic P, PIP is particulate 

inorganic P, and POP is particulate organic P. * = flux derived from combination of model output and biogeochemical analyses,  = flux derived from biogeochemical 

analyses. 

Total flux  TP 

Fraction-specific flux  DIP  DOP  PIP  POP 

Individual flux  
Down-

reservoir * 

Hypo-

limnetic * 

Up-reservoir 

* 

Regener-

ation 
 

Down-

reservoir * 

Hypo-

limnetic * 

Up-reservoir 

* 
 

Down-

reservoir * 

Hypo-

limnetic * 

Up-reservoir 

* 

Sediment-

ation 
 

Down-

reservoir * 

Hypo-

limnetic * 

Up-reservoir 

* 

Sediment-

ation 



Differentiating physical transport and biogeochemical transformations of phosphorus: A 

modelling study  

 

116 

 

4.3 Results 

4.3.1 Meteorology 

Mean (SD) daily SW and LW radiation across the one-year study period were 213 (79) 

and 347 (38) W m–2, respectively. Mean daily RH was 69% (10), and mean daily Tair 

was 20.8 (4.3)°C. Air temperature was highest in the 6 months from October–March, 

when monthly mean WS was 2.8 (0.8) to 3.1 (1.1) m s–1, mostly from north-easterly or 

south-easterly directions. For the six coolest months (April–September) monthly mean 

WS was 2.2 (0.8) to 2.7 (1.4) m s–1, and mostly from north-westerly or south-westerly 

directions. Total rainfall for the study period was 867 mm and was highest seasonally in 

the austral autumn (339 mm from March through May), including 149 mm from 19 to 

21 May. 

4.3.2 Inflow and outflow 

Cumulative gauged surface inflow (i.e., the four gauged flows, excluding SYC) to Lake 

Wivenhoe for the year-long study period was 591,266 ML (Figure 4.3a). The 

majority—552,258 ML (or 93% of the annual volume)—of gauged surface inflow was 

from the Stanley River, which connects Lake Wivenhoe with upstream Lake Somerset. 

Upper Brisbane River, Reedy Creek, and Esk Creek contributed 19,686, 11,368, and 

7,954 ML, respectively. Combined gauged inflow from these four sources was greatest 

in autumn at 405,456 ML (69% of gauged inflow to the lake) which included a 

substantial storm event between 19–24 May (peak discharge; 21 May) supplying 

197,214 ML, including 177,876 ML from the Stanley River. Gauged outflow for the 

study period was smaller (annual volume = 138,788 ML) and consistent (mean daily 

volume [SD] = 380 [86] ML), and primarily (84%) from the main dam wall offtake  
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Figure 4.3: Inflow, outflow, and lake thermal profile characterization during the one-year study period 

(Feb 2009–Jan 2010). a) Daily inflow (i.e., gauged flows excluding Splityard Creek [SYC]; ML), b) daily 

outflow (i.e., gauged flows excluding SYC; ML), c) daily SYC inflow and outflow (ML), d) thermal 

profile by elevation (m above lakebed; m ALB), and e) thermal profile by volume (ML). Cumulative 

measured surface inflows and outflows exclude recycled flow with SYC Reservoir. Dotted line in ‘d’ 

denotes inflow/outflow elevation of the SYC pump station. 
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(Figure 4.3b). In addition, SYC dam recycled large volumes of water, with total annual 

inflow (second only to Stanley River) pumped from 23 m above the lakebed (ALB) in 

Wivenhoe, typically between 1000–2100 h; and outflow (greater than that lost from the 

main dam wall offtake) pumped into Wivenhoe at an elevation of 23 m ALB, typically 

between 0000 and 0700 h (Figure 4.3c). 

4.3.3 In-Lake 

4.3.3.1 Thermal structure 

The water column at Site 4 was isothermal (>0.5°C m−1) from 27 April through 

1 August and thermally stratified for the remainder of the year (Figure 4.3d). Mean 

surface-integrated (0–3 m) water temperatures were 18.3 (1.4)°C and 24.9 (3.4)°C under 

isothermal and stratified conditions, respectively. The thermocline deepened 

progressively during summer 2008–09, from 15 m on 1 February to 28 m before 

turnover on 26 April. Thermocline depth during summer 2009–10 was mostly 5–10 m 

below the surface but deepened to 11–18 m on occasion. Mean epilimnetic volumes 

were 376,863 and 375,711 ML during the 2008–09 and 2009–10 stratified periods, 

respectively. Mean metalimnetic and hypolimnetic volumes were considerably larger 

during the 2009–10 period (221,752 and 181,479 ML) than the 2008–09 period (20,922 

and 4,717 ML), i.e., by factors of 11 and 38, respectively (Figure 4.3e), reflecting 

higher water levels in 2009–10. 

4.3.3.2 Modelled hydrodynamics 

Model simulations of lake temperature agreed well with monthly field measurements 

across vertical and horizontal dimensions in the lake (Figure 4.4). The model calibration 

was confirmed with a global R2 of 0.972 across the four sites and four depths, and 

global RMSE of 0.84°C (Table 4.2). A global R2 of 0.972 is equivalent to > 80th 
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percentile for lake model T calibration (Arhonditsis & Brett 2004), and global RMSE of 

0.84°C equivalent to 0.33 SD, thus markedly < 0.5 SD considered to be adequately low 

for lake model T calibration (Moriasi et al. 2007). Across individual sites and depths, R2 

values were between 0.938 and 0.988, and RMSE between 0.54 and 1.22°C. The timing 

of stratification in the periods 2008–09 and 2009–10, including the water turnover in 

2009, were captured within a day or two in model simulations. The model validation 

had a global R2 of 0.959 and global RMSE of 1.18°C, and individual site and depth R2 

values between 0.883 and 0.994, and RMSE between 0.62 and 2.13°C (data not shown). 

A global R2 of 0.959 is equivalent to a ~70th percentile for lake model T calibration 

(Arhonditsis & Brett 2004), and global RMSE of 0.84°C equivalent to 0.29 SD, thus 

markedly < 0.5 SD considered as adequately low for lake model T calibration (Moriasi 

et al. 2007). 

 

Table 4.2 Model calibration statistics for comparison of simulated (AEM3D model) and measured 

temperature at Sites 1–4 and depths of 1, 7, 14, and 21 m in Lake Wivenhoe for the period Feb 2009–Jan 

2010. RMSE is Root Mean Square Error and R2 is the coefficient of determination. Site averaged is the 

mean value across all sites for a given depth, Depth averaged is the mean value across all depths for a 

given site. All R2 values are significant at p < 0.05 

  Site 1 Site 2 Site 3 Site 4 Site averaged 

 RMSE R2 RMSE R2 RMSE R2 RMSE R2 RMSE R2 

  (°C) - (°C) - (°C) - (°C) - (°C) - 

1 m 0.76 0.986 0.72 0.985 0.84 0.978 0.61 0 984 0.73 0.983 

7 m 1.01 0.944 0.67 0.979 0.63 0.976 1 22 0 951 0.88 0.962 

14 m - - 0.76 0.938 0.54 0.973 0.76 0 952 0.69 0.955 

21 m - - - - - - 1.05 0 988 1.05 0.988 

Depth averaged 0.88 0.965 0.72 0.968 0.67 0.976 0 91 0 969 0.84 0.972 

 

Simulated surface flow velocities under baseflow conditions were similar across 

the two up-reservoir sites and two down-reservoir sites, with median values of 0.028, 

0.029, 0.036, and 0.044 m s–1 at Sites 0, 1, 3, and 4 (Figure 4.5a). Flow velocities were 

lowest near the centre of the lake, i.e., Site 2 (mean = 0.016 m s–1). Surface flow 

direction at Sites 0–3 was mostly down-reservoir toward the dam wall. However, flow 
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Figure 4.4: Comparison of simulated (grey line) and measured (black dots) temperature across the one-year study period (Feb 2009–Jan 2010) at Sites 1–4 and depths of a) 1 

m, b) 7 m, c) 14 m, and d) 21 m. Dashed line for Site 4 represents high-frequency automated profiler output. 
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Figure 4.5: a) Flow velocity (m s−1), b) hydraulic transport (log(x+1); % d–1), and c) hydraulic transport flow (log(x+1); ML d–1), in the surface waters (i.e., the epilimnion 

[i.e., surface mixed layer; SML] during stratification, and entire water column [i.e., mixed layer] during isothermy) for Zones 0–4 (left–right).
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surface direction at Site 4 (i.e., in the main basin) tended to be up-reservoir toward Site 

3, likely associated with the direction of prevailing winds. Surface flow velocities 

during the 21 May storm event increased to 1.29 m s–1, 0.43 m s–1, and 0.34 m s–1 at 

Sites 0, 1 and 2, respectively, and remained consistently higher than baseflow for about 

3 days (Figure 4.5a). Flow velocities, showed little change at Sites 3 and 4 during the 

storm event. 

SYC resulted in water pumped into and out of the epilimnion during the 2008–

09 summer-stratified period (inflow to and outflow from SYC at 23 m ALB), but within 

the metalimnion during the 2009–10 summer-stratified period. Across a 24 h period, 

inflow derived from SYC could account for ~1% of the surface water in the main lake 

basin (i.e., Zone 4). 

Down-reservoir transport was the primary source of water into the surface 

waters in Zones 1, 2, and 4 on an annual basis, and was of reduced magnitude towards 

the dam wall (Figure 4.5b, c). Down-reservoir transport was also the primary source of 

water into the surface waters in Zone 3 during the storm flow during 19–24 May, 

however was exceeded by up-reservoir transport during baseflow, by a factor of 6. 

Vertical transport of water varied markedly between sampling dates (i.e., several orders 

of magnitude), and was of increased magnitude towards the dam wall (Figure 4.5b, c). 

Vertical transport, however, was greatest during the first 4 months of the stratified 

period (i.e., Aug-09–Nov-09; Figure 4.6d–g) when it was often considerably greater 

than down-reservoir transport (Figure 4.5b, c). By contrast, vertical transport was 

reduced during the middle (i.e., Dec-09–Jan-10 during the 09–10 period; Figure 4.6h–i) 

and latter (i.e., Feb-09–Mar-09 during the 08–09 period; Figure 4.6a–c) stages of the 

stratified period. Vertical transport was also highly variable within zones, with localised  
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Figure 4.6: Percentage of water at the lake surface derived from vertical transport of water below the 

thermocline during the 48 h preceding midday on: a) 19 February 2009, b) 19 March 2009, c) 22 April 

2009, d) 19 August 2009, e) 23 September 2009, f) 21 October 2009, g) 18 November 2009, h) 16 

December 2009, and i) 20 January 2010. N.B. different scales in a) through i). 

 



Differentiating physical transport and biogeochemical transformations of phosphorus: A 

modelling study  

 

124 

 

areas of elevated vertical transport associated with operation of SYC, and wind speed 

and fetch (Figure 4.6). 

4.3.3.3 Biogeochemistry 

Bottom water DO was generally anoxic (< 1 mg L–1) during the stratified period. 

Exceptions included months corresponding to elevated down-reservoir transport at Sites 

1 and 2, and the first one and two months of the 2009–10 stratified period at Sites 3 and 

4, respectively. Bottom water hypoxia was alleviated across all sites with autumn 

turnover, then low DO (<2 mg L–1) returned first at Site 1 in July, followed by Site 2 in 

August, Site 3 in September, and Site 4 in October. Euphotic depth, which was 

predominantly shallower than the thermocline depth, typically increased with distance 

from the main inflow, with mean (SD) values of 3.1 (0.7), 3.5 (1.0), 4.3 (0.7), and 

4.9 (0.6) m at Sites 1–4, respectively. Euphotic depth decreased temporarily following 

the May storm, before increasing to values greater than before the storm, by factors of 

1.1–1.4, dependent on site. 

TN concentrations were relatively consistent across sites and with thermal 

regimes, with mean surface (0–3 m) and bottom water (1 m ALB) concentrations of 656 

(153), and 703 (246) μg L–1, respectively. TP concentrations typically increased with 

depth and with distance from the main inflow, with mean surface water concentrations 

of 61 (16), 53 (12), 34 (4), and 27 (5) μg L–1, and bottom water concentrations of 139 

(118), 120 (91), 75 (57), and 43 (35) μg L–1, at Sites 1–4 respectively. TP concentrations 

(four-site-mean) were markedly higher in bottom waters during stratified periods, i.e., 

109 (100) μg L–1, compared with isothermal periods, i.e., 59 (32) μg L–1. 
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4.3.3.4 Phosphorus fractionation 

Surface water DIP, DOP, PIP, and POP concentrations typically decreased with 

distance from the main inflow (Figure 4.7a). Surface water DIP and DOP 

concentrations were mostly lower during stratified periods, as well as with distance 

from the main inflow. Surface water DIP and DOP concentrations also typically 

decreased during stratification. Surface water PIP concentrations varied little with 

thermal regime compared with POP concentrations, which increased markedly during 

the first 3–4 months of the stratified period before plateauing from November to 

January. DIP concentrations were elevated at Site 1, and both DIP and DOP 

concentrations were elevated at Sites 2–4 when the storm occurred in May. Timing 

differed among sites, with concentrations increasing rapidly at Sites 1–3 during and 

immediately following the storm, but a few days later at Site 4. 

Bottom water DIP, DOP, and PP concentrations typically decreased with 

distance from the main inflow (Figure 4.7b). A notable exception was during the 2008–

09 stratified period, when DO concentrations were >2 mg L–1 at Sites 1 and 2, and <1 

mg L–1 at Sites 3 and 4. At this time bottom water DOP concentrations were <10 μg L–1 

P at Site 1 and 2, but had increased to 207 μg L–1 P and 129 µg L–1 P at Sites 3 and 4, 

respectively. By contrast, during the 2009–10 stratified period, when the hypolimnion at 

all sites was hypoxic, bottom water DOP concentrations reached 268, 168, 125, and 

73 μg L–1 P at Sites 1–4, respectively. Similarly, during the 2009–10 stratified period, 

DIP and PP increased when the hypolimnion was anoxic. 

4.3.3.5 Phytoplankton biomass 

Mean (SD) Chl-a concentrations typically decreased with distance from the main 

inflow, with annual means of 18 (11), 17 (10), 15 (6), and 10 (4) μg L–1 at Sites 1–4, 

respectively (Figure 4.7c). Conversely, cyanobacteria and R. raciborskii biovolumes 
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increased with distance from the main inflow (Figure 4.7c). Chl-a concentrations were 

typically lowest after autumn turnover in October and November, then increased to 

annual maxima of 40, 37, 26, and 20 μg L–1 at Sites 1–4 during December. Increasing 

Chl-a concentrations during this period were associated with steady increases in 

cyanobacteria and R. raciborskii biovolumes, and biovolumes were significantly 

negatively correlated with ambient concentrations of DIP (rs(degrees of freedom, 62) = –0.684, 

p < 0.01; and ρ(62) = –0.529, p < 0.01, respectively) and DOP (rs(62) = –0.598, p < 0.01; 

and rs(62) = –0.644, p < 0.01, respectively). Chl-a concentrations increased for 1–2 

weeks following the May storm event. Increases occurred at Site 3 within a few days of 

peak inflow, and at Sites 1, 2, and 4—following an initial decline—approximately 6–8 

days after peak inflow. Chl-a concentrations increased again in June at Sites 2 and 3. 

4.3.3.6 Phytoplankton physiological status: phosphorus indicators 

Mean (SD) phytoplankton cell P quotas did not vary significantly with distance 

from the main inflow, with annual means of 1.05 (0.57), 0.94 (0.56), 1.09 (0.68) and 

0.99 (0.69) μg P μg–1 Chl-a at Sites 1–4, respectively (Figure 4.7d). Phytoplankton cell 

P quotas were weakly negatively correlated with Chl-a concentrations (rs(62) = –0.366, p 

< 0.01). Phytoplankton cell P quota during stratified conditions, however, became 

increasingly negatively correlated with Chl-a concentrations, and also R. raciborskii—

but not cyanobacteria—biovolumes (rs(34) = –0.572, p < 0.01; rs(34) = –0.531, p < 0.01, 

respectively). The mean phytoplankton cell P quota during stratification was two-fold 

higher than that during isothermy. The mean phytoplankton cell P quota during ‘early’ 

stratification (i.e., August–mid November) when Chl-a concentrations and 

cyanobacteria and R raciborskii biovolumes were low, decreased by a factor of 1.5 

compared with the period ‘peak stratification’ (i.e., mid November–mid January) when 
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Figure 4.7: Phosphorus (P) fractions and measured phytoplankton variables (biomass and P-physiological status) at Sites 1–4 (left–right) for the annual study period. a) P 

fractionation in the surface waters (0–3 m surface integrated), b) P fractionation in the bottom waters (1 m above lakebed; m ALB), c) chlorophyll a and cyanobacteria and 

Raphidiopsis raciborskii biovolume in the surface waters, d) phytoplankton cell P quota in the surface waters, and e) phytoplankton P uptake in the surface waters. Surface 

waters refer to the epilimnion [i.e., surface mixed layer; SML] during stratification, and entire water column [i.e., mixed layer] during isothermy. Error bars denote one 

standard deviation, and arrow denotes May inflow event. 
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Chl-a concentrations, and cyanobacteria and R raciborskii biovolumes were high. The 

minimum phytoplankton cell P quotas (four-site-mean) peaked in December 

(0.51 [0.10] μg P μg–1 Chl-a), coinciding with the monthly maximum Chl-a 

concentrations and cyanobacteria and R. raciborskii biovolumes, and DIP < 2 μg L–1. 

Phytoplankton cell P quotas also decreased for 1–3 weeks across all sites immediately 

following the May storm event. 

Phytoplankton P uptake rates were typically lower up-reservoir, with annual 

means of 31 (31), 35 (49), 51 (38), and 42 (32) μg L–1 h–1 at Sites 1–4, respectively 

(Figure 4.7e). Phosphorus uptake rates tended to be polarised towards low (<2 μg L–1 h–

1) or high (>25 μg L–1 h–1) values, with the higher values usually further away from the 

main inflow. Phosphorus uptake rates were highest under stratified conditions, with a 

peak in the four-site mean in December (122 [32] μg L–1 h–1 P). Elevated P uptake rates 

coincided with reduced DIP (rs(62) = –0.595, p < 0.01) and DOP concentrations (rs(62) = –

0.667, p < 0.01), and elevated Chl-a concentrations (rs(62) = 0.503, p < 0.01) and 

biovolumes of cyanobacteria (rs(62) = 0.750, p < 0.01) and R. raciborskii (rs(62) = 0.674, 

p < 0.01). 

4.3.3.7 Phosphorus mass balance: modelled phosphorus fluxes 

The modelled TP flux in the surface waters was mostly negative, due to negative PIP 

and POP fluxes. However, the flux of DIP was positive, and DOP was circumneutral. 

The loss of PIP and POP from the surface waters via sedimentation was large relative to 

other fluxes (Figure 4.8c, d; Figure 4.9c, d), however at times this loss was negated by 

regeneration and physical fluxes in the surface waters. Regeneration of DIP within the 

surface waters constituted most of the flux of DIP in this layer, with mean regeneration 

rates exceeding those from any other process by 35-fold (Figure 4.8a; Figure 4.9a). 

Down-reservoir transport was the second greatest flux of P to the surface waters and 
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was mostly positive for each P fraction (Figure 4.8a–d; Figure 4.9a–d). Vertical 

transport provided a flux of P to the surface waters similar to that of down-reservoir 

transport, yet varied over multiple orders of magnitude throughout the stratified period. 

Up-reservoir transport provided the smallest flux of P to the surface waters, and in many 

instances provided a negative flux for each P fraction (Figure 4.8a–d; Figure 4.9a–d). 

4.3.3.7.1 Variability of P fluxes with thermal regime 

The daily P mass balance for the entire vertical profile demonstrated the mass of P in 

each zone (as total mass, and mass per unit volume) increased substantially during the 

stratified period, although the majority of P—notably as DOP—was located below the 

thermocline during the stratified period (Figure 4.10). 

P fluxes in the surface waters differed between isothermy, early stratification 

(early August – mid November), and peak stratification (mid November – mid January) 

periods (Figure 4.11). The mean TP flux in the surface waters during isothermy changed 

from a substantial loss in Zone 1 (–4.83 μg L–1 d–1) to a gain in Zone 4 (0.61 μg L–1 d–1). 

The loss of P from the surface waters changed during early stratification from a loss in 

Zone 1 (–1.42 μg L–1 d–1) to a gain in Zone 4 (0.66 μg L–1 d–1), before increasing again 

during peak stratification to a substantial loss in Zone 1 (–3.84 μg L–1 d–1) or a moderate 

loss in Zone 4 (–1.16 μg L–1 d–1). 

During isothermy the mean fluxes of DIP, DOP, PIP, and POP to the surface 

waters across all zones were 1.19, –0.03, –2.54, and –0.88 μg L–1 d–1, respectively 

(Figure 4.11). During early stratification (early August – mid November), the mean DIP 

flux in the surface waters increased to 1.62 μg L–1 d–1, mostly due to elevated 

regeneration rates within the surface waters. During early stratification the mean DOP 

flux in surface waters changed from a loss to a gain in three of four zones, primarily due 

to elevated down-reservoir transport rates. During early stratification the mean PIP and 
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Figure 4.8: Inorganic and organic phosphorus (P) fluxes for the surface waters of Zones 1–4 (left–right) for the annual study period excluding the storm event (7 days) and 

the subsequent 4 weeks for a) dissolved inorganic P (DIP), b) dissolved organic P (DOP), c) particulate inorganic P (PIP), and d) particulate organic P (POP). Surface waters 

refer to the epilimnion [i.e., surface mixed layer; SML] during stratification, and entire water column [i.e., mixed layer] during isothermy. Positive fluxes are into the surface 

waters and negative values are out of the surface waters. Light-shaded zone denotes isothermy and dark-shaded zone denotes times excluded as a result of the storm event and 

subsequent 4 weeks. For fluxes during and after the storm event see Fig 4.9. No down-reservoir flux, and thus total and P-fraction flux, is quantified in Zone 1 (see section 

4.2.4). 
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Figure 4.9: Inorganic and organic phosphorus (P) fluxes into the surface waters of Zones 1–4 (left–right) during the storm event and subsequent 4 weeks for; a) dissolved 

inorganic P (DIP), b) dissolved organic P (DOP), c) particulate inorganic P (PIP), and d) particulate organic P (POP). Surface waters refer to the epilimnion [i.e., surface 

mixed layer; SML] during stratification, and entire water column [i.e., mixed layer] during isothermy. Positive fluxes are into the surface waters and negative values are out of 

the surface waters. The arrow denotes the time of peak inflow. No down-reservoir flux, and thus total and P-fraction flux, is quantified in Zone 1 (see section 4.2.4). 
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Figure 4.10: Phosphorus (P) mass balance through the entire vertical profile in each zone for the one-year 

study period as change in mass (kg) (left) and concentration (μg L –1) (right) for; a) Zone 1, b) Zone 2, c) 

Zone 3, and d) Zone 4. Light-shaded zone denotes isothermy and arrow denotes the storm event. Note 

scales. 

 

POP fluxes in the surface waters became less negative (–1.69 and –0.51 μg L–1 d–1 P for 

PIP and POP, respectively) across all zones, primarily due to reduced sedimentation 

rates. 

During peak stratification (mid November–mid January), mean DIP fluxes in the 

surface waters across Zones 1–4 were lower (0.83 μg L–1 d–1 P) than during early 

stratification (1.61 μg L–1 d–1 P) and isothermy (1.14 μg L–1 d–1 P; Figure 4.8), primarily 

due to substantially reduced DIP regeneration rates. The mean DOP flux in the surface 
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waters was higher during peak stratification than during early stratification and 

isothermy, owing to elevated down-reservoir, up-reservoir, and vertical transport rates. 

The mean PIP and POP fluxes in the surface waters became increasingly negative (–

2.90, and –0.93 μg L–1 d–1 for PIP and POP, respectively) during peak stratification, far 

exceeding losses from the surface waters during isothermy and early stratification. 

 

 

Figure 4.11: Phosphorus (P) fluxes—dissolved inorganic P (DIP), dissolved organic P (DOP), particulate 

inorganic P (PIP), and particulate organic P (POP)—into the surface waters for the one-year study period 

(left) and during the May storm event and subsequent 4 weeks (right) for; a) Zone 1, b) Zone 2, c) Zone 3, 

and d) Zone 4. Surface waters refer to the epilimnion [i.e., surface mixed layer; SML] during 

stratification, and entire water column [i.e., mixed layer] during isothermy. Positive fluxes are into the 

surface waters and negative values are out of the surface waters. Light-shaded zone (left only) denotes 

isothermy and dark-shaded zone denotes times excluded as a result of the storm event and subsequent 4 

weeks (left only) denotes the storm event and subsequent 4 weeks. No down-reservoir flux, and thus total 

and P-fraction flux, is quantified in Zone 1. Note scales. 
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4.3.3.7.2 Variability of P fluxes with distance from the main inflow 

The daily P mass balance for the entire vertical profile demonstrated the mass of P in 

each zone to increase down-reservoir, although concentration decreased (Figure 4.10). 

The TP fluxes in the surface waters varied with distance from the main inflow. 

Annual mean TP fluxes in the surface waters were –4.63, –4.54, –1.45, and 0.16 μg L–

1 d–1 P in Zones 1–4, respectively (Figure 4.11). Annual mean DIP fluxes in the surface 

waters—except for a spike in Zone 3 of 1.61 μg L–1 d–1—decreased with distance from 

the main inflow, from 1.28 μg L–1 d–1 in Zone 1 to 1.09 μg L–1 d–1 in Zone 4 (Figure 

4.9). Most of this variation was due to DIP regeneration. The DOP flux in the surface 

waters changed from a loss in Zone 1 to a gain in Zone 4. The PIP and POP fluxes in 

the surface waters changed from a large loss in Zone 1 to circumneutral in Zone 4, 

mostly due to reduced sedimentation rates with distance from the main inflow. The ratio 

of POP to PIP sedimentation tended to increase with distance from the main inflow. 

4.3.3.7.3 Storm induced disruptions to P fluxes 

The daily mass balance for the entire vertical profile demonstrated that the P flux 

associated with May storm event—and not autumn turnover (which occurred 3–4 weeks 

prior)—drove the increase in P mass and concentration in the surface waters during the 

isothermal period. The P flux associated with the May storm event showed a marked 

increase in P mass and concentration in all four zones, but only in the two up-reservoir 

zones when standardised per unit volume (Figure 4.10). 

The May storm event disrupted the P fluxes in the surface waters that had been 

reasonably consistent within zones, although variable among zones (Figure 4.9). The TP 

flux became increasingly negative in all four zones during the storm event (Figure 

4.11), and losses from the surface waters due to sedimentation increased by factors of 

6.6, 5.9, 2.5, and 2.5 for PIP and 9.5, 7.4, 3.1, and 2.4 for POP in Zones 1–4 
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respectively (Figure 4.9c, d). Up-reservoir transport fluxes were negligible, and down-

reservoir transport fluxes were highly variable during the storm (Figure 4.9). Down-

reservoir fluxes in the surface waters at Zone 2 decreased markedly for DIP, DOP, and 

PIP (–10.3, –4.1, and –0.4 μg L–1 d–1), but increased for POP (2.8 μg L–1 d–1) during the 

inflow peak. By contrast, down-reservoir fluxes in the surface waters at Zone 3 

increased markedly for DIP, DOP, and PIP (7.8, 2.1, and 0.2 μg L–1 d–1), but decreased 

for POP (–0.3 μg L–1 d–1 ) during the inflow peak, while down-reservoir fluxes in the 

surface waters at Zone 4 remained low. 

Storm induced disruptions to the TP flux in the surface waters in each zone were 

short-lived, with return to pre-storm fluxes ~2 weeks after the inflow peak (Figure 

4.11), although individual fluxes were more variable (Figure 4.9). Particulate inorganic 

P and POP sedimentation rates and the proportion of PP in organic form were above 

pre-storm levels for 5–13 days post peak inflow, but similar to pre-storm levels by days 

14–19 (Figure 4.9c, d). Sedimentation rates of PIP and POP for the two zones nearest 

the inflow (i.e., Site 1 and 2) decreased below pre-storm levels 19 days after the inflow 

event and remained below pre-storm levels for ~3–4 months (Figure 4.8c, d). Down-

reservoir transport rates remained elevated in the 3 months post storm event (Figure 

4.8;Figure 4.9). Dissolved inorganic P regeneration increased slightly in Zones 1–3 

about 1–2 weeks after the peak inflow, before returning to pre-storm levels (Figure 4.8a; 

Figure 4.9a). 

4.3.3.7.4 P fluxes driving phytoplankton biomass 

DIP regeneration was the largest flux at all sites throughout the year-long study period, 

exceeding that from any other process by >35 times. Dissolved inorganic P 

regeneration, however, was not significantly positively associated with Chl-a 

concentration, or cyanobacteria or R. raciborskii biovolume. 
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Measured Chl-a concentrations were significantly positively correlated with 

down-reservoir DIP transport across Zones 1-4 throughout the isothermal, post-May 

storm event period (rs(19) = 0.578, p < 0.01). Elevated Chl-a concentrations during this 

time coincided with transient increases in down-reservoir DIP fluxes, for periods ~1 

week post peak inflow in Zones 1–4, and again ~5 weeks post peak inflow in Zones 2 

and 3. Chl-a concentrations across Zones 1–4 during this time were also weakly 

negatively correlated with phytoplankton cell P quotas (rs(26) = –0.456, p = 0.01). 

Measured Chl-a concentrations, unlike during the isothermal post-May storm 

event period, were not significantly positively correlated with down-reservoir DIP 

transport across Zones 1–4 during the stratified period (rs(16) = –0.063, p = 0.75). Chl-a 

concentrations, and cyanobacteria and R. raciborskii biovolumes during this time were 

instead significantly positively correlated with vertical DOP transport (rs(23) = 0.510, p = 

0.01; rs(23) = 0.649, p < 0.01; rs(23) = 0.849, p < 0.01, respectively). R. raciborskii 

biovolumes, but not Chl-a concentrations or cyanobacteria biovolumes, were also 

weakly, but significantly, negatively correlated with DIP regeneration (rs(34) = –0.477, p 

< 0.01). 

Measured Chl-a concentrations, and cyanobacteria and R. raciborskii biovolumes 

declined across Zones 1–4 from December to January (Figure 4.7c). This decline 

followed several months of decreasing TP in the surface waters (Figure 4.7a), and 

increasingly negative DIP and TP fluxes in the surface waters (Figure 4.11). It also 

coincided with DIP regeneration decreasing below the LoQ (Figure 4.8a) and 

phytoplankton cell P quota decreasing to a minimum of ~0.5 μg P μg–1 Chl-a (Figure 

4.7e). 
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4.4 Discussion 

This study applied a novel approach integrating in vitro and in silico techniques to 

quantify P transport and transformations in a large subtropical reservoir. Using this 

method, it was demonstrated that rates of P regeneration within surface waters—

irrespective of thermal regime and distance from the main inflow—were considerably 

greater than the rates due to physical processes introducing new P to the surface waters. 

Nevertheless, vertical transport of DOP reached rates comparable to regeneration during 

the height of the stratified period, and advective fluxes of P increased substantially 

relative to regeneration in the weeks subsequent to a substantial storm event. The flux of 

P was demonstrated to transition from physical- to regeneration-dominant, and the 

physical-component from horizontal- to vertical-dominant, along the reservoir. Physical 

and regeneration fluxes of DIP, contrary to what was hypothesised, became less—not 

more—tightly related to phytoplankton biomass as conditions became increasingly DIP-

depauperate. Phytoplankton biomass correlated positively with the physical down-

reservoir DIP flux following the storm event which occurred during isothermy; while 

phytoplankton biomass was correlated positively with the physical vertical DOP flux, 

and negatively with phytoplankton cell P quota during stratification. 

The P mass balance for the different zones demonstrated that regeneration of P 

within the surface waters (i.e., internal cycling from biogeochemical processes) 

provided the majority of the bioavailable P (i.e., DIP) for the surface waters throughout 

both the isothermal and stratified periods, and was critical for counterbalancing losses 

of P from the surface waters (e.g., from sedimentation). Regeneration of P (Poister et al. 

1994)—and not entrainment (e.g., MacIntyre & Jellison 2001; Boegman et al. 2003; 

MacIntyre et al. 2009)—therefore dominated the supply of bioavailable P to the surface 

waters of Lake Wivenhoe irrespective of thermal regime. The regeneration rates of P 
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reported in this study exceed atmospheric deposition rates of TP and DIP in Lake 

Wivenhoe by factors of ~120 and ~60, respectively (based on the deposition rates from 

Tipping et al. (2014)). 

Regeneration of P in previous studies (Cyr & Peters 1996) has clearly 

demonstrated phytoplankton-mediated rates to be markedly greater than those from 

zooplankton and fish, with occasional exceptions (e.g., Vanni 2002; McIntyre et al. 

2008). Regeneration in this study is also likely to be primarily derived from 

phytoplankton, via cell leakage as DIP, and cell lysis as a mixture of DIP and DOP 

(Hudson & Taylor 1996; Wetzel 2001), and to a lesser extent from zooplankton 

excretion, and decomposition processes common within the surface waters (Gulati et al. 

1995; Vanni 2002; Vanni et al. 2006). The regeneration flux in this study is also likely 

to have affected a degree of net import or export of DIP and DOP from the hypolimnion 

to the surface waters owing to diel vertical migration of the phytoplankton, 

zooplankton, and fish communities (Griffiths 2006; Vanni et al. 2013; Stewart et al. 

2018); although the extent of the net import or export was not ascertained in the present 

study. 

P fluxes in this study differed markedly between the isothermal and stratified 

periods, consistent with other studies (e.g. Kamarainen et al. 2009; North et al. 2015). 

Isothermal conditions in this study were characterised by surface waters with elevated P 

stocks, driven by mixing of bottom waters with elevated concentrations (e.g., Vincent 

1983). Stratified conditions, by contrast, were characterised by declining DIP and DOP 

concentrations in the surface waters, with DOP composing the majority of the DP pool, 

consistent with findings from other studies (e.g., Spijkerman & Coesel 1998; Rengefors 

et al. 2001; Nausch & Nausch 2004). Declining surface water concentrations of P 

during stratification appeared to be driven by increasing losses of PIP and POP from the 
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surface waters and thermally-derived density gradients resulting in relatively low rates 

of vertical P transport from the hypolimnion into the surface waters for the majority of 

the stratified period. Regeneration of P, as observed by Poister et al. (1994)—and not 

vertical entrainment as observed by MacIntyre and Jellison (2001), Boegman et al. 

(2003), and MacIntyre et al. (2009)—was therefore the main driver of the supply of 

bioavailable P into the surface waters for the majority of the stratified period. Modelled 

rates of DOP transport from the hypolimnion into the surface waters during the period 

of peak stratification (i.e., November–January) were on occasion comparable to the 

regeneration-derived flux of P. During the period of peak stratification, when the 

hypolimnetic concentration of DOP approached 200 μg L–1, transient hypolimnetic-

derived fluxes of DOP and relatively consistent fluxes of regenerated P drove supply in 

surface waters. 

Strong longitudinal gradients of P concentration were observed down-reservoir, 

consistent with previous studies of the system (Burford et al. 2012) and other lakes with 

long-narrow morphometries, such as Diefenbaker in Saskatchewan, Canada (Dubourg et 

al. 2015; North et al. 2015). The concentration gradient was driven in large part by 

sedimentation, especially with declining flow velocity down reservoir, which may also 

be associated with longitudinal sorting of particulate material down the reservoir 

thalweg, where larger and heavier particles settled nearer the inflow (Håkanson & 

Jansson 1983). Similar trends in sedimentation have been observed at lotic-lentic 

transition zones in circular lakes such as Rotorua, New Zealand (Abell & Hamilton 

2014), as well as long narrow lakes, such as Diefenbaker, Saskatchewan, Canada (North 

et al. 2015). Losses of P via sedimentation declined relative to the gain of P from 

regeneration down reservoir, with the loss of P via sedimentation almost completely 

counterbalanced by the gain of P via regeneration in the lake basin. Declining flow 
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velocities down reservoir resulted in a system with a strong longitudinal sink–source 

gradient of P within the SML, as the total P flux to the surface waters transitions from a 

net loss up-reservoir to a net gain down-reservoir. Although previous studies have 

demonstrated counterbalancing of sedimentation by regeneration processes (Poister et 

al. 1994) and sink–source gradients of P extending from the main inflow to the dam 

wall (North et al. 2015), this study presents the first such instance demonstrating that 

sink-source gradients may be driven by loss of P via sedimentation that is 

counterbalanced down reservoir by surface water regeneration. 

The storm event in May was associated with a substantial increase in the total 

mass of P in the surface waters, which dwarfed the increase in P from autumn turnover. 

The scale of the increase in P mass following the May storm event in this study 

corroborates with a previous study in Lake Wivenhoe, which showed approximately 

one-half of the TP load from the Upper Brisbane River across a 6-year period occurred 

in only 12 days (Burford et al. 2012). The P-laden storm flow in this study resulted in 

marked spatial and temporal changes in the relative contributions of the physical and 

regeneration fluxes of P. Specifically, the storm derived inflow increased the 

contribution of the horizontal down-reservoir flux relative to the regeneration flux, 

albeit decreasing in a down-reservoir direction. Although the timeframe in which the 

horizontal flux exceeded the regeneration flux in the up- and mid-reservoir zones was 

only a few days, the horizontal down-reservoir flux remained elevated for several 

weeks, depending on station location. These results demonstrate how extreme weather 

events disturb and reset fluxes directly through delivery of catchment derived P, or 

indirectly though in-lake processes such as erosion of shorelines, and resuspension and 

remobilization of sediments (Scanlon et al. 2004; James et al. 2008; Stutter et al. 2008). 
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Chl-a concentration in this study, as hypothesised, was not positively related to 

physical fluxes of DIP within the SML during the stratified period when DIP 

concentrations were low (i.e., <5 μg L−1 P). Chl-a, and cyanobacteria and R. raciborskii 

biovolumes were instead positively related to vertical transport of DOP from the 

hypolimnion during stratification. P uptake rates (as total and per unit Chl-a), and AP 

activity—as demonstrated Chapter 3—were also high during this period, indicating up-

regulation of high-affinity P uptake transporters (Aubriot et al. 2000; Aubriot & Bonilla 

2012) and production of alkaline phosphatase permitting rapid and efficient exploitation 

of transient fluxes of both DIP and DOP. In addition, phytoplankton cell P quota 

declined during this period, likely driven by growth and utilization of internally stored 

polyphosphate bodies (Cotner & Wetzel 1992; Litchman & Nguyen 2008). R. 

raciborskii biovolumes decreased about one month after the annual minimum of the 

physically derived fluxes of DIP and DOP into the SML, when the phytoplankton cell P 

quota was at its annual minimum. With a suite of R. raciborskii strains isolated from 

Lake Wivenhoe having high luxury P storage capacity (Xiao et al. 2020) and ability to 

use high affinity P uptake and DOP ultilization to decouple growth from P assimilation 

(Willis et al. 2018), the decline in R. raciborskii biovolumes during summer 

stratification in the present study may be related to exhaustion of all P sources, 

including luxury stores (Isvánovics et al. 2000), ultimately representing a point where 

R. raciborskii could no longer decouple growth from P availability. 

Chl-a concentration in this study was generally shown to decrease with distance 

from the main inflow, similar to observations in a suite of long-narrow storages in 

Texas, USA including Canyon, Stillhouse Hollow, and Waco Reservoirs (Forbes et al. 

2008; Scott et al. 2009). Cyanobacteria and R. raciborskii biomass in our study, 

however, exhibited a longitudinal trend that increased with distance from the main 
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inflow through Zone 3, before decreasing again in Zone 4. These trends aligned well 

with the cyanobacteria peak observed in Canyon, Stillhouse Hollow, and Waco 

Reservoirs in Texas, USA (Scott et al. 2009), and is similar to the trend of primary 

productivity in longitudinal reservoirs proposed by Thornton et al. (1990) who 

suggested phytoplankton biomass is highest in the transition zone owing to both high 

nutrient and light availability. Critically, peak cyanobacteria and R. raciborskii biomass 

observed in Zone 3 in our study was associated with the peak in P uptake rate, and the 

minimum DIP concentration yet maximum DIP flux into the SML. As such, I 

hypothesize, the peak in the cyanobacteria and R. raciborskii biomass observed in Zone 

3 in the present study is driven by an ability for high-affinity P uptake (Willis et al. 

2018) and thus rapid uptake of transient pulses of DIP in a highly DIP-depauperate 

SML. 

Chl-a concentration in this study was positively related to horizontally 

transported DIP fluxes within the surface waters in the weeks following the May storm, 

when DIP concentrations were high (i.e., >5 μg L−1 P). Critically, the storm event drove 

moderate increases in phytoplankton biomass—dominated by diatoms, cryptophytes, 

and chlorophytes (Chapter 2)—over the course of several weeks, even under the 

relatively P-replete conditions that typify isothermy. Had the storm instead occurred 

during DIP-depauperate stratified conditions, its effect on phytoplankton biomass might 

have been greater. For example, an equivalent event occurring during the peak stratified 

period would have allowed the R. raciborskii population to quickly and efficiently refill 

their internal P stores thus resulting in both a more-severe and longer-lasting bloom. 

Quantifying transport and transformation of P in lakes has traditionally been 

carried out using whole-of-system budgets (Burford et al. 2012; North et al. 2015; Ran 

et al. 2016) or numerical models (Romero et al. 2004; Burger et al. 2008). Transport 



Differentiating physical transport and biogeochemical transformations of phosphorus: A 

modelling study  

 

143 

 

and transformation of P in the present study, however, was quantified using a novel 

‘process-based’ mass balance that integrated hydrodynamic fields from numerical 

models with whole-of-system P budgets and small-scale P studies. The novel integrated 

approach effectively incorporated in situ or in vitro measurements of biotic processes 

not easily captured in silico, and in silico measurements of physical processes not easily 

captured in situ or in vitro. This approach provided a comprehensive synthesis of the 

spatio-temporal dynamics of the various forms of P within the lake, the like of which 

has seldom been attempted, let alone demonstrated (e.g. Ernst & Owens 2009). 

Moreover, the process-based mass balance approach described in this study was shown 

to provide important insights into potential drivers of phytoplankton biomass, which 

could not be identified by changes in P concentrations alone. 

The novel process-based P mass balance approach described in this study 

provided important insights into the drivers of phytoplankton productivity but some 

caveats on the method should be mentioned. Firstly, the vertical flux of P from the 

hypolimnion into the SML was effectively captured for the purpose of this study, i.e., 

quantification of flux across 48 h prior to each in situ sampling date. It is acknowledged, 

however, that the vertical flux is highly variable and thus capturing the true extent of its 

variability across a daily or sub-daily time-scale would necessitate running many short-

term model simulations. Secondly, phytoplankton P uptake rates within the SML were 

effectively captured using conventional techniques for the purposes of this study. 

Measured P uptake rates however were orders of magnitude greater than the 

regeneration-derived and physically-derived fluxes. This discrepancy is likely attributed 

to the quantification of uptake rate requiring accurate measures of bioavailable 

phosphorus, of which standard colorimetric methods for dissolved reactive phosphorus 

(American Public Health Association 1999) are known to substantially overestimate at 
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low concentrations (Rigler 1968). Consequently, phytoplankton P uptake rates for the 

purposes of this study were not incorporated within the P mass balance, although low 

and high rates were interpreted as low-affinity uptake and high-affinity uptake, 

respectively. 

Prolonged periods of drought interspersed with frequent storm events are 

hypothesised to increase in incidence and severity with continued climate warming 

(Havens et al. 2016; Stott 2016; Eccles et al. 2019). The current study demonstrated that 

episodic storm events drive major changes in the transport and transformation of P in 

storages, and are a key driver of phytoplankton blooms. Further, the current study 

demonstrated the ability of bloom-forming cyanobacteria including R. raciborskii to 

dominate—by way of high-affinity P uptake and luxury P storage—periods of scarce 

and transient resupply of bioavailable P, reminiscent to conditions produced by periods 

of prolonged drought interspersed with storm derived pulses of P. Thus, an increasing 

incidence of drought periods interspersed with P-laden storm events, and the ever 

expanding geographical range of cyanobacteria around the globe (Isvánovics et al. 

2000; Paerl & Huisman 2009; Posselt et al. 2009), suggest continued challenges in the 

management and mitigation of cyanobacteria blooms in lakes and reservoirs on a global 

scale. 

4.4.1 Conclusions 

This study demonstrates that the processes that regenerate P within the surface waters 

are for most of the time substantially more important than the physical processes that 

introduce ‘new P’ into the surface waters. Vertical transport of DOP still reached rates 

comparable to that of regeneration rates during the height of the stratified period, and 

the advective flux, in response to a substantial storm event, increased substantially 

relative to regeneration in subsequent weeks. The flux of P transitions from physical- to 
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regeneration-dominant, and the physical-component from horizontal- to vertical-

dominant, longitudinally down-reservoir. Dissolved inorganic P fluxes tended to 

become less tightly linked to phytoplankton biomass as phytoplankton became 

increasingly DIP-depauperate, likely linked to dominance by R. raciborskii and its 

capacity to metabolise luxury P storages and use DOP. The use of the P mass balance 

developed in the study—which combined in situ and in silico techniques—is 

recommended to integrate biogeochemical and physical fluxes to determine the ability 

of each flux to drive phytoplankton productivity and succession in lakes. In addition, 

research into the impact of P-laden storm events on cyanobacterial dominance is 

recommended owing to climate warming that is predicted to increase the incidence of 

extreme weather events, such as the P-laden storm event captured in this study, and the 

ability of cyanobacteria such as R raciborskii to rapidly and efficiently exploit P pulses. 
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Chapter 5 General discussion 

5.1 Research findings 

This study used a combination of in situ/in vitro and in silico derived rate 

measurements, with physicochemical and phytoplankton community data, to examine 

the relationship between phosphorus (P) and phytoplankton in a large warm-

monomictic water storage, Lake Wivenhoe. The study focused on biological, chemical, 

and physical processes, and how they drove phytoplankton biomass and species 

dominance within the lake over time and space. 

5.1.1 High- and low-affinity phosphate uptake and its effect on 

phytoplankton dominance 

Chapter 2 (i.e., first data chapter) examined the relationship between physicochemical 

drivers and phytoplankton community P uptake rates in both the surface waters (i.e., the 

surface mixed layer; SML) during stratification, and entire water column during 

isothermy in a seasonally dissolved inorganic P (DIP) depauperate, Lake Wivenhoe. 

Chapter 2 also examined the relationship between phytoplankton community P uptake 

rate and phytoplankton seasonal succession. Phytoplankton P uptake was quantified 

using the radioisotope phosphorus-33 at monthly intervals across a 12-month period. 

Phytoplankton P uptake rates were primarily driven by dissolved inorganic P 

(DIP) concentrations, with uptake rates increasing markedly in surface waters under 

DIP-depauperate concentrations. An inverse-hyperbolic relationship was established 

between uptake rates and DIP concentrations, and P uptake rates were 1−2 orders of 

magnitude higher below a DIP threshold of 4.75 µg L-1. This threshold represents a 

transition between low- and high-affinity P uptake by the phytoplankton community. At 

DIP concentrations > 4.75 μg L-1, passive uptake of P occurs across the electrochemical 
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gradient via the low-affinity (Pit) system (Jansson 1988; Vershinina & Znamenskaya 

2002). At DIP concentrations ≤ 4.75 μg L−1 active transport of P into the cell occurs via 

the High-affinity (Pst) system (Jansson 1988; Vershinina & Znamenskaya 2002; 

Orchard et al. 2009). High-affinity uptake confers an ability to efficiently scavenge P at 

nanomolar levels (Aubriot & Bonilla 2012) that may occur under stratified conditions in 

lakes (e.g., Lake Wivenhoe) allowing for elevated levels of primary productivity. 

High-affinity P uptake occurred when cyanobacteria and in particular 

Raphidiopsis raciborskii dominated the phytoplankton assemblage. Flexibility in the 

phytoplankton community in switching between P uptake strategies (i.e., low-affinity 

and high-affinity) therefore appears to be critical in driving phytoplankton succession, 

from diatoms, cryptophytes and chlorophytes when DIP concentrations are higher, to 

cyanobacteria, including R. raciborskii, as DIP concentrations decrease. High-affinity P 

uptake was also demonstrated in a laboratory culture of a strain of R. raciborskii as the 

culture became progressively P-starved over time. Other studies have shown this 

capacity (e.g., Isvánovics et al. 2000; Willis et al. 2019). Therefore, DIP scavenging via 

high-affinity P uptake appears to be a critical factor affecting the phytoplankton 

community composition under DIP-depauperate conditions, and a major mechanism 

resulting in R. raciborskii dominance. 

5.1.2 Quantifying the role of organic phosphorus mineralisation on 

phytoplankton communities 

Certain phytoplankton are capable of using dissolved organic P (DOP) as a P source 

when DIP is limited. Therefore, Chapter 3 (i.e., the second data chapter) examined the 

importance of DOP mineralisation via alkaline phosphatase (AP) activity (APA), 

relative to phytoplankton P regeneration, in meeting phytoplankton P uptake 

requirements under thermally stratified DIP-depauperate conditions in Lake Wivenhoe. 
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Chapter 3 also examined how these processes were associated with changes in the 

phytoplankton community composition. APA was quantified fluorometrically using 4-

methylumbelliferyl phosphate, relative to phytoplankton P uptake and regeneration 

(quantified using the radioisotope phosphorus-33), at monthly intervals during a 

summer-stratified period. 

APA increased with declining phytoplankton cell P quotas. Maximum activity 

(total APA of 88 µg DIP L-1 h-1 and Chl-a normalised APA of 4.5 µg P µg−1 Chl-a h−1) 

occurred when the phytoplankton cell P quota was low (< 0.65 µg P µg-1 Chl-a). Values 

established in this study are at the upper end of literature values for total APA (e.g., 

Štrojsová et al. 2003; Ivančić et al. 2010), and Chl-a specific APA (Vidal et al. 2003), 

respectively. In the current study, AP activity was orders of magnitude higher than that 

derived from processes that biologically and chemically regenerate P in the SML, and 

was up to 89% (mean = 65%) of the total measured phytoplankton P uptake rate. This 

was comparable to results from an marine study where mineralisation by APA 

constituted up to 77% of the phytoplankton P uptake rate in open waters (Duhamel et al. 

2011) and a lake study where DOP mineralisation by APA was similar to the P uptake 

rate (Chrost & Overbeck 1987). These high rates of APA indicate that DOP 

mineralisation by APA was an important mechanism to enable phytoplankton to meet 

their P requirements under DIP-depauperate conditions. 

Peak APA during the most DIP-depauperate conditions of the stratified period in 

Lake Wivenhoe coincided with peak phytoplankton abundance and biovolume, and 

dominance of cyanobacteria. Further, APA was strongly positively associated with the 

10 most dominant cyanobacteria. Many of the dominant cyanobacteria are known to be 

AP producers, including Aphanizomenon spp. (Štrojsová et al. 2003; Wu et al. 2009), 

Planktolyngbya limnetica and Planktolyngbya minor (Rengefors et al. 2003), 
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Pseudanabaena spp. (Štrojsová et al. 2003), and R. raciborskii (Wu et al. 2009; Wu et 

al. 2012; Willis et al. 2015). These species likely competed successfully for the limited 

available P resources because of their ability to use DOP via production of AP, allowing 

cyanobacteria blooms to occur even under low DIP levels. 

5.1.3 Differentiating physical transport and biogeochemical 

transformations of phosphorus 

Chapter 4 (i.e., the third data chapter) examined the physical and biogeochemical fluxes 

of P along a time-distance continuum in Lake Wivenhoe. Transport and transformation 

of P was quantified using a novel ‘process-based’ mass balance which integrated 

hydrodynamic fields from numerical models with whole-of-system P budgets and 

small-scale P studies. Fluxes determined in the mass balance were related to measures 

of phytoplankton biomass and P-physiological status (i.e., cell P quota and uptake rate). 

Processes introducing ‘new DIP’ into the surface waters were dominated by 

regeneration of P as DIP within the surface waters as opposed to processes that 

physically transport P into the surface waters. Despite this, physical vertical transport of 

DOP during the peak of the DIP-depauperate stratified period (November–January) 

exhibited instances of fluxes comparable to those produced by regeneration of P. 

Further, storm events substantially increased the advective transport flux of P, which 

could persist for several weeks following the storm. The flux of P in the surface waters 

of Lake Wivenhoe was primarily driven by biologically-mediated regeneration 

processes (e.g., Gulati et al. 1995; Vanni 2002; Vanni et al. 2006), with transient 

contributions across the thermocline during stratified conditions (e.g., MacIntyre & 

Jellison 2001; Boegman et al. 2003; MacIntyre et al. 2009) and elevated 

contributions—sustained across several weeks—from down-reservoir advection 

following a storm event. 
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Physical and regeneration fluxes of DIP, contrary to what was hypothesised, 

were shown to become less tightly linked to phytoplankton biomass as conditions 

became increasingly DIP-depauperate. Changes in phytoplankton biomass in the weeks 

following the storm event were positively related to the down-reservoir DIP flux. 

Changes in phytoplankton biomass during stratification were negatively linked to 

phytoplankton cell P quotas and positively linked to vertical transport of DOP, likely 

attributed to dominance by R. raciborskii and its capacity to metabolise luxury P stores 

(Xiao et al. 2020) and use organic P (Willis et al. 2018). 

5.1.4 Synthesis 

This study has shown that the combination of efficient P-scavenging strategies and 

scarce P fluxes drive phytoplankton biomass and cyanobacteria dominance during 

stratified conditions. Specifically, when SML DIP concentrations were <4.75 μg L−1, the 

phytoplankton community exhibited a marked increase in P uptake rates indicating a 

transition to high-affinity uptake (see Chapter 2), and AP activity and thus DOP 

mineralization rates (see Chapter 3). Critically, periods of elevated P uptake and AP 

activity were shown to coincide with consistent regeneration of DIP and DOP within the 

SML and elevated vertical transport of DOP into the SML, and thus a source of P (i.e., 

DOP) of which might be mineralized and subsequently taken up by the phytoplankton 

to support their nutritional requirements (see Chapter 4). Taken together, this study has 

shown that the consistent biotic regeneration-derived DIP and DOP, and transient 

vertical fluxes of DOP into the surface waters during stratified periods are critical in 

promoting the dominance of bloom-forming cyanobacteria, including toxic R. 

raciborskii. These species possess the ability to effectively utilise transient fluxes of 

DIP and DOP from hypolimnetic waters through mechanisms such as high affinity P 

uptake and mineralization of DOP. 
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5.2 Implications 

This study provides new insights into the strategies used by phytoplankton under P 

conditions typically considered suboptimal for blooms to occur. Phytoplankton biomass 

in P limited or N+P co-limited lakes have generally been thought of as being directly 

dependent on P availability (Karl 2000; Mackey et al. 2007) while research at the lab-

culture (e.g., Isvánovics et al. 2000; Ritchie et al. 2001) and molecular levels (Bar-

Yosef et al. 2010; Willis et al. 2019) has demonstrated that such a relationship may not 

always be the case for many cyanobacteria species, and notably R. raciborskii. The 

present study showed that R. raciborskii and other cyanobacteria can successfully 

increase in abundance under DIP-depauperate conditions (i.e., < 2 μg DIP L−1) and even 

in the absence of measurable bioavailable P. These findings suggest that reducing 

bioavailable P is not necessarily a guarantee to decrease the incidence and severity of 

the cyanobacteria blooms. 

Phytoplankton communities are also often thought of as only being able to 

access the DIP portion of the P pool (Peters 1979; Correll 1998). Despite this, 

production of phosphohydrolases may allow the DOP pool to be accessed by certain 

phytoplankton to meet their P requirements (Healey & Hendzel 1979; Cembella et al. 

1984; Štrojsová & Vrba 2009). In the present study, cyanobacterial dominance during 

stratified periods was associated with marked increases in APA, indicating elevated 

mineralization and uptake of DOP. More critically, this study suggests periods of 

increased DOP transport from below the SML into the surface waters along with 

regeneration-derived fluxes of DIP and DOP within the SML may lead to 

cyanobacterial blooms during the summer-stratified period. 

Toxic cyanobacteria blooms have also been hypothesised to increase in 

incidence and severity as a result of climate warming (O’Neil et al. 2012). This has 
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traditionally been attributed to increased water temperatures and prolonged periods of 

stratification associated with climate warming, supporting increased cyanobacterial 

growth (Paerl & Huisman 2009). Climate warming, however, is also expected to be 

associated with an increase the incidence and severity of large scale storm events 

(Havens et al. 2016; Stott 2016; Eccles et al. 2019), and has become a focus of studies 

investigating biogeochemistry and primary productivity in lakes (Klug et al. 2012; 

Kasprzak et al. 2017; Wood et al. 2017). In the present study, episodic events drove 

major changes in the transport and transformation of P in the system that lasted several 

weeks, as DIP was transported down the reservoir and Chl-a increased in response to 

the increased fluxes of storm-derived DIP. 

This present study contributed an understanding of the sources of P driving 

cyanobacterial growth and highlighted the need to examine analytical techniques to 

further understand the sources of P driving cyanobacterial growth. Findings, in order of 

importance were the need to: 1) develop a method sufficiently sensitive and accurate to 

quantify low concentrations of bioavailable P (i.e., as the conventional acid-molybdate 

colorimetric method is known to markedly overestimate this fraction, and is critical in 

the quantification of P uptake); 2) standardise the quantification of P uptake (i.e., 

incubation temperature [in situ vs. optimal], sample [per cell vs. per unit carbon vs. per 

unit Chl-a vs. per unit biovolume), and use of ‘bioavailable P’ [in place of DIP] in 

calculations of P uptake) thus enabling accurate quantification and cross-study 

comparison; and 3) standardise the quantification of APA (i.e., substrate type [4-

methylumbelliferyl phosphate vs. p-nitrophenyl phosphate], incubation temperature [in 

situ vs. optimal], incubation pH [in situ vs. optimal], incubation substrate concentration 

[in situ vs. saturating], and sample [per cell vs. per unit carbon vs. per unit Chl-a vs. per 

unit biovolume]) thus enabling accurate quantification and cross-study comparison. 
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Numerical modelling of lake transport processes assisted with deriving physical 

fluxes of P to aid in understanding the drivers of cyanobacteria growth. Models 

typically used to study P and cyanobacteria are based mostly on Michaelis and Menten 

(1913) and Monod (1949) uptake and growth kinetics. However, these approaches do 

not capture key processes such as high-affinity P uptake kinetics and AP-mediated DOP 

mineralization. To circumvent this issue, this study developed a novel-integrated 

approach to numerically simulate hydrodynamic processes not easily measured in situ 

or in vitro, alongside field and laboratory measurements of specific P fluxes not easily 

captured in silico (e.g., high-affinity P uptake kinetics and AP-mediated DOP 

mineralization). 

5.3 Future research 

DOP comprises a great variety of forms which may be mineralised by a variety of 

phosphohydrolases. This present study focused on the phosphomonoesters, which 

comprise the most abundant and labile portion of the DOP fraction, and examined its 

mineralization by AP, which is the most ecologically significant of the 

phosphohydrolases (e.g. Chrost et al. 1984; Heath 1986; Hantke et al. 1996; Huang & 

Hong 1999). The extent to which other DOP constituents and phosphohydrolases—e.g., 

5'-nucleotidase derived mineralization of nucleotides and its derivatives, and CP lyase 

and phosphonatase derived mineralization of phosphonates (e.g. Dyhrman et al. 2006; 

Ilikchyan et al. 2009)—support phytoplankton P uptake were not studied. Phosphonate 

acquisition genes have been identified in R. raciborskii (Bai et al. 2014; Sinha et al. 

2014; Willis et al. 2019), the dominant cyanobacterium in our study, and phosphonate 

mineralization by CP lyase and phosphonatase might provide a substantial source of P 

for cyanobacteria. Laboratory (i.e., via controlled pulses) and field studies could 

usefully ascertain whether and to what extent other DOP esters and phosphatases might 
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fuel cyanobacteria, in particular R. raciborskii, dominance and bloom formation in 

lakes. 

Many cyanobacteria species have been demonstrated via lab cultures and genetic 

analysis to possess superior P uptake kinetics and an ability to use DOP as an alternative 

source to DIP (e.g., Isvánovics et al. 2000; Ritchie et al. 2001; Willis et al. 2018; Willis 

et al. 2019). Critically, this present study offered insight into the consequences of these 

physiological adaptations at an ecological level, where elevated cyanobacteria biomass 

was supported by transient DOP supply derived from below the SML and its subsequent 

mineralization of DOP by AP and uptake as DIP by high-affinity transporters. As such, 

future research could determine whether, and to what extent, vertical transport DOP 

might be driving cyanobacterial blooms across a variety of P-depauperate lakes 

differing in latitude, depth, morphometry, thermal regime. Additional research could 

investigate the specific composition of the DOP pool (i.e., as phosphomonoesters, 

phosphodiesters, phosphonates, etc) released within the hypolimnion under anoxic 

conditions, and the transformation of this pool over time. The work could also 

examine—under controlled laboratory conditions—co-factors (e.g., magnesium, and 

iron) that are critical for upregulation of high-affinity P transporters, or synthesis and 

activity of phosphatases, that are important in toxin-producing cyanobacteria, and its 

potential efficacy in the control of cyanobacteria blooms. 

Major storm events influence biogeochemistry and primary productivity in lakes 

(Klug et al. 2012; Kasprzak et al. 2017; Wood et al. 2017) leading to marked pulses of 

DP, including DOP, and increases in phytoplankton biomass. The storm event captured 

in the present study took place during isothermal conditions, which may have largely 

negated the potential for it to lead to cyanobacterial blooms. Future research could 

quantify the transport and transformation of storm-induced pulse of DIP and DOP under 
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DIP-depauperate stratified conditions. Under these conditions cyanobacteria appear to 

be primed for rapid exploitation of even small pulses of P, so biomass could increase 

rapidly. 

This study identified the need to continue development of methodological 

techniques that could improve quantification of P fluxes. For in situ and in vitro 

techniques, a method is required that both sensitive and accurate enough to quantify low 

concentrations of bioavailable P. Standardisation of methods for the quantification of P 

uptake and APA would also be useful. For in silico techniques, this study identified the 

need to include new algorithms to numerical models to capture the processes of high-

affinity P uptake and AP-mediated DOP mineralization. Research relating the numerical 

models might also look to determine the extent to which incorporating such algorithms 

aids in improving the ability to simulate and predict cyanobacterial growth and 

dominance in lakes. 

In summary, this thesis has provided important new insights into the P-related 

strategies used by cyanobacteria dominated phytoplankton communities allowing them 

to effectively and efficiently react to changes in P concentrations, particularly at low 

concentrations of bioavailable P, and how these strategies interact with physical and 

chemical processes to drive P availability in a warm monomictic lake. It has important 

implications for our scientific understanding of P processes in lakes, and implications 

for future management of P-depauperate lakes, including the ability to manage 

cyanobacterial blooms. 
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